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Editorial on the Research Topic 


Restoration of coastal marine ecosystems


At the COP 15 summit in Montreal in 2022, the United Nations adopted the Kunming-Montreal Global Biodiversity Framework (GBF; United Nations Environment Programme, 2022), which includes the ambition to protect 30% of the Earth’s land, ocean, coastal areas and inland waters by the year 2030. The so called “30 by 30” initiative for conservation management includes measures for active ecosystem restoration of degraded habitats. Hence, a specific target in the GBF is to effectively restore 30% of the degraded ecosystems by the year 2030. Following this ambition, the period between the years 2020 and 2030 has been proclaimed as the UN Decade for Ecosystem Restoration (United Nations Environment Programme, 2021).

Ecosystem restoration started in the terrestrial realm, where nowadays, restoration efforts such as reforestation can be implemented at a multi-millions’ hectare scale (De Jong et al., 2021). In contrast, restoration of most marine ecosystems is at present executed only at pilot scale (Bayraktarov et al., 2020). Today, the magnitude of successfully implemented marine restoration projects ranges from a few hundred hectares for seagrasses (Van Katwijk et al., 2016) and oyster reef habitats (Bersoza Hernández et al., 2018) to a few hundred square meters for coral reefs (Boström-Einarsson et al., 2020), respectively. Restoration at larger scales to unfold the desired ecological effects is an important target across all degraded marine habitats and is currently being addressed by roadmaps, e.g. for macroalgal (kelp) forests (1 million ha and 4 million ha by 2040; Eger et al., 2023) and by international networks1 e.g. for biogenic reefs and oyster habitats (Pogoda et al., 2020). The large difference in the spatial scale of intervention between terrestrial and marine ecosystem restoration could limit the possibilities to achieve the targets of the 30 by 30 initiative. In a perspective on restoration of coastal ecosystems that was published at the start of the UN Decade for Ecosystem Restoration, Waltham et al. (2020) identified a series of uncertainties that complicate the planning for large-scale coastal restoration and impede predictions on the outcomes of such restoration measures. Uncertainties included 1) insufficient availability of successful showcases; 2) the scalability of the approaches used for marine restoration; 3) a lack of business cases associated with marine restoration, and 4) unpredictable effects of climate change. In this Research Topic on Restoration of Marine Coastal Ecosystem, we present new insights on the most recent achievements in marine ecosystem restoration four years after the start of the UN Decade for Ecosystem restoration with reference to the four uncertainties mentioned above.

The present Research Topic “Restoration of Marine Coastal Ecosystems” comprises 21 articles that cover a wide range of topics and ecosystems: 19 articles discuss restoration aspects that are specific for the targeted ecosystem. These ecosystems include macroalgal forests, seagrass beds, estuarine wetlands, oyster reefs, and (sub)tropical coral reefs and represent cases from four continents (Figure 1). Findings per ecosystem type are introduced below and include successful showcases that prepare for further planning and upscaling of restoration efforts. Two articles cover overarching topics that apply to all coastal marine ecosystems. In a perspective paper, Ter Hofstede et al. discuss five principles to be taken into account when engaging industrial partners in marine restoration. Engaging industry by adopting industrial techniques and infrastructure is an effective route towards scaling up restoration. In particular, landscaping activities, such as the installation of scour protection in offshore windfarms, offer opportunities for large-scale ecosystem restoration. Another overarching topic in marine restoration, reviewed by Corinaldesi et al., is the role of microbiomes. Changes in microbial communities associated with foundation species targeted for restoration can impose threats to restoration success. As such, microbiome analysis can be used as an indicator to monitor the health of restored species and communities. Furthermore, manipulation of the microbiome by the provisioning of probiotics that enhance specific microbiome-related functions can be explored as a new tool for marine restoration. Probiotics have been applied successfully to promote seedling growth in macrophytes (Malfatti et al.) and to increase heat resilience in tropical corals (Peixoto et al., 2022), thus confirming the potency of this novel approach.




Figure 1 | World map showing the ecosystems and locations investigated in this Research Topic. Locations with a star represent sites where multiple studies have been executed. World map retrieved from www.freeworldmaps.net.






Estuarine wetlands

Estuaries are extremely dynamic ecosystems, often altered by human activities over centuries. It is sometimes difficult to assess the historic, pristine state before human-induced disturbances and to predict the effects of restoration actions. To assess the suitability for macroalgal and seagrass development of a temperate coastal lagoon in the Baltic Sea, Schernewski et al. managed to estimate the historic benthic cover by these communities as far back as in the year 1890. Their conclusion that this lagoon may historically have been eutrophic and turbid, not allowing macrophyte to cover more than 36% of the lagoon seafloor, shows governmental restoration targets were overambitious. The desired value for water quality (turbidity) would exceed the historical, natural value. The study by Wang et al. shows unexpected effects of a restoration action in the Liaohe River Estuary Wetland in Northeast China. 5500 aquaculture ponds were removed for a (passive) restoration of the original reed-dominated ecosystem, a system with a high capacity to store carbon. However, in the first years after removal of the ponds, the blue carbon storage decreased rather than increased, due to slow development of the ecosystem towards its original state. The study includes an assessment of the potential impacts of climate change on the recovery of the ecosystem. Sea level rise is expected to induce a change in dominance from reed to seepweeds in this estuary, which may further affect its blue carbon potential.





Seagrasses

Seagrass restoration can either be based upon transplantation of shoots from donor populations or upon the use of seeds. When opting for transplantation, the self-reinforcing character of seagrass beds should be considered. Shoots will easier establish themselves when hydrodynamic forces have already been attenuated by adjacent seagrasses. To facilitate the return of an European eelgrass (Zostera marina) population in a highly dynamic coastal area (the Dutch Wadden Sea), Rehlmayer et al. applied root-mimicking structures that improved early survival of transplanted shoots with 67%. Long-term survival of the shoots was less successful, indicating that the selection of sites and source populations needs to be further investigated and optimized. The second option for seagrass restoration, based on seeds, requires knowledge on factors determining flowering of seagrasses. Lekammudyanse et al. investigated the influence of tidal exposure time, season and shoot density on flowering of the Australian eelgrass Zostera muelleri during two subsequent years. They found that flowering density increased with exposure time, which is in line with the general principle that flowering is associated with stressful conditions. Seasonal peaks in flowering were observed at both sites studied. Although these trends were consistent over the two years, the difference in absolute numbers of flowers differed substantially per year. These findings will facilitate seed-based eelgrass restoration in tropical Australia and beyond.





Macroalgal forests

A significant proportion of this Research Topic is devoted to the restoration of Mediterranean macroalgal forests. 11 articles show that integrated approaches considering multiple biological and ecological aspects can lead to successful regeneration of threatened or degraded ecosystems. A review on macroalgal restoration shows that upscaling is mainly compromised by a lack of understanding of the drivers of decline of the targeted ecosystem, which impairs the selection of appropriate restoration sites (Verdura et al.). Smith et al. managed to elaborate a decision framework for Mediterranean Cystoceira forests, largely based upon the progress reported in this Research Topic. Technological progress includes the earlier mentioned microbiome-based improvement of seedling growth (Malfatti et al.) and an optimized protocol for timing of collection of these early life-stages (Rindi et al.). New ecological insights highlight the potentially inhibitory role of grazers on macroalgal recovery (Monserrat et al.), the benefit of macroalgal forests for development of other ecoengineering species such as the vermetid snail Dendropoma cristatum (La Marca et al.) and the importance of foundation species in early ecosystem rehabilitation (Bianchelli et al.). A comparative study on passive (Fanelli et al.) and active (Bianchelli et al.) restoration of macroalgal forests historically degraded by pollution showed that both approaches can complement each other and should not be considered as a dichotomy. Ten years of monitoring of a restored macroalgal forest (Galobart et al.) once more evidenced the importance of long-term monitoring of ecosystem restoration. Functional diversity (species and traits) recovered to levels equaling or even surpassing the non-perturbated reference sites and highlight the potential for upscaling. Gaps in the path towards upscaling include a governance mismatch between bottom-up initiatives and (inter)national policies and the involvement of capital investment (Smith et al.). Climate change may affect restoration success in the future, since both early life stages and adults of some macroalgal species are inhibited by high temperatures (De Caralt et al.).





Oyster reefs

Many oyster restoration projects apply the deployment of hard substrates to initiate natural reef development through natural spatfall in substrate-limited areas (Fitzsimons et al., 2020; Chowdhury et al., 2021). In the North Sea, populations of the native European flat oyster (Ostrea edulis) have diminished to such an extent that most restoration sites are substrate- and recruitment-limited without the potential for passive recovery. Analogous to seagrass, active restoration of oyster reef habitats and oyster populations could happen through translocation of adult oysters. Considering ecological pressures at donor sites and biosecurity risks for target sites, hatchery-produced oysters seeded on substrate such as oyster shell material are the long-term strategy for large-scale oyster habitat restoration. Bos et al. report the successful translocation of adult oysters from donor populations in Ireland and Norway to five locations in the Dutch North Sea. Oysters grew and reproduced at the translocation sites. To make oyster restoration independent of harvest from donor populations, Hernandis et al. established an oyster hatchery in the Mar Menor area in Eastern Spain. This lagoon is a designated oyster restoration area, but source populations are scarce. The study yielded 680,000 juvenile oysters, originating from nearly 60 million collected larvae. The juvenile oysters will be used for a restoration pilot in the Mar Menor lagoon.





Coral reefs

A case study by Knoester et al. provides results of a successful pilot-scale restoration of tropical coral reefs in Kenya. Active restoration of a completely damaged reef area by outplacing cultured corals on artificial reefs re-established key ecological functions within a time span of only two years. Comparable results were recently reported from in Indonesia (Lange et al., 2024), demonstrating that rehabilitation of coral reef ecosystems can be achieved within a relatively short period of time. Nevertheless, both projects indicated that full recovery of biodiversity up to the level of the natural reference reefs in the targeted areas may require a time span of over 20 years. The project in Kenya showcases both the importance of stakeholder involvement (the restoration work being executed in collaboration with local communities) and the importance of long-term monitoring to realize the restoration objectives. However, the future endurance of the current reef restoration actions is predicted to become largely compromised by climate change (Knowlton et al., 2021). Hence, continuation of these projects should include measures to improve the heat resilience of the re-introduced corals. Heat resilience also played a role in the study by Roveta et al. on the Mediterranean reef building coral Cladocora caespitosa. These authors translocated a population of this endangered species from an artificial substrate that was threatened by demolition. Translocation was successful with over 80% survival, but dropped after the occurrence of a marine heat wave.





Concluding remarks

As of now, the UNEP target of restoring 30% of degraded marine coastal habitats by 2030 is difficult to achieve. Intensifying and upscaling restoration across all habitats is an obligatory action. Significant progress towards upscaling is reported in this Research Topic on the Restoration of Coastal Marine Ecosystems. Technically, our current capabilities to restore seagrasses, macroalgal forests, oyster reefs and coral reefs allow for planning and implementing large-scale marine habitat restoration. For many regions and habitat types, site selection remains a challenge especially when considering user conflicts and climate change scenarios. Especially, coral reef and seagrass restoration science must provide a profound understanding of specific restoration potentials and strategies to increase the resilience of affected systems. It is important to note that the potential for successful restoration of different marine habitats, as well as information for optimization and adaptation of restoration measures, are strongly tied to efficient and long-term monitoring. Marine restoration is often still predominantly driven and funded by science, and NGOs, and thus of limited extension. Government acts are needed to expand the spatial scales of intervention. The first of its kind, EU Nature Restoration Law aims to restore at least 20% of the EU’s land and sea areas by 2030, and all ecosystems in need of restoration by 2050 (European Commission, 2022), which may facilitate this scaling. Seconded by designated marine compensation measures, such as oyster reef habitat restoration to compensate for offshore wind and cable construction in the North Sea, the required larger investments and the engagement of commercial and industrial partners will also be fostered. In this way, future planning for scalability will also emphasize business cases associated with marine restoration, which were not yet addressed in most of the contributions to this Research Topic.
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Introduction

Management of coastal wetlands has resulted in extensive conservation of this natural resource; however, changes in carbon storage function are not yet known. There is a direct link between landscape and soil carbon storage. Predicting future  changes in the landscape and carbon storage in coastal wetlands is important for developing wetland management policies.





Method

Here, remote sensing and physical methods were used to measure and calculate the landscape and surface soil carbon stocks of the Liaohe River Estuary Wetland (LREW). The changes in the landscape and soil carbon stocks under three scenarios: natural development, strict protection, and culture pond transfer, were then predicted using the PLUS model.





Result

The results indicate that the surface soil organic carbon storage was 2107.97×103 t, while soil organic carbon density decreased from land to sea. Anthropogenic activity was found to be the main driver of the current landscape evolution. However, the impact of sea level rise is increasing. By 2030, considerably more storage will be gained under the culture pond transfer scenario than at present.





Discussion

Our results reveal that some of the methods of ecological restoration may diminish the carbon storage capacity of coastal wetlands. Making full use of areas with high carbon storage potential may be an effective wetland carbon sink management strategy. Governments should consider more comprehensively for a better carbon pool when developing restoration strategies.





Keywords: soil carbon stocks, estuary wetland, Liaohe River, PLUS model, carbon sequestration, land use




1 Introduction

Atmospheric carbon dioxide (CO2) concentration, which is gradually increasing, reached 421 ppm in 2021 (Kodaira, 2014; Earth System Research Laboratories, 2022). Coastal wetlands are known to be powerful carbon sinks vital for reducing atmospheric CO2 intensity and mitigating global climate change (Bonan, 2008). Coastal wetlands are the mainstay of blue-carbon ecosystems in coastal zones. Owing to the influence of periodic tidal inundation, the tidal reciprocation of seawater can greatly slow the decomposition of sedimentary organic matter (Mcleod et al., 2011). As a result, the rate of carbon burial per unit area is 15 times higher than that of carbon sequestration in terrestrial ecosystems and 50 times higher than that in marine ecosystems (Wang et al., 2021c). In addition, the presence of large amounts of sulfate ions in seawater effectively inhibits methane (CH4) emissions compared with freshwater wetlands, giving coastal wetlands a considerable advantage over terrestrial ecosystems in terms of carbon sequestration (Bridgham et al., 2006). Thus, coastal wetlands are an important resource for combatting current climate change issues (Mitsch et al., 2013). However, coastal wetlands are fragile ecosystems. Globally, along with climate change and increased anthropogenic activity, many coastal wetlands have been irrevocably exploited and have shrunk in size, resulting in significant loss of carbon storage function (Moomaw et al., 2018; Meng et al., 2019).

Soil organic carbon (SOC) is a key component of carbon capture and storage and plays a crucial role in mitigating the CO2 increase and global greenhouse effect. Most carbon in coastal wetlands is stored in the soil, especially in areas with vegetation cover (Phang et al., 2015). However, the stability of carbon storage in soils is usually poor and is easily lost due to environmental changes. Therefore, it is necessary to analyze the impact of anthropogenic activities on soil carbon stocks in wetlands to identify wetland management approaches to increase carbon sequestration.

The management of coastal wetlands in many countries has entered a phase of conservation and restoration. In China, for example, hundreds of ecological restoration projects have been carried out over the past decades Li et al., 2022). In the stage where protection is the dominant management strategy, promising results have been obtained in protecting biological habitats, improving hydrological conditions, and reducing pollution (Li et al., 2019; Xia et al., 2020). However, research on carbon stock capacity, an important indicator of ecological restoration success (Horsburgh et al., 2022), is limited. Changes in landscape, which is closely related to soil carbon storage, can alter soil structure, stability, and organic carbon inputs, which in turn alters the soil carbon sequestration capacity (Zhao et al., 2017; Sasmito et al., 2019), with implications for the carbon cycle of ecosystems. More studies have used landscape science to estimate soil carbon stocks; (Li et al,. 2005; Wang et al., 2013); however, these are primarily analyses of the present situation (Aitali et al., 2022). The vulnerability of coastal wetlands results in dynamic landscapes and soil carbon stocks, and modeling future changes may provide vital assistance for wetland management (Wang et al., 2014).

The Liaohe River Estuary Wetland (LREW) is the largest reed wetland in Asia. Owing to over-exploitation, large areas of natural wetlands have been transformed into built-up land, culture ponds, and agricultural land. The loss of plant productivity has resulted in severe degradation of carbon storage function (Zhao et al., 2017; Xia et al., 2021). An ecological restoration project was conducted in 2015 to protect the LREW. Approximately 5,500 ha of culture ponds were removed over a 6-year period. This major project represents the official beginning of the conservation and restoration phase of the management of the area. However, the changes in LREW after this project and the possibilities for future development are yet to be evaluated. Therefore, it is necessary to investigate the evolution of the landscape and soil carbon stocks in the area during the ecological restoration phase and estimate how these changes will occur in the future. This study aimed to investigate the changes in the landscape and soil carbon storage in coastal wetlands after entering the restoration and conservation phase, and to identify appropriate management approaches by predicting the development under different scenarios. Remote sensing techniques, landscape prediction models, and field measurements of soil carbon stocks will be utilized in this paper. The findings of this study are expected to provide a scientific basis for management decisions on the landscape pattern and carbon sink function of the LREW in the future.




2 Materials and methods



2.1 Study area

The LREW, a Ramsar wetland, is located in northeastern China (121°28′E–122°10′E, 40°32′N–41°3′N) (Ramsar, 2022) (Figure 1). It is bound by the Daling River in the west, the confluence of the Liaohe River in the north, and an isobath of seawater –6 m in the south. The area is ~ 1,800 km2. The study area is dominated by wetland vegetation, in which typical communities grow, including reeds, seepweeds, and Asian rice. In addition, many species, including tanager cranes, black-billed gulls, and spotted seals, live and breed in the wetlands or utilize them as resting and feeding areas during migration. The region has a warm temperate continental monsoon climate with an average annual temperature of 10–10.9 °C. The average annual rainfall is 380.3–748.2 mm/year (Zhou and Liu, 2020). Anthropogenic activities include oil extraction, rice cultivation, and aquaculture.




Figure 1 | Location of Liaohe River Estuary (A). Study area and locations of sampling sites (B).






2.2 Data and methods



2.2.1 SOC analysis

We sampled the upper 20-cm soil layer because the SOC in salt marshes is mainly distributed in this layer (Ye et al., 2015; Zhao et al., 2017; Meng et al., 2019). 60 soil samples (0–20 cm deep) were collected at 60 sites in the LREW in July 2022 (Figure 1). The sampling grid in the northern and southeastern wetlands was 4 km × 4 km. In the southern part of the shallow waters and the eastern tidal areas were sampled according to the principles of representativeness and accessibility. Due to the great variability of the landscape in tidal area, the distance between sampling points in different landscapes was controlled to be within 2 km. Soil bulk weight was measured using a cutting ring during collection. The samples were dried at 80 °C, ground with an agate mortar, and passed through a 2-mm sieve. The organic carbon concentration was determined after adding a 2% hydrochloric acid solution to remove inorganic carbon. soil organic carbon density (SOCD) and soil organic carbon storage (SOCS) were calculated using equations (1) and (2), respectively.



where SOCD is soil organic carbon density (kg m-2), SOC is soil organic carbon content (g kg-1), BD is soil bulk weight (g cm-3), and H is the soil layer height (cm).



where SOCS is the soil organic carbon storage (kg), and A is the area of the different landscape types (m2).

The SOCD distribution under different landscape types was obtained by spatial overlay analysis of the field data and remotely sensed interpreted images.




2.2.2 Landscape divide

Landsat TM digital images with a ground resolution of 30 m for 2015, 2017, 2019, and 2021 were used to assess landscape changes. All images were corrected for radiometric and atmospheric effects and georeferenced with a root mean square error of fewer than 0.3 pixels. The LREW landscapes were divided into nine types, namely shallow sea, silt and sludge flat, reed, seepweed, river and reservoir, shoal, grassland, paddy, culture pond, abandoned culture pond and build-up land. The landscape classification was performed using a combination of supervised classification and visual interpretation. The 2021 Kappa statistic was 0.903, as verified by the field landscape surveys.




2.2.3 Patch-generating land use simulation (PLUS) model setting

To predict future landscape changes, the PLUS model was conducted in this study using a random forest algorithm to individually mine the factors of each type of land use expansion and drivers. As a result, the development probability of each type of land use and the contribution of the drivers can be obtained. In addition, the model contains a new multiclass seed growth mechanism that can better simulate multiclass land use patch-level changes. Combined with the stochastic seed generation and threshold-decreasing mechanism, the model can simulate the automatic generation of patches with spatiotemporal dynamics under development probability constraints (Liang et al., 2021).

Before simulating and optimizing the future land use, appropriate driving factors, landscape demand area, and landscape conversion feasibility were set according to the change characteristics of the actual land use in the study area. The simulation accuracy under the current parameters is verified by comparing the landscape data of existing years with the model simulation results. Six types of driving factors were selected: elevation, slope, slope direction, distance from the city, distance from the water system and distance from the coastline. These factors are often important in influencing landscape change in coastal wetlands. The kappa coefficients of 0.831 and 0.817 were calculated for the two periods using the PLUS model, which proved that the model parameters were set reasonably.

Natural development is a common means of coastal wetland evolution. Management approaches that impose restrictions on artificial wetlands, such as aquaculture ponds and agricultural fields, are also common (Braswell & Heffernan, 2019; Rivera-Monroy et al., 2019). In addition, coastal zone fisheries, represented by aquaculture, are among the most common services provided by wetlands to the public (Wang et al., 2021b). Appropriate management of culture ponds often has a positive effect on wetland sustainability (Hussenot, 2003; Liu et al., 2014). On the contrary, the removal of culture ponds can be detrimental to farmers. The carbon storage capacity of reed wetlands is typically much higher than that of seablite wetlands (Ji et al., 2020; Li et al., 2022b). The culture ponds in the LREW were mainly concentrated in the reed zone. Transferring them to the seablite region might protect the income of farmers while restoring the soil carbon storage capacity. Therefore, the simulation scenarios for this study were divided into three categories: natural development (ND), strict protection (SP), and culture pond transfer (CPT) to 2030. The specific land demand parameters are listed in Table 1. It is to be noted that the Markov module is part of the PLUS model for forecasting future land demand. Since this module is common in landscape forecasting, it is not described too much in this paper.


Table 1 | Simulation scenarios and corresponding parameter settings in the patch-generating land use simulation (PLUS) model.








3 Results



3.1 SOCS distribution

The distribution of SOCS in 2021 in different landscapes was generated using the inverse distance weighting interpolation method (Figure 2). The SOCD in the upper 20-cm soil layer ranged from 0.03–4.69 kg m-2; the lowest value (0.03 kg m-2) was observed in shallow sea, and the highest (4.69 kg m-2) in the reed area. Total SOCS in the LREW was 2,107.97×103 t. The distribution gradually decreased from land to sea. The average SOCD was the highest in reed landscapes (2.385 kg m-2), followed by agricultural landscapes (2.364 kg m-2). The lowest SOCD was found in shallow sea (0.605 kg m-2), and soil carbon stocks were usually higher in vegetated areas (Table 2).




Figure 2 | Distribution of the soil organic carbon (SOC) pool of the upper 20-cm soil layer in the LREW in 2021.




Table 2 | Upper soil organic carbon density (SOCD) in different landscape types.






3.2 Landscape changes

The landscape types of coastal wetlands in the LREW in 2021 comprised mainly shallow waters and reeds (Figure 3). Shallow waters accounted for 46% of the total area, reeds for 19%, and shoals for 12%. The extent of the other landscapes was relatively small. Compared with 2015, the areas of silt and sludge flats, shoals, abandoned culture ponds, and built-up land increased (Figure 3A). The extent of silt flats increased the most, at 75.66 km2 (68.70%). The areas of shallow sea, rivers and reservoirs, aquaculture ponds, and grasslands decreased. The most substantial change in the landscape was in shallow waters, which decreased by 103.21 km2 (Figure 3B). The reed and farmland areas remained almost unchanged (Figure 4A). The extent of shallow sea, reeds, culture ponds, abandoned culture ponds, and grassland is estimated to decrease by 2030 under the ND and SP scenarios (Figures 3C, D). The extent of reeds, ponds and abandoned ponds will decrease more under the SP scenario, reaching 5.45 km2, 6.97 km2, and 17.07 km2, respectively. The extent of the shoals, seepweeds, and built-up land will increase. Under the ND scenario, the extent of the shoals will increase by 42.55 km2, seepweeds by 13.59 km2, and built-up land by 9.07 km2. Under the SP scenario, the extent of shoals will increase by 35.99 km2, seepweeds by 28.31 km2, and the built-up land by 6.51 km2. The extent of the rivers and reservoirs, paddies, and silt and sludge flats will remain mostly unchanged (Table 3).




Figure 3 | Landscape type distribution in the study area in (A) 2015, (B) 2021, (C) 2030 under ND scenarios, (D) 2030 under SP scenarios, and (E) 2030 under CPT scenarios.






Figure 4 | Comparison of each area (A) and each soil organic carbon storage (SOCS) (B) of different landscape.




Table 3 | Areas of change in landscape and soil organic carbon storage (SOCS) under different scenarios.



Under the ND scenario, 45.27 km2 of shallow sea will transform into sandbars, 9.09 km2 of abandoned ponds will become tidal flats, and 8.28 km2 of tidal flats and 4.43 km2 of sandbars will transform into seepweeds. Under the SP scenario, 40.44 km2 of shallow sea will transform into sandbars, 17.62 km2 of abandoned culture ponds will become tidal flats, and 15.23 km2 of tidal flats and 6.52 km2 of shoals become seepweeds.

In contrast to the ND and SP scenario trends, the reed area will increase by 7.36 km2 and the pond extent by 3.08 km2 in the CPT scenario (Figure 3E). The seepweeds area will increase by 6.64 km2, and the abandoned pond will decrease by 19.58 km2. An extent of 43.60 km2 of shallow sea will transform into sandbar, 6.44 km2 and 13.91 km2 of abandoned breeding ponds into tidal flats and breeding ponds, 11.35 km2 of breeding ponds into reeds, and 4.43 km2 of silt flats into seepweeds.




3.3 SOCD and SOCS changes

The carbon stock of the surface soil in the LREW was 2,108.03 ×103 t in 2021 (Figure 4B). The SOCS of reeds was the highest at 828.83×103 t. The SOCS of the shallow sea was the second highest at 507.04×103 t. Compared with 2015, the total SOCS decreased by 9.35×103 t. The SOCS of culture ponds and shallow sea decreased by 78.44×103 t and 62.44×103 t, respectively. The SOCS of silt and sludge flats increased by 74.99×103 t (Figure 5A). The process of turning breeding ponds into abandoned culture ponds or tidal flats reduces approximately 34.1 × 103 t SOCS during 2015-2021.




Figure 5 | Changes in soil organic carbon density (SOCD) comparing (A)2015 with 2021, (B) 2021 with 2030 under ND scenarios, (C) 2021 with 2030 under SP scenarios, and (D) 2021 with 2030 under CPT scenarios.



By 2030, the surface soil carbon stock in the ND scenario will be 2,108.53×103 t, an increase of 0.51×103 t from 2021 (Figure 5B). The extent of the storage increase zone is 74.70 km2. The change from shallow sea into shoals and silt flats into reeds will increase SOCS by 3.40×103 t and 2.95×103 t, respectively. The storage reduction zone is 25.53 km2. The change of reeds into shoals and silt flats will decrease SOC by 7.49×103 t, and the change of agricultural land into built-up land will decrease SOC by 3.62×103 t.

The surface SOCS under the SP scenario will be 2,105.25×103 t, which is 2.77×103 t less than that in 2021 (Figure 5C). The area of the stock increase zone will be 92.44 km2. The change in silt and sludge flats to reeds and seepweeds will increase SOCS by 8.20×103 t. The transformation of sandbar to seepweeds will increase SOCS by 3.29×103 t. The combined extent of the SOCS decrease areas will be 44.57 km2. The area of the stock reduction zone will be 44.57 km2. If reeds become silt flats, seepweeds, and shoal SOCS will decrease by 17.59×103 t. If abandoned ponds become tidal flats, SOCS will be reduced by 4.70×103 t. Some breeding ponds will be abandoned, reducing SOCS by 2.77×103 t.

The surface soil carbon stock under the CPT scenario will be 2,121.18×103 t, an increase of 13.15×103 t from 2021 (Figure 5D). The area of the SOCS increase zone is 82.80 km2. The change of abandoned ponds to culture ponds and the culture ponds to reeds will increase SOC by 10.25×103 t and 4.42×103 t, respectively. The extent of the SOCS decrease region is 14.84 km2. The change from reed to sandbar will decrease SOCS by 4.95×103 t.





4 Discussion



4.1 Significance of carbon storage

According to Luo et al. (2015), in the LREW, the surface SOCS in vegetated areas accounted for ~ 70% of the overall SOCS, with 30% being held in areas without vegetation cover. Therefore, the SOCS of the coastal wetland is ~ 5,015.10×103 t, and the average SOCD is ~ 2.77 kg m-2. This value is lower than that of many salt marshes, such as Louisiana and the northern Gulf of Mexico (Dodla et al., 2008; Hansen & Nestlerode, 2014). However, this does not imply that the carbon sink capacity of the LREW is weak. In contrast, the LREW has an organic carbon accumulation rate of 388 g cm-2 yr, with a high carbon sequestration potential (Ye et al., 2015). The main reason for the low SOCS is perhaps the nascent coastal wetlands of the LREW and the annual harvesting of crops on the agricultural land and reeds in the area, which significantly reduces the soil carbon source income (Brix et al., 2014; Cui et al., 2022). In addition, except for reed wetlands, which have good carbon sequestration capacity, the SOCD of farmland is high. This is because most of the agricultural fields in the region are paddy fields. Flooded soils provide favorable conditions for carbon sequestration (Wan et al., 2018; Liu et al., 2021a).

Many studies have assessed the impact of land-use cover change on carbon stocks (Arrouays et al., 2001; Lozano-García et al., 2017; Padbhushan et al., 2022). However, the error in estimating carbon stocks based on land-use type alone is large. Surface soil carbon stocks are more closely related to vegetation type. For example, reeds and seepweeds under the same land-use type fall under swamps; however, their soil carbon stocks differ by nearly double. The results of this study, which used a landscape classification approach to estimate carbon stocks, may be more accurate, which in turn may provide support for the statistics on carbon sink capacity.




4.2 Effect of ecological restoration



4.2.1 Changes to the present



4.2.1.1 Landscape

Anthropogenic activities were the main drivers of landscape change in the LREW from 1995–2015. Most areas have been under development because of the establishment of economic development zones. Reed wetlands have been transformed into paddy fields and tidal flats into aquaculture ponds (Zhao et al., 2017; Liu et al., 2020). Our study shows that development of the LREW ceased from 2015–2021. The promotion of ecological restoration projects has led to a continuous reduction in the extent of aquaculture ponds on the tidal flats on the west bank of the Liaohe River. The culture ponds gradually transformed into tidal flats after abandonment. Subsequently, seepweeds grew in some of the restoration areas. Due to the port construction works on the east side of the LREW, grassland was transformed into built-up land. Siltation in the LREW is evident, indicating that the shallow sea became estuarine sandbars and silt flats. The extent of reeds has increased slightly because of the establishment of a national protection zone.




4.2.1.2 Soil organic carbon storage

The removal of breeding ponds would restore natural plant cover, reduce pollution, and increase bird habitats and foraging sites (Yuan et al., 2022). However, this study showed that the restoration of soil carbon stocks might be less effective in the short term. The ecological restoration project has transformed the west coast culture ponds into abandoned culture ponds and tidal flats, reducing soil carbon storage. The abandonment of culture ponds will reduce about 7 t SOCS per hectare and the conversion to tidal flats will reduce 10 t SOCS. The ecological restoration method of removing ponds reduces 34.1×103 t SOCS in the LREW area until 2021.

It should be noted that the main sources of soil carbon stocks are the decay and deposition of plants. Soil carbon stocks in newly formed landscapes often take some time to reach a steady state (Chen et al., 2016; Peter, 2017). In addition, especially in decommissioned areas, soil carbon stocks recover more slowly after vegetation growth. The estimation of future soil carbon stock in this study does not consider this long-term change, which may lead to some errors.





4.2.2 Changes in the future



4.2.2.1 Landscape

The main driver of landscape change in the ND and SP scenarios up to 2030 is the interaction of anthropogenic and natural factors. The LREW will continue to silt up, existing sandbars will develop, and new sandbars will appear. The formation of sandbars and breeding ponds that become tidal flats provides a basis for the growth of alkali ponies. Strict protection has increased the rate of conversion of breeding ponds to tidal flats and seepweeds. The development of the east bank of the LREW has resulted in the transformation of more grassland into built-up land.

The impact of climate change on the LREW is expected to increase in the future. Many coastal wetlands are affected by sea level rise (SLR) (Moomaw et al., 2018; Sklar et al., 2021). The sea level in the Bohai Sea, where the LREW is located, is predicted to rise by 0.7 m in the 21st century (Chen et al., 2021). Our prediction shows that the shallow sea of the LREW will not expand substantially until 2030. This may be because of the siltation and accumulation of sediment by wetland vegetation, which raises the foundation. Thus, the LREW is resistant to SLR (Liu et al., 2021b; Buchanan et al., 2022). However, seawater intrusion due to SLR may transform the reeds into seepweeds and even mudflats (Yu et al., 2019). By 2100, SLR will transform most of the mudflats in the study area into shallow sea, and the salt marsh wetlands will retreat and degrade to some extent (Zhi et al., 2022).




4.2.2.2 Soil organic carbon storage

In the long term, tidal flats formed by the retreat will provide space for the growth of plants with high carbon storage capacity. Even without human involvement in cultivation, future growth of seepweeds is expected in the areas where culture ponds have been removed. By 2030, approximately 880ha of tidal flats will grow seepweeds under the ND scenario. This is similar to the results of the analysis by Cao et al. (2022) of a suitable zone for seepweeds growth in this region. Vegetation growth provides additional carbon input to the soil and improves its physicochemical conditions. However, the growth of seepweeds only adds about 2 t of SOCS per hectare. Furthermore, the SOC content of restored wetlands is often lower than that of natural wetlands, and it may take decades to reach the same level (Wang et al., 2021a).

A single means of ecological restoration (e.g., culture pond removal for LREW) typically has a lower effect than a combination of multiple approaches (Luke et al., 2017). The LREW is still in the process of restoration. Although ecological restoration currently contributes little to carbon storage function, future effects need to be supported by monitoring data (Li et al., 2022a). The formation of resilient ecosystems is the most successful sign of ecological restoration (Billah et al., 2022).






4.3 Future management strategies for higher carbon storage

In the absence of human intervention, the conversion of culture ponds to natural wetlands is a long process and the recovery of the carbon storage function is slower. The transfer of culture ponds will increase the surface soil carbon storage by ~ 12 ×103 t, which is much higher than that in the ND and SP scenarios. In addition, the degree of landscape fragmentation will be significantly reduced. Aquaculture ponds usually pollute and destroy wildlife habitats (Macecek & Grabas, 2011; Gao et al., 2019). However, their direct removal can result in economic losses and a reduction in carbon storage capacity. Appropriate farmland and culture ponds can improve the carbon sink function of coastal wetlands. The method of transforming farming ponds might achieve harmony between humans and nature in coastal wetlands. Reducing pesticide and fertilizer use is also an effective way to achieve sustainable development.

In addition, the predicted results show that degradation is evident in the reed areas near the shoreline owing to SLR. The regression of reeds into mudflats or seepweeds will reduce the soil carbon storage function and release sequestered carbon. To cope with SLR, measures such as mudflat conservation and reserving coastal space for development buffer zones should be taken to safeguard the carbon storage and other ecosystem service values of coastal wetlands. Otherwise, SLR will result in a loss of 110×103 t of carbon storage by 2100 (Zhi et al., 2022).

An important assumption and limitation of this study is that soil carbon accumulation for each landscape type will not change over the next 10 years (Yue et al., 2012; Zhao et al., 2017). We believe that more accurate SOC estimates will improve the ability to develop wetland management strategies in the future. To provide more information on coastal wetlands to address global warming, future research should be conducted in the following areas:1) deep soil sampling and surface plant sampling might be conducted for the ecologically restored areas in the future. Conduct a more comprehensive and accurate analysis of the impact of the carbon storage function brought about by the project started in 2015.; 2) long-term monitoring of wetlands after project implementation to determine more precise change trends in landscape and soils to facilitate the development of adapted ecological restoration strategies; and 3) the feasibility of wetland management strategies for culture pond transfer from an economic perspective; that is, whether the amount of capital investment required for the initiative matches the economic value generated.





5 Conclusion

In this study, soil carbon sequestration capacity was linked to the PLUS model. Based on the delineation of the landscape pattern of coastal wetlands in the LREW from 2015–2021 and the assessment of soil carbon storage, we predicted the carbon storage in 2030 under various scenarios and reached the following conclusions:

	1) The LREW landscape in 2021 was dominated by shallow marine waters with reeds. The surface SOCS was 2108.03 ×103 t. The SOCD of vegetated landscapes was larger than that of unvegetated landscapes. SOCD gradually decreased from land to sea.

	2) The landscape of coastal wetlands in the LREW changed significantly from 2015–2021. The areas of tidal flats, shoals, abandoned culture ponds, and built-up land increased. The areas of shallow sea, rivers and reservoirs, breeding ponds, and grasslands decreased. The surface SOCS was reduced by 9.35t×103 t, and 34.1×103 t SOCS was reduced due to the ecological restoration project over this period.

	3) By 2030, the area of shallow sea, reeds, culture ponds, abandoned culture ponds and grasslands will decrease under the ND and SP scenarios. However, the decrease in the area of reeds, ponds, and abandoned ponds is higher in the SP scenario. The extent of shoal, seepweeds, and built-up land will increase. The extent of reeds and culture ponds will increase in the CPT scenario. The increase in the extent of seepweeds and the decrease in that of abandoned culture ponds are smaller than in the other two scenarios. The change trend of the remaining landscape will be similar.

	4) The carbon sequestration of the LREW can be better achieved by the transformation of aquaculture ponds. The carbon stock of surface soil in 2030 under the CPT scenario will be 12.52×103 t higher than that in 2021. It is much higher, at 0.57×103 t under the ND scenario and –2.72×103 t under the SP scenario.



In conclusion, future wetland management strategies can be informed by more accurate SOC estimates. Further research should be conducted to provide more information on coastal wetlands with the aim of addressing global warming.
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Monitoring of reef restoration efforts and artificial reefs (ARs) has typically been limited to coral fragment survival, hampering evaluation of broader objectives such as ecosystem recovery. This study aimed to determine to what extent AR design influences the ecological recovery of restored reefs by monitoring outplanted coral fragments, benthic cover, coral recruitment and fish and invertebrate communities for two years. Four AR designs (16 m2), unrestored controls and natural reef patches as reference (n = 10) were established in Mkwiro, Kenya. ARs consisted either of concrete disks with bottles, layered concrete disks, metal cages or a combination thereof. A mixture of 18 branching coral species (mainly Acropora spp.) was outplanted on ARs at a density of 7 corals m-2. After two years, 60% of all outplanted fragments had survived, already resulting in coral cover on most ARs comparable (though Acropora-dominated) to reference patches. Coral survival differed between ARs, with highest survival on cages due to the absence of crown-of-thorns sea star predation on this design. In total, 32 coral genera recruited on ARs and recruit densities were highest on reference patches, moderate on concrete ARs and low on cages. ARs and reference patches featured nearly twice the fish species richness and around an order of magnitude higher fish abundance and biomass compared to control patches. Fish abundance and biomass strongly correlated with coral cover on ARs. AR, reference and control patches all had distinct fish species compositions, but AR and reference patches were similar in terms of trophic structure of their fish communities. Motile invertebrates including gastropods, sea urchins, sea cucumbers and sea stars were present at ARs, but generally more abundant and diverse at natural reference patches. Taken together, all studied ecological parameters progressed towards reef ecosystem recovery, with varying influences of AR design and material. We recommend a combination of metal cages and layered concrete ARs to promote high fragment survival as well as natural coral recruitment. Ultimately, a longer period of monitoring is needed to fully determine the effectiveness reef restoration as conservation tool to support coral reef ecosystem recovery.




Keywords: Acropora, coral gardening, coral predation, coral recruitment, fish community, keystone invertebrates, long-term ecological monitoring, structural complexity




Introduction

Coral reefs have been deteriorating worldwide due to local human impacts such as overfishing and pollution (Burke et al., 2011) and declines are rapidly worsening with climate change (Heron et al., 2017). In the Western Indian Ocean, coral reefs and coastal communities are especially vulnerable due to the high dependence and utilization of reefs by people for their livelihoods, including artisanal fishing and tourism (Obura et al., 2022). Reef managers – unable to influence climate change – aim to strengthen reef resilience locally to reduce impacts of large-scale disturbances beyond their control (Nyström et al., 2008; Anthony et al., 2011; Graham et al., 2013; Anthony et al., 2015). In addition to the crucial reduction of local threats (Anthony et al., 2017; Mcleod et al., 2019), active interventions such as restoration of damaged and deteriorated reefs are now deemed necessary to reverse the ongoing loss of biodiversity and reef resilience (Suding et al., 2015; Rinkevich, 2019; Duarte et al., 2020). Alongside with climate action on an international level, such active local reef management might give reefs a better chance to resist or recover from disturbances whilst providing crucial ecosystem services and buying time for coral adaptation to increasing temperatures (Hein et al., 2020b; Knowlton et al., 2021).

A commonly used and recommended method for reef restoration is the two-phase coral gardening approach in which coral fragments are first cultured in nurseries and then outplanted onto degraded reefs or artificial reef (AR) structures (Rinkevich, 1995). The nursery phase of coral gardening has been well established: high coral growth rates (Lirman et al., 2010) in combination with low costs (Levy et al., 2010) have made this an effective way to generate considerable coral stock, especially when integrated with natural processes such as herbivory to maintain coral health (Frias-Torres and Van de Geer, 2015; Knoester et al., 2019). The outplanting phase remains more costly and is not always successful in effectively increasing coral cover (Omori, 2019), partially due to ineffective AR design (Hylkema et al., 2021; Higgins et al., 2022) and a lack of understanding of ecological processes that determine coral survival such as coral predation and competition among benthic species (Ladd and Shantz, 2020). Although it is the ambition to substantially upscale restoration efforts (Vaughan, 2021), scientifically documented projects are currently still both small in size and high in costs (Bayraktarov et al., 2016; Bayraktarov et al., 2019). Furthermore, projects often (cl)aim to restore ecosystem functionality and ecosystem services, but monitoring generally lacks clear aims and mostly tracks item-based successes such as outplanted coral fragment survival (Bostrom-Einarsson et al., 2020; Hein et al., 2020b). Improved monitoring is needed to evaluate both AR design as well as the broader ecosystem impact of reef restoration as this could create the scientific credibility needed to further upscale restoration efforts (Abelson et al., 2020).

Traditionally, ARs have been widely used to exploit rather than restore marine ecosystems (Higgins et al., 2022). AR monitoring studies have therefore mainly focused on optimizing fisheries yields for a select group of commercial species by adjusting the design, site selection and management of ARs (Bohnsack and Sutherland, 1985; Baine, 2001). Studies that include the development of the whole reef community around ARs in comparison to natural reference reefs are needed to evaluate ecosystem restoration success, however such studies remain scarce (Carr and Hixon, 1997; Ceccarelli et al., 2020; Hylkema et al., 2021). Nonetheless, structural complexity has been identified as a driving factor supporting fish and invertebrate communities on both natural reefs (Graham and Nash, 2013) and ARs of different design (Baine, 2001; Hunter and Sayer, 2009). In return, accommodated reef communities can facilitate reef restoration by providing ecological functions such as herbivory or top-down control of coral predators that benefit coral survival and growth (Ladd and Shantz, 2020). Thus, monitoring how the development of ecological communities is influenced by AR design and complexity has the potential to improve the cost-effectiveness of reef restoration by evaluating to what extent critical ecological processes are re-established that drive ecosystem recovery (Horoszowski-fridman and Rinkevich, 2016). Since most reef restoration projects intend to initiate reef recovery (not to rebuild the entire reef) by using pioneer coral species such as branching Acropora spp., key indicators of a functional ecosystem need to be monitored including benthic cover, coral diversity, coral recruitment and the fish and invertebrate community (Bostrom-Einarsson et al., 2020; Ferse et al., 2021). Ultimately, monitoring at the relevant ecological scales (as opposed to item-based monitoring) allows for the appropriate evaluation of the central restoration goal of re-establishing self-sustaining reefs (Hein et al., 2020b; Ferse et al., 2021).

To restore a self-sustaining coral reef ecosystem that ultimately provides ecosystems services, ecological recovery on three levels is required (NASEM, 2018): individual coral colonies (survival and growth), coral population (reproduction and recruitment) and reef community (functional diversity). This study evaluated whether the outplanting of pioneer coral species onto ARs could initiate recovery on these three levels and to what extent recovery is influenced by AR design (Figure 1). Detailed benthic and fish surveys were performed on four different types of AR patches of increasing structural complexity, unrestored control patches and natural reference reefs over a period of two years to answer three research questions (RQs). RQ1: How does AR design influence the extent to which outplanted corals survive and grow sufficiently to establish themselves and outperform benthic competitors? RQ2: How does AR design affect coral recruitment? RQ3: How do the community composition and ecological functionalities of fish and invertebrates that develop on different AR designs compare to those communities on surrounding natural reefs? We expected to observe: 1) Differences between growth and survival of corals among ARs due to the impact of AR design on associating reef communities such as benthic competitors, coral predators and herbivores; 2) Intermediate coral recruitment on ARs compared to control and references reef patches due to the addition of moderately complex substrate, with further specific differences between ARs due to design, materials and associated communities; 3) Early stage ARs supporting the establishment of a moderately diverse fish and invertebrate community, with diversity of species and dietary guilds increasing with increasing complexity of AR designs (see Table S1 in the Supplementary Materials for more details).




Figure 1 | Schematic overview of the study, research questions (RQs) and wider socio-ecological setting. Growth and survival of hard corals outplanted onto artificial reefs (ARs) was evaluated and compared to benthic competitors (RQ1). The effect of AR design on coral recruitment was monitored (RQ2). The development of fish and invertebrate communities and their functions on different AR designs was compared (RQ3). A functional fish community can graze on benthic competitors, predate on invertebrates and predate on corals. A functional motile invertebrate community can also graze on benthic competitors and impact coral through predation. Both the fish and invertebrate community can also support ecosystem services such as artisanal fishing and tourism. Artwork by Vrijlansier.





Methods




Area description

The study area (-4.659, 39.381) covered a 1.6-km stretch of coastline between the villages of Mkwiro and Wasini on the north coast of Wasini Island, Kenya (Figure 2A). A kilometre-wide sea strait separated the study area from a headland of the Kenyan mainland featuring the central village Shimoni. Extensive mangrove forests surrounding two river mouths envelope both sides of the headland. The sea strait is subjected to semi-diurnal tides that cause differences in seawater surface levels of up to 4 m. Due to this specific combination of environmental settings, the study area experienced moderately strong currents, relatively low visibility (8 m yearly average) and moderate wave exposure (max significant wave height of ~1.5 m during the NE monsoon). Long-term average sea surface temperature range from 25˚C in August to 29˚C in April (NOAA, 2022). During the study period, however, water temperatures peaked above 30˚C in April 2019 and again in April 2020, culminating in a temperature stress of respectively 6 and 10 degree heating weeks in those two years (Liu et al., 2006).




Figure 2 | (A) Map of the study area (insets showing position within Kenya) and representative pictures of the six treatment patches two years after starting the experiment: (B) Bottle patch consisting of 16 bottle modules, (C) Cage patch consisting of 4 metal cages, (D) Cake patch consisting of 8 layered cakes, (E) Compound patch consisting of 4 bottle modules, 1 metal cage and 2 layered cakes, (F) Control patch that was not restored and (G) Reference reefs that retained natural structural complexity. Each coloured point on the map represents a patch (n = 10 per treatment) and matches with the treatment colour. The black point indicates the coral nursery. The land marker of Pilli Pipa Restaurant (also known as Panga Tatu) is indicated, as are the directions of the nearby villages of Mkwiro and Wasini.



Natural coral reefs in the study area were limited to a narrow strip (2 to 5 m depth at low tide) of discontinuous patches interspersed with extensive fields of unconsolidated rubble, which were occasionally overgrown by sheets of soft coral. Seagrass and macroalgae typically formed dense canopies in shallower water, whereas a diverse assemblage of soft corals and sponges covered the sandy slope into deeper water. The patch reefs had moderately high and diverse coral cover, with remaining hard substrate largely covered by macroalgae and sessile invertebrates such as sponges, hydroids, soft corals and tunicates. Encrusting and (sub)massive hard corals prevailed, but extensive heaps of rubble indicated that branching corals and especially Acropora spp. once were more common. Throughout the region, Acropora populations had been dominant (McClanahan et al., 1999) until diminished by the severe 1998 temperature anomaly (McClanahan et al., 2001). Acropora and other temperature-sensitive genera have not recovered since (McClanahan, 2014). Recovery of these predominantly branching and delicate corals is further hampered by ongoing destructive fishing practices such as the use of beach seines (Samoilys et al., 2017).




Study context: Reef restoration in Mkwiro

The study area falls within the waters of Mkwiro village, which is heavily dependent on its marine resources for fishing and, increasingly, tourism (Arthurton and Korateng, 2006). To promote community participation in the sustainable management of marine resources, Mkwiro Beach Management Unit (BMU) was established in 2007 as a local fishery stakeholder association under the State Department of Fisheries (Kawaka et al., 2017). In 2018, Mkwiro BMU started a collaboration with the REEFolution Foundation (the Netherlands) to improve the status of their reefs. The REEFolution Foundation, currently represented by an independent Kenyan branch named REEFolution Trust, aims to train and educate coastal communities to restore and protect their coral reefs and thereby safeguard local livelihoods. The REEFolution Trust collaborates with Wageningen University and Research (WUR) to develop scientifically validated and effective restoration methods. A co-management plan was drafted in which restoration and protection of a protected community managed area (CMA) for Mkwiro were proposed. Implementation of the co-management plan started in 2019 with the training of community members and students, coral gardening activities and demarcation of the Mkwiro CMA, though enforcement of the no-take zone has been largely lacking. As part of this collaboration between Mkwiro BMU, REEFolution Foundation, REEFolution Trust and WUR, the current experiment was set up under research license NACOSTI/P/21/8896.




Experimental setup

A total of 40 AR patches were deployed and filled with coral fragments between April and November 2019. Each AR patch covered approximately 16 m2, resulting in a total restored reef areal dimension (sensu Goergen et al., 2020) of 640 m2. Four different types of AR patches were created (n = 10): Bottle patches, Cage patches, Cake patches and Compound patches combining all AR types (Figures 2B–E). In addition, 10 rubble fields were left unrestored as Control patches (Figure 2F) and 10 natural reef patches that retained moderate structural complexity were chosen as Reference patches (Figure 2G). The AR patches were separated by at least 50 m from the Control and Reference patches (Figure 2A). The distance (measured from edge to edge) between adjacent AR patches was 12 ± 5 m (mean ± SD) and the distance between AR patches and any nearest natural reef structure was 14 ± 5 m. The distance between Control patches and natural reef was 13 ± 6 m. The depth of control patches (8 ± 2 m) and AR patches (8 ± 1 m) was greater than for Reference patches (5 ± 1 m). The Control and AR patches were positioned slightly deeper for two reasons: 1) natural reef patches were smaller (< 16 m2) and spaced more widely in deeper waters, leaving extensive fields of rubble where deployed AR patches could be considered independent of each other and the natural reef and 2) it was expected that deeper restored patches would be less impacted by temperature anomalies, benefitting the long-term objectives of the ongoing restoration project. Details on the exact placement of each patch can be found in the Supplementary Materials, Table S2.

The following modules were used to build each AR patch: Bottle patch (16 bottle modules), Cage patch (4 cages), Cake patch (8 layered cakes) and Compound patch (4 bottle modules, 1 cage and 2 layered cakes). A bottle module consisted of a concrete disk with about eight glass bottles (Figure 2B). A cage was made of metal and consisted of three vertical crossbows and four horizontal rings (Figure 2C). A layered cake consisted of four concrete disks, each separated from the next by PVC pipes and held together by a central PVC pipe (Figure 2D). Details on exact dimensions of modules can be found in Table S3. Coral fragments (10 – 15 cm length) were attached using tie-wraps (4.8 x 300 mm) to bottle necks, metal intersections on cages and PPR (plastic) pins that were embedded in both the top and third layer of cakes. Coral fragments were sourced from coral nursery trees (Nedimyer et al., 2011) in the study area (Figure 2A), which had been filled with naturally broken coral fragments (corals of opportunity) one year earlier. Coral species have not been confirmed, but a presumed 19 branching species of five genera have been outplanted: 12 Acropora spp., 2 Millepora spp., 2 Pocillopora spp., 1 Porites sp. and 2 Stylophora spp. Since fragments were collected as corals of opportunity, a high genotypic diversity is expected, but this remains unconfirmed. An outplanting density of 7 corals m-2 was realized at the start of monitoring, totalling to 4256 outplanted fragments (3580 Acropora spp., 201 Millepora spp., 107 Pocillopora spp., 145 Porites sp. and 223 Stylophora spp.). Species were haphazardly outplanted on AR patches. After outplanting, no maintenance (e.g. predator or fouling removal) was performed.




Monitoring

To monitor the survival of outplanted fragments, all AR modules were photographed at the start (Dec 2019) and near the end of the study (Dec 2021). Throughout the study, AR patches were visited at least quarterly to identify recent or ongoing causes of coral mortality. For example, the presence of crown of thorns sea stars (CoTS; Acanthaster sp.), Drupella sp. snails, sea turtles and fishing line would inform the likely cause of mortality or detachment, and these would often also leave characteristic marks behind (Figure S1). Benthic surveys were performed just after the start (Feb – Mar 2020) and at the end of the study (Feb – Mar 2022) to monitor benthic cover and motile invertebrates. To avoid sampling excessive amounts of rubble around the small AR patches, two perpendicular 5-m point intercept lines were used (crossing in the middle). This approach was used to monitor all AR, Control and Reference patches. The lines were sampled every 0.25 m and benthic cover divided into the following categories: hard coral to genus level (including the reef-building hydrozoan Millepora), soft coral, macroalgae (fleshy algae > 1 cm), hard substrate (including bare substrate, crustose coralline algae and turf algae < 1 cm), soft substrate (rubble, sand and seagrass) and other (mainly sponges, tunicates and hydroids). Motile invertebrates were sampled in a circle around the intersecting survey lines, with the radius depending on the size of the invertebrates: corallivorous snails (Drupella spp. and Coralliophila spp.) were counted within a 2.5-m radius (i.e. sampling area of 20 m2), sea urchins were identified and counted within a 3.6-m radius (40 m2) and larger invertebrates such as sea cucumbers, sea stars, large (> 5 cm) gastropods, octopus and lobsters were identified and counted within a 5.6-m radius (100 m2). Each patch was surveyed once in 2022, but due to COVID-19 fewer patches were sampled in 2020. At the end of the study (Mar 2022), coral recruits (1 – 10 cm diameter) were counted and identified to genus level where possible. At AR patches, coral recruits on each AR module were counted, the material type noted (glass, concrete, iron, PPR or PVC) and for recruits on concrete the orientation (horizontal or vertical) was noted as well. At each Control and Reference patch, coral recruits were sampled within 16 replicate 1 m2 quadrats.

Fish surveys were performed just after the start (Feb – Mar 2020) and at the end of the study (Dec 2021 – Mar 2022). A stationary fish census with standard 5-min initial sampling period was used to quantify the composition and abundance of all diurnal (surveys were performed between 0800 h and 1400 h), non-cryptic fish (Bohnsack and Bannerot, 1986). The radius of the fish census was typically 7.5 m, but lower when visibility was below average (to a minimum radius of 6 m). Surveys were performed about two meters distance from AR patches, and the large radius was chosen so that wary fish could be observed as well. Fish sizes (fork length) were estimated in classes of 5 cm for fishes smaller than 20 cm, in 10-cm size classes up to 50 cm and in 50-cm bins for larger fishes (i.e. trumpetfishes, cornetfishes and morays), so that fish biomasses (kg ha-1) could be estimated using known length-weight relations and the midpoint of each size class (Froese and Pauly, 2015). At each of the 60 patches, two to three fish surveys were performed in 2022, but not all patches were sampled in 2020 due to COVID-19 disruptions. Control and Reference patches had also been also surveyed in Apr – Jun 2019, before large-scale deployment of AR patches started. Surveys were performed by various observers, but always trained and tested by EGK on species identification and size estimation. A number of surveys were conducted by two observers (EGK and JJR) simultaneously on the same patch and comparisons did not show significant differences in observed fish richness, abundance or biomass.




Analyses

All analyses were performed in R (R Core Team, 2020). The comparison of fragment survival between AR patches included only the genus Acropora (representing 84% of outplanted fragments) due to the unequal distribution of the other genera among patches. Fragment survival was averaged per patch and compared between the four AR patch types using a generalized linear model with beta distribution from the betareg package (Cribari-Neto and Zeileis, 2010), thereby accounting for the proportional nature of the survival data. Model assumptions were validated by visual inspection of residual plots. A Wald Chi-Squared Test from the car package (Fox and Weisberg, 2018) was used to determine significance, and pairwise comparisons with Tukey adjustments were made using the emmeans package (Lenth, 2020). Putative causes of fragments mortality were summarized descriptively per AR patch type and per coral genus.

Coral recruits were summed per patch and divided by the projected area (i.e. 16 m2) to determine recruit density. Recruit density was log-transformed and compared between all six treatment patches with a linear model using the nlme package (DebRoy, 2006). Checking model assumptions and performing significance tests were implemented as outlined above. Genus-specific recruit densities were summarized descriptively. For AR patches specifically, recruit densities were explored further by material type and orientation. To get material-specific recruit densities, recruits were summed per material type and divided by the respective materials’ surface area per patch. For orientation-specific recruit densities the same procedure was repeated, but only concrete was sampled due its clear horizontal – vertical distinction. In addition, these results were further split by coral genus. As surface area and replicate numbers varied substantially for material type and orientation, these results are presented descriptively only.

Hard coral cover was compared between the six treatment patches using a generalized linear model with beta distribution as described above. Hard coral genera were summarized descriptively, as were data on other benthic categories. Given the similar patterns across years but limited number of replicates for 2020 and associated model convergence issues, the focus has been put on the more recent and complete 2022 data. Densities of motile invertebrates were all square-root transformed and compared between treatment patches using linear models of the nlme package as described above. The richness within each group was presented descriptively on either genus or family level. Due to their limited numbers found across all surveys, octopuses (9) and lobsters (5) were not included in the analysis. To explore the association between coral cover and recruit densities, a Pearson correlation was performed using AR module averages.

Fish communities were compared between treatment patches on three parameters: species richness, abundance and biomass. As for benthic communities, the focus has been put on the final 2022 data. Surveys performed simultaneously by two observers at the same patch were averaged. Silversides (Atherinomorus spp.) were excluded due to their highly variable abundance. Depth and distance to nearest AR or natural reef patch were evaluated as covariates in model selection based on Akaike’s Information Criterion (AIC) using a threshold of ΔAIC > 6 (Fox et al., 2015). For all three parameters, mixed-effects linear models were fitted using the lme4 package (Bates et al., 2015) with patch as random factor to account for non-independence of repeated surveys. Abundance and biomass were log-transformed and checking assumptions and performing significance tests were implemented as outlined for the models described above. The procedures were repeated for survey-area corrected abundance and biomass data: to get an estimate of how much fish there could be if the entire surveyed area had been restored, abundance and biomass values were divided by patch size (i.e. 16 m2) instead of the whole survey area (177 m2). Furthermore, for Control and Reference patches, the effect of year (2019, 2020 and 2022) on all three (uncorrected) parameters was compared using the mixed-effects linear model approach just described. Pearson correlation tests between average AR patch hard coral cover against fish species richness, abundance and biomass were performed. Lastly, fish community composition was compared between and within treatment patches using Bray-Curtis dissimilarity matrices based on average fish biomass per patch on both species and dietary guild level, following Morais & Bellwood (2020) for diet categories. Community differences were statistically evaluated using multivariate permutation tests (PERMANOVA) with Bonferroni adjustment and visually presented with non-metric multidimensional scaling (NMDS) plots using the vegan package (Oksanen et al., 2022).




Results




Benthic cover, fragment survival and coral recruitment

Hard coral cover was largely similar across AR patches at the start of the study (averaging 19%) and differences appeared over time (Figure 3). Reductions or increases in hard coral cover on AR patches were frequently mirrored by reciprocal increases or reductions in soft coral cover (mainly Cespitularia spp. and Rhytisma sp.), whereas macroalgae (mainly Dictyota sp. and Sargassum spp.) were only commonly seen at Reference patches (Figure 3). Benthic cover on Control and Reference patches remained largely unchanged throughout the study (Figure 3). At the end of the 2-year study, hard coral cover differed significantly between the six treatment patches (Figure 4; X2 = 373.43, df = 5, p < 0.001). Control patches remained devoid of hard coral (1%), whereas Cake (18%), Cage (32%) and Compound patches (29%) featured moderately high coral cover, comparable to Reference patches (26%); Bottle patches featured intermediate and therefore rather low coral cover (9%). Genus-level coral richness differed greatly between treatments (Figure 4): all AR patches were dominated almost exclusively by Acropora (though Cake patches featured several additional genera at low cover), whereas Reference patches showed a moderately diverse assemblage of genera (with very limited Acropora cover).




Figure 3 | Percentage benthic cover (A) a few months and (B) two years after deployment of artificial reef patches, compared to unrestored Control patches and natural Reference reefs (n = 3 – 10 for 2020; n = 10 for 2022). Benthic substrate was divided into the following groups: Soft substrate (including sand, rubble and seagrass), Hard substrate (including bare rock and rocky substrate covered by crustose coralline algae or turf algae < 1 cm), Macroalgae (fleshy algae > 1 cm), Soft coral, Hard coral and the group Other including rarer sessile invertebrates such as sponges, tunicates and hydroids.






Figure 4 | Percentage hard coral cover (including the hydrozoan Millepora) on artificial reef patches two years after deployment, unrestored Control patches and natural Reference patches. Error bars denote SE (n = 10) and treatments not sharing lowercase letters differ significantly (p < 0.05). Colours represent coral genera, split between branching corals and other growth forms.



Of all 4256 outplanted coral fragments, 2552 remained alive for two years (60%), 1300 died (31%) and 404 were dislodged (9%). Survival of Acropora fragments differed significantly between AR patches (X2 = 15.35, df = 3, p = 0.0015) and was higher on Cage and Compound patches compared to Bottle patches, with intermediate results for Cakes (Figure 5). Across all fragments and genera. CoTS were chiefly responsible for predation mortality (14% of outplanted fragments), with the remainder of predation mortality caused by Drupella spp. (1%). Other mortality causes included: dislodgement due to turtles (Eretmochelys imbricata and Chelonia mydas) scraping their carapace (5%), detachment after entanglement with fishing gear (4%) and benthic competition with neighbouring hard corals, sponges, tunicates or soft corals (2%). Bleaching caused the demise of 2% of coral fragments. For the remainder of dead coral fragments (10%), no clear cause could be identified; no symptoms of diseases were observed throughout the study. Identified mortality causes for Acropora were distinct between AR patches (Figure 5): predation caused substantial losses at all patches except Cages, which suffered more from detachment by fishing gear. Only Bottle patches suffered substantial dislodgement by sea turtles. Clear differences could also be observed between coral genera, both in terms of survival and mortality causes (Figure S2). Across all patches, survival was highest for Millepora spp. (85%) and Acropora spp. (64%), with much lower survival for Stylophora spp. (29%), Pocillopora spp. (16%) and Porites sp. (12%). All genera except Millepora suffered from predation, Acropora and Millepora suffered relatively little from competition, only Pocillopora was impacted by bleaching and for Porites the mortality causes remained largely unknown (Figure S2).




Figure 5 | Survival of Acropora spp. coral fragments (N = 3580 fragments) two years after outplanting onto four different types of artificial reef patches (n = 10 per treatment). The percentage of surviving fragments are outlined in black with SE noted by error bars. Patches not sharing lowercase letter differ significantly (p < 0.05) in percentage of surviving fragments. The remainder of fragments did not survive and their putative mortality causes have been indicated: bleaching (mortality due to above-average water temperatures), fishing (detachment due to entanglement in fishing gear), turtle (detachment due to interaction with sea turtles), competition (mortality due to competing benthic organisms such as tunicates, sponges and soft coral), predation (consumption by Acanthaster sp. sea stars or Drupella spp. snails) or unknown cause of death.



Hard coral recruit density differed significantly between the six treatment patches (X2 = 148.62, df = 5, p < 0.001). Recruit density was very low at both Control (0.4 m-2) and Cage patches (0.2 m-2), significantly higher at Bottle (1.8 m-2), Compound (1.8 m-2) and Cake patches (2.9 m-2) and highest at Reference patches (4.8 m-2; Figure 6); differences between Cake and Reference patches were not significant. Genus-level richness of coral recruits mirrored this pattern (Figure 6), with highest number of genera found on Reference reefs. Recruits of Stylophora and Porites were dominant across patches. In total, 1401 recruits were observed on the ARs. Concrete featured both highest recruit densities (7 recruits m-2 versus < 4 recruits m-2 on all other material types) and genus-level richness (Figure S3). Nearly all of the 32 coral genera that settled onto concrete preferred to settle on vertical surfaces, which typically featured three-fold higher recruit densities than horizontal surfaces (Figure S4). Only Porites, Coscinaraea, Leptastrea and genera from the Merulinidae family (Favites, Dipsastraea, Cyphastrea and Goniastrea) were found in roughly equal densities on both orientations (Figure S4). Recruit densities were not correlated to hard coral cover on AR modules (r = 0.025, df = 868, p = 0.46).




Figure 6 | Hard coral recruit density (colonies 1 -10 cm diameter, including hydrozoan Millepora) two years after deployment at restored patches, compared to unrestored Control patches and natural Reference reefs. Error bars denote SE (n = 10) and treatments not sharing lowercase letters differ significantly (p < 0.05). Colours represent coral genera, split between branching corals and other growth forms.






Fish and invertebrate communities

There were significant differences between the six treatment patches in terms of fish species richness (X2 = 47.57, df = 5, p < 0.001), fish abundance (X2 = 54.90, df = 5, p < 0.001) and fish biomass (X2 = 69.46, df = 5, p < 0.001). Depth was a significant covariate in the model for fish species richness (deeper patches showed lower species richness: mean ± SE of beta estimate -2.3 ± 0.44 species m-1) and therefore depth-corrected values for richness are shown (Figure 7A). Patterns across treatment patches were similar for all three parameters: Control patches featured significantly lower fish species richness, abundance and biomass than all other patches, which did not differ among each other (Figures 7A–C). At Control patches, fish species richness (13 species) was just over half that of other patch types (21 – 24 species). Both the abundance (0.1 fish m-2) and biomass (8 kg ha-1) at Control patches were between five to twelvefold lower compared to all other patch types (abundance: 0.45 – 1.2 fish m-2; biomass: 38 – 92 kg ha-1). When standardized to actual area restored (i.e. excluding the unrestored but surveyed rubble areas surrounding the patches), all AR patches except Bottle patches featured significantly higher abundances (three to eightfold higher) and biomasses (two to sixfold higher) than natural Reference reefs (Figure S5). Coral cover on AR patches was positively correlated with fish abundance (r = 0.71, df = 38, p < 0.001) and fish biomass (r = 0.54, df = 38, p < 0.001), and a trend was seen for species richness (r = 0.31, df = 38, p = 0.055; Figure S6). The abundance and biomass of fish remained constant on both Control and Reference patches before and after restoration (Figure S7), though average fish richness increased (from 7 to 10 species on Control patches and from 19 to 27 species on Reference patches).




Figure 7 | (A) Fish species richness per survey (corrected for covariate depth), (B) Fish abundance and (C) Fish biomass two years after deployment of restored patches, compared to unrestored Control patches and natural Reference patches. Error bars denote SE (n = 10) and treatments not sharing lowercase letters differ significantly (p < 0.05). Coloured points indicate values for replicate patches within each treatment type.



Fish species composition was significantly different between the six treatment patches (F = 2.77, df = 5, p < 0.001), see Table S4 for the Bray-Curtis dissimilarity matrix. The fish community at Control and Reference patches were different from each other (p < 0.001) and both were different from AR patches (all p < 0.05; Figure 8A). AR patches were similar to each other, except Bottle patches, which differed from Cage (p = 0.011) and Compound patches (p = 0.0077), and a significant difference between Cage and Cake patches (p = 0.024). The total number of fish species encountered was higher on Reference patches (145 species) than Bottle (108), Cage (103), Cake (101), Compound (113) and Control patches (72). Fish community composition on dietary guild level also differed between treatment patches (F = 3.49, df = 5, p < 0.001; Table S5), but now Reference patches were similar to all AR patches, while Control patches remained distinct (all p < 0.01; Figure 8B). The similar dietary guilds but different species compositions among restored and reference patches can be highlighted by some common planktivorous and omnivorous species such as Dascyllus trimaculatus and Dascyllus carneus (common on AR patches) compared to Plectroglphidodon lacrymatus and Chromis dimidiata (common Reference patches). Control patches hosted a fish community consisting mainly of invertivores, whereas herbivores were more associated with both Reference and AR patches. Predatory fish (e.g. Diagramma pictum and Lutjanus fulviflamma) were more associated with Cage patches, though not significantly so.




Figure 8 | Non-metric multidimensional scaling (NMDS) plots based on Bray-Curtis dissimilarity matrices on (A) fish species (2 dimensions, stress: 0.199) and (B) fish dietary guild (2 dimensions, stress: 0.138). Font sizes increases with fish abundance. Data based on 10 replicate patches of four different types of artificial reef, unrestored Control patches and natural Reference patches (as indicated by colours). Data on the fish community was collected two years after deployment of the artificial reef patches. Ellipses show a 99% confidence interval around the centroid for each treatment. Dietary guilds are as follows: FisCep, fish and cephalopod predators, HerDet, herbivores/detritivores; HerMac, herbivores/macroalgivores; InvMob, invertivores (motile prey); InvSes, invertivores (sessile prey); Omnivr, omnivores; Plktiv, planktivores.



Motile invertebrates were generally more abundant and diverse at Reference patches compared to other patches, but patterns varied among key invertebrate groups (Figures 9A–E). Significant differences were found in abundances of corallivorous snails (X2 = 56.52, df = 5, p < 0.001) and sea urchins (X2 = 78.26, df = 5, p < 0.001) between treatment patches. Both groups were significantly more abundant at Reference patches compared to all other patches (Figures 9A, B). In addition, highest genus richness was found on References patches as well for these two invertebrate groups. Sea stars showed a similar pattern (Figure 9C), but differences were not significant. CoTS were rarely encountered, but some were seen on Bottle patches. No clear patterns nor statistical differences were seen for sea cucumbers (Figure 9D). Average abundance of gastropods did not differ significantly between Reference and AR patches, but family-level richness was higher at Reference patches. In contrast, AR patches were dominated by Cypraeidae gastropods (mainly Cypraea tigris), which were rarely encountered on Reference patches.




Figure 9 | Densities of key motile invertebrates at artificial reef patches two years after deployment, unrestored Control patches and natural Reference patches. Key groups shown are (A) Corallivorous snails m-2, (B) Sea urchins m-2, (C) Sea stars ha-1, (D) Sea cucumbers ha-1 and (E) Large (> 5 cm) gastropods ha-1. Error bars denote SE (n = 10) and treatments not sharing lowercase letters differ significantly (p < 0.05). No significant difference between treatment patches were found for sea stars, sea cucumbers and large gastropods. Octopus and lobsters were rarely observed and not included here. Shades represent genera or families that make up the invertebrate communities.






Discussion

This study aimed to determine to what extent AR design influences the recovery of restored reefs using a uniquely broad ecological approach (Hein et al., 2020a) that monitored the development of outplanted coral fragments, coral recruitment and fish and invertebrate communities. Two years after their deployment, the AR patches with outplanted corals have shown positive development towards recovery of reef ecosystem functionality. Coral fragment survival was on par with reported global averages (Bayraktarov et al., 2019; Bostrom-Einarsson et al., 2020), but clearly differed between AR designs. Metal cages featured highest fragment survival and coral cover by preventing access to invertebrate coral predators, whereas a combination of predation by CoTS and dislodgement by sea turtles reduced fragment survival and increased soft coral cover on (especially low-set) concrete ARs. In contrast, coral recruitment was negligible on metal cages mostly due to their low surface area whereas coral recruitment was moderately high on concrete ARs, which featured both a higher surface area and a more suitable settlement substrate. Thus, metal cages featured high coral cover which remained dominated by outplanted branching corals (principally Acropora spp.), whereas concrete ARs featuring lower coral cover showed higher potential to increase coral diversity through natural recruitment. Fish abundance and biomass were similar across all AR designs, and were already after two years comparable to natural reference reefs. Abundance and biomass of fish are even expected to surpass levels of reference reefs when larger areas are restored, since these parameters already exceeded levels detected at reference reefs when unrestored areas around AR patches were excluded from the census counts. Fish species richness and trophic composition were also similar between all AR designs and reference reefs, though exact species compositions remained distinct between natural and restored reefs. Motile invertebrate communities remained less abundant and less diverse on AR patches and might need more time or specific habitat to get established. Taken together, all studied ecological parameters progressed towards reef recovery, with unique and varying influences of AR design. We recommend reef restoration with a combination of metal cages and layered concrete ARs to promote high fragment survival as well as natural coral recruitment. Further considerations on AR design, ecological facilitation and restoration recommendations are discussed below.




AR design

AR design clearly affected the performance of outplanted coral fragments by mediating the effects of reef organisms causing coral predation and detachment. CoTS predation was less intense than reported by earlier restoration studies in the region (Tamelander et al., 2000; Mbije et al., 2013), but was still causing substantial coral mortality on bottle and cake patches despite low observed densities of the sea star. CoTS were not able to climb metal cages, which explains the higher fragment survival on these ARs. Similarly, predation by corallivorous snails can be reduced using cages, especially when recruitment by snail larvae from the water column is low and colonization of ARs would have to happen by ground-dwelling adult snails (Williams et al., 2014). Coral predation can increase hard coral diversity by selectively targeting fast growing genera (Neudecker, 1979; Cox, 1986), but extensive predation might also induce overgrowth of coral colonies and even full ARs by benthic competitors such as macroalgae (Rice et al., 2019) and soft corals (Bruno et al., 2009; Norström et al., 2009). In this study, fragments that died due to predation were quickly overgrown by soft corals. This space occupation by soft corals can prevent hard coral recruitment, succession and reef recovery (Sammarco et al., 1985; Norström et al., 2009). Remarkably, also sea turtles hampered efforts to increase hard coral cover by dislodging fragments when scraping the underside of their carapaces on bottle modules. This, in combination with high predation on the same modules, has rendered the bottle design least successful for coral survival. Besides AR design, coral genus was also an important determinant of fragment survival with clear genus-specific mortality causes such as predation (Acropora and Stylophora) and bleaching (Pocillopora). The high but unexplained mortality of Porites sp. could possibly indicate that for this species, larger fragment sizes could be needed for outplanting (Seebauer, 2001).

Hard coral recruitment on concrete ARs was moderately high and diverse compared to reference reefs and falls within the range of regional averages of around 2 – 8 recruits m-2 (Obura et al., 2008; Visram et al., 2009), highlighting the potential of ARs and reef restoration to support key ecological processes and recovery towards a functional reef (Montoya-Maya et al., 2016; Hein et al., 2020a). The finding that recruit densities on concrete approached densities on natural reef substrates demonstrates that concrete is a suitable substrate for coral recruitment, especially when vertically oriented. Also, metal appears a suitable substrate for the settlement of at least certain coral genera, but the low surface area of the cage module resulted in low overall coral recruitment at this AR design. Sufficiently high coral recruitment (Graham et al., 2014) and high outplanted fragment densities (Ladd et al., 2016) can prevent shifts to benthic competitors which could otherwise inhibit reef recovery (Norström et al., 2009; Ladd et al., 2018). The absence of an association between coral cover and recruit densities on AR modules, though, suggests that other factors than nearby hard corals per se are important for coral settlement and survival, such as provision of suitable hard substrate (Hata et al., 2017). Nonetheless, over time, outplanted corals are expected to contribute to reproduction (Horoszowski-Fridman et al., 2011) and local recruitment (Montoya-Maya et al., 2016). For the moment, common recruits mainly included opportunistic brooding genera such as Pocillopora and Stylophora and the stress-tolerant genus Porites (sensu Darling et al., 2012), and it remains unclear if outplanting of once dominant competitive species such as broadcasting Acropora will assist their recruitment and comeback in absence of natural recovery (McClanahan et al., 2001; McClanahan, 2008; McClanahan et al., 2014).

Contrary to our expectations, AR design did not affect the composition of fish or invertebrate communities that developed around the restored patches. This contrasts earlier studies, as both AR design (Bohnsack and Sutherland, 1985; Hylkema et al., 2020) and structural complexity (Graham and Nash, 2013) have been shown to be determinants of fish communities (Seraphim et al., 2020). The levels of structural complexity provided by the various studied ARs differed in rugosity and more detailed quantification of this structural complexity could possibly help explain the different impacts on reef communities. Provision of fine-scale habitat and food by corals is likely the main driver for development of fish and invertebrate communities on these ARs, as indicated by the association between AR coral cover and fish abundance and biomass in this study. This suggests that hard coral cover is more crucial for reef fish communities than artificially created structural complexity (Coker et al., 2014; Pratchett et al., 2014). Follow-up factorial studies that separate the effects of ARs and outplanted corals on reef communities can help to clarify the benefits of each restoration approach. Interestingly, fish species richness appeared unrelated to both AR design and coral cover, implying that these factors are less important if restoration of fish species richness is the only goal. The difference in fish species composition between AR patches and reference reefs is commonly observed (Higgins et al., 2022), and likely relates to the different coral species composition (Berumen and Pratchett, 2006) and probably additional factors such as AR material, complexity, relative size or age (Hylkema et al., 2021). Especially age could be an important yet largely unstudied factor, as communities can undergo successional changes and the studied ARs were still very young compared to natural reefs. On a level of dietary guilds, however, the similarity between ARs and reference reefs shows that restored fish communities can support similar trophic roles as natural fish communities (in agreement with Paxton et al., 2020). The effects of AR patch size and condition of the direct surroundings remain to be tested, but extrapolation (Figure S5) indicates that substantial potential exists for AR patch size to further enhance fish communities, especially in combination with hierarchical spatial arrangement (Bohnsack et al., 1994). The absence of clear patterns for invertebrates might relate to their natural low abundances and high variability (McClanahan, 1989) and comparisons and interpretation are further complicated by the lack of data on this diverse functional group in restoration projects (Hylkema et al., 2021; Higgins et al., 2022).




Ecological facilitation

The identified fish and invertebrate communities can improve reef recovery when mediating ecological processes in favour of hard cover growth and recruitment (Shaver and Silliman, 2017; Ladd et al., 2018) and measuring these functional processes directly will contribute to a better mechanistic understanding of coral reef restoration ecology. For example, herbivores can prevent the establishment of macroalgae and thereby create a competitive advantage for corals (Hughes et al., 2007). Local herbivorous key species such as grazing surgeonfish (Knoester et al., 2019), sea urchins (Humphries et al., 2020) and browsing unicornfish (Knoester et al., 2022) might indeed have controlled macroalgae on ARs in this study, but sessile benthic invertebrates became more abundant over time compared to natural reefs, including contentious competitors of hard coral such as soft corals, tunicates and sponges (Stobart et al., 2005; Bruno et al., 2009). The current grazer community around ARs (despite high abundances of, for example, the sponge and soft-coral eating gastropod Cypraea tigris) might not be able to provide sufficient top down control on these often toxic sessile invertebrates (La Barre et al., 1986; Pawlik et al., 2018), which might additionally benefit from elevated nutrient levels in the relatively turbid study area (Pastorok and Bilyard, 1985; Norström et al., 2009). Pre-emptive space occupation by outplanting more hard corals and thereby intensify grazing pressure on smaller areas of remaining open substrate could help to prevent the establishment benthic competitors, but requires outplanting corals at appropriate densities and subsequent high fragment survival (Ladd et al., 2016). Outplant densities used in this study appear sufficiently high to sustain coral cover, except for the Bottle ARs that suffered high predation and dislodgement. Quantification of these important ecological processes can further improve reef restoration techniques.

Additional ways of ecological facilitation include control of corallivores through predation or for example nutrient cycling by fish (Shaver and Silliman, 2017; Ladd et al., 2018). Natural control of coral-predating invertebrates is important to prevent pest-like outbreaks (Rotjan and Lewis, 2008; Rice et al., 2019), especially as restoration projects generally use coral species susceptible to predation (Cole et al., 2008). As broad trophic roles of the fish community in this study were similar among ARs and reference reefs this could indicate that such functions are being re-established, but more detailed and empirical data on key species would be needed to confirm this. Also, top-down control on adult CoTS was not sufficient to prevent substantial coral predation. To maintain sufficient coral cover on recently established ARs, reducing coral predation directly through AR design or outplanted species selection appears more effective than attempting to regulate corallivore populations indirectly by facilitating their predators. This suggestion applies in particular to larger adult corallivores, which are less sensitive to predation (Cowan et al., 2017; Shaver et al., 2020). Excess nutrient inputs by humans are generally detrimental to reef functioning and could promote corallivores (Shantz and Burkepile, 2014; Pratchett et al., 2017), but nutrient recycling by fish communities has been shown to benefit corals on natural reefs (Shantz et al., 2015) and might help to facilitate recovery of degraded reefs (Ladd and Shantz, 2020). For example, the colonization of outplanted corals by planktivorous damselfish can be expected to enhance coupling of pelagic nutrients to restored reefs (Seraphim et al., 2020) and schooling predatory fish can create nutrient hotspots (Shantz et al., 2015). A better understanding of such processes could further improve reef restoration effectiveness (Shaver and Silliman, 2017; Ladd et al., 2018).




Methodological considerations

This study provides a more holistic evaluation of reef ecosystem restoration performance than item-based monitoring only (Bayraktarov et al., 2019; Abelson et al., 2020). For future work, three further methodological improvements are recommended. Firstly, two years is a short time in ecology and this study therefore only represents the early successional stage of reef recovery, although longer than most reef restoration studies (Bayraktarov et al., 2016). Over time, when coral recruits grow, outplanted corals become fertile and benthic cover further increases complexity, AR communities are expected to become more diverse and resemble natural reefs more closely (Thanner et al., 2006), while likely still remaining distinct (Hylkema et al., 2021). Long term monitoring (> 5 – 10 years) will therefore be vital to track succession (Hein et al., 2020b), understand ecological interactions (Seraphim et al., 2020) and ensure functional reefs which continue to provide ecosystem services (Abelson et al., 2020; Hein et al., 2021). Secondly, the long-standing debate on relative contributions of attraction versus production of fish and invertebrates around ARs needs to be clarified (Pickering and Whitmarsh, 1997), especially if the restoration goal is to support sustainable exploitation (Lima et al., 2019; Hylkema et al., 2021). On the studied ARs, the high abundance of damselfish species not regularly encountered on nearby reefs indicate that local production of these small planktivorous fishes is likely, which might in turn support production on higher trophic levels. Abundance and biomass of fishes at nearby natural reefs did not decrease, despite the substantial addition of ARs, which further suggests that ARs were supporting local production. Of course, the relative size of the restored area compared to the surroundings and distance to healthy reefs will be of great influence on this. Incorporation of age cohort monitoring over time will provide more certainty on this aspect (Brickhill et al., 2005). Thirdly, biases in the used methodologies should be noted: observer bias might explain the observed increase in fish species richness over the different years on control and reference patches and this could be addressed by monitoring methods using artificial intelligence (Barbedo, 2022), and the discrepancy between small AR size and large surveyed area for fishes as well as the small areal coverage for benthic surveys ideally are solved by upscaling restoration efforts rather than through adjusted monitoring methodologies.




Restoration recommendations

Concluding, we highlight several recommendations with broader relevance. Firstly, as clearly outlined in restoration guidelines (Precht, 2006; Edwards et al., 2010), causes of coral decline need to be addressed for restoration to be successful. During the current study, fishing efforts still interfered with restoration efforts both directly by dislodging fragments and likely indirectly by affecting the community composition of fish – also on natural reference reefs (McClanahan et al., 2008). Continued efforts to align restoration with protection are therefore crucial (Hylkema et al., 2021). Secondly, at least equally important, adaptation to climate change impacts must be considered. To address this potential threat to restoration success, we used, where possible, presumed temperature-resilient corals (outplanted Acropora spp. and other corals that had survived previous bleaching episodes) and we placed ARs slightly deeper to reduce combined heat and light stress. This might have contributed to the low bleaching mortality among most outplanted corals despite significant heat stress during the study. However, the bleaching mortality of Pocillopora spp. and the anticipated ever-increasing temperatures clearly show more research is needed to combine ongoing restoration efforts with new techniques such as assisted evolution (van Oppen et al., 2017; NASEM, 2018; Rinkevich, 2019). There should be no doubt, however, that long-term success of coral reef conservation ultimately depends on how soon global greenhouse gas emissions are curbed (Knowlton et al., 2021). Thirdly, the clear effects of AR design and species selection on coral survival highlight the importance of these factors for reef restoration success. A combination of AR designs with species-specific outplanting strategies is recommended to realize high coral cover and diversity: predation-sensitive genera such as Acropora can be placed on elevated structures such as cages, whereas predation-resilient corals such as Millepora and Porites can be put on concrete structures such as layered cakes. In this way, coral cover can be increased quickly using pioneer species while coral recruitment is also facilitated, supporting the development of a more diverse and resilient coral community, which can in turn support a fish community that is functionally similar to natural reefs (Horoszowski-fridman and Rinkevich, 2016). Low concrete structures such as bottle reefs are not recommended for coral outplanting, but could be placed specifically to create turtle hangouts in the studied area. Further improvements in coral performance are likely possible by varying outplant density (Ladd et al., 2018) and species composition (Cabaitan et al., 2015). Altogether, considerations of these ecology-based processes have the potential to improve outplanting success even further (Shaver and Silliman, 2017; Ladd et al., 2018). Ultimately, monitoring at socio-ecological relevant scales will determine if reef restoration can support the recovery of coral reefs and their services and thus can be considered an effective, efficient and engaging conservation tool (McDonald et al., 2016; Goergen et al., 2020).
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In the Mediterranean, Cystoseira sensu lato (s.l.) (Phaeophyceae) forests have sharply declined and restoration measures are needed to compensate for the loss. Assisted regeneration through the outplanting of seedlings grown ex-situ has proven to be a sustainable option. Optimizing mesocosm culture can maximize survival of the most critical embryonic stages and reduce long-term maintenance costs. Host-microbiome interactions could also play a crucial role in seedling development and welfare. In this context, we aimed to advance a cultivation protocol that stimulates the growth and fitness of Ericaria amentacea (Phaeophyceae) seedlings and identify the associated microbial biofilm communities. Seedlings were cultured in 6 treatments [i.e., filtered seawater (SW, C, Control), von Stoch-enriched SW (VS), VS + algal extract (VSA), algal extract-enriched SW: A1< A2< A3]. After the field, A2 seedlings had the highest cover (1372 ± 53.66 mm2), which was 1.8 and 1.9 times greater than in VS and VSA, respectively. The addition of the algal extract and nutrients significantly affected the structure and composition of the microbial community that shifted over time in each culture medium. We identified a treatment-specific microbial fingerprint. After the mesocosm phase, A2 was characterized by 4 unique taxa: Postechiella, Winogradskyella, Roseovarius and Arenibacter (Bacteria). Given the success of A2 seedlings, we propose the probiotic consortia candidates characterized by the unique treatment-taxa in conjunction with the shared taxon Psychroserpens (Bacteria, present in A1, A2, VSA, VS) and the reminder community. Within the holobiont concept, the effect of algal extract or nutrients on the algae and/or biofilm could have important consequences for tuning the overall interaction networks. Our study has shown that macroalgal restoration could benefit from both the use of commercial algal extract and tailored nutrient enrichment in ex-situ cultures and the identification of probiotic consortia candidates that promote seedling growth.
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1 Introduction

In the Mediterranean Sea, Cystoseira sensu lato (s.l.) (Phaeophyceae) form extensive forests, which are among the most productive habitats in the coastal zone (Fabbrizzi et al., 2020). In recent decades, Cystoseira s.l. canopies have declined significantly in many coastal regions and are now critically threatened (e.g. Mangialajo et al., 2008; Falace et al., 2010; Vergés et al., 2014; Thibaut et al., 2015; Blanfuné et al., 2016; Valdazo et al., 2017), due to multiple stressors such as overgrazing, eutrophication, habitat fragmentation and climate change (e.g Thibaut et al., 2005; Mangialajo et al., 2008; Thibaut et al., 2015; Blanfuné et al., 2016; Mancuso et al., 2018; Bevilacqua et al., 2019; Falace et al., 2021). There is little evidence of natural recovery of damaged populations, hampered by low zygote and embryo dispersal (Clayton, 1990; Buonomo et al., 2017), so proactive actions are needed to support the regeneration of such populations. Restoration is increasingly recognized as useful tool to trigger the recovery of degraded coastal habitats (Abelson et al., 2020), as stated by the UN Decade of Ecosystem Restoration (2021-2030; https://www.decadeonrestoration.org/). Several techniques have been advanced for the restoration of Cystoseira s.l.: transplantation of adult thalli (Falace et al., 2006; Susini et al., 2007), in situ deployment of receptacles (Verdura et al., 2018; Medrano et al., 2020) and outplantation of seedlings grown ex situ (Falace et al., 2006; Sales et al., 2011; Falace et al., 2018a; Verdura et al., 2018; De La Fuente et al., 2019; Orlando-Bonaca et al., 2021; Savonitto et al., 2021; Lardi et al., 2022; Orlando-Bonaca et al., 2022). The latter two techniques are preferable to avoid further depletion of donor populations (De La Fuente et al., 2019).

Optimizing growth conditions can maximize zygote settlement and survival of the most critical embryonic stages and reduce the cost of long-term maintenance (Savonitto et al., 2021; Clausing et al., 2022; Orlando-Bonaca et al., 2022). Nevertheless, overgrowth of bacteria, epiphytic diatoms and filamentous algae could strongly limit growth and development of zygotes (Orlando-Bonaca et al., 2021; Clausing et al., 2022; Lardi et al., 2022). To overcome these issues, commercially manufactured extracts of a variety of seaweeds have recently been used to reduce epiphyte attachment (Jiksing et al., 2022) and as biostimulants to increase survival, growth and stress tolerance of macroalgae, including brown algae (Hurtado and Critchley, 2018; Umanzor et al., 2019; Hurtado and Critchley, 2020; Umanzor et al., 2020a; Umanzor et al., 2020b; Ali et al., 2021; Han et al., 2022; Jiksing et al., 2022; Umanzor et al., 2022). Macroalgae-derived biostimulants are also used as a sustainable option to improve agronomic production, plant growth and health (Crouch and Van Staden, 1993; Battacharyya et al., 2015; Hurtado and Critchley, 2020; Samuels et al., 2022), thanks to their broad spectrum of constituents (i.e., macro- and microelements, amino acids, hormones, phenolic compounds and saccharides) (Khan et al., 2009; Ali et al., 2021; Sujeeth et al., 2022). Biostimulants are defined as substances and materials, excluding pesticides and nutrients, that can modify the physiological processes of plants improving their growth, development and/or responses to stress (du Jardin, 2012; Rouphael and Colla, 2020). In particular, they promote natural processes for efficient nutrient uptake and utilization, chlorophyll content and photosynthesis, stress resistance, root development and also trigger early flowering and seed germination (Blunden and Wildgoose, 1977; Crouch and Van Staden, 1993; Van Oosten et al., 2017; Ali et al., 2021; Shukla et al., 2021; Sujeeth et al., 2022).

The interactions between host and microbiome can also play a crucial role in development and welfare in the early life stage, as has been shown for corals and sponges (Taylor et al., 2007; Cleary et al., 2022; Peixoto et al., 2022; Thatcher et al., 2022). In the marine field, microbe-assisted crop improvement is still in its infancy compared to agriculture, where plants benefit from mixtures of diverse microbes to protect them from pests or pathogens, improve nutrient supply and directly promote growth through microbial antagonistic interactions (Berg et al., 2021). A growing body of literature (reviewed in Florez et al., 2017 and Duarte et al., 2018) on microbe-algae highlights the paramount importance of the tiny unseen majority in morphological development (Matsuo et al., 2003; Grueneberg et al., 2016), antimicrobial activity and control of microbial colonization via quorum sensing (Manefield et al., 1999; Holmström et al., 2002; Rao et al., 2005; Wang et al., 2009) and algal status under healthy and stressful conditions across the lifespan (Ivanova et al., 2002; Mancuso et al., 2016; Minich et al., 2018; Juhmani et al., 2020). The microbial biofilm forms an outer layer over the host epidermis that plays a functional role between the host and the environment, and is almost considered a new and functionally different “tissue” (Steinberg et al., 2011). The microbes living on the algal surface have an abundance of 106 to 109 bacteria per cm2 and a high phylogenetic diversity (Martin et al., 2014), and differ from the surrounding seawater community (Bengtsson et al., 2012; Michelou et al., 2013; Florez et al., 2017). The algae provide a rich substrate for the microorganisms to thrive, and antagonistic relationships can strongly shape the community alongside algal physiology. As the macroalgal surface is highly dynamic, the functioning of the microbial interface intimately depends on the complex relationships between the host and all-associated organisms (Trevathan-Tackett et al., 2019; Dittami et al., 2021). Hence it is useful to view it as a network of interactions forming a functional synergistic unit called a holobiont (Zilber-Rosenberg and Rosenberg, 2008). The associated microbes play a crucial role in the biology, ecology, and well-being of their hosts, and therefore altering these associations can lead to a pathological state within the holobiont (Egan and Gardiner, 2016; Pitlik and Koren, 2017; Sullivan et al., 2018; Longford et al., 2019; van der Loos et al., 2019).

In the context of ex-situ restoration, it may therefore be relevant to investigate the microbial biofilm associated with the algae in mesocosm cultures to identify possibly probiotic communities with beneficial effects on the algal fitness once they are outplanted in the field. As the application of algal-derived biostimulants in ecological restoration also needs to be explored (Hurtado and Critchley, 2020; Jiksing et al., 2022), in the present study, we used a commercial extract derived from Macrocystis pyrifera (Linnaeus) C. Agardh (Laminariales, Ochrophyta) as an additive to culture media for the cultivation of Ericaria amentacea (C.Agardh) Molinari & Guiry (Fucales, Ochrophyta) seedlings.

Within this framework, the aims of this study were: (i) to investigate the effects of different culture media on the survival, growth and photosynthetic efficiency of E. amentacea seedlings both in culture and in the field, (ii) to identify the microbial biofilm associated with E. amentacea seedlings during an ex-situ experiment and (iii) to create conditions to promote potentially beneficial microbes by using a seaweed extract.




2 Materials and methods



2.1 Fieldwork

Fertile apices of E. amentacea were collected in July 2021 at Bogliasco in the Ligurian Sea (NW Italy, 44°22’31.4” N, 9°04’35.2” E) and transported to the facilities of the University of Trieste in the dark and at 4°C.




2.2 Effects of culture media on seedling survival and growth



2.2.1 Culture in mesocosms

Apices were rinsed with filtered seawater, carefully cleared of epiphytes and stored in the dark at 4°C for 24 hours to promote gamete release.

Six culture media were tested: i) autoclaved filtered seawater (SW) (0.22 µm Durapore membrane philtre, Merck millipore Ltd) as control (C); ii) SW enriched with Von Stosch’s solution (VS) (Von Stosch, 1963; Guiry and Cunningham, 1984; Falace et al., 2018a); iii) SW enriched with the commercial macroalgal extract AlgatronCifo® [Cifo S.p.A., San Giorgio di Piano, Bologna, Italy] (here after Algatron) at three concentrations (i.e., A1 = 2 mL L-1; A2 = 4.5 mL L-1; A3 = 9 mL L-1). The concentrations of the algal extract for solutions A2 and A3 correspond to the manufacturer’s recommendations for foliar and soil application, respectively, while concentration A1 was chosen to test whether E. amentacea could benefit from a lower concentration; iv) VS solution containing 4.5 mL L-1 Algatron as in A2 (VSA). Algatron contains N, P, alginic acid, mannitol, other carbohydrates, polyphenols and essential amino acids (Prisa, 2021). Information on the culture media and N:P ratio are reported in Supplementary Table 1.

To test the effects of the different culture media on the microbial biofilm communities associated with the seedlings and the overall performance of the culture, we set up tanks containing 2 L of culture medium (n= 3 tanks per treatment), and 11 clay tiles (4.5 cm diameter with a central hole of 0.8 cm diameter) (Figure 1), each containing four randomly assigned fertile apices. The tiles were sterilized by autoclaving and the tanks were cleaned with 1% HCl. The apices were removed after 24 hours and the tiles left undisturbed for another 24 hours to ensure attachment of the zygotes.




Figure 1 | Experimental design. (A) field sampling, (B) mesocosm culture, (C) field culture. Culture media: A1 = 2 mL L-1 Algatron; A2 = 4.5 mL L-1 Algatron; A3 = 9 mL L-1 Algatron; C= filtered seawater; VS, SW enriched with Von Stosch’s solution; VSA, VS solution with 4.5 mL L-1 Algatron. (D). Summary of collected data. The days (T) are counted from the release of the zygotes (Supplementary Table 1). the tiles from the same tank are considered pseudo-replicates.



Seedlings were grown for three weeks in environmentally controlled rooms under optimal conditions as previously determined by Falace et al. (2018a). The temperature was 20°C, the light intensity 125 μmol photons m-2 s-1 (LED lamps AM366 Sicce USA Inc., Knoxville, USA) with 15:9 h light:dark photoperiod. Air temperature was automatically set by the room controller and water temperature was measured daily with a thermometer in each aquarium to ensure it was constant. The culture medium was changed every four days to avoid nutrient depletion and the tanks were cleaned accordingly with 1% HCl. The tanks were oxygenated using air pumps and bubblers. Treatment aquaria as well as tiles within the aquaria were randomly repositioned each time the medium was changed to control for positional variations in light and temperature intensity.

The following data were collected (Figure 1):

	- Seedling survival (i.e., tile area covered by seedlings, mm2) was measured on day 10 (T2) and 21 (T3) post fertilization (PF). The area was estimated from images (Pentax k5 MarkII, Pentax, Tokyo, Japan). At each time point, n= 5 tiles per tank (n= 15 per treatment) were randomly selected for measurements. Images were processed using ImageJ software (Schneider et al., 2012).

	- Seedling growth (i.e., length, mm) was measured at T2 and T3 with an inverted microscope (Leica, DM IL LED) and photographed with a Canon Powershot G9. At each time point, n= 5 seedlings per treatment were randomly selected from the tiles in the tanks. The limited replication for this variable was necessary because the measure implies destructive sampling.

	- Seedling fitness (i.e., Fv/Fm); in vivo chlorophyll-a fluorescence (ChlaF) of the photosystem II (PSII) was measured at T3 on 2 tiles per tank (n= 6 per treatment) using the PAM -Imaging Fluorometer Open FluorCam (Photon Systems Instruments, Brno, Czech Republic). Shutter time and sensitivity of the charge-coupled device (CCD) camera were set to 1 and 10, respectively. Each tile was placed at a constant distance of 17.5 cm below the camera objective, and the lamps were placed at an angle of 45° to the center of the measurement area. Prior to measurements, the tiles with seedlings were dark adapted for 20 min to allow complete oxidation of the PSII reaction centers prior to measurements, then the basal fluorescence (F0) was measured (Krause and Weis, 1984). Then a saturating pulse of actinic light (4040 µmol m-2 s-1, 0.8 s) was administered to induce maximum fluorescence (Fm). The maximum quantum yield of PSII was calculated as follows: Fv/Fm= [Fm - F0]/Fm (Maxwell and Johnson, 2000).






2.2.2 Cultivation in the field

After cultivation in the mesocosms, all the tiles were transferred outdoors for the next phase of cultivation in the sea. The tiles were attached to a hanging structure in a way that they could surface regularly, as the species naturally does in the intertidal. The hanging structure consisted of 18 contiguous compartments; each set of 11 tiles (i.e., one set for each tank of each treatment) was labeled and randomly assigned to one of the 18 compartments.

After 21 days (T4), the tiles were returned to the laboratory and measured as in the first phase (Figure 1):

	- Seedling survival was estimated from images for which 5 tiles per compartment (n= 15 per treatment) had been randomly selected.

	- Seedling growth was measured from 5 randomly selected seedlings per compartment (n= 15 per treatment).

	- Seedling fitness was measured on 3 randomly selected tiles per compartment (n= 9 per treatment).






2.2.3 Statistical analyses

Analysis of Variance (ANOVA, R Core Team, 2022) was performed to test the effects of culture medium and exposure time on seedling survival and growth (i.e., cover, length) and fitness (i.e., Fv/Fm). For cover, the design for the analysis consisted of the two factors Time (Ti, fixed, 2 levels), and Medium (Me, fixed, 6 levels, crossed), with n=3. For Fv/Fm, the design included only factor Me (as this variable was measured at the end of the lab experiment, at T3), with n=3. For these two variables, the average values measured in the three tanks were used as independent replicates for each treatment and each time (Millar and Anderson, 2004). For seedling length, measurements were made on a total of n=5 seedlings across tanks to avoid excessive tile manipulation (see above). In this case, the design for ANOVA included the factors Ti and Me, with n=5 seedlings randomly selected across all tanks for each treatment (i.e., medium culture) and sampling time.

For the field experiment, ANOVA was used to test for differences among treatments on seedling survival, growth and welfare. In this case, the design for the analysis included only factor Me with n=3 replicates per each level of the factors. Analogously to the analysis of laboratory data, the average values measured in the three sections corresponding to the original laboratory tanks were used as independent replicates for each level of factor Me.

The assumption of normality of response variables was tested using the Shapiro-Wilk test, while Cochran’s C-test (Underwood, 1997) was used to test the assumption of homogeneity of variances prior to analysis. For all response variables, since non-normality and/or variance heterogeneity remained after data transformation, untransformed data were analyzed with a permutational multivariate analysis of variance (PERMANOVA, Anderson, 2001) based on Euclidean distance with 5,000 permutations. Significant interaction terms involving the factor Me or its main effect were examined by post hoc pairwise t-tests. PERMANOVA makes no assumptions about the data distribution and is robust to variance heterogeneity in experiments with balanced designs (Anderson, 2014), as in our case.





2.3 Microbiome: DNA extraction, PCR conditions and sequencing

On the day of sampling, microbial biofilms associated with three whole thalli were collected in triplicate by rubbing three areas with sterile cotton swabs: basal holdfast, non-fertile and fertile apices. Thalli that were overgrown with epiphytic algae or animals were avoided. The swabs were immediately placed in sterile 1.5 mL Eppendorf tubes and stored in DNA-RNA shield solution (Zymo Research). Samples were transported at -20°C in the dark and stored at -80°C until DNA extraction.

During the mesocosm experiment, microbial biofilm was sampled in triplicate per treatment with sterile cotton swabs from independent tiles of Ericaria amentacea seedlings at T1 (i.e., 5 days post fertilization, PF), T2 (i.e., 10 days PF) and T3 (i.e., 21 days PF, Figure 1). We followed the microbial abundance in the water compartment over the experiment. Samples were analyzed at the BD FacsCanto cytometer after SYBRGreenTM I staining according to Gasol and Del Giorgio (2000) (Supplementary Data Sheet). It was beyond the scope of this work to investigate the free-living microbial community in the bulk-water during the mesocosm phase. We used the E.Z.N.A Soil DNA Kit (Omega Bio-Tek) to extract DNA from the swabs. Extracted DNA was quantified with a NanoDrop 2000 spectrophotometer (Thermo Fisher Scientific). We targeted the V4 hypervariable region of the 16S rRNA gene with 515F primer (Caporaso et al., 2011), and a mix of 802R (Claesson et al., 2009) and 806R (Caporaso et al., 2011) primers. Primers were tailed with two different GC rich sequences enabling barcoding with a second amplification step. We run three technical replicates for each sample in 20 μL of volume reaction containing 10 μL AccuStartII PCR ToughMix 2X (Quanta Bio), 1 μL EvaGreen™ 20X (Biotium), 0.8 μL 515 F (10 μM— 5’ modified with unitail 1-CAGGACCAGGGTACGGTG-), 0.4 μL 802 R (10 μM— 5’ modified with unitail 2-CGCAGAGAGGCTCCGTG-), 0.4 μL 806 R (10 μM— 5’ modified with initial 2-CGCAGAGAGGCTCCGTG-), and 50 ng of DNA template. We used a CFX 96™ PCR System (Bio-Rad) with a real-time limited number of cycles (94°C for 20 s, 55°C for 20 s, 72°C for 60 s). The second PCR amplification (outer PCR) was required to uniquely label each sample. We used a forward primer composed of the ‘A’ adaptor, a sample-specific 10 bp barcode and the tail 1 of the primary PCR primers, and a reverse primer composed of the P1 adaptor sequence and the tail 2. We followed the protocol of Giglio et al. (2021) for creating the library and setting the sequence reaction with Ion 316 chip (Life Technologies) in the Ion Torrent PGM System.



2.3.1 Microbiome bioinformatics pipeline and analyses

The CLC Microbial Genomics Module as part of CLC Genomics Workbench 20.0 (QIAGEN Digital Insights, Aarhus, Denmark) was used to analyze alpha and beta diversity, and bacterial community composition. Raw sequencing reads were imported into the CLC environment, and we performed quality control, primers and adapter sequences removal and minimum size cut-off of 150 bp, chloroplast, mitochondrial, unassigned and Eukarya sequences were removed from the database. Operational Taxonomic Units, OTUs, were picked by mapping sequences against the SILVA 16S v138 97% database (Quast et al., 2013) at the same identity percentage to observe OTU at the species level. We focused on the most abundant top twenty OTUs. We computed the alpha diversity and then performed the Kruskal-Wallis H test to assess statistical significance Results with q-value < 0.05 were considered significant. Alpha diversity, the diversity within the sample (Whittaker, 1972) based on OTUs, was computed among the three adult thalli and seedlings using the Chao 1 index. A principal coordinate analysis (PCoA) of the beta diversity distance matrices was performed. We used the Bray–Curtis distance where we considered the abundance of each OTU balanced with the cladistic information (weighted UniFrac index). We generated a heat-map by clustering the z-score normalized relative abundance OTU data using the Euclidean distance and the average linkage to identify the shared taxa present in adult thalli and in the seedlings. We ran indicator species analysis using the R package indicspecies (De Cáceres and Legendre, 2009) to identify associations among OTUs and treatments with statistical significance. 148 OTUs at the genus level with a relative abundance >1% were selected and uniquely associated with one or more treatment combinations.






3 Results



3.1 Effects of culture media on seedling survival and growth

Seedling survival was significantly affected by the interaction of treatment and time during the mesocosm culture (p-value=0.0036) and by treatment after the field period (p-value=0.0002) (Supplementary Table 2).

At T2, significant differences were observed between the culture media in terms of survival (i.e., tile coverage) (Figure 2A). A2 seedlings had the highest survival (85.31 ± 6.43 mm2), while C and A3 had the lowest survival (28.99 ± 4.40 and 22.43 ± 1.77 mm2, respectively). The differences between treatments increased with time. At T3, the seedlings cultured in seawater (C) and A3 had the lowest survival (5.09 ± 0.90 mm2 and 8.23 ± 1.49 mm2 respectively) (Figure 2A). Seedling survival in A1, A2, VS and VSA was comparable at T3 (Figure 2A), with the highest values for VSA (201.00 ± 30.26 mm2) and A2 (187.00 ± 21.29 mm2).




Figure 2 | Mean values (± SE) of tile area covered by Ericaria amentacea seedlings: (A) in mesocosm at T2 (10 days post fertilization) and T3 (21 days post fertilization); (B) after 3 weeks in field culture (T4). C (seawater, SW); A1 (SW with Algatron 2 mL L-1); A2 (SW with Algatron 4.5 mL L-1); A3 (SW with Algatron 9 mL L-1); VS (SW with addition of von Stoch); VSA (SW with addition of von Stoch and Algatron 4.5 mL L-1). At T4, no seedlings could be measured for C, as the tiles were free of seedlings.



The lowest growth was observed at T3 for the C condition (length= 0.45 ± 0.03 mm), while it was highest for VSA (length= 2.30 ± 0.21 mm) and VS (length= 2.24 ± 0.15 mm). However, seedlings growing in VSA and VS had the lowest photosynthetic efficiency (i.e., Fv/Fm 0.51 ± 0.02 and 0.46 ± 0.02, respectively) (Figure 3A). In contrast, seedlings cultivated in Algatron (i.e., A1, A2, A3) and in C showed optimal photophysiological fitness (Fv/Fm > 0.69) (Figure 3A). At T3, tiles and seedlings cultivated in VS and VSA were covered by epiphytes, while they were absent in the Algatron and seawater treatments (Figure 4).




Figure 3 | Mean values (± SE) of the maximum quantum yield of PSII (Fv/Fm) of Ericaria amentacea seedlings; (A) at the end of laboratory culture (T3); (B) after 3 weeks of culture in the field (T4). C (seawater, SW); A1 (SW with Algatron 2 mL L-1); A2 (SW with Algatron 4.5 mL L-1); A3 (SW with Algatron 9 mL L-1); VS (SW with addition of von Stoch); VSA (SW with addition of von Stoch and Algatron 4.5 mL L-1). At T4 C-treatment tiles were free of seedlings.






Figure 4 | Clay tiles with Ericaria amentacea seedlings at the end of the laboratory culture (T3) under different culture media: (A) C (seawater, SW) with living seedlings (LS, arrows) and dead seedlings (DS, arrowheads). (B) VS (SW with addition of von Stoch) with living seedlings (LS, arrows) and epiphytes (E, arrowheads). (C) A2 (SW with Algatron 4.5 mL L-1) with living seedlings (LS, arrows). (D) VSA (SW with addition of von Stoch and Algatron 4.5 mL L-1) with living seedlings (LS, arrows) and epiphytes (E, arrowheads).



After the seedlings were exposed to the field (T4), there were still significant differences in survival between treatments (Supplementary Table 2). Seedlings cultured in seawater (C) did not survive, while seedlings in A2 had the highest coverage (1372.00 ± 53.66 mm2), which was 1.8 and 1.9 times higher than seedlings from VS and VSA, respectively (Figure 2B).

At T4, seedling length was comparable in all treatments (Supplementary Table 2). Seedlings from A3 showed the lowest growth (length= 3.53 ± 0.17 mm), while the highest growth was recorded in seedlings from VSA (4.69 ± 0.20 mm) and A2 (4.45 ± 0.20 mm).

The Fv/Fm values of all treatments were within the range of values indicating healthy PSII (Figure 3B), although a significant difference was observed between A1 and the other treatments (Supplementary Table 2).




3.2 Microbiome: structure and dynamics

The analysis of the 16S rRNA genes allowed the identification of the most abundant microbial taxa associated with the seedlings and adult thalli of E. amentacea. A grand total of 2373362 sequences were generated and 97.5% were assigned to OTUs. The rarefaction curves showed that the sequencing effort sufficed sample biodiversity (Supplementary Data Sheet). Seedling microbial biofilm replicates were significantly correlated within treatment (p < 0.05). Alpha diversity analysis (Chao 1 index, Figure 5) showed that the whole thalli were more diverse than the seedlings. The alpha diversity index of the microbial biofilm among the different treatments for the total number of families (Figure 6) showed that A2 and A3 were not significantly different, while A2 was different from the other treatments (see p-values in Figure 6), and had the less diverse biofilm communities. Over time, diversity increased in all other treatments.




Figure 5 | Median value 25th and 75th percentiles of alpha diversity for the microbial biofilms (total number of families) for the total seedlings in black and the three adult whole thalli in gray. Circles indicate treatments and time in seedlings whereas positions (i.e., basal holdfast, fertile and not fertile apices) in adult thalli.






Figure 6 | Median value 25th and 75th percentiles of alpha diversity for the microbial biofilm (total number of families), measured in 6 different treatments: Algatron (A1), Algatron (A2), Algatron and (A3), Control (C), von Stosch (VS), von Stosch with Algatron (VSA) for the entire dataset. C (Control, gray), VSA (brown), VS (orange), A1 (baby-blue), A2 (blue), A3 (navy-blue). Circles indicate replicates over time.



Beta diversity showed the differences among microbial communities when comparing adult thalli vs seedlings (Figure 7) and treatment vs treatment (Figure 8). PCoA showed that the adult thalli were separated from the seedlings (Figure 7). PCoA showed that the treatments had their own trajectories over time (Figure 8). At T3, C (i.e., the seawater control) was separate from the others, supporting the hypothesis that the treatments affected beta-diversity. We also noted a gradient, along the PCo2 axis according to Algatron concentration.




Figure 7 | Principal coordinate analysis ordination (PCoA) of a Bray-Curtis dissimilarity matrix for adult thalli (gray) and seedlings (black).






Figure 8 | Principal coordinate analysis ordination (PCoA) of a Bray-Curtis dissimilarity matrix for the treatment over time. Treatments are color coded: C (Control, gray), VSA (brown), VS (orange), A1 (baby-blue), A2 (blue), A3 (navy-blue).



Phylogenetic characterization identified 303 families (Bacteria) in the seedling microbial biofilm communities (Figure 9) and only 32 families had at least one OTU scoring >1% of the relative abundance in a treatment. In general, T1 was characterized by the dominance of four families: Rhodobacteraceae, Flavobacteriaceae, Alteromonadaceae and Vibrionaceae. This fingerprint changed at T3, where only the Rhodobacteraceae and Flavobacteriaceae emerged as major groups. The twenty most abundant families account for more than 95% of OTU abundance. The biofilm communities of adult thalli are discussed in SI.




Figure 9 | OTU relative abundance (20 most abundant families) aggregated per treatment over time of seedlings microbial biofilm. Bar height is proportional to taxa abundance.



On E. amentacea seedlings, the 20 most dominant families were: Rhodobacteraceae, Flavobacteriaceae, Alteromonadacea, Vibrionaceae, Halomonadaceae, Nitricolaceae, Acrobacteriaceae, Puniceicoccaceae, Phormidesmiaceae (Cyanobacteria), a family belonging to Synechoccales (Cyanobacteria), a family belonging to the Chitinophagales, Rubriraleaceae, Stappiaceae, Micavibrionaceae, a family belonging to the Bradymonadales, Bacteriovoraceae, Saprospiraceae, Psychromonadaceae and Marinomonadaceae (Figure 10).




Figure 10 | Heat-map of OTU relative abundance in the adult thalli and the seedlings community. Z score bar indicates enrichment (red) or depletion (blue) factor in comparison to the mean OTU value.



In the seawater treatment (C), the microbial biofilm structure was characterized over time by an increase in Rhodobacteraceae (T1-T3: from 5.8% to 39.9%), Flavobacteriaceae (T1-T3: from 1.8% to 12.6%), an uncultured family of Chitinofagales (T1-T3: <1% to 4.7%) and Stappiaceae (T1-T3: from <1% to 2.5%), Micavibrionaceae (T1-T3: from <1% to 5.0%), Saprospirareae (T1-T3: from <1% to >1%), Phycisphaeraceae (T1-T3: from <1% to 2.2%), Nisaeceacea, Rhizobiaceae and Talassobaculaceae (T1-T3: from <1% to >1%). Over time, the microbial biofilm structure in C was characterized by the decrease of Alteromonadaceae (T1-T3: from 47.0% to 13.0%), Vibrionaceae (T1-T3: from 12.6% to 3%), Acrobacteraceae (T1-T3: from 19.8% to < 1%).

In VS, the microbial biofilm structure was characterized over time by the increase in Flavobacteriaceae (T1-T3: from 16.0% to 30.4%), Phormidesmiaceae (Cyanobacteria, T1-T3: from <1% to 11.4%), an uncultured family of Synechococcales (Cyanobacteria, T1-T3: from <1% to 11.0%), an uncultured family of Chitinofagales (T1-T3: from <1% to 2.1%), Phycisphaeraceae (T1-T3: from <1% to >1%). Furthermore, the microbial biofilm structure in VS was characterized over time by the decrease in Rhodobacteraceae (T1-T3: from 36.6% to 29.1%), Alteromonadaceae (T1-T3: from 18.6% to 1.4%), Vibrionaceae (T1-T3: from 11.0% to < 1%), Nitricolaceae (T1-T3: from 5.2% to < 1%).

In VSA, the microbial biofilm structure was characterized over time by an increase in Rhodobacteraceae (T1-T3: from 10.5% to 28.9%), Vibrionaceae (T1-T3: from 6.7% to 36.1%), an uncultured family of Synechococcales (Cyanobacteria, T1-T3: from <1% to 2.1%), Rubritaleaceae (T1-T3: from <1% to 3.0%). Furthermore, the VSA microbial biofilm structure was characterized by a decrease of Flavobacteriaceae (T1-T3: from 27.9% to 18.8%), Alteronoadeaecae (T1-T3: from 17.3% to <1%), Halomonadaceae (T1-T3: from 4.4% to 1.2%), Nitrincolaceae (T1-T3: from 29.2% to <1%).

In A1, over time, the microbial biofilm structure was characterized by an increase of Rhodobacteraceae (T1-T3: from 13.0% to 60.9%), Flavobacteriaceae (T1-T3: from 10.5% to 22.3%), Puniceicoccaceae (T1-T3: from <1% to 2.4%), Rubritaleaceae (T1-T3: from <1% to 1.2%), Saprospiraceae (T1-T3: from <1% to 2.6%) and NS9 marine group of the Flavobacteriales (T1-T3: from <1% to 1.6%). Furthermore over time, the A1 microbial biofilm structure was characterized by a decrease of Alteromonadaceae (T1-T3: from 47.7% to < 1%), Vibrionaceae (T1-T3: from 17.5% to 3.4%), Arcobacteraceae (T1-T3: from 3.7% to < 1%), Psychoromonadaceae (T1-T3: from 1.1% to < 1%).

In A2, over time, the microbial biofilm structure was characterized by an increase of Rhodobacteraceae (T1-T3: from 14.1% to 27.2%), Flavobacteriaceae (T1-T3: from 17.5% to 23.0%), Halomonadaceae (T1-T3: from 11.2% to 21.6%), Puniceicoccaceae (T1-T3: from <1% to 9.2%), Rubritaleaceae (T1-T3: from <1% to 3.2%) and Micavibrionaceae (T1-T3: from <1% to 1.1%). Furthermore over time, the A2 microbial biofilm structure was characterized by a decrease of Alteromonadaceae (T1-T3: from 37.9% to 1.2%), Vibrionaceae (T1-T3: from 13.3% to 6.0%), Marinomonadaceae (T1-T3: from 1.6% to < 1%), Pseudoalteromonadaceae (T1-T3: from 1.2% to < 1%).

In A3, over time, the microbial biofilm structure was characterized by an increase of Rhodobacteraceae (T1-T3: from 5.3% to 45.5%), Flavobacteriaceae (T1-T3: from 16.9% to 21.5%), Puniceicoccaceae (T1-T3: from <1% to 1.3%) and Rubritaleaceae (T1-T3: from <1% to 1.8.%). Vibrionaceae stayed stable from T1 to T3, accounting for 4%. Furthermore, over time, the A3 microbial biofilm structure was characterized by a decrease of Alteromonadaceae (T1-T3: from 16.7% to 3.7%), Halomonadaceae (T1-T3: from 43.0% to 15.3%), Acrobacteriaceae (T1-T3: from 9.8% to < 1%) and Marinomonadaceae (T1-T3: from 1.1% to < 1%).

The most abundant taxa of adult thalli decreased during the cultivation phase in the seedling (Figure 10). The adult thalli were characterized by Pleurocapsa (Cyanobacteria), Schizotrhrix (Cyanobacteria), and Bacteria: Tenacibaculum, uncultured OTU from SVa0996 marine group, Candidatus Thiodiaxotropha, Portibacter, Ganulosicoccus, Rudimonas and Lewinella. On the other hand, the most abundant taxa in the seedlings were less abundant on the adult thalli (Figure 11).




Figure 11 | Indicator species analysis based on OTU > 1% abundance at the genus level of the adult thalli (red) and seedlings in each treatment. Treatments are color coded: C-gray, A1-baby blue, A2-blue, A3-navy blue, VS-orange, VSA-brown.



The A series were characterized by Neptuniibacter, Alteromonas, Antarctobacter, Pseudophaeobacter, Dokdonia, Maribacter, Epibacterium, Cobetia, Vibrio, Polaribacter, Paraglaciecola, Winogradskyella, Mesoflavibacter, Olleya and Puniceicoccus.

The indicator species analysis depicted no statistically significant shared OTUs in both the adult thalli and seedling microbial biofilm communities (Figure 11; Supplementary Data Sheet). Each treatment was characterized by specific OTUs at the genus level, respectively: C by 12, VS by 7, VSA by 5, A1 by 3, A2 by 4, A3 by 3, and adult thalli by 17. Adult thalli were not sharing unique taxa within the seedling communities. C shared OTUs with A1(10) and VS (6) uniquely. A2 was uniquely characterized by Postechiella, Roseovarius, Winogradskyella.2 and Arenibacter. A1, A2, VS, VSA shared Psychroserpens.

Whereas, A2 shared only with VS Roseibacterium; with VSA Rubritalea and with A3 10 OTUs (Cobetia, Epibacterium, Cobetia.1, Epibacterium.1, Sulfitobacter.1, Photobacterium, Winogradskyella.3, Paraglaciecola, Polaribacter and Marinomonas). A1, A2 and A3 shared Vibrio 4 and Amylibacter. A1, A2, A3 and VS shared Roseobacter.clade.CHAB.I.5.lineage. A2, A3, VSA shared Oceanobacterium and Mesoflavibacter.3. Finally, VS and VSA shared Dokdonia 1. A1 was uniquely characterized by Agarivorans, Antarctobacter and Vibrio 14. VS was uniquely characterized by Sulfitobacter.2, Sedimentitalea, Roseobacter.1, Thalassococcus, Pseudophaeobacter.2, Haliea and Shimia. VSA was uniquely characterized by Nautella, Neptuniibacter.2 and 1, Leisingera, Neptuniibacter and Mesoflavibacter.1.





4 Discussion

Our results show that the commercial seaweed extract AlgatronCifo® and von Stoch medium (VS) influenced seedling survival and growth as well as microbial biofilm communities. Overall, the A2 culture survived best in the field. VS, VSA and A1 were the second- best treatments, A3 performed poorly, while C seedlings did not survive in the field.

Brown algae extract with biostimulant properties have recently been used to improve harvest in aquaculture (Hurtado and Critchley, 2018; Umanzor et al., 2019; Hurtado and Critchley, 2020; Umanzor et al., 2020a; Umanzor et al., 2020b; Han et al., 2022; Jiksing et al., 2022; Umanzor et al., 2022). The priming effect is likely due to their complex composition and the presence of compounds with biostimulatory activities like polysaccharides (Shukla et al., 2021) and secondary metabolites. Phenolic compounds (Stirk et al., 2020; Sujeeth et al., 2022) play a crucial role in cell wall formation and early development of brown algae (Schoenwaelder, 2002), help adapt to environmental stressors and defend against biological pressures such as grazers, pathogens and epiphytes (Stiger-Pouvreau et al., 2014; Generalić Mekinić et al., 2019). In plants, algal-derived extracts have been shown to induce changes in the microbial community and inhibit plant pathogens (see references in Ali et al., 2021; Shukla et al., 2021).

In our study, the culture media (i.e., VS) and the addition of Algatron had a significant effect on the structure and composition of the biofilm communities associated with the seedlings (Figure 11). The biofilm communities shifted in distinct ways over time, with an overall decrease in the diversity of OTUs compared to adult thalli. This could be due to the more controlled and less variable culture environment compared to the intertidal zone where E. amentacea thrives, where desiccation, wave dynamics, temperature stress and ever-changing seawater conditions (i.e., nutrients, salinity, pH, pollution, etc.) strongly influence the algae and their biofilm.

In our experimental setting, we cannot unambiguously distinguish between the effect of the additive on algal physiology, which in turn modified the microbes (indirect effect of biostimulant and nutrients, via algal metabolism, Ren et al., 2022) and the direct effect of biostimulant/nutrients on microbial growth and community structure.

At the end of the mesocosm culture (T3), the treatments with VS (i.e., VS, VSA) and A1 and A2 showed comparable seedling coverage. However, A2 and A1 also showed optimal photophysiological fitness (Fv/Fm > 0.69). The VS and VSA treatments had the lowest Fv/Fm values (0.51 ± 0.02 and 0.46 ± 0.02, respectively), indicating stress to the photosynthetic apparatus (Celis-Plá et al., 2014; Smolina et al., 2016; Falace et al., 2018b; Savva et al., 2018; Verdura et al., 2021). After the field period, all treatments showed good photosynthetic efficiency, with A2 having the highest coverage, being 1.8, 1.9, 2.2 and 6.0 times higher than VS, VSA, A1 and A3, respectively.

We hypothesize that the higher survival is due to the interplay of nutrients, presence/absence of epiphytes and their antagonistic or beneficial relationships with the E. amentacea seedlings and finally priming by the algal extract.

While E. amentacea is mainly restricted to oligotrophic waters and is sensitive to eutrophication (Pinedo et al., 2007; Mangialajo et al., 2008; Thibaut et al., 2014), seedlings may have a higher nutrient uptake capacity than adult thalli, as observed in other Fucales (Thomas et al., 1985; Sánchez de Pedro et al., 2022). Although culture media were frequently renewed, C-culture seedlings likely suffered from nutrient limitation (Supplementary Table 1), which may have affected many processes like photosynthetic capacity, embryonic development and growth (Duarte, 1992; Roleda and Hurd, 2019). Lower growth of E. amentacea seedlings in seawater compared to VS was also observed by Susini (2006). The lowest performance in terms of survival and growth of C seedlings was followed by total failure in the field. We found that the C biofilm differed the most from the other treatments (in the PCoA plot) despite the high alpha diversity. This treatment shared fewer OTUs with the adult thalli (13/64 scoring > 1% relative abundance) than the other treatments with nutrient addition, indicating the importance of microbial interactions and algal growth in co-shaping the microbial biofilm, as reported in Sargassum (Hervé et al., 2021) and Macrocystis (Michelou et al., 2013).

The VS and VSA treatments had high nutrient concentrations, with the highest nitrate ( ) and phosphate ( ) levels of all treatments (Supplementary Table 1), which were 5.25 and 5.32 fold and 26.5 and 32.3 fold higher than the C-treatment, respectively.   is one of the two main sources of nitrogen (N), which is essential for macroalgal growth as it is a major component of the photosynthetic apparatus, amino acids and cellular enzymes, and thus can be a critical limiting factor in the marine environment (Hurd et al., 2014). As well, phosphorus (P) is a vital nutrient for macroalgae, involved in algal photosynthesis and respiration, particularly energy transfer through the synthesis of adenosine triphosphate (ATP) and other energy-rich compounds (Lobban and Harrison, 1994). The nutrient-rich conditions, characterized by a lower N:P ratio in VS and VSA (10.29 and 65.26 respectively, Supplementary Table 1) which fall within the optimal range for seaweeds growth (i.e., from 10:1 to 80:1; Suthar et al., 2019), simultaneously promoted the highest growth of seedlings, but also, as expected, of epiphytes. Indeed, fast-growing opportunistic epiphytes (i.e., filamentous algae, diatoms, cyanobacteria) have a competitive advantage at high nutrient concentrations by maximizing rapid nutrient uptake and photosynthetic efficiency (Fujita, 1985; Carpenter, 1990; Duarte, 1995). Furthermore, when growing on the outer surface of seedlings, they compete for light (Pang et al., 2011) and act as a barrier to carbon uptake (Sand-Jensen, 1977), resulting in lower photosynthetic efficiency of their hosts. In algal cultures, epiphyte infestation has been shown to impair algal productivity (Lüning and Pang, 2003; Ward et al., 2020) and is one of the main barriers to ex situ culture of Cystoseira s.l. (e.g. Orlando-Bonaca et al., 2021; Clausing et al., 2022; Lardi et al., 2022). In addition, epiphytes can in some cases damage host tissues (Hayashi et al., 2010) and facilitate colonization by opportunistic bacteria (Vairappan et al., 2008; Jiksing et al., 2022) that cause disease.

Contrary to the treatments with VS (i.e., VS, VSA), in the Algatron treatment, the main source of N was ammonium ( ) (Supplementary Table 1), which may be a more efficient form of N fertilizer for brown algal growth (Dā Costa Braga and Yoneshigue-Valentin, 1996; Smart et al., 2022). Among these treatments, A3 showed the lowest performance in terms of growth and survival. Seedlings cultivated in A3 treatment were exposed to the highest ammonium concentration ( ) (Supplementary Table 1), which might have been the cause of the low cover despite the good Fv/Fm. In an indoor culture of Sargassum spp. seedlings,   was shown to effectively promote their growth (Han et al., 2018) and increase photosynthesis (Hong et al., 2021), but a too high ammonium content (i.e., 900 μmol·L-1) can negatively affect growth (Hong et al., 2021). It has also been noted that algal extracts can have both positive and negative effects depending on the concentration (Kapoore et al., 2021). A1 and A2 seedlings had on average the same Fv/Fm, with A2 seedlings showing higher growth and survival, indicating a more suitable concentration than A1. In treatments A1 and A2,   was supplied at concentrations 4.5 and 2 times lower, respectively, than in A3 (Supplementary Table 1), which promoted the growth of E. amentacea without favoring the development of epiphytes. Apart from high   availability, other constituents of the algal extract Algatron may have induced changes in seedlings metabolism and signaling pathways specifically related to nutrient uptake and/or nutrient translocation improving nutrient use efficiency, as observed in plants (Jannin et al., 2013; Saa et al., 2015; Sujeeth et al., 2022). Nevertheless, in our experimental settings we cannot unambiguously assess the effect of the biostimulant versus the ammonium ( ) per se. The toxicity of A3 medium to the seedlings could be due to high ammonium concentration. On the other hand, the lower cover (%) of seedlings under A1 than in A2 media showed indeed an effect of biostimulant because nutrients (i.e., nitrate and ammonium) were not limiting in the A1 medium. Further studies are required to disentangle a possible biostimulant action from the   effect on the seedling growth. Moreover, complementary studies using -omics techniques (i.e., metabolomics and/or transcriptomics) could identify the modes of actions and the metabolic pathways by which the complex extract might improve seedlings performance.

The lower occurrence of opportunistic epiphytes can also be attributed to the lower   concentrations compared to VS and VSA, since fast-growing species have much higher P-demands than slower growing algae (Pedersen et al., 2010). According to the N:P ratio at which nutrients were supplied in Algatron treatments (A1 = 278.5; A2 = 324.58; A3 = 350.93, respectively), there would be an external P-limitation also for seedlings development, nevertheless the culture media were suitable for seedling growth, especially in A2, where the   was 5.85 times higher than in the C treatment despite a relatively more balanced N:P ratio in the latest (i.e., 60.1) (Supplementary Table 1). Indeed, to avoid misuse, the N:P ratio should be interpreted along with the absolute amounts of each nutrient (Dodds, 2003).

The good performance in terms of growth, survival and photophysiological fitness of the seedlings in A2 treatment might have played an important role in the success of this treatment in the field. In previous ex-situ outplantings, high detachment of E. amentacea seedlings was documented after transfer to the field (De La Fuente et al., 2019; Clausing et al., 2022). The high survival of A2 seedlings in the field might be related to the ability of the seedlings to anchor to the tiles due to the alginate-enriched algal extract, which can act as a metabolic stimulant and trigger favorable physiological responses (Briceño-Domínguez et al., 2014; Shukla et al., 2021). Although the synthetic pathways of alginates are not fully understood, it is thought that alginates are first synthesized as a polymer of mannuronic acid (a component of alginic acid) by alginate synthase and that some of the mannuronic acid is converted to guluronic acid (Michel et al., 2010). Alginates can influence the mechanical properties of cell walls in the rhizoids of developing zygotes of Fucales (Linardic, 2018; Yonamine et al., 2021) and provide for a stronger rhizoid system. We can assume that the A2 seedlings had stronger rhizoids that allowed them to adhere more firmly to the tiles. Considering that E. amentacea thrives in wave-exposed sites (Agardh, 1842; Boudouresque, 1971; Thibaut et al., 2014), it follows that well-developed rhizoids could promote better seedling survival.

The 20 most dominant families we found on the seedlings and adult thalli of E. amentacea were also identified as the most abundant on other brown algae (Florez et al., 2017 and reference), as Fucales and Laminariales. This suggests a great microbial plasticity that allows them to thrive with ecologically diverse algae. Within these families, there are many multitudes of microbial adaptive strategies for growth, nutrient uptake, and antagonistic interactions. From an algal perspective (Florez et al., 2017), studies have shown that Rhodobacteraceae, Flavobacteriaceae, Alteromonadaceae, Vibrionaceae, and Halomonadaceae can induce morphogenesis and degrade algal compounds. Rhodobacteraceae, Flavobacteriaceae, Alteromonadaceae, Vibrionaceae, Halomonadaceae Bacteriovoraceae, Saprospiraceae may be related to pathogenesis and antibacterial activity. Furthermore, microbially induced diseases have been identified in Laminaria, such as hole-rotten disease, red spot disease, spot-wounded fronds and swollen gametophytes and filamentous fading caused by Pseudomonas, Vibrio, Halomonas and Alteromonas strains (Egan et al., 2014). It follows that biofilm-associated microbes can become opportunistic pathogens when the host is stressed by temperature, UV and nutrient stress, eutrophication or other anthropogenic induced challenges (Egan et al., 2014; Duarte et al., 2018; van der Loos et al., 2019).

Overall, the adult thalli have structured seedlings biofilm community composition. Taxa that were dominant in the adult thalli decreased in the seedlings and vice versa. Taxa that were dominant in the seedlings were copiotrophs, particle- or biofilm-associated (Lauro et al., 2009; Heins and Harder, 2023) and high-efficient organic matter degraders (Cottrell and Kirchman, 2000). Given these features, we can surmise that these microbes were closely associated with algal growth. The seedling biofilm communities were characterized by metabolisms predicted by the FAPROTAX annotation, which primarily used chemical energy released by breaking chemical bonds to degrade organic carbon from the primary production of algae and alginates contained in the algal extract Algatron.

Index species analysis based on pre-infield biofilm communities revealed that the best performing treatment, A2, was uniquely characterized by 5 Gram-negative aerobic genera Postechiella, Roseovarius, Winogradskyella and Arenibacter. Many strains from these genera have been isolated from diverse marine systems, indicating the huge metabolic flexibility (Lee et al., 2012; Luo and Moran, 2014; Zhuang and Luo, 2020). Furthermore, these unique taxa have been reported as easy to cultivate and purify, in relation to the fact that not more than 1% of the microbes in every environment can be cultivated. This is an extremely important and desirable feature for planning future probiotic-focused bacterial strain cultivation efforts. Postechiella, Winogradskyella and Arenibacter (Flavobacteriaceae) have been shown to be able to degrade agar, DNA, starch and many diverse sugars beside proteins and lipids (Lee et al., 2012; Gutierrez et al., 2014; Kurilenko et al., 2019). The microbial degradative activities could be important for supplying the algae with nutrients from the carbohydrate, protein and lipid pools of the algal extract, which can then be used for primary production. Another possible function is the control of biofilm structure and dynamics by DNase and sugar and protein hydrolysis activities (Whitchurch et al., 2002; Wang et al., 2004). Arenibacter is also able to degrade polycyclic aromatic hydrocarbon compounds. This is interesting given that E. amentacea, like the other brown algae, produces polyphenols (Generalić Mekinić et al., 2019) and Algatron contains these compounds. Polyphenols are important for chemical defense against herbivory (i.e., non palatability) and microbes, and for protection against oxidative stress by absorbing harmful UV and excessive irradiation. Thus, for microbes being able to degrade a toxic substance as phenols could therefore be beneficial for more efficient microbial competition for space and nutrients. The Roseovarius (family Rhodobacteraceae) genome presents pathways for the production of thiamine and cobalamin (Luo and Moran, 2014). Thiamine and cobalamin are important micronutrients for algae (Croft et al., 2006), playing key roles in their central metabolism. Many genera belonging to the Rhodobacteraceae produce these vitamins and share them with primary producers within the virtuous cycle of organic matter production and remineralization (Bertrand and Allen, 2012; Luo and Moran, 2014).

A2, A1, VSA and VS shared the taxon Psychroserpens (Flavobacteriaceae, Ping et al., 2022), which is able to degrade alginate and casein, suggesting a role in degrading sugar-rich and phospho-protein rich compounds within the biofilm. Interestingly, some strains require vitamins for growth thus being a competitor for these micronutrients in the algal biofilm.

A few studies have found that secondary metabolites from macroalgal extracts have strong effects on microbial surface colonization, altering the bacterial biofilm formation and community composition under laboratory and field conditions (Sneed and Pohnert, 2011; Egan et al., 2013; Lachnit et al., 2013).

Further experiments should elucidate the direct or indirect effect of nutrients and biostimulants in promoting a probiotic microbial community by investigating the gene expression of algae and microbes along the diverse treatments and their degree of interdependence. It would be important to track O2 evolution using optode technique in the key treatments to guide microbial sampling when changes in algal performance occur. Such an approach will allow coupling algal performance with microbial community response and fill the gap in the functional role of microbes in macroalgal holobiont health (Duarte et al., 2018).

Given the seedling success of A2, we propose treatment tailored probiotic consortia candidates characterized by the unique treatment-taxa (A2: Postechiella, Roseovarius, Winogradskyella and Arenibacter) and the reminder community. At this stage, we cannot disentangle the net contribution of the unique vs. shared vs. reminder community in relation to the overall seedling fitness. Within the holobiont concept, we can hypothesize that the nature and intensity of interactions might be important in defining probiotic consortia. Furthermore, the effect of algal extract or nutrients on the algae and/or biofilm could have important consequences for tuning the overall interaction network. Our study has shown that ex-situ restoration of macroalgae could benefit from both the use of commercial algal extracts in ex-situ cultures and the identification of probiotic consortia candidates that promote seedling growth and optimal protection against biotic and abiotic stressors.
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Marine heat waves (MHWs) are affecting corals populations, advocating their inclusion in restoration actions since conservation measures may be not sufficient. Cladocora caespitosa is a Mediterranean reef-building, long-living species, with low recruitment rate and high juvenile mortality, leading to the need for its inclusion in international and European legislations. The aim of this study, conducted in the southern Tyrrhenian Sea, was to test the translocation of several C. caespitosa colonies thriving on an artificial substrate intended for demolition, applying transplantation techniques. Thirty-four colonies were transplanted in May 2018, and monitored over 4 years, to check for their persistence and health status. The shaded position of the recipient site resulted adequate, considering that colony survival rates were as high as 82.4%, 70.6% and 55.9% in October 2018, January 2020 and October 2022, respectively. Colonies presented signs of suffering only after the high temperatures occurred during summer 2022, with a decreasing rate of -2.5 ± 0.4 corallite/month. To better interpret the documented survival rates, 40 fragments of C. caespitosa were reared in aquaria to test temperature and light effects on growth rates and resistance to thermal stress, simulating a MHW and exacerbating the dim-light natural conditions of the recipient site, exposing half of the fragments to complete darkness. Only bigger fragments produced new corallites, with a rate of 1.3 ± 0.3 corallites/month, like the natural growth rate obtained in the field before the thermal anomaly, highlighting the suitability of ex-situ rearing as a potential tool to supply restoration project. After 5-days at 28.5°C, all fragments survived, despite showing tissue retraction, shorter tentacles, lower responsiveness, and zooxanthellae density variation. Overall, our results highlighted a promising plasticity of C. caespitosa in the field, representing a good candidate for restoration purposes. In aquaria this adaptive potential has been tested on a single genotype and more tests are needed to assess the intraspecific variability of these responses. A first insight into the species-based siting selection was provided to ensure the success of a restoration action. Our results point out the importance of knowing life history traits and ecological optima to design proper management and restoration measures.
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Introduction

Cladocora caespitosa (Linnaeus, 1767) is a colonial zooxanthellate scleractinian, endemic to the Mediterranean Sea, where it is considered the most important reef-building species (Kružić and Benković, 2008), with a carbonate production up to 1.1–1.7 Kg CaCO3/m2/y (Peirano et al., 2001). This species can grow in a wide range of environmental conditions, from sheltered to exposed bottoms, and from the infralittoral plain, where it successfully competes with macroalgae, to the circalittoral one, where zooxanthellae can survive using indirect and diffuse light (Peirano et al., 1998; Peirano et al., 1999; Hoogenboom et al., 2010; Kersting et al., 2017a). Local hydrodynamic conditions, together with the typology and morphology of the substrate, influence colonies’ shape and growth patterns (Abel, 1959; Kersting and Linares, 2012). According to Peirano et al. (1998), C. caespitosa can be present as solitary colonies, beds (i.e., numerous and separate globose colonies) or banks (i.e., large frameworks of colonies reaching several square meters of extension), but also in mixed distributions, and it is also often found associated with rhodolits (Kersting et al., 2017b).

C. caespitosa is a long-living, slow growing species, with a very low recruitment rate and a high juvenile mortality (Kersting et al., 2014a). The longevity of this species (with a mean age of 50 years, up to 300 years for some colonies in the Columbretes Islands, Spain; Kersting and Linares, 2012), coupled with the production of a calcium carbonate skeleton, make C. caespitosa a suitable proxy to reconstruct past climate fluctuations on a decadal and centennial scale (Peirano and Kružić, 2004; Silenzi et al., 2005). At the same time, these same features make C. caespitosa extremely vulnerable to a variety of threats, like invasive algae (Kružić et al., 2008; Kersting et al., 2014b; Kersting et al., 2015), eutrophication (Kružić and Požar-Domac, 2007), pollution (El Kateb et al., 2016), trawling, dredging and related increase in sedimentation (Casado-Amezúa et al., 2015), limiting the distribution of extensive banks only to the Tunisian coast, the Gulf of Atalanta (Aegean Sea), the Ligurian Sea, the Columbretes Islands and Croatia (Laborel, 1961; Zibrowius, 1980; Peirano et al., 1998; Kersting and Linares, 2012). Despite these human pressures, the main reason for the ongoing regression of this coral over the last decades is the occurrence of mortality events, caused by the rapid increase of average sea temperatures and the increased frequency of marine heat waves (MHWs) (Rodolfo-Metalpa et al., 2005; Kružić et al., 2012; Jiménez et al., 2016; Garrabou et al., 2019; Garrabou et al., 2022). C. caespitosa is, in fact, well adapted to the seasonal temperature oscillations typical of the Mediterranean, but the extreme temperatures related to climate change (Lejeusne et al., 2010) affect its growth and health, causing bleaching and leading to colonies’ death (Jiménez et al., 2016). Considering its crucial role as ecosystem engineer (Jones et al., 1994) and its rapid decline and low recovery capability (Kersting et al., 2014a), C. caespitosa has been listed as Endangered in the IUCN Red List at Mediterranean regional level (Casado-Amezúa et al., 2015), and it is included in the Appendix II of the CITES, Annex II of the Protocol SPA/BD and in the Annex B of the EU Regulation Trade wild fauna and flora species (Otero et al., 2017). On the other hand, this coral has historically and recently shown unexpected rejuvenescence after warming-induced mortality events (i.e., the formation of a new polyp within an almost totally necrotic one) (Fedorowski, 1980; Kersting and Linares, 2019), suggesting an unexpected resilience and a high potential for successful translocation and restoration activities.

The endangered status of this species and its fundamental role in Mediterranean ecosystems advocate its inclusion in restoration actions, since conservation measures alone may be not sufficient (Swan et al., 2016; Fariñas-Franco et al., 2018). In fact, restoration, defined as “the process of assisting the recovery of an ecosystem that has been degraded, damaged, or destroyed” (SER, 2023), has been acknowledged as complementary to conservation and necessary to recover ecosystems’ functioning (Normile, 2009). Tropical scleractinians are among the marine organisms most involved in restoration projects, together with other invertebrates (mainly anthozoans and bivalves), vertebrates (fish and birds), algae and plants (mangroves, salt-marsh plants, seagrasses) (Rinkevich, 1995; Epstein et al., 2001; Rinkevich, 2005; Bayraktarov et al., 2016; Destro et al., 2018; Boström-Einarsson et al., 2020; Dehnert et al., 2022; Dehnert et al., 2023). One of the most implemented methods in tropical reef restoration is the translocation or transplantation of coral colonies (Kotb, 2016; Ferse et al., 2021), a technique that does not only benefit the translocated individuals, but also provides tangible conservation benefits at population, species or ecosystems levels (IUCN Species Survival Commission, 2012). These characteristics make restoration a powerful tool to preserve specimens of locally rare and threatened species when the primary habitat is destroyed (Butt et al., 2021).

To design proper management and restoration measures, it is crucial to know life history traits, the ecological optima, and the potential threats compromising the survival of the target species. In this sense, the hermatypic coral C. caespitosa was here tested as a model species: considering its symbiosis with zooxanthellae, the species could be more sensitive to the effect of climate warming, as already demonstrated in tropical corals (e.g., Sammarco and Strychar, 2009; Brown and Cossins, 2011; Jones and Berkelmans, 2012; Pettay et al., 2015; Lough et al., 2018). Neverthless, autotrophic symbionts may also buffer the presence of multiple stressors (e.g., thermal stress and low food availability), as hypothesized for the temperate sea whip Eunicella singularis (Esper, 1791) (Fava et al., 2010).

Here we present the first attempt to apply the translocation technique, with restoration purposes, on C. caespitosa. A long-term monitoring on the transplantation site was conducted to assess the survival and status of relocated colonies. To complement and support the relocation activity, additional fragments of C. caespitosa were reared in aquaria as a potential source of corallites and colonies to supply future restoration actions. Additionally, considering the increasing impact of climate change on Mediterranean habitats, a MHW was simulated to test the resistance of C. caespitosa fragments to rising temperatures.





Materials and methods




Study area and translocation activities

The transplantation was carried out in the Bagnoli Bay, located in the western part of the Gulf of Naples (Tyrrhenian Sea, Italy) (Figures 1A, B). Bagnoli was characterized by high levels of pollution in the sediments due to the historical presence, in the nearby area, of the dismissed industrial area of Bagnoli-Coroglio (Armiento et al., 2020). The National authorities identified the area as a Site of National Interest (SNI) and a priority area for habitat restoration (Dpr. 31/08/2001).




Figure 1 | Map showing (A) the location of Bagnoli Bay (Naples, Italy) and (B) the detail of the donor and recipient sites of Cladocora caespitosa colonies. Picture of (C) the colony sampling with hammer and chisel and (D) the colony translocation using a two-component epoxy.



In the framework of the project ABBaCo (“Pilot experiments for the environmental restoration and balneability of the Bagnoli-Coroglio coastal area”), colonies of Cladocora caespitosa were translocated from two docks intended for demolition (depth ~ 9 m), (i.e., the donor site) to a site located in the north-western side of the Nisida Island (40°47’52.0”N, 14°09’32.6”E) (Figure 1B). The recipient site in Nisida Island was selected since its seabed presents the only natural hard substrates of the area (Gaglioti et al., 2020), the depth is comparable with the donor site and its north-western side is the most sheltered from the strong south-easterly winds (De Pippo et al., 2002). Additionally, the altitude of the island (~110 m) shaded the recipient site for most of the day. The presence of already existing colonies in the recipient area (Carlo Cerrano personal observation) together with the low genetic connectivity of the species (Casado-Amezúa et al., 2014) made the north-western side of the Nisida Island a good selection to avoid the isolation of the transplanted colonies.

Field activities started in May 2018 (T0) and performed by two scientific divers, after a pre-survey conducted in July 2017. Colonies of C. caespitosa were gently detached from the substrate with hammer and chisel (Figure 1C), stored in a tank avoiding air exposure, and brought to the recipient area. Colonies were attached through a two-component epoxy (Subcoat S, Veneziani Yachting; https://venezianiyachting.com/) on small portions of rock (Figure 1D), previously cleaned from epibionts with a metal brush. Colonies were transplanted in exposed horizontal substrates to avoid the potential detachment before the complete hardening of the epoxy.

The shape of C. caespitosa colonies at the donor site, belonged to the morphologies described by Abel (1959) for individuals exposed to high water movement and shaded conditions. In the recipient site, characterized by similar environmental features, a total of 34 colonies were monitored.

The condition of transplanted colonies was checked a first time one week after the transplantion (T1), where only the persistence and status of the colonies was evaluated, since the potential loss of the fragments for detachment usually occurs right after the transplantion (Guest et al., 2011). Afterwards, three subsequent monitoring events were conducted in October 2018 (T2), January 2020 (T3) and October 2022 (T4), during which the persistence of the colonies was evaluated through visual census, and a photo of each colony was taken to assess their health status and potential growth. Pictures were taken using a Canon G9X camera, at 34 cm distance from the substrate with the support of a 28 cm x 21 cm frame (0.0588 m2) (Roveta et al., 2022).

The effectiveness of the transplantion was evaluated monitoring the persistence of colonies at T1, T2, T3 and T4, compared to the colonies originally translocated at T0, by calculating the frequency (%) of healthy (i.e., attached and not bleached, with no evident sign of stress, such as tissue necrosis or tissue retraction), bleached (i.e., attached, with tissue still present but bleached) and detached (i.e., not in place, either lost or dead) colonies. Their potential growth was assessed by photo sampling, counting the number of healthy corallites of each colony at T2, T3 and T4 (reported as average ± standard error, SE). The change in the number of corallites per month (i.e., increase and/or decrease, reported as average ± SE) was calculated as the difference in the number of corallites between each sampling time and T0. Additionally, the size of the colonies was estimated through the software ImageJ (Rasband, 2012) and correlated to the number of corallites of each colony through time.

Potential differences in the number of corallites per sampling time were checked with the non-parametric Kruskal-Wallis analysis of variance. If statistically significant differences were found, the Dunn’s post-hoc comparison with the Bonferroni correction of the p-value was performed. The analyses were performed using the free software PAST (PAleontological STatistics), version 4.05 (Hammer et al., 2001), and a 95% confidence interval.





Sea surface temperature (SST) and marine heat waves analyses

SSTs data were obtained from the National Oceanic and Atmospheric Administration (NOAA) Optimum Interpolation Sea Surface Temperature (OISST), a product with a global 1/4-degree gridded dataset of Advanced Very High Resolution Radiometer derived SSTs at a daily resolution. For the detection and description of MHWs, the time series from 01-01-1982 to 31-12-2022 was considered, using the standardized method developed in Hobday et al. (2016; 2018). Each MHW was individualized and characterized in terms of event duration, frequency, intensity, and cumulative intensity (Table S1), thanks to the R package heatwaveR (Schlegel and Smit, 2018), which also allowed to classify each event in four categories (I-moderate, II-strong, III-severe, and IV-extreme), as defined by Hobday et al. (2018).

Regarding MHWs, only the period from June 2018 to October 2022 was considered for the analyses. Differences in the maximum intensity, cumulative intensity, duration, and frequencies of MHWs of each year were investigated using the non parametric Kruskal–Wallis analysis of variance.

Conversely, for the analyses of the SSTs, only the summer periods (from the 21/06 to the 22/09; Table S2) of each year of monitoring (2018, 2019, 2020, 2021, 2022) were considered. Differences in the SSTs over the years were investigated using the Kruskal-Wallis test in PAST, version 4.05 (Hammer et al., 2001). The Dunn’s post-hoc comparison with the Bonferroni correction of the p-value was performed when significant differences were found.





Aquaria experimental set-up

An additional sample of C. caespitosa was collected in Alassio (Ligurian Sea, Italy) in August 2022 at 20 m depth and maintained in aquaria to perform two experiments testing the growth and budding rates and thermal stress resistance. The choice to collect samples from a different site (far from Bagnoli) was related to the literature available on the response of C. caespitosa under controlled conditions, that in the Italian seas mainly came from the Ligurian area.




Growth rates and budding in C. caespitosa fragments

Prior to the start of the experiment, the colony was divided in 40 fragments with a different number of corallites (10 fragments with 1, 2, 3, 4 corallites, respectively), and left to acclimate for two weeks, before the start of the experiment on December 19th, 2022. Eight 30 L aquaria were set up, each one equipped with a pump (NEWA® Maxi, 375 L/H) and a biological filter, and positioned inside a bigger tank of around 400 L to guarantee a continuous recirculation of the water. Temperature was maintained at 18°C with a heat exchanger (Askoll THERM XL 200W) and salinity was maintained constant at 35 PSU.

The dim-light natural conditions, characterizing the recipient site in Bagnoli, were here exacerbated, exposing fragments to a complete darkness. In fact, four aquaria were maintained in dark conditions, while the other four received a 12h:12h light:dark photoperiod by means of a POWER-GLO lighting system (1750 lumen, 40 W). Five fragments, with the same number of corallites, were placed in each aquaria, and fed twice a week with freshly hatched Artemia salina nauplii (Figure 2A). The quantity of food distributed per aquaria is reported in Figure 2A and calculated following Leal et al. (2014). During feeding periods, a small aquarium of 1.4 L was positioned over the fragments to maintain a high food concentration and optimize the possibility of polyps’ to feed; additionally, the continuous recirculation was stopped for an hour to avoid changes in the water parameters.




Figure 2 | Experimental set-up. (A) Growth rate experiment: eight 30L aquaria (four with 12h:12h light:dark photoperiod and four under dark conditions) containing 5 fragments each of Cladocora caespitosa, with 1-, 2-, 3-, 4-corallites, respectively. (B) Thermal stress experiment: four 30L aquaria (two with 12h:12h light:dark photoperiod and two under dark conditions) containing three 2L beakers in a water bath, with one fragment of C. caespitosa each. In two aquaria (control, CTRL), the temperature was stable (18°C) and in other two the temperature was increased up to 28.5°C. The amount of food distributed per aquaria is also shown.



The experiment lasted for 2 months, until the 19th of February, during which fragments’ growth rate and the presence of new corallites were evaluated in both experimental conditions (light and dark) with a photographic sampling performed every 2 weeks. Pictures were taken orthogonally with a GoPro8 hero Black and a metric reference on the side of each fragment. Photos were analyzed using ImageJ (Rasband, 2012), and the surface area of fragments and of new corallites was measured. The increase in the number of corallites per month (reported as average ± SE) was calculated for each fragment as the difference in the number of corallites between the start and the end of the experiment. For samples maintained in the dark, the level of depigmentation was evaluated using the Australian CoralWatch Coral Health Chart (https://coralwatch.org). Additionally, at the end of the experiment, the zooxanthellae density (see paragraph below) was evaluated in both conditions to determine if the potential loss in color could be related with a lower number of zooxanthellae.

The measures of the areas were tested for normality and homogeneity using the Shapiro-Wilk and Levene tests, then data were analyzed with a repeated measure ANOVA using the free software PAST, version 4.05 (Hammer et al., 2001). The Tukey post-hoc comparison was used when significant differences were found.





Zooxanthellae density determination

Before and after the experiment, the number of zooxanthellae was determined in 6 corallites per treatment using the following protocol: a single corallite (including soft tissues and skeleton) was homogenized in a mortar using a pestle with the addition of 1.5 ml of artificial seawater. Then, the homogenate was centrifuged at 5000 rpm for 5 minutes, the supernatant removed, and the resulting pellet was resuspended in 1 ml of artificial seawater. Zooxanthellae were counted using an Improved Neubauer haemocytometer grid (bright line BRAND Tiefe Depth Profondeur 0.100 mm 0.0025) in a volume of 10 μl under a light microscope (Nikon model C-PS N).

During the counting, zooxanthellae (reported as average ± SE) were classified in two classes, single (i.e., single rounded cells) and doublets (i.e., mitotic cells with a cell plate and wall material clearly visible between cells) (Wilkerson et al., 1988). Doublets were counted and the mitotic index (%) calculated as follow:

	





Thermal stress response in C. caespitosa fragments

To evaluate the response to thermal stress (survivorship and number of zooxanthellae) of C. caespitosa, only the fragments producing more buds (12) in the growth rate and budding experiment were used and were exposed to increasing temperatures, from 18°C to 28.5°C (i.e., maximum temperature recorded in Bagnoli; Table S2). To this end, four 30 L aquaria were set up, each one containing three 2 L beakers in water bath, with one fragment of C. caespitosa each. The beakers were not fully submerged, with no re-circulation among the beakers and the 30 L tank which was only used to maintain the temperature stable (Figure 2B). The water inside the beakers was changed every 2 days to avoid any shift in the water parameters (e.g. nitrates increase). Two 30 L aquaria were considered as control and maintained at 18°C, while the temperature in the other two 30 L aquaria was gradually increased (1°C per day) up to 28.5°C. This temperature was then maintained for 5 days, to simulate a MHW (see Hobday et al., 2016 for definition). One control and one experimental aquaria were maintained in dark conditions, while the other control and the other experimental aquaria with a 12h:12h light:dark photoperiod by means of a LED light BluBios (800 lumen, 14 W). Fragments were fed twice a week, as explained above (Figure 2B). At the end of the experiment, the zooxanthellae density was evaluated for all treatments (control and experimental) and conditions (light and dark) following protocol previously presented.

Also for this analysis, the free software PAST (version 4.05; Hammer et al., 2001) was used. The normality and homogeneity of the data were tested before running statistical analyses. A two-way analysis of variance (two-way ANOVA) with period (two levels: pre and post) and condition (two levels: light and dark) as factors was performed to test differences in the number of zooxanthellae and mitotic index among the control organisms. A second two-way ANOVA with treatment (two levels: control and experiment) and condition (two levels: light and dark) as factors was conducted to check for differences also between the control and the experiment. In both tests, the Tukey post hoc comparison was used when significant differences were found.







Results




Cladocora caespitosa transplants

Of the 34 monitored colonies, after the first check on their status at T1, 5 colonies (14.7%) were found detached, decreasing the total number of healthy colonies to 29 (85.3%). Overall, a general decrease in the percentage of healthy colonies was recorded during years, with 28 colonies (82.4%) at T2, 24 (70.6%) at T3 and 19 (55.9%) at T4. At T2 and T3, one colony (2.9%) was completely bleached, while at T4 this number increased up to 5 (14.7%). The percentage of detached colonies after T1 was the same at T2 (14.7%) but increased with time reaching 9 colonies (26.5%) at T3 and 10 colonies (29.4%) at T4 (Figure 3A).




Figure 3 | (A) Bar plot showing the percentage of healthy, detached, and bleached colonies in the five monitoring times (T0 = May 2018; T1 = one week after T0; T2= October 2018; T3 = January 2020; T4 = October 2022). (B) Linear correlation, with 95% confidence interval (represented by the grayish area), between the number of corallites and the colony areas.



The average number of corallites of transplanted colonies showed statistical differences during time (Kruskal-Wallis, p< 0.05), with a significant increase in T3 (181 ± 46 corallites) compared to T0 (102 ± 25 corallites) and T4 (92 ± 27 corallites) (Dunn’s post-hoc, p< 0.05), but not with T2 (125 ± 30 corallites) (Dunn’s post-hoc, p > 0.05). During this period, an increase in the number of corallites per month was recorded, being 1.9 ± 0.7 corallites/month, with a positive correlation (y = 0.2803x - 4.9844, R2 = 0.92) between the colony area and the number of corallites (Figure 3B). Conversely, a significant decrease in the average number of corallites was recorded in T4 compared to T3 (see above) (Dunn’s post-hoc, p< 0.05), with a rate of -2.5 ± 0.4 corallites/month.





Sea surface temperatures and marine heat waves analyses

Since 2018, a total of 43 MHWs occurred in the Bagnoli area (8 in 2018, 2020 and 2021, 9 in 2022 and 10 in 2019), with most of the event categorized as I-moderate, and only 3 as II-strong (1 during August 2018 and 2 in 2022, in July and October, respectively) (Table S1).

Considering the SSTs, the highest temperatures were recorded during July-August of 2018 and 2022, reaching almost 29°C (Table S2). Overall, the summer of 2022 can be considered the warmer one, with the mean temperature per month being the highest compared with previous years, especially in June (26.6 ± 1.0°C) and July (27.2 ± 0.8°C) (Table 1).


Table 1 | Average sea surface temperatures (SST ± standard deviations) at Bagnoli Bay (Naples, Italy) recorded during the summer months of each year of monitoring (2018–2022).



Even though no differences were found in the maximum intensity, cumulative intensity, frequency and duration of MHWs among years, significant differences were detected among the SSTs recorded during the summer period of each year of monitoring (Kruskal-Wallis, p< 0.001), with the SSTs registered in 2022 (26.9 ± 1.0°C) being significantly higher than all the past years, and the ones registered in 2020 (25.9 ± 1.1°C) and 2021 (25.9 ± 1.0°C) significantly lower (Dunn’s post-hoc, p< 0.001) (Figure 4; Table 1).




Figure 4 | Box plot showing the sea surface temperatures (SSTs) recorded in Bagnoli Bay during the summer period (21/06-22/09) of each year of monitoring, from 2018 to 2022. Solid lines represent the median values; the rhombuses indicate the average values.







Aquaria experiments




Growth rates and budding experiment

During the entire duration of the experiment, all fragments were observed healthy in both conditions (dark and light). Fragments exposed to light did not show any signs of bleaching (Tables 2, 3A), keeping a tone of E6-5 of the Australian CoralWatch Coral Health Chart for all the duration of the experiment. Conversely, all fragments placed in dark conditions started from a tone of E6-5 and, already after 3 weeks, 8 out of 20 fragments started to bleach, while, at the end of the experiment, except for one 1-corallite fragment with a tone of E5, all the others bleached reaching tone E2 (Table 2). Related to this, also the content of zooxanthellae significantly varied (Table 3A) between light and dark conditions (Tukey post-hoc, p<0.05), with higher densities recorded in light-exposed fragments (Table 2).


Table 2 | Coral tissue tones, average zooxanthellae contents (± standard error) and average mitotic index (± standard error) measured in fragments of Cladocora caespitosa in different periods (pre- and post-thermal stress experiment) and exposed to different treatments (control, CTRL, and experimental, EXP) and conditions (light, 12h:12h light:dark photoperiod, and dark).




Table 3 | Two-way analysis of variance (ANOVA) to test differences in the: (A) zooxanthellae density between periods (pre, post) and conditions (light, dark); (B) zooxanthellae density between treatments (control, experimental) and conditions (light, dark); (C) mitotic index between periods (pre, post) and conditions (light, dark); (D) mitotic index between treatments (control, experimental) and conditions (light, dark).



For fragments under light conditions, three 3-corallites fragments and all 4-corallites fragments showed the presence of new corallites already after three weeks (1-4 new corallites each), with an average increase of 1.3 ± 0.3 corallites/month. Smaller fragments (1-corallite and two 2-corallites) produced only 1 new corallite each. Under dark conditions, only two 3-corallites fragments showed 1 new corallite.

Apart from three colonies maintained in light conditions, which showed a significant increment in the total area already after one month (Tukey post-hoc, p<0.05), no significant changes were found for any of the other fragments during the entire duration of the experiment, being the area of the new corallites generally very low (from 0.003 mm² to 0.011 mm²).





Thermal stress response

Overall, all colonies survived the thermal stress, some of them also displaying new corallites. As a matter of fact, one fragment maintained under dark conditions and subjected to the simulated MHW showed 2 new corallites, while one control and two experimental fragments under light conditions showed 1 and 2 new corallites, respectively.

However, observing fragments under the stereomicroscope, control fragments presented expanded polyps and tentacles (Figures 5A, B), while experimental ones displayed visible shorter tentacles, and polyps never fully opened (Figures 5C, D). Only control fragments maintained under light conditions kept an intact tissue over the skeleton (Figure 5E), while a clear reduction of the tissue coverage was observed in the control dark and both experimental conditions (Figures 5F-H). Additionally, fragments exposed to thermal stress showed a reduced response with a slower closure of the polyps, especially for the ones kept under the light.




Figure 5 | Pictures of Cladocora caespitosa fragments exposed to control temperature (CRTL, 18°C) and thermal stress (EXP, 28.5°C). Top view of control corallites maintained under (A) light and (B) dark conditions presenting expanded polyps and tentacles, and of experimental corallites maintained under (C) light and (D) dark conditions with visible shorter tentacles, and less extended polyps. Lateral view of control corallites maintained under (E) light and (F) dark conditions showing intact and retracted tissue respectively, and of experimental corallites maintained under (G) light and (H) dark conditions displaying a clear reduction of the tissue coverage. A pale color characterizes all the fragments maintained in dark conditions. Scale bars = 2 cm.



The two-way ANOVAs showed statistically significant differences in the total number of zooxanthellae per cm2 (Table 3B), especially between light and dark conditions in all periods and under any treatment (Tukey post-hoc, p<0.05), with higher values found in the fragments exposed to light (Table 2). Additionally, under light conditions, the number of zooxanthellae resulted significantly higher in the fragments exposed to thermal stress (13.71 ± 0.52 ×107 cell/cm2) compared to the control ones (12.37 ± 0.11 ×107 cell/cm2). Also for the mitotic index, significant differences were found (Tables 3C, D), with generally higher values in fragments under light conditions (Table 2) (Tukey post-hoc, p<0.05). However, in fragments maintained in dark conditions and exposed to thermal stress, an increase in the mitotic index was recorded (4.3 ± 0.6%), reaching values similar to the ones recorded in fragments exposed to the light (4.9 ± 0.2% and 5.7 ± 0.4% for control and thermal stress, respectively), and resulting significantly different from the control dark (3.0 ± 0.2%; Table 2) (Tukey post-hoc, p<0.05).







Discussion

Ecosystem restoration is essential to recover degraded habitats worldwide impacted by a synergy of anthropogenic and natural stressors (SER, 2023). In this sense, the United Nations has declared the Ecosystem Restoration Decade (2021-2030) to boost global-scale initiatives engaging not just the academic or scientific environments but also non-governmental organizations, managers and stakeholders (UNEP, 2021). However, the scarcity of knowledge on species ecology and their response to environmental and anthropogenic stressors might impair the success of any restoration attempt.

Cladocora caespitosa is a well-studied species that, over the last years, experienced mass mortality events at Mediterranean scale (Kersting et al., 2013; Garrabou et al., 2019; Garrabou et al., 2022). Even though it is one of the most important reef-building species of the basin (Kružić and Benković, 2008), no restoration effort has been made so far. In this study, several colonies of C. caespitosa were translocated to avoid their damage due to demolition activities, following their fate for 4 consecutive years. This study represents one of the few records of long-term monitoring, since most of the studies usually report less than 18 months of survey (Boström-Einarsson et al., 2020), and one of the few focusing on a temperate coral (Steinberg et al., 2020).

The survival rate recorded in this study after 19 months is higher (82.4%) than the average survival reported for tropical species (60-70%, Boström-Einarsson et al., 2020). However, in the long-term, we observed a decrease of survival percentage, reaching a value of 55.9%, still in line with previous short-term studies (Boström-Einarsson et al., 2020). This decline might be related with the extremely high temperatures recorded during summer 2022, which caused stress conditions and mortality events also in other cnidarians, such as the red coral Corallium rubrum (Linnaeus, 1758) (Roveta et al., 2023), and other gorgonian species, such as Paramuricea clavata (Risso, 1826) a and Eunicella cavolini (Kock, 1887) (Gómez-Gras et al., 2022). Despite the thermal anomalies experienced in the study area (Table S1, S2), more than half of the colonies survived, resisting these extreme conditions. This resilience might be related to the peculiar characteristics of the recipient site, shaded during most of the day, thus, reducing the direct exposure of the coral to sunlight, potentially limiting the damages of an excessive irradiance (Hoogenboom et al., 2006). As a matter of fact, a high irradiance coupled to an increased temperature might be detrimental for the fitness of the coral, affecting the photosynthetic rates and inducing bleaching (Ban et al., 2014). For future application of this translocation method, an accurate measurement of the irradiance should be performed both in the donor and recipient sites to ensure the survival of the transplanted colonies. Furthermore, it is recommended to apply respirometry and pulse amplitude modulation fluorimetry to monitor the photosynthetic potential of the transplanted colonies over time.

The percentage of detached colonies was lower (14.7%) than reported for tropical massive species (e.g., Diploastrea heliopora (Lamark, 1816)) after 6 months of transplantation (40%, Bongiorni et al., 2011), even though it increased during the following years of monitoring. Despite the selection of a sheltered recipient site, this higher detachment might be related to the abundant mucus production typical of the species (Herndl and Velimirov, 1986; Peirano et al., 1999), which has been demonstrated to be a factor favoring the observed phenomenon (Bongiorni et al., 2011). Moreover, the lack of a frequent cleaning and maintenance of the transplanted colonies could have been an additional factor promoting detachment (Bongiorni et al., 2011). Since the beginning, bleaching was observed in a single colony (2.9%), right after the summer of 2018. Nonetheless, this number increased at an alarming rate (14.7%) during our last monitoring in October 2022 (T4). The increase in duration of episodes of anomalously high SSTs in the western Mediterranean, as well as in the recipient site (up to 28.5°C; Table S2), might have induced a stronger stress in the translocated colonies. Additionally, a significant reduction of the total number of healthy corallites per colony was observed in T4, with an overall decreasing rate (-2.5 ± 0.4 corallites/month) higher than the increasing rate observed in the time interval between T0 and T3 (1.9 ± 0.7 corallites/month). Bleaching as well as tissue necrosis were the main causes of this trend, possibly related to the high temperatures (over 28°C) experienced in our site for more than 45 days (Table S2), as already demonstrated in controlled conditions by Rodolfo-Metalpa et al. (2006). A general reduction in colony size with the increase of temperature seems to be a common condition along the Italian coasts, being also observed in the Ligurian Sea since the ‘90s (Rodolfo-Metalpa et al., 2005; Azzola et al., 2022).

Compared to the field observations, a similar value of new corallites (1.3 ± 0.3 corallites/months) was obtained in the growth rate experiment, supporting the feasibility of aquaria as a potential ex-situ nursery also for this species (Ng et al., 2012; Merck et al., 2022). Budding of new polyps was observed mostly on fragments with multiple corallites both under light and dark, but with a lower rate in the last condition. Asexual reproduction through budding requires high energy expenditure and it is normally observed under favorable conditions and high availability of zooplankton (Rodolfo-Metalpa et al., 2008). Although fragments in dark conditions received the same amount of food, the scarce autotrophic contribution might explain this difference in the number of new polyps. This positive effect of light is further supported by the fact that in smaller fragments the production of new polyps was observed only under light conditions. Nonetheless, this imbalance between small and big fragments (both exposed to light) might be related: (i) on the one hand, to the experimental set-up, since following Leal et al. (2014), the quantity of food given was estimated per corallite, thus making the quantity of food available for 1-corallite fragments more diluted than for the ones with more corallites; (ii) on the other hand, to the fact that a fragment with more corallites presents a higher tentacle density, increasing the ‘encounter zone’ (i.e., by the extension of the polyps’ tentacles, in which prey are likely to be caught) (Madin, 1988), which likely renders the total energy available to be relatively higher in bigger colonies (Sakai et al., 2019).

An increase in the number of corallites was also recorded in some fragments exposed to the simulated MHW (both in light and dark conditions), suggesting temperature as a triggering factor for asexual reproduction through budding, a condition also common in other Mediterranean cnidarians (Di Camillo et al., 2021) as well as in tropical scleractinians (e.g., Pocillopora damicornis (Linnaeus, 1758), Jiang et al., 2017). Nonetheless, all experimental fragments showed clear signs of stress, displaying tissue retraction as well as a reduction in the tentacles size and reactivity under stimuli (Rodolfo-Metalpa et al., 2006; Bellis and Denver, 2017) (Figure 5).

The variation of the color of the tissue from E6-5 to E2 in the colonies kept in the dark was related to the lower content of zooxanthellae, always being lower in dark than in light conditions (Table 2) (Hill and Ralph, 2007), a result observed in both experiments. Surprisingly, in heat-treated fragments exposed to light, an increase in zooxanthellae density was recorded after 5 days compared to the control. Conversely, Rodolfo-Metalpa et al. (2006) encountered a reduction in their number after 34 days in nubbins exposed to 28°C. Considering the duration of our experiment, this observation might be a short-term response of the zooxanthellae to high temperatures, potentially decreasing in density after a mid-term exposure. Regardless of the exposure to light, our fragments presented at least 1 degree of magnitude higher concentrations of zooxanthellae compared not only to tropical scleractinians (Stimson et al., 2002), but also to other studies on C. caespitosa collected in different Mediterranean locations (Rodolfo-Metalpa et al., 2006; Hoogenboom et al., 2010; Rodolfo-Metalpa et al., 2010). This higher concentration is considered an adaptation of temperate corals to more shaded and cooler environments but might also represent a species adaptation to particular local conditions (Lasker, 2003; Eagleson et al., 2023). Future studies focused on the evaluation of the zooxanthellae content of Bagnoli transplanted colonies (constantly thriving in a shaded environment) will help to confirm this hypothesis.

The percentage of mitotic index recorded for C. caespitosa was comparable to the one recorded for other massive scleractinians, such as Siderastrea stellata Verril, 1878 from Brazil (Costa et al., 2013), and its increase with temperature was in line with Caroselli et al. (2015). While no difference in the mitotic index was recorded in the fragments exposed to light and higher temperature, the experimental fragments kept in the dark showed an increment of this parameter. However, this was not followed by an increase in zooxanthellae density (Table 2), a situation potentially explained by the capability of this coral to rely more on heterotrophic feeding, digesting its symbionts under thermal stress, as observed in various Acropora spp. (Fujise et al., 2014).

Overall, our results obtained in the field highlight the high capability of C. caespitosa to adapt to adverse environmental conditions, thus rendering this species a good candidate for future restoration actions. The aquaria experiments gave a first insight into the potential adaptability of this species at individual level. A higher number of genotypes is needed to assess intraspecific variability in the response to thermal stress and light exposure.

Despite the crucial roles played by this species as ecosystem engineer and in the Mediterranean shallow waters carbon budget (Rodolfo-Metalpa et al., 2010) and being protected by the European and international legislations, restoration efforts are still lacking. In this sense, our study represents the first insight into the species-based siting selection, highlighting for C. caespitosa the importance of considering the “exposure to light” criteria and the potential shading of colonies to ensure the survival and, later, the success of a restoration action of zooxanthellate species. Finally, considering the similar increase in corallites per month obtained in the field and in the laboratory, our study points out the suitability of aquaria rearing as a potential tool to supply coral fragments for restoration purposes.
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Marine reef ecosystems have degraded massively worldwide, and restoration efforts have as yet not managed to realize the scale required to reverse continued degradation. To achieve effective scales, scientific insights in restoration methods should be paired with industry-based approaches used for infrastructural development. We illustrate by five principles how long-standing experience of marine contractors with executing large-scale projects, can support reef restoration: i) utilizing industrial techniques to achieve positive impact at scale, ii) landscaping infrastructure to optimize habitat for targeted species, iii) inducing life to overcome connectivity bottle-necks and steer community composition, iv) designing nature development efforts to be self-sustainable, and v) ensuring continuity beyond project boundaries by early stakeholder engagement. Consciously connecting scientific knowledge to industry-based activities increases the likelihood that marine infrastructure development and ecosystem rehabilitation can be aligned. We plead that synergizing practices by science and industry is needed to upscale restoration efforts and truly improve marine reef ecosystems.
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Introduction: advancing reef restoration

Reef ecosystems such as oyster and coral reefs have declined rapidly worldwide (e.g., Beck et al., 2011; Eddy et al., 2018). Restoration efforts in terms of “assisting the recovery of an ecosystem that has been degraded, damaged or destroyed” (SER, 2004), are undertaken to protect biodiversity, secure food provision, and mitigate climate change through carbon storage (Sala et al., 2021). However, these don’t keep pace with the ongoing changes in our world caused by coastal urbanization, warming temperatures, and rising sea levels (Suding, 2011; Bellwood et al., 2019). Moreover, while restoration efforts have shown increased provision of biodiversity and ecosystem services, these are typically lower than in intact reference ecosystems (Rey Benayas et al., 2009). A key challenge identified to achieve more effective ecosystem restoration is the development of scalable restoration methods (Rinkevich, 2008; Abelson et al., 2020; Duarte et al., 2020). This is where industry can be of support, having the capability and experience of executing large-scale operations. For industry it is also of interest to invest in restoration practices, in order to build a track record that allows industry to be able to include nature-based solutions in future contracts, to improve reputation, and to offer employer attractiveness.

Marine construction works modify seascapes by replacing natural habitats and changing environmental conditions critical to habitat persistence (Bugnot et al., 2021). However, they can be designed to incorporate ecological principles that benefit marine life (Dafforn et al., 2015; Laboyrie et al., 2018). By no means this should be used as excuse to ignore or down-play the negative impact that infrastructural developments may have on a marine system (Firth et al., 2020) or as argument to restrict restoration efforts only to where infrastructural works take place. However, nature restoration goals and marine construction works can be synergized much better to not miss out on unique nature-enhancing opportunities. In this paper we present five golden principles on how marine contractors can support reef ecosystem restoration.





Principle I. Pursue upscaling – use industry-based techniques

Current practices for restoration are often too small in scope to combat the extent of anthropogenic threats driving habitat loss (Hughes et al., 2017; Bellwood et al., 2019). Hence, there is urgent need to move to cost-effective solutions that can be implemented at the kilometer-scale or above (Airoldi et al., 2021). Such innovative solutions might be borrowed from industries, as they have already discovered economy of scale (Price and Toonen, 2017) and can provide technological advances leading to efficiencies of scale (Abelson et al., 2020). Large scale and good connectivity of restoration sites is important for their sustainability, as it affects both biotic and abiotic interactions (Menz et al., 2013). For example, small and isolated restoration sites will have less genetic diversity, resulting in reduced resilience. Connectivity with remnant ecosystems, through proximity, stepping stones or corridors, allows for the exchange of species and genes, potentially resulting in enhanced biodiversity and resilience of the restored areas (Vaughn et al., 2010). For restoration practices to become both ecologically successful and cost effective, interventions should be executed at a large enough scale and include remediation of degraded ecosystems if necessary (Abelson et al., 2020).




Example upscaling assisted recruitment

Upscaling reef restoration is illustrated by the concept of using industry-based techniques for harvesting of coral larvae over vital reefs and releasing these on degraded ones along the Great Barrier Reef (Figure 1I). The concept entails large scale collection of coral spawn slicks with oil booms, pumping these slicks into storage tanks of commercial trailing suction hopper dredgers, culturing billions of larvae while being transported to degraded reefs, and once the larvae become settlement-competent, deploying them on these degraded reefs to initiate restoration (see Doropoulos et al., 2018). This restoration method is estimated to be much more cost-effective than restoring the same vast geographical area with garden-grown corals (Doropoulos et al., 2019). Also, the effect on the maintenance of natural populations is minimal, as it accesses an insignificant fraction of gametes released during a spawning event and refrains from any physical loss of the reef skeleton (Doropoulos et al., 2018). In potential, it provides the means for increasing coral settlement and assisting gene flow between isolated populations to increase coral recruitment at unprecedented scale on strategically important reefs.




Figure 1 |     The five golden principles to advance marine reef restoration by linking science and industry, illustrated by examples from practice: (I) pursue upscaling: Changing from manually collecting coral gametes to harvesting using industry-based techniques to achieve positive impact at scale. (II) landscape infrastructure: Changing from using artificial reef structures to nature-friendly designs of marine infrastructure to establish habitat complexity. (III) induce life: Changing from lack of recruitment to installation of broodstock to overcome connectivity bottle-necks and kickstart reef development. (IV) support self-sustainment: Changing from ad hoc human interventions to continuous nature-steered supply of materials to create suitable conditions for reef restoration. (V) continue by stakeholder engagement: Changing from short-term restoration efforts during construction projects to long-term gains through stakeholder engagement beyond project boundaries. Photo credit: I, II, III, V Van Oord; IV Oscar Bos.








Principle II. Landscaping – optimizing marine infrastructure as habitat

Restoring reef ecosystems is often done through the installation of artificial reef structures, to provide hard substrate in varying three-dimensional shapes to promote biodiversity (Baine, 2001; Vivier et al., 2021). These structures are tailor-made for a local system, targeting specific species groups, such as corals (Higgins et al., 2022) or fish (Paxton et al., 2020). Often concrete is used as their main construction material, allowing variation in both micro- and meso-habitat complexity (ter Hofstede et al., 2023). Downsides of using concrete include its toxicity, as the cement mortars often leach trace metals over time (Hillier et al., 1999; Wilding and Sayer, 2002), and emissions of carbon dioxide during its fabrication process (Fennell et al., 2021). Moreover, for artificial reef structures to achieve impact at scale, they need to be deployed in huge quantities, as biomass and species richness of the associated marine life is proportional to their extent (Bohnsack and Sutherland, 1985).

Besides restoring habitat by consciously adding artificial reef structures, it should also be considered to achieve the desired impacts by optimizing existing or novel marine infrastructure. This landscaping could serve similar restoration goals, be it at a much larger scale, even by using the same or only marginal additional materials. Marine construction works such as coastal breakwaters, quay walls in ports, and scour protection in offshore wind farms, already inherently provide artificial habitat. Their long-term presence allows nature development, and designs can be optimized to target desired species. For example, if concrete is used as construction material, its texture can be roughened to mimic natural rock which promotes colonization by pioneering species (Moschella et al., 2005; Potet et al., 2021), and its toxicity can be reduced by using nature-friendly adhesives (Perkol-Finkel and Sella, 2014). Improved reef habitat can be achieved at a far larger scale, more cost-efficient and with a lower carbon-footprint when optimizing the marine infrastructure than by just adding artificial reef structures.

It is recognized that a location for infrastructural development is typically selected for human needs, not for nature goals. Marine reef restoration is required at scales far beyond these locations. Therefore, optimizing marine infrastructure for reef development will never be able to fully replace targeted restoration, but it does provide a valuable extra opportunity to restore marine reefs at scale.




Example ecological enhanced marine infrastructure

Landscaping infrastructure to serve as habitat for marine species can be illustrated by designing nature inclusive scour protections at the base of wind turbines in offshore wind farms. These scour protections are layers of rock material, to prevent the seabed from scouring due to monopile induced turbulence and flow acceleration (Guan et al., 2022). They generally resemble a flat pancake, composed of a filter base layer consisting of small-sized quarried rock, such as granite, topped with an armor layer of larger rocks (ter Hofstede et al., 2022). The rocky material acts as an artificial reef, hosting a broad range of marine species (Coolen et al., 2018; ter Hofstede et al., 2022). Conventional scour protection can be adjusted to increase the habitat complexity by bringing in more variety in use of materials, shapes and dimensions (ter Hofstede et al., 2023; Figure 1II), and is expected to result in a higher biodiversity (Lapointe and Bourget, 1999; Firth et al., 2014). The use of calcareous rock such as limestone or marble will trigger increased settlement by shellfish (Hidu et al., 1975; Soniat et al., 1991). Irregular extensions in both vertical and horizontal directions, making heaps and berms, will increase surface area and provide leesides for shelter. Narrowing down the rock grading will result in more crevices, and variation in rock size at different locations will increase habitat diversity, serving a wide range of rock-dwelling species. If considered early in the design process such changes can easily be incorporated to ecologically enhance marine infrastructure, often at marginal additional cost.






Principle III. Induce life – kickstart and steer community composition

Any new-built marine structure provides hard substrate habitat and is prone to be colonized by marine organisms (e.g. Komyakova et al., 2022). The development of the benthic community at a new structure can be guided into a desired direction, not only by optimizing the habitat conditions, but also by pro-actively bringing in targeted species. This so-called priming is essential when there is no connectivity between the new structure and a natural system hosting the preferred species (ter Hofstede et al., 2023), and is advisable when one desires to influence competition in favor of targeted species (McCook et al., 2001). Bringing in oyster or coral broodstock, for example, is a means to provide a local source of larvae to mitigate connectivity issues and increase the probability of settlement at the infrastructure. The installation of broodstock requires careful design and timing, taking into account species-specific life-history traits, to increase the likelihood of survival and long-term reproduction success.




Example using broodstock to kickstart and steer community composition

Introducing reef-building species can kickstart reef-development at remote locations that lack connectivity with natural reef systems. In the North Sea this is practiced via active introduction of flat oyster broodstock in offshore wind farms, with the aim to produce larvae that can settle locally and develop into thriving reefs (e.g. Didderen et al., 2019; Schutter et al., 2021; Figure 1III). The broodstock is fixed on tailor-made structures that increase survival rates under governing local environmental conditions, such as providing stability, offering access to nutrients and oxygen, and avoiding burial by sedimentation. Two types of structures can be used: liftable ones installed with a crane (Van Rie, 2020), and droppable ones side-casted (Siderius, 2022), both having their pro’s and con’s. Liftable broodstock structures are large and stable, provide maximal security for the oysters, and can be replaced to other locations after the reef development has been kickstarted. However, installation of liftable broodstock structures is an expensive operation due to the required equipment. Droppable broodstock structures can also designed to be stable and robust during deployment and operation, but are smaller in size, allowing more cost-effective manual installation. However, being smaller in size, they may provide less security against sedimentation and predation, and they cannot be easily re-used at other locations. Despite the con’s, the use of either broodstock structure is preferred over the distribution of lose mature oysters, as it protects the oysters from sedimentation and wash-out, resulting in a local high density of broodstock needed to ensure reproductive success.






Principle IV. Support self-sustainment – create the conditions

Natural recovery of an ecosystem is preferred over active restoration interventions (Abelson et al., 2015). If interventions are needed to initiate the recovery, one would ideally achieve a self-regulating and self-sustaining ecosystem without the need for future human intervention to further steer restoration outcomes (Palmer and Stewart, 2020). This aim for this so-called rewilding of a system (Perino et al., 2019) has both economic and ecological benefits. If the targeted system becomes self-sustaining, costly interventions are no longer needed. Self-sustainment also indicates good health, the ecosystem being able to maintain its structure and function over time in the face of external stressors (Costanza and Mageau, 1999; Tett et al., 2013). However, restoration efforts often remain far below reference conditions in terms of ecological metrics such as biodiversity, even after decades of maturing (Palmer and Stewart, 2020). To become self-sustainable, the natural interactions between biota and abiotic physical features should be restored within the system (Suding et al., 2015), and connectivity with remnant healthy ecosystems should be established (Mokany et al., 2020). Only then are the restoration efforts likely to result in truly self-sustaining ecosystems in which human interventions are no longer required.




Example creating self-sustaining reefs

An example of an intervention to establish self-sustainment, is the concept of installing vertical bivalve reefs in the water column, from which living and dead bivalves will drop, to stimulate biogenic reef formation at a soft sediment seafloor. That is, an agglomeration of shells at the seabed forms a complex matrix for settling juveniles and associated fauna, ensuring reef persistence over time (Mann and Powell, 2007; Schulte et al., 2009). This self-sustaining production concept has been designed for offshore wind farms in the North Sea, in which a vertical reef consisting of strings of blue mussels (Mytilus edulis) hanging in the water column produces a continuous supply of shell material to the seabed (Figure 1IV). It is based on structures used for commercial farming purposes, and comprises a longline anchored to the seabed, provided with vertical culture ropes at a depth suitable for mussel growth. Blue mussel larvae are abundant in the North Sea and known to attach rapidly to suitable substrates when offered (Coolen et al., 2018; Coolen et al., 2020). After installation of the structure, these larvae are expected to naturally settle on the culture ropes and grow into thriving mussel reefs with a rate of at least 5 cm shell length in the first 5 years (Bayne and Worrall, 1980). Once the mussels die or fall off, their shells are expected to sink and accumulate at the seabed, providing substrate suitable for reef development at the seafloor. By utilizing proven approaches from the mussel-aquaculture industry this design concept has a high likelihood of success at a large scale, and even a partial commercial setup seems conceivable.






Principle V. Ensure continuity – active stakeholder involvement beyond initiation

Timescales for ecological restoration rarely match the timescales of both marine construction and active restoration projects. Large marine infrastructure projects generally last for a couple of years, from design to completion. Activities and resources, such as equipment and people on site, peak during the construction phase. Once the construction works come to an end, the activities on site will fade. The same will typically hold for imposing active restoration measures, for which activities are also concentrated in a limited time frame. However, reaching long-term overarching restoration objectives may require more time than foreseen for the initiated measures, and the need for continuation of activities is probable (see Figure 1V). Also, restoration efforts should be monitored for a fair number of years (15-20), to allow for a solid evaluation whether recovery of the ecosystem and its associated functions and services has been reached (Bayraktarov et al., 2016; Abelson et al., 2020). Ensuring such continuation of restoration activities and their evaluation requires the involvement of local partners who are willing to take responsibility beyond the initiation phase. Ideally partners that have an intrinsic interest in the success of the restoration efforts should be already involved during the design phase, thus way before starting marine construction or active restoration. Early involvement is important to ensure that partners take ownership of the activities, and to ensure that sufficient resources to continue monitoring and maintenance after the work have been put in place. Involving industry partners in ecological restoration practices will generate momentum and scale that would otherwise be inconceivable, while close involvement of local stakeholders will ensure the long-term continuation of the activities.




Example stakeholder involvement beyond project boundaries

Involving local parties to ensure long-term continuity of restoration efforts initiated as part of a marine construction project, took place at the island New Providence, Bahamas in the years 2015-2017. Along with port upgrade works, a so-called ‘Coral Engine’ was developed to promote local reef rehabilitation (ter Hofstede et al., 2019). Alignment with the construction works allowed the restoration works to make use of essential logistical capacity on site. The Coral Engine comprised an in-situ coral nursery that was filled with hundreds of fragments of opportunity obtained from the field, and tens of thousands of sexual recruits reared in a mobile breeding facility (Van Koningsveld et al., 2017). Having these corals ‘in stock’ in the nursery, a continuous supply of genetically diverse corals for quick reef restoration is ensured, e.g. following hurricane disasters. Local NGO’s, government, and a recreational diving center, were involved at an early stage for the long-term operation of the Coral Engine, using its benefits for tourism, research, education, and local employment. Following the project development until today, the Coral Engine is continued by the local stakeholders and demonstrates that initiating reef restoration activities coupled to an infrastructural development project can provide a long-term contribution to a local natural and socio-economic system well beyond the traditional time-scale of construction projects.






Discussion: collaboration over conflict

The rapid decline of reef ecosystems requires a change of current restoration practices, and the development of novel approaches (Svejcar et al., 2022). Common key players to catalyze restoration actions are funding organizations, governmental bodies, scientists and citizens (Gann et al., 2019; Danovaro et al., 2021). The engagement of private companies, however, has recently been identified as critical in the implementation phase (Danovaro et al., 2021). Taking an interdisciplinary approach has been identified as a key feature in successful ecosystem restoration (Gann et al., 2019; Saunders et al., 2020). The five golden principles presented in this paper show how including the expertise of industry partners can promote effective marine reef restoration. It complements the science-based knowledge of the functioning of targeted species and their associated habitats, which is fundamental for restoration efforts to last long-term (Bayraktarov et al., 2016; Fraschetti et al., 2021). The synergy between science and industry requires a new way of thinking, acting and interacting (De Vriend and Van Koningsveld, 2012), as the incentives of both parties are fundamentally different. Exaggeratedly said, while ‘classic restoration ecologists’ aim for highest nature values within the margins of the foreseen ecosystem, ‘conventional civil engineers’ seek for solutions that minimize risks and costs. Also, negative past experiences have led to mutual mistrust, as green science has halted infrastructural development (Grorud-Colvert et al., 2021) and grey industry irreversible harmed pristine seascapes (Bugnot et al., 2021).

Both parties should set aside their differences and take a cooperative approach to find common ground in marine reef restoration. Win-win solutions should be embedded in the early phases of both restoration and infrastructural projects, to allow for upscaling restoration practices with maximum benefits against minimal costs, and to incorporate nature-benefitting features in the design of marine infrastructure (Pioch et al., 2018). Over the past decades, our general perception about what is acceptable for the marine environment has normalized towards it being degraded and in an artificial state (Strain et al., 2019). But we should refuse to adhere to this and join forces to turn the tide. If we now start by synergizing scientific insights and industry-based approaches, we can still reverse the degradation at the scale needed to regain healthy marine reef ecosystems for future generations.
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We combine historical and recent monitoring data with modeling to get a better insight into water quality development of the large Oder/Szczecin Lagoon at the German/Polish border in the southern Baltic Sea region and especially of the role of macrophytes. Data indicates that the system is eutrophic for centuries and a naturally eutrophic system. During the last decades, external nutrient loads decreased but still keep the system in a eutrophic state. The systems primary production is limited by light and nitrogen and cannot be sufficiently managed by external nutrient load reductions. We consider 36% macrophyte coverage of the lagoon area as potential historical maximum. Despite its shallowness the lagoon was never a macrophyte dominated, clear water system. About 31% of the lagoon area would be covered by macrophytes in a good ecological status according to the European Water Framework Directive. However, the existing water transparency targets seem too ambitious and not realistic. Changes in macrophyte coverage on water quality are restricted to near shore areas and hardly affect the open lagoon. Existing models require an improved representation of water transparency and effects on macrophyte colonization depth. Presently the patchy macrophyte coverage is only about 12% of the lagoon area. This low coverage and a relatively poor species composition results in a non-satisfactory state classification. However, ecologically valuable angiosperms and charophytes seem to recover. A strict avoidance of mechanical disturbances could be a measure to support macrophyte re-colonization. A systematic improvement of piscivorous fish stocks may be a supporting measure to reduce eutrophication. Restoration perspectives and consequences for environmental policies are discussed.
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1 Introduction

The shallow Oder or Szczecin Lagoon at the German/Polish border in the southern Baltic Sea belongs to the largest lagoons in Europe. The lagoon and its surrounding host important and valuable habitats. As a consequence, the entire lagoon belongs to the European Natura 2000 network for rare and threatened species, large parts are under landscape protection, the coastal area hosts two national parks and several areas are nature reserves. The high diversity of rare habitats results from a wide range of different soils and a diverse glacial morphology. For centuries, fishery was the dominating economic sector. Today, tourism at the lagoon is gaining more and more importance. However, the major problem is the poor ecological water quality in the lagoon that degrades its ecological functioning and hampers bathing tourism development. This situation is not only typical for other lagoons in Germany, such as the Darss-Zingst lagoons or the Schlei, or for other lagoons in the Baltic region, such as the Vistula and the Curonian lagoons, but is common for many lagoons world-wide. Therefore, lessons learned from the Oder Lagoon have a general relevance and can, with some adjustments, be transferred to other systems, as well.

Responsible for the poor water quality in the lagoon are very high riverine nutrient loads, especially with the Oder (Polish: Odra) river. With an average water discharge of about 500 m3/s and a drainage area of about 120,000 km2, the Oder/Odra River is one of the most important rivers in the Baltic Sea catchment. It contributes about 93% of the total nitrogen (TN) and 95% of the total phosphorus (TP) loads to the lagoon. According to Friedland et al. (2019a), the annual riverine TN and TP loads to the lagoon increased between the 1880’s and the maximum in the 1980’s from about 14,000 t TN (1,000 t TP) to 115,000 t TN (10,500 t TP). During recent decades the loads declined to 56,750 t TN (2,800 t TP) in 2010-2014. The fast load reduction resulted from political changes especially in Poland, causing a transformation of industries, reduced agricultural loads and improved waste water treatment. For reaching a good ecological status of the Baltic Sea, the HELCOM Baltic Sea Action Plan (HELCOM, 2013) demands a reduction of annual riverine nutrient inputs to the lagoon to about 48,850 t TN (1,570 t TP). The present Polish thresholds for a good ecological status of large lowland rivers (4.0 mg TN/l and 0.29 mg TP/l) (Garcia et al., 2012) would result in annual loads to the lagoon of about 65,000 t TN (4,900 t TP). The stricter German thresholds (2.6 mg TN/l and 0.1 mg TP/l) (BLANO, 2014) would end-up in loads of about 44,000 t TN (1,700 t TP). The German thresholds for rivers according to the European Water Framework Directive (WFD) are well in agreement with the demands from a Baltic Sea protection perspective (HELCOM, 2013). Questions are if these reduced loads would be sufficient to enable a good ecological quality in the lagoon, how a good ecological status would look like and/or if the lagoon is a naturally eutrophied system?

In the European WFD, nutrient concentrations in the water body still play an important role, but for the definition of a good ecological status of coastal waters, biological quality elements, namely phytoplankton, macrophytes and angiosperms, benthic invertebrate fauna as well as fish (in transitional water), are essential. It is well known, that submerged and emergent macrophytes are affected by water quality but at the same time have a strong influence on water quality, as well (Scheffer, 1998; Scheffer et al., 2001; Horppila and Nurminen, 2003; Hilt et al., 2006; Blindow et al., 2014). They reduce current velocities and waves, reduce sediment resuspension and increase water transparency (James and Barko, 1994; Van den Berg et al., 1999; Madsen et al., 2001; Hussner et al., 2010). Macrophytes interact with phytoplankton concentrations by reducing the light availability, competing for nutrients and by favoring zooplankton and its grazing (Balls et al., 1989; Jeppesen et al., 1999; Scheffer, 1998; Van Donk and van de Bund, 2002). They serve as sink for particulate matter but also as source for dissolved P, mobilized from sediments (Carpenter and Lodge, 1985; Jeppesen et al., 1999). Last not least, macrophytes provide habitats for a wide range of species, such as juvenile fish and invertebrates (Scheffer, 1998). These facts are known for decades. Despite that, the common model-based approaches in coastal waters for defining historic reference status for a water body, thresholds for a good water quality and external nutrient loads ensuring a good status usually do not take into account macrophytes (Schernewski et al., 2015; Friedland et al., 2019a). Therefore, a questions is whether the spatial macrophytes coverage and its long-term dynamic can be neglected, especially in shallow systems? Are the existing German thresholds describing the good ecological state for nutrients (0.07 mg/l TP; 0.53 mg/l TN), summer chlorophyll a (14.3 μg/l) (BLANO, 2014; Schernewski et al., 2015) and water transparency (Secchi depth of 1.7 m; Sagert et al., 2008) and suggested modified values (Friedland et al., 2019a) against this background reliable? If not, what are the general implications for defining water quality thresholds in shallow coastal waters?

Since macrophytes in itself are a core indicator for a good ecological status in the European WFD, additional questions are, what the best reachable state is and what the most suitable management options are? Is river basin management alone sufficient? Was this shallow lagoon ever dominated by macrophytes, faced a regime shift from a clear water to a turbid state and is its recovery hampered by hysteresis as suggested by Friedland et al. (2019a) or reported by Blindow and Meyer (2015) for other southern Baltic lagoons and bays?

To be able to answer these questions, we reconstruct the historic macrophytes coverage around 1890; document the present state of macrophyte species composition and spatial distribution in the lagoon; estimate the spatial coverage of emerse and submerse macrophyte species in a potential ‘good ecological status’ according to the WFD; carry out model scenario simulations on the potential effects of macrophytes on water quality, analyze the long-term development of water quality parameters that affect macrophytes and, last not least, assess the possible future states and management options. The paper focusses on restoration, management and policy implementation and less on biological aspects.




2 Study area and methods



2.1 Study area – the Oder/Szczecin Lagoon

The Oder Lagoon (53°48’N,14°08’E) has a surface area of 687 km². With an average depth of 3.8 m, the oligohaline lagoon is shallow and brackish (salinity between 1 and 3 PSU). It is connected to the Baltic Sea via three outlets. About 40% of the lagoon surface belongs to the Kleines Haff, the smaller bay in Germany, and 60% to the Wielki Zalew, the larger Polish bay. The average depth is 3.8 m with a natural maximum depths of 8.5 m (Figure 1). The dredged shipping channel across the Wielki Zalew has a depth above 10 m. Central parts of the lagoon show a salinity between 0.5 and 2 PSU, but the Swina shipping channel enables temporal Baltic water intrusions that increase the salinity locally up to 6 PSU (Radziejewska and Schernewski, 2008).




Figure 1 | The Oder/Szczecin Lagoon at the German/Polish border, its subdivision into the western, German, Kleines Haff (small lagoon) and the eastern, Polish, Wielki Zalew (large lagoon) as well as major rivers and outlets to the Baltic Sea. The photos give an impression of the reed belt (Phragmites australis) in the western Kleines Haff (left) and bulrush (Schoenoplectus lacustris) areas in the northern Wielki Zalew (right). The red crosses indicate the central sampling stations in the two parts of the lagoon.



With a precipitation of about 550 mm/a, the climate is humid at the border between oceanic to continental. As a consequence, the rivers discharge large amounts of freshwater, with an average of 536 m³/s. Because of its large river basin of 120.000 km², the Oder/Odra river alone contributes 504 m³/a (Friedland et al., 2019a). The average water residence time is about 3 months in the Kleines Haff and around 1 month in Wielki Zalew. A winter ice cover lasting several weeks is still common and the water temperature exceeds 20°C during summer. In about 15% of the time, wind speed above 6 m/s prevails. This wind speed is usually sufficient to cause vertical mixing in the lagoon. With about 60%, wind-directions between south and west dominate (Radziejewska and Schernewski, 2008).

According to the OECD (1982) classification the lagoon is hypertrophic. According to the European WFD classification the chemical quality is classified as ‘not good’ (IKSO, 2022a). This is true for both parts of the lagoon, the eastern Wielki Zalew in Poland and the western Kleines Haff in Germany. Both form separate WFD assessment water bodies. In the Kleines Haff, for example, the concentrations (compared to the thresholds for a good ecological status) are for summerly water transparency (Secchi depth) 0.7 m (1.7 m), for summerly chlorophyll-a concentrations 70 μg/l (14.3 μg/l), for average annual total phosphorus concentrations 5 μmol/l (2.3 μmol/l) and for average annual total nitrogen concentrations 100 μmol/l (38.1 μmol/l) (Schernewski et al., 2015; Friedland et al., 2019a). The ecological quality according to the WFD, taking into account benthic flora and fauna, as well, is classified as ‘insufficient’ (IKSO, 2022a). An updated plan of measures in the river basin has recently been published (IKSO, 2022b).




2.2 Methods

The WFD requires a regular monitoring of macrophytes and an assessment of the ecological state. In the German Baltic, the official tool PHYBIBCO (PHYtoBenthic Index for Baltic inner COastal waters) is applied for quality assessments within the WFD. Elements are angiosperms and macrophytes (e.g. characean/charophytes). The ecological value of species, the percentage spatial coverage per water depth and the loss of colonization depth are criteria, as well. Emerse vegetation, such as reed and bulrush, is not taken into account (Nickel et al., 2019).

In the Kleines Haff, the assessment is presently based on seven transects sampled in three year intervals. Commissioned by the State Agency for Environment, Nature Conservation and Geology Mecklenburg-Vorpommern (LUNG), transect data was gathered and reported by company MariLim for the years 2007, 2008, 2015, 2018 and 2021. Earlier data for the Kleines Haff is reported in Gosselck and Schabelon (2007) for the year 1997/1998, Selig et al. (2006) for the year 2005 as well as Dumke (2001) and Porsche et al. (2008). To complement the transect data and to get a better overview about the spatial coverage and distribution of macrophytes in 2016, several long sidescan sonar profiles were taken by boat in different parts of the Kleines Haff. As soon as the sidescan sonar data indicated submerse macrophytes, samples were taken, and the species determined.

The hydrochemical and biological data for the Oder Lagoon covers the German and the Polish parts and was provided by the national authorities, the LUNG and the Pomeranian Voivodeship Inspectorate, in joint data reports accessible under https://www.wasserblick.net/. The monitoring follows the WFD requirements and includes a transnational inter-calibration to ensure data comparability. Presently, the physico-chemical and phytoplankton monitoring takes place at three locations on the German and three on the Polish side and includes a monthly sampling, at least during the ice-free period. LUNG (2016) provides more details on the monitoring program.

For the simulations, the well-established and validated model setup for Oder Lagoon was applied (Friedland et al., 2019b; Schernewski et al., 2019), which is based on the coupled model GETM-FABM-ERGOM (Neumann, 2000) with a horizontal resolution of 150m and 20 vertical layers that adjust their thickness to the density gradients (Gräwe et al., 2015). The model setup covers Oder Lagoon and the southern part of Pomeranian Bight. The hydrodynamic model is based on GETM (General Estuarine Transport Model; www.getm.eu; Burchard and Bolding, 2002) and computes temperatures, stratification, the current fields and resuspension dynamics. Wave induced resuspension is calculated using a simplified approach, which is still not fully validated, because of a lack of data. Via FABM (Framework for Aquatic Biogeochemical Models; Bruggeman and Bolding, 2014), IOW´s biogeochemical model ERGOM (Neumann, 2000; Neumann et al., 2002; Radtke et al., 2012) was incorporated to the model system. ERGOM is a NPZD model in its core, capable to simulate the nitrogen and phosphorus dynamics in the lower trophic food web. Therefore, three functional phytoplankton groups are considered (large phytoplankton mainly responsible for spring bloom, small phytoplankton growing mainly in summer season and nitrogen-fixing cyanobacteria, which are not depending on dissolved inorganic nitrogen). The growth of all three phytoplankton groups is limited by nutrient and light availability, as well as zooplankton grazing. The underwater light attenuation is computed dynamically, considering a constant background attenuation, as well as shading by phytoplankton and resuspended organic material. The light model was validated using Secchi Depth data by Friedland et al. (2019b). Dead phyto- and zooplankton is pooled as fast-sinking detritus, which gets re-mineralized into the dissolved nutrients, if oxygen is available. Oxygen consumption and production are included in all model processes via stoichiometric factors. A basic model for the nutrient dynamics in the sediment is included, capable to model key processes like denitrification and phosphate release under anoxic condition. While ERGOM was initially developed to model the nutrient and phytoplankton dynamics in the open Baltic Sea, key parameters were adjusted in the used setup to improve the model quality, using the available observations from the regular WFD monitoring stations (Friedland et al., 2019a). For details on the model, its validation and a critical discussion of the performance please refer to (Neumann, 2000; Friedland et al., 2019a; Friedland et al., 2019b; Schernewski et al., 2019).

The biogeochemical model ERGOM does not explicitly represent macrophytes in the form of state variables. Therefore, the model simulations have the character of a sensitivity study and only the model calculated relative changes between the scenarios can be regarded as sufficiently reliable for interpretation. As a consequence, the scenarios related to the effects of macrophytes were kept simple, as well. We consider the reduction of sediment resuspension and water transparency resulting from reduced current velocities and waves (James and Barko, 1994; Barko and James, 1998; Scheffer, 1998; Van den Berg et al., 1999; Madsen et al., 2001), the reduced light availability resulting from shading and the consequences of increased zooplankton on phytoplankton (Balls et al., 1989; Schriever et al., 1995; Jeppesen et al., 1999; Van Donk and van de Bund, 2002).

The quantitative effect of macrophytes depend on parameters such as species composition, density and water depth. A reliable and transferable model parametrization for the Oder Lagoon can hardly be derived and has been estimated based on the literature. Therefore, the model scenario simulations represent hardly more than a sensitivity analysis. We assume that macrophytes cover the lagoon fully down to a water depth of two meters. Within macrophyte stands we assume that no resuspension of organic matter from the sediment takes place, that macrophytes reduce the light availability in the water body by 70% (down to 1 m water depth) and 30% in the 1-2 m interval and an increased zooplankton grazing by 20%. The model simulations are carried out separately for every changed parameter. One simulation combined all parameter changes. All scenario results are compared to present model simulations without an explicit consideration of macrophytes.





3 Results



3.1 Macrophytes in the Oder/Szczecin Lagoon – the historic state

In the 1890’s, Brandt (1896) carried out a field survey and mapping of macrophytes in the eastern part of the lagoon, the Wielki Zalew. He reported bulrush (Juncus l.), Potamogeton species and other macrophytes down to a colonization depth of at least 2 m and mentioned a rich and diverse fauna in emerse macrophytes stands. Based on comments by Neuhaus (1933), data of Neubaur (1927) and Holtz (1892) and conclusions by Gosselck and Schabelon (2007) it can be assumed that charophytes were present in the 1890’s in different parts of the lagoon, as well. Studies of Schubert et al. (2003) indicate that the following species were present in the lagoon a century ago: Chara contraria, Chara hispida, Chara tomentosa, Chara globularis, Nitellopsis obtuse, Potamogeton lucens and Ranunculus reptans.

Figure 2 extrapolates the field data to the entire lagoon assuming a maximum colonization depth of 2.5 m and that no gradients between different parts of the lagoon exist. This colonization depth shows the best agreement with the map of Brandt (1896). We consider the resulting 36% macrophyte coverage as the likely maximum historical coverage with macrophytes and as reference for the WFD (40% of the Wielki Zalew and 32% of the Kleines Haff). In comparison, assuming a maximum colonization depth of 2 m would result in a total macrophyte covered area of 27% of the total lagoon surface area. It is likely that the existing gradients in water transparency between both parts of the lagoon (Friedland et al., 2019a) existed a century ago, as well. This means that the past spatial macrophyte coverage in the Kleines Haff (Figure 2) is possibly overestimated, but data that would allow an estimation of the maximum colonization depths 130 years ago is lacking. Transferring the present relative transparency gradient to the past would result in past maximum macrophyte coverage in the Kleines Haff of only about 20%. These facts suggest that the lagoon was never a macrophyte dominated, clear water system. However, it does not mean that macrophytes do not play an important role in the lagoon’s ecology.




Figure 2 | Macrophytes coverage around 1890 based on data (Brandt, 1896) and extrapolation to the entire lagoon assuming 2.5 m water depth as maximum colonization depth.






3.2 Present state of macrophyte coverage and composition

The results combine own data on spatial macrophyte coverages and colonization depths, with a literature analysis and transect data obtained from WFD monitoring. Focus is on the Kleines Haff. Reed (Phragmites australis) and bulrush (Schoenoplectus lacustris), littoral helophytes, are the dominant species and are abundant at the entire lagoon coastline. During the sampling campaign in 2016, reed was observed down to a water depth of 1.5 m and bulrush down to 2.6 m. These emerse macrophytes compete with submerged vegetation for space. The reed belts in the lagoon are dense. Three meters inside the reed belt (from the sea front) near the town Bellin, an average number of up to 312 reed stems/m2 with an average diameter of 7 mm was counted.

Only in sheltered areas of the Kleines Haff, submerse macrophytes are abundant and diverse. In front of emerse macrophyte belts and in shallow exposed areas the coverage is patchy with low densities (Dumke, 2001; Gosselck and Schabelon, 2007). Species and their share are compiled in Table 1. In the Kleines Haff, Potamogeton species are most abundant and cover plots of 5-50 m² (Gosselck and Schabelon, 2007) followed by Ceratophyllum demersum. The recent monitoring shows a significant coverage with Myriophyllum spicatum, as well.


Table 1 | Compilation of data on submerse macrophyte species and their maximum observed colonization depth in Kleines Haff based monitoring data and complementing literature (Selig et al., 2006; Gosselck and Schabelon, 2007; Porsche et al., 2008; Schadach, 2013). The shares are calculated based on the number of individuals (total=1920) found on all transects. Potamogeton pectinatus = Stuckenia pectinata.



A historical data compilation covering the last centuries (Schubert et al., 2007) documents the presence of seagrass (Zostera marina and Zostera noltei) in most of the south-western Baltic coastal waters. The data does not indicate the presence of seagrass in any part of the Oder Lagoon, because of its low salinity. Neubaur (1927) reports the dominance of charophytes in parts of the northern Wielki Zalew. Still in the 1960s, Garbacik-Wesolowska, 1969, 1973 in Wolnomiejski and Witek, 2013) mentions an area of 65 ha covered by charophytes in the Wielki Zalew and a 15.5% total macrophyte coverage of the Wielki Zalew. Until 2013, data does not prove the presence of charophytes in the Kleines Haff.

The most recent monitoring of 2015, 2018 and 2021, in the Kleines Haff reports 25 species for the Kleines Haff. The species spectrum includes the Charophytes Chara aspera and Chara baltica, which are found only sporadically, and the spermatophytes Ceratophyllum demersum, Elodea nuttallii, Myriophyllum spicatum, Phragmites australis, Potamogeton crispus, Potamogeton friesii, Potamogeton pectinatus, Potamogeton perfoliatus and, locally even, Zostera marina.

Based on the PHYtoBenthic Index used within the WFD assessment, the present state of macrophytes in the Oder Lagoon is classified as non-satisfactory. The PHYtoBenthic Index focusses on angiosperms and macrophytes (e.g. characean/charophytes), the ecological value of species, the percentage spatial coverage per water depth and the loss of colonization depth are criteria. Main reasons for the non-satisfactory state are a relatively poor species diversity and the lack of ecologically valuable species. The recent local observation of charophytes alone can hardly be interpreted as an improved ecological state of the lagoon. However, the data at least suggests a tendency towards an improvement.

Another important aspect that negatively affects the state assessment is the insufficient spatial coverage of macrophytes compared to the potential area at the present Secchi depth of 0.6 m (Figure 3). The reference value for the lower distribution limit of submerged macrophytes in the Kleines Haff is 3.0 m, according to the WFD assessment. The colonization depth for an excellent state is ≥2.7 m and for the good state between 2.4 m and 2.7 m, based on calculations by Domin et al. (2004). On average over the years 2015 and 2021 and over all transects, the present lower colonization depth is only 1.2 m and far below the threshold for a good status. Only very locally, on one transect at the northern coast near Gummlin, a colonization depth between 1.9 m and 2.2 m was recorded.




Figure 3 | GIS-Maps showing coverage and species distribution today compared to the potential coverage area at the present Secchi depth of 0.6 m. (A) provides on overview and (B, C) show important areas enlarged.



Assuming that water depths down to 1.5 m potentially could be fully covered by macrophytes would result in an area of about 13% of the total areas of the Kleines Haff. Our survey data complemented with exiting WFD transect sampling data suggests a very patchy distribution and a real coverage close to 5% of the Kleines Haff surface area.

The loss of macrophytes in Baltic inner coastal waters is commonly regarded as indirect effect of eutrophication (Schiewer and Glocke, 1996). The annual riverine TN and TP loads to the lagoon increased between the 1880’s and the maximum in the 1980’s from about 14,000 t TN (1,000 t TP) to 115,000 t TN (10,500 t TP). In the early 1970’s, this increases intensified and caused strong eutrophication with increased phytoplankton concentrations, increased resuspendable organic material and subsequently declining light conditions. However, the limited macrophyte coverage 130 years ago suggests that macrophytes were either lost due to earlier eutrophication or as a result of long-lasting human impact.




3.3 Macrophyte coverage in a potential good water quality state

The question is how large would macrophytes covered areas be, compared to the situation today and in the past, assuming that good water transparency in the lagoon exists? The present water transparency threshold according to the WFD is a Secchi depth of 1.7 m in the Kleines Haff (Sagert et al., 2008). Based on model simulations, Friedland et al. (2019a) suggest 1.97 m for the Kleines Haff and 2.87 m Secchi depth for the Wielki Zalew. For a Secchi depth of 1.7 m, Middelboe and Markager (1997) provide a colonization depth for charophytes of 2.19 m and for angiosperms of 1.99 m for many Danish aquatic systems that are comparable to the Oder Lagoon. Comparing the thresholds for a good water transparency and the threshold for a good macrophyte colonization depth show an existing mismatch that requires a harmonization. It is likely that a good water transparency status of 1.7 m Secchi depth would not allow a colonization depth of above 2.4 m.

Reference state for the lagoon according to the WFD is a dominance of charophytes (Schubert et al., 2003; Selig et al., 2006). Therefore, charophytes and angiosperms represent the ecologically preferred target groups describing the good ecological status. As a consequence, we focus on the potential spatial coverage of these groups. The potential areas covered by angiosperms and charophytes are shown in Figure 4. At least 27% of the Kleines Haff areas would be covered by macrophytes in a good ecological status. Taking into account gradients between the two parts of the lagoons, with a higher transparency in the Wielki Zalew, this could result in a total macrophyte coverage of about 35%. This coverage is very close to our historic maximum coverage. Therefore, a Secchi depth of 1.7 m for the Kleines Haff represents a situation before the 1890’s and seems to be a too ambitious threshold for a good ecological status.




Figure 4 | Potential spatial coverage of ecological target macrophytes in a potential good ecological status assuming a water transparency (Secchi depth) of 1.7 m according to Sagert et al. (2008): (A) charophytes and (B) angiosperms. Sediment distribution map after (Osadczuk and Wawrzyniak-Wydrowska, 1998).



The Secchi depths for a good ecological status suggested by Friedland et al. (2019a) is even much larger and would result a macrophyte coverage in above 50% of the lagoon. The same is true for the exiting target (> 2.4 m) describing a good ecological state according to the WFD. This is far beyond what we consider as maximum possible historic coverage of 36% and does not seem realistic, not even as reference state according to the WFD.

However, all these macrophyte coverage calculations are theoretical. It is well known that the distribution of macrophytes is not only controlled by light availability. The sediment plays an important role. Macrophytes usually prefer consolidated, stable sediments and are not able to settle on fine, muddy sediments. The sediment map (Figure 4) indicates that sandy sediments prevail near-shore and macrophyte growth in the lagoon is hardly restricted by unsuitable bottom conditions. Other important factors are exposition to wind, waves and currents (Scheffer, 1998; Yousef, 1999; Schneider, 2004). Since the lagoon is west-east oriented, it is exposed to the dominating westerly winds and frequent storms. Resulting waves, strong currents and high critical shear stress at the bottom seem to restrict the macrophyte distribution in reality, as well.




3.4 Effects of macrophytes on water quality

Guiding for this sub-chapter is one question: How relevant are macrophytes for the water quality in the lagoon? As mentioned before, the effects of macrophytes on aquatic ecosystems and especially water quality are well known and well documented (e.g. Scheffer, 1998; Horppila and Nurminen, 2003; Hilt et al., 2006; Blindow et al., 2014). Can macrophytes affect water quality in the entire lagoon, can changes in macrophyte coverage explain changes in water quality and have macrophytes to be taken into account when defining chemical water quality thresholds according to the WFD?

The model suggests that a macrophyte colonization depth of 2 m water depth would reduce the concentration of organic matter in the water column in a narrow near coast strip by more than 50% (Figure 5A). Especially sheltered shallow systems such as Lake Neuwarp and Lake Usedom are strongly affected. Macrophytes would affect even central parts of the lagoon by reducing organic matter concentration by 10%-20%. Changes in zooplankton grazing pressure (Figure 5B) are restricted to near shore areas and hardly affect central parts of the lagoon. Shading by macrophytes is limited to the coastal macrophyte covered areas (Figure 5C). The cumulative effect of the changes resulting from increased macrophyte coverage on the phytoplankton concentration in the lagoon, expressed in terms of chl.a, is shown in Figure 5D. Sheltered and semi-closed areas would face a chl.a reduction of about 10% and offshore areas of about 3%. Central parts of the lagoon are even less affected. This is especially true for the Kleines Haff. Altogether, macrophytes have effects on nearshore water quality, while open parts of the lagoon are not much affected. We cannot expect that changes in macrophyte coverage during the last 140 years affected water quality parameters in the central parts of the lagoon significantly. However, our model simulations take into account only major aspects.




Figure 5 | 3D-Ecosystem model simulations of potential effects of macrophytes (colonization depth of 2 m) on ecologically relevant parameters in the lagoon: (A) resuspension, (B) zooplankton, (C) light availability at the bottom and (D) chlorophyll-concentrations in the surface layer. The simulations assume the present external nutrient loads.



Since water quality thresholds are determined based on data from central lagoon stations, an effect cannot be expected. The existing thresholds can be regarded as reliable. Another question is whether data from the central lagoon is really representative for the state of lagoon. The introduction of additional near shore stations would certainly provide a more complete picture of the state of the lagoon and is therefore recommendable.

Figure 6 summarizes the effects of macrophytes on chl.a concentrations integrated over the areas of the two parts of the lagoon. Reduced resuspension increases the light availability in the water body and favors phytoplankton while the other macrophyte effects, e.g. shading or increased zooplankton concentrations, hamper phytoplankton growth (Figures 6A, B). The combination of all effects result in a chl.a reduction of 5% in the Wielki Zalew and below 2% in the Kleines Haff. Assuming the much lower historic loads of 1880 in the model simulations result in a chl.a reduction of below 4% in the Wielki Zalew and below 1% in the Kleines Haff. The lower the loads, the lower are the effects of macrophytes on water quality. It becomes obvious, that the Wielki Zalew is and always was much more affected by macrophytes and changes in coverages than the Kleines Haff. Model results suggest that the effects of macrophytes on water quality in the entire Oder Lagoon is and always was very limited. For model based assessments within the WFD, such as the lagoon’s behavior on nutrient load increases and reductions, macrophytes can be neglected. The benefit of introducing state variables describing macrophytes in the model does not justify the effort and is not recommendable for the Oder Lagoon. Simplified approaches can be applied. In other smaller or shallower coastal waters this will certainly be different. A consequence is that the analysis of long-term changes and management perspectives for the lagoon can neglect macrophytes and focus on fundamental relationships between external loads and lagoon water quality. This is in agreement with Blindow and Meyer (2015) who mention a macrophyte containing volume of 15-20% as prerequisite for strong controlling effects in shallow lakes. Assuming the maximum colonization depth of 2.5 m in the Oder Lagoon, the macrophyte containing lagoon water volume would be close to 10% and assuming a colonization depth of 2 m the volume would be reduced to only 6-7%.




Figure 6 | 3D-Ecosystem model simulations of potential effects of increased macrophyte coverage (colonization depth of 2 m) and resulting reduced sediment resuspension, increased zooplankton grazing and reduced light availability at the bottom on chlorophyll a-concentrations in the two parts of the Oder Lagoon, the German Kleines Haff (A) and the Polish Wielki Zalew (B). (C, D) show similar results, but assume historical external nutrient loads around 1880.






3.5 Relationships between eutrophication controlling factors

Guiding question is whether eutrophication in the lagoon already took place centuries ago or if the lagoon is even a naturally eutrophied system. The latter would explain the relatively low coverage with macrophytes centuries ago. The old comprehensive OECD study of world-wide lakes by Vollenweider (1976) and later up-dates by Jones and Lee (1986) can give an insight into major relationships between nutrient loads and basic water quality parameters. Lee and Jones (1981) confirm the transferability of the relationships to estuaries and Reynolds (1992) introduce light as limiting factor. This allows answering the additional question, whether the lagoon can be regarded as a system with a behavior that is typical for lagoons and lakes.

Figure 7A shows that both parts of the lagoon have and had for the last 30 years a molar N/P close to 7/1 (expressed by weight). This indicates that P is not the limiting element for primary production in the lagoon, but that N may play an important role in controlling primary productivity. However, in comparison to the OECD lakes, the lagoon shows high concentrations for both nutrients in the water. The relationship between P and chl.a can be regarded as typical, as well (Figure 7B). Here too, the concentrations for both parameters are very high when compared to the OECD lakes. This is true for the situation today and 30 years ago. Water transparency in both parts of the lagoon is and was very low compared to the investigated OECD lakes. In the Wielki Zalew, the relationship between water transparency and average chl.a-concentrations is comparable to the lakes (Figure 7C). In contrast, the Kleines Haff shows a relatively low transparency at the given chl.a-concentration. Due to its shallowness, and longer retention time, sediment resuspension is more prominent in the Kleines Haff. The important role of sediment resuspension on water transparency is confirmed by frequent Secchi depths below 1 m even during winter seasons.




Figure 7 | Chlorophyll a, dissolved inorganic nitrogen (DIN) and dissolved inorganic phosphorus (DIP) concentrations (averages April-August) in the two partsof the Oder Lagoon, the German Kleines Haff (A, B) and the Polish Wielki Zalew (C, D), during the last decades. (B, D) show smoothened trends.



The very high nutrient concentrations, the tendency that N is the element with the shorter availability and the low water transparency indicates that light is the limiting factor for primary production in both parts of the lagoon, but that light limitation in the Kleines Haff is even stronger. The lagoon shows a situation beyond P-limitation as described by Reynolds (1992).

The OECD study of world-wide lakes by Vollenweider (1976) provides a relationship between external P-loads and the sensitiveness of a lake towards eutrophication. The shallower a system and the higher the water residence time, the higher the sensitiveness towards eutrophication and the lower the acceptable external P-load (Figure 7D). The P-loads to the entire Oder Lagoon and to each part of the lagoon is today and was 40 years ago above the acceptable loads for a non-eutrophied system. Compared to the Wielki Zalew, the higher water residence time and the slightly lower average depths makes the Kleines Haff more sensitive towards eutrophication. It is known that internal eutrophication, the release of P from the sediment during hypoxic conditions, in some years can play a role (Bangel et al., 2002), however a systematic study is still lacking.

The main source of external P is the Oder river, draining into the Wielki Zalew. As a consequence, the Kleines Haff receives significantly less external P compared to the Wielki Zalew. In both parts of the lagoon, the P-loads are far above the acceptable level and keep the system in a eutrophic state. Even if we assume that the maximum allowable P-input (MAI), required for a good ecological status of the Baltic Sea according to Helcom, would be reached in future this would not cause a change in the lagoon. The MAI is still far above the critical load and would keep all parts of the lagoon in a eutrophic state. The historic P-loads reflect the situation around the 1880’s, about 140 years ago (Gadegast et al., 2012; Hirt et al., 2014; Gadegast and Venohr, 2015). At that time, we can assume emissions into surface waters of the Oder catchment below 6 kg N/ha and around 0.1 kg P/ha. Very likely, the loads around the 1880’s were not significantly higher compared to earlier centuries. As a consequence, we can assume that the P-loads were above the critical level and kept the lagoon in a eutrophic state already for centuries. This allows to address the lagoon as a naturally eutrophied system, with limited submerse macrophyte coverage.




3.6 Long-term development of water quality

For the last decades, the question how water quality in the lagoon is and was affected by external nutrient load reductions, can be assessed in more detail. The external nutrient loads had a maximum in the 1980’s of 115,000 t TN (10,500 t TP) and strongly declined to 56,750 t TN (2,800 t TP) in 2010-2014 (Friedland et al., 2019a). Figure 8 compiles all existing data for N, P and chl.a from the central stations in Kleines Haff and Wielki Zalew. The dissolved inorganic N concentrations in the Wielki Zalew partly correspond to the Oder/Odra river nitrogen loads. For example, the flood year 2010 discharged about 90,000 t N to the lagoon and increased the DIN concentration to about 140 µmol/l. However, the strong variability between the years cannot be explained by external annual N loads (Figure 8C). The N concentrations in the Kleines Haff show a less strong inter-annual variability and do not follow the pattern in the Wielki Zalew (Figure 8A).




Figure 8 | Functional relationships between nutrient loads and water quality parameters in Oder/Szczecin Lagoon and its two parts Wielki Zalew and Kleines Haff in the context of the OECD worldwide lake study (Vollenweider, 1976). (A) Total Nitrogen versus Total Phosphorus concentrations; (B) Chlorophyll-a versus Total Phosphorus concentrations; (C) Secchi depth versus Chlorophyll-a concentrations and (D) external P loading versus average depth divided by residence time.



The annual N and P concentrations in both parts of the lagoon do not show a systematic relationship to each other and the P concentrations in the lagoon are not clearly related to external P loads. Altogether the inter-annual variability of P-concentrations in Kleines Haff is stronger compared to Wielki Zalew. Schernewski et al. (2011) suggest that P-peaks in 1989 are resulting from temporal hypoxia and the release of iron-bound P from the sediments. This could be an explanation for the P-peak in the hot year 2003, as well. Bachor (2005) estimated an N content of 14,200 t and a P content of 2,400 t in the upper sediment layer (0-5 cm) for the Kleines Haff. In Wielki Zalew, P release from the sediment under temporary hypoxic conditions might explain the P peak in 2003, as well. This anoxic P-release is a process often observed in shallow aquatic systems (Boström and Pettersson, 1982; Jensen and Andersen, 1992). The Oder/Odra river influence, shipping induced turbulence and a higher water exchange with the Baltic Sea are reasonable explanations that internal eutrophication is less obvious in the Wielki Zalew data.

The chl.a-concentrations show a strong inter-annual variability in both parts of the lagoon. Especially in the Kleines Haff, the data suggests an opposite behavior of N and chl.a-concentrations and in the last decade, the N concentrations in both parts of the lagoon are in some years close to zero.

The aggregated annual data is not suitable to analyze processes in detail. For the Wielki Zalew, a higher temporal resolution of the data could possibly prove a relationship between especially external N loads and concentrations in the lagoon water. However, what we can conclude is that the Kleines Haff and the Wielki Zalew behave differently. While the first seems strongly influenced by internal lagoon processes, the latter is much stronger driven by external Oder/Odra river loads.

The smoothened data of the last 30-40 years for both parts of the lagoon indicate a strong decline of nutrient concentrations in the water that reflect the decline in external nutrient loads (Figures 8B, D). In Wielki Zalew, a slight decline of chl.a is visible during the last 30 years, while chl.a-concentrations in Kleines Haff remain stable.

Most important for macrophytes are changes in water transparency. From the 1990’s, summerly water transparency has slightly increased in the Kleines Haff from 0.5m to 0.6 m and in Wielki Zalew from 0.85 m to 1.1 m (Figure 9). However, the reliability of these trends is limited by the strong data variability and the non-homogeneous water transparency developments during other seasons. Reasons for different water transparencies between the two parts of the lagoon could be the Oder/Odra river water, which has a higher transparency, the lower water depth of the Kleines Haff, that favours sediment resuspension, and the availability of resuspendable organic material. The artificially deepened and regularly dredged shipping channel in the Wieki Zalew additionally serves as trap for organic matter (Minning, 2004) and in a longer perspective reduces the amount of available organic material. On the other hand, ship induced turbulence may even increase resuspension, at least locally.




Figure 9 | Seasonal data on water transparency (Secchi depth) (A) and chlorophyll a (B) in the two parts of the Oder Lagoon, the German Kleines Haff and the Polish Wielki Zalew, averaged over decades and covering the last 60 years.



In late winter and autumn the chl.a concentrations in the Kleines Haff seem to have increased during the last three decades. This could result from a climate warming. Higher temperatures in autumn and in winter, with less ice coverage, potentially enable a higher primary production during these seasons.

Obviously, the Kleines Haff is still light limited and changes in nutrient concentrations do not affect primary productions. Wielki Zalew shows a tendency to shift from a light limited towards a N controlled system. However, the chl.a-concentrations are still very high and one can hardly speak of a lasting N limitation. Shallow, turbid systems, such as the lagoon, enable a fast cycling of nutrients within days. Further, cyanobacteria are dominating in summer and have the potential to make atmospheric N accessible. A prove of N-fixation by cyanobacteria, that would indicate a real N shortage, is still lacking for the Szczecin Lagoon. This is very different in comparable lagoons, such as the Curonian Lagoon (Zilius et al., 2021).





4 Discussion

What are the ecological perspectives for the lagoon and to what extent can management measures improve its ecological state? Further, why is the macrophyte coverage today smaller than it potentially could be? Does this result from a hysteresis effect (Scheffer, 1998; Blindow and Meyer, 2015; Friedland et al., 2019a)?

The Szczecin Lagoon can be regarded as common with respect to the relationships between water quality parameters. The data does not show strong shifts in water quality during the intensified eutrophication period in the 20th century until the mid 1980’s. The data further indicates that the system was eutrophic already for centuries and can be regarded as a natural eutrophic system that was never dominated by macrophytes. The present external nutrient loads still keep the system in a eutrophic state.

The data of the last 30 years shows reduced external loads but, different to the expectations, only a limited or no reduction of chl.a-concentrations in the water. This indicates no or only a limited decline of phytoplankton biomass. Despite all efforts, the loads and subsequently the nutrient and chl.a-concentrations are still very high. Phytoplankton in the lagoon is controlled by light or partly by N. A light or N controlled system does not allow an eutrophication management via nutrient load reductions, because N shortages can be compensated by internal processes. The external P loads cannot be reduced to a level that the system becomes P-limited. The existing HELCOM maximum allowable inputs (MAI) for N and P are reasonable from a Baltic Sea protection perspective, but even in case they will be reached, they will leave the lagoon in a highly eutrophic state. The same is true if the nutrient concentrations in the Oder/Odra river would reach a level that reflect a good ecological status according to the WFD. The resulting P-loads with the river would still be too high for the lagoon. The new program of measures (IKSO, 2022b) for reducing nutrient loads in the river basin is, from a lagoon perspective, not sufficient for improving water quality in the lagoon significantly and hardly can be. However, the investigation of a large number of Dutch lakes (Portielje and van der Molen, 1999) shows that the relationship between external loads can vary in a wide range and depends on system specific properties and processes. In a large system with bays and differently exposed areas, like the Oder lagoon, local water quality improvements may be possible as a result of local changes in macrophyte coverage.

The lagoon serves as a sink for external nutrients and reduces the loads to the Baltic Sea. This function is usually neglected, for example, in calculation of the maximum allowable loads to the Baltic Sea. A consequence is that the Baltic Sea, in fact, receives less nutrients than assumed by HELCOM (2013). Wielgat and Witek (2004) calculate an annual nitrogen retention of about 20% of the N-loads and 17% of the P-loads in the lagoon. Burial is the only sink for P, while denitrification and burial each contribute about 10% to the N-retention. The important role of denitrification in the lagoon is confirmed by data, as well (Voss et al., 2010). All these processes are quantitatively relevant, have a seasonality and affect the lagoon’s sink function. In future, this should to be taken into account for calculating realistic, seasonal loads to the Baltic Sea.

For deriving water quality thresholds according to the WFD in Germany, values of the ‘reference’ state around 1880 were increased by 50%. The reference state was based on model simulations (Schernewski et al., 2015). Target is a good ecological status better than the threshold. Friedland et al. (2019a) follow the same approach to derive thresholds for both parts of the lagoon, namely 14.3 µg/l chl.a in the Kleines Haff and 17.3 µg/l chl.a in the Wielki Zalew. The present chl.a-concentrations in the Kleines Haff are about 4 times and in Wielki Zalew 2 times higher. It is questionable if the approach for deriving thresholds is suitable for a non-nutrient limited system, but more important is that these thresholds are not harmonized with approaches determining concentrations and loads in rivers. The nutrient concentration thresholds in the lagoon have to be related to the loads resulting from a good status in the river and would have to be 1.5-2 time higher compared to the suggested present values. It seems that in general, a new approach for deriving ecological targets and thresholds is required that better considers the relationships and dependencies between linked aquatic systems.

However, important for the Oder Lagoon is that by deriving thresholds based on the common technical implementation guidelines of the WFD, that are applied throughout Europe, the resulting chl.a-concentrations would describe a eutrophic situation. Usually, the good ecological status is derived from reference conditions that describe the system in a largely natural state. In Germany the reference period are the years around 1880 (Schernewski et al., 2015). In a naturally eutrophic system the ‘good ecological status’ according to WFD is a phytoplankton dominated, turbid, eutrophic status. Similar problems occur with respect to the water transparency thresholds. The thresholds are 1.7 m (Secchi depth, summer month) according to Sagert et al. (2008) and the modified values of 2.87 m (Wielki Zalew) and 1.97 m (Kleines Haff) by Friedland et al. (2019a). According to Middelboe and Markager (1997), a Secchi depth of 1.7 m would allow colonization depth of charophytes and angiosperms of above 2 m water depth and describe the situation observed by Brandt (1896) 130 years ago. A situation similar to what was observed 130 years ago is not a realistic target. The target values by Friedland et al. (2019a) and the present WFD macrophyte colonization depth thresholds for a good ecological status based on Domin et al. (2004) are even more ambitious. They reflect a situation that, very likely, never occurred in the lagoon, at least not in the Kleines Haff. In the Kleines Haff, a colonization depth of about 2 m would be a realistic target. It is obvious that present approaches for deriving WFD water quality threshold values in the lagoon show deficits. However, Chambers and Kalff (1985) show that the colonization depth of species very much depends on several other parameters. Therefore, reliable thresholds are not easy to obtain and a transfer of approaches from shallow coastal water system to another can be misleading. Further, the colonization depth alone seems an incomplete indicator for the ecological state because it does not provide information on the spatial coverage and stock densities of species. Further, the colonization is species dependent.

In German, in 2015, over 60% of all assessed coastal waters were considered to be in a poor or bad and none in a good or high status (BMUB/UBA, 2016). This results from an insufficient status of macroalgae, angiosperms as well as other aquatic flora. In comparison, less than 40% of all lakes were assessed as poor or bad and only less than 20% of the German transitional water (only occurring in the North Sea) were considered as poor (BMUB/UBA, 2016). This is a hint that natural eutrophic systems, like the Oder lagoon, which is defined as a coastal water, are no exception. It is further a hint that the definition of thresholds for a good ecological status, despite following the same approach, may require a reconsideration. This is at least true if the good ecological status is the politically defined target that needs to reached within the next years.

The model, its validation and a critical discussion of the performance is provided by Neumann (2000); Schernewski et al. (2019) and Friedland et al. (2019a; 2019b). The biogeochemical model ERGOM does not explicitly represent macrophytes in form of state variables and wave induced resuspension is only considered in a simplified way. Therefore, the model simulations can hardly be regarded as reliable in itself, but the relative changes between the scenarios indicated by the model can provide some insights. Since monitoring takes place in central parts of the lagoon and data-based thresholds and assessments represent the conditions in these central parts, the existing model is generally suitable for simulating hydro-chemical and chlorophyll-a concentrations in past and future as well as quality thresholds. Further, in the Oder lagoon, the influence of macrophytes on chemical parameters and phytoplankton in the open lagoon seems limited. Against this background and for the purpose of overall lagoon investigations, it does not seem necessary to introduce macrophytes in the model in form of additional state variables. The present ERGOM model does not calculate water transparency in the desired quality, but requires lagoon specific adjustment factors to properly represent Secchi-depth. It seems that water transparency is only partly controlled by phytoplankton concentrations and water color. Short-term sediment resuspension seems to strongly affect water transparency in the lagoon and that these processes are still not represented in the model in a sufficient quality. Therefore, improvements are still required to increase the model’s practical relevance and applicability within the WFD. Further, a relationship between macrophyte colonization depth and water transparency as well as other controlling factors, such as sediment erosion, needs to be established. Detailed studies on the quantitative role of temporal internal P-release from the sediment require a higher spatial, especially horizontal, resolution of the hydrodynamic model.

However, if the lagoon cannot be transferred into a non-eutrophic system by external nutrient load reductions and has to be regarded as a naturally eutrophic system, what are the management options to improve its ecological state? A large variety of measures exists that can potentially be implemented in the lagoon to improve water quality and reduce eutrophication. For example, mechanical measures such as groin systems for reducing sediment resuspension, sediment dredging and dumping on land or sediment capping with clay to prohibit nutrient release from sediments (Oncken et al., 2022). The precipitation of P is a potential chemical measure. Biological measures are selective fisheries to favor piscivorous fish, macroalgae cultivation or the enlargement of mussel beds. The most promising measure, Dreissena mussel farming has been assessed in depth (Schernewski et al., 2012; Friedland et al., 2019b; Schernewski et al., 2019). Mussel farming can lead to local improvements, but none of these measures can realistically improve water quality in a lagoon of this size. Latest, this would be prohibited by legal and financial considerations. Commercial shipping in the lagoon is largely restricted to the dredged channel across the Wielki Zalew. With the recent channel deepening the intensity will very likely increase, but because of the large spatial distance to macrophyte areas, negative consequences seem unlikely. Increasing sport boat traffic and anchoring in shallow areas might become a problem in future.

The potential historic maximum macrophyte coverage is calculated to be 35% of the lagoons surface area. Presently, the patchy macrophyte coverage is only about 12% of the lagoon area. This suggests that the lagoon was never a macrophyte dominated, clear water system. However, it does not mean that macrophytes do not play an important role in the lagoon’s ecology. One aspect that has been neglected in our study, is the stepwise deepening of the shipping channel during the last century. In 1880 the first artificial channel had a depth of 5.7 m, was deepened to 5.7 m in 1939, to 10.5 m in 1984 and presently deepened to 12.5 m. This caused changes in flow cross-sections, a spatial re-allocation of the water discharge to the Baltic Sea between the three outlets and slightly changed transport pattern in the lagoon. The effects on the water residence time in the lagoon are negligible. However, the increasing cross-section favours short-termed intrusions of Baltic Sea water, with a salinity of about 6 psu, into the lagoon. Spatial data analysis covering the 1980’ and 1990’s show, that these intrusions into the lagoon are only local and temporary, close to the shipping channel (Bangel et al., 2004). They do not affect the salinity of the lagoon (presently 1-2 psu) significantly. However, in future ongoing sea-level rise may have consequences for the water exchange with the Baltic Sea. Further, it may increase shallow areas in size and increase the colonization area for macrophytes, especially for reed and bulrush. This may increase their relevance for the lagoon’s ecology.

Today the existing coverage with submerse macrophytes is below the potential coverage area considering the existing water transparency. It is known from many lakes that the artificial colonization with macrophytes can be successful and beneficial for the ecological state (Scheffer et al., 1992; James and Barko, 1994; Hilt et al., 2006; Hussner et al., 2010), since macrophytes are a quality element in itself in the WFD. Is it necessary to re-establish macrophytes stocks or to introduce species that are not present anymore? Recent studies by Nowak et al. (2018), Steinhardt and Selig (2008) and Blindow et al. (2016) document that germinable diaspores of many species are present in the sediments of all observed German Baltic coastal water. Nowak et al. (2018) conclude that diaspores have the potential to restore macrophyte communities. This can happen even decades after the stocks were lost. Recent field data of the Wielki Zalew already indicated Potamogeton perfoliatus and Myriophyllum spicatum at a depth of 2–2.2 m (Wozniczka, pers. com.) and the re-occurance of charophytes is reported by Brzeska et al. (2015). Charophytes were recently observed in the Kleines Haff, as well. The available data does not allow to speak of an improved ecological state, but indicates that macrophytes recover naturally as soon as the conditions are suitable. They do not require supporting artificial measures. Frequent sediment resuspension and storm induced sediment relocations should prevent a permanent burial of germinable diaspores and maintain a natural re-settlement potential. The investigation of organic sediment cores might provide new insights. The ongoing macrophyte monitoring within the WFD is providing more and more data. In future, a more detailed study on species level would make sense.

Friedland et al. (2019a) consider that hysteresis effects might hamper the re-settlement in the lagoon, but we do not see any indication for that. The lagoon seems to adapt continuously to changes, because it was never an oligotrophic, clear water system that performed a sudden regime shift into an eutrophic state. Therefore, the Oder Lagoon is very different to neighboring systems that are subject to much lower external loads (Blindow and Meyer, 2015). Further, Janssen et al. (2014) show that large aquatic systems generally behave differently, largely because of existing spatial heterogeneities.

Already in medieval times, the lagoon was known for its diverse and abundant fish fauna. Already in 1495, the intensive fisheries became regulated. Different types of fishing boats were used, for example the common up to 22 m long Zeesen boats. Already in the 16th century, ground touching fisheries with about 80 large Zeesen boats (Rudolph, 1969, Fircks, 2011) caused high pressure on fish stocks. Intensive fisheries already centuries ago indicates a productive, eutrophic system. It can be assumed, that around 1890 ground touching fisheries together with the common near shore gillnet and pot fisheries had caused large scale mechanical destructions on macrophyte stocks. Today, the mechanical destruction of underwater habitats by human activities, such as fisheries, dredging or sport boating, is ongoing, but more locally. A strict avoidance of mechanical disturbances down to a water depth of 2.5 would certainly be beneficial for a macrophyte re-colonization. The long lasting overexploitation of piscivorous fish might have amplified eutrophication, as suggested by Schindler (2006). Even today the fishing pressure on valuable and marketable piscivorous fish is high and several species are extinct from the lagoon. A systematic improvement of piscivorous fish stocks may be a supporting measure to reduce eutrophication in the lagoon.

An ongoing process that may increase water transparency and support the macrophyte recovery naturally is the recent invasion of the lagoon by Quagga mussels (Dreissena bugensis). First recorded in 2014 in the Wielki Zalew, it is still unclear if it replaces the existing Zebra mussel (Wawrzyniak-Wydrowska et al., 2018) and will affect water transparency in the lagoon significantly. In the Kleines Haff, the Quagga mussel already became the dominant mussel species. Potentially, the Quagga mussel is an efficient filter feeder with a high potential ability to clean water and it is larger and growths faster compared to the Zebra mussel (Baldwin et al., 2002; Rudstam and Gandino, 2020).

Altogether, we need to state that the possibilities to improve the water quality of the lagoon are very limited. However, improvements of the ecological state, especially with respect to macrophytes, are possible and should be implemented.




5 Conclusions

There is still a need for a harmonization of ecological targets between rivers, inner and outer coastal waters and the sea that fully recognizes the dependencies. Existing competing policies, in the Baltic the EU Water Framework Directive and the Baltic Sea Action Plan cause contradictions.

A harmonization of indicator thresholds describing the good ecological status indicator is needed, despite the existing EU Water Framework Directive. Indicator thresholds are derived based on different approaches that do not sufficiently reflect dependencies between parameters e.g. between water transparency and macrophyte colonization depth for good ecological state target species.

We need to accept that an eutrophic state can be the natural state of a system and that nutrient load reductions as common management approaches may remain insufficient. Consequence is that we need to reconsider ecological target states of ecosystems.

A further exploration of internal measures in coastal waters is needed, especially the cost-effectiveness and societal acceptance needs to be addressed.
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Active restoration actions are becoming increasingly common for the recovery of degraded ecosystems. However, establishing when an ecosystem is fully restored is rarely achieved, since the recovery of entire communities needs long-term trajectories. The lack of evidence of success is even more severe in marine ecosystems, especially in the context of macroalgal forests, where beyond the vegetation structure and species diversity there is no approximation determining the recovery of the overall functionality. Trait-based ecology facilitates the link between species composition and ecosystem functions and processes. In this study, we used a trait-based approach to assess functional recovery ten years after the start of a restoration action in a marine macroalgal forest. Species and functional diversity were compared among the restored locality, a nearby locality where the expansion of the restoration is naturally occurring, a neighbouring non-restored locality (at a distance of a few meters), and the only two remaining localities dominated by the same structural macroalga that were used as reference (non-perturbed). Species diversity and composition of the restored locality were similar to those found in reference macroalgal forests, while the non-restored and expansion locality showed different species composition and lower species diversity. Functional richness was 4-fold higher in the restored locality than in the non-restored one, even surpassing one reference macroalgal locality. The restored locality showed a greater number of trait categories, especially traits related to higher structural complexity and longer life spans, indicating changes in ecosystem functions and processes. The restoration of a canopy-forming macroalga is the first step to achieving the recovery of an entire macroalgal forest (i.e., associated species and functional diversity). The application of traditional taxonomical indices plus functional parameters provides useful insights into the assessment of the success of restoration actions at the community level, emerging as a promising approach to be replicated and contrasted in other marine and terrestrial ecosystems.
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1 Introduction

The impact of humans on natural environments occurs in a wide variety of the world’s ecosystems, mainly derived from changes in land use, pollution, and exploitation of natural resources (Sanderson et al., 2002; Foley et al., 2005; Ellis et al., 2010). These human alterations have led to widespread habitat loss, changes in biodiversity, species invasions and extinctions, and declines in ecosystem condition (Butchart et al., 2010; Ceballos et al., 2015). Consequently, shifts in the functioning of ecosystems have been detected and, in some cases, changes in some ecosystems services that are of value for human societies (Dobson et al., 2006; Cardinale et al., 2012).

Some ecosystems are so degraded that natural recovery is almost impossible in short and medium terms, even when the impacts leading to their collapse have been removed. Human-mediated restoration initiatives are often applied, becoming one of the only tools capable of reverting the loss of an ecosystem (Dobson et al., 1997; Holl & Aide, 2011). Ecological restoration has emerged as a critical measure for the management of heavily degraded ecosystems and is now a global priority (Aronson & Alexander, 2013; Suding et al., 2015). Supporting this idea, the Convention on Biological Diversity has set restoration targets (Secretariat of the Convention on Biological Diversity, 2014), and in 2019 the “United Nation Decade of ecosystem restoration 2021-2030” was declared. In fact, the number of undertaken restoration actions has increased notably over the past decades (Wortley et al., 2013; Carlucci et al., 2020), evolving from mitigation – removing human disturbances to allow for unassisted recovery – to active restoration – direct interventions in an effort to intentionally influence the trajectory of recovery (Simenstad et al., 2006; Elliott et al., 2007).

Some ecosystems have traditionally been more actively restored than others (e.g., terrestrial forests and grasslands) and several years of practice have determined what characterizes successful restoration. In general, vegetation structure, species diversity, and ecosystem functions have been suggested as the three key attributes to assess restoration outcomes (Ruiz-Jaen & Aide, 2005; Wortley et al., 2013). However, while the trajectory of vegetation structure (e.g., vegetation cover, density, and biomass) and species diversity (e.g., richness and abundance) following restoration is well understood, knowledge regarding the recovery effect on ecosystem functions is still limited (Brudvig, 2011; Kollmann et al., 2016). Many evaluations of restoration success first focus on the development of the target species because it is broadly assumed that following its recovery it will add structure to the habitat (Geist & Hawkins, 2016). In doing so, other associated organisms should benefit from the increase in structural complexity and the ecosystem will eventually recover its processes and functions (Geist & Hawkins, 2016). However, recent studies have demonstrated that in some cases either species composition or ecosystem processes have not been fully re-established, pointing to the need to empirically test the relationship between the recovery of a target – usually foundation species – and the processes and functions of the ecosystem (Rey Benayas et al., 2009; Moreno-Mateos et al., 2012; Crouzeilles et al., 2016). In this line, assessment of ecosystem functional recovery should include not only target species viability but also quantifiable properties to describe the community in terms of structure alongside ecosystem functions (Montoya et al., 2012).

Trait-based ecology enables the analysis of the influence of species identity and composition on ecosystem functions and processes (Garnier et al., 2004; McGill et al., 2006). Functional traits are determined by morphological, physiological, and biological characteristics of the species and are considered relevant to influence the environment, affecting ecosystem properties and services (Violle et al., 2007; Díaz et al., 2013). Thus, functional diversity indices based on trait information improve the understanding of the functioning of an ecosystem (Mouillot et al., 2013), and when used together with traditional taxonomic-based indices they can provide a comprehensive evaluation of restoration projects (Cadotte et al., 2011; Montoya et al., 2012; Laughlin, 2014). Indeed, the application of functional trait approaches to ecological restoration is receiving growing attention worldwide (Carlucci et al., 2020), with some examples mainly focused on vegetation (e.g., Piqueray et al., 2015; Engst et al., 2016; Zirbel et al., 2017). To achieve in-depth and thorough assessments of functional recovery, studies should include as many species as possible and a broad combination of traits encompassing different facets of ecological processes. To this effect, comprehensive assessments are still needed for many ecosystems, probably because the required surveys to gather information about different species groups and species traits is challenging and time consuming.

In marine coastal regions, brown seaweeds can create complex ecosystems often described as macroalgal forests, where macroalgae are the major contributors to primary production, providing food and shelter for other organisms, and consequently hosting an important biodiversity hotspot (Steneck et al., 2002; Smale et al., 2013). In the Mediterranean Sea, macroalgal forests are characterized by canopy-forming species of the genus Cystoseira sensu lato (including the genera Cystoseira C. Agardh, Gongolaria Boehmer and Ericaria Stackhouse; Molinari & Guiry, 2020), representing the highest level of complexity. However, several Mediterranean macroalgal forests have been declining over the last decades, such that previously widespread Cystoseira s.l. species have become locally extinct or their populations have been severely reduced and fragmented (e.g., Thibaut et al., 2005; Thibaut et al., 2015; Mariani et al., 2019). The first example of a self-sustaining macroalgal population after restoration in the Mediterranean Sea was reported by Verdura et al. (2018). In March 2011, a single restoring action allowed the recovery of a previously extinct population of the macroalga Gongolaria barbata in the Bay of Maó, Menorca (NW Mediterranean) (Figure 1). The species thrived in the area one hundred years ago, but it became locally extinct following a reduction in water quality related to waste water effluents and harbour operations (Sales et al., 2011). Even when water quality was improved due to management measures involving stopping wastewater dumping, G. barbata populations were unable to recover. The success of the restoring action was first assessed considering the density and size structure distribution of the target species, which showed comparable values to those obtained in the reference population (Verdura et al., 2018) (Figure 1). The presence of fertile individuals and new recruits confirmed that the restored population was self-maintained. More recently, a high-resolution cartography was carried out to describe the expansion patterns of the population, finding an increase of three orders of magnitude in the area occupied by G. barbata since the restoring action took place (Gran et al., 2022).




Figure 1 | (A, B) Gongolaria barbata locality after the restoring action in the Bay of Maó (Menorca); (C) the “before-the-action” locality sat in the Bay of Maó; and (D) G. barbata habitat in one reference locality, in Cala Rotja. Photo credits: Xavi Calsina (@XCalsi; A), Enric Ballesteros (B), Cristina Galobart (C) and Jordi Boada (D).



The lack of recovery evidence is even more severe in marine ecosystems, since marine restoration science is very young in comparison to its terrestrial counterpart (Elliott et al., 2007; Rey Benayas et al., 2009; Kollmann et al., 2016, but see Saunders et al., 2020), representing only 7% of all restoring actions available in the literature (Blignaut et al., 2013). In the context of macroalgal forests, the few worldwide successful examples of active restoration are focused on the recovery of canopy-forming species (Whitaker et al., 2010; Verdura et al., 2018; Fredriksen et al., 2020; Layton et al., 2020; Cebrian et al., 2021). To our knowledge, only two studies have introduced the measurement of the re-established diversity, addressed by species composition and their abundance (Ling, 2008; Marzinelli et al., 2016). Further, macroalgal restoration projects are in general maintained over time spans of less than 2 years (Eger et al., 2022).

Here, we assess for the first time the recovery of ecosystem functions in a ten-year restored macroalgal forest dominated by Gongolaria barbata. Using both traditional taxonomical indices and a functional trait approach, we test the assumption that after the reintroduction of the primary and structural species the associated biodiversity will recover and, in turn, the associated ecosystem functions and processes. We also hypothesised that the time since the presence of the structural species will influence the outcomes, with longer periods showing better recoveries. To do so, we considered the entire algal species composition and included 14 functional traits related to major aspects of the macroalgal species ecology. The main aim of the present study is to provide evidence of macroalgal taxonomical and functional recovery by describing a valid and solid approach which can be easily replicated and compared among marine and terrestrial ecosystems.




2 Materials and methods



2.1 Localities and sample collection

To study the taxonomical and functional recovery following restoration we have surveyed five different localities: the focus of the initial restoration intervention, with > than 9 years of the structural species presence (hereafter “Restored”); a nearby locality where G. barbata is growing and represents the natural expansion of the restoration, with > than 3 years of the structural species presence (hereafter “Expansion Area”); a non-restored locality placed 100 m from the restored one and where the structural species has not yet arrived, representing the “before-the-action” locality (hereafter, “Non-Restored”); and two reference localities where the specimens used in the restoration come from, Cala Rotja (hereafter, “Reference 1”) and Miami (hereafter, “Reference 2”) (Figure 2). “Reference 1” and “Reference 2” corresponded to the only two remaining G. barbata populations in the Spanish Mediterranean and nearby France (the closest population is found hundreds of km away), and represent mature and well-established G. barbata habitats (Sales & Ballesteros, 2009; Verdura et al., 2018; Mariani et al., 2019). All the studied localities were shallow (0-1 m depth) and sheltered.




Figure 2 | (A) Map of Menorca, NW Mediterranean; (B, C) Restored, Expansion Area and Non-Restored sampling localities in the Bay of Maó (collected 100 m apart); (D) Reference localities of Gongolaria barbata in Fornells Bay. The lower plot (C) was produced by Gran et al. (2022) and represents the abundance of G. barbata restored population, showing the two focal points of the restoration action (delimited by square quadrats) and the expansion area (where G. barbata is naturally growing and expanding after the action). Colours indicate % abundance according to the scale included.



To determine the benthic macroalgal composition, three samples (replicates) were randomly collected at each locality in summer 2019. For each sample, the whole community was removed from an area of 20 x 20 cm with hammer and chisel (Ballesteros, 1986). The sampling area and the number of replicates were based on the information provided by previous studies that defined the minimum sampling area for Mediterranean infra-littoral assemblages dominated by canopy-forming macroalgae (Cinelli et al., 1977; Dhondt & Coppejans, 1977; Boudouresque and Belsher, 1979; Coppejans, 1980; Ballesteros, 1992; Sant et al., 2017). The use of this number of replicates and the area of each sample represents a well-established method across Mediterranean literature (e.g., Mangialajo et al., 2008; Orlando-Bonaca & Rotter, 2018; Piazzi et al., 2018; Sedano et al., 2019). Samples were placed in plastic bags and preserved in 4% seawater-formalin solution for further laboratory identification. Most macroalgal individuals were identified to species level and, whenever this was not possible, to genera level. Species abundances were calculated as dry weights (in g), obtained after 48 hours of drying at 60°C.




2.2 Traditional biodiversity indices

For each sample, we calculated species biomass (B), species richness (S), and species diversity (Shannon-Wiener index, H’). One-way ANOVA with locality (five levels: Non-Restored, Restored, Expansion Area, Reference 1 and Reference 2) as a fixed factor was then performed for each index. We tested for normal distribution of residuals and homogeneity of variances using Shapiro-Wilk and Levene’s tests, respectively, to check the assumptions of the model (all p-values > 0.05). When the ANOVA proved significant results we performed Tukey pairwise-comparisons to test for differences between locality pairs.

To investigate patterns of variation in the species composition among samples and localities, we used a 3D non-metric multidimensional scaling (nMDS) ordination analysis based on Bray-Curtis similarities, with species abundance data previously square-root transformed. To test for differences in Bray-Curtis distances between our samples we used a permutational analysis of variance (PERMANOVA), again with locality (five levels: Non-Restored, Restored, Expansion Area, Reference 1 and Reference 2) as a fixed factor (Anderson, 2017).




2.3 Functional characterization of macroalgal species

Functional diversity was assessed using species trait information. Following the methods described in Teixidó et al. (2018), we considered the traits strictly related to macroalgae and adapted their categorization. We focused on the following 14 traits: morphological form, solitary-colonial life history, maximum longevity, maximum height, maximum width, epibiosis, major photosynthetic pigments, age of reproductive maturity, potential of asexual reproduction, growth rates, physical defences/calcification, and chemical defences. In addition, we added two more traits to better capture species ecological functions: algal biological cycle and type of vegetative (Supplementary Table 1). Trait category values for each species were obtained from Teixidó et al. (2018) or were assigned by team member expertise and the published literature. Hereafter, species sharing the same values in all trait categories were defined as functional entities (FEs, unique combinations of traits).




2.4 Functional diversity

For each locality we calculated the number of species, the number of FE, and the functional richness (Fric). Fric represents the amount of functional space calculated as the volume inside a convex hull, shaped by the position of FEs (Mouillot et al., 2013). The convex hull algorithm determines the most external FEs and joins these points to calculate the volume inside, in a way that the final multidimensional space is the minimum space that includes all the present FEs. To determine the position of each FE, we first used the Gower metric – which allows for mixing different types of variables – to calculate a pairwise distance matrix (Podani & Schmera, 2006). Using the distance matrix, a Principal Coordinate Analysis (PCoA) was computed to build the multidimensional space. The number of axes was selected using the mean squared-deviation index (mSD), which was calculated between FEs initial distances and FEs final distances in the functional space (Maire et al., 2015). Including five PCoA dimensions allowed us to retain 64% of the explained variation and a reasonably low mSD value (0.0082). Last, we obtained the percentage of functional volume that overlaps between pairs of localities (that is, the proportional volume of one locality that is shared with another locality).

All analyses were conducted in R version 4.0.2 (R Development Core Team, 2018).





3 Results



3.1 Traditional biodiversity indices and species composition

A total of 60 macroalgal and one seagrass species were found in the five localities (Supplementary Table 2). Species biomass (B), species richness (S), and species diversity (measured with Shannon-Wiener index, H’) significantly varied among localities (Supplementary Table 3). Species biomass was 3-fold greater in “Restored” than in “Non-Restored” (393 ± 75 and 122 ± 87 g m-2, respectively), while “Expansion Area” showed intermediate values (254 ± 93 g m-2). The biomass of “Restored”, “Reference 1” and “Reference 2” was similar (407 ± 153 and 357 ± 44 g m-2 in “Reference 1” and “Reference 2”, respectively) (Figure 3A). In the same line, mean species richness (S) and species diversity (H’) were also high in “Restored”, with values reaching those found in the richest reference locality (“Reference 1”) (Figures 3B, C). In contrast, “Non-Restored” and “Expansion Area” consistently showed the lowest values of species richness and diversity (Figures 3B, C).




Figure 3 | Variability of biomass (A); mean species richness (B); and Shannon-Weiner diversity (C) between localities. Dissimilar letters above boxes indicate significant differences (p-values of Tukey test with 95% confidence intervals). Locality codes: “Non-Restored” (Non-Rest), “Restored” (Rest), “Expansion Area” (Exp), “Reference 1” (Ref 1), “Reference 2” (Ref 2).



Species composition also differed among localities (PERMANOVA: r2 = 0.59, F = 3.61, p-value = 0.001). The nMDS ordination showed that whereas species composition of “Restored” and “Expansion Area” was similar, leading to closer and sometimes overlapping positions in the ordination space, “Non-Restored” (which was collected only few meters apart) was distinctly separated from them (Figure 4). Both “Reference 1” and “Reference 2” also differed from all other localities (“Restored”, “Expansion Area” and “Non-Restored”), thus showing variability in species composition among different G. barbata populations (Figure 4).




Figure 4 | Non-metric multidimensional scaling (nMDS) ordination of species assemblages, based on square-root transformed abundance data (dry weight) and Bray-Curtis dissimilarity. Locality codes: “Non-Restored” (Non-Rest), “Restored” (Rest), “Expansion Area” (Exp), “Reference 1” (Ref 1), “Reference 2” (Ref 2).






3.2 Functional diversity

The total number of identified macroalgal species ranged from 13 in “Expansion Area” to 39 in “Restored” (Figure 5). “Non-Restored” and “Reference 2” showed similar number of species (17 and 19, respectively), while the value found in “Reference 1” was greater and closer to “Restored” (34 and 39, respectively). The high value of species richness in “Restored” is linked to a high number of functional entities (FEs, unique combination of traits). Accordingly, we found 36 FEs in “Restored”, while 13 and 16 FEs in “Expansion Area” and “Non-Restored”, respectively. In addition to the gain of species and FEs, “Restored” showed a 4-fold increase in functional richness (Fric see methods section) when compared to “Non-Restored”, from 0.0016 to 0.0069, respectively (Figure 5). The functional richness in “Expansion Area” did not increase as in “Restored” and was the one with less functional volume (0.0012). For both “Reference 1” and “Reference 2”, the number of species, FEs and functional richness were consistently higher than in “Non-Restored” and “Expansion Area”, but were always lower than in “Restored”. Interestingly, while “Non-Restored” and “Reference 2” presented similar numbers of FEs (16 and 18, respectively), the functional volume that “Reference 2” occupied doubled that of “Non-Restored” (0.0033 and 0.0016, respectively), since the FEs found in “Non-Restored” had similar combination of traits thus leading to closer positions in the functional space (Figure 6). Indeed, the visual representation of FEs and their abundance in the functional space revealed that in “Non-Restored” only two main and similar FEs accounted for the majority of total abundance, whereas in “Restored”, “Expansion Area”, and both reference localities, abundances were distributed among a greater number of FEs (Figure 6). “Restored” and “Expansion Area” showed a similar distribution of FEs, especially when considering the most abundant ones (Figure 6). However, “Restored” supported a high number of non-abundant FEs that were not present in “Expansion Area” (Figure 6).




Figure 5 | Upper plots: Number of species (Sp) and number of functional entities (FE) in left axis, and functional diversity (Vol. 5D) in right axis, among the five studied localities (values are displayed above corresponding bars). Lower plots: Functional diversity is calculated as the space filled by all the FEs (filled points) present in each locality. The axes (PCoA 1 and PCoA 2) represent the first two dimensions of the 5D space from a Principal Coordinate Analysis (PCoA = computed on functional-trait values). Total number of species = 61; total number of FE = 54.






Figure 6 | Distribution of FE abundance across the functional space. Each point represents a functional entity and point sizes are proportional to the relative abundance (measured as dry weight).






3.3 Functional traits across localities

The FEs in “Restored”, “Expansion Area”, and both reference localities were characterized by a wide variety of categories within the traits, whereas in “Non-Restored” were more homogenous (Figure 7). After 9 years of the restoration of G. barbata, macroalgal species from “Restored” reached the same varied combination of morphological forms as “Reference 1”, including 8 different morphologies (Figure 7). The “Expansion Area”, representing the area with 3 years of presence of the structural species, also showed 7 different morphologies. The diversity of categories of all the other traits considered in this study was consistently higher for “Restored” and “Reference 1”, which showed categories related to slower life histories, with examples of FEs measuring up to 50 cm, living up to 10-20 years and reaching reproductive maturity mostly between 1 and 2 years old (Figure 7). In contrast, 98% of FEs in “Non-Restored” accounted for only two morphologies (foliose erect/sheets and branched thallus) derived from the macroalgae Padina pavonica and Halopteris scoparia. The predominance of these two species in “Non-Restored” resulted in only one leading category in 9 out of 14 traits: solitary/colonial, height, width, major photosynthetic pigments, age at maturity reproduction, asexual reproduction, growth rates, chemical defences, and biological cycle. Moreover, FEs in “Non-Restored” exhibited categories describing more seasonal life histories, generally with smaller size (5-20 cm), shorter-lived species (1 year as a maximum) and rapid reproductive maturity ages (3-5 months). Overall, both reference localities, “Restored” and “Expansion Area” presented more heterogeneity within traits, with trait categories that were not present in “Non-Restored”, highlighting the higher functional diversity of these assemblages (Figure 7).




Figure 7 | Relative abundances of each trait category in each locality. Trait codes: Morphological form: (A) filaments, (B) stolonial, (C) encrusting, (D) encrusting, leaf-like, with blades, (E) foliose erect thallus, sheets/blades, (F) coarsely branched, (G) articulated, (H) cup-like, (I) massive encrusting, (J) massive-hemispheric, (K) massive-erect, (L) tree-like, (M) grass-like; Solitary-colonial: (1) solitary, (2) gregarious, (3) colonial; Maximum longevity: (1) weeks, (2) 3–11 months, (3) 1 year, (4) 2 years, (5) 5 years, (6) 10–20 years, (7) >20 years; Height: (1) up to 1 mm, (2) 1–10 mm, (3) 10–50 mm, (4) 50–200 mm, (5) 200–500 mm, (6) 500 mm-2000 mm; Width: (1) up to 0.1 mm, (2) 0.1–1 mm, (3) 1–10 mm, (4) 10–50 mm, (5) 50–200 mm, (6) >200 mm; Epibiosis: (1) obligate, (2) facultative, (3) never; Major photosynthetic pigments: (A) Chl a, Chl b, β-carotene, xanthophyll, (B) Chl a, xanthophyll/fucoxanthin, Chl c1 + c2, (C) Chl a, phycocyanin, phycoerythrin; Age reproductive maturity: (1) weeks, (2) 3–5 months, (3) 6–11 months, (4) 1 year, (5) 2 years, (6) 2–5 years, (7) >5 years; Asexual reproduction: (1) no, (2) yes; Growth rates: (1) extreme slow (<1 cm/year), (2) slow (1 cm/year), (3) moderate (>1 cm/year), (4) high (5–10 cm/year), (5) very high (>10 cm/year); Calcification: (A) without, (B) external carbonate, (C) carbonate with discontinuities, (D) continuous carbonate; Chemical defenses: (1) no, (2) yes; Biological cycle: (1) monophasic, (2) diphasic isomorph, (3) diphasic heteromorph, (4) triphasic isomorph, (5) triphasic heteromorph; Vegetative reproduction: (1) without, (2) stolon, (3) fragments, (4) propagules.







4 Discussion

In this study, we provide the first example of recovery of ecosystem functions, under a functional-trait framework, after an active restoration in a macroalgal forest. The patterns in species and functional diversity reported here suggest that restoration is an important strategy in mitigating biodiversity losses and reinstating part of the lost functionality. Due to the limited restoration examples, marine restoration success is often based on short-term periods (1-2 years on average, Bayraktarov et al., 2016; Kollmann et al., 2016, but see Saunders et al., 2020). In terrestrial projects, however, the time elapsed since restoration started has been a key factor to reach similar conditions as those found in reference systems (Martin et al., 2013; Crouzeilles et al., 2016). Considering that the recovery of many marine ecosystems can take up to 15-25 years (Jones & Schmitz, 2009; Borja et al., 2010), the current time span used in most marine restoration activities might be insufficient to reliably evaluate the outputs. To this effect, where short-lived and high-turnover species are the target biological components of an ecosystem, full recovery could be achieved within shorter timescales (see examples in Borja et al., 2010). However, this is not the case of the structural components of macroalgal forests, where some of the foundational species are considered mid-/long-lived seaweeds (see examples in Schiel & Foster, 2006; Smale et al., 2013). Knowledge regarding the dynamics of the target species (e.g., growth rates, turnover, and longevity) should guide restoration efforts, pointing to the importance of long-term monitoring assessments for assemblages constituted of species with long life spans, such as some Mediterranean macroalgal forests (e.g., Ballesteros et al., 2002; Ballesteros et al., 2009; Capdevila et al., 2016).

Also derived from the short-term evaluations, especially in marine ecosystems, restoration success often considers parameters related to the target species’ survival, with common measures of growth or density of the individuals (Bayraktarov et al., 2016; Jacob et al., 2018; Cebrian et al., 2021). In terrestrial ecological restoration, vegetation structure is also the most common quantitative indicator (Ruiz-Jaen & Aide, 2005; Gómez-Aparicio, 2009) together with community measures such as the species richness, the biodiversity indices and the species composition (Gatica-Saavedra et al., 2017; Hughes et al., 2017). In this study, species biomass, mean number of species, and species diversity (Shannon-Weiner index) of the restored locality reached the values of one reference locality (“Reference 1”). The restored locality even surpassed mean values of the other reference locality (“Reference 2”), supporting restoration success. Variations in biodiversity of the two reference localities could be explained by differences in local factors, since a priori similar communities might be subjected to different environmental conditions, resulting in species composition variations (Bernhardt-Römermann et al., 2015; and see examples in Matthews et al., 2009; da Costa et al., 2019). Thus, local environmental factors (e.g., type of substrate or sediment loading) and biotic factors (e.g., grazing pressure) might determine species composition and diversity. For this reason, the inclusion of more than one reference locality in restoration assessments is highly recommendable to account for the variability of natural communities and to describe different, but possible, restoration outcomes (Gann et al., 2019; Prach et al., 2019).

The macroalgal species assemblage of the restored and expansion localities differed from the non-restored locality, and were also different when compared with the macroalgal forests of reference (Figure 8). This trend has also been found in other restoration projects, where restored systems do not strictly follow the expected direction toward references (e.g., Sluis, 2002; Matthews & Spyreas, 2010; Suganuma et al., 2014). Time will determine whether the restored locality will eventually mirror a reference macroalgal forests or it will remain structurally and functionally dissimilar. Recent restoring frameworks and directives suggest that ecosystem restoration should first aim to recover past ecosystems where viable, but where not, a shift in objectives targeting novel but still improved ones should be adopted (Jackson & Hobbs, 2009; Gann et al., 2019). Restored ecosystems may have new combinations of species that have not occurred previously, but that could ensure the maintenance of the structure and functions of the system (Suding & Gross, 2006; Choi et al., 2008). Even so, historical knowledge is highly valuable and should always be used as a guide which accepts multiple trajectories, considers future environmental changes, and seeks for the recovery of ecosystem services (Higgs et al., 2014; Martin, 2017; Gann et al., 2019).




Figure 8 | Upper right: Diagram of the functional volume of the studied localities, where circle sizes are proportional to the amount of functional space occupied by each locality. Percentages indicate the proportion of functional volume contained in one locality that is also contained within another locality (e.g., 99.5% of “Non-Restored” volume is shared with “Restored” volume, 37.7% of “Restored” volume is shared with “Reference 2” volume). Upper left: Representation of the variability of trait categories in each locality (three high variable traits were selected as an example and categories with an abundance greater than 2% are represented). Lower right: The potential ecosystem functions recovered in the restored locality. Lower left: Summarised representation of the species diversity in each locality. Graphics were obtained from the Integration and Application Network (ian.umces.edu/media-library).



We also demonstrated an increase of functional richness (Fric) with restoration (Figure 8), indicating that the recovery of macroalgal species filling vacant functional space not occupied prior to restoration, effectively occurred. Interestingly, we observed that the species composition, the distribution and the abundance of FEs and the variability within traits in the area where G. barbata is naturally spreading (“Expansion Area”) is highly similar to those of the restored locality (Figure 8). These similarities are due to the most dominant and abundant species in the restored locality being already present in the area of expansion. Despite this, functional diversity was lower since a high number of less abundant species are still lacking, showing that the recovery of some species and part of the biomass does not directly translate into a full recovery of all other species and their functionality (Figure 8). These results highlight, again, the need of long periods to allow the recovery of the whole community after restoration.

In the restored locality, there were more functional entities (FEs) and they were more distanced in the functional space, deriving from a greater range of categories within each trait (that is, more varied traits). In particular, after restoration, the macroalgal assemblage shifted from having only two main taxa and a small number of trait categories (e.g., two morphological forms, only solitary species, and one category of height and width) to a more heterogeneous assemblage involving six morphologies, the presence of gregarious and colonial taxa, and varied sizes with some large species but also other smaller ones. In addition, the restored assemblage included species with longer life spans and later reproductive maturity. In the same way as terrestrial plants, an increase in species architecture and size suggests a superior ability to compete for light (Reich, 2014) and it is sometimes associated with higher accumulation of standing biomass (de Bello et al., 2010). Similarly, recovering long-lived species along with morphological complexity is likely to increase the creation of three-dimensional biogenic habitats, increasing, for instance, long-term nutrient storage (de Bello et al., 2010; Teixidó et al., 2011) (Figure 8). Adding stable structure and complexity also offers shelter for other organisms and reinstates the nursery capacity of these communities (Ørberg et al., 2018; Fulton et al., 2019). Hence, restoration not only benefited the macroalgal species but also probably lead to further consequences for other groups (i.e., invertebrates and fishes) (Figure 8). Nonetheless, it is important to consider that one process or function is not controlled by a single trait belonging to a specific trophic level (e.g., primary producers, herbivores or carnivores) but by some key traits related to various trophic levels, which are simultaneously involved in the control of multiple functions (de Bello et al., 2010; Pistón et al., 2019). Like the restored locality, both reference macroalgal forests were also characterised by a high variability in the different functional trait categories. A greater range of trait categories in these reference forests could increase the likelihood of some species responding differently to variable conditions and perturbations (e.g., extreme climatic events), which also contributes to assemblage stability and resilience and to the maintenance of long-term ecosystem functioning (Díaz & Cabido, 2001; Cadotte et al., 2011). Last, and of interest, is that the non-restored locality and one reference macroalgal locality (Reference 2) showed similar low diversity values through the application of taxonomical information, the reference macroalgal locality doubled the diversity results when using functional information, underlining the utility and complementarity of these metrics.

Predictable outcomes are a major goal of restoration ecology (Choi, 2007; Rey Benayas et al., 2009; Matthews & Spyreas, 2010), thus studies assessing ecosystem functioning through the lens of trait-based approaches can help to promote more generalizable outcomes (Suding et al., 2008). Even so, few studies have tested these ideas and, to our knowledge, they have never been applied in marine benthic ecosystems. We have demonstrated that if we are dealing with the structural species of an assemblage, a single restoring action can lead to the recovery of the associated biodiversity and, in turn, to the recovery of its functioning. Our study showed that the application of functional metrics together with traditional taxonomical indices provide valuable information for the understanding of macroalgal ecosystem functioning, and this approach has the potential to be extended and replicated in other restoration evaluations.
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Grazing is one of the most important biological factors controlling the abundance of early-life stages of fucoids and one of the major issues when restoring marine forests. Benthic macroinvertebrates (e.g., sea urchins) and fish shape and regulate benthic macroalgal communities from polar to tropical regions and can be responsible for regime shifts leading to the predominance of turfs and/or barren grounds. However, other herbivores (i.e., mesograzers) could also significantly participate in the grazing, especially on early-life stages, hampering the persistence and capacity of Cystoseira sensu lato populations to recover after major disturbances and being a cause of failure of restoration actions. We performed experiments in the field and in mesocosm in order to investigate the herbivory pressure and the effects of different grazers on recruits of Cystoseira compressa. The results highlight that non-strict herbivorous invertebrates, such as Clibanarius erythropus, Cerithium vulgatum, and Idotea balthica, graze on recruits of Cystoseira s.l. spp., with I. balthica showing the highest consumption rate. We concluded that biotic factors such as herbivory, which affect key life stages, can be crucial for the conservation of Cystoseira s.l. forests and need to be better understood and considered on a case-by-case basis when planning restoration actions.
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1 Introduction

Marine forests of large brown macroalgae represented by the species from the orders Laminariales, Tylopteridales, Desmarestiales, and Fucales form structurally complex habitats in polar and temperate regions around the world (Wernberg and Filbee-Dexter, 2019). These forests, commonly located on intertidal and subtidal rocky bottoms, provide important ecosystem functions, such as habitat, food, and shelter to multiple species. They are also one of the world’s most productive ecosystems, participating in capturing carbon dioxide (Boudouresque et al., 2016; Wernberg and Filbee-Dexter, 2019; Pessarrodona et al., 2022). Despite the important ecological functions marine forests provide, multiple anthropogenic stressors are pushing them to the edge (Filbee-Dexter and Wernberg, 2018; Carnell and Keough, 2019; Wernberg et al., 2019). A worldwide decline of marine forests is occurring, mainly driven by the destruction of habitats, reduced water quality, global change, and proliferation of herbivores (Wernberg et al., 2019; Orfanidis et al., 2021; Pessarrodona et al., 2021). In particular, overgrazing by sea urchins and herbivorous fish species is, in some locations, responsible for such declines (Foster and Schiel, 2010; Gianni et al., 2017; Sharma et al., 2021; Barrientos et al., 2022).

Herbivores shape and regulate benthic macroalgal communities in a variety of natural rocky reef systems (Scheibling et al., 1999; Vanderklift et al., 2009; Vergés et al., 2009), and in turn, plant–herbivore interactions are controlled by biotic and abiotic factors (Korpinen et al., 2007). Ocean warming, increased pCO2, and oligotrophic and eutrophic conditions can modify top-down and bottom-up macroalgal communities interactions, increasing grazing and threatening the persistence of habitat-forming macroalgae by altering the density and the species composition of the macroalgal community (Lotze et al., 2001; Hereu et al., 2008; Illa-López et al., 2023). Although local stressors and regional variations can control marine forest dynamics (Krumhansl et al., 2016; Smale, 2020; Verdura et al., 2021; Smith et al., 2022), many studies have shown how sea urchins, native and invasive herbivorous fish, and even omnivorous fish are potential threats to macroalgal communities and responsible for the formation of turfs or barren ground extensions (Tegner et al., 1995; Vergés et al., 2014; Vergés et al., 2016; Papadakis et al., 2021). Mesograzers associated with marine forests such as decapods, gastropods, amphipods, and isopods can significantly participate in the grazing of different life stages of forest-forming species, but little is known about the magnitude of their possible effects (Arrontes et al., 2004; Jonne et al., 2006; Molis et al., 2010; Gunnarsson and Berglund, 2012; Hong et al., 2021; Navarro-Barranco et al., 2022).

In the Mediterranean Sea, the density and abundance of macroalgae are also controlled by herbivores (Vergés et al., 2009; Giakoumi et al., 2012). The two species of sea urchin, Paracentrotus lividus and Arbacia lixula, are the most common benthic macroherbivores of sublittoral rocky bottoms (Bulleri et al., 1999; Agnetta et al., 2015). Both species have been responsible, alongside anthropogenic stressors such as habitat destruction, for the degradation and regime shifts from forest-forming and shrub-forming macroalgal assemblages to barren grounds, favoring the maintenance of stable post-regime shift states (e.g., turfs or barren grounds) in many areas (Sala et al., 1998a; Bulleri et al., 1999; Guidetti and Dulčić, 2007; Guidetti, 2011; Giakoumi et al., 2012). However, sea urchins are not the only macroherbivores that play a role structuring Mediterranean macroalgal assemblages. Sarpa salpa (Salema fish), the only true native herbivorous fish in the Mediterranean Sea (Verlaque, 1990), plays also an important role in structuring macroalgal communities and can be responsible for the depletion of macroalgal forests (Gianni et al., 2017). More recently, the range expansion and invasion of tropical herbivorous fishes such as Siganus spp. (rabbitfish) have contributed to reducing the biomass and diversity of macroalgal species in the Mediterranean Sea, driving regime shifts from macroalgal-dominated communities to barrens (Azzurro et al., 2007; Giakoumi, 2014; Vergés et al., 2014; Vergés et al., 2016; Zarco-Perello et al., 2020).

Mediterranean marine forests are dominated by Cystoseira sensu lato species, including the genera Cystoseira, Ericaria, and Gongolaria (Molinari - Novoa and Guiry, 2020). These canopy-forming macroalgae can form prominent and dense canopies that are analogous to kelp forests of other temperate rocky coasts (Giaccone, 1973; Ballesteros et al., 1998) and constitute one of the most productive and complex habitats of the Mediterranean Sea (Ballesteros, 1989a; Ballesteros, 1990; Clayton, 1990). The zonation of Cystoseira s.l. spp. depends on multiple physical factors such as light, hydrodynamics, temperature, and availability of nutrients (Ballesteros, 1989b) but also on biotic factors such as herbivory (Ruitton et al., 2000; Vergés et al., 2009; Sala et al., 2011). Considering the widespread deforestation of Mediterranean macroalgal forests (Cormaci and Furnari, 1999; Thibaut et al., 2015; Mariani et al., 2019) and the important ecosystem services they provide, important efforts have recently been made to promote their protection and restoration (Eger et al., 2021). Currently, restoration techniques based on recruitment enhancement (by obtaining new recruits from both ex-situ and in-situ techniques) are increasingly being used to restore marine forests (Falace et al., 2018; Verdura et al., 2018; De La Fuente et al., 2019; Cebrian et al., 2021; Savonitto et al., 2021). However, herbivory pressure still constitutes one of the major problems when planning marine forests restoration actions, since it is one of the main causes of failure (Gianni et al., 2013; Gianni et al., 2018; Tamburello et al., 2019b; Savonitto et al., 2021).

Knowing which species graze on different life stages of forest-forming species could be crucial for successful protection and restoration implementation. Grazing is believed to be one of the most important biological factors controlling the abundance of early-life stages of fucoids (Chapman, 1995), whereas the persistence and the resilience of populations to future impacts can be largely dependent on efficient recruitment and growth of the recruits (Ang, 1991; Capdevila et al., 2015; Clausing et al., 2023). Therefore, it is of special interest to study the herbivory pressure on early-life stages as they are usually more vulnerable than adults and high mortality rates are naturally observed during this life stage (Aberg, 1992; Coelho et al., 2000; Schiel and Foster, 2006). The main objective of this study was to investigate the herbivory pressure of different grazers (sea urchins, fishes, decapods, gastropods, amphipods, and isopods) on recruits of Cystoseira compressa. To assess species-specific herbivory pressure on the survival and growth of recruits of C. compressa, we performed experiments in the field (herbivory exclusion) and in mesocosm (grazing rate of decapods, gastropods, amphipods, and isopods) on recruits of this species. C. compressa was selected as a model because it is considered one of the most resistant Cystoseira s.l. spp. to manipulation and the only not protected under the Barcelona Convention Annex II and the United Nations Environment Programme/Mediterranean Action Plan-UNEP/MAP (Mangialajo et al., 2012; Verlaque et al., 2019). This species, which could also have a role in facilitating the settlement of other Cystoseira s.l. spp. (Mangialajo et al., 2012), is still present in the French Riviera, where patches can be found along exposed rocky shores. However, dense populations are only found in rockpools in Lérins Islands (authors’ personal information; Thibaut et al., 2015).




2 Material and methods



2.1 Study sites

Three sites were selected to study the herbivory pressure on recruits of Cystoseira compressa: (i) a site where a Cystoseira s.l. forest is present (Sainte Marguerite Island) and (ii) two sites where C. compressa was reported in the past but is lost nowadays (Beaulieu-sur-Mer and Passable; Thibaut et al., 2015). The Sainte Marguerite Island site (hereafter Sainte Marguerite; WN-Mediterranean Sea, Lérins Islands, Cannes, France) is a rockpool system located in a protected Natura 2000 site. Situated 1.3 km from the coast of Cannes is where there are some of the last well-conserved shallow marine forests in the Côte d’Azur (Figure 1). The rockpool system (between 0.2 and 1.0 m depth) is composed mainly of C. compressa, Gongolaria barbata, Ericaria crinita, and Ericaria brachycarpa. The two sites deprived of Cystoseira s.l. forests are located on an urbanized continental open coast in (i) Fourmis’ Bay in Beaulieu-sur-Mer (hereafter Beaulieu), a semi-exposed site between 0.5 and 1 m depth, and (ii) Passable in Saint-Jean-Cap-Ferrat (hereafter Passable), a sheltered site around 0.5 m depth (Figure 1).




Figure 1 | Location of the three experimental sites: (i) the rockpool system in Sainte Marguerite Island in Lérins Islands (43°30′57.6″N, 7°3′14.4″E) and (ii) the two open coast sites Beaulieu (43°42′3.6″N, 7°19′48″ E) and Passable (43°41′42″N, 7°16′33.6″E).






2.2 Surveys of herbivores

The presence and density of known and potential herbivorous species, including sea urchins, decapods, and gastropods, were measured at three experimental sites from summer to autumn 2020 and 2021 on five different days in Sainte Marguerite (14/07/2020, 10/09/2020, 20/08/2021, 30/09/2021, 27/10/2021) and in 2021 on three different days in Beaulieu and Passable (30/09/2021, 27/10/2021, 02/11/2021). Herbivorous fish, mainly Sarpa salpa larger or equal to 5 cm in length, were visually quantified in Sainte Marguerite by stationary recording the number of individuals during 5 min, whereas in Beaulieu and Passable, herbivorous fish densities were quantified by recording stationary videos at random points and counting the number of S. salpa individuals in a radius of 5 m during 5 min (n = 10; Sala and Ballesteros, 1997; Vergés et al., 2009). The density of sea urchins was assessed using 50 × 50 cm quadrats (n = 20 per site; Guidetti et al., 2003). The density of decapods and gastropods was determined using 20 × 20 cm quadrats (Barnes, 2003; Jethva et al., 2022) in the rockpool system in Sainte Marguerite (n = 40) and in the open coast in Beaulieu (n = 20) and Passable (n = 20).




2.3 Field experiment 1: herbivory on in-situ recruitment substrates in the forested rockpool system

An herbivory exclusion experiment was performed in the rockpool system in Sainte Marguerite to study the effectiveness of the in-situ recruitment enhancement and assess the herbivory pressure on recruits in the field (Figure 1). There were 18 natural clean rock substrates randomly fixed using Epoxy putty to the bottom of the rockpool system, to provide free substrates. To test the effect of recruitment enhancement (factor Recruitment enhancement, two levels), half of these substrates were seeded using a non-destructive in-situ recruitment enhancement technique (Verdura et al., 2018). In July 2020, the presence of mature conceptacles of C. compressa in the rockpool system in Sainte Marguerite was confirmed under the microscope and apical fertile branches (ca. 3 cm in length) were manually collected and transported in cold and dark conditions in plastic bags to the laboratory. The apical fertile branches were conserved at 4°C in the dark overnight before being placed in-situ on top of the selected substrates the day after. Above each substrate, a net bag containing 5 g fresh weight (FW) of apical fertile branches was placed floating in the water column for 3 days. In order to assess the herbivory impact on the recruits, some of the substrates were protected (factor Herbivory protection, three levels) to avoid herbivory (mainly from fishes and sea urchins, factor level Protected). Artefact controls and substrates with no protection (levels Artefact control and Open, respectively) were also included (Figure 2; Supplementary material S1; Recruitment enhancement × Herbivory Protection, n = 3). The density (number of recruits per 0.04 m2) and size (length in cm of the longest axis) of C. compressa individuals growing on the substrates were monitored at 2, 9, and 12 months and used as response variables. The size of the recruits was determined by measuring 10 individuals from each substrate. All the individuals were measured when less than 10 individuals were present on the substrate.




Figure 2 | Representation of the different experiments performed. Two herbivory experiments were performed in the field, to assess the herbivory pressure on recruits of Cystoseira compressa. A mesocosm experiment to assess the grazing on recruits of C. compressa by the decapod Clibanarius erythropus, the gastropod Cerithium vulgatum, the amphipod Gammarus sp., and the isopod Idotea balthica.



The natural density of the C. compressa individuals naturally present in the rockpool system of Sainte Marguerite was monthly monitored from May to October 2020 using 20 × 20 cm quadrats (n = 25), and the global mean value was used as a reference to assess the evolution of the individuals on our experimental substrates (Verdura et al., 2018).




2.4 Field experiment 2: herbivory on ex-situ recruitment substrates on the deforested open coast

An herbivory exclusion experiment was performed in the two deforested open coast sites (Beaulieu and Passable; Figure 1) to study the herbivory pressure in the field and the success of the ex-situ recruitment enhancement technique in the absence of a Cystoseira s.l. forest. In August 2021, after having observed mature conceptacles under the microscope, around 180 g FW apical branches of C. compressa containing fertile receptacles were collected from the C. compressa donor population located in the rockpool system in Sainte Marguerite. The apical branches were transported in cold and dark conditions, and once in the laboratory, they were gently cleaned with tweezers. To stimulate the release of gametes, the apical branches were maintained at 4°C in the dark overnight before placing them on the culture tanks. The day after, the apical fertile branches were placed on the surface of three 30-l closed system tanks (60 g FW of apical fertile branches per tank) to obtain recruits on the clean natural rock substrates previously placed on the bottom of the tanks (Verdura et al., 2018; De La Fuente et al., 2019). The apical fertile branches were kept for 4 days on the surface of the tanks to release the zygotes. The recruits of C. compressa were kept for 2.5 months in the aquarium facilities, with air pumps and under natural light conditions, before transplanting them to the two open coast sites. Filtered seawater (200 µm mesh) from Anse des Fosses (Saint-Jean-Cap-Ferrat, France) was used for the tanks and was changed every 2 days; no culture medium was provided to the cultures. After 2.5 months in tanks (in October 2021), 24 substrates with similar densities of recruits of C. compressa were transplanted and fixed using Epoxy putty in the two deforested open coast sites. Some substrates with recruits were maintained in the aquarium facilities and used as controls (n = 6). As for experiment 1 (see Section 2.3), half of the transplanted substrates were protected (factor Herbivory protection, two levels, n = 6) to avoid herbivory (mainly fishes and sea urchins) whereas the others were not (Figure 2; Supplementary material S1). The density (number of recruits per 0.04 m2) of C. compressa individuals growing on the substrates was used as a response variable and was monitored at the beginning of the experiment and after 1 and 12 days.




2.5 Mesocosm experiment: potential herbivory pressure of mesograzers

The potential herbivory pressure on recruits of C. compressa of a decapod (Clibanarius erythropus), a gastropod (Cerithium vulgatum), an amphipod (Gammarus sp.), and an isopod (Idotea balthica) was assessed in laboratory. The species and their densities were selected in function of field observations and information reported in the literature for fucoid species (Engkvist et al., 2000; Chemello and Milazzo, 2002; Gozler et al., 2010; Gunnarsson and Berglund, 2012; Suzuki et al., 2020; Hong et al., 2021; Navarro-Barranco et al., 2022).

Clibanarius erythropus and Cerithium vulgatum individuals were obtained from the rockpool system in Sainte Marguerite, within the Cystoseira s.l. forest, whereas I. balthica and Gammarus sp. were obtained from Anse des Fosses (Saint-Jean-Cap-Ferrat, France) within leaves of Posidonia oceanica (Tracheophyta) detritus between 0 and 0.5 m depth. Recruits of Cystoseira compressa were obtained in the laboratory following the same ex-situ cultivation technique as in Section 2.4 and kept in 30-l tanks until the beginning of the mesocosm experiment (2.5 months). The substrates with C. compressa recruits were cleaned from epiphytes and/or growing biofilm with tweezers and a brush before the start of the experiment. Individual substrates with similar biomass of recruits of C. compressa were placed in 2.5-l experimental tanks (100 cm2). Different numbers of herbivores of each species were considered for the experiment: one, two, and three individuals of Clibanarius erythropus were placed in a total of 15 tanks (n = 5); one, three, and five individuals Cerithium vulgatum were placed in a total of 15 tanks (n = 5); and one individual per tank was considered for Gammarus sp. and I. balthica (n = 7; 7 experimental tanks per species). Controls with 0 herbivorous were included. As the experiments with Clibanarius erythropus and Cerithium vulgatum were performed simultaneously, the same controls (n = 5; 5 experimental tanks) were used for both species. The experiments with Gammarus sp. and I. balthica were performed later and shared the same control experimental tanks with 0 individuals (n = 6; 6 experimental tanks; Supplementary material S1).

All the herbivores were kept without food for 48 h before the start of the experiment. Every 2 days, the water temperature was measured and the filtered seawater (200 µm mesh) in the experimental tanks was changed, and faeces were cleaned every day. Clibanarius erythropus and Cerithium vulgatum were maintained in the experimental tanks for 23 days and Gammarus sp. and I. balthica for 4 days, until they consumed all, or almost all, of the available biomass of Cystoseira compressa. Clibanarius erythropus and Cerithium vulgatum were weighted once at the end of the experiment (mg FW) after extracting them from their shells. Gammarus sp. and I. balthica individuals where weighted (mg FW) every 24 h. The mean biomass (FW) of Gammarus sp. individuals was 0.08 ± 0.01 g FW, and the mean biomass of I. balthica individuals was 0.07 ± 0.01 g FW (mean ± se hereafter) at the beginning of the experiment. The consumption of the different species was assessed as the consumed biomass (mg FW) of recruits and extrapolated from the number of Cystoseira compressa recruits. At the start of the experiment, the mean biomass of C. compressa in each experimental tank was 4.96 ± 0.13 mg FW for Clibanarius erythropus, 5.08 ± 0.14 mg FW for Cerithium vulgatum, 4.37 ± 0.37 mg FW for Gammarus sp., and 5.47 ± 0.28 mg FW for I. balthica (Supplementary material S2). The biomass consumption of recruits (mg FW) was evaluated every 24 h the first week and then twice a week, which, with the consumption rate (mg FW Cystoseira compressa mg FW herbivores-1 day-1), were used as response variables.

The biomass (mg FW) of the C. compressa recruits was extrapolated from a linear regression [volume (mm3) ~ biomass (mg FW)]. To do so, the volume of each recruit was calculated approximating its shape to a cone and semi sphere (Supplementary material S2). The maximum length and maximum width of each recruit were measured under a stereomicroscope. Then, this volume was transformed to g FW, using the previously adjusted volume (mm3) ~ biomass (mg FW) linear regression determined on other recruits (R2 = 0.994). To obtain the linear regression, the volume of 38 recruits was determined by a water displacement technique (mL). The volume of each recruit was measured six times, and the mean of the measurements was used. Then, each recruit was dried with absorbent paper before being weighed three times (± 1 mg) for obtaining the FW (Supplementary material S2).




2.6 Statistical analysis

Field experiment 1: The density (ind. 0.04 m-2) and the size (cm) of recruits of C. compressa were used as response variables. A generalized linear model (GLM), with a “Quasipoisson link log distribution function, was used to test the effect of the herbivory protection and recruitment enhancement on the density of recruits after 2 months, with herbivory protection (three levels) and recruitment enhancement (two levels) as fixed factors. The factor recruitment enhancement was no longer considered for further analysis because it was not significant for the first sampling date (2 months). Then, a generalized linear mixed-effect model (GLMM) with a Poisson link log distribution function was used to test the effect of the factor herbivory protection over time with herbivory protection and time (both three levels) as fixed factors and substrate as a random factor, in order to cope with repeated measures over time (Pinheiro and Bates, 2000). A GLMM with an inverse Gaussian link log distribution was used to test the effects of the herbivory protection on the size of the recruits, with herbivory protection and time (both three levels) as fixed factors and the substrate as a random factor.

Field experiment 2: The density of recruits of C. compressa (ind. 0.04 m-2) was used as a response variable. A GLMM with a Poisson link log distribution function was used to test the effect of the herbivory protection on the density of recruits, with herbivory protection (two levels) and time (three levels) as fixed factors and site (two levels) and substrate as random factors to cope with repeated measures over time (Pinheiro and Bates, 2000).

Mesocosm experiment: The cumulative biomass consumption (mg FW) and the consumption rate (mg FW C. compressa mg FW herbivores -1 day -1) of recruits of C. compressa were used as response variables. A linear mixed-effect model (LMM) was used to test the cumulative biomass consumption of recruits by Clibanarius erythropus, Cerithium vulgatum, and I. balthica, with the density of herbivores (four levels for Clibanarius erythropus and Cerithium vulgatum and two levels for I. balthica) as a fixed factor and the time and the tank as random factors as the LMM models can cope with repeated measures over time. Finally, a linear model (LM) was used to test the consumption rate of the different species, with the species (three levels) as a fixed factor. Gammarus sp. was excluded of this analysis as no consumption was detected.

All the GLM, GLMM, LMM, and LM models were fitted to analyze the effect of the variables, and the AIC likelihood minimum was used to select the best model among the possible combinations. All the different models were fitted using the functions “glm,” “glmer,” “lmer,” and “lm” from the package lme4 (Bates et al., 2015) in the statistical environment R (R Core Team, 2019). For all the models, the assumptions of normality and equality of variance were evaluated through graphical analyses of residuals using QQ plot functions. P-values were obtained by means of a Wald χ2 test using the ‘ANOVA’ function from the car package (Fox and Weisberg, 2019). Finally, the function ‘emmeans’ from the package emmeans (Lenth et al., 2022) was used to perform the post-hoc analysis.





3 Results



3.1 Surveys of herbivores

In the rockpool system in Sainte Marguerite, neither Sarpa salpa (>5 cm) or sea urchins (Paracentrotus lividus or Arbacia lixula) were observed during the experiment. In this site, the mean density of Paguroidea decapods was 45.90 ± 13.08 ind. m-2 and the mean density of Cerithium vulgatum was 36.46 ± 9.44 ind. m-2. In the open coast sites, mean densities of S. salpa of 1.1 ± 0.50 ind. 39.27 m-2 and of 1.2 ± 0.33 ind. 39.27 m-2 were respectively found in Beaulieu and Passable. Sea urchins (including P. lividus and A. lixula) were present at densities of 6.00 ± 1.83 and 3.20 ± 1.04 ind. m-2; Paguroidea decapods were present at densities of 2.91 ± 1.35 ind. m-2 and 49.45 ± 14.77 ind. m-2; and C. vulgatum was present at densities of 5.09 ± 3.85 and 96.73 ± 24.79 ind. m-2, respectively, for Beaulieu and Passable (Figure 3). Paguroidea decapods in the three sites consisted mainly of Clibanarius erythropus, but few individuals of Diogenes pugilator and of Calcinus tubularis were also observed. In general, higher densities of herbivores were observed in Passable (Figure 3).




Figure 3 | In-situ density of herbivores at the three studied sites: the two open coast sites (Beaulieu and Passable) and the rockpool system (Sainte Marguerite). The errors bars show the standard error.






3.2 Field experiment 1: herbivory on in-situ recruitment substrates in the forested rockpool system

The density of recruits (ind. 0.04 m-2) on the experimental substrates in Sainte Marguerite was affected at 2 months only by the factor herbivory protection, and not by the recruitment enhancement (GLM, P-value < 0.001; Figure 4 and Table 1). At this time, the post-hoc analysis found higher densities of recruits on protected substrates than on open or artefact control substrates. Due to the non-significance of the recruitment enhancement on the density of recruits at 2 months, this factor was no longer considered and the data were pooled together in the next analysis. When considering the three sampling dates, the herbivory protection and the time exerted an interactive effect on the density of recruits (GLMM, P-value < 0.001 for the interaction Herbivory protection × Time; Figure 5 and Table 1). The post-hoc analysis detected differences in densities of Cystoseira compressa between the levels of herbivory protection for all sampling days. At months 2 and 12, densities of C. compressa were higher on protected substrates, whereas at month 7, there was no difference between protected and open substrates. For all the herbivory protection levels, the densities of C. compressa decreased over time, but at month 12, the densities on the experimental substrates were still higher than the ones observed in the natural population (3.05 ± 0.26 ind. C. compressa 0.04 m-2 in natural populations; Figure 4).




Figure 4 | Boxplot of the density of recruits of Cystoseira compressa per 0.04 m2 of natural substrates in the rockpool system in Sainte Marguerite 2 months after the starting of the experiment. The bold horizontal lines indicate the median value (Q2), the box marks the interquartile distances (Q1 and Q3), and the whiskers mark the values that are less than Q3 + 1.5 * IQR but greater than Q1–1.5 * IQR.




Table 1 | Results from the statistical analyses.






Figure 5 | Density of recruits of Cystoseira compressa per 0.04 m2 of natural substrates in the rockpool system in Sainte Marguerite in function of the herbivory protection level (protected, artefact control, and open). The natural population densities of C. compressa in this site are represented in red considering the mean and the standard error (3.05 ± 0.26 individuals 0.04 m-2, mean ± se). The errors bars show the standard error.



Only time and not the herbivory protection had a significant effect on the size of the recruits (GLMM, P-value < 0.001 for the factor Time; Figure 6 and Table 1). The size increased with time with a maximum at month 12 (July 2021), with a mean size of 9.00 ± 0.52 cm, and maximum and minimum individual sizes of 18 and 3 cm, respectively (Figure 6 and Table 1). The natural density of C. compressa in Sainte Marguerite was 3.05 ± 0.26 ind. 0.04 m-2 (76.36 ± 6.40 individuals m-2), with maximum densities of 5 and a minimum of 1 ind. 0.04 m-2.




Figure 6 | Size class distribution of the Cystoseira compressa recruits on Sainte Marguerite’s substrates over time in function of the herbivory protection level (protected, artefact control, and open). The X-axis represents the size classes (length of the of the longest axis of each individual) in 1-cm intervals, and the Y-axis is the proportion of each size class per treatment.






3.3 Field experiment 2: herbivory on ex-situ recruitment substrates on the deforested open coast

The herbivory protection and time had an interactive effect on the density of recruits of C. compressa on the deforested open coast (GLMM, P-value < 0.001 for the interaction Herbivory protection × Time; Figure 7 and Table 1). The post-hoc analysis found higher densities of recruits of C. compressa on protected substrates after 1 and 12 days. However, most of the recruits (>50%), even on protected substrates, disappeared after 24 h (Figure 7), whereas densities of the recruits that remained in the tanks in the laboratory (substrates that were not transplanted to the field) were stable after 12 days.




Figure 7 | Density of recruits of Cystoseira compressa per 0.04 m2 of natural substrate on the deforested open coast sites (Beaulieu and Passable) in function of the herbivory protection level (protected, artefact control and open). The errors bars show the standard error.






3.4 Mesocosm experiment: potential herbivory of different mesograzers

All the studied mesograzers, except Gammarus sp., consumed recruits of C. compressa. For Clibanarius erythropus, Cerithium vulgatum, and Idotea balthica, the post-hoc analysis found significant differences in the consumption of Cystoseira compressa biomass when compared with the controls (factor number of individuals; LMM, P-value < 0.001; Figure 8 and Table 1). No consumption and neither significant mortality of C. compressa was found in the tanks with Gammarus sp. (Figure 8). For Clibanarius erythropus, a significant effect was observed between the treatments and the control, independently of the density of individuals. A density effect was detected for Cerithium vulgatum, with the consumption being higher in the treatment with five individuals (Figure 8 and Table 1). I. balthica individuals consumed 100% of the biomass of recruits 24 h after the start of the experiment in four out of the seven experimental tanks, and more than 85% in two of them (Figure 8; Supplementary Material S3). The consumption rate of I. balthica on Cystoseira compressa recruits was by far the highest of the three grazers; no significant differences were observed between Clibanarius erythropus and Cerithium vulgatum grazing rate (LM, P-value < 0.001; Figure 9 and Table 1).




Figure 8 | Cumulative biomass consumption of Cystoseira compressa (mg FW) by Clibanarius erythropus, Cerithium vulgatum, Gammarus sp., and Idotea balthica, and control substrates. Not that the biomass loss in the controls (0 individuals) it is not due to herbivory. The grey dashed lines represent the total mean available biomass of C. compressa in the experimental tanks. The errors bars show the standard error.






Figure 9 | Consumption rate (mg FW Cystoseira compressa mg FW herbivore -1 day -1) for the three mesoherbivores for the whole duration of each experiment. Gammarus sp. is not represented as no consumption of C. compressa by this species was observed. The error bars show the standard error.







4 Discussion

Our study aimed at elucidating the herbivory pressure of different mesograzers on early-life stages of shallow Cystoseira s.l. spp. Our results are also very relevant in the framework of ecological restoration, as grazing can affect marine forest restoration actions and the species chosen (Tamburello et al., 2019a; Savonitto et al., 2021). During the field experiments, Cerithium vulgatum and decapods (mainly Clibanarius erythropus) were the most abundant herbivores observed at all sampling sites (excepted in Beaulieu), and interestingly, high densities were observed on patches of bare rocks just next to the macroalgal communities (author’s personal observation). In the two open coast sites, the densities of Sarpa salpa and sea urchins were similar with the ones reported on other Mediterranean studies at the same depth (Sala et al., 1998b; Guidetti et al., 2003; Vergés et al., 2009). Similarly, although no data were found for the Mediterranean Sea, the observed densities of Paguroidea decapods and Cerithium vulgatum in the three sites were between the ranges reported for species of the same genera in other locations (Barnes, 2003; Halpern, 2004; Jethva et al., 2022).

In the experiment performed in the rockpool system situated in Sainte Marguerite, the density of Cystoseira compressa recruits changed in function of the herbivory protection, showing that herbivory pressure can affect the recruitment success and, therefore, how important it is to control herbivory on early-life stages for increasing restoration success. The first assessment of the density and size of recruits at this site was performed 2 months after the setup, a reasonable time to allow a correct visual identification and quantification of the recruits in the field. The density of recruits drastically decreased in month 7, likely due to density-dependant effects: the density decreases as the size increases (Chapman, 1995). The significantly higher number of individuals found on the protected substrates than on the artefact control and open substrates at month 2 was still observed at month 12. No significant patterns were observed at month 7, likely due to some difficulties in the individual quantification at this particular stage of the growth, when they start ramifying (when the ramifications are close to the holdfast and the densities of individuals high, it can be difficult to quantify single individuals). At month 12, when significant differences linked to the protection were observed, the individuals were bigger and their quantification easier. Interestingly, the density of individuals of C. compressa on the experimental substrates after 12 months was higher than the density observed in the surrounding natural populations. On the other hand, there were no differences in the size of the recruits independently of the herbivory protection. No effect of the recruitment enhancement was observed in the experiment. This could be due to the presence of fertile C. compressa adults in the rockpool system, which could have released new zygotes recruiting on all our experimental substrates, but also to a larger effect of the recruitment enhancement scale: every bag with receptacles could have spread zygotes at a wider scale than the size of the experimental substrates.

In the two deforested open coast sites, Beaulieu and Passable, we observed a dramatic decrease in density of the transplanted recruits after only 24 h. The density of recruits was significantly higher in the protected treatments after 24 h, but almost no individuals were present after 12 days in both treatments. A high grazing rate in these sites could be at the origin of this result (showing a delay in time in the loss of recruits in the protected substrates), but other reasons could explain the observed patterns. While in Sainte Marguerite, the good conditions for the growth of Cystoseira s.l. spp. were ensured by the presence of a healthy forest, in Beaulieu and Passable, this was not the case, and we cannot exclude that the environmental conditions for the survival of the recruits might have not been adequate (e.g., water quality, sedimentation, irradiation, absence of a canopy; Irving et al., 2009), despite the presence of C. compressa in the past (Thibaut et al., 2015). It is also worth noting that the recruits transplanted to the open coast sites were grown in tanks (ex-situ technique) for 2.5 months, eventually becoming more sensitive to the natural environmental parameters (Clausing et al., 2023). Replicating natural conditions in experimental tanks is difficult, and recruits in the laboratory grew less than the ones in Sainte Marguerite (obtained from the in-situ technique). For restoration actions it is counselled to transplant the recruits after a few weeks (Falace et al., 2018; De La Fuente et al., 2019; Savonitto et al., 2021).

The recruits of the two field experiments were obtained using different techniques that were chosen in function of the characteristic of each site (e.g., forested/no forested, past presence of a forest, potential herbivory pressure; Cebrian et al., 2021). It is therefore not possible to compare the results obtained at Sainte Marguerite with the ones obtained at Beaulieu and Passable. In the rockpool system in Sainte Marguerite, natural and artificial seedling (in-situ technique) with substrate provision was used, as it is the one preferred for sheltered locations with low herbivory pressure (Cebrian et al., 2021). While in the deforested open coast, in Beaulieu and Passable, the ex-situ technique was prioritized as it is the one recommended for deforested and more hydrodynamic locations (Cebrian et al., 2021). However, the herbivory pressure can change in function of the characteristics of the experimental locations (e.g., the physical environmental conditions and the structure of the benthic communities; Lubchenco, 1986; Medrano et al., 2020). Ferrario et al. (2016) observed how individuals from the same species (fishes and decapods) exerted a stronger herbivory pressure on artificial habitats than on natural ones, and the same could have happened during our experiments in the urbanized coast of Beaulieu and Passable. Another study (Gianni et al., 2018) performed on the open infralittoral fringe of the French Riviera (N-W Mediterranean Sea), where sea urchins were not present, already concluded that S. salpa was the most efficient grazer on adult Ericaria amentacea (formerly Cystoseira amentacea), potentially limiting the success of restoration actions. Therefore, recruits obtained in the rockpool system within an existing Cystoseira s.l. forest (Sainte Marguerite) could have been less affected by herbivores because of the lager abundance and variety of other palatable species of macroalgae present in the site.

The mesocosm experiment performed in this study is a first approach for elucidating which other species, apart from the most studied ones (mainly sea urchins and herbivorous fish), can have a role in the grazing of recruits of Cystoseira s.l. spp. Ferrario et al. (2016) already highlighted that most species consuming or interacting with Cystoseira s.l. spp. are usually classified as omnivorous rather than herbivorous. During our mesocosm experiment, the mesograzer that had the highest and fastest consumption rate of recruits of C. compressa was Idotea balthica. It is worth noting that different results could have been obtained if proposing other extra food sources to the mesograzers in the tanks. I. balthica is the most widespread Idoteidae in European Seas (Guarino et al., 1993) and is frequently used as model species to study the interactions between macroalgae and herbivores (Gutow et al., 2014; Lavaut et al., 2022). This species can be found living in macroalgal communities including marine forests (Guarino et al., 1993; Gozler et al., 2010; Lavaut et al., 2022), and it is an important consumer of forest-forming brown macroalgae, such as the shallow Fucus vesiculosus in the Atlantic (Kotta et al., 2000; Jonne et al., 2006; Vesakoski et al., 2008; Molis et al., 2010; Schaal et al., 2016). I. balthica has an important grazing effect on structuring F. vesiculosus populations in the Baltic Sea, preferring younger tissue over older (Engkvist et al., 2000; Boström and Mattila, 2005) and, according to our results, could also play an important role in grazing recruits of shallow Cystoseira s.l. spp. in the Mediterranean Sea.

A significant biomass loss of recruits of C. compressa recruits was also observed in the presence of Cerithium vulgatum and Clibanarius erythropus (both omnivores). Few previous studies have shown that molluscs and decapods in particular can have consumptive (i.e., grazing) and non-consumptive (i.e., clipping and cutting the thalli) behaviours with recruits and adults of macroalgae, including Cystoseira compressa (Lubchenco, 1983; Perkol-Finkel et al., 2012; Ferrario et al., 2016; Gianni et al., 2017). Even if, in our experiment, the amphipod (Gammarus sp.) did not graze on recruits of C. compressa, it is reported that amphipods can heavily feed on brown macroalgae (Duffy and Hay, 2000) including Fucoids (Jonne et al., 2006). Even if macroalgal species, including Cystoseira s.l. spp., contain metabolites such as phenolic compounds, especially on young tissue, that deter herbivores’ feeding, this chemical defence is not enough to prevent grazing. Interestingly, Cerithium vulgatum, known to be resistant to the chemical deterrence of Posidonia oceanica extracts (Vergés et al., 2007), was one of the more abundant species in our experimental sites and was observed grazing on Cystoseira compressa recruits. Nevertheless, the feeding behaviour and preferences of different native and invasive species (e.g., sea urchins and herbivorous fishes) could be modified under global change (Vergés et al., 2014; Asnaghi et al., 2020). Chemical defences, such as phlorotannins, present in Fucoids could be as well affected by climate change, as is the case of F. vesiculosus, making macroalgae more susceptible to grazing (Raddatz et al., 2017; Kinnby et al., 2021). The palatability of macroalgal species can change under ocean warming, elevated pCO2, increased salinity, and nutrient conditions, enhancing grazing and constituting an additional threat under future climate change scenarios (Asnaghi et al., 2013; Gutow et al., 2014; Kinnby et al., 2021; Mitterwallner et al., 2021; Illa-López et al., 2023).

In conclusion, several mesograzers can potentially feed on Cystoseira s.l. recruits and they have to be taken into account when planning marine forests protection and restoration actions. A case-by-case analyses of the particularities of each location is necessary, including both abiotic (e.g., water quality) and biotic (i.e., grazing pressure) factors, both natural and human-induced. Where the grazing pressure is high, solutions should be found, such as anti-herbivory devices adapted to the grazers present in the site (Gianni et al., 2020; Cebrian et al., 2021; Savonitto et al., 2021) and/or the regulation of grazer populations (Medrano et al., 2020; Sharma et al., 2021; Miller et al., 2022). The use of ex-situ cultivation techniques, allowing the installation in the field of larger individuals, can increase the survival of recruits against mesograzers (Verdura et al., 2018; Cebrian et al., 2021). These measures, however, will not address the underlying causes of the proliferation of herbivores and are unlikely to provide a long-term solution for the protection and restoration of marine forests and their ecosystem function and services (Miller et al., 2022). More studies are needed to predict how the feeding behaviour and preferences of different native and invasive species could evolve under climate change to evaluate the threat they can pose for future the conservation of marine forests.
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The Mediterranean Sea is one of the most exploited regions of the world’s oceans. Here industrial activities have determined either acute or long-term impacts on coastal marine ecosystems. In this study, we investigated macrofauna distribution and diversity, and food-web functioning in a coastal area of the Mediterranean Sea facing an industrial chemical plant abandoned in the ‘90s to assess benthic ecosystem health. This area has been identified as a Site of National Interest (SNI) since 2002 and has been closed to any human activity awaiting to be remediated according to national laws. Our results indicate that, two decades after the SNI declaration (a decade after the plant decommissioning), there is no longer any sign of the impact of historical contaminations on macrofauna and benthic food web functioning. Overall, all the thirty-six sites showed high/good ecological quality according to the score assigned by AMBI and M-AMBI indexes, reflecting the absence of chronic impacts. Our findings reveal, for the first time, the positive effects of passive restoration (i.e., unassisted, or spontaneous recovery following cessation of anthropogenic impacts) on historically impacted coastal ecosystems since their health conditions, in terms of both abiotic (environmental variables and contaminant concentration) and biotic (macrofauna diversity and community composition, and benthic food-web structure) factors, were indistinguishable from surrounding non-impacted areas. These findings also suggest that other effective area-based conservation measures (OECMs) could be useful not only for biodiversity conservation of vulnerable and priority habitats in larger ocean sectors but also to promote the passive recovery of historically contaminated ecosystems.
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1 Introduction

Coastal environments include essential marine habitats (e.g., seagrass meadows, rocky reefs, estuaries, soft-sediment habitats) that support marine biodiversity and food webs and provide key ecosystem goods and services for human well-being (Coll et al., 2010; Barbier, 2017). At the same time, coastal areas have a long-lasting legacy of environmental impacts due to increasing urbanization, industrialization, and the consequent wastewater discharge of contaminants, and resource exploitation, which have led to the progressive loss of marine biodiversity and habitats (Cardinale et al., 2012; Pereira et al., 2012; Halpern et al., 2015; Hay Mele et al., 2020; Soto-Navarro et al., 2021). Anthropogenic impacts impairing coastal environments also act in synergy with other stressors such as extreme climate events (i.e., heat waves), thus determining a progressive alteration of the trophic food webs and ecosystem functioning (Micheli et al., 2013; He and Silliman, 2019; Danovaro et al., 2018).

Along the Mediterranean coasts, there are more than 200 active, dismissed, or decommissioned refineries, petrochemical, and chemical plants that, over time, have determined persistent and chronic impacts on the ecosystems due to the release of inorganic and organic contaminants, including fertilizers, hydrocarbons, PCBs, and heavy metals (Gambi et al., 2020). Several industrial-contaminated sites have a relevant impact on coastal ecosystems even after decades of industrial activity cessation (Loures, 2015; Bertocci et al., 2019; Ausili et al., 2020; Morroni et al., 2020; Gambi et al., 2022). In particular, high concentrations of polycyclic aromatic hydrocarbons (PAHs) and heavy metals have been widely reported to cause adverse effects on benthic communities at all levels, from prokaryotes to metazoans, and alter the biodiversity, food-web structure, and ecosystem functioning (Louati et al., 2013; Aylagas et al., 2017; Gambi et al., 2020; Hay Mele et al., 2020; Mayer-Pinto et al., 2020; Morroni et al., 2020; Tangherlini et al., 2020; Raymond et al., 2021).

The Italian legislation has assigned the status of “Sites of National Interest” (SNIs) to the most polluted coastal and terrestrial sites affected by industrial activity, thus requiring specific recovery plans to reduce the risk for human and ecosystem health (Ausili et al., 2020; Corinaldesi et al., 2022). The SNIs are indeed characterized by persistent contamination levels even several decades after the cessation of industrial activities (Romano et al., 2004; Gambi et al., 2020; Morroni et al., 2020; Naidu et al., 2021). The coastal area of Falconara Marittima (Northwest Adriatic Sea, Mediterranean Sea), which is also included among the European “problem areas” based on the contamination levels in water, sediments and biological components (Andersen et al., 2019), has been declared a SNI since 2002 and has been interdicted to any anthropogenic activities (e.g., shipping, fishery, and bathing). Such levels of contaminants have been reported to be harmful to macrobenthic communities (Josefson et al., 2008). A recent investigation conducted on the benthic ecosystems of this SNI, in front of a chemical industry abandoned more than three decades ago, revealed that heavy metals (As, Hg, and Al), C > 12 aliphatic hydrocarbons and total PAHs are currently low and without significant impact on meiofauna assemblages (Corinaldesi et al., 2022). However, the observed biological response could be due to the specific tolerance and fast resilience of the meiofaunal component (Whomersley et al., 2009; Schratzberger and Somerfield, 2020) while other benthic components, i.e., larger animals such as macro-megafauna, could better reflect long-lasting negative effects on biodiversity and ecosystem functioning (Bessa et al., 2014; Kim et al., 2020; Raymond et al., 2021; Gammal et al., 2023; Hilgendag et al., 2022).

Macrofaunal assemblages respond to environmental changes depending on their species-specific sensitivity/tolerance (Han et al., 2021), providing information on the different degrees of impact on biodiversity and ecosystem functioning (Gray et al., 1988; Hewitt et al., 2016; Ellis et al., 2017; Momota and Hosokawa, 2021). Nonetheless, macrofaunal assemblages in coastal benthic ecosystems play crucial functional roles by i) channelling the matter and energy flow to higher trophic levels, ii) influencing nutrient cycling and secondary production; and iii) contributing to the burial, diagenesis, and transfer of pollutants along food webs (Constable, 1999; Jędruch et al., 2019). For all these reasons, macrofauna has been proven to be one of the most effective biological indicators (Borja et al., 2000; Nepote et al., 2022; Magni et al., 2023).

Food-web functioning is crucial for the good health of marine ecosystems and provides important indications of the impacts of anthropogenic activities on benthic ecosystems (Castro-Jiménez et al., 2021; Alp and Cucherousset, 2022). Stable isotope analysis (hereafter defined as SIA) is a useful tool for investigating the trophic interactions within marine assemblages (Boecklen et al., 2011; Fanelli et al., 2015) and the isotopic analysis of the niche size (quantified as convex hull, standard ellipse area, or kernel utilization density; Jackson et al., 2011; Eckrich et al., 2020; Bada et al., 2022) has been also applied to assess food web response to different stressors, including chemical pollution (Hogsden and Harding, 2012; Alp and Cucherousset, 2022).

In the present study, we assessed the effects of passive restoration (i.e., unassisted, or spontaneous recovery following cessation of anthropogenic impacts; Perrow and Davy, 2002; Jones et al., 2018; Fraschetti et al., 2021) on benthic biodiversity and food-web functioning in the SNI of Falconara Marittima (Northwest Adriatic Sea, Mediterranean Sea), by comparing taxa richness, biomass and diversity of macrofauna and their food-web structure within and outside the SNI. Results of this study expand the knowledge on the current health status and resilience of benthic ecosystems after the cessation of industrial activities.




2 Materials and methods



2.1 Study area and sampling design

The study area is located on the western coast of the central Adriatic Sea (Mediterranean Sea, Figure 1), in Falconara Marittima (Italy).




Figure 1 | Study area and location of Control (C1 and C2= transects to the north of the SNI area, and C3= transect to the south of the SNI area) and impact (M1, M2, and M3) transects.



The marine area of the SNI of Falconara Marittima has an extension of 1200 ha and is characterized by the presence of the abandoned “Montedison SPA” and the still-active “API SPA” Oil Refinery. In addition, the SNI includes the mouth of the Esino River. Our investigation has been carried out in 2019 in front of the former Montedison industrial plant (Figure 1). This company started its production of superphosphate in 1919, then in 1944 the plant was acquired by the Montecatini Company and used as a warehouse by the British Royal Army Service Corps, and finally, from 1966 to 1990 (decommissioning year) the chemical pole has produced fertilizers using pyrite and phosphorous, which have been reported to contaminate soil and groundwater of the surrounding area, together with heavy metals, fluorides, hydrocarbons and PAHs (Regione Marche, 2009). The SNI of Falconara Marittima was declared in 2002 and the coastal area was confined and included in the high-risk area in 2003.

Three transects (defined as M1, M2, and M3) were investigated in the SNI area in front of the Montedison plant, and three transects (C1, C2, and C3) were selected outside the SNI, two transects to the north (C1 and C2) of the SNI area, and one to the south (C3). Each transect, perpendicular to the coastline, included 6 stations located at 3, 4, 5, 6, 10, and 12 m depth (see SOM Table S1). In each station, three independent replicates of sediment samples were collected onboard the R/V Actea with a Van Veen grab of 40 x 20 cm (surface of 0.08 m2). Sediment samples were sieved on board with a 500 µm mesh-size sieve to retain the macrofauna organisms. Each sample was fixed in 70% ethanol solution and stored at 4°C.

At all sampling stations, water temperature and salinity were measured using a CTD probe (SBE19 equipped with additional sensors for O2, fluorescence, turbidity, and pH911-plus sensor). Grain size and contaminants concentration (C > 12 and C< 12 aliphatic hydrocarbons, PAHs, PCBs, heavy metals, and metalloids) as well as phytopigments and biochemical components of the sedimentary organic matter contextually analyzed with macrofauna samples have been previously reported (Corinaldesi et al., 2022) and summarized in Supplemental Online Material.

To analyze the main current regime, a 1MHz Nortek ASC AWAC Acoustic Profiler, deployed at 1.8 km far from the coast (13.36E, 43.66N, close to the M3 transect in the SNI area) from February 13 to April 14, 2020, was used. The current meter was placed at 0.5 m from the bottom and the currents were monitored for 10 minutes at intervals of 30 minutes over 4 depth cells with a 2 m vertical spacing. To avoid the side lobe echo near the sea surface the topmost cell was removed. To avoid the side lobe interference, the closest cell to the sea surface was removed. The Integrate Marine Observing System toolbox (IMOS toolbox by Australian National Mooring Network and Australian Ocean Data Network) was used for data parsing including quality control to remove spikes and outliers. Data processing was performed using the software Storm (Nortek) and hourly currents were computed from the 30 min data by averaging three sequential half-hour observations in the time range ±30 min around each hour. The data are represented in the Supplementary Material (Figures S1, S2).




2.2 Macrofauna abundance, taxonomic diversity, and biomass

Samples of macrofauna were sorted under a stereomicroscope (x10 and x40), and organisms were identified at the lowest taxonomic level possible and counted. Specimens were then oven-dried at 60°C for 24 hours and weighted for dry biomass estimates. Both abundance (ind/m2) and biomass (g DW/m2) were obtained by standardizing abundance and biomass data to the grab surface. Polychetes and molluscs (many of them represented by juveniles) were mostly identified to the genus and family levels, while Crustacea and Echinodermata were identified to the species level. Therefore, since part of the samples was identified at the family or genus level (see the complete list of all taxa identified in Table S1), the level of family was used for the calculations of the various metrics. It is commonly acknowledged that family-level identification is sufficient to assess the impacts on marine soft bottom assemblages in routine monitoring programs (e.g., Somerfield and Clarke, 1995; Lampadariou et al., 2005; Chessman et al., 2009; Dauvin et al., 2016; Romano et al., 2016; Pitacco et al., 2019). Some authors even concluded that environmental quality assessments conducted at the family and genus levels are even more accurate than those at conducted the species level (Checon and Amaral, 2017). Families are also likely to be a good predictor of species-level variation related to natural environmental gradients (De Biasi et al., 2003; Dethier and Schoch, 2006). This is because there is a considerable degree of redundancy in species-level data (Clarke and Warwick, 1998; Olsgard et al., 1998) and thus, the analysis at higher taxonomic levels might act to reduce the confounding effects of species-level responses to natural variation and allow the effects of anthropogenic disturbance to be more clearly detected (Dauvin et al., 2003). Taxa richness was estimated by the DIVERSE routine in PRIMER7 (Clarke and Gorley, 2006). As species and higher taxa richness strongly correlate with each other (Volvenko et al., 2023), species richness can be assessed using genus, family, or order richness and here taxa richness was calculated using the level of family, as in other studies (Cooper and Barry, 2017; De Smet et al., 2017; Bevilacqua et al., 2018). The AZTI Marine Biotic Index (AMBI, Borja et al., 2000) and Multivariate AMBI indices (M-AMBI, Carvalho et al., 2006; Dauvin and Ruellet, 2007; Cai et al., 2014; Tweedley et al., 2015) were calculated to assess the environmental status of the different communities according to condition, transects, and depths. Both indices were estimated through the AMBI software, freely available at https://ambi.azti.es/download/. They were both robust to aggregation of macrofaunal data to the family level (Forde et al., 2013).




2.3 Stable isotope analysis

The most abundant taxa identified in the investigated area were used for stable isotope analyses. Selected taxa were oven-dried for 24 hours at 60°C. Dried samples were converted into a fine powder with a mortar and pestle. For each taxon, two or three replicates (when possible) were weighed (ca 0.3 - 1.3 mg) and placed into tin capsules. Since inorganic carbon could lead to an increase of δ13C, because it is isotopically heavier than most carbon of organic origin and could reflect the isotopic signature of environmental carbon (Schlacher and Connolly, 2014), samples containing carbonates (i.e., spicules or exoskeleton) were acidified with HCl 1M, by adding it drop by drop to the sample until bubble cessation. Samples for the analysis of N were not acidified, as several studies demonstrated that the acidification procedure can alter the N signal (Kolasinski et al., 2008). After that, samples were oven-dried again for 24 hours at 60°C. Samples were analyzed through an elemental analyser (Thermo Flash EA 1112) for the determination of total carbon and nitrogen, coupled through a continuous flux to an isotope-ratio mass spectrometer (IRMS, Thermo Delta Plus XP) for δ13C and δ15N at the Laboratory of Stable Isotopes Ecology of the University of Palermo (Italy). A stable isotope ratio was expressed, in relation to international standards (atmospheric N2 and Vienna PeeDee Belemnite for δ15N and δ13C, respectively), as:

	

where R = 13C/12C or 15N/14N. Analytical precision based on standard deviations of internal standards (International Atomic Energy Agency IAEA-CH-6; IAEA-NO-3; IAEA-N-2) ranged from 0.10 to 0.19‰ for δ13C and 0.02 to 0.08‰ for δ15N.




2.4 Data analysis



2.4.1 Changes in abundance, biomass, and assemblage composition

To test for differences among all variables investigated between SNI and Control transects and among water depths, uni- and multivariate distance-based permutational analyses of variance were applied (PERMANOVA; Anderson et al., 2008). All the statistical analyses were carried out considering 3 factors as sources of variance: Condition (fixed, 2 levels: SNI vs. Control); Transect (random and nested in Condition, 3 levels for each Condition: northern Control C1, northern Control C2, southern Control C3, SNI M1, SNI M2, and SNI M3) and Depth (fixed and crossed, 6 levels: 3, 4, 5, 6, 10, 12 m). PERMANOVA was run on the Euclidean distance matrix for univariate data (abundance, biomass and taxa richness) and on the Bray-Curtis resemblance matrix of 4th root-transformed abundance data for multivariate data (taxa composition), with 9999 permutations and with “permutation of residuals under a reduced model” as permutation method, significant p-values were set at p<0.05. A CAP analysis (Canonical Analysis of Principal Coordinates, Anderson and Willis, 2003) was run on the factor(s) found to be significant according to PERMANOVA results to visualize the pattern found. A SIMPER analysis was then performed to identify the species/taxa that most contributed to the similarity/dissimilarity in each condition and transect, and that was responsible for the dissimilarities. SIMPER test was run using Bray-Curtis similarity on the 4th root-transformed abundance square matrix with a cut-off percentage for low contribution at 60%.




2.4.2 Drivers of changes in abundance and community composition

Multivariate multiple regression analysis (Distance-based linear models, DistLM) was performed to determine whether macrofaunal taxonomic composition (used as the response variable) was potentially influenced by environmental characteristics (grain size, depth, temperature, and salinity), presence of different contaminants (PAHs, C > 12 and C< 12 aliphatic hydrocarbons, PCB, heavy metals, and metalloids such as As, Cu, Hg, Ni, Cr) and/or trophic resources (phytopigments, biopolymeric C concentrations -BPC) (all abiotic data were tested for differences by univariate PERMANOVA using the same design described above). Before running the subsequent analyses, the mean-effects range medium-quotient (m-ERM-q quotient) was calculated for both heavy metals and PAHs based on the available ERM values for these contaminants (Kowalska et al., 2018, see also Corinaldesi et al., 2022). Then variables were tested for collinearity, excluding values >0.6 according to the number of samples (Dormann et al., 2013). The DistLM was run using the “step-wise” selection procedure and the AIC (Akaike Information Criterion) model selection criterion (Anderson et al., 2008). In the model, only the concentration of contaminants present in the first 10 cm depth of the sediments was used since most of the macrofaunal organisms usually inhabit the shallowest layer of sediment with abundance decreasing with depth (Janas et al., 2019).




2.4.3 Changes in stable isotope composition and trophic structure

For the Stable Isotope Analysis (SIA), since the biomass obtained was not sufficient to allow the analysis of each taxon/species per transect and depth (the minimum required biomass for SIA is 1 mg of dry weight per replicate), for each taxon/species specimens, from transects within each condition, were merged and depths were unified as follows: depth 1 comprises samples from 3 m, depth 2 from 4-6 m and depth 3 from 10-12 m. Additionally, each taxon was assigned to a trophic guild (TG), based on literature evidence for that specific species/taxon or a similar taxon (i.e. co-generic/same family, etc.), as follows: Ca (carnivore), OS (opportunistic scavenger), DF (deposit feeder) and SF (suspension feeder). Then, uni- and multivariate PERMANOVA tests were conducted on a modified experimental design from the one used for community analysis, with three crossed factors, Condition (fixed, 2 levels: SNI and Control), Depth (fixed, 3 levels: 1, 2 and 3) and TG (fixed, 4 levels: Ca, OS, DF, and SF).

To reveal key aspects of trophic structure and to detect any effect of contamination across the food web, niche-based metrics (traditional convex Hull - TA, standard ellipse area - SEA, containing ca. 40% of the data and representing the core isotopic niche, and standard ellipse areas corrected for small sample size – SEAc, Layman, et al., 2007; Jackson et al., 2011) were also estimated through the R routine SIBER (Stable Isotope Bayesian Ellipses in R; Jackson et al., 2011).

Finally, to provide an overview of the trophic structure of the macrofauna assemblage of the area, stable isotope data were merged at the taxon level and a cluster analysis and a nMDS were run to visualize the separation of species/taxon according to the TG. The trophic level (TL) of each taxon was calculated according to Post (2002) as TL=[(δ 15Ni- δ15Nbase)/TEF]+λ, where δ15Ni is the mean δ15N value of the i-species, δ15Nbase is the δ15N of the species used as a baseline, here Tellina spp., a primary consumer, TEF is the trophic enrichment factor here set at 2.56 (Vanderklift and Ponsard, 2003) and Λ is the trophic level of the species used as a baseline, that is 2, being a primary consumer. Uni- and multivariate PERMANOVA, pairwise tests, CAP, DistLM, Draftsman plot, and SIMPER tests were carried out using the routines included in the software PRIMER 7+ (Clarke and Gorley, 2006).






3 Results



3.1 Environmental variables and sedimentary chemical contaminants

Results of the environmental variables, chemical contaminants, and biochemical components of the sediment organic matter in the investigated sediments have been reported by Corinaldesi et al. (2022) and are briefly presented in Table S2. To summarize, the sedimentary grain size was generally characterized by a high percentage of sand (from 39 to 99%) within a 10-m depth. An increase of the silt-clay fraction (15–45%) was observed between 10 and 12-m depth, being such differences significant (Table S3). However, the gravel fraction was generally very low in all the stations investigated (<5%). The temperature of the bottom water of the Control transects ranged from 19.62 to 21.27°C, whereas in the SNI transects from 19.93 to 20.97°C. Salinity in the Control and SNI transects ranged from 37.59 to 37.92 and from 37.38 to 37.75, respectively, with slightly, though significant, higher values at 10-12 m (Table S3). Steady currents showed a mean speed of 13 cms-1 flowing southeasts, notwithstanding the proximity to the coast (see Figures S1-2).

Heavy metal and metalloid concentrations varied among the different transects investigated without a clear pattern. However, the highest concentrations of Hg, Cu, Cd, and As were observed in the sediment of the station at 12 m depth in the M3 transect, being such differences almost significant only for Cu (Table S3). The highest concentrations of aliphatic hydrocarbons C > 12 were observed in some stations of the SNI transects, especially at 12 m depth in the M1 transect (4,000 mg kg–1) as well as the total PAH concentrations at 3 m (51.98 μg kg–1). The concentrations of C< 12 and C > 12 hydrocarbons in surface sediments (0-10 cm) were similar or higher than in the sub-superficial layers (10–20 cm). PCB concentrations showed values much lower than thresholds established by the national (D. M. 152/2006, 173/2016) and international laws (e.g., Canadian Council of Ministers of the Environment, 2002). However, all the observed differences related to metals and metalloids, PAHs and hydrocarbons were not significant (Table S3).

The biochemical components of the sedimentary organic matter significantly changed with water-column depth both in the SNI and Control transects. In addition, the concentrations of phytopigments were significantly higher in the C3 Control transect (4.76 ± 0.83 μg g–1) than in the other transects, where values were very similar. Protein concentrations were on average lower in M1 and M2 transects (0.44 ± 0.09 – 0.52 ± 0.6 mg g–1) than in the other transects, while carbohydrate and lipid concentrations were significantly higher in the C3 transects. Overall, the highest average values of BPC concentrations were observed in the Control transects, especially in C3 (0.82 ± 0.06 mgC g–1) compared to those observed within the SNI area. In both SNI and Control transects BPC concentrations were on average 0.6 mgC g−1, while the contribution of autotrophic C to BPC was ca. 23.5%.




3.2 Macrofauna abundance and biomass

Overall, a total of 69 taxa, 53 families (22 polychaetes, 13 molluscans, 16 crustaceans and 2 echinoderms), and 18 species were identified (see Table S1). Juvenile bivalves were the most abundant group at all transects, especially at 3-4 m depths (Figure S3). Spionid polychaetes and venerid bivalves were dominant in the whole area (Figure S3). Macrofaunal abundances along the SNI transects ranged, on average, from 1649.4 ± 337.4 to 2016.7 ± 296.2 ind. m–2, in M2 and M1, respectively, and along the Control transects from 1799.4 ± 338.5 to 2278.6 ± 465.1 ind. m–2, C1 and in C3, respectively (Figure 2A). In general, macrofaunal biomass was higher at 4-6-m depth than at 3 m and 10-12 m depth (Figure 2B), and in the Control transects varied from 37.7 ± 7.2 to 58.4± 2.6 g m–2 (in C2 and C1, respectively) and in the SNI transects from 44.7 ± 7.9 to 56.9 ± 7.3 g m–2 (in M3 and M2 transects, respectively; Figure 2B). Taxa richness (indicated as SR) was similar in the Control (SR=17.42 ± 1) and SNI (SR=16.68 ± 0.92) transects (Figure 2C), being on average higher at 5-m depth in the Control than in the SNI transects (57.7 ± 1.5 in the Control vs. 50.3 ± 2.3 in the SNI transects) (Figure 2C).




Figure 2 | Bathymetric distribution (from 3 m to 10 m depths) of macrofaunal abundance, biomass, richness of taxa, and community structure in the sediments of Control (C1, C2, and C3) and SNI (M1, M2, and M3) transects (mean ± ES for abundance and biomass). (A) Macrofauna abundances in the different transects and depths, (B) biomasses in the different transects and depths; (C) richness of taxa in the different stations and transects, and (D) community structure in the different transects and depths. The group “Others” contains Echinodermata, Phoronida, and Nemertea. The PERMANOVA analyses showed no significant effect of the factor “Condition” on macrofaunal abundance, biomass, and richness of taxa (Table S4A). A significant effect of the interaction “Transect (Condition) × Depth” was observed on macrofaunal abundance and biomass, indicating differences among transects and depths within each area (Control and SNI). Biomass significantly varied between 3 m and 4 m depths (Table S4B), while analyzing changes between pairs of adjacent depths (i.e., 3 vs. 4 m, 4 vs. 5 m and so on) within the Control or SNI condition, significant differences were highlighted (Table S4C). Comparing biomass values among transects within the Control or SNI conditions, significant differences were observed within pairs of Control transects (C1 vs. C2 and C2 vs. C3; Table S3), and between pairs of SNI transects. Taxa richness significantly varied with the factor depth (p< 0.001). In particular, the pairwise tests revealed significant differences among the two extremes of the depth range explored (i.e., 3 m vs. 12 m), whereas no significant differences were present when comparing adjacent depths (Table S4B).






3.3 Composition of macrofaunal assemblages

Macrofaunal assemblages were typically dominated by polychaetes, crustaceans, and molluscs (Figure 2D). PERMANOVA did not show any significant difference for the factor “Condition” (i.e., between assemblages at SNI and Control transects; Table S5A), while significant differences were observed among all Control transects, and M1 vs. M3 transects of the SNI. In addition, differences were found across bathymetric gradients (3 m vs. 4-m depths and 6 m vs. 10-m depths; Tables S5A–D). Although the PERMANOVA output indicated the significant interaction “condition x depth” (Table S5A), the related pairwise test did not provide significant differences between Control and SNI transects at any depths (Table S5C).

The CAP plot carried out on the factor “Depth” highlighted a clear horse-shoe distribution of the samples as a function of the depth (Figure 3, left), while CAP run on the factor “Transect” separated partially the SNI from the Control transects (Figure 3, right). A clear segregation was evident for some samples of the C1 and C3 transects along the x-axis.




Figure 3 | CAP plot representing the separation of samples collected in the SNI and Control transects, as a function of depth (left) and transect (right).



SIMPER analyses showed similar average dissimilarities among the composition of macrofaunal assemblages at the different depths of Control (on average, 38.40%, range 32.86 to 47.32%) or SNI (on average 36.73, range 30.53 to 43.83%) transects (Table S6), separately, with the highest dissimilarity observed at 12-m depth in both cases. A higher average dissimilarity was found comparing the Control and SNI transects in macrofaunal assemblage compositions, ranging from 52.2 to 64.0% (at 12 and 5-m depth, respectively).

The AMBI and M-AMBI indices revealed a generally good environmental status for the whole area, with all the stations classified as undisturbed or slightly disturbed, according to the AMBI index (Figure S4), or defined in a high-good ecological status, according to the M-AMBI index (Figure S5).




3.4 Environmental drivers

The DISTLM model was carried out by excluding depth and temperature from the dataset due to their significant correlation with other variables. DISTLM results for the whole dataset (e.g., SNI and Control transects together) indicated that the percentage of sand was the main explanatory variable accounting for 26% of the total variance (AIC=102.66): the model run only considering Control transects provided similar results, with salinity and % sand as the main drivers contributing together for 74% of the total variance. In the SNI transects the main driver was salinity, which explains alone 48% of the total variance (AIC=46.97) (Table S7).




3.5 Stable isotopes analysis

The most abundant taxa, according to the previous results and occurring at both SNI and Control areas, selected for the SIA were four taxa of bivalves (Chamelea gallina, Tellina spp., Donax spp., and Spisula subtruncata), two taxa of gastropods (Tritia neritea and Tritia spp.), two crustacean taxa (the amphipod Ampelisca sp. and the tanaid Apseudopsis latreillii), one species and three families of polychaetes (Owenia fusiformis and Nephthyidae, Flabelligeridae, Spionidae). Additionally, other two non-indigenous bivalves were found and analyzed for SIA, Ruditapes philippinarumn and Anadara transversa.

Overall, the highest and the lowest δ13C values were recorded for the two species of bivalves, i.e., Tellina spp. (14.02‰ ± 0.45) and Chamelea gallina (-19.32‰ ± 0.18), respectively, both from the SNI area. The highest δ15N values were detected in nephtyid polychaetes (10.74‰ ± 0.36) from the SNI and the lowest in Tellina spp. (4.29‰ ± 0.12) from the Control area, respectively (Table S8). The PERMANOVA analysis performed on both δ13C and δ15N, evidenced significant differences for factor “depth” and “trophic group (TG)” (Table S9A), with communities located at intermediate depths (4-6 m) showing greater δ15N values (Table S9B and Figure 4A) than those inhabiting deeper bottoms (10-12 m), but no differences occurred for the factor “Condition”. The pairwise comparisons for trophic groups highlighted a significant separation between carnivores and suspension feeders, deposit feeders and suspension feeders, and suspension feeders and opportunistic scavengers for all the combinations tested (i.e., δ13C-δ15N and δ15N and δ13C separately) (Table S9B). As far as δ15N values are concerned, significant differences were observed also for the factor “Condition”, specifically at the trophic group level between Control and SNI for suspension feeders and opportunistic scavengers (Table S9, Figure 4B), being the δ15N values of suspension feeders lower and that of opportunistic scavengers higher in the SNI than in the Control transects. Conversely, δ13C values of the different TG were similar in the SNI and Control areas (Figure 4C).




Figure 4 | Box plots of the (A) mean λ15N values of the macrofauna most representative species in the whole area according to depth, (B) mean λ15N, and (C) λ13C values of the different trophic groups in Control (C) and SNI area. Depth: 1 = 1-3 m; 2 = 4-6 m, 3 = 10-12 m; TG: Ca, carnivore; OS, opportunistic scavenger; DF, deposit feeder; SF, suspension feeder.



Standard ellipses showed that the two macrofauna communities (at the Control and SNI area) have similar δ13C and δ15N variability (Table 1), with almost complete overlap of standard ellipses (SEAc) (Figure 5).


Table 1 | Standard ellipse area (SEA), standard ellipse area corrected for sample size (SEAc), and Total Convex Hull for Control and SNI macrofauna collected in the study area.






Figure 5 | δ13C - δ15N scatterplot with standard ellipses corrected for small sample size population (SEAC) of the two macrofauna communities (p interval=0.4) in the study area.



Both nMDS and cluster analyses, carried out on δ13C and δ15N values merged by taxon, irrespective of depth and condition showed a food web organized into three trophic levels, with carnivore polychaetes (Nephthyidae) and two taxa of scavenger gastropods (Tritia neritea and Tritia spp.) occupying the highest trophic level (TL=4) and all suspension and deposit feeders distributed between TL 2 and 3, and clustered together (Figure 6A). A further separation within TL 2 occurred between DF which generally showed higher δ13C and δ15N values and SF (Figure 6B).




Figure 6 | Output of cluster (A) and nMDS (B) analyses carried out on the average values of δ15N and δ13C of taxa collected in the whole area for the factor trophic group (TG). Ca, carnivore; OS, opportunistic scavenger; DF, deposit feeder; SF, suspension feeder.







4 Discussion

Recent insights obtained at the SNI of Falconara Marittima (Corinaldesi et al., 2022) showed that meiofaunal abundance, biomass and community structure changed among stations regardless of the distance from the abandoned chemical industrial plant, which was dismissed three decades before the investigation, while all human activities ceased with the SNI establishment in 2002. The concentrations of heavy-metals and organic contaminants in the sediments of the investigated area were, indeed, generally lower than those expected to induce harmful biological effects (Long et al., 1995). However, studies on macrobenthic communities reported that the full recovery of coastal marine ecosystems from inorganic and organic pollution may be slow, and can take more than a decade (Josefson et al., 2008; Schwing et al., 2020) or even more for attainment of the composition and diversity of original biotic components (especially considering short-lived and high-turnover biological component; Borja et al., 2010). The present study in the SNI of Falconara Marittima expands information on the effect of historical industrial contaminations on macrobenthic communities and their food-web structure. Since the investigated area of the SNI was interdicted to any anthropogenic activities since 2002, this study provides insights into the responses of benthic ecosystems to passive restoration.

We found that macrofaunal abundance and biomass within the SNI were similar to the values found in the Control areas. Also, the cumulative richness of taxa was similar in the SNI and the Control areas. Further confirmation of the lack of negative impacts from the industrial activities on macrofaunal assemblages was obtained by the analysis of their taxonomic composition, which showed similar bathymetric gradients in the area facing the decommissioned industrial plant and the Control sediments. Therefore, our results indicate that the entire area, including both the SNI and the Control sites, was characterized by a homogeneous composition of the macrofaunal assemblage, mostly represented by opportunistic and tolerant taxa which are typically dominant in the coastal area of the North and Central Adriatic Sea (Simonini et al., 2009; Spagnolo et al., 2019). In particular, we found that all the investigated area was dominated by venerid bivalves (mostly Chamelea gallina), characteristic of the well-sorted fine sands, and widely reported in the Adriatic Sea from ca. 4-5 m down to 10-12 m depth (Romanelli et al., 2009). Among polychaetes the most abundant taxa were represented by spionids and the species Owenia fusiformis, which are indicators of impacted environments often present near river mouths (Putro, 2007; Pinto et al., 2009; Sivadas et al., 2010) and commonly found in the North and Central Adriatic Sea (Semprucci et al., 2010; Frontalini et al., 2011; Nasi et al., 2020). Since these two taxa were equally distributed within the Control and SNI transects, we can argue that the whole area was characterized by a similar benthic macrofauna diversity.

The most common crustacean family found was Apseudidae, represented exclusively by the species Apseudopsis latreillii (Milne-Edwards) (Table S1), a sensitive species to sewage discharge (de-la-Ossa-Carretero et al., 2010). These results suggest the lack of impacts due to anthropogenic contamination at present. Accordingly, the AMBI and M-AMBI indices indicated a homogeneous environmental status within and outside the former industrialized area with all the investigated stations showing a good/high ecological status. These results are consistent with those previously reported in the same area based on m-ERM-q (Effects-Range-Median; Long et al., 1995) values for heavy metals and PAHs, which indicated low environmental risk levels, with the only exception of a station in the SNI site very close to a stream outfall, classified as at high risk (Corinaldesi et al., 2022). As further support of the lack of differences between the SNI and the Control area’s communities, the analysis of drivers revealed that the macrofauna composition in the whole area was mostly influenced by sedimentary characteristics (the % of sand in the sediments) and thermohaline conditions (salinity and temperature, which were highly-correlated), while neither hydrocarbons nor heavy metals were found to be the main controlling factors of macrofauna communities at the Control or SNI transects. Previous studies revealed that changes in salinity and temperature may influence benthic communities (Semprucci et al., 2010). Consistently, in the present study, the changes in the thermohaline conditions observed in both the Control and SNI areas (variation between the maximum and minimum salinity and temperature values, 0.34 PSU and 1.58°C and 0.37 PSU and 1.04°C; respectively), which were probably attributed to the presence of fresh water inputs (Esino river and the Rubiano torrent), could explain the significant role of these factors in shaping the composition of macrofauna assemblages.

From the analysis of the benthic food web, we observed the typical structure of benthic macrofauna inhabiting the Mediterranean soft bottoms (Romano et al., 2016), which is organized into three main trophic levels, from suspension feeders (located at trophic level-TL2) to carnivores and opportunistic scavengers (TL 4). The similar isotopic values (both δ15N and δ13C together and separately) found in the common macrofaunal taxa in the SNI and Control transects further support the finding of the absence of a specific impact on the macrofaunal assemblages due to the chemical plant of the Falconara SNI. The last industrial activity of the chemical plant was the production of fertilizers, which are known to provoke an increase in δ15N values in marine sediments and in turn in the benthic fauna living therein (Alonso-Hernández et al., 2017 and references cited), while the fossil fuel emission necessary for the industrial plant’s functioning has been reported to determine a λ13C decrease (Rumolo et al., 2011 and reference cited). However, we did not find 13C-depletion and 15N-enrichment in the analyzed taxa of the SNI and Control areas. The significant differences observed in the δ13C and δ15N values between specimens inhabiting intermediate depths (4-6 m) and deeper bottoms (10-12 m) can be attributed to the gradual decrease of terrigenous inputs offshore, as observed in other coastal areas of the Mediterranean influenced by river runoff (Darnaude et al., 2004). When only δ15N values were considered, some significant differences for suspension feeders and, to a lesser extent, for scavengers between SNI and Control transects were observed. Since the majority of the investigated samples from the Control sites were collected south of the mouth of the Esino River (C3 transect), changes in δ15N values could be attributed to local environmental variability of the nitrogen baseline related to river inputs (Galloway et al., 2004). River outflows usually increase the nitrogen load in the coastal environment (Boyer et al., 2006), which could have caused in turn an enrichment in the δ15N levels in the species living close to the river mouth (Fanelli et al., 2013). However, since the food web structure of the macrofauna assemblages at the two investigated sites (Control vs. SNI) was similar, all the differences concerning the benthic food web of macrofauna assemblages observed in the whole area are mainly due to natural variability. A similar trophic structure without any clear signs of the effects of contamination was also revealed by stable isotope-based community metrics, with Standard Ellipse Areas (as a proxy of isotopic niche width) showing similar values in SNI and Control benthic communities, and almost complete overlapping, suggesting the lack of anthropogenic impacts on the food web attributes (Alp and Cucherousset, 2022).

Overall, our findings indicate that although few stations in the SNI showed a certain degree of organic contamination, no stations can be defined as having a low-quality ecological status. We argue that the dispersion of contaminants due to the West Adriatic current, which flows along the Italian coast southward (Wang and Pinardi, 2002; Bignami et al., 2007), which can be intensified by Bora wind events (Paklar et al., 2001; Cushman-Roisin et al., 2013), can have contributed to the passive restoration of the area. The current measurement collected during the sampling period confirmed the expected pattern (Figures S1, S2) of a flowing southward current. These high-energy hydrodynamic conditions allow the biocoenosis of Fine Well-Sorted Sands or FWSS (SFBC, Sables Fins Bien Calibres in French, Pérès and Picard, 1964) to take place in the coastal area of the whole Region (Semprucci et al., 2010). The FWSS biocoenosis is recognized to be resistant and resilient under an array of human pressures (Dauvin et al., 2017) and the highly- hydrodynamic conditions likely prevent from accumulating contaminants, also when they are associated with organic matter.

Other factors besides the hydrodynamic regime could have concurred to the natural recovery such as microbial degradation (Röling and Van Verseveld, 2002; Acosta-González and Marqués, 2016; Dell’Anno et al., 2021) and bioturbation of opportunistic or tolerant burrowing macrofauna (including for example Spionidae, Owenidae and Paraonidae among polychaetes, and Photidae among crustaceans; Dauvin et al., 2017) that can adapt to human-impacted conditions (Fabi et al., 2009; Simonini et al., 2009). Bioturbation may represent a nature-based remediation strategy as it can improve sediment oxygenation, thus promoting resilience to anthropogenic impacts (Lam-Gordillo et al., 2022).

As further evidence of the good health status of the SNI area, we also discovered habitats with high ecological value, such as sabellarid bioconstructions (Franzitta et al., 2022 and Figure S6). These habitats are known to provide important ecosystem services such as sediment stabilization and mitigation of coastal erosion (Desroy et al., 2011; Lisco et al., 2017; Jones et al., 2020) and supporting coastal biodiversity (Bertocci et al., 2017; Gravina et al., 2018; Ingrosso et al., 2018; Bonifazi et al., 2019) and ecosystem functioning (Jones et al., 2020; Muller et al., 2021). Sabellaria spinulosa reefs are also included in the Habitat “Reefs” (code 1170) and listed under Annex I of the Habitats Directive 92/42/EEC.

Overall, this study expands knowledge on the health of the coastal benthic ecosystems affected by historical contaminations such as the SNI of Falconara Marittima, where the lack of a significant impact on macrofauna assemblages and food-web functioning, corroborates information obtained from the previous study on meiofauna (Corinaldesi et al., 2022). This two-pronged approach was used for the first time in a historically polluted marine site, confirming that the joint assessment of meio- and macrofauna are a robust tool to assess the environmental quality of marine ecosystems, as previously reported for others coastal environments (Fanelli et al., 2022; Magni et al., 2022) subjected to natural or anthropogenic impacts.




5 Conclusions

The present investigation reveals that after decades from the decommissioning of the industrial chemical plant located in the Falconara Marittima SNI, the coastal ecosystem recovery was achieved. It is likely that healthy conditions recovered even earlier but, due to the lack of previous studies in the area, this is difficult to ascertain. Our findings support the evidence that historically impacted marine coastal ecosystems and identified as “problem areas” under the law, can passively recover if characterized by highly performing self-purification conditions (i.e., hydrodynamic features) and that OECMs, by limiting marine resource exploitation and human pressures on ecosystems, can be useful not only to conserve marine biodiversity but also to favor the resilience of impacted ecosystems. At the same time, it is urgently necessary to better understand the passive ecological restoration times of historically polluted coastal areas in order to adopt management plans tailored to their specific characteristics, and eventually consider the implementation of an active restoration if these times are too long.
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Introduction

Passive and active restoration approaches have been often considered as different alternatives to achieve the ecological restoration of a degraded site. This false dichotomy has been overcome in terrestrial ecosystems, for which a range of restoration approaches have often been applied within the same restoration project, creating a continuum of interventions. In the marine environment, the combined approach based on passive and active restoration is less studied.





Methods

Here, we tested the possibility of actively restoring a macroalgal population in a historically polluted industrial site, subjected to decadal passive restoration (i.e., unassisted, or spontaneous recovery following cessation of industrial activity), in the Mediterranean Sea. Recently, it has been demonstrated that in the site under scrutiny, there is no longer any sign of the historical contamination or impact on benthic fauna therefore the environmental conditions are indistinguishable from surrounding non-impacted areas. We used artificial breakwater barriers already present in the site to restore a population of the brown algae Gongolaria barbata. The intervention was conducted by applying an in situ recruitment approach and a complementary action using cages to exclude the herbivores. The G. barbata recruits were transplanted on the artificial reefs and after they reached the maximum growth inside the cages, one cage was opened and another one was completely removed to also test the grazing pressure. The associated benthic assemblages were also analysed in terms of meio- and macrofaunal abundance, the richness of taxa, and taxonomic composition.





Results and discussion

Our results indicate that, at least over a relatively short period (i.e., 6 months), the use of the cages represents a useful tool to let the macroalgae grow enough to counterbalance the herbivory pressure. The associated fauna below the macroalgae was characterized by a different taxonomic composition when compared to controls (i.e., artificial reefs without the macroalgae), particularly when considered the rare taxa. In conclusion, the combination of passive and active restoration can be considered a useful approach to restore marine sites degraded by historical industrial activities.
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1 Introduction

Facing unprecedented rates of loss and change at all levels of biological diversity, the increasing efforts to conserve marine coastal ecosystems appear still insufficient, since the natural recovery of ecosystems can be difficult in a reasonable time frame (Lotze et al., 2006; Cardinale et al., 2012). Indeed, even when the source of impact is removed, the ecosystem recovery to pristine conditions can last from decades to centuries (Lotze et al., 2011). Thus, in the frame of ecological restoration, passive or unassisted restoration (mainly considered as a conservation measure rather than genuine restoration, mostly aimed at mitigating human threats) can be insufficient to halt or reverse trajectories of change (Jones et al., 2018; Lindegren et al., 2018). To this end, active restoration (i.e., the process of actively assisting the recovery of an ecosystem that has been degraded, damaged, or destroyed) is considered one of the most promising strategies to foster ecosystems recovery (Aronson and Alexander, 2013; Fraschetti et al., 2021).

The distinction between active and passive restoration persists in much research and policy today (Chazdon et al., 2021). However, in the framework of the UN Decade on Ecosystem Restoration, it has recently suggested replacing this dichotomy with a continuum-based process framework (2021-2030, UNGA Resolution 73/284; Chazdon et al., 2021). The main distinction between “passive” and “active” restoration lies primarily in the timing and extent of human interventions, and cannot be considered as opposite aspects, but rather as complementary. The actions required to eliminate human pressures are essential for enabling ecosystem recovery processes, regardless of the kind of restoration interventions applied (Chazdon et al., 2021).

Previous investigations in marine ecosystems suggested that to reduce and reverse biodiversity loss, the “passive” restoration (e.g., obtained through the institution of marine protected areas, MPAs) should be complemented by “active” restoration (e.g., transplants, translocations; van Tatenhove et al., 2021). However, also “Other Effective Area-based Conservation Measures” (OECMs: locally managed no-take areas, fishing restricted areas, ecological corridors, and trawling bans established through long-term management plans; Diz et al., 2018) or areas interdicted to human activities for decades due to historical pollution can be optimal candidates as restoration sites, particularly those that no longer present signals of environmental damage and have characteristics indistinguishable from the surrounding non-interdicted areas (Corinaldesi et al., 2022; Fanelli et al., 2023).

In this regard, historically and chronically polluted sites, are under the attention of policy makers and environmental managers in the USA (by the U.S. Environmental Protection Agency - EPA) and Canada (by the Canadian Council of Ministry of the Environment - CCME) (Ausili et al., 2020). The European Union (EU) identified soil contamination as a priority for the collection of policy-relevant soil data at the European scale (COM(2006)231). Regarding the marine realm, the EU recognized the need to review current legislation, such as the Directive on Sewage Sludge and the Directive on Integrated Pollution Prevention and Control (IPPC) and to assess whether there are any synergies between the current legislation and the Water (2000/60/EC), the Marine Strategy (2008/56/EC) Framework Directives, as well as with the Barcelona (1976), OSPAR (1992), and HELCOM (1992) Conventions (Panagos et al., 2013; Ausili et al., 2020). In Italy, polluted sites defined as “Sites of National Interest” (SNI), require priority actions of environmental remediation by governmental laws due to the high levels of environmental and human risk (Ausili et al., 2020). In the SNI under scrutiny here, previous studies suggested a natural recovery of the marine area over 2 decades of restrictions on human activities, including fishing and shipping (Corinaldesi et al, 2022). Following the concept of restoration as a continuum of interventions, these sites are excellent candidates for active restoration implementation.

Macroalgal forests are among the most studied rocky-bottom habitats for their potential success in restoration interventions (Fabbrizzi et al., 2023). In the Mediterranean Sea, macroalgal forests are dominated by Cystoseira sensu lato (Fucales brown algae) species and form the most productive and diversified ecosystems, thus providing a plethora of ecosystem services. At the same time, these forests are among the habitats most threatened by human impacts. Although macroalgal forests are regressing in the whole Mediterranean basin, important steps forward in their restoration in terms of approaches, techniques, and interventions have been made in the last years, so that nowadays guidelines are available for several species (Cebrian et al., 2021). In 2009, an amendment of the Mediterranean Action Plan (Annex IV, SPA/BD Protocol – United Nations Environment Programme) adopted within the framework of the Barcelona Convention (1976), identified the conservation of all but one (Cystoseira compressa) Mediterranean Cystoseira s.l. species as a priority. Despite the robust legislative framework, specific conservation measures for the protection of these habitat-forming species have never been implemented (Fraschetti et al., 2011). Indeed, these species are not listed in the Habitat Directive annexes (Directive 92/43 EEC), but only the habitat they colonize (1170 “Reefs”).

These macroalgal forests play an important role in sustaining high levels of biodiversity, due to their role as primary producers and the organic matter availability which they provide (Bianchelli et al., 2016a; Bianchelli et al., 2016b; Bianchelli and Danovaro, 2020). For this reason, restoration interventions are necessary, especially for those populations that are not able to recover naturally (Gianni et al., 2013; Fraschetti et al., 2021). However, by definition, “ecological restoration” aims to recreate, initiate, or accelerate the recovery of an ecosystem that has been disturbed, so that the success should be measured by monitoring not only the survival of the restored populations but also the biodiversity recovery of the associated biodiversity.

Meio- and macrobenthic communities are characterized by high structural and trophic-functional diversity and have key roles in benthic food webs and in maintaining their functionality, thus providing information on the ecosystem’ health status (Bianchelli and Danovaro, 2020; Fanelli et al., 2023). Therefore, their abundance, biomass, and diversity can be investigated in restoration interventions of different macroalgae species and used as indicators of success (Semprucci et al., 2013; Bianchelli et al., 2016a; Bianchelli et al., 2016b; Corinaldesi et al., 2022; Bianchelli et al., submitted).

In this study, we carried out a restoration intervention of a Gongolaria barbata population on the breakwater barriers in the Site of National Interest (SNI) of Falconara Marittima in the Central-Western Adriatic Sea (Italy, Mediterranean Sea). The SNI is a historically polluted and degraded environment, enclosed among the “problem areas” of the European seas (Andersen et al., 2022). The interdiction of the marine area to any human use for about 20 years has been reported to have positive effects on the benthic ecosystems, which currently show no sign of alteration (Corinaldesi et al., 2022; Fanelli et al., 2023). Therefore, this area putatively represents an optimal site for restoration. Studies on the use of artificial reefs, which are already present on site, as substrates for the active restoration of lost natural populations of Cystoseira s.l. are limited, but these could be very useful to foster the rehabilitation of degraded and artificial habitats (Susini et al., 2007; Perkol-Finkel et al., 2012; Ferrario et al., 2015).

Breakwater barriers, like many other artificial marine substrates, contribute to the alteration of coastal habitats, threatening biodiversity and impairing ecosystem functioning (Perkol-Finkel et al., 2012; Gianni et al., 2013). Artificial structures are typically characterized by lower levels of biodiversity than natural ones and are often dominated by opportunistic and invasive species (Bulleri and Chapman, 2010, Ferrario et al., 2015). Even if they can be exploited as a substrate for macroalgae restoration interventions and to increase local ecological value, the growth of canopy algae could be impaired by possible less favourable abiotic conditions and by higher biotic disturbance from both consumptive and non-consumptive interactions on the artificial structures compared to the natural reef (Ferrario et al., 2015).

Literature information about the historical presence of G. barbata in the area under scrutiny is lacking although the presence of Cystoseira spp was reported along the Adriatic coasts, including the western-central side of the basin (Perkol-Finkel and Airoldi, 2010). Along this coast attempts of promoting the growth of threatened species of Cystoseira s.l. on coastal infrastructures were also carried out to rehabilitate these habitats (i.e., restore or improve some aspects of an ecosystem but not necessarily fully restore all its components to their original, undisturbed state; Roni et al., 2005; Perkol-Finkel et al., 2012).

In the present study, to increase the restoration success, the active intervention was complemented with the protection of the G. barbata transplants from macro- and mesograzers through cages. Previous studies, indeed, showed a high grazing pressure in the same investigated site due to the Pachygrapsus marmoratus crab (Bianchelli et al., submitted), which has been specifically reported to be a grazer of Cystoseira s.l. on artificial reefs (Gianni et al., 2018). The success of restoration interventions was measured in terms of algal growth but also of associated benthic meio- and macrofaunal abundance and biodiversity. An additional laboratory experiment was also performed to better understand the mechanisms and the rates of herbivory of P. marmoratus on G. barbata, and to provide a first calibration of the grazing management in future restoration actions.

Overall, the objective of the present investigation is assessing the transplanting success of the macroalgal population of G. barbata in a historically polluted industrial site, combining active and passive restoration. More specifically, we tested the null hypothesis that using cages to control the grazing pressure, the transplanted G. barbata do not grow over time and that the associated meio- and macrofaunal assemblages (considered here as a proxy of biodiversity) did not change in terms of abundance, richness of taxa and taxonomic composition.




2 Materials and methods



2.1 Study area and selection of species for restoration intervention

The study area is the Site of National Interest (SNI) of Falconara Marittima (43°38’54’’N 13°21°35’’E), established under Law No. 179 of July 31, 2002, by Decree of the Minister of Environment and Territorial Protection of February 26th, 2003 (Corinaldesi et al., 2022; Figure 1). The SNI covers a marine-coastal area of about 1’200 ha and a territory of about 108 ha; it includes industrial settlements with high environmental impact, such as the API Raffineria S.p.A. and the disused area of the industrial plant “ex Montedison”, which produced phosphatic fertilizers from pyrite and phosphorite.




Figure 1 | Study area. Orange lines: boundaries of SNI area, light blue dot: restoration site inside SNI (Lat: 43°38’54’’N; Long: 13°21°35’’E), dark blue dot: donor site. The map was generated using Map data ©2019 Google.



Although the SNI is included in the Area with High Risk of Environmental Crisis Falconara and Lower Esino Valley (AERCA) (ARPAM, https://www.arpa.marche.it/siti-di-interesse-nazionale), the anthropogenic impact is no longer detectable in the marine area and the marine sediment could be classified as “meso-eutrophic” (Pusceddu et al., 2009), a common condition in many areas of the Adriatic Sea (Bianchelli et al., 2016a; Bianchelli et al., 2018). However, in the terrestrial environment, soil and groundwater show contaminant levels above the thresholds (Legambiente, 2021). In the coastal area facing the SNI, there are 11 breakwater barriers, extending from the “ex Montedison” industrial plant to the mouth of the Esino River.

G. barbata (Fucales) lives in shallow and sheltered rocky environments and is considered a threatened species by the Barcelona Convention. This species is quite rare along the coasts of the Mediterranean Sea, 107 populations have been recorded in recent years along Italian coasts across the Central and Southern Tyrrhenian, Sardinian, Adriatic and Northern Ionian Seas (Tamburello et al., 2022). Local extinctions have been documented between 1979 and 2013–2016, whereas few populations naturally recovered by 2000–2008 (Tamburello et al., 2022).




2.2 Restoration intervention

The G. barbata specimens used for transplantation in the SNI were obtained from in-situ recruitment carried out at Passetto (Ancona), where during February 2021 3 artificial structures were positioned under reproductive adults of G. barbata (the donor population: Bianchelli et al., submitted). The structures were equipped with clay tiles characterized by rough surfaces to let the zygotes root and grow (Verdura et al., 2018).

In July 2021, the 3 structures with the G. barbata juveniles were moved from Passetto to the SNI of Falconara Marittima. The most distant breakwater barrier from the Esino River mouth was selected as receiving site since it corresponds to the lowest level of transport of sediment, freshwater, and nutrients.

A complementary action based on the installation of cages to exclude the herbivores due to the high grazing pressure in the area (Bianchelli et al., submitted) was also carried out. As a result, each experimental unit was composed of an artificial structure with G. barbata juveniles and the cage to exclude grazers. The cages were positioned at about 1-meter depth in the landward part of the barrier and were built with a galvanized iron mesh with 12 mm mesh and were 40 cm in length, 25 cm in width, and 20 cm in height and had a removable lid (Figure 2). The experimental units were fixed to the artificial reef with the drill and stainless-steel screws.




Figure 2 | Three experimental units (A, B) composed each of the artificial structure with G. barbata juveniles and cage, and G. barbata juveniles inside one of the cages (C).



On 21st October 2021, following a strong storm, the cage of the third structure (structure 3) was uprooted and one of the five clay tails was lost. Since we observed that in the other two structures the algae’ heights reached the lid of the cages, the same day, the lid of the first cage (structure 1) was removed to let the algae grow and test the resistance of G. barbata grown against grazers.




2.3 Indicators of success: algal growth and associated biodiversity

The response variables chosen (G. barbata individuals’ height and canopy coverage, meio- and macrofaunal abundance and diversity) allowed us to monitor the growth of G. barbata over time and changes in the associated biodiversity. The height and the canopy coverage of the G. barbata were used to monitor its growth. The height was measured in 10 individuals for each experimental unit (abundance 5-15 cm-2 individuals), whereas the canopy coverage was assessed as % over a standardized surface (corresponding to the area of the cage).

Meiofauna and macrofauna (investigated in terms of total abundance, richness of taxa, and taxonomic composition) were used as a proxy for the associated communities. Sampling for meio- and macrofauna analyses was carried out comparing assemblages under the structures with a substrate with no transplanted macroalgae (used as control), approximately every 2 months, from transplantation to SNI in July until January 2022. A modified manual corer with an inner diameter of 9 cm was used to take 3 replicated samples from the hard substrate nearby cages (1 replicate for each experimental unit) and 3 replicates far from them (as a reference). Samples were then collected in plastic bags (Danovaro and Fraschetti, 2002). The samples were then frozen at -20°C until the analyses at lab.

For the extraction of meio- and macrofauna, the samples were subjected to ultrasonic treatment (3 x 1 minutes) and filtered on 20 and 500 µm meshes, for separating meio- and macrofauna. For meiofauna, an extraction based on centrifugation in a density gradient, with Ludox HS40 gel solution was used (Heip et al., 1985; Danovaro, 2010). The samples were then placed in 50 ml falcon with 70% ethanol and Rose Bengal and kept refrigerated for 2-3 days to allow the staining of the sample. The abundance of organisms was determined by using the stereomicroscope with magnifications from 16 to 40X.




2.4 Grazing experiment

During the sampling survey in October 2021, individuals of P. marmoratus were photographed while eating G. barbata settled on the third structure, deprived of the cage after the sea storm. After 18 days, on the same structure, grazers completely removed G. barbata individuals. Since no herbivorous fish were observed along the breakwaters during the entire period, an experiment was conducted in the aquarium to investigate P. marmoratus grazing on the algae. To do this, in December 2021, 4 specimens of P. marmoratus, together with a small stone covered by numerous individuals of G. barbata less than 15 cm high, were taken from the donor site Passetto (Figure 3).




Figure 3 | P. marmoratus grazing on G. barbata at the beginning of the experiment (left panel) and the stone completely grazed at the end of the experiment (right panel).



The crabs and the rock with the algae were transferred inside a tank of 200 L, inside which was placed a rubber mat as a substrate to facilitate the movement of animals, which was not given any type of additional food. The photoperiod of the tank was set at seven hours of light and 17 h of dark, and the water temperature was 13°C.

The number of G. barbata individuals and their heights were measured across 20 days, every 4-5 days, for a total of 6 sampling times. Through an underwater camera, videos were also made taking photos at an interval of 30 seconds one from each other, to shoot crabs while eating G. barbata.




2.5 Data processing and statistical analyses

For algal growth, the experimental design considered 2 factors as source of variability: Time, fixed with 17 levels (corresponding to the sampling times), and Structure, fixed with 3 levels. The analysis considered 9-10 replicated measures each time in each structure. For the analysis of the associated biodiversity, the experimental design considered 2 factors as source of variability: Site (fixed, 2 levels: cages and control) and Time (fixed, 4 levels, corresponding to the sampling times), with 3 replicates. For algal growth and abundance in the experiment on grazing, the experimental design considered only Time as source of variance (fixed factor, with 6 levels).

The experimental designs were applied to permutational analyses of variance (PERMANOVA), in uni- (for algal growth, total meio- and macrofaunal abundance) and multivariate context (for taxonomic composition of the meio- and macrofaunal assemblages) and based on Euclidean distance and Bray-Curtis similarity matrices, respectively. Analyses on meio- and macrofaunal taxonomic composition were repeated considering the whole assemblages and considering only the rare taxa. When significant differences were observed, pair wise tests were performed to establish between which levels significant differences were present. To visualize differences in the taxonomic composition, bi-plot were also produced following CAP (Canonical Analysis of Principal coordinates) analysis.

All statistical analyses were done with the PRIMER7 software package.





3 Results



3.1 Gongolaria barbata growth

During the recruitment phase (from March ‘21 to July ‘21) at Piscinetta del Passetto, the heights of G. barbata individuals significantly grew over time, with no difference among the structures (Figure 4A). After the transplant at SNI carried out in July ‘21, algae significantly grew until September ‘21, both in terms of height and canopy coverage (heights range 13.7-15.0 cm and canopy coverage 60.4-81.8%, Figures 4A, B). In October ‘21 a storm destroyed one of the cages (Structure 3), resulting in the complete disappearance of the algae from the structure in one month (Figure 4A, dark green dots). On that occasion, the cage lid was removed from Structure 1. In Structures 1 and 2, algal heights and canopy coverage did not significantly change over the following 3 months. At the beginning of January ‘23, another storm destroyed the remaining two cages, however, on that occasion the algae were not detached and their eight and canopy coverage did not change until the end of the experiment (end of January ‘22). At the end of the experiment, the algae heights, and their canopy coverage in the Structure 1 (without the lid) were higher than in the cage with the closed lid (Structure 2).




Figure 4 | G. barbata growth during the recruitment phase at Passetto and after the transplant within the SNI (blue arrow), in term of algal height (A) and canopy coverage (B). Red arrows indicate storms, the first of which destroyed one of the cages (in October ‘21), the second one destroyed the two remaining cages (in January ‘22).






3.2 Associated meio- and macrofaunal diversity

Meiofaunal abundance showed significant differences over time but not between cages and the control site (Table 1A, Figure 5A). The richness of meiofaunal taxa was higher in the control site in July ‘21 and underneath the cages in the last sampling time (January ‘22) (Figure 5B). The overall richness of taxa (i.e., cumulatively in control and cages sites) increased over time until November ‘21 and corresponded to the richness of taxa underneath the cages in the last sampling time (Figure 5B).


Table 1 | Output of PERMANOVA analyses testing for the effect of factors Site and Time on meiofaunal abundance, taxonomic and rare taxa composition (A), macrofaunal abundance and taxonomic composition (B), and the effect of time on the algal heights during the grazing experiment (ns = not significant, * = p < 0.05; *** = p < 0.001).






Figure 5 | Meiofaunal abundance (A), richness of taxa (B) and taxonomic composition considering rare taxa (C) underneath the cages with G. barbata and in the control site (without G. barbata and cages).



The assemblages were dominated by Nematoda (52-57% and 36-67% in control site and beneath the cages, respectively), Copepoda (11-37% and 9-30%), Polychaeta (2-5% and 3-10%), Bivalvia (2-32% and 2-44%) and Kinorhyncha (2% and 0-2%). The rare taxa (i.e., representing each <1% of the assemblages) observed were: Oligochaeta, Amphipoda, Ostracoda, Isopoda, Cumacea, Gasteropoda, Acarina, Tanaidacea and Hydrozoa in the control site; and Oligochaeta, Cladocera, Amphipoda, Ostracoda, Isopoda, Cumacea, Gasteropoda, Acarina, Tanaidacea, Hydrozoa and Picnogonida underneath the cages. Considering only the rare taxa, significant differences were observed between cages and control site (Table 1A, Figure 5C). In the last sampling time (January 2022) rare taxa were observed only underneath the cages with G. barbata.

Macrofaunal abundance did not show significant differences over time nor between cages and the control site (Table 1B, Figure 6A). The richness of macrofaunal taxa was higher in the control site only in July ‘21, where the values were higher underneath the cages in September and November 2021 (Figure 6B). The overall richness of taxa was higher than that observed in the control or cages (Table 1B, Figure 6B).




Figure 6 | Macrofaunal abundance (A), richness of taxa (B) and taxonomic composition (C) underneath the cages with G. barbata and in the control site (without G. barbata and cages).



The assemblages were dominated by Polychaeta (21-49% and 27-64% in the control site and beneath the cages, respectively), Nematoda (7-41% and 4-53%), Bivalvia (3-21% and 0-13%) and Hydrozoa (0-50% and 0-55%). Significant differences were observed only among sampling times but not between cages and control site (Table 1B, Figure 6C).




3.3 Grazing rates and mechanisms

The number of the algae individuals on the stone was 27 at the beginning of the experiment, decreased by ca. 50% after 12 days and the individuals were completely grazed after 30 days (Figure 7A). PERMANOVA analyses did not reveal any significant differences in the algal heights across time (Table 1C, Figure 7B). The recorded videos confirmed that P. marmoratus grazes on G. barbata detaching the individuals from the basal disc of the algae, irrespective of their height.




Figure 7 | G. barbata number of individuals (A) and heights (B) during the experiment on grazing rates and mechanism.







4 Discussion



4.1 Integrating “passive” and “active” restoration

In this study, the SNI of Falconara Marittima, was selected for testing the possibility of rehabilitating the marine ecosystem through a transplant experiment of a population of G. barbata. Fucales forests can indeed be transplanted into degraded habitats where they were historically present, but also in areas where they had never been recorded in order to rehabilitate the habitat and increase its ecological value (Gianni et al., 2013).

Being interdicted to human activities for decades due to historical pollution and presenting nowadays characteristics indistinguishable from the surrounding non-interdicted areas, this SNI represents an optimal candidate as restoration site to implement combined passive and active restoration interventions (Corinaldesi et al., 2022; Fanelli et al., 2023).

Coastal infrastructures, such as breakwater barriers, ports, and offshore installations, are an ideal harsh substrate for the conservation of threatened marine species and can represent suitable substrates for “active restoration” interventions (Perkol-Finkel et al., 2012). In this regard, very few attempts were carried out in the Northern Adriatic Sea, where breakwater barriers represent a hard substrate different from the surrounding sandy habitats, using G. barbata on coastal defence structures, with encouraging results (Perkol-Finkel et al., 2012). However, in contrast to previous findings reporting a very low survival percentage (on average 20-30%, Perkol-Finkel et al., 2012), we obtained high survival rates, high levels of growth and canopy coverage. Differences between our and previous results may rely on the fact that we applied an approach integrating “passive” and “active” restoration, as an intervention continuum and not a mere action of transplant. In particular, the area in which we transplanted G. barbata was evaluated a priori as suitable for restoration as it no longer showed signs of pollution (Corinaldesi et al., 2022; Fanelli et al., 2023). We argue that this is a critical step to evaluate the success of “passive” restoration before implementing a transplant action on coastal infrastructures as breakwater barriers.

Moreover, we successfully managed the herbivory pressure using cages (see Paragraph 4.3), as also reported in previous studies (Perkol-Finkel et al., 2012; Orlando-Bonaca et al., 2021). The only factor threatening the success of the transplant was the autumnal storm that occurred in October, which destroyed one of the cages and allowed us to test the grazing pressure over G. barbata individuals of 15 cm height. This allows us to confirm that restoration must be considered a continuous process needing maintenance, in this case, the possible replacement of the lost cage. Also, the outcomes of previous studies highlighted that unpredictable climatic events are one of the major threats impairing the restoration process of G. barbata (Savonitto et al., 2021). The ongoing climate change, provoking temperature raising or stochastic and more and more frequent strong events (e.g., frequent storms, heatwaves), represents the biggest challenge to face when putting in force restoration interventions at the local level (Garrabou et al., 2022; Orlando-Bonaca et al., 2022). Climate change events can affect the survival and the reproduction of the target species but also impair the transplants themselves, destroying the infrastructures used to implement the reintroduction of the target populations (Savonitto et al., 2021; present study). Moreover, population vulnerability to warming would have to be considered before designing and investing in a long-term and successful restoration plan and climatic refugia should be considered as priority areas for habitat-forming species restoration (Verdura et al., 2021).




4.2 Restoration success and effects on biodiversity

In this restoration experiment the total abundance, richness of taxa, and the taxonomic composition of meio- and macrofaunal assemblages were assessed underneath the structures with macroalgae and in the control (artificial reef’ substrate with no transplanted macroalgae), to assess potential biodiversity changes led by G. barbata. Meio- and macrofauna abundance did not show significant differences between the control and the restoration site but only changes over time. This is probably due to seasonal fluctuations and the effect of the sea storms occurring during the experiment (Danovaro and Fraschetti, 2002). However, in the last sampling period, the richness of meiofaunal taxa was higher underneath the structures with macroalgae than in the control site, whereas the macrofaunal richness of taxa was the same underneath the structures and in the control. Similarly, meio- and macrofauna taxonomic composition significantly changed over time and the only difference between structures with macroalgae and control sites was observed in the composition of meiofaunal rare taxa. Fucales forests typically attract and sustain high levels of benthic biodiversity, particularly related to meiofaunal and macrofaunal herbivores which feed on the macroalgae, but also other consumers, thus provoking an increase in the richness of taxa (Bianchelli et al., 2016b). Moreover, macroalgae form three-dimensional habitats, hosting a lot of associated species (as epiphytes), due to the high number of ecological niches available (Veiga et al., 2014). Indeed, our data indicate that the overall richness of taxa (i.e., cumulatively in control and underneath cages) was higher than those observed in each site, reflecting that G. barbata host taxa were otherwise absent.

Overall, our results let us hypothesize a positive response by meio- and macrofaunal assemblages, which could have a positive effect on the entire food web, due to their ecological role. However, a longer monitoring period is required to ascertain a consistent and durable response from the benthic community after the restoration intervention in terms of biodiversity enhancement.




4.3 Complementary actions in restoration: herbivory management

Herbivores can drastically reduce algal and seagrass canopies, thus Sarpa salpa, Paracentrotus lividus and Arbacia lixula have been defined as important ecosystem modifiers (Tamburello et al., 2022 and citations therein). Since fluctuations in their populations cannot be easily controlled, grazers are considered one of the main constraints in macroalgal restoration actions (Orlando-Bonaca et al., 2021), and devices to prevent access by grazers (fish and sea urchins) and herbivore removal/culling should be considered (Gianni et al., 2018; Cebrian et al., 2021). Moreover, the knowledge of the critical threshold density of herbivores affecting recruitment success in macroalgae is still to be ascertained and will vary depending on environmental conditions (Cebrian et al., 2021). However, in this study, the main herbivores were represented by benthic meso- or macro-grazers (i.e., Pachigrapsus marmoratus), so the use of cages to protect the small juveniles of G. barbata was an effective complementary action to obtain macroalgal adults even in presence of high grazing pressure (Cebrian et al., 2021; Monserrat et al., 2023; Bianchelli et al., submitted).

In addition, we could estimate that when the algae reached 10-15 cm height (in January ‘22, Figure 4), they were grown enough to counteract the herbivory pressure. The use of cages to exclude grazers has indeed allowed the algae to grow and survive six months after the transplant in the SNI (except for structure 3, damaged by the sea storm after 3 months after the transplant). Especially in the early stages of the experiment, the presence of cages is essential to avoid grazing, and this has also been proven by other studies conducted on artificial reefs. In this regard, previous investigations (Perkol-Finkel et al., 2012) demonstrated that the use of cages with 1x1 mm mesh for the G. barbata restoration in artificial barriers allows the algae to survive and to have a growth comparable to natural populations, but with very low survival percentage. In the present study, we observed different factors possibly impairing the transplant success: i) the storm destroying one of the cages and ii) the lid of the cages, limiting the growth in height of individuals. Overall, our field results indicate that the G. barbata needs to reach at least a minimum height of ca. 10-15 cm and 80% in canopy coverage before removing the cages. Moreover, the laboratory experiment of grazing demonstrated that P. marmoratus (apparently the main grazer, Gianni et al., 2018) detach the algae from the basal disc. This means that, in our case, cages can be built without lids to avoid grazing and at the same time allow for algae growth. This could also impair the growth of epiphytes on the cages’ mesh; indeed, these species are in competition for resources with G. barbata and they could modify the irradiance and the water exchange conditions (Cebrian et al., 2021). Moreover, in future restoration interventions, it would be necessary to transplant a very large number of algae individuals to counteract the grazing pressure by P. marmoratus.

Despite the difficulties encountered mainly due to stochastic events (bad weather and sea storms) G. barbata survived and grew over time; this demonstrates that the cages play a fundamental role in the success of restoration interventions in artificial reefs, at least for the survival of juvenile algae and until they become resistant to grazing pressure.





5 Conclusions and perspectives

This study demonstrates that the complementary approach based on passive and active restoration is successful also in marine degraded ecosystems. In this regard, the SNIs, even when passively recovered (depending on their contamination levels and environmental characteristics) are optimal sites to implement restoration interventions and rehabilitate the habitats they host. The use of cages for grazing management in restoration interventions along breakwater structures is efficient and permits the survival and growth of macroalgae over time. However, finding thresholds in terms of algal growth to counteract the herbivory pressure is a key aspect to succeed in restoring real macroalgae forests, particularly when stochastic events compromise the use of cages or other devices typically used in restoration interventions (i.e., artificial substrates, grazers deterrents).

The present investigation also reveals that benthic biodiversity in terms of richness of taxa can recover and favor the presence of rare taxa (for meiofauna), also over a short time (6 months). Overall, our results let us suggest that restoration interventions may have a positive role in enhancing biodiversity, however, to corroborate our data, it would be necessary to lengthen the monitoring period by at least one year to cover all seasons also to assess the self-sustaining potential of the transplanted population.

Also, technical aspects can improve the success of the intervention: as an example, a high number of macroalgal individuals, together with the design of specific cages (e.g., without lids), should be considered in a restoration intervention on artificial substrates, since they help to counterbalance the grazing pressure.

Overall, we can conclude that restoration interventions on artificial substrates in OECMs or areas interdicted to human activities for decades due to historical pollution such as the SNIs offer a great possibility to achieve the targets of the UN Decade on Ecosystem Restoration.
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Macroalgal forests characterised by species of the genus Cystoseira sensu lato form important shallow coastal rocky habitats in the Mediterranean Sea. These forests support a high biodiversity and provide important ecosystem services and societal benefits. Currently these habitats are often in a poor condition in many areas, due to loss and degradation from both anthropogenic and climate stressors. Restoration has recently moved to the forefront of the United Nations and European Union agendas to reverse this trend, particularly in the last decade with the implementation of various international policies. However, this has been in the form of generic targets (e.g., restoration of 30% of degraded habitats by 2030) and has not been linked to specifically what habitat or species to restore, where and how. Initial targets have been missed, new targets are expected through the proposed EU Nature Restoration Law, but overall guidance is still lacking. There are few specific guides to marine habitat restoration limited to mostly seagrass, corals and shellfish. As a priority action for the recovery of coastal marine ecosystems a decision-support framework has been developed for the restoration of Mediterranean macroalgal forests, comprising a stepwise decision tree with additional descriptions of key elements to be considered for a restoration action. The decision tree includes steps concerning current and historical forest presence, site local condition assessment and choice of actions. Key considerations include restoration implementation (competence, society and support, finance and governance), success evaluation (at the target species and the ecosystem level) and long-term management. The framework builds on existing work on Cystoseira s.l. restoration, the work carried out in the EU AFRIMED project, but also on principles and guidelines in place for both generic and specific marine habitats. The work reported here has involved the expertise of scientists and information from stakeholders. Gaps were identified and recommendations were made, dealing with stressors, coordinating and networking stakeholders, integrating top down policy and bottom up initiatives, funding of restoration actions, establishing synergies between restoration, conservation and marine spatial planning and finally communication and publicity.
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1 Introduction

Mediterranean macroalgal forests are typically dominated by canopy-forming Cystoseira sensu lato species, including the genera Cystoseira, Gongolaria and Ericaria (Sauvageau, 1912; Feldmann, 1937; Ercegović, 1952; Molinari Novoa and Guiry, 2020) (Figures 1A, B). They are generally considered as the ‘Mediterranean kelps’ (Mangialajo et al., 2008a). Cystoseira s.l. species form dense canopies and create complex three-dimensional structures in rocky coastal ecosystems (Bulleri et al., 2002; Rodríguez-Prieto et al., 2013) providing habitat, food and shelter for many other associated species (Giaccone, 1973; Giaccone and Bruni, 1973; Ballesteros, 1988, Ballesteros, 1990a; Ballesteros, 1990b; Ballesteros et al., 1998; Cheminée et al., 2017; Piazzi et al., 2018; Sant and Ballesteros, 2021a). Cystoseira s.l. forests occur from the upper infralittoral down to the upper circalittoral zone (reported to 50 m depth in Hereu et al., 2008). Their distribution is dependent on a variety of environmental factors such as light intensity, hydrodynamics, temperature and nutrient availability, among others (Feldmann, 1937; Giaccone and Bruni, 1973; Ballesteros, 1989; Ballesteros and Zabala, 1993; Delgado et al., 1995; Arévalo et al., 2007; Hereu et al., 2008; Sales and Ballesteros, 2009; Vergés et al., 2009; Chappuis et al., 2014; Sant and Ballesteros, 2021a; Sant and Ballesteros, 2021b; Ballesteros and Sant, 2022). Cystoseira s.l. species represent one of the most productive and biodiversity-rich habitats of the Mediterranean Sea and underpin important ecosystem services, functions and benefits (e.g., carbon burial and nutrient cycling) (Boudouresque, 1972; Verlaque, 1987; Ballesteros, 1988; Ballesteros, 1989; Ballesteros, 1990a; Ballesteros, 1990b; Sales and Ballesteros, 2012; Piazzi et al., 2018; Pinna et al., 2020). Cystoseira s.l. provides nursery services for fish stocks which in turn support commercial and recreational fisheries, thereby delivering both economic and cultural values (Costa-Domingo et al., 2022; Friedrich et al., 2022). Cystoseira s.l. also provides service as bioindicator for water quality (Ballesteros et al., 2007; Orfanidis et al., 2011).




Figure 1 | Healthy forest of Gongolaria barbata (A), healthy forest of Ericaria crinita (B), degraded rocky bottom (C, D). Ex situ recruitment enhancement restoration technique: growth of Cystoseira recruits in laboratory culture on mobile substrates (E) and placement of seeded substrates with Cystoseira recruits in the restoration site (F). Photo credits (A): Stéphan Jamme; (B), (E) and (F): Jana Verdura; (C): Emma Cebrian; (D): Xavi Calsina.



During the last three decades, most of the Cystoseira s.l. forests have been progressively lost in the Mediterranean Sea (Bellan-Santini, 1965; Munda, 1993; Cormaci and Furnari, 1999; Thibaut et al., 2005; Mangialajo et al., 2008a; Pinedo et al., 2013; Iveša et al., 2016), as with other macroalgal forests around the globe (Steneck et al., 2002; Airoldi and Beck, 2007; Filbee-Dexter and Wernberg, 2018; Bernal-Ibáñez et al., 2021; Martín García et al., 2022). Habitat destruction (loss of suitable substrate from coastal development or other direct seabed contact), changes in water quality following sedimentation, eutrophication and pollution, as well as overgrazing have been the main causes of their decline (Thibaut et al., 2005; Arévalo et al., 2007; Mangialajo et al., 2008b; Sala et al., 2011, Sala et al., 2012; Vergés et al., 2014; Pinedo et al., 2015; Piazzi and Ceccherelli, 2019; Orfanidis et al., 2021) (Figures 1C, D). This is expected to be exacerbated by impacts of climate change (such as marine heatwaves; Lejeusne et al., 2010; Celis-Plá et al., 2017; Verdura et al., 2021). Currently, all Cystoseira s.l. species except C. compressa are included in the Annex II of the Barcelona Convention (United Nations Environment Programme/Mediterranean Action Plan) and the establishment of dedicated Marine Protected Areas (MPAs) has been encouraged (Gianni et al., 2013).

Despite a few populations exhibiting natural recovery after a decline (e.g., Iveša et al., 2016), the natural re-establishment of Cystoseira s.l. forests is extremely rare (Chapman, 1995; Soltan et al., 2001; Sales et al., 2011; Capdevila et al., 2018a; Riquet et al., 2021). The lack of a nearby source of propagules and the low dispersal capacity of these species hinder their natural recovery (Perkol-Finkel and Airoldi, 2010). Consequently, active restoration methodologies have become one of the few feasible alternatives to promote the re-establishment of lost Cystoseira s.l. forests, following mitigation of the factors responsible for the decline.

The first records of macroalgal restoration projects go back to 1959, and have substantially been increasing since the 1990s (Eger et al., 2022a). However, these efforts have not been homogeneously distributed across the globe since most projects have been performed in Japan and the USA (Ueda et al., 1963; North, 1976; Wilson and McPeak, 1983; Arai, 2003; Japanese Fisheries Agency, 2009; Japanese Fisheries Agency, 2015; Japanese Fisheries Agency, 2021; see also Fraschetti et al., 2021 Eger et al., 2022a and references therein). Macroalgal restoration efforts targeting Cystoseira species in the Mediterranean Sea only started in 2006 (see Gianni et al., 2013 for a review). Since 2011, collaborative efforts generated knowledge on restoration techniques, protocols and trials (Figures 1E, F), as well as complementary actions (Sales et al., 2015; Falace et al., 2018; Verdura et al., 2018; De La Fuente et al., 2019; Tamburello et al., 2019; Medrano et al., 2020; Orlando-Bonaca et al., 2022), roadmaps (Cebrian et al., 2021) and spatial prioritisation (Fabbrizzi et al., 2020; Fabbrizzi et al., 2023). Most of these efforts have been led and developed by academic researchers from public research institutions and universities, at small scales, reflecting the relatively incipient stage of macroalgal restoration (Eger et al., 2022a). In parallel, practitioners have been researching and refining methodologies, exploring the effectiveness of large-scale restoration interventions (e.g., Thibaut et al., 2021). The contribution of other stakeholders, such as governments, private companies, non-governmental organisations (NGOs) or community groups, is now critically needed to go forward with restoration upscaling. Large-scale solutions in restoration actually arise from small-scale successes. These successes inject social values and optimism needed for global investment (McAfee et al., 2021).

The degree of Cystoseira s.l. restoration knowledge is now robust enough to scale up restoration projects (Tamburello et al., 2019). Restoration upscaling requires baseline information (e.g., historic distribution), biological and ecological features (e.g., reproductive phenology, population connectivity), knowledge of mechanisms that promote and dampen the recolonisation process, and indicators for the evaluation of the restoration success (e.g., target species and ecosystem level long-term success). Restoration upscaling also requires a better understanding of the benefits that the restored habitats can deliver to people and the local economy, as well as the costs involved in implementation, monitoring and maintenance. The objective of scaling up restoration actions in the Mediterranean Sea is driven by new ambitious initiatives of the United Nations and the EU: the UN Decade on Ocean Science for Sustainable development (2021-2030), the UN Decade on Ecosystem Restoration (2021-2030) aiming to accelerate restoration of marine ecosystems (UN, 2019) and the proposed EU Nature Restoration Law (EU NRL) (EC, 2022) aiming to repair damage done to European nature by 2050. It is therefore urgent to identify robust guiding principles and practices on macroalgal forest restoration in order to foster stakeholder engagement within science-based restoration interventions.

Restoration in the marine realm is gaining recognition globally, however, it still lags behind terrestrial work due to science gaps, implementation scale, and the appropriate restoration reporting framework to better support decisions on marine restoration (Elliott et al., 2007; Suding, 2011; Blignaut et al., 2013; Bayraktarov et al., 2016; Bayraktarov et al., 2020; Eger et al., 2022b). The importance and increasing practice of marine restoration has driven the need to guide restoration projects towards the best possible outcomes. This has resulted in an increasing number of experience-based publications, particularly in the last few years, with clear guidelines. Whilst large coordinating organisations have taken the role of providing high level generic restoration approaches (IUCN – Keenleyside et al., 2012; SER – Gann et al., 2019; FAO et al., 2021), these are still based primarily on terrestrial restoration. In the Mediterranean, a best practices guide has been developed for site specific case studies, collaboratively with the FAO led Task Force on Ecosystem Restoration (MBPC, 2022). However, on the whole, marine species and habitat specific guidelines have only recently appeared, targeting macroalgae (Gianni et al., 2013; Cebrian et al., 2021; Eger et al., 2022c), seagrasses (van Katwijk et al., 2009; UNEP-Nairobi Convention/USAID/WIOMSA, 2020a; Beheshti and Ward, 2021; Gamble et al., 2021), saltmarshes (Hudson et al., 2021), mangroves (ICRI, 2018; UNEP-Nairobi Convention/USAID/WIOMSA, 2020b), corals (Edwards and Gómez, 2007; Goergen et al., 2020; Hein et al., 2020; Shaver et al., 2020; Quigley et al., 2021; Escovar-Fadul et al., 2022), shellfish (MIT Sea Grant, n.d.; Leonard and Macfarlane, 2011; Fitzsimons et al., 2019; Preston et al., 2020) and multiple habitats (Leocadie et al., 2020). These documents are a mixture of principles, best practices and guidelines for successful restoration and share important key considerations around a restoration action.

Moving further from previous works (Gianni et al., 2013; Cebrian et al., 2021; best principles and guides mentioned above), the aim of the current work was to provide a framework to assist in the restoration decision-making process and to address key considerations of restoration implementation (society, competence, governance and finance). It also completes and improves a previous version of the decision tree proposed by Gianni et al. (2013), appropriately modified to meet new specific considerations for Cystoseira s.l. restoration in the Mediterranean. It simplifies complex decision making and helps to decrease uncertainty in restoration initiatives.




2 Decision-support framework

The Cystoseira s.l. decision-support framework (Figure 2) aims at avoiding the initiation of restoration actions where the chances of success are very low and increasing the overall likelihood of restoration success. Those interested in performing a restoration action will have easy-to-follow steps that make the decision-making process smoother whilst science-based.




Figure 2 | Decision-support framework to assist the Cystoseira s.l. restoration decision-making process and management. Restoration decision tree (modified from Gianni et al., 2013) highlighting critical steps in assessment and decision-making process. Decision steps; 1) Forest Status, 2) Site Conditions and 3) Action Options; with critical project steps; (A) Restoration implementation, (B) Success evaluation and (C) Long-term monitoring and adaptive management. See Figure 4 for the detail of identified critical project steps (A–C).



The framework consists of a sequential decision process with nested elements, giving details on what is needed to be considered when implementing a restoration project, and the steps to follow in the evaluation of success at species and ecosystem levels and long-term monitoring. The decision tree gives insight as to whether an active restoration project should take place or not. The framework also addresses non-academic stakeholders involved in the process of restoration. The following sections give further details on the framework elements.



2.1 Restoration decision tree



2.1.1 Forest status



2.1.1.1 Introduction – establishing site suitability

Conservation of Mediterranean marine forests should be based on the protection and correct management of already existing forests and restoration of forests that are already lost or in danger of disappearance (Gianni et al., 2013; Cebrian et al., 2021; Eger et al., 2022a).

Where to restore is a key question to be solved. The first step in a restoration intervention is to establish if the site is suitable for the presence of Cystoseira s.l. (Gianni et al., 2013; Fraschetti et al., 2021; Fabbrizzi et al., 2023). This involves understanding whether any forest is present, its level of degradation, and the availability of related historical data. Key steps, knowledge and variables that must be considered to determine site suitability are detailed below and in Figure 2. We use the generic term ‘site’ (or area) without specifying any spatial scale, as a restoration action may be planned from a few square metres scale (i.e., within a rockpool) in order to guarantee the connectivity of a rare species, to dozens of kilometres of coastline to guarantee ecosystem services at the regional level.




2.1.1.2 Forest presence

The macroalgal decision tree begins with the question of whether there is an existing forest in the area of restoration interest. In many areas of the Mediterranean, answering this question is often challenging, as the current distribution of Cystoseira s.l. forests is mostly unavailable in the literature (Rehues et al., 2021). As a result, researchers often must explore alternative sources such as grey literature, local or expert knowledge, or rely on their own first-hand observations. In several European countries a huge effort has been made to map different habitats in Natura2000 sites. Unfortunately, Cystoseira s.l. forests are not differentiated from other macroalgal communities (e.g., erect algae, turfs and even barren grounds). Therefore, existing cartography, while valuable for habitats such as for Posidonia oceanica meadows, cannot fill this knowledge gap and further mapping is needed. Mapping, however, can now be supported by novel technologies, such as Unmanned Aerial Vehicles (UAVs) over shallow waters and Remotely Operated Vehicles (ROVs). UAVs in particular, can produce high-definition maps of the distribution of benthic assemblages, together with the collection of several environmental variables, at large-scale extents.




2.1.1.3 Forest health

If the site is forested, and the existing forest is healthy (i.e. more than 50% of cover, Fraschetti et al., 2021), practitioners should consider the set-up of a regular monitoring programme of the forest. The health (status in relation to reference populations) and trajectory of health (established though monitoring), will define the needs for restoration. Indicators of good condition include but are not limited to; macroalgal species density, population size-structure, presence of reproductive individuals and recruits, population extension (m2, hectares), biomass, and associated biodiversity (Cheminée et al., 2013; Bianchelli and Danovaro, 2020). While aiming to preserve the forest itself, healthy populations can be used as donors for restoring other degraded populations in the future.




2.1.1.4 Historical knowledge

If the site is not forested the next step is to search for historical data to determine whether a Cystoseira s.l. forest existed there previously, and which species formed it.

The growing attention on the conservation and restoration of habitat-forming species, has led to the recent increase in knowledge acquisition relating to Cystoseira s.l. distribution and abundance. Several outputs have been provided from the Mediterranean coasts including France (Thibaut et al., 2005; Sales and Ballesteros, 2009; Thibaut et al., 2014; Thibaut et al., 2015; Blanfuné et al., 2016; Thibaut et al., 2016; Thibaut et al., 2017), Spain (Catalonia; Mariani et al., 2019), Italy (Lucia et al., 2020; Tamburello et al., 2022) and Istria (Iveša et al., 2016). Further information may be available in grey literature, monitoring programs, unpublished data from experts and local/traditional ecological knowledge (Ballesteros et al., 2014; Mariani et al., 2019; Tamburello et al., 2022). Unfortunately, these data are generally available for easy-to-identify species in limited locations. As a result, our knowledge on the distribution of Cystoseira s.l. is globally incomplete and often biased (Rehues et al., 2021). Based on the published data, Figure 3 indicates areas in the North-Western Mediterranean with some of the reported Cystoseira s.l. regression or loss.




Figure 3 | Reported areas of regression or loss of Cystoseira s.l. forest in the North-Western Mediterranean region.







2.1.2 Site conditions

The assessment of the target site local conditions should include: i) the likelihood of habitat suitability for Cystoseira s.l. (in the lack of historical data), ii) the identification of causes of forest degradation or loss and iii) the removal or mitigation of such causes.



2.1.2.1 Habitat suitability

A prerequisite for achieving higher restoration success is whether site conditions match the habitat requirements of the target species (depth, substrate, exposure, turbidity, temperature, etc.). The use of Habitat Suitability Models (HSMs) can be critical where areas lack historical data (Kearney and Porter, 2009). Modelling is a cost-effective approach to identify suitable and unsuitable areas for species and habitats, predict their possible shifts in distribution under global climate change (Fabbrizzi et al., 2020; Santiago et al., 2023) and provide insights about potential causes of habitat loss (Catucci et al., 2022). Modelling combines multiple predictor variables (e.g. coastline geomorphology, temperature, human pressures; see Cefalì et al., 2016; Cefalì et al., 2018; Fabbrizzi et al., 2020) and target species occurrence data. The quality of data feeding HSMs is of paramount importance, and planning large-scale restoration interventions in the absence of fine-scale information may seriously compromise output accuracy.




2.1.2.2 Stressor identification

Where stressors are present that impact macroalgal forests, the success of the restoration action is unlikely (Cebrian et al., 2021). All causes of forest regression or loss must be identified, removed or mitigated at a satisfactory level. If this is not possible and relevant impacts are still present, the active restoration program should be discontinued.

Cystoseira s.l. populations have been threatened by multiple stressors operating from local (e.g., changes in water quality, overgrazing; de Caralt et al., 2020; Papadakis et al., 2021) to global scales (e.g., marine heatwaves; Thibaut et al., 2015; Gianni et al., 2017; Verdura et al., 2021). Although various stressors have been identified across the Mediterranean basin, in most cases, the causal stressors involved in local population declines have not been identified (Tamburello et al., 2022), and therefore, the relationship between stressors and the disappearance of Cystoseira s.l. species remains largely unknown (Hillebrand et al., 2020). Stressor identification and prioritisation (particularly in the presence of multiple stressors) is necessary for local intervention planning (Gann et al., 2019). Table 1 summarises the main reported stressors of Cystoseira s.l., with suggestions and references on how to identify and mitigate their impacts.


Table 1 | Main stressors threatening Cystoseira s.l. forests.






2.1.2.3 Stressor removal or mitigation

Some local stressors may be, relatively easy to remove or minimise through local management and interventions (see Table 1 for examples), such as herbivore management (Ballesteros et al., 2002; Guarnieri et al., 2020. Mitigation of other local issues such as improving water quality (e.g. wastewater management), will require the involvement of local governments, making these interventions more complex and time-consuming to address. MPAs can present ideal areas for restoration activities if habitat requirements are present as some anthropogenic stressors will already be removed or strictly managed (Pogoda et al., 2020).

In contrast, global stressors, such as ocean warming and marine heatwaves require collaboration among countries or regional bodies and may take centuries to be mitigated. However, previous studies have underscored the importance of local management in order to foster the resilience of the macroalgal populations in the face of global stressors (O'Leary et al., 2017; Morris et al., 2020).

Besides current stressors, the consideration of potential future impacts, and their mitigation potential, is of high relevance when assessing site suitability. HSMs can inform on shifts of habitat suitability in response to environmental changes, such as future global warming scenarios including large-scale range shift predictions (Pearson and Dawson, 2003; Peterson, 2006; Kearney and Porter, 2009). This may help to identify both sites predicted to be most impacted by future stressors and sites acting as possible future refugia (e.g. climatic refugia; Verdura et al., 2021; Fabbrizzi et al., 2023). As model predictions become more robust (Martínez et al., 2015), their use is highly recommended, to give an insight into where a restoration effort may fail or succeed in future expected conditions.





2.1.3 Choice of actions for restoration implementation: technical feasibility

Choice of action and feasibility include crucial steps related to selecting the target Cystoseira species, donor site and technique as detailed below.



2.1.3.1 Target species and donor populations

The criteria for target species selection should be based on species ecological relevance and status (Swan et al., 2016; Cebrian et al., 2021), but also should match both project-specific restoration objectives and local site requirements (Thomas et al., 2017; Atkinson et al., 2021).

Targeting habitat-forming species such as macroalgal forests is a first step in whole ecosystem restoration. Given they are long-lived and play a central role in the functioning of the ecosystem, species selection needs also to be tailored to maximise the persistence under current and future conditions of the site (Fremout et al., 2021a; Fremout et al., 2021b). In-depth knowledge is required for the appropriate selection of the target species (Montero-Serra et al., 2018). This knowledge should include information concerning life history traits, ecological interactions, environmental requirements, and vulnerability to different stressors. It should also consider their differential implications at the distinct life stages of the species (Cebrian et al., 2021).

When faced with two equally optimal species to restore a given site, selection should be prioritised for the species for which there is a greater degree of knowledge, covering for example, optimal restoration techniques (e.g., Verdura et al., 2018), optimal culture protocols (e.g., Falace et al., 2018) or information on the reproductive phenology and early-life stages development (e.g., Savonitto et al., 2019; Lardi et al., 2022).

The use of wild donor populations for restoration purposes may compromise the persistence of such populations. While there is a need to restore degraded or lost populations, the conservation of remnant wild populations should be prioritised. Therefore, the conservation status of the donor population is paramount in deciding whether the removal of material is sustainable. Thus, only well-preserved, extensive, and healthy populations, able to recover from collection of material without being compromised, should be selected as donors.

Whenever possible, it is suggested to select donor populations as close as possible to the restoration area, as well as from comparable environments. This minimises the specimen manipulation and may optimise action cost-effectiveness (Tamburello et al., 2019). It may also help short-term restoration success, since new individuals will have the appropriate traits (e.g., pre-adaptation to high sedimentation) necessary to survive and expand in the selected restoration site (van Katwijk et al., 2009; Wood et al., 2019; Orlando-Bonaca et al., 2022). Another criterion is that donor populations should display sufficient genetic variation to be able to adapt to environmental changes and avoid inbreeding (van Katwijk et al., 2009; Wood et al., 2021). Despite limited research on how donor population selection affects the success of Cystoseira s.l. restoration, recent findings have highlighted significant differences in reproductive potential and success among different and geographically proximate populations (Orlando-Bonaca et al., 2022). This underscores the importance of implementing appropriate monitoring programs and protocols to characterise potential donor populations and enable the optimal selection of the most appropriate donors.

To date, the objective of macroalgal restoration has mostly been the re-establishment of the native ecosystem in pre-disturbed conditions by actively restoring the dominant habitat-forming species. However, the success of marine forest restoration can be especially at risk due to stressful novel ecological conditions, such as increasing grazing pressure and seawater temperatures. Moderate and recurrent stress conditions during the ex-situ cultivation period of recruits have been suggested to foster the resilience and productivity of juveniles in the short term, possibly led by an increased capacity for acclimation (Clausing et al., 2023). However, under predicted climate change context, research has also focused on ways to enhance the chance of long-term survival of restored populations and ecosystems (Wood et al., 2019; Wood et al., 2021; Fabbrizzi et al., 2023), particularly for those locations predicted to be more affected by global warming. Besides predictive models for site prioritisation, restoring future-proof populations is becoming an increasingly relevant approach, especially in environments subjected to rapid anthropogenic change (using, for example, more thermo-tolerant genotypes or species; Wood et al., 2019). On the other hand, repairing ecosystem functions (e.g., rehabilitation) rather than restoring native ecosystems is an argument that is increasingly discussed (Coleman et al., 2020), especially when restoring “pristine” habitats that have not been predicted to cope well with future environmental conditions. All these approaches are still under development in the macroalgal restoration field, especially in the Mediterranean. Therefore, further research on these lines is advocated, in order to aid decision-making processes for future cost-feasible and effective restoration programs.




2.1.3.2 Restoration techniques

Defining the optimal strategy and the use of state-of-art techniques is of paramount importance for the success of the restoration intervention. Different techniques have been used (see Gianni et al., 2013; Cebrian et al., 2021) with individual transplants from wild donor populations being the early suggested mode of restoration (Falace et al., 2006; Sales et al., 2011). However, considering the threatened or endangered status of the remaining Cystoseira s.l. populations, non-invasive techniques should be prioritised. Recruitment enhancement methods, which take advantage of the high reproductive potential of these species, have proven to be cost-feasible in the restoration of Cystoseira s.l. populations, while at the same time having limited effects on donor populations (e.g., Verdura et al., 2018; De La Fuente et al., 2019; Tamburello et al., 2019; Medrano et al., 2020). Recruit enhancement can be achieved through different techniques: obtaining new recruits directly at sea (in situ) or culturing new recruits in aquaria (ex situ) (Falace et al., 2018; Verdura et al., 2018). Hybrid methods combining ex situ cultivation and suspended cultures in the field have been also tested and proposed as a potential approach to reduce the cost and time required for cultivation (Orlando-Bonaca et al., 2022). Aspects related to the target species (e.g., dispersal ability, species-specific culture protocols), conditions at the target site (e.g., hydrodynamic conditions, herbivory pressure, accessibility), as well as other aspects related to logistics and budget (e.g., availability of cultivation facilities and their proximity to the destination site, costs associated to each technique), must be carefully considered. Each technique has its advantages and disadvantages and the different interplaying factors must be considered carefully. Cebrian et al. (2021) have provided detailed considerations on the selection of appropriate restoration techniques, which are complemented by more recent works (e.g., Orlando-Bonaca et al., 2022; Clausing et al., 2023).




2.1.3.3 Complementary techniques

Once the restoration action has been carried out, ecological interactions in the restored area can also hinder success. High densities of herbivores, mainly the sea urchins Paracentrotus lividus and Arbacia lixula and the herbivorous fish Sarpa salpa and Siganus spp. can hinder survival and growth of the introduced individuals (Tamburello et al., 2019; Gianni et al., 2020). Other smaller invertebrate species, such as gastropods and decapods (e.g., marine snails and hermit crabs) can also graze the different life stages of canopy-forming species (Arrontes et al., 2004; Gunnarsson and Berglund, 2012; Hong et al., 2021; Monserrat et al., 2023; Navarro-Barranco et al., 2023). After a preliminary identification of herbivorous species and the assessment of grazing pressure on canopy-forming species, complementary actions of herbivory management should be integrated into the restoration program (Ballesteros et al., 2002; Cebrian et al., 2021). Combining the restoration actions with the deployment of different types of devices (e.g., cages or fish-deterrents) can prevent access to grazers (Tamburello et al., 2019; Gianni et al., 2020; Orlando-Bonaca et al., 2021b; Savonitto et al., 2021). Alternatively, herbivore removal or decreasing the density of herbivores to certain density thresholds (e.g., sea urchin culling or harvesting), has also been shown as a feasible action to reduce herbivory pressure (Ballesteros et al., 2002; Medrano et al., 2019; Guarnieri et al., 2020), although this may not be sustainable in the long-term and different strategies may be required or preferred. Further research on establishing herbivore density thresholds and undesired (or collateral) effects of some devices is needed. Finally, while the effects of MPAs on macroalgal restoration success are not yet fully understood, some restoration programs combining passive (MPAs) and active restoration strategies (e.g., recruitment enhancement) have shown a synergistic positive effect on restoration success (Medrano et al., 2019).

Competition with, and over-growth by opportunistic species (e.g., native turf-forming algae, exotic invasive species) may also hinder success (e.g., settlement, survival or growth) of the restoration action (Airoldi, 2000; Ballesteros et al., 2009). Complementary actions such as removal of competing algal species and provision of available substrate can substantially increase the chances of success of the new individuals (Capdevila et al., 2015; Medrano et al., 2019).







3 Restoration implementation

The key considerations for successful restoration implementation are grouped in four framework pillars concerning; society and support, competence, finance, and governance (Figure 4, Box A).




Figure 4 | Critical steps of a restoration program: key considerations (around the four pillars; society, competence, governance and finance) that need to be addressed before implementing a restoration project (A), the key elements of restoration success evaluation (B), and long-term monitoring and adaptive management (C).





3.1 Society and support

Societal support is crucial in restoration success, in its uptake and acceptance. The various pathways to ensure this support include:



3.1.1 Awareness

Awareness mostly concerns the spread of the message communicating the Cystoseira s.l. restoration action. The message of awareness should include aspects of the cultural value, natural heritage and environmental value of the habitat, causes of degradation, needs for restoration, restoration success stories and the benefits of successful restoration. Spreading awareness can be realised through outreach, typically disseminating information to the general public. Effective outreach can raise the public interest and involve them as important stakeholders. At the local level, this should actively engage, for example, the tourism and shallow water recreational sectors that support awareness through both employees and recreational users. Key parts of effective communication are media engagement (in all forms from mainstream press to social media), programmes of ocean literacy, and developing networks (particularly at the local level).




3.1.2 Public acceptance

Public acceptance is an important step towards growing public support. It implies an acknowledgement of the existence of a problem and subsequent need of reparatory action, which is facilitated by the existence of an emotional experience of marine ecosystems (van Putten et al., 2018). ‘Buying in’ provides tacit support strengthening the role of the public as a stakeholder, particularly if they understand the value of Cystoseira s.l. habitats and the relation they have with their wellbeing. Promoting the feeling that they are part of a consultative process also adds to public support. This will apply even more to local coastal communities and local influencers.




3.1.3 Media support

Nowadays media can easily be self-created and self-disseminated to wide audiences, particularly through social media (e.g., Facebook, Instagram, Twitter, YouTube, LinkedIn, ResearchGate). Environmental NGOs and professional media (private companies) are best trained to provide informative, visually attractive, and balanced dissemination materials across many platforms. Interest in an action can also be garnered from local, and national news reporting, again through different media (print, on-line, television). Happy and hopeful stories capturing underwater images in front of us, but out of sight, are often attractive for audiences, generating interest and inspiring conservation action (Cvitanovic and Hobday, 2018; McAfee et al., 2019). Dissemination of the activity would benefit from engaging reporters interested in conservation, wildlife, environmental journalism, as well as the use of innovative tools such as storytelling or artistic collaborations (Vergés et al., 2020).




3.1.4 Networks

Networks should be developed with the project. They provide the opportunity for effective communication and coordination, whether this is between Cystoseira s.l. restoration practitioners, outside the project to higher bodies (e.g. restoration groups and organisations, national and regional authorities) that might be being advised, providing advice or further coordination, sideways to other restoration actions and activities (e.g. seagrass or coralligenous habitats), or around the particular project for stakeholders (including increasing local awareness). Networking can also provide some degree of security to the project in linking, advising and coordinating, which may help with risk management. Linking to existing thematic networks (e.g., for seagrass https://seagrassrestorationnetwork.com/, https://medposidonianetwork.com/, or to citizen scientist networks https://www.marineforests.com/), supports broader sharing of knowledge and approaches and long-term-large scale projects and interventions.




3.1.5 Participation opportunities

Participation opportunities include those directly involved in the Cystoseira s.l. restoration action comprising local authorities and councils, practitioners, supporting personnel and commercial companies providing equipment or services. All of which provide at least experience opportunities, and at most livelihood possibilities. There are opportunities for the public, local community or students to participate as volunteers or visitors to the site, (especially as restoration will be in shallow, easily visible waters). The participation of these groups showcases the project and can be achieved by fostering participatory sessions that bring science and users closer in a reciprocal relationship, for example, promoting marine citizen science (Cigliano et al., 2015; Kelly et al., 2020), photo contests or other artistic events (Vergés et al., 2020). Local businesses, companies, organisations and individuals can participate in restoration through greening activities or companies/organisations/individuals through charitable/altruistic motives. Participation elicits a sense of connection and stewardship and can offer rich opportunities for individuals to explore and experience the potential to reverse ecological degradation in shallow waters, and be inspired (Keenleyside et al., 2012). For example, Marine Stewardship processes are participatory tools with high potential to achieve persistence and replicability of conservation and restoration actions (McAfee et al., 2022), where all stakeholders (local authorities, councils, scientific community, local businesses and citizens) coordinate for the co-management of a natural space.





3.2 Competence

Competence includes the resources of expertise and knowledge, and the pathways to ensure these include:



3.2.1 Partnerships

The success of restoration programs typically requires multidisciplinary involvement and collaborative partnerships (Eger et al., 2022a). The partnership constitutes a closer relationship than project networking, leading to improved collaborative decision-making and strengthening both capacity and empowerment. Partnerships may be within the partners of the Cystoseira s.l. restoration project or through bringing particular competencies into the project (e.g. agencies, organisations, industry, universities, research institutes) and with local communities. It is also essential to consider the local authorities as part of the networking, to ensure that the project complements existing or future management plans.




3.2.2 Local and traditional ecological knowledge

Local Ecological Knowledge (LEK) is defined as place-based knowledge of the land and its processes applied by humans to create more productive and healthier ecosystems, increasing biodiversity and improving ecosystem resilience. Traditional Ecological Knowledge (TEK) is defined as knowledge and practice passed on from generation to generation and informed by strong cultural memories, sensitivity to change, and values that include reciprocity (both definitions from Gann et al., 2019). These knowledge resources can help to define Cystoseira s.l. restoration sites and reference conditions, and can be obtained from interviews and questionnaires, particularly from recreational snorkelers, divers, recreational and professional fishermen, as well as local environmentalist groups. Canvassing sources of local knowledge may also raise awareness and engage stakeholders.




3.2.3 Scientific knowledge

Scientific knowledge is derived from observation, measurements and analysis. This knowledge can be gathered directly from scientists or bibliographic searches (on-line, libraries, museums) concerning the status of the environment, or the environment required, the Cystoseira species to be restored, their ecological relationships and indicators of success.




3.2.4 Technical knowledge

Technical knowledge pertains to the techniques to be used in the restoration activity; including survey area, collection of samples and their maintenance in aquaria, collection and nursery of zygotes, transportation and planting in the field, protection, and monitoring. The techniques should ensure optimal survival at all steps and an overall cost-effectiveness. Technical knowledge comes from Cystoseira s.l., or related, bibliographic sources, and personnel experience, where the latter can be imported into the project through effective networking.




3.2.5 Capacity

Human capacity concerns people with the expertise, know-how, experience, and commitment to undertake actions. The project may need to build or strengthen capacity by training or recruiting for particular skills (e.g. handling, zygote collection, or aquaria know-how), which should be able to cope with changing circumstances during the Cystoseira s.l. restoration activity. Capacity can pertain to other resources such as facilities and equipment. Capacity also includes management, communication and stakeholder engagement. Capacity constraints should be identified and understood for proper conduction of the project under changing conditions.




3.2.6 Cost effectiveness

Cost-effectiveness concerns how practitioners may restore the highest Cystoseira s.l. cover per unit of currency spent, ensuring that limited funds are spent in the best manner (Kimball et al., 2015). This depends on streamlining restoration techniques, methodologies and protocols for the highest possible success, where success is defined by specific goals with defined metrics (e.g. area covered, biodiversity value, specific ecosystem function returned, etc.). A number of recent works (Bayraktarov et al., 2016; Fraschetti et al., 2021; Friedrich et al., 2022) have stressed that future restoration projects should use standardised protocols for reporting restoration costs as well as integrating long-term monitoring to improve understanding of ecosystem restoration benefits.





3.3 Governance

There are many aspects of governance that the restoration practitioner or group should be aware of at different levels. It is necessary to have contact with, follow procedures or seek advice, particularly on legal matters.



3.3.1 Authority approvals and permitting

Explicit consent and permitting may be needed from a variety of different competent authorities depending on national and local rules. Jurisdictions may include marine licensing and marine planning, protected species licence, seabed owners, habitat regulation assessment, and water quality boards (Gamble et al., 2021). This may include application and approval of the Cystoseira s.l. restoration plan, authorisation with specific permits or licences, or locally having permission to access or make interventions in an area that is not specifically related to the restoration activity. This includes scuba diving, boating, coastguard permissions (access, activity or notices for other users) or biosecurity licences (using non-native stock). Permitting and licences may have specific associated costs and may take time to achieve. It is important that the restoration activity has a leader that bears the legal responsibility of the restoration action (e.g., licence compliance).




3.3.2 Administration

It is important to work closely with the local administrations, councils and authorities and have them involved in the partnership or network. This is also important during the project design phase, and always before issuing the formal request. This will also ensure that the Cystoseira s.l. restoration project is compatible and beneficial to current coastal management plans, adding further support and acceptance to the restoration activity.




3.3.3 Legal

In addition to top-down legal approvals and permitting mentioned above, governments have legal restoration obligations to commitments from international treaties as well as under domestic legislation. There will also be legal obligations to compensate for planned environmental impacts (e.g., offsetting and compensatory habitat) or accidental impacts (polluter pays principle), both of which may be sources of funding for restoration work. Government or other authorities benefit from restoration works as these may be counted against national or regional targets. The EU recently chose a legislative approach (with the proposed Nature Restoration Law) to ensure the long-term objective of ecological restoration of terrestrial and marine ecosystems, that will include habitats characterised by different species of Cystoseira (EC, 2022). The law will be directly applicable and EU Member States are expected to draw national restoration plans to meet targets and obligations.




3.3.4 Policies

International policies may promote restoration action, but may not be either translated into national legislation or be specific. Examples of this may be the EU Biodiversity Strategy for 2030 that directs towards scheduled target values (percent restoration of overall or degraded habitats) by a specific date, but does not state what, neither where, nor how to restore. Achieving UN Sustainable Development Goals will also drive restoration through the need for mitigation of coastal erosion and protection of habitats that sustain fish stocks.




3.3.5 Mission and vision

The mission can be seen as the high-level target of the restoration action (related to the high-level provisions of the Convention on Biological Diversity (CBD)). Vision is the future desired condition of the restoration site we aim to achieve. Both should be clear and agreed within the Cystoseira s.l. restoration project and the network of those involved in it. They should be long-term and may be beyond the timescale of the actual restoration activity. Stakeholders desired outcomes should be translated into short, medium and long-term objectives (Gann et al., 2019).




3.3.6 Stakeholders

A stakeholder is a person, organisation or group with an interest (professional or societal), or an influence on the marine environment, or who is influenced directly or indirectly by activities and management decisions (Newton and Elliott, 2016). Stakeholder engagement helps define ecological goals, objectives, and methods of implementation and ensures that social needs are also being met (Gann et al., 2019). Stakeholders should be included at an early point into the participatory process. They may not have equal interests nor voices; hence, it is important to understand their aspirations and values, and balance them objectively (Wells et al., 2021), e.g., through Marine Stewardship processes (McAfee et al., 2022). Cystoseira s.l. restoration stakeholders may include amongst others, recreational users (beach/shore users, swimmers, snorkelers, divers, boaters, fishers), amateur and professional fishermen, funders, local businesses and hotels, local authorities, research institutions, universities, schools, restoration practitioners, conservation groups, local community groups and the general public.




3.3.7 Management

The restoration project should have a management board. Its job is to define the Cystoseira s.l. restoration project and implementation plans, seek planning approval or permits, undertake risk assessment, oversee the project work and budgets (including tendering and purchasing, employment and contracting, running costs), ensure networking, public engagement and communication. It should also ensure that the on-going work is checked, permits and approvals are compliant and that monitoring is completed to measure success (see sections “Success evaluation” and “Long-term monitoring and adaptive management”).





3.4 Finance

Projects require financing and this can be obtained from a number of different sources.



3.4.1 Funding

Much of the Cystoseira s.l. restoration work to date has been funded through local, National, or EU funding. Other possibilities include charitable donations, greening credentials for businesses (e.g., the IBEROSTAR Group responsible tourism initiative, https://www.grupoiberostar.com/en/sustainability/), crowdfunding and investment banks. Restoration is now being increasingly seen as an investment, not a cost, with benefits far outweighing those costs (WWF, 2021; EC, 2022).




3.4.2 Incentives

There is potential for restoration financing for improved ecosystem benefits from payment for ecosystem service (PES) schemes through common asset trusts (Canning et al., 2021). Although this is currently directed towards large scale terrestrial ecosystems, it may also benefit investment in opportunities for stakeholders from successful restoration (e.g., increased visitation for beach operators or income to coastal fisheries from improved fish stocks).




3.4.3 Restoration schemes

Interest may be expressed in future, concerning large-scale schemes for marine restoration following the terrestrial cases, for example, for large-scale reforestation (e.g., the Nature Conservancy’s Plant a Billion Trees campaign). This may apply at the sub-regional or regional level.




3.4.4 Investment opportunities

Investment opportunities might be identified in restoration initiatives e.g., development of new products and engineering solutions to facilitate restoration in shallow waters (e.g., DeFish algal canopy device (Gianni et al., 2020), Mars Assisted Reef Restoration System (www.buildingcoral.com), or Ecocean Biohut (www.ecocean.fr/)).

Marine protection through conservation and restoration is human driven, and a socio-ecological systems perspective is needed to sustainably perform it (Vergés et al., 2020). Social diversity and its relations are as important as species diversity in promoting ecosystem resilience. Only through common work among public administration, social agents, and forward-thinking companies can effective habitat conservation become possible. Industry holds high potential to become a driver for conservation and restoration, as has been proven by many natural capital evaluation exercises, showing that benefits of nature restoration are on average up to ten times higher than costs invested (Interreg-MPA Networks, 2021; WWF, 2021; EC, 2022). In addition, mobilising investment via corporate sponsorships and philanthropy, and understanding the different roles that funders can perform and where they fit into complex conservation networks is key in order to advance conservation goals (Blackwatters et al., 2022).




3.4.5 Blue carbon products and certifications

Blue carbon concerns carbon stored in coastal and marine ecosystems. This is a potential source of funding for blue carbon habitats and a rapidly evolving field with examples for seagrass in the UK and US (Gamble et al., 2021). It should be noted that whilst carbon is fixed and temporarily stored in Cystoseira s.l. forests, it is then exported (grazing, breakdown, physical removal to other areas). Future funding may be available for carbon rich habitats (e.g., in the Mediterranean for seagrasses (IUCN, 2022)).






4 Success evaluation

Usually, restoration initiatives first focus on the development of the target species (e.g. vegetation cover, density and biomass) (Figure 4, Box B). It is broadly assumed that this is the first step for ecosystem recovery, since other species should benefit from increase in structural complexity (Geist and Hawkins, 2016). Recovering the target species population is essential for the potential re-establishment of ecosystem processes and functions (Geist and Hawkins, 2016). However, the relationship between the recovery of a target (e.g., Cystoseira s.l. species) and the processes and functions of the ecosystem has to be empirically tested (Benayas et al., 2009; Moreno-Mateos et al., 2012; Crouzeilles et al., 2016). Therefore, the assessment of ecosystem processes and functions provided by Cystoseira s.l. forests should include quantifiable properties to describe the community in terms of structure alongside ecosystem functions (Montoya et al., 2012). To date, reported successful macroalgal forest restoration has mainly focused on the recovery of the canopy-forming species (Whitaker et al., 2010; Verdura et al., 2018; Fredriksen et al., 2020; Layton et al., 2020; Gran et al., 2022), and only a few studies have evaluated the re-establishment of associated species (Ling, 2008; Marzinelli et al., 2016; Galobart et al., 2023).

Forest restoration projects need to have clear, time-bound and meaningful objectives, based on which the indicators of restoration success can be specified (Stanturf et al., 2001). Monitoring of the selected indicators is based on rigorous sampling (the duration and periodicity of which will be species- and ecosystem-dependent) and reference conditions. The inclusion of multiple control sites is needed to assess the outcomes of the restoration action. Reference sites should be ecologically similar to the site selected for restoration interventions, except for the absence of anthropogenic pressures. In the case of Cystoseira s.l. forests, finding control sites in the same region may not be an easy task due to their important loss at the local scale. Reference sites may be available in MPAs, effectively protected and largely intact, but this is not generally the case for macroalgal forests in the Mediterranean Sea. In the absence of proper reference sites, reference conditions can be established on the basis of historical data or models (e.g. Thibaut et al., 2005; Fabbrizzi et al., 2023).

In general, success evaluation of marine restoration interventions is based on short-term periods (Bayraktarov et al., 2016; Kollmann et al., 2016; Fraschetti et al., 2021). Bearing in mind that the recovery of many marine ecosystems can take up to 15-25 years (Jones and Schmitz, 2009; Borja et al., 2010; Bekkby et al., 2020) and that canopy-forming macroalgae are mid- to long-lived species (Schiel and Foster, 2006; Smale et al., 2013), longer evaluations should be considered for reliable outputs (e.g., Gran et al. (2022) revisiting a site 10 years after re-introduction, reporting a 3 orders-of-magnitude increase in the extension of the forested area). The life span of most Cystoseira s.l. species is still unknown, and likely highly variable. More long-term ecological studies are needed to establish common protocols and indicators of Mediterranean forest restoration actions.

Restoration occurs as a succession of achievements. In the short-term, this involves the success of the action implemented (e.g., recovery of the target species and population). In the long-term, success is assessed through high level restoration goals, usually through ecosystem level indicators, such as ecosystem functions and services.



4.1 Success evaluation at target species level

The way in which a restoration intervention is considered “successful” is extremely heterogeneous. Bayraktarov et al. (2016) define a highly successful ecological restoration project as one where the restoration target was monitored for 5 years and achieved at least 85% survival of restored organisms for the entire mitigation area (Roebig et al., 2012). A restoration intervention is defined as a failure when the outcome corresponds to 10% or less survival of restored organisms. Fraschetti et al. (2021) identified three categories: success, partial success and failure. A highly successful ecological restoration project was defined as one where the restoration target achieved 50% survival of restored organisms for the entire intervention area. They defined restoration failure as an outcome of 10% survival of restored organisms. Partial success was assigned if the outcomes of the intervention were not consistent across the different metrics and species considered in the study. It is suggested to apply a threshold for restoration success over time, aiming for 50% after a short interval from the restoration actions, while expecting higher recovery rate over a longer monitoring period.

The type and quantity of indicators needed to assess the success are species- and context-dependent and considerable effort may be needed to measure them, particularly during the first phases after the restoration action. In the case of Cystoseira s.l. species, it is suggested that success should encompass the first reproductive cycle of the restored individuals, which constitutes the first step towards a self-sustainable population (Verdura et al., 2018). Based on commonly used indicators (De La Fuente et al., 2019; Tamburello et al., 2019; Orlando-Bonaca et al., 2021a; Medrano et al., 2020; Savonitto et al., 2021; Orlando-Bonaca et al., 2022; Clausing et al., 2023) and knowledge gained by the longest successful restoration action in the Mediterranean (restoration of Gongolaria barbata in Cala Teulera, Menorca, Verdura et al., 2018; Gran et al., 2022), a list of indicators is proposed in Table 2. Different attributes to be monitored or sampling periods may be needed for different Cystoseira s.l. species (e.g., different monitoring for deep, or wave-exposed species) and different sites (i.e., with shifted reproductive times at different localities), supported by both species- and site-specific pilot studies. Comparisons of adequate response variables before and after the restoration action, with respect to analogous comparisons in control populations are also needed (Table 2). If the restoration action is successful, as proven by the target-species level indicators, then the assessment of ecosystem-based indicators has to be implemented. If restoration cannot be considered successful, the potential cause of failure (Table 1), should be assessed and the possibility of mitigating them considered (see Figure 2, feedback to Step 2). If the cause of failure cannot be identified, cannot be mitigated or solved, the active restoration project should be discontinued.


Table 2 | Success evaluation indicators: Proposed indicators and monitoring periodicity have been mainly based on existing literature and on the Gongolaria barbata restoration performed in the Balearic Islands (Verdura et al., 2018; Gran et al., 2022; Galobart et al., 2023), but other short-term studies have also been considered (De La Fuente et al., 2019; Tamburello et al., 2019; Medrano et al., 2020; Orlando-Bonaca et al., 2021b; Savonitto et al., 2021; Orlando-Bonaca et al., 2022; Clausing et al., 2023).






4.2 Ecosystem level success evaluation

Assessing the success of a restoration action allows us to check if the ecosystem is on a trajectory towards full recovery. The need for mid- and long-term success assessment and monitoring must be acknowledged before the start of the project. Standard protocols should be developed so that different teams work consistently over time (Keenleyside et al., 2012).

Ecosystem level success evaluation reflects biodiversity and the delivery of goods and services (Table 2). Unfortunately, the goods and services provided by most Cystoseira s.l. forests have not been quantified yet. Indicators at the ecosystem level cannot be measured on a short term as measurable returns can only be expected after a certain time (species- and context-dependent) for the recovery of functions, while matching the analogous values in line with those from reference sites might take even longer.

The Society of Ecological Restoration provides a list of key attributes to support the identification of appropriate indicators, including six key ecosystem attributes to measure progress along a trajectory of recovery (Gann et al., 2019). Possibly due to the early developmental stage of marine restoration, success is still typically reported in terms of target species recovery. Recovery indicators, as stressed before, should be uniquely used for assessing the correct implementation of the restoration action and are not adequate to represent the overall project fulfilment, where success criteria are linked to the recovery of ecosystem function and services (Ruiz-Jaen and Aide, 2005; Bayraktarov et al., 2016). Fraschetti et al. (2021) found that survival of transplanted organisms, followed by growth measurements, were the most commonly-used metrics across marine studies. Ecological processes, for example, productivity, are not measured as frequently as measures of structure or diversity (but see Marzinelli et al., 2016). Conversely, in terrestrial environments, assessment techniques are predominantly based on variables such as biodiversity, vegetation structure, or ecological functions that can provide reliable information on ecosystem functioning services (Ruiz-Jaen and Aide, 2005; but see Marzinelli et al., 2016).

Increasing species diversity affects ecosystem processes, including (but not limited to) greater and more efficient use of limiting resources, higher stability against of disturbances, enhancement of primary and secondary production, and nutrient-cycling feedbacks that lead to larger nutrient storage (Tilman et al., 2014; Lefcheck et al., 2015; Strong et al., 2015). Another way to link biodiversity and ecosystem functions is provided by using functional traits (Garnier et al., 2004; McGill et al., 2006). Functional traits are determined by morphological, physiological, and biological characteristics of the different species and are considered relevant to ecosystem properties and services (Violle et al., 2007; Díaz et al., 2013). Using functional diversity indices (Mouillot et al., 2013; Teixidó et al., 2018) together with traditional taxonomic-based indices can provide a comprehensive evaluation of restoration projects (Cadotte et al., 2011; Montoya et al., 2012).

A further option for the assessment of functional recovery is the study of the different processes and fluxes that occur within the system, such as community productivity (i.e., biomass) and respiration (i.e., oxygen fluxes), carbon balance and nutrient cycling (Table 2; Ballesteros, 1989; Boyer et al., 2009; Sala et al., 2012; Miyajima and Hamaguchi, 2019; Peleg et al., 2020). There is limited research available that assesses the recovery capacity of Cystoseira s.l. forests, and among the available studies, their duration is at most 3.5 years (Milazzo et al., 2004; Piazzi and Ceccherelli, 2006; Sales et al., 2011; Bulleri et al., 2017). Similarly, the restoration efforts for Cystoseira s.l. forests in the Mediterranean Sea are still in their early stages, with insufficient restoration cases to enable long-term evaluations of success (but see Galobart et al., 2023). Consequently, our current knowledge is still insufficient to accurately determine the most appropriate indicators and their evaluation frequency for a comprehensive long-term restoration assessment. In spite of this, based on the first long-term success evaluation of a Cystoseira s.l. forest restoration (10 years; Galobart et al., 2023), the authors personal knowledge, and on indicators used from other benthic marine habitats (e.g., Christensen et al., 2004; Gamble et al., 2021), we propose in Table 2, potential indicators (e.g., associated biodiversity) that can be considered for the long-term success evaluation of Cystoseira s.l. forest restoration.





5 Long-term monitoring and adaptive management

When success is achieved at the ecosystem level (Table 2), the next step in the framework is long-term monitoring and adaptive management (Figure 4 Box C). Here, participatory monitoring should be implemented with the involved stakeholders and, as much as possible, in the framework of an ad hoc long-term program involving citizen science (Gann et al., 2019). Such monitoring, if based on scientific knowledge and robust yet simple methods, is often more beneficial and relevant for stakeholders than conventional scientific approaches (Gann et al., 2019).

An adaptive management approach, suggested in case of uncertainty about which management action is the more appropriate (and this is the case for several Cystoseira s.l. forests) could be based on timely monitoring and an iterative evaluation of results, as well as funding for ongoing restoration (Gann et al., 2019).

The indicators selected for monitoring should not be destructive or invasive, and this is particularly true for restored populations. If possible, they also have to be easy and rapid to assess (including by non-scientists), as well as time- and cost-effective. Target species and ecosystem level indicators (Table 2) and other biotic and abiotic factors potentially threatening the forest (Table 1) should be considered for long-term monitoring in the framework of adaptive management. As an example, the proliferation of herbivores (i.e. sea urchins or herbivorous fish) should be monitored, in order to anticipate the depletion of the restored forest.

Long-term monitoring will contribute to the knowledge of the functioning and evolution of the ecosystem and can point out where further interventions may be required. If during the implementation phase, long-term monitoring shows early warning signals such as a decrease in forest cover or density, an assessment of the causes of degradation (Table 1) should be immediately performed and intervention, mitigation or regulation actions considered.

In order to have a favourable restoration outcome but also to preserve Cystoseira s.l. forests in a good-moderate conservation status, the establishment of an MPA is a proper management tool, prompting increased awareness and better communication of the actions carried out, and the possibility to regulate those activities that could threaten the restored forests (e.g., fishing, trampling, beach management, anchoring). If well managed, MPAs reduce levels of human pressures, allowing long-term stabilisation of essential ecosystem processes, and fostering the resilience of marine communities, such as Cystoseira s.l. forests, to future disturbances (e.g., climate change) (Bevilacqua et al., 2022). MPAs usually offer important support services (e.g., video surveillance monitoring, patrolling, vessels, trained personnel), but their creation should not replace long-term monitoring: disturbance factors may also be present in protected zones, due to fluctuation of other species potentially interacting with the restored Cystoseira s.l. forests. MPA establishment may take considerable time from planning to implementation, and this should be taken into consideration when assessing the priority needs for action towards degraded area recovery.




6 Discussion, gaps and recommendations

New methodologies and techniques for the restoration of the Cystoseira s.l. have been developed within the last decade through viable programmes and with the know-how for all major steps now in place (Cebrian et al., 2021; Fabbrizzi et al., 2023). Improvements are still necessary in restoration protocols to ensure optimal success, particularly the refinement of propagule handling, the conditions for ensuring their viability and procedures for transplanting them into the field. Restoration upscaling is possible when the environment and the intensity of human impacts is compatible with restoration goals (e.g., Gran et al., 2022). Current knowledge gaps concern some of the less ‘well-known’ Mediterranean macroalgal species and their requirements for optimal survival and growth, as well as their historical and potential distributions. There are also some gaps on how to deal with stressors that hinder restoration success. All present and potential future impacts have to be assessed (Cebrian et al., 2021), particularly natural ones such as extreme climatic conditions and climate change, which may be solved with identification of future potential restoration areas, and the use of different species strains or more tolerant species (Verdura et al., 2021). More efforts to understand the role of grazers (fish and invertebrates, including mesograzers, Monserrat et al., 2023) in the control of macroalgal forests are also needed to define strategies for reducing grazing pressure to an adequate level, over which the restoration programme would not be viable.

One of the key restoration gaps is in linking existing top-down policy requirements and bottom-up initiatives (Ramírez-Monsalve et al., 2021). Policies give target percentages of degraded habitat to be restored, but do not state what, where and how to restore. In contrast, bottom-up initiatives are often promoted by scientists who have specific research interests and find an opportunity for science-based action (Smith et al., 2021). The proposed EU Nature Restoration Law is expected to partially fix this issue by specifying the need for Member States to restore target percentages of selected habitats that include various Cystoseira s.l. habitats. However, there need to be bodies that can coordinate, prioritise, facilitate and fund actions, whether this is part of a regional organisation (e.g. UNEP PAP-RAC, GFCM, Barcelona Convention), national or local authority. Funding could also be secured through these or other groups (e.g. EU LIFE projects including new projects in support of the EU Nature Restoration Law, national bodies), the prioritisation of the Global Environmental Facility (GEF) or industry, with the premise that restoration is an investment, rather than a cost. Funding also needs to consider the scale of the action and the length of time required to maintain a monitoring cycle covering long-term goals. Standardised restoration elements need to be listed and their cost realistically estimated to depict appropriate budgets enabling complete restoration action and for communicating the level of investment required for recovery of ecosystem services (Verdura et al., 2018; Friedrich et al., 2022). Restoration interacts synergistically with conservation (passive restoration) and can easily be linked to, for example, MPAs or other area-based measures. These help to fulfil the removal of human stressors. The difference between conservation and restoration sits within the intervention framework, with the main distinction between passive and active restoration lying primarily in the timing and extent of human interventions (Chazdon et al., 2021). In the EU, restoration should also be linked to Maritime Spatial Planning, and at the Mediterranean regional scale to the Integrated Coastal Zone Management Protocol and the United Nations Mediterranean Action Plan (UNEP-MAP and UNEP PAP/RAC) where restoration areas are allocated within spatial plans and highlighted for protection. Another mechanism that could be used in the region to prioritise restoration actions on Cystoseira s.l. concerns the designation of “Other Effective area-based Conservation Measures (OECMs)”, agreed under the 14th Conference of Parties of the Convention on Biological Diversity.

Publicity is important in providing a common understanding of the problems posed by Cystoseira s.l. degradation and loss. Understanding, valuing and communicating the societal benefits arising from healthy Cystoseira s.l. forests are essential to raise public awareness about their importance. Good and widespread publicity will drive public support, which in turn can drive institutional support for further actions. A coordination group could provide the backbone for efficient information. The message of restoration should be very clear, what is meant, what is feasible, what can be done and what is expected. Although restoration is about helping nature recover for the benefit of people and nature, the language of restoration has not always been clear. This has led to ambiguity and misunderstandings among stakeholders, whether restoration is achieved through protection and natural regeneration only, or restoration may also require various direct interventions (e.g., direct removal of grazers, substrate creation, transplantation). In most sites however, a range of protective and restorative actions will be required for the Cystoseira s.l. restoration (Gann et al., 2019; Chazdon et al., 2021).

In a broader context, Fabbrizzi et al. (2023) demonstrated that introducing systematic conservation planning principles and tools in restoration projects is crucial to understanding and defining how much and where an ecosystem or habitat can be recovered. These conservation planning principles and tools allow to effectively manage efforts and assess possibilities for setting region-specific targets. Adopting marine spatial planning leads to accounting for environmental constraints and socio-economic implications affecting restoration activities. The use of prioritisation software (e.g., MARXAN, Zonation 5) informs the allocation of restoration targets identified a priori, by combining spatial information from different sources. Future efforts should be directed to better integrate site prioritisation into marine spatial plans, accounting for ecological, social and economic objectives to enhance system resilience.
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Microorganisms interact with all biological components in a variety of ways. They contribute to increase the efficiency of marine food webs and facilitate the adaptation of multicellular organisms to climate change and other human-induced impacts. Increasing evidence suggests that microbiomes are essential for the health of marine species, for maintaining productive marine ecosystems, and thus for the sustainable functioning of the global biosphere. Marine microbiomes are typically species- or habitat-specific and are susceptible to environmental and human-driven changes. The microbiota of seagrasses, macroalgae, mangroves or tropical corals benefits their hosts by increasing their fitness, contributing to the removal of toxic compounds, conferring protection against pathogens, and/or supporting nutrient requirements. Alterations of the microbiomes might have negative consequences on species’ health, survival, and overall ecosystem functioning. Despite the key ecological role of microbiomes in all ecosystems, their potential for the restoration of degraded habitats is still largely unexplored. Here we present a literature survey of the existing information on the microbiota associated with habitat-forming species and suggest that the resilience/recovery of damaged marine habitats can depend largely on the changes in the microbiota. Nature-based solutions relying on microbiome analyses (also through omics approaches) enable health monitoring of transplanted organisms/metacommunities and potential identification/production of probiotics/bio-promoters to stabilize unhealthy conditions of transplants. In the context of international strategies concerning ecological restoration, the use of the scientific knowledge acquired on the marine microbiome deserves to be exploited to assist both traditional and innovative restoration approaches. The success of habitat restoration may depend on our ability to maintain, along with the restored species and habitats, a functional microbiota.
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1 Introduction

Microorganisms support the existence and resilience of all life forms (Gilbert and Neufeld, 2014). They are crucial for the maintenance of healthy and productive marine ecosystems and for the sustainable functioning of the global biosphere (Trevelline et al., 2019). Microorganisms are intimately associated with animals, plants, and algae, and contribute to their nutrition, defence, immunity, and development (Pita et al., 2018; Stévenne et al., 2021). The prevalence of these associations implies that multicellular organisms can no longer be considered as individual entities, but rather as “holobionts” (consisting of the host, the microbiota, and the interactions among them). Consequently, the impact of climate changes and human pressures on multicellular organisms as well as their resilience will also depend on the responses of their associated microbiota, which will be essential to achieve an environmentally sustainable future (Doney et al., 2012; McFall-Ngai et al., 2013; Petersen and Osvatic, 2018).

It is recognized that microorganisms have the potential to adapt to climate change scenarios (e.g., global warming, ocean acidification, oxygen depletion) and human-induced impacts (e.g., pollution due to chemical contaminants, eutrophication) (Danovaro et al., 2011; Torda et al., 2017; Cavicchioli et al., 2019). Micro-organisms, indeed, thrive in the most extreme environments on Earth, from the coldest to warmest habitats, from the acid and hypersaline environments to anoxic systems, even at the highest pressures of the deep sea (Boetius et al., 2015; Dick, 2019; Manea et al., 2019; Hiraoka et al., 2020). It has been also extensively documented that marine microbiota can allow multicellular organisms to thrive in extreme marine habitats by conferring them the ability to cope with conditions incompatible with life (Danovaro et al., 2017; Sogin et al., 2020) by regulating the maintenance of their fitness, conferring them resistance and resilience (Bang et al., 2018). Microorganisms can also be sentinels of the impact of climate change and/or pollution on the holobionts (Conte et al., 2021; Corinaldesi et al., 2022) revealing early their health conditions (Peixoto et al., 2022).

Despite the key ecological role of microbiota in all ecosystems, their potential for restoration actions of degraded habitats and pollution control is still largely unexplored. Due to the rapid decline of marine ecosystems and their associated biodiversity (Danovaro et al., 2020; Orfanidis et al., 2021), both in coastal and deep-sea habitats, ecological restoration actions appear to be the most promising strategy to rebuild them (Cebrian et al., 2021; Fraschetti et al., 2021). This practice refers to the process able to assist the recovery of degraded, damaged, and destroyed ecosystems (Gann et al., 2019), thus retrieving lost biodiversity and ecosystem services (i.e., nutrient cycling, primary and secondary production, maintenance of genetic diversity, habitat provisioning, pollution control, carbon storage, erosion prevention). To revert the trajectory of degradation of most ecosystems on Earth and to accelerate the recovery of damaged ecosystems, the United Nations has declared the Decade on “Ecosystem Restoration” 2021-2030.

The strategies and techniques for ecological restoration of different marine habitats/ecosystems (e.g., seagrass beds, macroalgae forests, reef-forming corals) are mostly already available, but these do not consider the role of the microbial component. The International Coral Reef Society (ICRS) has recently published a scientific policy document that underlines the importance of “driving innovation by developing new approaches, where current solutions are not sufficient to address the coral reef emergency” (Knowlton, 2021). Accordingly, the declaration of the Decade on Ecosystem Restoration by the United Nations has sparked interest in the methods needed to implement best practices for maximum gain.

In the present literature survey, we provide an overview of the diversity and role of the microbiome (Berg et al., 2020) in marine habitats/ecosystems to shed light on the importance of integrating this component into future restoration plans. To the extent possible, we will draw parallels with microbiome-based restoration in the terrestrial environment, which is a much more advanced scientific field than in the marine environment, to identify key aspects and pathways in the recovery of degraded marine ecosystems. In this regard, the use of microbial inoculants and microbiome engineering will be addressed, emphasizing the challenges and pitfalls of these practices in the marine environment.




2 Microbiome-based restoration of marine ecosystems: lessons learnt from terrestrial ecosystems

Ecological restoration in the marine environment is certainly a much younger field of scientific application than the terrestrial one (Saunders et al., 2020). In terrestrial ecosystems, it has been reported that the success of ecological restoration largely depends on soil microbial assemblages that degrade plant-associated organic substances, thus improving the physicochemical characteristics of the soil (Trivedi et al., 2013; Calderón et al., 2017). In addition, plant-associated microbes (e.g., the rhizosphere and endophytic microbiomes) provide nutrients, minerals, and vitamins and protect plants against biotic and abiotic stress (Vandenkoornhuyse et al., 2015; Dubey et al., 2019).

Especially, with the advent of the -omics approaches it has been possible to identify key microbiomes and their metabolites in different environments at unprecedented resolution. In terrestrial ecosystems, there is evidence that the core microbiota is essential for the maintenance of the functional stability of soil microbiomes, nutrient cycling, and plant establishment in reforested ecosystems and that it should be integrated into the policy and management strategies of ecological restoration plans (Jiao et al., 2022). In this regard, soil inoculation techniques and the use of carriers for inoculants have been assessed to promote plant growth. In particular, Rhizobium inoculants have been commercially produced worldwide (Catroux et al., 2001; Deaker et al., 2004) as well as Azospirillum brasilense and Bacillus pumilus (Cassán et al., 2020). Manipulative experiments highlighted that the soil community is an important driver of plant-community development and that manipulation of the soil community is a key step for successful restoration (Wubs et al., 2016).

A large-scale, six-year-old field experiment on terrestrial habitats has shown that the application of soil inoculants is a powerful tool to promote ecosystem restoration and steer plant community development depending on the origin of the soil inoculum (Wubs et al., 2016). Other studies have reported that inoculation of soils with mycorrhizal fungi can also increase the growth performance of plants and that local mycorrhizal fungi strains outperform commercial strains. Co-inoculation of different native mycorrhizal fungi species can improve plant growth with positive implications for restoration ecology (Crossay et al., 2019). A key role is indeed represented by the species richness of the inoculum (Hu et al., 2021). Previous investigations indicated that the use of consortia that contained more Pseudomonas strains produced beneficial effects on plant growth. Consistently, it has been also documented that the transfer of whole soil communities, enriched in plant grow-promoting consortia, is more effective than the addition of individual species or strains in restoration actions (Emam, 2016; Bulot et al., 2017). Another interesting finding obtained in terrestrial ecology is that soil transplantation experiments at large-spatial scales are more successful than at smaller-spatial scales (Kardol et al., 2009; Pywell et al., 2011; Jaunatre et al., 2014). Several investigations have also indicated that environmental and biological factors such as nutrient loads and interactions among soil biological communities can influence the success of transplantation (De Deyn et al., 2004; Van Elsas et al., 2012). However, several studies concluded that it is currently unclear if the inoculant or soil transplantation effects will be transient or whether they will last through plant generations, and it is necessary to better deepen scientific research on plant-microbe interactions for sustainable agriculture (Hu et al., 2021).

In terrestrial ecology, it has been also reported that plants and their roots have evolved “a cry for help” response to resist environmental and anthropogenic stress, by developing adaptive strategies including the production of metabolites with direct defensive effects and molecules that attract beneficial (micro)organisms for protection (Rizaludin et al., 2021). In a recent study, the “cry for help” concept was also supported by the results of a field experiment, in which durum wheat (Triticum turgidum L. var. durum) naturally infected with the crown rot pathogen Fusarium graminearum enriched for Stenotrophomonas rhizophila (SR80) in the rhizosphere and root endosphere (Liu et al., 2021). After reintroduction, the SR80 strain induced resistance against canopy rot and improved grain growth. The rhizosphere microbiome is thus a reservoir of efficient helpers that plants can specifically exploit to cope with one or more stressors. Deciphering their communication can provide fundamental knowledge for the future development of plants resistant to multiple stressors also in marine ecosystems.

If the integration of the microbiome in the design and management of terrestrial restoration actions is under experimentation, in the marine environment this is still far from being taken into consideration. This wide gap is due to the greater complexity of the marine submersed environment compared to the terrestrial one, its high variability due to hydrodynamic forcings, and the difficulty of applying and managing bacterial inoculants. Furthermore, while on land, vegetation is the main (practically the only) biological component that structures the landscape, in the marine environment even animal components such as corals can form habitats. Therefore, scientific research on the role and application of the microbiome in restoration ecology has a more complex job to do. However, knowledge accumulated in terrestrial microbiome-based restoration may inspire marine ecosystem restoration.




3 Microbiome selection to boost the restoration success of marine ecosystems

As it becomes more evident that microbiomes power ecosystem-level processes and resilience to anthropogenic and climate-driven impacts, scientific interest in microbiome engineering is increasing. Microbiome selection (which is part of the wider field of microbiome engineering but excludes any form of genetic manipulation) aims at improving host fitness with designed microbial communities (Mueller and Sachs, 2015). Microbiome selection thus foresees the desired modulation of the tailored microbiome to enhance a selected microbiome-dependent host phenotype. To this aim chemical-based (prebiotics and antibiotics), cellular-based (probiotics and microbiota transplants), phage-based (bacteriophages), or host-mediated microbiome-modulation approaches can be implemented (Li et al., 2022).

Traditionally, the modulation of the host-associated microbiome to tailor a desired phenotype was mainly performed empirically, thus completely blind concerning the compositional and functional features of the target microbiome, just relying on the use of allochthonous probiotics and prebiotics (i.e., compounds that foster growth or activity of beneficial microorganisms such as bacteria and fungi) as possible providers of the desired functions (Peixoto et al., 2022; Figure 1). The current multi-omics era is changing our capacity to study and understand the microbiome in their native ecosystems. From an operational point of view, the identification of the microbiome features being responsible for a desired function foresees 4 phases: (i) microbiome sampling, biobanking and multi-omics assessment; (ii) microbiome modelling and networks construction; (iii) assembly of de novo Microbiome-Assembled Genomes (MAGs) and (iv) construction of genome-scale metabolic models. The identification of the microbiome modules and their metabolic interactions allows the knowledge-based implementation of microbiome-based approaches - in terms of selected bio-promoters and bio-inocula – piloting these modules, their components, and their web of interactions.




Figure 1 | Conceptual model of the potential nature-based solutions relying on the microbiome to be applied to ecological restoration of habitat-forming organisms. Nature-based solutions can be represented by a) the screening and selection, through the microbiome analyses, of habitat-forming organisms or metacommunities containing beneficial microbes for transplanting and b) the biomonitoring of the health status of transplanted organisms to make decisions (including the adoption of probiotics/bio-promoters based on the microbiome-culture approach, see the light blue dashed arrow) in case of poor health conditions of the transplanted organisms. Microbiome manipulation allows the identification of keystone, beneficial and/or resistant microbiota, and their functions through -omics technologies and their selection through culturomics-based approaches, which should provide usable probiotics and or bio-promoters to be inoculated to transplanted organisms.



The recovery and selection of beneficial and resistant microorganisms can be obtained through specific culture media (Peixoto et al., 2017), whose selection and implementation can be also carried out based on the genome-scale metabolic models of the tailored beneficial microorganisms, allowing the in-depth understanding of their nutritional requirements (Liu et al., 2010). However, only a minor fraction of marine microbes are actually cultivable even using the best available colturomics-based approaches (Rodrigues and de Carvalho, 2022). In addition, if we consider that only a few marine isolates are endowed with the technological properties necessary for their implementation in concrete biotechnological applications, such as marine probiotics (e.g., the ability to grow as axenic culture in pilot bioreactors) it is clear that at present only a tiny fraction of the diversity of marine microbiomes can be exploited to produce probiotics (Wang et al., 2021a). These selected microorganisms can be inoculated at different life stages of the host using similar approaches to those already used in agriculture for probiotics (Backer et al., 2018). The inoculation of beneficial microorganisms can be performed using microencapsulation and nanoparticles as well as saline suspension and substrates for the microbial immobilization adopted in terrestrial ecosystems (Vassilev et al., 2020; Balla et al., 2022) and aquaculture systems (Prado et al., 2020). However, the delivery of microorganisms (microbial inoculum) in marine environments is a major challenge due to dilution in the water column and dispersion by currents and the difficulty of controlling interactions with a wide range of micro- and macro-organisms naturally present in these systems. Therefore, the immobilization of the microbial cells could be one of the approaches that might be adopted to overcome this problem (Peixoto et al., 2021).

Microbiome manipulation to improve host health could be based on other approaches such as microbiome-assisted evolution, used to accelerate adaptation on natural taxa to select those that show the highest resilience against stress and thus increase the fitness of the transplanted species (Van Oppen et al., 2015). In this case, experimental evolution studies involve the maintenance of organisms under controlled conditions and the monitoring of their response over several generations (Figure 1). Organisms are expected to adapt to these conditions through selection due to random natural genetic mutations, trans-generationally stable epigenetic modifications and/or through the acquirement of adaptive changes in the associated microbiome (Henry et al., 2021; Maire and van Oppen, 2022; Mueller and Linksvayer, 2022). Even though the selected pressures cannot dictate what adaptive traits will appear, these factors may select beneficial changes at the microbiome level (Maire and van Oppen, 2022). These microbiome-dependent adaptive changes can be characterized by multi-omic approaches, allowing the complete understanding of the correspondent functional traits, and opening the opportunity for their engineering.

The experimental evolution of coral-associated bacteria is at the stage of hypothesis, and it has been not implemented yet (Rosado et al., 2019; Maire and van Oppen, 2022). Although scientific literature is available on the possibilities of exploiting microbiome selection and probiotic supply to improve the resistance and resilience of natural ecosystems (especially concerning coral reefs), the implementation of these technologies in restoration plans is still far from being reached. Several gaps in knowledge and practical issues (e.g., in the approaches of target microorganisms and the industrial production of pro-biotics and bio-promoters) need to be filled (Peixoto et al., 2022) to make the most of the potential of the microbiome in the restoration ecology.




4 Microbiomes of marine habitat-forming species: integration into ecological restoration approaches

Many of the marine restoration efforts have been focused on coral reefs of shallow-coastal ecosystems contrary to what has been carried out for cold-water corals, and mesophotic bioconstructions (Fraschetti et al., 2021). Tropical coral transplantation is also one of the pioneering approaches to marine ecological restoration (Boström-Einarsson et al., 2020). This is due to several reasons, including the high ecological and economic importance of these habitats, their easy accessibility, and the rapid decline they are facing due to climate change and other anthropogenic impacts (Rivera et al., 2020; Ferse et al., 2021). At the same time, wide information is available on microbial assemblages associated with coral reefs, also justified by the desire to identify microbial diseases that contribute to their decline in the world’s oceans (Li et al., 2022). Despite this, the microbiome has not yet been factored into effective plans to restore coral reef ecosystems. However, it could contribute to the success of their restoration, and to that of other bioconstructions and even deep habitat-forming species (Figure 2). The general habitat characteristics of the microbiomes and their potential in the restoration of different bioconstructions is described here below.




Figure 2 | Habitat-forming species, which can be involved in the microbiome-based-restoration. (A) Coral reef (image credits by Gabriella Luongo); (B) cold-water corals; (C, D) coral gardens (credits by Gabriella Luongo); (E) mangroves; (F) seagrass meadows (credits by Gabriella Luongo), and (G) macroalgal forests (credits by AFRIMED project).





4.1 Coral reefs, coral gardens, and cold-water corals

Reef-building corals (Figure 2) - Awareness of the rapid decline of coral reefs worldwide due to anthropogenic impacts and climate change has spurred restoration efforts, which are now widely applied using several approaches (Pandolfi et al., 2003; Bellwood et al., 2004; Vaughan, 2021) including coral gardening, transplantation of coral fragments, micro-fragmentation, and the use of artificial substrates (Boström-Einarsson et al., 2020). In the last decade studies of the coral microbiome have allowed expanding knowledge of the diversity and functions of microorganisms associated with reef-building corals (Van Oppen and Blackall, 2019). There is evidence that coral-associated microorganisms play a key role in the cycling and/or supply of nutrients (e.g. carbon, nitrogen, and sulfur) to corals or their symbiotic algae (e.g., Symbiodiniaceae), in the protection of corals (possibly through the production of antimicrobial compounds), in improving larval settlement (Van Oppen and Blackall, 2019) and resilience to environmental stressors, which can lead to coral diseases (Bourne et al., 2016; Vanwonterghem and Webster, 2020). Available studies indicate that the diversity of coral-associated bacteria far outnumbers that of archaea (two archaeal phyla versus at least 39 bacterial phyla described and candidate; Gardner et al., 2023). However, few studies have specifically focused on archaea, mainly because of technical limitations e.g., primer specificity (Gantner et al., 2011; Apprill et al., 2015; Parada et al., 2016), thus it is possible that their diversity is greater than what is known to date.

The most common coral-associated bacterial taxa belong to Gammaproteobacteria, Alphaproteobacteria, Bacteroidetes, Cyanobacteria, Firmicutes, and Tenericutes, while the coral-associated archaea mostly affiliate with Euryarchaeota and Nitrososphaerota (syn. Thaumarchaeota) (Table 1; Huggett and Apprill, 2019). Available data for coral-associated fungi are currently limited and only in recent research, some taxa such as Aspergillus, Clonostachys, Mortierella, Cladosporium, Wicherhamomyces, Simplicillium, Cutaneotrichosporon, and Penicillium have been identified (Cheng et al., 2023). The microbiome of different coral species can change over time and across different geographic regions, and microbiome shifts can depend also upon environmental stressors as well as coral health (Hernandez-Agreda et al., 2018; Morrow et al., 2022). It has been also reported that coral adults have a less diverse and more stable microbiome than larvae and early recruits, suggesting a selection process during coral maturation (Epstein et al., 2019) and that microbiome is fine-tuned to meet the needs of a particular host in a certain environment (Van Oppen and Blackall, 2019). Given the complexity of studying the whole coral microbiome, scientific research is increasingly focusing on core microbial taxa that persist within the host across different spatial and temporal scales (Hernandez-Agreda et al., 2017; Dunphy et al., 2019). The core microbiome is indeed composed of common taxa, host and habitat-specific (Sweet and Bulling, 2017), which form stable and persistent symbiotic interactions with corals to provide key functions (Shade and Handelsman, 2012; Shafquat et al., 2014; Ainsworth et al., 2015; Chu and Vollmer, 2016). A less stable core microbiome could indicate a higher susceptibility of the holobiont to environmental stress (Ziegler et al., 2016). Therefore, the analysis of the core microbiome is essential to inform holobiont health status, which in turn is also fundamental for outlining strategies for coral restoration (Hernandez-Agreda et al., 2016; Sweet and Bulling, 2017).


Table 1 | Examples of microbial taxa of habitat-forming species which could have a key role in restoration activities.



The top five reef-building coral species used in restoration projects are Acropora cervicornis, Pocillopora damicornis, Stylophora pistillata, A. palmata, and Porites cylindrica (Boström-Einarsson et al., 2020). In general, the dominant taxa of bacterial assemblages associated with corals are assumed to be their healthy symbiotic state (Hernandez-Agreda et al., 2017 and references within). Bacterial members belonging to the genus Endozoicomonas are dominant in corals although their contribution to the entire microbial assemblage is highly variable within individuals of the same species and among different species (Hernandez-Agreda et al., 2017; Robbins et al., 2019; Rosales et al., 2019; Vanwonterghem and Webster, 2020). There is evidence that Endozoicomonas members are beneficial symbionts of the coral hosts with a role in biofilm production (that promotes surface colonization of other bacteria), sulphur metabolism, the cycling of carbohydrates and the provision of proteins to the host (Jessen et al., 2013; Ainsworth et al., 2015; Pootakham et al., 2019; Krishnaswamy et al., 2023). Endozoicomonas can have a mutualistic relationship with the endosymbiotic dinoflagellate partner Symbiodinium. This relationship has been suggested to be critical to the success of coral restoration (Bernasconi et al., 2019). However, a broad spectrum of other microorganisms (e.g., bacteria, archaea, viruses and eukaryotic microbes) may play a key role in maintaining coral health (Van Oppen et al., 2009; Ainsworth et al., 2017) and beneficial microorganisms should be identified specifically for each coral species, regional location, and stage of development (Peixoto et al., 2017).

Previous studies suggested that coral transplantation can affect coral microbial assemblages thus increasing the susceptibility of the corals to diseases (Casey et al., 2015). This finding reinforces the need to investigate the microbiome of coral reefs to increase the success of the restoration actions (Garren and Azam, 2012; Moriarty et al., 2020). In this regard, probiotics can also be adopted for disease mitigation (Peixoto et al., 2019). For example, marine bacteria isolated from Acropora palmata and other corals were found to produce anti-bacterial molecules against a broad spectrum of pathogens, including Serratia marcescens which is a pathogen known to lead to the disease ‘white pox’ (Ritchie, 2006; Alagely et al., 2011). This method was also tested on cnidarians affected by whitepox disease revealing beneficial effects.

Transplant-induced coral diseases could combine with the adverse effects of climate change, thus hampering successful restoration. Despite it has been reported that the coral microbiome can acclimatize to climate-driven changing conditions (including pH acidification, and heatwaves) enriching its functions related to nitrogen metabolism, host nutrition, and increased resistance (Biagi et al., 2020; Palladino et al., 2022; Prada et al., 2023), monitoring microbiome changes in restoration projects could be useful for predicting the effects of multiple stressors.

Recent studies have also suggested that microbiome manipulation could enhance heat tolerance and help corals survive the effects of ocean warming (Doering et al., 2021). From this perspective, microbiome engineering could represent a powerful tool to mitigate disease-associated threats, increase corals’ stress tolerance to perturbations, and improve coral resilience in the face of ongoing climate change (Li et al., 2022).

Knowledge of corals’ ability to acquire new microbiome components to mitigate the negative effects of environmental stress led to the development of the “Coral Probiotic Hypothesis” based on the identification of strains of dinoflagellates and microbes able to promote the growth and persistence of the host under shifting environmental conditions (Epstein et al., 2019). Theoretically, a coral treated with an inoculum of these microorganisms taken from a stress-adapted conspecific should adapt or acclimatize to that stress more rapidly (Epstein et al., 2019). The “Coral Beneficial Microorganisms” (CBM) concept provides procedures to further apply the “Coral Probiotic Hypothesis” by identifying potential selected advantageous mechanisms provided by the microbiome, isolating these beneficial microbes, and experimentally testing them for their role in coral resilience to environmental perturbations, both in situ and in controlled conditions (e.g., aquaria, Peixoto et al., 2017). This concept and its applications might be also translated to other habitat-forming species, including vegetated habitats.

Pioneering studies have shown that the microbiome can be shaped through inoculation with cultured bacterial isolates (Welsh et al., 2017; Damjanovic et al., 2019), while other investigations have tested the probiotic potential of these inoculations to assess improvements in coral health and resistance under different types of stress (Fragoso Ados Santos et al., 2015; Jacquemot et al., 2018; Rosado et al., 2019). For example, a consortium of native (isolated from Pocillopora damicornis and surrounding seawater) putatively beneficial microorganisms for corals, including Pseudoalteromonas sp., Halomonas taeanensis and Cobetia marina strains was added to coral colonies to increase resistance to bleaching (Table 1; Rosado et al., 2019). In a recent transplantation study of two cosmopolitan reef-building corals, Pocillopora sp. and Porites sp., from the Andaman Sea in Thailand, heat-sensitive corals were transplanted with donor microbiomes using fresh tissue homogenates produced from heat-tolerant conspecific donor corals, thus bypassing time-consuming culturing and screening for beneficial bacteria from healthy donors and allowing the transmission of the “unculturable” microbiome fraction (Table 1; Doering et al., 2021). The inoculation reduced coral bleaching under heat stress suggesting its beneficial effect and the potential of a probiotic intervention to support success in coral restoration.

Overall, based on the available information, although the microbiome offers important opportunities for coral restoration and re-establishing self-sustaining and functional habitats, its use has been made on a limited spatial scale and is still at an experimental level.

Gorgonian forests (Figure 2) - Gorgonian forests include corals belonging to the Anthozoan subclass of Octocorallia, which comprise soft corals (e.g., sea fans and sea whips - order Alcyonacea-, sea pens -order Pennatulacea-), and blue corals (order Helioporacea). They represent corals of conservationist interest as they act as ecosystem engineers, supporting high biodiversity levels (Ballesteros, 2006; Poulos et al., 2013; Sánchez, 2017; Angiolillo and Canese, 2018; van De Water et al., 2018a). Over the last 30 years, gorgonian gardens have been reported to be highly vulnerable to episodic climate-driven events as well as to anthropogenic activities and diseases (Smith and Weil, 2004; Sánchez et al., 2014; Girard and Fisher, 2018; Garrabou et al., 2019). Some coral species in the Mediterranean Sea including Corallium rubrum, Paramuricea clavata, and Eunicella cavolini, are regressing in different coastal areas (Barnes, 2010; Angiolillo and Canese, 2018; Verdura et al., 2019; Gómez-Gras et al., 2021; Topçu et al., 2023). Similarly, the soft coral Dendronephthya australis has been listed as endangered in Australia (Larkin et al., 2023). For this reason, these species have been a target of restoration experiments in the field and in aquaria (i.e., to assist in situ recovery) (Ballesteros, 2006; Ponti et al., 2014; Ingrosso et al., 2018; Montero-Serra et al., 2018; Verdura et al., 2019; Steinberg et al., 2020; Casoli et al., 2022; Topçu et al., 2023). Also, gorgonians collected as by-catch can be a valuable resource for the restoration of impacted ecosystems (Montseny et al., 2019; Casoli et al., 2020; Montseny et al., 2020).

Only a few studies have been carried out to test the efficiency of transplanting to rehabilitate gorgonian populations in impacted areas reporting contrasting results in terms of survival rate (30%- 90% in 2.5 years; Linares et al., 2008; Fava et al., 2010; Montseny et al., 2019; Casoli et al., 2022). The design of any restoration procedure must take into account the likelihood of mortality of coral colonies before transplanting since this can affect the initial attachment effort necessary to increase the success of the restoration process. To this aim, microbiome analyses including the detection of pathogens can help to anticipate these actions by identifying stressed colonies that visually do not show any signs of alteration (Corinaldesi et al., 2022).

Octocoral-microbe interactions compared to those of Scleractinia have attracted a lower interest, with only a limited number of studies focused on their associated microbiota (van De Water et al., 2018a), thus limiting understanding of the role of the microbiome in gorgonian health. Available information indicates that in natural conditions, the core microbiome of gorgonians is stable (van de Water et al., 2016; van de Water et al., 2018b) over space and seasons as in the case of E. cavolini, P. clavata and different Caribbean Octocorals, which are generally dominated by Endozoicomonadaceae (Table 1; Bayer et al., 2013; Vezzulli et al., 2013; van de Water et al., 2017; McCauley et al., 2020; van de Water et al., 2020) or Spirochaetaceae mostly associated with C. rubrum (van de Water et al., 2016; van de Water et al., 2018b; Corinaldesi et al., 2022). Thus, a shift in the composition of the core microbiome of these species after transplantation actions can represent an early warning indicator of stressful conditions that can decrease the success rate of the restoration actions. Considering that newly established coral populations need 30-40 years to show an adequate colony size distribution (Montero-Serra et al., 2018), it is quite difficult to assess the restoration success after only a few years (Linares et al., 2008; Duarte et al., 2020). This constraint is mainly due to the short time scale (3-4 years) of funded projects aimed at promoting some restoration actions and experiments. Consequently, long-term monitoring programs, including analyses of the microbiome associated with transplanted organisms, should be planned over a longer time scale to provide more comprehensive information about the factors influencing microbiome dysbiosis, thus allowing the implementation of possible intervention actions to keep microbiome eubiosis in future restoration activities.

Cold-water corals (Figure 2) - Cold-water corals are key habitat-forming species, producing complex three-dimensional structures over wide areas, which foster biodiversity hotspots including species of high commercial interest (Roberts et al., 2009; Angiolillo and Canese, 2018). These corals are generally found in the deep sea (Roberts et al., 2009), particularly on continental margins, seamounts and canyons (Montseny et al., 2021). These ecosystems are threatened by multiple human activities such as commercial bottom fisheries, hydrocarbon exploration and extraction (Ramirez-Llodra et al., 2011; Ragnarsson et al., 2017; Montseny et al., 2021) and ongoing climate changes (Danovaro et al., 2017; Portilho-Ramos et al., 2022). Most restoration actions in marine ecosystems have been conducted in shallow waters (Bakker et al., 2002; Hughes and Paramor, 2004; Fraschetti et al., 2021), including tropical coral reefs (Rinkevich, 2005; Precht and Robbart, 2006; Young et al., 2012; Deignan and McDougald, 2022) and gorgonian forests (Linares et al., 2008; Fava et al., 2010; Weinberg, 2019; Basconi et al., 2020; Duarte et al., 2020; Montseny et al., 2021). The restoration of deep-sea habitats, including cold-water corals has been delayed due to the technological challenges associated with their remoteness, water depth (below 200 m), and high costs of intervention (Van Dover et al., 2014; Da Ros et al., 2019). It has been estimated that the cost of deep-sea ecosystem restoration might be up to 3–4 orders of magnitude higher than that of shallow-water ecosystems (Barbier et al., 2014). The most used techniques for active cold-water coral restoration are transplantation techniques from a healthy donor reef to a degraded reef, and the use of artificial structures (Brooke et al., 2006; Dahl et al., 2012; Jonsson et al., 2015; Montseny et al., 2021). Additionally, it may be necessary to harvest and maintain cold-water corals ex situ (i.e., in aquaria before returning them to their natural habitat. However, the slow growth rates of cold-water corals, the stress experienced by corals during harvesting, such as thermal changes, and the complexity of replicating their natural environment in the laboratory are some of the most important barriers to successful active restoration (Orejas et al., 2019). To overcome all these problems, improving underwater technologies and long-term monitoring strategies, as well as expanding knowledge about species interactions, are key steps in deep-sea restoration. To increase the success rate of transplantations, we would also benefit from a better understanding of the role and composition of coral-associated microbiomes and particularly of the beneficial taxa, which can be markers useful to select healthy coral colonies suitable for transplantation actions and to monitor over time the holobiont health status.

Information on the microbiomes of the cold-water corals in the frame of deep-sea restoration is still very limited. Spirochaetes or Endozoicomonas have been suggested to be bacterial taxa supporting the physiology of Desmophyllum pertusum (former Lophelia pertusa) and Madrepora oculata (Kellogg et al., 2009; Meistertzheim et al., 2016; Neave et al., 2016). However, the Desmophyllum pertusum microbiome appears to be more variable in terms of composition than the microbiome of M. oculata (Meistertzheim et al., 2016; Galand et al., 2018). An investigation of the microbiome during an in situ transplanting of Desmophyllum pertusum and M. oculata revealed shifts of some bacterial taxa (such as Entomoplasmatales, Spirochaetales, Rickettsiales and Endozoicomonas; Table 1; Chapron et al., 2020). In addition, the microbiome-based analyses were useful in investigating the habitat preference for the two cold-water species (i.e., D. pertusum did not show a strict preference for habitat due to its higher capacity to acquire bacteria from the surrounding waters, whereas M. oculata did) (Chapron et al., 2020). This could be crucial information in deep-water coral restoration as well as the potential presence of pathogens in gorgonians, which could hinder their recovery. Deep-sea ecosystem restoration appears to be the biggest challenge among marine habitat restoration actions; the microbiome could help address this challenge.




4.2 Restoration of vegetated habitats: seagrass meadows, mangroves, and macroalgal forests

Seagrass meadows, mangroves and macroalgal forests support high biodiversity levels by providing food, habitat, and shelter to a variety of marine organisms. They also underpin many important ecosystem functions and services such as primary and secondary productivity, C sequestration (acting as a “blue carbon” storage system; Duarte, 2017), the provision of nursery areas for endangered and commercially important species, protection from coastal erosion (Duffy et al., 2019). However, these meadows/forests are facing dramatic decline worldwide, so effective restoration efforts are urgently needed to recover their associated key ecosystem functions and services (Paling et al., 2009; Tan et al., 2020; Cebrian et al., 2021; Dahdouh-Guebas and Cannicci, 2021; Dunic et al., 2021). We detail below the general characteristics of the microbiomes of these vegetated ecosystems and perspectives for their potential application to the restoration of such habitats.

Seagrass meadows (Figure 2) - Classical seagrass restoration practices have obtained contrasting results in different coastal habitats, either testing bare-root transplanting, alternative methods such as deploying multiple plants in larger cores, planting seagrass seeds or using biodegradable containers (Zhou et al., 2014; van Katwijk et al., 2016; Da Ros et al., 2021; Mokumo et al., 2023). There is broad consensus that harnessing positive biological interactions, including those between seagrass and microbiota, can increase restoration success (Halpern et al., 2007; Silliman et al., 2015; Tan et al., 2020; Valdez et al., 2020). Different members of the seagrass microbiota can indeed benefit their hosts (recently reviewed by (Ugarelli et al., 2017; Tarquinio et al., 2019; Conte et al., 2021). Epiphytic diazotrophic bacteria can increase nutrient bioavailability through nitrogen fixation and phosphorous solubilization while sulphate-reducing bacteria play a similar role in the rhizosphere and roots through anaerobic nitrogen fixation and organic matter mineralisation (Table 1; Welsh, 2000; Hamisi et al., 2009; Sharma et al., 2013; Tarquinio et al., 2019; Mohr et al., 2021). Several microbes involved in growth-promotion activities in plants or macroalgae (like Kocuria sp., Vibrio sp., Methylophilus sp., Alteromonas macleodii, and Marinomonas sp.) have been described also as epi- or endophytic microbes of seagrasses, hence hypothesized to play a similar role (Tarquinio et al., 2019). As in terrestrial plants, seagrass roots and rhizosphere are also enriched with beneficial sulphide-oxidising bacteria able to remove the otherwise toxic H2S produced by the sulphate-reducing bacteria during organic matter degradation (Conte et al., 2021) while sulphate-reducing bacteria have been suggested to detoxify from ethanol (another phytotoxin produced by the seagrass fermentative metabolism in the dark) (Ugarelli et al., 2017). Similarly, methanol (a waste by-product of seagrass metabolism known to inhibit plant growth and seed germination; Abanda-Nkpwatt et al., 2006) has been suggested to be consumed by methylotrophic bacteria (Methylophilaceae and Methylophagaceae), which are typically associated with seagrasses (Adamczyk et al., 2022). An additional protective mechanism of seagrasses can be attributed to microbes capable of producing antioxidant enzymes (e.g., Marinomonas mediterranea MMB-1), which can alleviate their oxidative stress by scavenging extracellular toxic radicals (Sanchez-Amat et al., 2010; Tarquinio et al., 2019). Additional plant-protection features, including the production of antiviral, antiparasitic, antibacterial and anti-biofouling compounds have been described or inferred for several bacteria (e.g., Actinobacteria) directly isolated from seagrasses or identified by metabarcoding (Marhaeni et al., 2010; Tarquinio et al., 2019; Boontanom and Chantarasiri, 2020). Such microbial products are supposed to benefit the seagrass by promoting healthy microbe-host interactions and contrasting potentially harmful outbreaks.

Bacteria have been by far the main target of seagrass microbiome studies, even though it can be expected that future research will provide evidence also on the relevance of archaea, as anticipated from terrestrial plants (Jung et al., 2020; Ayangbenro and Babalola, 2021). Similarly, the importance of fungi in fostering plant fitness is well-known in terrestrial ecosystems (Averill et al., 2022; Busby et al., 2022). As far as seagrasses are concerned, studies on fungi and other eukaryotic microbiota associated with them have mainly focused on pathogens and parasites like labyrinthulids, oomycetes and Phytomyxea (Sullivan et al., 2018; Ettinger and Eisen, 2019; Ettinger and Eisen, 2020), therefore the potentially beneficial functions and implications of microbial eukaryotes for the seagrass holobiont are still largely unknown (Wainwright et al., 2019; Ettinger et al., 2021; Liu et al., 2022).

Despite the growing awareness of the key role of the microbiome in seagrass health, little is still known about the possibility of using and/or modulating specific components of the seagrass microbiota to enhance transplantation success at large spatial scale (Trevathan-Tackett et al., 2019; Unsworth et al., 2019; Tan et al., 2020; Unsworth et al., 2022). Recent investigations on seagrass transplantation have demonstrated the importance of implementing a more holistic approach based on the “holobiont” concept, which argues that ‘macrobial’ hosts and their associated microbiota form a coherent biological entity and we need to consider them together to understand the ecology of hosts and their interactions (McFall-Ngai et al., 2013; Wang et al., 2021b). Milbrandt et al. (2008) showed that seagrass transplanting performed using portions of the original bulk sediments can increase transplant success, compared to the use of sterile sediment. Similarly, preliminary studies reported that seagrass seeds germinate and grow more quickly after the addition of their original sediments than in fully sterile sand (Boyer and Wyllie-Echeverria, 2010). These results suggested that seagrass transplanting may be more successful if using the plant’s autochthonous sediments, possibly also thanks to the beneficial microbes living in it (Tarquinio et al., 2019). Indeed, as for other terrestrial organisms (Jiang et al., 2022; Sorbara and Pamer, 2022; Morales Moreira et al., 2023), also the seagrass microbiome (including bacteria, archaea, fungi and other microbial eukaryotes associated with the leaves, roots and surrounding sediments) has been proposed to potentially increase the seagrass host fitness, resistance to environmental stressors and hazards and resilience (Fahimipour et al., 2017; Crump et al., 2018; Tarquinio et al., 2019; Trevathan-Tackett et al., 2019; Unsworth et al., 2019; Wainwright et al., 2019; Chen et al., 2022; Unsworth et al., 2022). For example, Fuggle et al. (2023), investigated the influence of root and sediment microbiomes on Zostera muelleri growth under stressful conditions (i.e., excess nutrient load). They found that the disruption of the root microbiome caused reduced seagrass growth under stressful conditions, thus inducing an uncoupling between bacteria involved in sulphate reduction and sulphide oxidation. These findings suggest a “cry for help” mechanism also for seagrass as observed in terrestrial plants, which under stress conditions attract beneficial (micro)organisms for protection (Meena et al., 2017; Khan et al., 2021). This mechanism indicates that the seagrass-microbiota interactions can influence host resilience. A recent study on in-situ seagrass (Zostera marina) transplanting investigated the changes in microbial assemblages after transplanting (Adamczyk et al., 2022), showing that the microbiota rapidly changed after transplanting and was strongly influenced by environmental conditions. In addition, this investigation revealed a stable microbiome core of the seagrass leaves represented by methanol-utilizing bacteria suggesting their relevant role for seagrass health, in view of transplanting and ecosystem restoration purposes.

Further investigations pointed out the need to re-think the holobiont concept in a “meta-holobiont” perspective (i.e., a network of holobionts that can exchange biomolecules and microbiota across generations, thus impacting the fitness of both biological scales: holobionts and meta-holobionts; Vannier et al., 2019). This new concept could have direct implications for seagrass restoration, as also exemplified by the in-situ evidence that mutualism between seagrasses and lucinid bivalves, which host sulphide-oxidizing gill symbionts, can reduce the sulphide-induced stress (Valdez et al., 2020; van der Geest et al., 2020). Other examples include the investigation conducted by Schenck et al. (2023), which performed a transplanting experiment of Zostera marina ex-situ, with its pathogenic parasite Labyrinthula zosterae (Table 1). The authors reported that changes in the host microbiome may influence the outcome of the host–parasite interactions, which would have direct implications for seagrass restoration and conservation management. Similarly, another study carried out by O’Connor et al. (2022) conducted an in situ reciprocal transplanting experiment with Zostera marina with and without its epiphytic macroalgal symbiont Smithora naiadum, showing that the presence of Smithora changes the Zostera leaf microbiota, thus suggesting a possible role of the microbiota in the plant-macroalgae symbiosis.

Overall, recent studies support the expectation that since the seagrass microbiome has a crucial role in the seagrass meta-holobiont (Vannier et al., 2019; Valdez et al., 2020) by enhancing nutrient uptake, immunity, and tolerance to environmental and anthropogenic stressors, its examination can represent a useful tool to increase restoration success. In this regard, the first milestone would be to define best practices in meta-holobiont transplanting, by emulating terrestrial microbiome studies (Emam, 2016; Bulot et al., 2017).

Mangroves (Figure 2) - Mangroves are highly productive and valuable habitat-forming species in tropical marine ecosystems, that are facing a rapid human-induced decline worldwide and need large-scale restoration interventions (Romañach et al., 2018; Birnbaum and Trevathan-Tackett, 2022). Mangrove restoration is technically feasible in appropriate locations (Lewis, 2005), but projects often have failed because of the unsuitability of the transplanting sites (Lee et al., 2019), largely associated with the presence of plant growth-promoting microbiota living in the sediment (Holguin et al., 2001).

The failures obtained so far in mangrove restoration, suggest the need to explore in more detail the mangrove-microbe interactions and develop microbial-based interventions (Lee et al., 2019; Allard et al., 2020; Birnbaum and Trevathan-Tackett, 2022).

Classical microbiological research (mainly, non-omics approaches) has provided plentiful examples of mangrove-associated microbes (i.e., bacteria and fungi) with a role in plant health such as the production of growth-promoting phytohormones (Xu et al., 2018), metabolites that protect the plant against stress (Lata et al., 2018), the provision of nutrients through nitrogen fixation and the phosphate solubilization (Jha et al., 2011; Fukami et al., 2018), as well as the degradation of contaminants (Sipahutar and Vangnai, 2017), which can alleviate the toxic effects of soil pollutants on the plant (Siraj et al., 2023 and references within). However, mangrove-microbiota interactions have been scarcely explored for their potential to enhance mangrove restoration success (Holguin et al., 2001; Birnbaum and Trevathan-Tackett, 2022). Pioneering laboratory work inspired by terrestrial research on plant-growth-promoting bacteria (PGPB) found that the inoculation of mangroves with diazotrophic cyanobacteria isolated by the mangroves themselves resulted in rapid colonization of the roots and the transfer of N from the N2-fixing bacteria to the plant (Holguin et al., 2001 and references therein). Successively, El-Tarabily and Youssef (2010), reported a phosphate-solubilizing bacterium (Oceanobacillus picturae) isolated from the mangrove Avicennia marina rhizosphere, able to strongly enhance plant growth, and suggested its possible use in reforestation programs (Table 1). The same authors also studied endophytic mangrove actinobacteria, describing one of the most promising strains (Streptomyces mutabilis) able to promote mangrove growth under laboratory conditions (El-Tarabily et al., 2021). Janarthine and Eganathan (2012), isolated one endophytic bacterial strain (Sporosarcina aquimarina) from pneumatophores of Avicennia marina, which enhanced the growth of different species of mangroves. Similarly, Soldan et al. (2019) isolated bacterial endophytes from mangrove propagules, describing one Gordonia terrae strain able to strongly promote the mangrove propagule germination and root colonization ability.

Overall, the available evidence supports the expectation that the mangrove microbiota can have great potential to help increase mangrove restoration success. However, additional research is needed to advance both theoretical and applied knowledge, by integrating classical microbiological studies with meta-omics, also performing microbiome-assisted mangrove transplant experiments in the field (Allard et al., 2020; Birnbaum and Trevathan-Tackett, 2022).

Macroalgal forests (Figure 2) - Among macroalgal forests, kelps (brown algae in the order Laminariales) play essential roles as ecosystem engineers in temperate coastal marine environments. Besides the ecosystem services provided, they are also important in many industries to produce alginates, human food supplements or food for abalone aquaculture (Burgunter-Delamare et al., 2022 and citations therein). Climate change and anthropogenic impacts are contributing to the global decline of the macroalgal forests making it increasingly urgent to restore these habitats (Mills et al., 2017). The history of kelp forest restoration, based on transplanting, seeding, grazer control, and artificial reefs (Eger et al., 2022), revealed that interactions between kelps and its associated microbiome can be crucial for obtaining successful restoration (Eger et al., 2022). The microbial partners, indeed, regulate and support their metabolism, health, fitness, resistance to pathogens, and adaptation to environmental changes (Wiese et al., 2009; Goecke et al., 2010; Dittami et al., 2016; Burgunter-Delamare et al., 2020).

Most available studies on the kelp microbiome are descriptive (i.e., focused on microbiome composition and distribution, and the interactions with environmental conditions; Lachnit et al., 2011; King et al., 2023). Knowing the environment and host characteristics shaping the kelp microbiota is important, as this may have implications on how we design restoration and/or future-proofing programs (Wood et al., 2019). Previous investigations documented that kelp and brown algae-associated microbiota is typically dominated by Alphaproteobacteria, Gammaproteobacteria, and Bacteroidota (Burgunter-Delamare et al., 2022 and citations therein; Table 1). In perennial species, such as Saccharina latissima, differences in the assemblage composition have been observed between different parts of the individuals, for example between apex and meristem. This is due to the algal growth mainly occurring in the meristem region, and younger meristem tissues are typically less colonised by bacteria (Burgunter-Delamare et al., 2022). Planctomycetes, which were observed predominantly in the S. latissima apex, have been observed also in other species, such as the brown algae Fucus vesiculosus, and are typical components of algal biofilms (Table 1; Lage and Bondoso, 2014; Parrot et al., 2019). The N. luetkeana blades’ bacterial genomes spanned 6 phyla and 19 families and included common alga-associated microbial symbionts such as those belonging to the genus Granulosicoccus. Key functions encoded in kelp-associated bacterial genomes included dissolved organic matter assimilation, alginate metabolism, vitamin B12 biosynthesis, and nitrogen reduction from nitrate and urea to ammonium, potentially providing the host kelp with vitamins and reduced nitrogen compounds (Weigel et al., 2022). Field studies conducted on the bull kelp (Nereocystis luetkeana) microbiota, compared with other different substrates and the surrounding water column, revealed that new kelp blade tissues were colonized by markedly distinct microbial taxa (Table 1; Weigel and Pfister, 2021; Ramírez-Puebla et al., 2022). This suggests that microbial establishment on algae surfaces is more than just an attraction to a polysaccharide-rich surface and that host-specific factors may deter some surface-associated marine microbial taxa (Ramírez-Puebla et al., 2022; Weigel et al., 2022). Microbes can also be useful to sustain food webs in kelp forests as indicated by an experimental study based on the manipulation of bacterial abundances in kelp biofilm (Singh et al., 2021).

Despite the increasing interest in the diversity and functions of the algal microbiome, only a few studies have gone beyond the structural and functional description of the microbiomes and evaluated the responses to experimental inoculation of target microorganisms (Vairappan et al., 2001; Peng and Li, 2013) or assessed the role of microbiome in restoration actions (Eger et al., 2020). These approaches may be useful to identify beneficial or pathogenic microbes and to help in enhancing kelp performance and/or confer resistance or resilience to future environmental conditions. Although some studies tested the responses of the microbiomes of different kelp species (Macrocystis pyrifera and Ecklonia radiata; Minich et al., 2018; Qiu et al., 2019) to climate changes (e.g., increased temperature and partial pressure of carbon dioxide (pCO2), how these changes will module the holobiont responses in restoration interventions is still practically unknown. This will be another challenge for restoration practices.

The canopy-forming macroalgae Cystoseira sensu lato (s.l.) (Figure 2G; including the Cystoseira, Gongolaria and Ericaria genera; Smith et al., 2023), are among the most important brown macroalgal forests, which are object of restoration projects for their key ecological role in coastal habitats (Cebrian et al., 2021) and provision of ecosystem services (including potential pharmaceuticals; Zbakh et al., 2020). Although available studies on the microbiome of Cystoseira s.l. forests are very limited, an investigation on Ericaria amantacea showed a core of associated bacterial families (including Rhodobacteraceae, Flavobacteriaceae, Alteromonadaceae, Vibrionaceae, and Halomonadaceae) also present in other brown algae suggesting a great plasticity of the microbiome of these macroalgae (Malfatti et al., 2023). Other studies carried out on C. compressa showed a distinct microbiota from the surrounding water column, with only a few taxa in common (Table 1; Mancuso et al., 2016). At the same time, a clear successional pattern in the epiphytic bacteria of C. compressa was observed, with the gradual appearance of specific bacterial taxa (e.g., Verrucomicrobia, Actinobacteria) over the growing season (Mancuso et al., 2016). An increase of bacteria affiliated with Rhodobacteraceae, which comprise six potential pathogenic genera, Ruegeria, Nautella, Aquimarina, Loktanella, Saprospira, and Phaeobacter, was also observed in aged thalli of C. compressa. These bacteria could influence the health and ecology of the algae, suggesting a possible role of the microbiome in contributing to the extensive ongoing declines of populations of Cystoseira s.l. in the Mediterranean Sea. In this regard, information on red macroalgae revealed that their decline is caused by bacterial diseases, such as the case of Delisea pulchra affected by bleaching also in combination with temperature rise events (Case et al., 2011; Campbell et al., 2014). However, the microbiome can also prevent the establishment of pathogenic microbes (Abdul Malik et al., 2020). An example is the study conducted on the seaweed Phyllospora comosa (Fucales, Seirococcaceae), where a “core” of microbial taxa (i.e., present on all individuals sampled) was considered responsible for multiple functions, including biological defence (Wood et al., 2022). The capacity of aquatic macrophytes to “garden” protective microorganisms to the benefit of strengthened disease resistance has been demonstrated in the model invasive seaweed holobiont Agarophyton vermiculophyllum (Saha and Weinberger, 2019). This species is characterized by beneficial microbiota on its surface that protects from bacterial pathogens. Metabolites from the holobiont surface reduce the settlement of opportunistic pathogens and promote the settlement of other beneficial bacteria (Saha and Weinberger, 2019). Other functions can be attributed to the interactions between seaweeds and microbiomes; for example, investigations conducted on non-indigenous and invasive algae, such as Caulerpa cylindracea and Agarophyton vermiculophyllum (Table 1; Saha and Weinberger, 2019; Morrissey et al., 2021), reported a key role of microbiomes in their success in quickly colonizing new areas.

The tight relationship between macroalgae and microbiota suggests that they interact as a unified functional entity (i.e., holobiont), therefore, future restoration interventions cannot ignore the microbiome component (Morrissey et al., 2021). This holds true especially in the light of future climate change scenarios, which can determine shifts in macroalgal microbiomes and may lead to host disease, with potential cascading impacts on associated ecosystems (Qiu et al., 2019). In this regard, it remains largely unexplored how the interactions between macroalgae and microbes are affected by environmental stressors (van der Loos et al., 2019). Macroalgae–microbe interactions have been recognized as drivers of acclimatization to environmental changes as in the case of the brown alga Ectocarpus, whose ability to acclimate to salinity gradients has been attributed to their microbial associations (Dittami et al., 2016). In addition, it has been reported that the responses of macroalgae to various environmental perturbations, such as heat stress and nutrient enrichment, may depend on the niche-specific microbiota of macroalgae (i.e., endo-microbiota, epi-microbiota and rhizo-microbiota) (Morrissey et al., 2021). For example, in C. cylindracea, endomicrobiota has been reported to have the highest resistance, but the lowest resilience to environmental stress.

Given the rate at which macroalgal forests and other marine habitats are changing and given the predicted increases in the frequency and magnitude of multiple stressors, the need for subtidal marine macrophyte restoration efforts is evident (Wood et al., 2022). Future macroalgal forest restoration may rely on resistance and resilience of the associated microbiomes, therefore exploiting the provided probiotic functions to facilitate the holobiont adaptation to environmental stress, will be a step forward in the macroalgae forest restoration (Ghaderiardakani et al., 2020). Investigations into the selection and use of inoculants and probiotics in macroalgae restoration are very limited. A recent study based on metabarcoding analysis suggested that some bacterial taxa (Postechiella, Winogradskyella, Roseovarius and Arenibacter) are the main responsible for algal growth and potential candidates for probiotic consortia promoting the growth of Ericaria amentacea (Phaeophyceae) seedlings (Malfatti et al., 2023). Molecular analysis of the microbiome of macroalgal forests based on metagenomic approaches can be a valuable tool for biomonitoring and predicting their health status, thus guiding restoration actions. However, we urgently need to increase the number of in situ investigations of the macroalgal forest microbiome in different habitats and environmental conditions and at different spatial scales to understand more about how to use the microbiome in restoration actions.





5 Microbiomes as nature-based solutions for marine ecosystem restoration

Nature-based solutions (i.e., actions that are inspired by, supported by, or copied from nature), also those relying on microbes, are gaining momentum globally as a concept to address ecological and societal challenges. Here, we advocate for combining these two concepts to incorporate microbiome analysis into nature-based solutions for the restoration actions of different habitat-forming marine species (Figure 1).

Microbiome characterization and identification of beneficial microbial taxa or their potential metabolites can be used for screening and selection of the “meta-community and meta-ecosystem” (e.g., plants and their sediment containing microbiota and nutrients) to be transplanted. Traditionally, this screening and selection was done empirically (e.g., visually) but, nowadays we can leverage multi-omics and computational approaches (e.g., metabarcoding, metagenomics and meta-transcriptomics) to identify organisms, colonies or sediment clods to be translocated to the restoration site or to identify the most suitable substrate for larval/propagule settlements (Jorissen et al., 2021). Changes in the composition of microbiome are, indeed, considered an early warning of holobiont health (Glasl et al., 2019; Corinaldesi et al., 2022), therefore microbiome analysis might be particularly useful in deep-sea ecosystems (e.g., cold-water corals) for the selection of healthy organisms and their monitoring once translocated/transplanted. The biomonitoring of the microbiome of habitat-forming species is now possible thanks to well-consolidated methodologies and ready-to-use technologies. However, it does not represent a way to remediate failed restoration interventions, but rather a strategy for the early detection of potential pathogens and for making quick decisions, for example, to stop the spread of disease (Pollock et al., 2011; Traylor-Knowles et al., 2022). Probiotic and bio-promoter supplements could, once their efficacy has been demonstrated, not only increase the resistance of the holobiont (e.g., to coral bleaching and other stress factors) before transplanting, but also stabilize it or improve its health conditions after transplanting. Other microbiome-based strategies for addressing restoration intervention include isolating microbiome components through culturomics-based approaches, which allow the selection of microbes producing usable probiotics and or bio-promoters to be inoculated to transplanted organisms. Other methods based on culturomics include the natural microbiome-assisted evolution, used to select microbial taxa that show the greatest resilience to stress and thereby increase the fitness of transplanted species. However, these approaches are characterized by drawbacks (e.g., difficulties in culturing marine bacteria and in producing probiotics), which make their application difficult, especially for large-scale interventions. Given the urgency of implementing marine ecosystem restoration, culturomics-based approaches need to be optimized.




6 Conclusions

Microbiota can respond and adapt more rapidly than their associated pluricellular organisms to climate change and anthropogenic stressors, potentially increasing holobiont resilience to novel environmental conditions (Duarte, 2017; Martin et al., 2019). Due to their great potential, microbiome-based approaches can be very useful for the recovery of degraded ecosystems, contributing to their resilience and the achievement of the UN objectives of sustainability and habitat restoration. In the context of international strategies concerning ecological restoration, the use of the scientific knowledge acquired on the marine microbiome deserves to be exploited to assist both traditional and innovative restoration approaches. Taking a cue from the positive results obtained in terrestrial ecosystems, especially from reforestation experiments, there is ample space to exploit the potential of the microbiome in the restoration of different habitat-forming species. Although the use of microbiomes is still in its infancy in marine ecosystem restoration, it is being successfully applied in the restoration of coral reefs and experimentally in seagrass beds and macroalgal forests. The delay in the use of microbiomes in marine restoration is more relevant for deep-sea ecosystems due to technological and logistical difficulties. Therefore, upgrading the portfolio of technology tools for supporting such approaches, especially in deep-sea ecosystems (e.g., collecting samples in the long-term monitoring of deep-sea communities) is, as well, needed to effectively make microbiome-based restoration feasible in the future. Marine microbial nature-based restoration is an emerging and promising sector to accelerate and expand the spatial scale of blue restoration plans and to increase success of restoration initiatives.
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Introduction

The European flat oyster (Ostrea edulis) is a biogenic reef former, internationally recognised as threatened and declining in the NE Atlantic by OSPAR and one of the focal species in nature inclusive designs in offshore windfarms in The Netherlands. Oyster reefs offer habitat to many other benthic hard substrate and fish species and provide ecosystem functions such as shelter and feeding grounds. European flat oyster reefs have disappeared from the Dutch North Sea in the early 1900s due to overfishing and diseases but are now subject of nature restoration under the Dutch Marine Strategy.





Method

Since 2018, pilot projects have started in the Dutch North Sea to restore European flat oysters at suitable locations, such as offshore windfarms or natural reefs, which are protected from bottom trawling. We compared European flat oyster performance in five pilot projects, using translocated adult oysters sourced from Ireland, Norway, and the Netherlands. The aim of this research was to assess the performance of translocated oysters between pilots, to assess the installation and monitoring techniques, and to come forward with recommendations for future pilot projects.





Results

We found that translocation of both foreign sourced flat oyster populations (Ireland and Norway in nearshore and offshore areas) and local oysters (in nearshore areas) result in good oyster performance. Oysters were able to grow (max 3.67 mm/month) and reproduce (larvae present) in their new environment. We found that growth rate was explained by origin and average water temperature, to a lesser extent by number of months, location and salinity and not to other environmental factors such as pH and O2. Correlations between growth and environmental conditions need to be considered with caution, since not all pilots were sampled just before and after the growing season. Oysters were Bonamia-negative at the start and end of the pilots, indicating that the offshore Dutch North Sea is still Bonamia-free.





Discussion, conclusions, recommendations

By the year 2050 more than ten new offshore farms will be constructed in the Dutch North Sea and some sites will be suitable for oyster restoration. We conclude that local and foreign sourced oysters performed well at all locations. Based on the success and failure of the different outplacement and monitoring techniques, we provide recommendations on good practice for the future, including developing standardized monitoring protocols. This will enable better inter-site comparisons in upcoming oyster restoration pilots.





Keywords: oyster restoration, offshore wind, Ostrea edulis, nature inclusive design, OSPAR, biogenic reef




1 Introduction

The European flat oyster (Ostrea edulis) was once one of the dominant species of the North Sea, covering an estimated 6.2% of the seafloor (Bennema et al., 2020; Merk et al., 2020). However, overharvesting, especially industrial trawling, led to the collapse of the North Sea population by the mid-20th century (Reise, 2005; Callaway et al., 2007; Smaal et al., 2015). This has had major consequences to the ecological functioning of the North Sea (Reise, 2005). The European oyster is internationally recognised as ‘threatened and declining’ in the NE Atlantic by the OSPAR Commission (OSPAR, 2008). At present European oyster beds are rare or absent in most of their natural range (OSPAR BDC, 2020). Several European nations have consequently adopted strategies for its conservation and restoration. In the Netherlands, one of the environmental targets is the “return and recovery of biogenic reefs including flat oyster beds” (Ministry of Infrastructure and Water Management (I&W) and ministry of Agriculture, Nature and Food Quality (LNV), 2018). The species is one of the focal species for nature inclusive building and restoration projects in offshore wind parks.

Flat oysters are sessile reef-building “ecosystem-engineers” (Smyth & Roberts, 2010; Rodriguez-Perez et al., 2019). Oysters provide key beneficial impacts to their surroundings (Cobacho et al., 2020). For instance, the physical characteristics of the oyster reef functions as a nursery for other species, which is a positive driver to the system’s biodiversity (Smaal et al., 2015; Kerckhof et al., 2018). This not only enhances the primary productivity and ecological functioning of the habitat, but also has a beneficial impact to commercial fish stocks (Gilby et al., 2018; Bureau Waardenburg, 2020).

In the months June to August gamete release (i.e. the spawning act) takes place, and sperm, organized in spermatozeugmata (O’Foighil, 1989), are released into the water column and drawn into the female mantle cavity. Here the fertilization takes place and the young larvae are brooded for 6 to 10 days (Korringa, 1940; O’Foighil and Taylor, 2000). Subsequently, O. edulis larvae are released into the water column and after a pelagic stage of about 10 days the larvae search for suitable hard substrate on which to settle and develop into oyster spat and grow to adult oysters (Korringa, 1940; Rodriguez-Perez et al., 2021).

Notably, oyster reef systems contain positive feedback loops (Maathuis et al., 2020) where oyster larvae typically settle on oyster shells (Smyth et al., 2016; Christianen et al., 2018) and adults provide chemical settlement cues (Tamburri et al., 2008). Therefore, trawling activities in the 19th and 20th century not only reduced the reproduction capacity of the North Sea population, but also drastically decreased the suitability of the North Sea to future populations by removing adults and available hard substrate and preventing reef formation (Smaal et al., 2015; Bennema et al., 2020). Since the 1950s, the flat oyster remains functionally extinct in the Dutch North Sea (Beck et al., 2011; Merk et al., 2020). This sequence of events resulting in the collapse of the population is not unique to the flat oyster (Beck et al., 2011). Oyster species around the world, such as the Crassostrea virginica and Ostrea lurida, have suffered a similar narrative (Kennedy et al., 2011; Cobacho et al., 2020; Ridlon et al., 2021).

Initial oyster restoration efforts began in the United States with the specific aim of restoring the commercial fisheries (Hargis and Haven, 1988; Anderson and Hedgecock, 2004). From the 1980s onwards, restoration aims expanded to include restoring the ecological functioning of the system (Kennedy et al., 2011; Cobacho et al., 2020). Compared to the United States, Europe is in its “infancy” regarding shellfish restoration (Pogoda et al., 2019). In recent years, several European Union directives and initiatives have helped to foster flat oyster restoration efforts (Beck et al., 2011; Pogoda et al., 2019). In the North Sea, offshore windfarms are seen as especially promising restoration sites because turbine foundations act as artificial reefs (Smaal et al., 2017) and the areas in-between the turbines are closed to trawling fisheries, resulting in minimal bottom disturbance (Kamermans et al., 2018a), which is one of the major requirements of oyster restoration (Sas et al., 2019).

Like for the US (Baggett et al., 2015), European oyster restoration efforts have been criticized for being ad hoc, and in need of a more formal monitoring protocol (Bromley et al., 2016; Pogoda et al., 2019). In light of these growing restoration efforts, the Native Oyster Restoration Alliance (NORA) released a handbook, outlining the optimal set up and monitoring procedures for flat oyster restoration projects (zu Ermgassen et al., 2021).

Because the flat oyster is often locally extinct, a key consideration for many restoration projects is the reliance on active restoration by reintroduction (Bromley et al., 2016; Kerckhof et al., 2018) often by translocation of oysters from a foreign population, either a natural bed, or a culture site, to the project site (Elliott et al., 2007; Kerckhof et al., 2018; zu Ermgassen et al., 2023). This has the risk of importing disease/pests and depletes the stock of the imported population (Smaal et al., 2015; Bromley et al., 2016; Pogoda et al., 2019). Therefore, it is important to assess how oysters of different origins respond to the environmental conditions of the site location (Pogoda et al., 2011; Bromley et al., 2016; Holbrook, 2021). Environmental conditions, such as temperature and salinity, play an important role in triggering spawning events (Maathuis et al., 2020) and different regional populations have different thresholds (Colsoul et al., 2021). To justify the translocation, it is important to ensure that the environmental conditions of the site can support the imported stock.

In the Netherlands, several nearshore and offshore oyster restoration pilots have been executed since 2016 (Sas et al., 2016; Didderen et al., 2018; Sas et al., 2018; Didderen et al., 2019a; Didderen et al., 2019b; Didderen et al., 2019c; Didderen et al., 2019d; Sas et al., 2019; Didderen et al., 2020; Kardinaal et al., 2020; Gheerardyn et al., 2021; Schutter et al., 2021). These pilots share the general goal to initiate European oyster reef development, first by assessing if the Dutch North Sea conditions are suitable to reintroduce and sustain flat oyster populations and in a second stage by translocating adult oysters in order to re-install a source of oyster larvae. The pilots are not aligned and differ in their design, using oysters from different origins in various experimental setups with variations in terms of oyster deployment method, sampling design, and number of oysters used. So far, an inter-site comparison of oyster performance and monitoring methods has been lacking.

This study is the first attempt to congregate and collectively analyse monitoring data these five individual pilots. The aim of this study was to compare the performance of translocated oysters between projects i.e. survival, growth, condition index, and larval production of oyster. Furthermore, we compared monitoring techniques and come forward with recommendations for future projects, based on the successes and failures of techniques used.




2 Materials and methods



2.1 Study area

In this study we analysed oyster performance in five oyster restoration pilots that were carried out in the period May 2018 to July 2021 (Figure 1 and Table 1).




Figure 1 | Ostrea edulis. The five oyster restoration pilots in the Dutch North Sea: (1) Gemini offshore windfarm ‘Buitengaats’, (2) Borkum Reef Grounds, (3) Luchterduinen offshore windfarm, (4) Bollen van de Ooster and (5) Borssele V offshore wind farm.




Table 1 | Flat oyster restoration pilots in Dutch North Sea.



The northernmost pilot ‘Gemini’ was located 85 km offshore, in windfarm Gemini Buitengaats, close to the German border. Here, flat oysters originating from a wild bed in Hafrsfjord in Norway were placed at 30 m depth on the seafloor in 2018 (14,000 oysters) and 2019 (11,000 oysters) by putting them overboard close to the scour protections of two wind turbines. A subsample of deployed oysters was kept in baskets so that their performance could be monitored and tracked. For this, five light weight research racks were used each containing one basket with 20 oysters (Figure 2). The monitoring racks had a dimension of 1x1x1m and were constructed of rebar. The baskets were BST baskets (12 mm mesh size) used to culture oysters (https://www.bstoysters.com)  with the size of the basket adjusted to fit in the rack. The research racks were placed on the bottom in windfarm Gemini in May 2018 and one was retrieved in July 2018. The others were lost. In 2019 another three monitoring racks were deployed in April. Only one of the three was retrieved in August 2019 and the others were lost. In 2019, individual oysters were tagged with glue-on 4x8 mm polyethylene shellfish tags (www.hallprint.com) using an ethyl-based instant adhesive (Loctite 422) (Figure 2).




Figure 2 | Ostrea edulis restoration pilot monitoring methods. (A) Individually numbered oysters. (B) Individually identifiable oysters in a holding tower as used in Borkum Reef Grounds and Bollen van de Ooster. (C) Heavy monitoring rack with 4 baskets as used in Borkum Reef Ground (2 layers of tiles), Luchterduinen (3 layers of tiles) and Bollen van de Ooster (no tiles). (D) Heavy monitoring rack in Borssele offshore windfarm. (E + F) Light monitoring rack with one basket as used in Gemini offshore wind farm.



Further south, but also close to the German border, the second pilot, ‘Borkum Reef Grounds’ was located 20 km offshore at Borkum Reef Grounds (Figure 1 and Table 1). Here 60,000 flat oysters from the same fjord in Norway were deployed on the seafloor in May 2018 at 25 m depth. In addition, four heavy weight monitoring racks with four BST baskets each (17 mm mesh size) were also placed in May at the seafloor (Figure 2). The racks were 1x1.2x0.4m and made of barbed wire. Each rack had extra weight from two layers of sidewalk tiles. Concrete sidewalk tiles are readily available. There was space for three layers and the number of layers was adjusted to the dynamics of the pilot site. Each basket contained 40 oysters. In one basket per rack, four holding towers with 10 oysters each were used to individually identify oysters (Figure 2). One monitoring rack was retrieved and placed back in July 2018. In September 2019 and in September 2020 eight baskets of two racks were sampled.

The third oyster restoration pilot, ‘Luchterduinen’, is southwestwards of ‘Borkum Reef Grounds’ and located in the offshore windfarm Luchterduinen (Figure 1 and Table 1). Here, 480 flat oysters from Hafrsfjord in Norway were deployed in BST baskets (17 mm mesh size) placed in heavy weight monitoring racks similar to those used in the Borkum Reef pilot. Only here the racks had three layers of tiles instead of two. Three racks with four baskets each holding 40 oysters were deployed in November 2018 at 20 m depth. No oysters were put on the seafloor and all racks were retrieved in July 2019.

The fourth pilot ‘Bollen van de Ooster’ was located in the southwestern part of the Netherlands, in the nearshore of the Voordelta (Figure 1 and Table 1). This is the only site with flat oysters from multiple origins: Hafrsfjord in Norway and nearby Oosterschelde as well as Lake Grevelingen in The Netherlands. Similar heavy weight monitoring racks as used in the Borkum Reef pilot were deployed here, but these racks had no layers of tiles. Four racks with four BST baskets (17 mm mesh size) each holding 40 oysters were deployed in May 2018 at 4 m depth. As in the Borkum reef pilot, one basket per rack contained four holding towers to individually identify oysters (Figure 2). Oyster baskets were retrieved in June and October 2018, April 2019 and June 2020. In addition, 22,000 oysters from culture plots in lake Grevelingen and Oosterschelde were deployed on the seafloor.

The fifth pilot ‘Borssele V’ was located 55 km offshore close to the Belgium border in the windfarm Borssele V (Figure 1 and Table 1). Here, flat oysters originating from fished beds in Tralee Bay in Ireland were used. The oysters were placed in baskets (crates) in heavy weight racks (Figure 2). These racks were weighted down with three layers of tiles, and each fitted 24 baskets of which 5 were used for oysters. Each basket contained 6 oysters. The racks were deployed in October 2020 at 30 m depth and retrieved in July 2021. In addition to these monitoring racks a total of 1000 oysters were glued onto four broodstock structures.

Prior to deployment oysters in all pilots were inspected according to the treatment protocol of Van den Brink & Magnesen (2018) to avoid translocation of invasive species. Further details concerning the different pilots can be found for Gemini in Didderen et al. (2018); for Borkum Reef Ground in Didderen et al. (2019c; 2020) and Kardinaal et al. (2020); for Luchterduinen in Didderen et al. (2019a); for Bollen van de Ooster in Didderen et al. (2019b; 2019d); and for Borssele V in Schutter et al. (2021).




2.2 Environmental parameters



2.2.1 Copernicus data

Environmental parameters considered are (1) salinity and (2) temperature, both of which influence the functioning of a marine ecosystem (Lenihan et al., 1999; zu Ermgassen et al., 2021); (3) chlorophyll concentration for approximate biomass of phytoplankton, describing the approximate food availably at each site (Kamermans et al., 2018b; Pogoda et al., 2020; Stechele et al., 2022), (4) dissolved oxygen, because certain areas of the North Sea are subject to stratification which can cause oxygen depletion, limiting habitat suitability (Kamermans et al., 2018a) and (5) pH because it has been correlated with low density oyster reefs in Australia and multiple meta-analyses have reported a decrease of pH to have a negative impact on growth rates of molluscs (Harvey et al., 2013; Catalán et al., 2019; Benthotage et al., 2022).

Daily-averaged model output was extracted for all of the above-mentioned environmental variables from the Atlantic-European North West Shelf-Ocean Biogeochemistry Reanalysis model (Copernicus Marine Service’s Data Portal https://marine.copernicus.eu). For each variable, the output has a spatial resolution of 7 km and is at a depth of 10 m below the sea surface (European Union-Copernicus Marine Service, 2020).




2.2.2 Comparison abiotic surface versus bottom

To assess whether the Copernicus output at 10 m depth is representative of the seafloor conditions, an analysis was carried out using the Deltares 3D Dutch Continental Shelf Model - Flexible Mesh (3D DCSM-FM. The Deltares model output used is the sixth generation of the 3D Dutch Continental Shelf Model - Flexible Mesh (3D DCSM-FM). Its domain covers the Northwest European Continental Shelf, including the North Sea as well as adjacent shallow seas and estuaries in the Netherlands (Zijl et al., 2023). The model has a z-sigma layer vertical grid. At each of the locations where output was extracted, the model only has sigma layers, i.e. the water column is divided into 20 layers of uniform thickness. Layer thickness can vary per location, depending on depth. In these coastal regions, the flexible mesh of the model has a horizontal resolution of 0.5 nautical miles (Zijl et al., 2023). This hydrodynamic model is coupled online with a water quality model (more information in van Leeuwen et al., 2023) which resolves: phytoplankton- and filter feeder processes (primary production, respiration, mortality, grazing and excretion), light extinction, the decomposition of particulate organic matter in the water and sediment, nitrification and denitrification, reaeration, settling, burial as well as the carbonate system equilibrium. These processes and their parameterization are further described by Blauw et al. (2009). For this study, only the weekly output of temperature, salinity, chlorophyll-a, pH and oxygen were extracted, once at the seabed and once at 10 m below the sea surface. The values at 10 m below the surface and at the seabed were comparable (Figure 3). Thus, it can be concluded that the use of the Copernicus output at 10 m below the surface is representative of conditions at the seafloor. The only exceptions are the temperature and chlorophyll at Gemini, which were repeatedly lower at the bottom than at the surface. This is probably a result of stratification. Temperature recordings carried out at the Gemini pilot in 2018 showed lower temperatures at the seafloor compared to the surface in June (Figure 4).




Figure 3 | Comparison of abiotic parameters at 10m below the surface (x-axis) (data: Copernicus) versus at the seafloor (y-axis) (A) temperature (B) salinity (C) Chlorophyll-a (D) pH and (E) Dissolved oxygen (O2) (data: 3D-DCSM model, Deltares).






Figure 4 | Gemini offshore windfarm Buitengaats. Temperature measured at the seafloor in Gemini by an i-Button attached to the oyster monitoring rack, versus temperature recorded at the surface by a weather buoy in the same wind farm.



Since the shallow pilot location ‘Bollen van de Ooster’ (-7 m) had no output at -10 m, the deepest available Copernicus output was already representative of the seabed at that location. For the other locations (Borkum Reef Ground, Gemini windfarm and Borssele windfarm), relevant environmental parameters of Copernicus and Deltares models were compared at -10 m in 2017 as the Deltares model did not cover the period 2018-2021.





2.3 Monitoring oyster performance



2.3.1 Growth and survival

All oysters were counted and measured at T0 (time of installation). Shell width was measured with callipers to the nearest mm. Shell width is the distance between the two shell edges perpendicular to the line from the hinge to the edge. Monitoring racks were retrieved at different time intervals (T1, T2 or T3) according to the schedule presented in Table 1. All oysters were retrieved from the baskets. Dead oysters were separated from live specimen and both groups were counted and measured. For individually marked oysters, either by number tags or holding towers, growth rates were calculated as increase in shell width according to (LTx – LT0)/t, where LTx = final shell width in mm; LT0 = initial shell width in mm; t = time in months in which one month is 30 days. When individuals were not marked (see Table 1), the average shell width of all live oysters in one basket was calculated for T0 and T1 and, when applicable T2 or T3, and the increase in shell width was calculated as above. Survival was calculated per basket, as a percentage per month:[(final number of oysters/initial number) *100]/t, where t = time in months in which one month is 30 days. For growth analysis, only the oysters in baskets that had high survival rates were included. This means that the oysters from Luchterduinen were not used.




2.3.2 Condition index, Bonamia presence and breeding

During most of the samplings, a subsample of oysters was sacrificed to determine the condition index, the presence of larvae in the mantle cavity and the presence of the Bonamia parasite. Oysters were opened with an oyster knife. When oysters were sampled in July, the presence of larvae was noted. O. edulis is a brooding species which means that the eggs are fertilised inside the mantle cavity and remain there for about 10 days before being released. Recently fertilised eggs have a white colour, further developed larvae are grey and fully developed larvae are black and ready to be released (Korringa, 1940). Thereafter, a small piece of gill was sampled and stored in 96% ethanol for Bonamia PCR analysis, as described in Kamermans et al. (2023). Then, the meat was separated from the shell and the two components per individual were dried at 70°C until no further weight loss was observed. The weight of both, dried meat and dried shell, was determined with a scale in 0.00 g. Condition Index was calculated according to Walne & Mann (1975) as the ratio between dry weight (DW) of the oyster meat and the dry weight of the oyster shell: (DW meat/DW shell)*100. In general, condition of the oysters is lower in July, during larval release, and higher in the remainder of the year (Walne, 1970).




2.3.3 Larval abundance

Larvae were sampled by filtering 200 L (2 x 100 L) of seawater per sample near the seafloor using a 35 m long hose and a pump, over a 100 µm plankton net. The residue of one 200 L sample was stored in 4% formaldehyde or 96% ethanol and used for microscopic counts. In the lab the samples of larvae were filtered using a 30 µm plankton gauze. The volume of the samples was reduced to 20 – 60 mL, depending on the amount of suspended matter. From the concentrated samples subsamples were taken for counting numbers of larvae. A Hensen plunger-sampling pipette was used to take subsamples. Bivalve larvae were identified and counted using an inverted microscope. Three subsamples of each sample were analysed. Depending on the density of the samples, subsamples of 1 to 2.5 mL were counted. Larvae were identified according to Loosanoff et al. (1966) and Hendriks et al. (2005) combined with data obtained from cultured larvae.





2.4 Statistical analysis

Growth per month was calculated as the average growth of oysters per basket per location:

	

where Tx is T1, T2 or T3, and T = time in months, in which one month is 30 days. Data for Luchterduinen offshore windfarm were not considered, since most oysters had died due to sand waves covering the experimental set-up. In addition, the average shell width of the remaining oysters showed a decrease compared to T0. The resulting dataset of average growth consisted of 56 observations (baskets). Values for abiotic factors (Temp, Chla, O2, pH, Salinity) were calculated for each oyster basket as the average value for the monitoring period (T0 to Tx).

Data were analyzed using Rstudio version 2022.07.0 (R Core Team, 2023) and figures were made using packages ‘ggplot2’, ‘ggpmisc’ and ‘patchwork’. The relations between growth per month and environmental factors were explored following the steps recommended by Zuur et al. (2010), including boxplots for outliers and plots per variable to test for collinearity between explanatory variables. The relation between growth rate and environmental parameters was modelled using a Generalized Linear Model (GLM) of the form:

	

where location = Gemini, Borkum Reef Grounds, BorsseleV or Bollen van de Ooster, origin = Norway, Ireland, Grevelingen (GV) or Oosterschelde (OS), and Nmonths is time between Tx and T0 (months).

For the other performance metrics, a Kruskal-Wallis test was performed to test for differences in the averages.





3 Results

The complete dataset is available as Supplementary material.



3.1 Growth and survival

Survival of the oysters ranged from 66-100% per month (Figure 5 and Supplementary Table S1). A comparison between pilots is difficult as the periods in between sampling the oysters differed. The shortest interval was 4.5 months and the longest 28 months. Within a location there were no significant differences in survival between large or small oysters (BvO: Kruskal-Wallis rank sum test chi-squared = 5.1652, df = 2, p-value = 0.07558; Bork: Kruskal-Wallis chi-squared = 0.10666, df = 1, p-value = 0.744), or between oysters of different origin (BvO: Kruskal-Wallis chi-squared = 0.10761, df = 1, p-value = 0.7429; Bork: Kruskal-Wallis chi-squared = 0.81911, df = 1, p-value = 0.3654). Survival was visibly lower in some subsamples at Luchterduinen compared to the other locations. At Luchterduinen, ROV images showed that the research racks were partially buried in the sand, explaining the low survival. The oysters that did not survive, did show some increase in size, as observed in their length frequency histograms comparing their size at deployment and after 8 months (Figure 6). The average size of the survivors decreased (Figure 6).




Figure 5 | Ostrea edulis. Survival of adult oysters per location per basket (N per basket at T0, T1, and/or T2 and/or T3).






Figure 6 | Ostrea edulis. Size-frequency plot (width, mm) of Luchterduinen oysters at deployment (T0: Nov 2018) and after 8 months (T1: Jul 2019).



Identifying individual oysters with holding towers caused extra mortality at Borkum Reef Grounds (Supplementary Table S1). At Borkum Reef Grounds average survival in the holding towers was 89% per month as opposed to 94% for oysters that were kept loose inside the baskets (Supplementary Table S1). However, only one of the two baskets with holding towers at Bollen van de Ooster showed lower survival. The tagging method using glued-on tags, tested at Gemini, was more effective. After 3 months in the oyster baskets in the field, tags were still attached to the oysters and had no impact on mortality rate.

The shell width of the oysters increased over time (Figure 7). Highest growth rates (3.67 mm/month) were observed at Bollen van de Ooster and lowest at Borssele. However, the period over which growth was calculated showed large differences between pilots. At Bollen van de Ooster the period from May to October coincided with the seasons in which most growth takes place, while at Borssele, the period from October to July started in the winter where no growth is expected and ended halfway during the growing season. Thus, the growth rate expressed per month underestimates the growth rate that can be achieved, because it is calculated as an average over growth and non-growth seasons.




Figure 7 | Ostrea edulis. Average width (mm) per cage per location. Oyster origin (GV=Grevelingen, OS=Oosterschelde, Ireland, Norway) is indicated by the symbols, oyster pilot location by colour (red: Bollen van de Ooster, green: Borkum Reef Grounds, aqua: Borssele V, blue: Gemini).



Data exploration (Figure 8 and Table 2) showed that both the abiotic factors O2 and pH did not explain growth. The GLM model was adapted to Growth (mm/month) ~ factor(location) + factor(origin)+ Nmonths + Temp + Salinity + e. The model showed that variation in growth rates could significantly be attributed to oyster origin and temperature, and to a lesser extent to time (number of months between Tx and T0) and to location and salinity.




Figure 8 | Ostrea edulis. Growth (mm/month, for T0-Tx) versus abiotic variables: (A) salinity, (B) average temp, (C) average Chla (mg/m3), (D) O2 (mmol/m3) and (E) pH.




Table 2 | Ostrea edulis. Results of the GLM analysis.






3.2 Condition index, brooding oysters and Bonamia presence

The condition index of the oysters was determined at several points throughout the season and showed large variation among individuals (Figure 9). The highest observed value was 7.6 at Bollen van de Ooster and the lowest was 1.0 at Borkum Reef Ground.




Figure 9 | Ostrea edulis. Condition index for individual oysters. Oyster origin is indicated by the symbols, pilot location by colour. Grey areas show the reproduction months (July and August).



In the pilots where Bonamia-free oysters were introduced, oysters were sampled for Bonamia analysis. In all cases the oysters were not infected with the parasite (Table 3).


Table 3 | Ostrea edulis. Results of Bonamia analysis.



Oyster samples collected in July revealed several brooding individuals (Table 4). Most breeders were found in Irish oysters placed in Borssele, but breeding oysters were also found at Borkum reef Ground and Luchterduinen. This indicates that the introduced oysters were able to breed in the Dutch North Sea.


Table 4 | Ostrea edulis. Number of brooding oysters. Recently fertilised eggs have a white colour, further developed larvae are grey and fully developed larvae are black.






3.3 Larval abundance

At all locations where oysters were deployed and flat oyster larvae were sampled in summer (Figure 10), larvae were detected. Larval densities varied between 3 and 125 flat oyster larvae per 100 L. Assuming that mainly locally produced larvae are collected, it was surprising that highest concentrations were observed at Luchterduinen, a location where only 480 flat oysters were deployed and where high mortality was detected in July. The next highest larval density was found at Borkum Reef Grounds. In this latter area most larvae were observed in the year that the oysters were deployed. The following years had lower larval densities.




Figure 10 | Ostrea edulis. Average oyster larval abundance (N larvae/100L +-SD) at 4 pilot oyster restoration sites: Borkum Reef Grounds (red), Borssele V (green), Gemini offshore wind farm Buitengaats (aqua) and Luchterduinen offshore windfarm (blue).







4 Discussion

As there is no longer a natural population of flat oysters present in the offshore North Sea, translocated oysters had to be sourced from elsewhere. Both foreign flat oyster populations (Ireland and Norway, deployed in nearshore and offshore areas) and local oysters (in a nearshore area) performed well in the Dutch North Sea. Survival was high except for conditions where the monitoring racks became buried in sand, or where oysters were restricted in movement by a monitoring device (holding tower). Growth rates were generally lower than those reported elsewhere for flat oysters (Robert et al., 1991; Da Silva et al., 2005; Pogoda et al., 2011; Merk et al., 2020). This has two explanations: Firstly, most oysters were large adults with a shell width of around 85 mm. Detecting growth is more difficult in large oysters as increase in size reduces with age (von Bertalanffy, 1934). The smallest oysters were deployed at Bollen van de Ooster (Grevelingen) and Borkum Reef Grounds (‘Norway-small’). The Grevelingen oysters increased in shell width from 65 mm to 75 mm in one growing season. The small oysters from Norway showed an increase in shell width from 65 mm to 80 mm in two growing seasons. Secondly, monitoring dates did not always coincide with the beginning and end of the growing season. For example, at Borssele oysters were collected in the middle of the growing season, thereby missing information on the total growth of that season. Thus, the growth rate at that location is underestimated. This may explain the statistical observation of the GLM model that ‘origin’ and the number of months were significantly contributing to the growth rate. Hence, correlations between growth and environmental conditions need to considered with caution, since not all pilots were sampled just before and after the growing season. The condition index of the oysters of the Dutch pilots falls within the range in condition indices observed offshore in the German Bight (Pogoda et al., 2011; Merk et al., 2020).

The finding of brooding oysters and larvae in the water column suggests that the oysters were able to reproduce in the first summer after deployment. O. edulis first matures as a male which is later followed by a female phase (Cole, 1941; Walne & Mann, 1975). The first production of larvae usually takes place in the second or third year (Cole, 1941). The deployment of larger oysters enhanced the likelihood of presence of females and subsequently successful fertilisation.

In two pilots, Borkum Reef Grounds and Borssele, spatfall was investigated using spat collectors (not reported here). In the Borkum Reef Grounds pilot a few smallest saddle oysters Heteranomia squamula were detected, but no flat oyster spat (Didderen et al., 2020). In the Borssele pilot, also no flat oyster spat was found (Schutter et al., 2021). Flat oyster spat may have been present on adult flat oysters at the seafloor and in the baskets in the Borkum Reef Grounds pilot (Didderen et al., 2020), however we cannot exclude that this spat was already present at the time of deployment.

The monitoring also revealed that the oysters were Bonamia-free after 2-9 months at the pilots, indicating that the offshore Dutch North Sea is still Bonamia-free. Bonamia is present however in the inshore and nearshore Delta area where European oysters have settled naturally in recent years (Christianen et al., 2018). The use of oysters from areas where Bonamia is not present (such as Hafrsfjord in Norway and Tralee Bay in Ireland) comes however with a risk. These oysters are susceptible to the disease and may show mortality in case Bonamia happens to arrive at the pilot location. A recent study by Kamermans et al. (2023) proposes an alternative source for oyster restoration projects. Flat oyster seed was produced in hatcheries from brood stock collected in an infected area. Through non-destructive pre-screening of the brood stock the produced oysters were disease free and potentially also tolerant to the disease.

The five oyster pilot restoration projects have each tested and developed monitoring methods in a parallel process of ‘learning by doing’. The pilots were organised by various parties (Table 1) that exchanged knowledge, but also developed methods themselves. The heavy weight monitoring racks were used in most studies (Table 1) and proved to function well overall, except at Luchterduinen, where most oysters died because of a sand wave that partly covered the oyster rack. This indicates that sediment dynamics should be taken into account when deciding where to place the oysters. In the Borssele pilot, racks were deployed on the scour protection. Installation and retrieval of heavy weight racks requires large and expensive offshore vessels. Therefore, as an alternative, light weight monitoring racks were used in Gemini offshore windfarm. They required a small vessel, but only few could be retrieved. The missing light weight racks were most probably moved away from the area by currents.




5 Conclusions and recommendations

Flat oyster restoration efforts in Europe continue to increase. In this study, we have synthesized data collected at five different oyster restoration pilot projects in the Dutch North Sea. Overall, oyster performance in terms of oyster survival, growth, condition and reproduction (production of larvae) was successful across all restoration pilots, except for survival at the Luchterduinen offshore wind farm pilot. Growth rate was significantly affected by the source of the oysters (Ireland, Norway, and the Dutch delta), negatively to the duration of the pilot and positively related to water temperature. However, other factors such as the initial size and timing of sampling may be the underlying causes for these observations. Data collection in terms of, for example, oyster length measurements, condition index determination, survival and larval production should be standardised to allow better comparisons. As an example, oysters should be individually identifiable and sampling across pilots should occur during the same time period.

The different experimental set-ups were part of a ‘learning by doing’ process since offshore oyster restoration is still under development. To allow for inter-site comparisons, it would be best to use standardized monitoring methodologies. To standardise monitoring, we advise developing a data collecting protocol to make all restoration projects in Europe comparable. An example of such a protocol is presented by zu Ermgassen et al. (2021).

The results indicate that many sites, from nearshore to far offshore, in the Dutch North Sea are suitable for European oyster growth. A next step is to test if recruitment in these pilots will lead to a self-sustaining source of oyster larvae.

To be able to relate abiotic parameters to oyster performance, we advise collecting of data in situ, using CTDs or other equipment, to have more accurate environmental data than the ones derived from models with large grid sizes. Furthermore, we recommend using standardized monitoring racks, and to tag oysters individually with labels so individual growth, mortality or the condition index can be derived, as an alternative to stacking oysters in a tower (Figure 2B) which hindered growth and movement. We also recommend harmonising the timing of sampling across pilot studies, because oysters do not grow or reproduce continuously, but only during their growing season or reproduction season, respectively. In addition, growth rates are best monitored with younger (smaller) oysters, as these grow faster than older ones.
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Introduction

Active restoration is the strategy needed to trigger or accelerate the recovery of degraded marine habitats, which provide the goods and services essential for preserving biodiversity and human wellbeing. Ecosystem engineers are generally the target species in the ecological restoration of marine ecosystems, and large-sized brown macroalgae (e.g., the Cystoseira complex) are a priority due to their crucial ecological importance and vulnerability in many regions of the Mediterranean Sea. 





Methods

Here, we present the results of a successful intervention of ecological restoration of Gongolaria barbata. 





Results and Discussion

One year after the restoration intervention, we observed the recovery of the canopy in terms of ca. 15m2 with a significant increase in faunal abundance and biodiversity compared with reference areas. However, despite the high restored macroalgal growth rates, the assemblage structure was still significantly different from that of reference pristine areas. Despite the fast faunal colonization of a new 3D habitat linked to the successful re-introduction of the ecosystem engineers (i.e., macroalgae), the complete restoration of the properties of a habitat can be a much longer process. We conclude that, after 1 year, active restoration of macroalgal forests still results in a partial recovery of ecosystem functions (i.e., rehabilitation) rather than a full ecosystem restoration, thus stressing the need for long-term monitoring of restoration interventions.
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1 Introduction

Coastal marine ecosystems provide crucially important ecosystem goods and services but are, at the same time, the most impacted by anthropogenic activities and episodic events (e.g., heatwaves) linked to global changes (Micheli et al., 2013; Halpern et al., 2015; Garrabou et al., 2022). Among the threats affecting coastal habitat, physical destruction and degradation of environmental quality (due to increased water turbidity and/or pollution) are the most serious direct causes of the loss of macroalgal forests and their biodiversity (Crain et al., 2009; Orfanidis et al., 2021). Despite the countermeasures taken, from the mitigation of human pressures to the implementation of conservation measures, the recovery of coastal ecosystems is rare and slow, even when the proximate drivers of loss are removed (Lotze et al., 2011; Colletti et al., 2020; Sala et al., 2021).

In this scenario, ecological restoration is increasingly acknowledged as the most convenient (or unique) strategy to actively trigger or accelerate the recovery of degraded coastal habitats (Abelson et al., 2020). This has been recently recognized internationally by the declaration of the UN Decade on Ecosystem Restoration (2021–2030). Although marine ecosystem restoration is still at a pioneer stage (with the unique exception of coral reef restoration) when compared to terrestrial ecosystems, significant signs of progress have been made recently for several coastal habitats, including seagrasses, saltmarshes, oyster reefs, mangroves, and kelp forests (Bayraktarov et al., 2016). However, to make restoration interventions successful and affordable at large spatial scales, a detailed census and mapping of the habitat loss, the distribution of the potential donor populations, and the identification of the stressors/impacts that caused their decline or loss are needed (Gann et al., 2019).

Ecosystem engineers are the most common target species of marine ecosystem restoration, as these species are best suited to create structural habitat features (Byers et al., 2006). These species have proven to be efficient in reversing species’ local declines (including those of commercial interest) and recovering ecosystem functions. However, recent investigations showed that only a minority of the restored marine species are considered of conservation interest (Swan et al., 2016). Moreover, baseline knowledge is generally very limited and insufficient to plan cost-effective restoration interventions (Bayraktarov et al., 2016). Macroalgal forests formed by fucalean algae (Cystoseira sensu lato, including the genera Cystoseira, Ericaria, and Gongolaria; Molinari-Novoa and Guiry, 2020) are critical habitats of the upper infralittoral of the Mediterranean Sea (Sala et al., 2012) and represent an excellent case study in terms of restoration interventions for their fragility and vulnerability to local and climate change impacts.

Cystoseira s.l. forests indeed host highly diverse communities, providing food and shelter for associated organisms and representing nursery habitats for fish assemblages of commercial interest (Cheminée et al., 2013; Cheminée et al., 2017) and many other benthic organisms (Bianchelli et al., 2016; Mancuso et al., 2021). Their presence enhances coastal primary productivity, and their role in maintaining high levels of biodiversity and the ecological functioning of rocky habitats has long been recognized. Consequently, several species (Ericaria sedoides Neiva & Serrão, E. amentacea (C. Agardh) Molinari & Guiry, E. mediterranea (Sauvageau) Molinari & Guiry, E. zosteroides (C. Agardh) Molinari & Guiry, and G. montagnei (J. Agardh) Kuntze) have been protected since 1982, with the enforcement of the Bern Convention (1979). In 2009, an amendment of the Mediterranean Action Plan (Annex IV, SPA/BD Protocol—United Nations Environment Programme) adopted within the framework of the Barcelona Convention (1976) identified the conservation of all species of the Cystoseira genus, with the only exception of C. compressa (Esper) Gerloff & Nizamuddin. Despite the robust legislative framework, specific conservation measures for the protection of these habitat-forming species have never been implemented (Fraschetti et al., 2011). For example, the selection of marine sites deserving protection under the Natura 2000 Sites network in the Mediterranean is generally based on the presence of Posidonia oceanica (Linnaeus) Delile meadows, while the presence of Cystoseira s.l. is only incidental, as these species are not listed in the Habitat Directive annexes (Directive 92/43 EEC) but only in the habitat that they colonize (1170 “Reefs”).

Species of Cystoseira s.l. are regressing in many areas of the Mediterranean Sea (Thibaut et al., 2005; Thibaut et al., 2014; Iveša et al., 2016; Tamburello et al., 2022), and their natural recovery has rarely been observed (Perkol-Finkel and Airoldi, 2010; Blanfuné et al., 2016). Restoration has been proposed as a promising approach to halting their decline (Gianni et al., 2013), and several European projects (e.g., MERCES (http://www.merces-project.eu/) and AFRIMED (http://afrimed-project.eu/)) developed and tested new techniques to reintroduce Cystoseira s.l. after local extinction, regenerating self-sustaining populations (Verdura et al., 2018; Gran et al., 2022). A roadmap for a successful restoration of Mediterranean macroalgal forests was recently proposed to assist researchers and stakeholders in decision-making, considering the most effective methods, also in terms of cost and cost-effectiveness, starting from the selection of donor and restoration sites, target species, and techniques to the adoption of complementary actions (e.g., provisioning of supplementary substrates or herbivory management; Cebrian et al., 2021).

However, a standardized definition of success for Cystoseira s.l. restoration is still lacking and repeatedly claimed by the scientific community (Fraschetti et al., 2021). Following the existing roadmap (Cebrian et al., 2021), we carried out a study to select the most suitable sites for restoration intervention of Gongolaria barbata (Stackhouse) Kuntze along the Conero Riviera (Western-Central Adriatic Sea). We also compared two techniques of restoration based on in situ and ex situ recruitment. The success was measured by monitoring not only the survival of the restored populations but also the biodiversity recovery of the associated meio- and macrofauna.

In this study, we tested the hypothesis that different environmental and anthropogenic impact conditions affect the success of G. barbata transplants and that different methodologies (i.e., recruitment approach and substrate typology) applied in a restoration intervention affect its success, in terms of algal growth and associated diversity.




2 Materials and methods



2.1 Study area and target species for restoration

This study was carried out along the Conero Riviera (Central-Western Adriatic, Mediterranean Sea), characterized by a cliff forming a 15-km-long rocky shore, south of Ancona City (ca. 100,000 citizens). The area is located within two Sites of Community Importance (SCI IT5230005 “Coast between Ancona and Portonovo” and IT5320006 “Portonovo e falesia calcarea a mare”), included in the “Monte Conero” Special Protection Area (SPA IT5230007, sensu Bird Directive 79/409/EEC, 2009/147/EC), in the Natura 2000 Network. According to Habitat Directive 92/43/EEC, the area hosts at sea 1110 “sandbanks, which are slightly covered by sea water all the time”, 1160 “large shallow inlets and bays”, and 1170 “reefs” habitats.

Gongolaria barbata is distributed in the Mediterranean Sea and on the coasts of Atlantic regions close to the Mediterranean (Guiry and Guiry, 2021). In the Adriatic Sea, it is common in areas characterized by harsh seabed, such as the lagoon of Venice or along the Conero Riviera, where it can form real forests and oases of biodiversity, promoting spatial heterogeneity of the coastal rocky seabed, increasing the number of habitats, and producing three-dimensional complexity. Its distribution, which is usually in distinct patches measuring from 1 m to 10 m in diameter, is limited to the first meters of depth of the infra-coastal zone. The species prefers sheltered areas characterized by reduced hydrodynamism, a low rate of sedimentation, and intense irradiance. These factors are crucial to ensuring reproductive success and the settlement of zygotes (Irving et al., 2009). Moreover, G. barbata is one of a few Cystoseira s.l. species that are able to grow in eutrophicated bays and coastal lagoons, e.g., Venice lagoon (Iveša et al., 2022). In addition, the basal disc that adheres to the substrate can be easily detached during heavy storms, especially in juvenile thalli.

Along the coast, four G. barbata populations were identified at four sites: Piscinetta Passetto and Scalaccia rock pools, Sassi Neri, and Numana. Among these, Piscinetta Passetto and Scalaccia North were selected as donor sites for the purposes of this study. Both are natural inlets and are partially sheltered from emerging rocks; Piscinetta Passetto is located in the urban area of Ancona, whereas Scalaccia North is less accessible. Other sites were selected as possible receiving sites for transplants and further restoration interventions (Figure 1): Falconara, Marina Dorica, Grotta Azzurra, Scalaccia South (outside rock pools), and Vela Portonovo. These sites were selected as characterized by putatively different typology along a gradient of anthropogenic pressures: Falconara is located within a site of national interest (SNI), naturally recovered after historical pollution and hosts artificial breakwaters (Corinaldesi et al., 2022); Marina Dorica hosts a touristic harbor (Piva et al., 2011); Grotta Azzurra is an “urban beach”, characterized by the presence of artificial structures and subjected to intensive summer tourism and sewage discharge; moreover, it is located in short distance (approximately 1 km) of the Ancona commercial harbor (Pennesi and Danovaro, 2017). Scalaccia South site is a wave-exposed and less accessible site, reachable only via a small path or by boat, and Vela Portonovo is a highly wave-exposed site, subjected to seasonal touristic pressure (Perkol-Finkel and Airoldi, 2010). At Grotta Azzurra, Scalaccia South, and Vela Portonovo the historical presence of a few scattered individuals of G. barbata was previously reported (Perkol-Finkel and Airoldi, 2010).




Figure 1 | Study area along the Conero Riviera (Central-Western Adriatic Sea). Dark dots are donor sites: Piscinetta Passetto and Scalaccia N rock pools. Light dots are receiving sites: site of national interest (Falconara), touristic harbor (Marina Dorica), city center (Grotta Azzurra), exposed-remote site (Scalaccia S), and exposed-touristic site (Vela Portonovo). The map was generated using Map data ©2019 Google.






2.2 Selection of sites for restoration

In the summer of 2020, natural pebbles (ca. 20–30 cm diameter) with juvenile thalli of G. barbata (1–4 cm height) were collected from two donor sites (two rock inlets, Piscinetta Passetto and Scalaccia North) by snorkeling at depths between 0.5 m and 1.5 m. This approach exploits the natural in situ recruitment of G. barbata and assumes that pebbles of this size would be easily moved by autumn-winter sea storms, which would cause their overturning and rolling, thus causing the death of many young thalli recruited (Perkol-Finkel et al., 2012; Strain et al., 2015). Three to five pebbles were fixed with epoxy putty (Perkol-Finkel et al., 2012) inside the two donor sites (Piscinetta and Scalaccia N), whereas others were transplanted in receiving sites (Falconara, Marina Dorica, Grotta Azzurra, Scalaccia South, and Vela Portonovo). This allowed us to compare the algal growth in the receiving sites with that occurring in suitable habitats (already hosting donor populations). The receiving sites were selected as being putatively characterized by different anthropogenic impacts: a site of national interest (SNI, Falconara), a touristic harbor (Marina Dorica), a site near the city center characterized by pressure from local users (Grotta Azzurra), an exposed-remote site, and an exposed-remote site (Scalaccia South), site characterized by touristic pressure (Vela Portonovo). After transplantation was carried out in June 2020, all sites were monitored monthly to assess the growth of algal juvenile thalli and the response of the associated meio- and macrofaunal benthic assemblages. At Falconara and Marina Dorica, all algae on pebbles disappeared after 48 hours from the transplant, probably due to grazing pressure, so they were excluded from monitoring and analyses.




2.3 Selection of restoration techniques



2.3.1 Gongolaria barbata recruitment: in situ vs. ex situ restoration techniques

After selecting a suitable site, we compared in situ vs. ex situ restoration techniques. The approach based on in situ recruitment foresaw the use of (i) natural pebbles and (ii) round clay tiles (7 cm in diameter and 1.5 cm thick, with a rough surface) fixed on artificial structures consisting of aluminum bars 50 cm long positioned beside the canopies of donor populations during the reproductive period at Piscinetta Passetto and Scalaccia North donor sites. Ex situ recruitment was obtained by using the same artificial structures and the application of the modified protocol reported in Verdura et al. (2018). Two 190-L tanks were prepared in the aquaria facility, each filled with 150 L of synthetic water enriched with 450 mL/L of Von Stosch solution and equipped with Askoll Fluval pumps sp2 (3,600 L/h). Four artificial structures of 19 tiles were distributed between the two tanks. Each tank was equipped with LED lights (GNC Silver Moon Marine), a timer to reproduce the 14 h L:10 h D photoperiod, and Teko tk 2000 and chillers were used to avoid temperature variations. During the whole experiment, salinity (up to 35 psu), temperature (initially set to 16°C), light intensity, and exposure time have been monitored and regulated. Receptacles were collected from donor sites (Piscinetta del Passetto and Scalaccia North) on 10th, and 20th–28th May 2021 (for tanks 1 and 2, respectively), after assessing the degree of apical frond maturation. After a thermal shock, receptacles were inserted in mesh pockets, suspended over the structures, and removed after a week. In both tanks, the temperature was raised to 18°C in early June.





2.4 Restoration intervention and monitoring

On 1 June 2021, all the recruits obtained in the field and in the laboratory were transplanted to the selected site for restoration over an area of ca. 15 m2. The pebbles were fixed with epoxy putty, and the artificial structures (used for both in situ and ex situ recruitment procedures) were anchored to the seabed by self-tapping dowels (Fischer), screwed with the use of a Nemo V2 HD underwater drill. The monitoring of all variables was conducted monthly, from June 2021 to June 2022. We used the adult donor populations living in the Piscinetta and Scalaccia N as reference sites.




2.5 Indicators of restoration success



2.5.1 Gongolaria barbata vegetative phenology and canopy

The growth of G. barbata after in situ and ex situ recruitment was monitored by assessing the height of the algal thalli, the percentage of surface area covered by the canopy, and the average number of individuals (the latter only for ex situ treatment, during the recruitment phase at a laboratory with a stereomicroscope). On each sampling date, three height measurements were taken for each stone or tile (nine to 12 replicates per sampling site and time). The canopy was expressed as a cover percentage on a standard surface (50 cm × 50 cm frame quadrat).




2.5.2 Associated faunal diversity

During the selection of sites and the restoration intervention (where both in situ and ex situ recruitment techniques were applied), faunal samples were collected by means of a modified manual corer (inner diameter, 9 cm), allowing the scratching of the rocky substrate (Danovaro and Fraschetti, 2002). For each sampling site and time, three replicates were collected for the analysis of meio- and macrofaunal variables. Once in the lab, samples were immediately sieved through meshes of 20 µm and 500 µm to separate meio- and macrofaunal organisms. Meiofauna was extracted by centrifugation in a density gradient from a solution of Ludox HS40 (Heip et al., 1985; Danovaro, 2010). Both meio- and macrofaunal samples were then analyzed in terms of abundance and identified at a higher taxonomic level to assess the richness of taxa and the taxonomic composition.





2.6 Data treatment and statistical analyses

The datasets on algae growth, meio- and macrofaunal abundance, and richness of taxa regarding the selection of suitable sites for restoration are reported in Supplementary Tables S1, S2, respectively. We applied an experimental design with two factors: condition (fixed, five levels: donor Piscinetta, donor Scalaccia N, city center, exposed-remote, and exposed-touristic) and time (fixed, four to 10 levels for G. barbata height, four to six levels for meio- and macrofauna variables, depending on the condition, see Supplementary Tables S1, S2, respectively, for details).

For the restoration intervention, to compare reference and restored populations, we applied an experimental design with two factors: population (fixed, three levels: donor Piscinetta, donor Scalaccia N, and restored) and time (fixed, five levels, for donor populations and the restored one, respectively).

For the restored G. barbata population, it was impossible to compare the two recruitment approaches (ex situ vs. in situ) since the algae recruited with the ex situ technique disappeared completely after 1 month. In this case, we could compare only the substrate typology used for the in situ recruitment (natural pebbles vs. artificial clay structure). To do this, we applied an experimental design with two factors: substrate (fixed, two levels: natural pebbles and artificial structure) and time (fixed, 12 levels for G. barbata).

For benthic diversity assemblages, we compared abundance, diversity, and taxonomic composition under the growing algae (recruited with the in situ approach) and under the structures where the algae did not grow (as a reference). To do this, we applied an experimental design considering two factors: algal growth (fixed, two levels: growth G+, no growth G−) and time (fixed, five levels).

The experimental designs were applied to permutational analyses of variance (PERMANOVA), in a univariate (for algal heights, total meio- and macrofaunal abundance) and multivariate context (for taxonomic composition of the meio- and macrofaunal assemblages) and based on Euclidean distance and Bray–Curtis similarity matrices, respectively. When significant differences were observed, pair-wise tests were performed to establish between which levels significant differences were present. To visualize differences in the taxonomic composition, multi-dimensional scaling (MDS) or resemblance-based discriminant analysis via canonical analysis of principal coordinates (CAP) biplots were also produced. Similarity percentage (SIMPER) tests were also performed to quantify the dissimilarity between the donor and the restored site in the meio- and macrofaunal taxonomic composition. To assess the temporal variability after the restoration intervention in meio- and macrofaunal taxonomic composition, we analyze the component of variation across monitoring times after multivariate PERMANOVA tests. PERDISP tests were also applied to ascertain the homogeneity of data distribution for both experiments in the investigated variables (results are reported in Supplementary Table S3). All statistical analyses were carried out using the PRIMER7 software package (Clarke and Gorley, 2015).





3 Results



3.1 Site selection experiment

Patterns of algal growth in the donor and receiving sites are shown in Figure 2, and data are reported in Supplementary Table S1. Among transplanted juveniles in different conditions, similar heights were observed from T0 to T3 (June to September 2020), whereas higher heights were observed in the exposed-remote or donor condition (Scalaccia South and Piscinetta) from T7 to T12 (January to July 2021; PERMANOVA, p < 0.05). In the city center (Grotta Azzurra), the lowest values were observed. For each condition, differences were observed across time (i.e., from May 2020 to July 2021; PERMANOVA, p < 0.05). In the exposed-touristic condition (Vela), the algae grew during the first 3 months (until September 2020), but then the transplanted algae were detached by a strong storm occurring at the beginning of October 2020.




Figure 2 | G. barbata growth on natural pebbles transplanted in the donor (Piscinetta) and in different tested conditions. T0 = June 2020. Reported are data as average ± standard error (Avg ± SE).



The total meiofaunal abundance and richness of taxa are reported in Figures 3A, B. In exposed-remote conditions (Scalaccia South), the highest values of both variables were observed (PERMANOVA, p < 0.05). In each condition, temporal variation of both variables was observed (PERMANOVA, p < 0.05). One of the donor sites (Piscinetta Passetto), the exposed-remote condition (Scalaccia South), and the exposed-touristic condition (Vela) showed an increasing pattern of total abundance across time (PERMANOVA, p < 0.05) and an increasing pattern of richness of taxa in the first 3 months after the transplants (from June to August 2020). In the second donor site and in the city center (Scalaccia North and Grotta Azzurra), no clear patterns were observed.




Figure 3 | Total meiofaunal abundance (A), richness of taxa (B), and MDS show the differences in the taxonomic composition over time (C) in the different tested conditions and donor sites. In (A), reported are data as average ± standard deviation (Avg ± SD). In (C), the arrows indicate the temporal variation from T0 to the final T in each condition; stress = 0.16. T0 = June 2020.



The MDS plots showed that, among the tested conditions, in the exposed-remote one (Scalaccia South), the temporal changes in the taxonomic composition of meiofaunal assemblages were the closest to the donor sites (Figure 3C).

Total macrofaunal abundance and richness of higher taxa are shown in Figures 4A, B. For both variables, the highest values were observed in the exposed-remote condition (Scalaccia South) (PERMANOVA, p < 0.05). In the two donor sites (Piscinetta and Scalaccia North), an increasing pattern and a decrease in the last sampling time were observed. In the city center (Grotta Azzurra), exposed-remote condition (Scalaccia South), and exposed-touristic condition (Vela), no significant pattern was observed.




Figure 4 | Total macrofaunal abundance (A), richness of taxa (B), and MDS show the differences in the taxonomic composition over time (C) in the putative sites for restoration and donor sites. In (A), reported are data as average ± standard deviation (Avg ± SD). In (C), the arrows indicate the temporal variation from T0 to the final T in each condition; stress = 0.14. T0 = June 2020.



The MDS plots showed that, among the tested conditions, in the exposed-remote one (Scalaccia South) the taxonomic composition and the end of the experiment were the most similar to the donor sites (Figure 4C).




3.2 A new G. barbata population restoration intervention

According to the data resulting from the selection of the site, the exposed and remote conditions (corresponding to the Scalaccia South site) were the most suitable for the restoration intervention (over an area of ca. 15 m2). The algal growth at this receiving site is reported in Figure 5A. The results indicated a significant growth over time of algae recruited with the in situ approach, up to 32.6 cm ± 2.1 cm and 30.5 cm ± 6.8 cm, respectively, on natural pebbles and artificial structures (PERMANOVA, p < 0.05). No significant differences were observed in the growth of algae recruited on natural pebbles and artificial structures in the field (PERMANOVA, p = ns). Conversely, the algae recruited with the ex situ approach significantly grew in the first month after transplants (PERMANOVA, p < 0.05) but then completely disappeared. The algal cover due to the algal growth constantly increased over time (Figure 5A).




Figure 5 | G. barbata growth on natural pebbles, artificial structure with in situ and ex situ recruitment and % cover, in selected site for restoration, Scalaccia South (A) and G. barbata adults’ heights in the reference ecosystems (Piscinetta and Scalaccia North donor sites) (B). Reported are data as average ± standard error (Avg ± SE).



In the same period, in the reference ecosystem (donor populations), algae adults’ heights ranged from 40.8 cm ± 14.2 cm to 69.7 cm ± 13.5 cm, at Piscinetta, and from 29.4 cm ± 11.1 cm to 51.5 cm ± 10.1 cm at Scalaccia N sites (Figure 5B). The observed temporal pattern followed the seasonal changes of G. barbata individuals, with the highest values in late winter–spring and the lowest in late summer.

Regarding the benthic assemblages, meiofaunal abundance and richness of taxa in the restored site and in the reference ecosystem (donor sites, under G. barbata adult individuals) are reported in Figures 6A–D. In the restored site, meiofaunal abundance increased over time. At the end of the experiment, it resulted higher where G. barbata grew than where G. barbata did not grow, and in both cases, even higher than that observed in the donor sites (PERMANOVA, p < 0.05). At the end of the experiment, the richness of taxa was similar where G. barbata grew and did not grow (15 and 16, respectively), with similar values observed in the donor sites (14 taxa at Scalaccia N donor site).




Figure 6 | Total meiofaunal abundance (A, B), richness of taxa (C, D), and CAP output show the difference in the taxonomic composition (E) in the restored site and reference ecosystems. Beg, beginning of the experiment, when algae canopy is not yet present; G−, G. barbata not growing; G+, G. barbata growing. T0 = June 2021. Reported are data as average ± standard deviation (Avg ± SD).



The analyses on meiofaunal taxonomic composition (Figure 6E) revealed significant differences between the donor and the restored sites 12 months after the transplant (PERMANOVA, p < 0.01). No significant differences were observed between sites where G. barbata grew and did not grow. The SIMPER indicated that the overall dissimilarity between donor and restored sites was about 55%. This dissimilarity was due to the exclusive presence of Priapulida and their larvae, as well as crustaceans’ larvae, in the donor site, whereas Tardigrada and Rotifera were in the restored site. Moreover, several taxa, comprising those belonging to temporary meiofauna (i.e., Polychatea, Oligochaeta, Isopoda, Cumacea, and Gasteropoda) were represented in higher percentages in the donor site than in the restored one. Other taxa (such as Copepoda, Amphipoda, Bivalvia, Ostracoda, Acarina, Tanaidacea, Hydrozoa, and Turbellaria) showed the opposite pattern.

Macrofaunal abundance and richness of taxa in the restored site and in the reference ecosystem (donor sites, under G. barbata adult individuals) are reported in Figures 7A–D. Macrofaunal abundance and richness of taxa showed similar patterns to those observed for meiofaunal assemblages, showing high temporal variability and an overall increase over time. Thus, 12 months after the transplant, the richness of macrofaunal taxa was similar between donor and restored sites, where G. barbata grew (16 and 15 taxa, respectively), whereas it was lower where G. barbata did not grow (12 taxa).




Figure 7 | Total macrofaunal abundance (A, B), richness of taxa (C, D), and CAP output show the difference in the taxonomic composition (E) in the restored site and reference ecosystems. Beg, beginning of the experiment, when algae canopy is not yet evident; G−, G. barbata not growing; G+, G. barbata growing. T0 = June 2021. Reported are data as average ± standard deviation (Avg ± SD).



The analyses on macrofaunal taxonomic composition revealed significant temporal variation only in the restored site (PERMANOVA, p < 0.05), both where G. barbata grew and where did not. The same analysis revealed significant differences between donor and restored sites (Figure 7E). Moreover, no significant differences were observed between where G. barbata grew and did not grow. The SIMPER indicated that the overall dissimilarity between the donor and the restored site was 73.3%.

This dissimilarity was due to the exclusive presence of Caprellidae, Cladocera, Decapoda, Hydrozoa, Heterobranchia, Pycnogonida, and Polyplacophora in the restored site, while Echinoidea, Crustacea larvae, Ostracoda, and Pycnogonida were present only in the donor site.

The analyses of the components of variation across monitoring times after multivariate PERMANOVA test revealed high levels of temporal variability for both meio- and macrofauna. This variability was higher in the restored site than in the donor sites for both benthic components (Figure 8).




Figure 8 | Component of variation across monitoring times (after multivariate PERMANOVA), indicating the temporal variation in the taxonomic composition of meio- and macrofaunal assemblages in restored and reference (donor) sites. Reported are data as average ± standard deviation (Avg ± SD).







4 Discussion



4.1 The importance of site selection for a successful restoration intervention of G. barbata

In the last few years, the results of marine ecological restoration interventions have indicated that “where” the restoration activity is undertaken is of greater relevance to a successful outcome than “how” (method) the restoration is carried out (Fraschetti et al., 2021). The results of the present study confirm that this is particularly true for the restoration of G. barbata. Our preliminary experiment indeed allowed us to identify the most suitable conditions and the specific site for restoration intervention, considering that this area did not show evident signs of natural recovery after a significant loss of macroalgal canopy. Scientific literature (Perkol-Finkel and Airoldi, 2010) reports that in the 1940s, the canopy forests of fucoid algae in the area were highly diversified, including seven species of Cystoseira s.l. Only four species still existed in the 1960s, and since the 1990s, only two species (G. barbata and C. compressa) have been found. In early 2006, canopy forests were observed only at two localities along the Conero Riviera; therefore, canopies of Cystoseira should have been lost rapidly between 2002 and 2005 (Perkol-Finkel and Airoldi, 2010).

Our results indicate the importance of planning exploratory analysis to prioritize sites to be restored, which is necessary to guarantee the success of the G. barbata transplants. This analysis can be critical even at a very small spatial scale (15-km-long rocky coasts, such as the Conero Riviera) along a stretch of coast showing coexisting natural and anthropogenic pressures.

Specifically, the most suitable site for the restoration implementation was characterized by the lowest putative anthropogenic pressure, even if exposed to high hydrodinamisms (Scalaccia South). We observed the persistent survival of the transplanted individuals over the entire duration of the monitoring postintervention, the highest values of algal growth (both in terms of individual heights and canopy cover), coupled with the highest level of biodiversity of the associated meio- and macrobenthic assemblages (in terms of abundance and richness of taxa). The values observed at Scalaccia South, in terms of algal growth and biodiversity levels, were similar to those obtained when the transplants of juveniles were performed in the donor sites, assuming that these present the most suitable habitat for G. barbata since they host healthy populations of adults.




4.2 In situ or ex situ approaches?

We compared the feasibility and success of transplants of juveniles obtained with in situ and ex situ recruitment/cultivation techniques, avoiding any impact on adult individuals from the donor populations (Perkol-Finkel and Airoldi, 2010; Verdura et al., 2018). Contrary to previous studies (Verdura et al., 2018), in our case, the transplants of juveniles obtained with ex situ recruitment failed due to the lack of survival of the recruits 1 month after the transplant. This could be related to the small size of the juveniles (a few millimeters in height), which were possibly completely covered by the high sediment loads or by blooms of microphytobenthos, typically occurring in summertime (and indeed documented by the Regional Agency for the Environmental Protection) in the study area (e.g., the toxic dinoflagellate Ostreopsis ovata; Totti et al., 2010). Also, the high temperatures could have impaired the growth of small thalli; in this regard, it has been demonstrated that 2-month-old thalli can survive up to 29°C, whereas older thalli can survive at 30°C–31°C (Orfanidis, 1991).

We report here that the transplants of juveniles obtained with in situ recruitment were successful and characterized by significant growth (both in terms of heights and canopy cover) of individuals over time, reaching heights of the same order of magnitude measured in adults after 1 year from the implementation of the intervention. This restoration was successful regardless of the substrates used (i.e., both with natural pebbles and clay tiles fixed on artificial structures; Figure 5A). Such a fast growth in the natural environment was rather unexpected, especially when compared to previous studies conducted in the Adriatic Sea (Orlando-Bonaca et al., 2021).

Overall, our results suggest that in areas characterized by donor populations living in “natural nurseries”, such as inlets like those occurring along the Conero Riviera, restoration interventions could be implemented by prioritizing in situ recruitment approaches. In this regard, the inlets could serve as natural nurseries. From an intervention upscaling perspective, to obtain large amounts of recruits, protocols based on ex situ approaches need to be optimized and synchronized to processes naturally occurring in the area (e.g., in our case, avoiding transplants of too small juveniles immediately before or concurrently with toxic microphytobenthos blooms).




4.3 Monitoring the success of restoration intervention

According to the UN and the UN Decade of Ecosystem Restoration declared for 2021–2030 (https://www.decadeonrestoration.org/), “Ecosystem restoration means assisting in the recovery of ecosystems that have been degraded or destroyed, as well as conserving the ecosystems that are still intact”. This implies that the mere success of a species transplant cannot be considered a success of a restoration intervention. On the other hand, the limits of assessing restoration effectiveness in the absence of a standardized definition of success have been repeatedly claimed by the scientific community working on marine ecological restoration (Fraschetti et al., 2021). For this reason, besides the success of the G. barbata transplant, we used the diversity of associated meio- and macrobenthic assemblages over 1 year after the algae transplant.

Previous studies conducted on seagrasses (Cymodocea nodosa) revealed that the abundance and biodiversity of meiofaunal assemblages associated with the restored seagrasses were still lower than in donor seagrass meadows 1 year after the transplant (Da Ros et al., 2020). Conversely, in the present study, we observed an increase in meio- and macrofaunal abundance and richness of higher taxa that was indistinguishable from those observed in the reference ecosystems, despite a significantly different taxonomic composition.

Recent studies showed positive and additive effects of habitat heterogeneity: habitat ecological volume, its structural complexity, and its capacity to provide different resources within and between co-occurring foundation species (Thomsen et al., 2022). These findings highlighted the importance of habitat heterogeneity in promoting biodiversity via cascades of facilitative interactions. This is the case of the habitat-forming species Cystoseira s.l., which represents a foundation species. However, the direction and effects of facilitative cascades are still unclear, so predicting the composition of assemblages after a restoration intervention is difficult. Therefore, these aspects could be taken into consideration in restoration planning and expectations.




4.4 Habitat rehabilitation and restoration

Overall, our data suggest that 1 year after the intervention, the effects of restoration became evident. In the present study, high levels of temporal variability after the intervention were observed for both meiofauna and macrofauna, particularly in the restored site. This could reflect the fast growth of G. barbata in the restored site and its capability to create a rehabilitated 3D habitat, thus promoting fast colonization of meio- and macrofaunal organisms.

However, although meio- and macrofaunal colonization of new substrates can be relatively fast (Mirto and Danovaro, 2004; Fonsêca-Genevois et al., 2006), the complete restoration of the properties of a macroalgal habitat can be a much longer process. Similar results were observed for restoration interventions in other ecosystems. In seagrass restoration that occurred in the same geographic area (Central Adriatic), indeed, meiofaunal taxa in transplanted seagrass plots did not recover completely after 13 months from transplantation if compared to the donor seagrass assemblages, thus suggesting that meiofauna may also take longer to fully recover the original conditions (Da Ros et al., 2020).





5 Conclusions

The European Nature Restoration Law in preparation will require the restoration of degraded marine habitats, among which macroalgal forests will represent a significant portion. The future restoration intervention must be effective in promoting biodiversity and conducted at large spatial scales.

This study confirms that the restoration interventions need to be carefully planned regarding the siting, timing, and methods used after the target species selection. Siting, approach, and timing should also be tailored site by site, as the restoration success may depend upon spatial and temporal variability of each area as well as ecological processes occurring in specific periods of the year, which could affect the success of the transplants at sea (i.e., the bloom of toxic microalgae impairing the success of the transplants based on the ex situ recruitment).

According to the Society for Ecological Restoration, to be successful, ecological restoration should sustain biodiversity and improve ecosystems’ resilience (Hallett et al., 2013). The determination of the “success” of an intervention in restoration will thus depend on the adoption of appropriate and standardized indicators.
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The Mar Menor lagoon (SE Spain) suffers a severe eutrophication process aggravated since the collapse of the lagoon in 2016. Together with it, the populations of the flat oyster Ostrea edulis have been decimated in the lagoon, but also in the European seas, where the species and the habitats provided by it have mainly disappeared. The Mar Menor Oyster Initiative’s main objectives are gaining knowledge on the nutrient extraction capability of the Mar Menor flat oyster and developing the required tools for restoration and bioextraction actions. The project RemediOS, within the framework of the Mar Menor Oyster Initiative, aims to obtain flat oyster seed using the decimated local broodstock to provide the initiative with an oyster population to work with. The present work describes the results of the first attempt of Mar Menor local broodstock reproduction in captivity. Larvae produced in the hatchery accounted for 57.5 million, of which 11.8 million were cultured and 0.68 million survived to settlement and metamorphosis.
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1 Introduction

During the last 50 years, eutrophication has been identified as one of the main problems affecting aquatic ecosystems (Karydis and Kitsiou, 2012). This nutrient excess has provoked massive microalgae blooms that have severe consequences in the ecosystem [hypoxia, decrease of water clarity, fisheries decline, loss of biodiversity, etc (Smolders et al., 2006)]. In marine environments, coastal waters have been more susceptible to it due to their proximity to heavily populated areas, especially in marine lagoons and other paralic environments where large water renewal time makes them more vulnerable to nutrient enrichment (Kennish and Paerl, 2010).

The Mar Menor (MM) lagoon, with its 135 km2 and 645 hm3, is the largest coastal hyperhaline lagoon in the Mediterranean basin. A constant rise of chlorophyll a level has been observed in the lagoon since the 1980s (Ruiz et al., 2020; IEO-CSIC, 2023), with the threat of eutrophication beginning in the early 1990s with the nutrient increase noted when high peaks of chlorophyll a were reported from the area close to the Albujon ravine, which provides the main freshwater supply of the lagoon (Pérez-Ruzafa et al., 2005; Ruiz et al., 2020). The lagoon suffered for decades from the constant increase of nutrients coming in, together with other pollutants, until its recent ecological collapse in 2015, when a massive phytoplankton bloom deteriorated strongly the environmental conditions and erased most of the macrophytes and benthic fauna (Ruiz et al., 2020). The eradication of the natural ecological community destabilized the lagoon, reducing its resilience and hence making it more vulnerable against future perturbations, as has been observed in several ecological crises after 2015, including anoxic episodes (Álvarez-Rogel et al., 2020; Ruiz et al., 2020; IEO-CSIC, 2023).

Bivalves and the ecosystem services they provide have been used to mitigate the effects of eutrophication and recover the ecosystem functionality as a nature-based solution (Rose et al., 2014; Galimany et al., 2020). Bivalves are filter feeders that fed on suspended particulate matter such as phytoplankton, detritus, micro-zooplankton, bacteria and dissolved organic matter (Gosling, 2015), thus improving water clarity and quality by extracting nutrients and other pollutants (Ismail et al., 2014; Ayvazian et al., 2021). Moreover, bivalves such as mussels and oysters are ecosystem engineers, creating biogenic structures or reefs, which help to improve biodiversity by acting as a natural hatchery and habitat for many species and providing coastal protection (Smaal et al., 2019; zu Ermgassen et al., 2020b).

In this context, The Mar Menor Oyster Initiative (MMOI, https://noraeurope.eu/spain-the-mar-menor-oyster-initiative/) was launched in 2020 at the Native Oyster Restoration Alliance (Pogoda et al., 2019) 3rd Conference. The MMOI aims to gain knowledge on the nutrient extraction capability of the MM flat oyster (Ostrea edulis) and develop the necessary tools for restoration and bioextraction actions. The selection of the flat oyster as the bioremediation species was based on the actual presence of the species in the lagoon and the existence in the 1980s–1990s of a population over 130 million oysters (Rosíque, 1994). This population vanished through the years because of the degradation of the environmental conditions, the negative effect of the sponge Cliothosa hancocki, and the massive proliferation of the invasive macroalgae Caulerpa prolifera (Taxon Estudios Ambientales SL, 2006).

The last assessment of the state of the MM oyster beds was carried out in 2006 (Taxon Estudios Ambientales SL, 2006), and no sampling has been carried out since then. This study estimated from a partial sampling that the population had decreased by more than 10-fold compared to the 1990s. Currently and according to the observations of divers, the population has practically disappeared, so we considered that it would be very difficult for it to be able to recover on its own.

Thus, the main challenge faced by MMOI was the limited availability of individuals to study and to use in restoration/bioextraction actions, which implied the need to produce hatchery seed using aquaculture techniques. In terms of biosecurity, the best recommendation for seed production is to use local broodstock and water (Fitzsimons et al., 2020; zu Ermgassen et al., 2020c). With the purpose of using local breeders, Albentosa et al., (2023) collected some adult oyster specimens from the lagoon in order to determine their potential nutrient extraction capacity, species identity, and genetic diversity and their proximity to other flat oyster populations in Europe. This study concluded that the species was O. edulis, which exhibited a genetic diversity similar to those described for other European oyster beds and were genetically related to the Mediterranean oysters near the MM (Albentosa et al., 2023). After this initial study (Albentosa et al., 2023), the MMOI focused on building an experimental oyster hatchery for seed production using water from the lagoon itself. The use of seawater from the MM to supply the hatchery may have represented an additional challenge to the inherent difficulties of flat osyter seed production (Colsoul et al., 2021). The studies focused on flat oyster production are limited (Colsoul et al., 2021) and challenging because of several factors such as mortalities associated to larval metamorphosis, unexplained larval mass mortality events, and the presence of pathogens which can provoke large mortalities, like Bonamia ostreae (zu Ermgassen et al., 2020a; Gray et al., 2022; zu Ermgassen et al., 2023).

This study presents the results of the RemediOS project, which constitutes a proof of concept for the production of flat oyster seed from broodstock collected from the MM using water from the lagoon itself.




2 Methods



2.1 Hatchery setup and microalgae culture

The RemediOS hatchery was designed as a small-scale experimental hatchery for the proof of concept and as a place for the dissemination of nutrient bioextraction and oyster restoration concepts. The hatchery consisted of a 60 m2 empty space divided in two equal rooms of 30 m2. The rooms were enclosed and divided by a sailcloth for temperature isolation. One of the rooms was used for microalgae production, half of it to scale up the culture using different volumes (250 mL, 2 L, and 6 L) and the other half for production in 40-L plastic bags. For the microalgae culture, water was filtered using activated carbon filter and to 0.5 µm together with a skimmer. Previous to inoculation in all the different volumes, chlorine was used for water disinfection (0.5 mL L-1 of a 40-g L-1 solution), and thiosulfate (0.5 mL L-1 of a 100-g L-1 solution) was used for chlorine neutralization.

Strains of the four species of microalgae cultured were obtained from Toralla Marine Science Station culture collection: Tisochrysis lutea (ECC038), Diacronema lutheri (ECC015), Tetraselmis suecica (ECC036), and Phaeodactylum tricornutum (ECC028), with an organic weight per million cells of 0.043, 0.021, 0.225, and 0.015 mg, respectively, for each microalgae. Phytoplankton was cultured with 24 h of 6500K light period and a temperature of 19–22°C. The culture of phytoplankton was adapted following the recommendations in Helm et al. (Helm et al., 2004).

The other room was used for flat oyster culture in the different phases described below (broodstock, larvae, and seed). For oyster culture, water intake was pumped from MM lagoon, and it was filtered up to 0.5 µm through a series of cartridge filters including activated carbon and sterilized by UV.




2.2 Broodstock

The breeding season studied was from the end of February to mid-June, when the broodstock was returned to the sea. For that, a total of 36 individuals were collected between February 24 and March 11, 2022 through scuba diving from the surrounding areas of the Baron Island (37° 41′ 46″ N 0° 45′ 13″ W) located in the MM lagoon (SE Spain) and transported to laboratory in coolers with MM water. At the time of collection, the field water temperature was 15°C. All individuals were cleaned using a metal brush and then immersed for 20 min in a bath of freshwater with a 5-mL L-1 dilution of bleach to eliminate epiphytes and to disinfect the shells externally. Biometric data was measured for each oyster (length, height, and width), according to Bayne (2017), together with the wet weight. The adults collected had a mean length of 93.1 ± 12.1 mm, height of 106.1 ± 14.3 mm, and width of 41.4 ± 8.1 mm. The mean wet weight (WW) was 230.2 ± 74.4 g, with a mean dry weight (DW) of 1.6 ± 0.4 g [the DW was estimated through length–DW relationships estimated from individuals dissected in the study of Albentosa et al., (2023)].

The individuals were maintained in a flow-through system during the entire reproductive season from March to late June. The system consisted of three 60-L tanks where the individuals were distributed (n = 12 for each tank). Temperature and salinity were measured daily and maintained at natural conditions in the range of 14–27°C and ≃42 PSU. The water flow rate for each tank was 120 L h-1 (10 L per individual h-1), and the microalgae concentration was ≃2.50 mm3 L-1 in cell volume and ≃ 45,000 cells mL-1 in cell number. The diet composition was based on a mixture of the four microalgae cultured in a proportion of 25% ± 10% in volume depending on the culture conditions. The conditions used for broodstock were an adaptation of those of Helm et al. (2004). The ingestion in adults was monitored two times a week during the whole period. For this, the initial concentration of the diet, the concentration at the outflow of the tanks, and the flow rate were measured. The clearance rate (CR) was calculated according to Hildreth and Crip, (1976), and the ingestion as the product of CR and the microalgae’s organic weight.

Three times per week, the individuals and their tanks were cleaned using pressurized freshwater, including tank disinfection using bleach once a week. Furthermore, once a month, the individuals were subjected to a 20-min bath in freshwater with a 5-mL-L-1 dilution of bleach (37 g L-1 of chlorine).




2.3 Larvae

A 100-µm mesh sieve was disposed at the water outflow of each broodstock tank to retain larvae released at swarming events. Sieves were checked and cleaned every morning and frequently controlled during the workday. The larvae collected in the sieves were transferred to a 1-L test tube. Then, they were gently mixed, and two samples of 1 mL were collected to be counted in a Sedgewick Rafter chamber.

Afterwards, the larvae were transferred to 70–350-L cylindroconical tanks in a batch system at a concentration of 5.5 ± 0.9 larvae mL-1, with the exception of three tanks which held higher larval densities of 13.4 ± 1.0 larvae mL-1 in March. The larval tanks were maintained at 20°C–22°C, and the salinity was at actual MM levels of ≃42 PSU. Every day, the larvae were fed with a concentration of 2.5–3 mm3 L-1 in cell volume, 40,000–50,000 cells mL-1 in cell number, using the same diet composition as that for adults. The conditions used for the larvae were an adaptation of those of Helm et al. (2004). Ingestion was specifically controlled in four of the larvae batches to obtain ingestion data. For the ingestion calculation, the food concentration of the tank was measured 24 h after feeding during the whole batch period. This ingestion was expressed in function of the number of larvae. Those four batches came from two different swarming events: two from a swarming on the May 1 and the other two on May 5. The larval density was between 5.0 and 7.0 larvae mL-1. Those batches exhibited a larval survival before settlement at 74%, 68%, 97%, and 43%.

Three times a week, the larvae tanks were drained and cleaned, and the water therein was renewed. During this process, the larvae were inspected weekly under a microscope to estimate the growth (maximum length) and mortality and to check their mobility and the presence of microalgae in the stomach being indicative of good health.




2.4 Seed

Once the eye-spot and/or active foot was observed in at least 50% of the larvae, they were transferred to a 30-cm-diameter container equipped with a 200-µm mesh. The larval density at this moment was ≃1,000 larvae cm-2, with the exception of the first two batches in March, which were held at a density of ≃500 larvae cm-2 due to a higher availability of space in the hatchery. The bottom of the sieve was previously covered with 30 mL of 200–500-µm oyster shell powder as settlement substrate. The same feeding protocol used for larvae feeding was applied during 1 week. The conditions used for larvae settlement were an adaptation of those of Helm et al. (2004).

Once settlement was completed and the seed was sampled (see the paragraph below), it was fed daily with a dose of 1.2%–0.4% of the seed wet weight depending on the seed size distributed in doses throughout the day using a peristaltic pump and with the same diet composition as the one provided to adults. After reaching a size of >1 mm, the seed was transferred to perforated plastic trays of 40 cm × 30 cm and grouped in size classes with a 500-µm to 1-mm mesh sieve to retain the seed. The trays were disposed in 500-L square tanks with a density of 0.09–0.17 g of live weight cm-2 depending on the seed size. Water temperature was maintained at 20°C–22°C and salinity at actual MM levels of ≃ 42 PSU. The conditions used for the flat oyster seed were an adaptation of those of Helm et al. (2004).

Once a month, the seed was sampled to estimate growth, mortality, number of individuals, and to distribute the seed into groups depending on the size class. The individuals’ biometry was measured as previously described for broodstock. Each size group was weighed, and length was measured to determine seed growth. Afterwards, all groups were redistributed into new groups. Each new group was weighed again, and a small sample between 3 and 15 g, depending on the size class, was weighed, and the number of individuals was counted to estimate the total number of individuals in each size group.




2.5 Statistical analysis

The Pearson’s correlation coefficient (Benesty et al., 2009) between larval density and survival was calculated.





3 Results

The broodstock cleared 38.9% of the diet, therefore giving the diet ingested as 6.43% of the DW of the individuals. Five adults died during the experiment period.

A total of 29 swarming events were observed. A swarming event was considered when each batch of larvae obtained from a tank in a single day could be related to one or several oysters. The first release of larvae was observed on March 21 from two adults collected 10 days before. Swarming events were recorded from March to mid-June when broodstock was returned to the sea. The water temperature during this time ranged between 15°C and 25°C (Figure 1). Five of the swarming events were not counted due to management circumstances. From the other 24 events, 57.5 million larvae were obtained (1.6 million larvae per adult) (Table 1). A total of 11.8 million larvae (20.5%) were cultured in the hatchery, while the rest of them were discarded due to the lack of space in the facilities. Considering the total of larvae cultured, 5.1 million larvae (43.6%) reached competence or pediveliger stage, when eye-spot and/or active foot was observed, and 0.68 million (5.8%) survived through metamorphosis, reaching post-larvae stage or spat and attaching effectively to the substrate (Table 1). The mean settlement rate was 13.3%.




Figure 1 | Million of larvae released by broodstock and temperature of broodstock maintenance during the reproductive season in 2022.




Table 1 | Summary of flat oyster hatchery production in 2022.



The three batches cultured at high larvae density in March (13.4 ± 1.0 larvae mL-1) showed a lower survival of 23% compared to the larvae cultured at a lower density (5.5 ± 0.9 larvae mL-1), which showed a survival of 73%. A negative significant correlation of -0.79 was observed between larval density and survival (df = 12, p < 0.001).

Larvae at release exhibited a size of ≃170 µm and reached maximum length after 16–20 days with ≃290 µm (growth rate = 5.54 µm day-1) (Figure 2). In total, 50% of eye-spot and/or active foot was usually observed between 17 and 20 days, with a minimum of 15 days and a maximum of 22 days. During the culture period, the ingestion rate increased together with larval size at up to a maximum of 0.5 µg of organic matter (OM) larvae-1 day-1 on day 17, when a decline was observed (data related to four batches) (Figure 2).




Figure 2 | Mean larval size and ingestion (in µg) of organic matter (OM) per larvae and day in four of the cultured batches from release to settlement.



In June 2022, the hatchery accounted a total of 398,317 seed individuals with a size range between 0.5 and 6 mm (Figure 3). The total number of seeds decreased drastically over the following months with different mortalities related always to the individual in the lower size class. The 30,000 seeds maintained in September did not show any additional mortality during the following months (Figure 3). By November 2022, the seed size ranged from 4 to 15 mm.




Figure 3 | Number of seed individuals obtained in the hatchery with an explanation of the three main mortalities observed.






4 Discussion

The present work showed the viability of producing seed using the population of flat oyster inhabiting the MM. In the Spanish Mediterranean Sea, the flat oyster can start spawning at temperatures of 12°C to 13°C (Bromley et al., 2016), which agrees with the first releases of larvae observed in March with a water temperature of 15°C. In fact, Cano et al. (1997) observed the first larvae in the MM plankton at 14°C. Larval release stopped at a temperature of 25°C at the beginning of June, and by the end of June, adults were returned to the Mar Menor. Similarly, Abellán Martinez et al. (1989) observed the first larvae in April, a little later than during the present work, and detected larvae until August. Therefore, it would be possible that more larvae could be obtained during the summer if the broodstock would have been maintained. The fertility observed for the MM broodstock, with 1.5 million of larvae per oyster, coincides with the observations reviewed by Colsoul et al. (2021) for an oyster size of 90 mm.

The larvae survival rates obtained during April (97%) are comparable to the survival rates of 99% obtained by Robert et al. (2017) at 25°C and using a diet with Chaetoceros neogracile and T. lutea. In March, a lower survival rate (28%, Table 1) was observed compared to those of other months (>70%, Table 1), which could be related to the higher larval density in some of the tanks (5.5 vs. 13.4 larvae mL-1). During this month, the tanks with a lower larval density had a survival rate of 65%, while the tanks with a higher density had a survival rate of 23%. The presence of contaminants such as heavy metals and detergents can provoke higher mortalities in larvae Colsoul et al. (2021). However, a carbon filter was used, which helps to remove certain contaminants, and different survival rates were observed for batches cultured at the same time. It seems unlikely to think that the concentration of those contaminants could significantly change in seawater in a short period of time. Another explanation could be the presence of bacteria such as Vibrio sp., which can also cause large mortalities in oyster cultures (Helm et al., 2004). These bacteria could originate in non-treated broodstock, microalgae production, and the larval culture (Colsoul et al., 2021) and be responsible of the different survival rates observed in the different batches.

Larval growth rate (5.54 µm day-1) was in the middle of the usual growth rates reported for the species in other hatcheries, with a range observed to be between 1.4 and 11 µm day-1 for different conditions (González-Araya and Robert, 2018; Jacobs et al., 2020; da Costa et al., 2023). Despite the fact that the growth rate was similar to those reported in some of the cited works, the pelagic larval period was much longer (a total of 17–20 days) when compared to those of other hatcheries, where periods below 14 days were observed (Gonzalez Araya et al., 2012; Mesías-Gansbiller et al., 2013; González-Araya and Robert, 2018). However, longer periods have been reported as up to 38 days (Jacobs et al., 2020).

The settlement rates were low compared to the 68% obtained by Robert et al., (2017), with a higher rate during March at 21.4%. In the following months, the survival rate was even lower, with 6.5% and 7.1% obtained for April and May, respectively. This difference could be related to different factors. One explanation could be that the first larvae obtained in March came from field fertilization, where the food available may have contributed to a higher quality of these spawns. In fact, the higher survival rate during settlement was only observed for the first two larval batches (34% of survival vs. <5% during the rest of March). On the other hand, the lower density of larvae during the two initial batches (≃500 larvae cm-2) compared to the rest of them (≃1,000 larvae cm-2) could lead to a higher survival rate.

The seed obtained in the hatchery suffered a great mortality during the initial months of life, with a decrease of almost 400,000 individuals to 30,000 individuals in 3 months. The mortality was always observed in the smaller size classes, as have been observed for other bivalves such as Mytilus edulis, which could be associated to inherent higher metabolic rates (Rodhouse et al., 1984). Moreover, space constraints in the hatchery forced us to prioritize the well-being of larger individuals, which resulted in rearing smaller size classes at high densities, and thus it may have impacted negatively on spat survival (Lauzon-Guay et al., 2005). The presence of pathogenic Vibrios could have also played a role in these mortalities, affecting the smaller and weaker individuals (Dubert et al., 2017).

For both larval and seed production, specific diets could be used in order to improve the growth and survival. During the present work, phytoplankton production was affected by the implementations of new protocols in the recently built hatchery. Therefore, diets were given according to the availability of the different microalgae instead of prioritizing a specific mix of species—for example, a specific diet of C. neogracile and T. lutea is recommended to increase the larval survival rate and the settlement rate (Robert et al., 2017; da Costa et al., 2023).




5 Conclusions

The objective of obtaining seed using MM broodstock was achieved at the first trial. This new stock of oyster seed will be used in future actions of the MMOI to evaluate the bioremediation capacity of the oysters and to carry out a restoration pilot. However, further advances could be done to improve the survival and development of oyster larvae, specially to increase the settlement success, such as improving the diet quality using a more controlled combination of microalgae and the use of lower densities during culture.
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Flowering is an integral feature of the life history of seagrasses, and it contributes to the genetic diversity and resilience of meadows. There is some evidence that seagrass flowering is influenced by tidal depth; however, the effects of tidal exposure on the flowering variabilities in patchy intertidal meadows are largely unknown. In the present study, inter and intra-annual variability of flowering was examined using a line transect sampling method across two subtropical intertidal meadows (i.e., Lilley’s Beach and Pelican Banks) of Zostera muelleri on Australia’s east coast. Along each transect, the depth was measured using Leica Geosystems AGS14 RTK, and the plant cover was estimated using a standard scale. The duration of exposure at each depth was computed based on the tidal data and categorised exposure duration by hours. The abundance (i.e., the density of flowering shoots and density of spathes) and the ratio of flowering (i.e., flowering frequency) and morphology of flowering (i.e., the number of spathes per flowering shoot) were estimated at every 10 m along three 100 m fixed transects established perpendicular to the tide monthly in 2020 and 2021. Flowering started in July and extended for approximately six months, with peak flowering observed in September-October at both sites. Generalised linear mixed-effect models showed that approximately 39% of the density of flowering shoots, 36% of the density of spathes and 28% of flowering frequency were explained by plant cover and exposure duration. Similar variation in the spathes per flowering shoot was explained by plant cover only (40%). The density of spathes during peak flowering months was significantly different among exposure categories (3-4 hrs and 5-6 hrs in Lilley’s Beach and 5-6 hrs and 6-7 hrs in Pelican Banks in 2021), where significantly different interannual variability was observed only between the same exposure categories in Pelican Banks. The study offers valuable insights into seed-based restoration projects, including optimal seed harvesting times and the average quantity of harvestable flowers, although some inter-annual variations should be anticipated.




Keywords: seagrass flowering, plant cover, intertidal depth, exposure duration, Zostera muelleri





Introduction

Flowering is important for maintaining the population and the genetic diversity of a species. For plants, the timing of flowering and its intensity provide an understanding of the annual regeneration and the ability of plant communities to recover from disturbances (Kilminster et al., 2015). Seagrass flowering can vary spatially and temporally depending on environmental factors and their interactions (Smith et al., 2016; Lekammudiyanse et al., 2022). Flowering dynamics are expected to be driven by local and regional environmental drivers, which may be affected by natural disturbances like tidal variation, hydrodynamic forces, grazing, and storms (Peterken and Conacher, 1997; Fonseca and Bell, 1998; Henderson and Hacker, 2015). Such events are likely to change flowering times and intensities significantly (Peterken and Conacher, 1997; von Staats et al., 2021). Across the tidal gradient, changes in flowering patterns are thought to be driven by desiccation and light limitation or both; however, spatial variations in flowering in the intertidal zone still need to be clearly defined (Potouroglou et al., 2014; Olesen et al., 2017).

Intertidal seagrasses are often subjected to desiccation stress, erosion and sediment deposition (Fonseca and Bell, 1998; Koch, 2001; Boese et al., 2003; Vermaat, 2009). These stresses affect plants' responses in allocating their resources to sexual reproduction, and adaptation to the disturbance regime is typically species-specific (Nelson et al., 2007; Mony et al., 2011). Past studies have shown that the spatial distribution of flowering within a meadow is patchy across scales ranging from meters to tens of meters and can vary annually (Conacher et al., 1994; Inglis and Smith, 1998; Campey et al., 2002). However, the current understanding of the underlying factors driving flowering variability in an intertidal meadow at small spatial scales has not been clearly defined. This represents an important research gap that needs to be addressed to support seed-based restoration efforts, including seed collection and determining optimal harvesting times.

Along the intertidal depth gradient, the degree of desiccation and high light stress varies depending on the duration of exposure. Plants at shallow depths may experience higher desiccation stress due to more extended exposure periods than those at deeper depths. However, the density of plant cover and sediment-water content influence the actual desiccation stress. Plants at shallow depths are exposed for extended hours during low tides and may remain less dense due to desiccation stress and photoinhibition caused by oversaturated light (Silva and Santos, 2003; Ralph et al., 2007). However, dense plant cover can still occur at shallow depths due to the facilitating effects of high water retention and self-shading (de Fouw et al., 2016). These two effects facilitate the plant’s ability to cope with desiccation stress, though the plant’s productivity declines during emergence (Clavier et al., 2011). In such instances, plants may exhibit an acute increase in flowering as a stress-response mechanism, but the inter and intra-annual variability of these acute responses remains unclear (Fonseca and Bell, 1998; Potouroglou et al., 2014). In deep water, plants are less likely to experience long emergence periods. Short-term exposure can benefit the plant by facilitating carbon dioxide assimilation when the plant tissues remain moist (Leuschner et al., 1998). However, light can be a crucial factor limiting plant productivity and may reduce flowering potential (Olesen et al., 2017). Comparatively, intermediate depths are thought to receive more favourable growth conditions with regard to exposure and light, which may result in increased flowering (Olesen et al., 2017). Some studies have observed no difference in flowering among intertidal positions (Cabaço et al., 2009) and an increase in flowering in low intertidal areas and tide pools (Ramage and Schiel, 1998), or temporal changes in flowering at different intertidal depths (Harrison, 1982; von Staats et al., 2021).

The present study aims to explore the spatiotemporal variability of flowering in Zostera muelleri subsp. capricornii Irmisch ex Ascherson, 1967, an ecologically important species in subtropical Australia. This species reproduces via both sexual and asexual means. Past studies have demonstrated that asexual reproduction is the most prominent recovery mechanism on tropical coasts of Australia (Rasheed, 1999; Rasheed, 2004), however, recent studies have proposed that restoration via seeds may be more appropriate and scalable in some populations (Tan et al., 2020). Z. muelleri typically flowers seasonally, with flowering usually commencing in mid-winter in Central Queensland (Lekammudiyanse et al., 2022; Lekammudiyanse et al., 2023). Flowering shoots appear amongst the vegetative shoots and contain a few branches that hold several inflorescences enveloped in a leaf sheath called a spathe. The flowering of Z. muelleri exhibits large spatial and temporal scale variability in intertidal meadows along the latitudinal gradient (Unpublished data). In most populations, high variability of flowering is usually evident. Given the spatial patchiness of meadows, designing sampling protocols can be challenging (Rufino et al., 2018), resulting in most previous studies using randomized sampling techniques (Inglis and Smith, 1998; Infantes and Moksnes, 2018). However, in this study, we used a stratified sampling method to capture the small-scale variabilities along the depth gradient.

In this study, we explored how exposure in intertidal depths affects flowering in two intertidal seagrass subpopulations that showed different phenotypic plasticity due to the local environmental conditions (Andrews et al., 2023). We specifically address two main research questions: 1) Does the duration of exposure affect the spatial and temporal variabilities of the abundance, ratio and morphology of flowering in intertidal seagrasses? and 2) Does the abundance of flowers during peak flowering times vary based on the duration of exposure? First, we hypothesised that the reproductive investment is a function of plant cover and exposure if other influential drivers, such as water temperature, apply consistently at each study site. Here, we computed the duration of exposure at each intertidal depth based on the tidal inundation times. We computed the exposure duration at each intertidal depth based on tidal inundation times and tested this hypothesis by modeling several flowering metrics, including the abundance of flowering (measured as the density of flowering shoots and density of spathes), the flowering ratio (measured as flowering frequency), and flowering morphology (measured as the number of spathes per flowering shoot), using exposure duration and plant cover as predictors. Similarly for the second research question, we hypothesised that the abundance of flowering during the peak flowering times does not vary if the effect of exposure is similar. This hypothesis was tested by comparing the density of spathes among different exposure categories during peak flowering.





Materials and methods




Study sites

Two intertidal meadows (approximately 25 km apart from each other) that spanned different environmental conditions were selected in the Gladstone region, the east coast of Australia. This region experiences macro tides with a tidal range of 4.8 m and is primarily semi-diurnal. The first intertidal meadow, Pelican Banks (23°45′54.3″S, 151°18′16.1″E), is located in a semi-sheltered bay within the limits of the sheltered Port of Gladstone, while Lilley’s Beach (23°52′48.4″S, 151°19′32.6″E) is located in an exposed position. Seagrasses in these two sites mainly consist of Zostera muelleri, but there are significant differences in morphological characteristics, where leaf length is significantly longer and narrower in Lilley’s Beach compared to Pelican Banks (Andrews et al., 2023). Additionally, these two sites encompass variable sediment particle sizes, with lower silt content found at Lilley’s Beach. These meadows play a crucial role as feeding grounds for megaherbivore grazers, such as turtles and dugongs.





Transect surveys

Three 100 m fixed transects, spaced 100 m apart from each other, were established perpendicular to the shoreline in the intertidal area of the two seagrass meadows. Along each transect, flowering surveys were conducted every month from June to January in the 2020 and 2021 flowering seasons. HOBO temperature/light pendant loggers were installed at different depths along the transects to measure the temperature and light every 10 mins along the depth gradient. Due to concerns about turtles potentially consuming the loggers, we were unable to install the loggers in the second year. Therefore, the water quality parameters are presented only for the first flowering season. In Lilley’s Beach, loggers were installed at depths of 0.51 m, 0.75 m, 0.97 m, 1.36 m, and 1.53 m, while in Pelican Banks, loggers were placed at depths of 0.56 m, 0.73 m, 0.79 m, 0.92 m, and 1.32 m relative to mean sea level. The logger data were used to compute the daily average temperature and light. 





Flowering measurements

At every 10 m, we counted the number of flowering shoots in each quadrat and the number of spathes in three randomly selected flowering shoots within each quadrat. We computed four flowering metrics to represent different aspects of flowering, including abundance (i.e., the density of flowering shoots, the density of spathes), ratio (i.e., the flowering frequency) and morphology (i.e., the number of spathes per flowering shoot) (Lekammudiyanse et al., 2022). Abundance variables are considered important from a harvesting point of view (Potouroglou et al., 2014; Infantes and Moksnes, 2018), while the ratio and morphology of flowering represent the resource allocation in flowering (Jackson et al., 2017; Wang et al., 2019). Abundance variables were computed as the number of flowering shoots and spathes per square meter. The ratio variable, flowering frequency, was computed by dividing the number of flowering shoots by plant cover. Since we were unable to count the number of vegetative shoots in each quadrat, we considered the plant cover to compute the fraction of shoots that were flowering. The morphological variable, the average number of spathes per flowering shoot, was computed by averaging the total number of spathes per shoot. The density of spathes was computed by multiplying the average number of spathes per flowering shoot by the total number of flowering shoots per square meter.





Depth and exposure measurements

The depth (as ellipsoidal height) at every 10 m along each transect was measured once in each of the two years using a Leica Geosystems AGS14 RTK. The ellipsoidal height was converted to the Australian Height Datum using a converter tool (http://www.ga.gov.au/ausgeoid/), providing the depth below the mean sea level for each measurement. We computed the duration of exposure at each depth using hourly tidal data obtained from the nearest tide level monitoring station. Additionally, the duration of exposure was categorised as follows: 0-1 hours (1.46-1.58m), 1-2 hours (1.32-1.45 m), 2-3 hours (1.19-1.31 m), 3-4 hours (1.05-1.18 m), 4-5 hours (0.92-1.04 m), 5-6 hours (0.78-0.91 m), 6-7 hours (0.65-0.77 m) and 7-8 hours (0.50-0.64 m) (Supplementary Figure 1).





Seagrass cover measurements

The Zostera cover percentage was estimated at all quadrats placed every 10 m along each transect following the guidelines outlined in the Seagrass Watch protocols (Seagrass-Watch, 2023). According to the protocol, we visually assessed the proportion of the quadrat covered by Zostera, ranging from 0% (no Zostera cover) to 100% (completely covered by Zostera).





Data analysis

To test the first hypothesis regarding the effects of exposure duration and plant cover on the abundance (i.e., the density of flowering shoots and density of spathes), ratio (i.e., flowering frequency) and morphological (i.e., the number of spathes per flowering shoots) variables of flowering, we employed generalised linear mixed-effects regression (GLMER) models. We used 33 quadrat measurements from the three transects for each month, specifically selecting quadrats with seagrass cover for the analysis. The modeling included two fixed effects (i.e., exposure (hrs) and plant cover (%)) and three random effects (i.e., site, month, and year). Before modelling, highly skewed variables were transformed. Accordingly, the flowering frequency, density of flowering shoots, the density of spathes and the number of spathes per flowering shoot were square root transformed and plant cover percentage was log-transformed. All predictor variables were checked for multicollinearity to avoid any detraction of model reliability that occurred from highly correlated variables. We calculated the variance inflation factor (VIF) and used a threshold of VIF>4 to assess multicollinearity.

A series of multi-models were constructed encompassing all combinations of fixed effects and their interactions, and the significance was assessed with p<0.05. Model plausibility was assessed using Akaike’s Information Criterion (AICc), accounting for a small sample size (Burnham and Anderson, 2004). We computed ΔAICc of each model by calculating the difference in AICc between the model and the best model. The best/most plausible model is considered to have zero ΔAICc, while models with have ΔAICc<3 are equally plausible as the best model, and the model with fewer predictor variables is regarded as the more plausible model than complex models. All simulations were performed in R version 1.4.1106 (Team, 2020), and data were plotted with ggplot2 (Wickham et al., 2016).

To test the second hypothesis regarding the effects of exposure duration on flower abundance during peak flowering months (i.e., September-October), we conducted two-way ANOVA with two fixed factors (i.e., exposure category and year) for the response variable, the average density of spathes. Since this hypothesis aimed to represent the optimal flowers that can be harvested during peak flowering, we focused solely on the density of spathes for testing. We conducted two separate ANOVA tests for the two sites, as the exposure categories were not unique for the sites (Supplementary Figure 2). Given the unequal number of records in each depth category, we employed type III sums of squares for ANOVA. Before statistical analysis, the response variable was inspected for the other requirements of ANOVA, (i.e., the normality of distribution and the homoscedasticity) with normalised q-q residual plots and Shapiro-Wilk’s test with a significance level set at p>0.05. Since the response variable did not meet the homoscedasticity requirement even with the transformation suggested by Tukey’s Ladder of Powers, the ANOVA was performed using a more conservative significance level of p<0.01, as ANOVA is considered robust against homoscedasticity under certain conditions such as balanced experimental designs with large sample sizes (Underwood, 1997; Kutner et al., 2004).






Results




Variations in environmental variables

The depth and exposure categories differed between the two sites and between years at the fixed transects (Supplementary Figure 1). Lilley’s Beach exhibited a relatively wide depth range along the transects, varying from 0.61-1.39 m in 2020 to 0.79-1.51 m in 2021 (Supplementary Figure 1). In contrast, Pelican Banks showed a narrower depth range, ranging from 0.72-1.13 m in 2020 to 0.69 – 0.98 m in 2021. Depth and exposure duration were highly correlated, and the above depth categories received 1-8 hours of exposure during low tides (Figure 1).




Figure 1 | Relationship between the depth and exposure duration.



The percentage of plant cover exhibited high variability throughout the flowering season and across different years at both sites (Supplementary Figure 2). A notably lower percentage of plant cover was observed at Lilley’s Beach compared to Pelican Banks. At Lilley’s Beach, the plant cover was not present in all exposure categories. For instance, there was no plant cover in the exposure category 5-6 hours (0.78-0.91 m) in the year 2020. Additionally, plant cover was absent for both years in the lowest exposure category of 0-1 hours (1.45-1.58 m) (Supplementary Figure 2). Conversely, at Pelican Banks, plant cover was present in nearly all exposure categories for both years, with the exception of the 3-4 hour category (1.05-1.18 m), which was absent in the year 2021 (Supplementary Figure 2).

Based on the 2020 data, the daily average temperature exhibited a seasonal pattern throughout the flowering season, with no significant differences observed among exposure categories in both sites (Supplementary Figure 3). However, the daily average light intensities exhibited some differences, with deeper depths having relatively low light intensities, while shallow depths had high light intensities (Supplementary Figure 4).





Flowering variability

Flowering occurred from July to December in both years, and there was high temporal variability in the abundance, ratio, and morphology of flowering observed at both sites (Figures 2–5). The best models describing the abundance and ratio of flowering were bivariate, including plant cover and exposure, which explained 39% of the density of flowering shoots, 36% of the density of spathes and 28% of the flowering frequency (Table 1; Supplementary Data Table 1). In contrast, the best model for the morphology of flowering was univariate, with plant cover explaining 40% of the variation in the average number of spathes per flowering shoot (Table 1). Both predictor variables (i.e., plant cover and exposure) had significant positive effects on all flowering metrics.




Figure 2 | Variations in the density of flowering shoots. The line shows the standard error.






Figure 3 | Variations in the density of spathes among exposure categories. The line shows the standard error.






Figure 4 | Variations in the flowering frequency among exposure categories. The line shows the standard error.






Figure 5 | Variations in the average number of spathes per flowering shoots among exposure categories. The line shows the standard error.




Table 1 | Summary of the selected models of the abundance, ratio and morphology of flowering (significance level p<0.05).



The peak flowering was observed in September-October across most of the exposure categories in both sites (Figure 3). All flowering metrics showed a large variation between the two years, with a notable interannual variability noted only in Pelican Banks site (F120, 1 = 10.801, p<0.01, Table 2). Lilley’s Beach had a comparatively higher density of flowering shoots and spathe density than Pelican Banks, with the mean density of flowering shoots and spathe density reaching more than 196 m-2 and 600 m-2 during peak flowering months, respectively (Figures 2, 3). The frequency of flowering was relatively higher in most of the exposure categories in Lilley’s Beach than at the Pelican Banks over the flowering season (Figure 4).


Table 2 | Two-way ANOVA tests the differences in average spathe density in two sites (significance level p<0.01).



Additionally, the density of spathes was significantly different among exposure categories in Lilley’s Beach during the peak flowering months (F123, 7 = 3.324, p<0.01), where the difference was noted between 3-4 hrs and 5-6 hrs exposure categories in 2021 (post-hoc test, Table 2). The effect of the exposure duration was not prominent at the Pelican Banks site; however, a significant difference in spathe density resulted between 5-6 hrs and 6-7 hrs exposure categories in 2021 (Post-hoc test, Table 2). The depth gradient of this site was not as wide as Lilley’s Beach (Supplementary Figure 1). Significant inter-annual variation was observed only in Pelican Banks (F120, 1 = 10.801, p<0.01, Table 2) while the difference was noted between the same exposure categories (i.e., 5-6 hrs (2020) and 6-7 hrs (2021)) between years (Post-hoc test, Table 2).






Discussion

The study described here identified variability in the magnitude of flowering of Z. muelleri, a widely distributed species on the east coast of Australia. It further investigated the effects of exposure to elucidate the variabilities of flowering in intertidal meadows. Flowering was present and variable in both intertidal meadows studied, with the flowering season lasting approximately six months. Flowering was first observed in July in both meadows, and peak flowering is observed from September to October. The timing of Z. muelleri flowering from late winter to early summer is typical in most of the subtropical coasts of Australia (Unpublished data). Despite being located in the same climatic region, we observed a large variation in flowering over the flowering season in both meadows. By simultaneously conducting monthly sampling of these two meadows, we were able to capture the effects of exposure behind the variabilities of the abundance (measured as the density of flowering shoots and spathes), the ratio (measured as the flowering frequency), and the morphology of flowering (measured as the average number of spathes per flowering shoot) in this study.

Seagrasses were unequally distributed in both meadows, and the plant cover was highly variable over the flowering season. Similarly, the flowering was unequally distributed within the meadows. As we hypothesised, a large variation in the abundance and ratio of flowering was explained by plant cover and exposure together (approximately 39% of the density of flowering shoots, 36% of the density of spathes and 28% of flowering frequency). Similar variation in the morphology of flowering was explained by plant cover alone. The positive effect of plant cover in all flowering models indicated the plant’s resource investment towards flowering (Collier et al., 2014); however, its effect can be highly varied. For instance, we noted a considerably high abundance of flowering over the flowering season in some patches where seagrass was less dense, particularly in Lilley’s Beach. This might be due to the environmental stress during the exposure. Although the daily average temperature did not exceed the thermal optimum for gross photosynthesis of this species (31°C) (Collier et al., 2017) in our sites, seagrasses are likely to experience high light stress. We noted high daily average light intensities across the depth gradient, which are substantially higher than the optimum light levels required to protect at least 80%of shoots of the plant at cold temperatures (~3000 lux) when flowering is expected to trigger (Collier et al., 2016; Lekammudiyanse et al., 2023). As proposed by previous studies, Lilley’s Beach is also likely to experience stress from high wave energy due to its exposed position, where the wave energy was estimated as twice as high as Pelican Banks (Andrews et al., 2023). When a stress is present, plants tend to invest more resources towards reproduction as a stress-responsive mechanism (Fonseca and Bell, 1998; Potouroglou et al., 2014). This was also noted in flowering frequency, where the fraction of flowering is relatively higher in this site. The effect of exposure was further evident in the ANOVA model, where the spathe density significantly differed among 3-4 hrs and 5-6 hrs exposure categories in Lilley’s Beach during peak flowering in 2021. Such difference was noted in 5-6 hrs and 6-7 hrs exposure categories in Pelican Banks in 2021, however, the difference wasn’t highlighted in our model, probably due to a limited number of exposure categories that could not capture the differences in spathe densities.

Additionally, in Pelican Banks site, we noted a significant inter-annual variation in spathe density during the peak flowering times, with the spathe density being significantly higher in the second year. This difference might be due to the influence of other environmental drivers, such as the differences in small-scale local environmental conditions (e.g., nutrient content, temperature) and/or plant age (Cook, 1983; Johnson et al., 2017). Although, we could not compare the inter-annual differences in water temperature and light intensities in this study, changes in climatic variables, particularly temperature, could be an important factor that shapes the flowering cycle (Blok et al., 2018). Inter-annual variations could also be related to the plant’s age, as the plant’s flowering potential is supposed to exhibit an unimodal response with ramet’s maturity, and the relatively high abundance of flowering recorded in the second year could also be a reflection of plant age (Furman et al., 2015). In addition, the differences in plant’s phenotypic plasticity could also influence the flowering variabilities. For instance, in Lilley’s Beach, we observed a substantially high density of flowering shoots and spathes at intermediate depths during peak flowering months. Plants on Lilley’s Beach have different morphological characteristics (e.g., leaf length and width) relative to the Pelican Banks site (Andrews et al., 2023). Such adaptations can be expected even within the same climatic region due to the degree of local environmental stresses (e.g., sedimentation and high wave exposure) (Guerrero-Meseguer et al., 2021).

Our study provides practical information to help inform seed-based restoration projects conducted in subtropical intertidal meadows in Australia. While most of the restoration to date has been typically based on transplanting vegetative shoots, the most recent focus is extended towards either a combination of transplanting and seed-based restoration or entirely based on seed-based restoration due to the high success rates (Leschen et al., 2010; Orth et al., 2012; Infantes et al., 2016). For instance, seed-based restoration alone was found to extend the meadow by more than ten times during a decade in the coastal bays of Virginia in the USA (Orth et al., 2012). Restoration projects using seeds require site-specific knowledge of flowering strategies to identify the optimum harvesting time. As noted in this study, the September-October period is likely to generally be the optimum time for seed collection in subtropical meadows, though local spatial variability may affect the reliability of collection volumes. The spathe density in peak flowering months is likely to be influenced by exposure duration; however, this might not be a limiting factor in collecting flowers in meadows with narrow depth gradients unless the areas are preserved for self-re-establishment. We observed a relatively high number of flowers at intermediate depths than shallow or deep depths, where a high seed bank density might be expected (Olesen et al., 2017). Therefore, intermediate depths might be important for maintaining the resilience of the meadow when the re-establishment is dominated by sexual reproduction following disturbances (Kilminster et al., 2015). The spathe density reported in our study was substantially higher than previous records (Smith et al., 2016); however, the high density of flowering shoots/spathes may not reflect the production of viable seeds. Further studies will require assessing seed viability in different depths to ensure effective restoration (Vanderklift et al., 2020).

In this study, we were unable to count the number of spathes in each flowering shoot in every quadrat due to a large number of flowering shoots recorded in some quadrats and time restrictions, which is a limitation of the study. We estimated the total number of spathes based on the average number of spathes per flowering shoot in each quadrat, which may be subject to variation. Since we have a large sample size, we assumed that the variations are accounted in our analysis of the density of spathes. In future it will be beneficial to apply new technologies and associated optical imaging systems in monitoring seagrass flowering (e.g., drones). Additionally, we were unable to install loggers to download full record of temperature and light data in the second year due to the logger malfunctioning caused by frequent turtle bites, which is another limitation of this study. Furthermore, we did not count the number of seeds produced per spathe and their viability, which is another limitation we identified. However, in another preliminary study conducted along with these field surveys, it was shown that the viability of seeds and seed banks were not substantially different among exposure categories (Unpublished data). Further studies are required to understand the persistence of local seed banks of each subpopulation.

In summary, this study reported flowering intensities along the depth gradient in two subtropical intertidal meadows in Australia. The findings emphasized that the abundance and ratio of flowering can vary based on exposure duration. Also, the spathe density is highest in mid-Austral spring, which would be the best time to collect flowers. This study contributes to our understanding of meadow capacity for re-establishment at different intertidal depths and provides insights for seed-based restoration. Such habitat-specific studies are important for understanding local adaptation and resilience under climate change consequences (Tan et al., 2020).
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Active marine restoration is strongly encouraged to prevent the loss of the valuable habitats formed by Cystoseira sensu lato species, since they enhance biodiversity and preserve ecosystem functions and services. Current restoration interventions are mainly based on recruitment enhancement methods by deploying bags with fertile receptacles in situ or by outplanting juveniles grown ex situ under laboratory conditions. These methods allow the recovery of endangered species avoiding the depletion of the donor populations. In all cases, a priori knowledge of the reproductive phenology and recruitment periods of the species to be restored is essential, since the success of restoration techniques relies on collecting fertile branches and the obtention and survival of recruits. For their collection, identified donor populations characterized by dense Cystoseira s.l. cover should be studied. Specifically, monitoring the reproductive phenology of populations is crucial to detect the period of the year in which they develop mature reproductive structures and to understand how it might be linked to environmental conditions. Then, these general patterns on the reproductive phenology of Cystoseira s.l. species are essential to determine the most suitable time and conditions to plan for the most effective restoration action. Here, we provide a cost-effective and friendly protocol that can be easily and widely implemented for all Cystoseira s.l. species. We pose that this protocol provides a standardized and useful methodology to understand the environmental factors driving the optimal periods for sampling fertile branches across the Mediterranean Sea, and thus it can be an essential tool to plan future restoration actions.
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Introduction

In the Mediterranean Sea, macroalgal forests formed by populations of Cystoseira sensu lato (genera Cystoseira C. Agardh, Ericaria Stackhouse and Gongolaria Boehmer) dominate shallow and mesophotic areas of rocky reefs. Unfortunately, declines and local extinctions of these fucalean populations have been reported throughout the Mediterranean (Bianchi et al., 2014; Thibaut et al., 2015; Mariani et al., 2019), mainly caused by deterioration of water quality, habitat destruction and overgrazing by herbivores (Thibaut et al., 2005; Mangialajo et al., 2008; Sala et al., 2012; Blanfuné et al., 2016; Orfanidis et al., 2021). The loss of Cystoseira s.l. forests is a concern, since they are very productive habitats and are home to a large number of associated species (Ballesteros, 1988). Moreover, these communities offer important ecosystem services, such as being important nursery habitats for fisheries species (Cheminée et al., 2013). Since Mediterranean coastal areas are among the most altered and degraded systems in the world (Lotze et al., 2011), the pressures that Cystoseira s.l. habitats are now facing are likely to increase, probably leading to more frequent population extinctions. Once the populations become extinct, their natural recovery is almost impossible, even after mitigation of the stressors responsible for their disappearance (Pinedo et al., 2013; Tamburello et al., 2022). In these circumstances, active restoration emerges as the only suitable tool to recover these ecosystems (Verdura et al., 2018; Orlando-Bonaca et al., 2022; Tamburello et al., 2022).

Early trials of restoration of Cystoseira s.l. in the Mediterranean were attempted in the early 2000s and consisted of transplants of adult thalli (Falace et al., 2006; Susini et al., 2007; Robvieux, 2013) or transfers of cobbles with settled juvenile specimens (Perkol-Finkel and Airoldi, 2010; Perkol-Finkel et al., 2012). Since most Cystoseira s.l. species are considered threatened or endangered by the Barcelona Convention (Appendix II; UNEP/MAP, 2013), any technique that requires harvesting whole individuals is considered undesirable, as it will cause a depletion of the donor populations and consequently is a potential threat (Cebrian et al., 2021). This has led to the exploration of less invasive restoration actions (see Gianni et al., 2013 and Cebrian et al., 2021 for reviews).

The high potential of these seaweeds to generate gametes and zygotes under optimal conditions makes the use of germlings obtained from fertile receptacles (usually present at the apices of the branches) a sustainable option for restoring Cystoseira s.l. forests without depleting natural populations (Falace et al., 2018; Verdura et al., 2018). Current restoration approaches are based on enhancement of recruitment obtained by stimulating sexual reproduction and consequent production of numerous germlings (which are then expected to grow into adult specimens and gradually form self-maintaining populations). The germlings can be produced in controlled conditions in the laboratory (ex situ methods; Falace et al., 2018; Verdura et al., 2018; De La Fuente et al., 2019; Clausing et al., 2022; Lardi et al., 2022) or directly in the field (in situ methods; Verdura et al., 2018; Medrano et al., 2020a). In both cases, the availability of fertile branches containing large numbers of mature gametes is a key requirement. Knowledge of the reproductive phenology of donor populations is crucial to detect the time of the year in which mature reproductive structures develop, understand how reproduction is influenced by environmental conditions, and finally determine the most suitable period and conditions to carry out effective restoration action (Cebrian et al., 2021; Smith et al., 2023). However, this knowledge is only partially available for some species (Sauvageau, 1912; Ercegović, 1952; Gómez-Garreta et al., 1982; Hoffmann et al., 1992; Pizzuto et al., 1995; Serio, 1995a; Serio, 1995b; Alongi et al., 1999; Pardi et al., 2000; Gómez Garreta et al., 2001; Marzocchi et al., 2003; Falace et al., 2005; Capdevila et al., 2015; Medrano et al., 2020b; Battelli and Catra, 2023; for a summary of the information available see Cebrian et al., 2021). Furthermore, phenological data published in individual studies typically have been obtained from a single site or geographical area; to date, there is not a single Cystoseira s.l. species for which phenological data are available at a pan-Mediterranean scale.

The great intraspecific year-to-year variability in the reproductive potential documented for some Cystoseira s.l. populations (Bevilacqua et al., 2019) leads to a high unpredictability of available mature gametes and highlights the need for standardized phenological protocols for different populations and species across the Mediterranean Sea.

In order to ensure comparability of future phenological studies, here we propose a cost-effective and user-friendly protocol for monitoring the reproductive phenology applicable to all Cystoseira s.l. species. The aim of the proposed protocol is to guide restoration actions by detecting the optimal periods for sampling of fertile branches across the Mediterranean Sea.





Materials and equipment




Material: reproductive structures in Cystoseira s.l.

Implementation of the protocol requires familiarity with the reproductive structures of Cystoseira s.l. and capacity to recognize their stages of maturation. All members of the order Fucales (to which Cystoseira s.l. belong) have a diplontic monophasic life history, with only one diploid generation and gametic meiosis (Gómez Garreta et al., 2001; Heesch et al., 2021). The reproductive structures are swellings called receptacles, which may be formed either in apical or intercalary portions of the branches, depending on the species (Figure 1). Details of the morphology of receptacles of Mediterranean Cystoseira s.l., including pictures useful to recognize them, are available in Valiante (1883), Gómez Garreta et al. (2001) and Cormaci et al. (2012).




Figure 1 | Gongolaria barbata (A) A thallus bearing mature receptacles; (B) detail of mature receptacles.



Cavities known as conceptacles are sunken into the surfaces of receptacles, with only an open pore (ostiole) visible from the receptacle surface (Graham et al., 2016). Each conceptacle contains oogonia (female gametangia), antheridia (male gametangia) and some sterile branched hairs called paraphyses. All species of Cystoseira s.l. are monoecious; the conceptacles are hermaphroditic and contain both oogonia and antheridia (Figure 2A). In some species, however, unisexual thalli are known to occur: male thalli containing only antheridial conceptacles exist in Gongolaria barbata (Stackhouse) Kuntze (Sauvageau, 1912; Martini and Rindi, pers. obs.; Figure 2B), whereas female thalli containing only oogonial conceptacles have been reported for Ericaria amentacea (C. Agardh) Molinari & Guiry, Ericaria mediterranea (Sauvageau) Molinari & Guiry, Ericaria selaginoides (Linnaeus) Molinari & Guiry and Gongolaria montagnei (J. Agardh) Kuntze (Sauvageau, 1912). For some species, different conceptacles within the same receptacle have been documented (e.g., for Cystoseira compressa (Esper) Gerloff & Nizamuddin, Sauvageau (1912) recorded male, female and hermaphroditic conceptacles in a same receptacle).




Figure 2 | Gongolaria barbata (A) cross section of a hermaphroditic receptacle; (B) cross section of an antheridial conceptacle; (C) detail of some oogonia; (D) detail of an antheridial conceptacle. Scale bars: (A, B) 200 μm; (C, D) 50 μm.



When mature, each conceptacle contains several oogonia (5-6 to about 12, the number varying among species). Typically, the oogonia observed in a conceptacle are in different stages of maturation. The oogonia are produced in the part of the conceptacle opposite to the ostiole, and a ring of antheridial branches occurs in the part near the ostiole (Guern, 1962). The oogonia are easily recognized in cross sections as dark masses with spherical, ovoid or elongated shape (Figure 2C). Each oogonium produces a single egg cell, spherical (90-130 μm in diameter) or ovoid (110-130 x 140-180 μm) in shape. The antheridia are ovoid to club-shaped; they are borne on hair-like antheridial branches and contain 64 antherozoids (male gametes). In some species (e.g., Gongolaria barbata) each antherozoid encloses a stigma formed by carotenoid pigments, in which case the colored dots of the antherozoids give the antheridial layer a distinctive brownish orange color (Figure 2D). In other species (e.g., Cystoseira compressa) the stigma is lacking and the antheridia form a greyish layer, in which case they may be difficult to distinguish from paraphyses (Guern, 1962).





Equipment

The protocol requires both field and laboratory work. For the fieldwork, standard equipment for snorkelling or SCUBA diving is required, depending on the depth at which the population to monitor occurs. For species growing in the infralittoral fringe or in littoral rockpools (e.g., Cystoseira compressa, Ericaria amentacea) wellington boots or waders may be sufficient if monitoring is performed in conditions of low tide. In this case, however, care should be taken not to trample or cause any other damage to Cystoseira s.l. thalli. Writing boards are necessary to annotate the fertility data collected by underwater observation. Sealable ziploc bags or plastic containers are necessary to store the receptacles collected for the maturity assessment until transfer to the laboratory.

Laboratory work requires stereoscopes and light microscopes. Sharp tools such as razor blades or scalpels are necessary to cut thin sections of the receptacles collected. Standard laboratory glassware (slides and coverslips) is required for the microscopic observation of the sections. If possible, it is highly recommended to have a digital camera connected to the light microscope used for the observation. This will allow to obtain high-quality pictures of the sections examined, documenting photographically their level of maturity.






Method

Based on a careful assessment, an appropriate donor population should be selected before to start a restoration action. The donor population should be extensive and dense, ideally with a more or less continuous cover extending for many tens to hundreds of square meters.

The monitoring of the population should be carried out at monthly intervals, at minimum over a whole annual cycle (12 months). However, we recommend that it should be continued as long as funding, workforce available and other logistical considerations allow. Two variables are quantified: fertility and maturity.




Fertility

Fertility is the reproductive variable that defines the amount of receptacles present. It is measured individually for a thallus as percentage of branches bearing receptacles over the total branches of the thallus. The branches to consider for this are the last order branches (Figure 3). Five categories of fertility are defined, based on the following scale:




Figure 3 | Fertility in Gongolaria barbata (A, B) and Ericaria crinita (C, D). Tips of branches delimited by brown ovals bear receptacles. In Gongolaria barbata fertility level is F1 (< 25% of the branches bearing receptacles); in Ericaria crinita it is F4 (> 75% of the branches bearing receptacles). (A) Thallus of Gongolaria barbata; (B) receptacles of Gongolaria barbata; (C) thallus of Ericaria crinita; (D) receptacles of Ericaria crinita. Adapted from Ercegović (1952).



NF: non fertile, a thallus devoid of receptacles;

F1: < 25% of the branches bears receptacles;

F2: 25 to 50% of the branches bears receptacles;

F3: 50 to 75% of the branches bears receptacles;

F4: > 75% of the branches bears receptacles.

Presence or absence of the receptacles is assessed visually in the field. A number of thalli between 50 and 100 should be checked for fertility, although a lower number can be used in particular cases (e.g., small populations or circumstances that allow to spend only a short time in the field); it should, however, never be lower than 20. The thalli to check must be selected randomly, ensuring that their distribution is spatially well spread within the population. If a Cystoseira s.l. forest extends over a large area, it is possible that different parts of the population may be subjected to somewhat different environmental conditions. In this case, production of receptacles and maturation of gametes might be shifted at different times in different parts of the population.





Maturity

Maturity is the reproductive variable that refers to the developmental stage of the gametangia. It is assessed in the laboratory by microscopic observation.

In the field, receptacles are collected from some of the thalli selected for the fertility check. The number of thalli from which the receptacles are collected will depend on the extent of the population and the total number of thalli present. To avoid a strong impact on the reproductive potential of the donor population, no more than 5% of the total receptacles in the population should be collected. In general, 5 to 10 thalli should be sampled. Adult and fully developed thalli, ideally bearing a large number of receptacles, are to be preferred. In the field they should not be clustered, but widely spread over the whole extent of the population. Two-three receptacles should be collected from each thallus.

Upon collection, the receptacles must be placed in sealable ziploc bags or plastic containers (receptacles from different thalli must be placed in separate ziploc bags, individually numbered) without seawater but keeping them moist. The bags are then transferred to the laboratory, where the receptacles are checked under a stereoscope and sectioned. This should be done within the same day of collection; if not possible, the bags can be stored in a cool and dark place until processing (e.g., in a fridge for a maximum of 24-48 hours). If a fast check is not possible, the material can be placed in a freezer and stored for a longer period. Whenever possible, however, this should be avoided, since defrosting will damage the reproductive structures (especially delicate ones, such as the antheridia), making the assessment more problematic.

In the laboratory, thin transversal sections of the receptacles should be cut using a razor blade or a scalpel. It is recommended to make sections of all two-three receptacles collected from each thallus. The sections should be cut in the median portions of the receptacles (Figure 4A). Since not all conceptacles within a receptacle may be exactly at the same stage of maturity, it is recommended to cut several sections of the same receptacle (at least three-four, Figure 4B).




Figure 4 | Gongolaria barbata (A) a mature receptacle; dotted lines indicate the median parts of the receptacle, where sections should be cut; (B) the same receptacle after 5 sections have been cut. Scale bars: 1 cm.



In the sections, the level of maturity will be assessed by noting the amount (number) and size of the oogonia. In the specific case of Gongolaria barbata, for which male specimens have been recorded in some populations, it is also recommendable to note if the conceptacles examined are hermaphroditic or antheridial.

The following three levels of maturity are defined:

	Initial: the oogonia are not yet formed or they are still small, immature and in small numbers (Figures 5A, B);

	Medium: the oogonia are in phase of development, in part mature and in part immature (Figures 5C, D);

	Mature: the oogonia are numerous, mostly large and mature (Figures 5E, F).






Figure 5 | Cross sections illustrating maturity levels in receptacles of Gongolaria barbata and Ericaria barbatula (A) initial stage in G. barbata; (B) initial stage in E. barbatula; (C) medium stage in G. barbata; (D) medium stage in E. barbatula; (E) mature stage in G. barbata; (F) mature stage in E. barbatula; (G) antheridial conceptacle in G. barbata. Scale bars: (A–G): 200 μm; (B, F): 500 μm.



For Gongolaria barbata, attention should be paid not to confuse immature hermaphroditic conceptacles with antheridial conceptacles (Figure 5G). If male thalli occur in a population of Gongolaria barbata selected for monitoring, mature antheridial should be added as a fourth category to the three defined for the hermaphroditic conceptacles (Figure 5G).

The level of maturity is recorded for all receptacles collected. If different numbers of receptacles are collected in different monitoring dates (or from different sites), the maturity data will be best presented as percentages of receptacles belonging to the three categories defined above.






Results: a case study of monitoring

As example of application of the proposed protocol, we present here phenological data collected in a 13-months survey for a population of Gongolaria barbata of the central Adriatic shore (Piscinetta del Passetto, Ancona, Italy; 43°37’09” N, 13°31’54” E). The site is a shallow inlet 1-1.5 m deep, partially sheltered by a natural reef; its bedrock hosts a population of Gongolaria barbata consisting of a few hundreds of thalli. Vegetative and reproductive phenology were monitored from January 2022 to January 2023 at approximately monthly intervals (13 sampling dates: 15 January 2022; 16 February 2022; 14 March 2022; 27 April 2022; 12 May 2022; 14 June 2022; 20 July 2022; 22 August 2022; 3 October 2022; 26 October 2022; 17 November 2022; 8 December 2022; 6 January 2023). In each sampling date, fertility was assessed snorkelling by visual assessment of 20 randomly selected thalli. Two-three receptacles were randomly collected from 10 out of the 20 selected thalli for which fertility was assessed. The collected receptacles, placed in separate ziploc bags, were examined in the laboratory on the same day or the day after, and their level of maturity was determined by microscopic observation.

Results are shown in Figure 6. The highest levels of fertility were recorded in April and May 2022, when respectively 90% and 100% of the sampled thalli were in the fertility category 4 (> 75% of the branches bearing receptacles) (Figure 6A). In terms of maturity, receptacles occurred in the studied population throughout the whole study period except in July and August 2022. These months correspond to the annual highest sea surface temperatures recorded at the study site (26-28°C). At this time, the Gongolaria barbata specimens shed most of their branches, resulting in the reduced habitat devoid of receptacles typical of this species in summer months.




Figure 6 | Reproductive phenology patterns detected in the monitored population of Gongolaria barbata from the Piscinetta del Passetto in the period January 2022-January 2023. Temperature values recorded in sampling dates from March 2022 to January 2023 are reported. (A) Fertility (B) maturity.



Microscopic examination of the receptacles showed that the studied population of Gongolaria barbata consisted of both hermaphroditic and male individuals (Figure 6B). Hermaphroditic thalli in medium or full stage of maturity were recorded throughout the study period except for July and August 2022 (when conceptacles were lacking). The peak of maturity was reached in May and November 2022, when fully mature hermaphroditic conceptacles were found in 70% of the sampled thalli. Male thalli bearing only antheridial conceptacles were recorded in all sampling dates in which receptacles were present; in some dates they represented approximately 50% of the sampled thalli (January 2022, March 2022 and January 2023). They were easily recognized as the mature antheridia formed a dense brownish orange layer on the internal surface of the conceptacles.

The reproductive phenology of Gongolaria barbata in the Piscinetta del Passetto agrees with information reported for this species in the literature. In Mediterranean populations of this species, gamete maturation and release take place mostly in spring and early summer (Sauvageau, 1912; Hamel, 1931; Ercegović, 1952; Marzocchi et al., 2003; Cebrian et al., 2021). In the case of the Piscinetta population, however, fertility and full maturity were extended to a much wider temporal span, including autumn and winter months. A remarkable feature of the studied population was the abundance of male thalli. To our knowledge, this phenomenon had previously been reported only by Sauvageau (1912) for populations from Banyuls-sur-Mer, France.





Discussion

Phenological monitoring of Cystoseira s.l. is crucial to detect in what period of the year populations develop reproductive structures. These data allow assessing fertility and maturity patterns for Cystoseira s.l. species/populations and provide indications about the environmental factors influencing the onset of gametogenesis. The protocol presented here is a user-friendly, easily reproducible tool responding to this need. It is primarily designed for marine scientists based in the Mediterranean area and involved in conservation and restoration of brown algal forests. However, with some preliminary training it can also be used by people who are not professional marine botanists, such as undergraduate students, staff of environmental protection agencies or citizen scientists. Although designed for restoration purposes, this protocol will also be useful for studies with different focus (e.g., reproductive responses of these seaweeds to future climatic changes) (see, for example, Monserrat et al., 2022). In this sense, the proposed protocol could be also applied to other fucoid species (such are Sargassum sp. or Fucus sp. genera among others), which also have an important role as habitat formers of underwater marine macroalgae forests (e.g., Coleman and Wernberg, 2017) and suffer regional declines (Mangialajo et al., 2008). In fact, those genera have been target in several phenological studies, however, although most of them have focused on the % of the plants being reproductive (Frequency of reproductive thalli)(Coleman and Brawley, 2005; El Atouani et al., 2021), fertility and maturity of conceptacles is usually disregarded. In this sense, we show that similar values in the percentage of fertile individuals in spring-early summer can mask very different values of fertility and maturity, leading to different reproductive potential among months. In terms of preliminary knowledge, a prerequisite is familiarity with the habit of receptacles and capacity to recognize them in the field. For this, useful descriptions and iconography can be found in references available from the web (Valiante, 1883: https://www.algaebase.org/search/bibliography/detail/?biblio_id=48364; Cormaci et al., 2012: https://www.algaebase.org/search/bibliography/detail/?biblio_id=50107).

For the assessment of fertility, estimation of the percentage of branches bearing receptacles may represent a partial source of uncertainty, since it may be influenced by observer-related subjectivity (and, even for the same observer, it may be subject to variation depending on the environmental conditions, i.e., sampling carried out in warm or cold water). For this reason, fertility is quantified in terms of five semi-quantitative categories, instead of exact percentage. This substantially reduces the risk of errors and ensures comparability of measurements taken by different observers.

Assessment of maturity is based on abundance and size of oogonia, for which presence and level of maturity are easily assessed by microscopical observation of cross sections (Figures 2, 5). For Gongolaria barbata, as previously mentioned, care should also be taken not to mistake antheridial conceptacles with immature hermaphroditic conceptacles. If accidentally only male receptacles are collected and used for a restoration action, fertilization will not take place and the operation will result into a complete failure.

We strongly recommend that for each monitoring date some important environmental data should be measured and reported, in particular seawater temperature and photoperiod. This information will allow to infer possible correlations between key abiotic factors and the onset of reproduction in the population monitored. Many experimental studies and field observations have shown that light, temperature or their combination play a key role in triggering the onset of fertility in temperate seaweeds (Liu et al., 2017 and references therein). A series of papers, predominantly addressing fertility in red and brown algae under laboratory conditions, highlighted the importance of photoperiod (daylength) and temperature as the most important environmental factors controlling reproduction in most seaweeds (Liu et al., 2017). For Mediterranean Cystoseira s.l., unfortunately, studies of this type are still very limited. Orfanidis (1991) showed that Gongolaria barbata (as former Cystoseira barbata) from the northern Aegean Sea was able to survive between -1°C and 30°C, growing optimally between 10°C and 20°C; he was, however, not able to induce fertility in the specimens used for his experiments. Recently, Papadimitriou et al. (2022), based on laboratory experiments, demonstrated that in Ericaria barbatula (Kützing) Molinari & Guiry formation of receptacles and fertilization took place only in short day conditions. This was the first study documenting a photoperiodic effect in a Mediterranean Cystoseira s.l. species. The presence of a few receptacles throughout the cultivating period under SD conditions is consistent with mature receptacles being found in the branches of a few specimens on September 27, 2015, which were collected from Cape Vrasidas, the same site as the material used in the present study. Throughout the entire year, fertile fronds seem not to be rare, since they have also been found in Ericaria abies-marina, which is morphologically similar to Ericaria barbatula, on the island of Gran Canaria (Valdazo et al., 2020).

Temperature may play an especially important role in restoration projects, as it may deeply affect both gametogenesis and survival of juvenile specimens. In the last decades, marine heatwaves (MHW) have become increasingly frequent in many Mediterranean regions. These phenomena strongly affect a multitude of benthic organisms, causing mass mortalities (Garrabou et al., 2022). If a MHW or some other thermal anomaly takes place at the time of gametogenesis of a Cystoseira s.l. population, reproduction and recruitment will be compromised. Bearing in mind that intensity and frequency of MHW are expected to increase, their consequences on the vegetative and reproductive phenology of Cystoseira s.l. could potentially impact the functioning of marine Mediterranean shallow rocky bottoms. MHW will also have disruptive effects if they take place shortly after a reproductive period, when numerous juvenile individuals are present. Germlings and juvenile thalli are typically the most sensitive stages in the life history of these seaweeds and are impacted by environmental disturbances much more heavily than adult specimens (de Caralt et al., 2020; Verdura et al., 2021).

Temperature can be measured using a portable temperature sensor or, if possible, a logger fixed in situ providing measurements at short time intervals (such as HOBO data loggers). Although not strictly necessary, data for additional variables such as light irradiance, salinity, nutrients and sediment load are also desirable. These will better define the environmental conditions in which gametangia reach maturation. We stress, however, that data of environmental variables collected in previous years should not be used as an absolute reference to guide restoration actions. Year-to-year variation in reproductive potential attributed to thermal anomalies have been documented: as an example, Bevilacqua et al. (2019) reported that in 2019 a population of Gongolaria barbata of the Gulf of Trieste became reproductive three months earlier than expected; the same population did not reproduce at all in the two subsequent years. A successful restoration action requires accurate knowledge of the reproductive phenology of the donor population shortly before the action is planned. We recommend that the protocol presented here should become a tool of widespread use for this purpose.
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The worldwide decline of macroalgal forests is raising major concerns for the potentially negative consequences on biodiversity and ecosystem functions, pushing for the definition of specific conservation and restoration measures. Protecting and restoring these habitats requires detailed information on their distribution, ecological status, and drivers of decline. Here, we provide the most updated available information on the distribution of Mediterranean Cystoseira s.l. forests by conducting a comprehensive bibliographic survey of literature published from 2009 to 2021, complemented by unpublished data. We also provide insights into the ecological status of these forests and the stressors affecting them across the Mediterranean basin. Our results show that most Mediterranean coasts remain un(der)studied and that the available information is concentrated in spatially limited coastal areas, restricted to very few species. When the ecological status is reported, data is highly heterogeneous, making any comparisons problematic, what claims for the description and use of easy and standardized monitoring methods for comparative purposes. Drivers of decline of Cystoseira s.l. forest have been even less investigated and, therefore, still poorly characterized. Our results highlight that our current knowledge is still insufficient to implement effective conservation and restoration strategies at the basin scale but also regionally. We call for the urgent need for mapping and standardized monitoring of Cystoseira s.l. forests to obtain baseline information for future management strategies involving their conservation, the mitigation of the stressors threatening them and the restoration of the degraded forests.
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1 Introduction

Marine algal forests are typically dominated by brown canopy-forming macroalgae from the Orders Laminariales, Fucales, Tilopteridales and Desmarestiales. These habitats produce important biomass and create 3D structures of high fractal complexity that host and feed a myriad of associated species (e.g., Cheminée et al., 2013; Teagle et al., 2017). Thus, these forests represent some of the most productive and biodiverse coastal marine ecosystems in temperate and polar regions on the planet (Mann, 1973; Steneck et al., 2002) while also providing essential ecosystem goods and services for human society (Smale et al., 2013). Canopy-forming macroalgal species exhibit a great diversity of growth forms, life strategies and environmental requirements; therefore, forest-forming species vary among regions worldwide. Temperate and Arctic rocky coastlines are mostly dominated by different species of kelps (Laminariales) (Wernberg et al., 2019). In the Mediterranean Sea, different macroalgal (Fucales) species, mainly of the genera Cystoseira, Ericaria and Gongolaria (Orellana et al., 2019; Molinari-Novoa and Guiry, 2020) (hereafter reported as Cystoseira s.l.) shape rocky seascapes from the upper infralittoral to the upper circalittoral zones (Giaccone and Bruni, 1973).

Globally, many brown canopy-forming macroalgal species are increasingly affected in several regions by the cumulative impacts of local and global anthropogenic stressors which raises major concern for their conservation (e.g., Johnson et al., 2011; Smale and Wernberg, 2013; Wernberg et al., 2013; Thibaut et al., 2015; Araújo et al., 2016; Smale, 2020). Their loss often triggers a transition towards less diverse and productive habitats, such as sea urchin barrens or turf-dominated grounds, in which stabilizing feedback processes reinforce their persistence (Thibaut et al., 2005; Ling et al., 2015; Filbee-Dexter and Wernberg, 2018). Specifically, Cystoseira s.l. species are highly vulnerable to several human disturbances. Indeed, widespread declines in their distribution throughout the Mediterranean basin have been reported, mainly linked to habitat destruction, overgrazing and deterioration in water quality (Munda, 1993; Thibaut et al., 2005; Bianchi et al., 2014; Mariani et al., 2019). Some (if not many) species may also be sensitive to global change, for example, ocean warming (e.g., Verdura et al., 2021; Mulas et al., 2022). In response, since the 1980s and 1990s, some efforts aimed at the conservation of Cystoseira s.l. forests have been made, such as stablishing protection status (e.g., being listed as threatened or endangered species in the Annex II of the Barcelona Convention; UNEP/MAP, 2013), or requiring the local mitigation of human pressures (e.g., sewage treatment management plans; Pinedo et al., 2013). However, despite these efforts, the natural recovery of Cystoseira s.l. forests is frequently unachievable. Although isolated instances of natural recolonization have been documented (Iveša et al., 2016; Zavodnik et al., 2020), the overall limited dispersal ability of these species and the scarcity of nearby propagules likely impede this process (Iveša et al., 2016; Zavodnik et al., 2020), suggesting the need for active restoration.

With the increasing awareness of the need for natural ecosystems conservation and concern about human threats, ecological restoration has been included in the policy agenda at global, regional, and national levels, especially following the objectives of different initiatives, such as the UN decade on Ecosystem Restoration (Waltham et al., 2020) or the EU Biodiversity Strategy for 2030 (EC, 2020) and the proposed UE Nature Restoration Law (EC, 2022). Macroalgal restoration attempts are less common than those for other marine habitats (Duarte et al., 2020; Fraschetti et al., 2021). However, during the last decade, macroalgae restoration knowledge has significantly progressed through an increasing number of funded projects in the Mediterranean Sea (e.g., AFRIMED, ROC-POPLife or MERCES EU projects), as well as in other areas of the world (e.g., the Green Gravel or Operation Crayweed projects). These projects have provided different methodologies and protocols leading to the recovery of structural habitat-forming species (e.g., Cystoseira s.l., Phyllospora comosa or Saccharina latissima) as a herald for the recovery of overall associated biodiversity and ecosystem functions, showing active restoration as a potential successful tool to recover marine forests (Layton et al., 2020; Cebrian et al., 2021; Eger et al., 2022; Galobart et al., 2023).

Site prioritization is one of the first challenges for successful restoration outcomes (McDonald et al., 2016). Site selection can be crucial in marine ecosystems to achieving the restoration targets and reducing costs (Bayraktarov et al., 2016; Fraschetti et al., 2021). The primary eligibility criteria for spatial prioritizing restoration sites should be based on the historical presence of the habitat or species targeted for restoration. Equal importance should be given to assessing the suitability of the current and future biotic conditions, such as the presence of potentially harmful invasive species or herbivory pressure, as well as abiotic conditions, such as bottom type, hydrodynamics, or sea-water temperature, within the selected area (Fabbrizzi et al., 2023; Smith et al., 2023). Crucial information to consider thus includes fine-scale data on the past and present distribution of the species, as well as the ecological status of populations. It is also important to identify the causal stressor/s responsible for population declines (Gann et al., 2019). Nonetheless, comprehensive knowledge concerning marine forests is generally limited to a few species and regions with mostly short-time data series, primarily due to the scarcity of long-term monitoring and limited cartographic information about these habitats (Krumhansl et al., 2016).

The Mediterranean Sea is not exempt from this prevailing trend. Remarkable efforts have been dedicated to the compilation of historical and contemporary records in specific regions of France (Thibaut et al., 2005; Thibaut et al., 2014; Thibaut et al., 2015; Thibaut et al., 2016; Blanfuné et al., 2016a, Blanfuné et al., 2019), Catalonia (Mariani et al., 2019), Italy (Tamburello et al., 2022; Rendina et al., 2023), Croatia (Iveša et al., 2014, Iveša et al., 2016) and Montenegro (Mačić and Antolić, 2015). The information acquired holds significant value; however, the process of data acquisition is often arduous due to the need for screening technical reports, monitoring programs, herbarium specimens, scientific literature, and unpublished data from experts and projects. Regrettably, the only studies collecting and mapping all available data (considering historical and present records from 1985 to 2018) regarding the occurrences of Cystoseira s.l. forests across the Mediterranean Sea, indicate that such knowledge is only accessible for approximately 15% of the Mediterranean coasts (Fabbrizzi et al., 2020; Fabbrizzi et al., 2023). In this context, despite having a broad view of the historical and current distribution knowledge, a comprehensive overview of the available and updated knowledge on Cystoseira species’ current distribution, ecological status, and the stressing factors contributing to their decline across the Mediterranean basin is lacking. Furthermore, the distribution and intensity of local and global stressors responsible for population collapse have rarely been validated on case-by-case (Mancuso et al., 2018; Mariani et al., 2019). Finally, this critical knowledge gap across Mediterranean regions hampers our capacity to effectively manage and restore these habitats in a rapidly changing ocean.

In this context, through a systematic scientific literature review and the exploitation of unpublished data together with expert judgment, this work provides a picture of the updated (from 2009) and accessible knowledge about Cystoseira s.l. forests at the Mediterranean scale. More especially, we aim to (1) provide a complete overview of the updated available information on the distribution and ecological status of Cystoseira s.l. forests, (2) identify the drivers of Cystoseira s.l. forests loss, and (3) determine any geographic pattern of these drivers. With the final aim to optimize future management, conservation, and restoration efforts on these ecosystems, our results may be used as an essential baseline to determine which features (e.g., species, stressors, etc.) and areas show major gaps, allowing the identification of where more investments are needed to allocate funds, monitoring and sampling effort (e.g., mapping; Fabbrizzi et al., 2020; Fabbrizzi et al., 2023). Moreover, it can also assist in determining where to focus on impact mitigation and where restoration and conservation plans should be prioritized.




2 Materials and methods



2.1 Information search



2.1.1 Systematic bibliographic assessment

We performed a systematic literature review consisting of (1) relevant article identification, (2) eligibility evaluation and (3) detailed revision of selected articles. The article identification was conducted using three databases: Web of Science (WoS), SCOPUS, and ScienceDirect, limiting the search to peer-reviewed articles published from 2009 to 2021 (cut-off dates 1st January 2009 and 31st December 2021 specifically). The starting cut-off date was decided according to the aim of assessing the current state of Cystoseira s.l. forests, and thus, avoiding older publications that might contain outdated data. WoS facilitates access to different databases and searches the parameters screening in the Title, the Abstract and the Keywords. SCOPUS and ScienceDirect were used to search the parameters within the Title, the Abstract, the Keywords, and the Text. The search query used was the same for the three databases. It was designed to return generic results:

(“Cystoseira” AND “Mediterranean”) OR (“Canopy” AND “Algae” AND “Mediterranean”).

Given the fact that the taxonomy of Cystoseira s.l. has been in constant change during the last few years (Orellana et al., 2019; Molinari-Novoa and Guiry, 2020; Neiva et al., 2022), we performed four consecutive searches each time replacing the word “Cystoseira” by “Carpodesmia”, “Treptacantha”, “Ericaria” and “Gongolaria”. Due to this reinstatement, most of the species’ names used in the revised publications before 2020 are no longer accepted, and thus accepted species names, according to AlgaeBase (Molinari-Novoa and Guiry, 2020), are used in the present study.

The articles identified by the different searches and databases were combined, and duplicates were excluded manually using the EndNote software. After that, we conducted an eligibility evaluation to assess the articles’ suitability for data extraction. This step consisted of screening the abstract, where a first assessment was carried out, and if favourable, an in-depth check of the articles followed. Articles were excluded when: (a) the study area was not within the Mediterranean Sea, (b) the article studied canopy-forming algae other than Cystoseira s.l., (c) no specific geographical information of Cystoseira s.l. populations was provided, and (d) authors used the same sampling site to conduct different studies and published more than one article. When the latter was detected, the articles were regarded as duplicates; hence, only one of the different articles was kept for data extraction. As a result, 138 articles were used for data extraction.




2.1.2 Complementary search and personal communications

Some areas of the Mediterranean Sea were underrepresented in terms of data availability. This unbalance might be due to certain studies being published in local or regional journals (often non-indexed) or/and in the country’s official language and, therefore, may have gone unnoticed by the databases used in the first systematic search. To balance these differences, subsequent searches using Google Scholar and targeting those specific areas were carried out. Citations in the articles reviewed were also checked when considered relevant. This search added 15 articles to those previously selected.

Lastly, all authors contributed data, encompassing extensions of existing datasets from prior publications or technical reports. These data sources encompassed a broad spectrum, including information from monitoring programs and frequently sampled areas from various national and international projects.





2.2 Data extraction

To map the reported knowledge on the distribution, ecological status, and stressors of Cystoseira s.l. forests, key information was extracted from each article when available: Cystoseira s.l. species, geographical information (including coordinates, site name, region, country), ecological status (Good, Moderate, Bad), presence of stressors and stressor type, dynamics of the population (Increased, Stable, Decreased abundance) and sampling year.

When coordinates were not provided, location names were searched on websites and georeferenced using QGIS 3.26 software, allowing the extraction of coordinates with the same program. When sampling points were only provided in a figure map, points were manually georeferenced using QGIS 3.26 software. To identify regional geographical differences, the Mediterranean Sea was divided into eight sub-basins, following the framework proposed by Teruzzi et al. (2011) with a few minor modifications. These adjustments were made considering the regional identification from our bibliographic research, where Adriatic Sea is considered as a single sub-basin and the entire Balearic archipelago is considered into the same sub-basin.

The ecological status of populations was derived from different types of variables. Some articles used numerical variables, while others used categorical ones. Categorical data consisted of descriptions and were highly heterogeneous. As a rule, if a population was described as “forest”, “continuous belt”, or “dominant”, it was classified as Good; if it was described as “patches”, it was classified as Moderate; and if it was described as “Scattered individuals”, “Barren ground”, or “Absent after a population extinction” it was classified as Bad. The georeferenced points reporting the absence of Cystoseira s.l. species but not specifying the reason, were excluded from this analysis. The numerical variables were wet weight per unit area, density (number of thalli per surface), or percentage cover of individuals, the latter being the most common. Different thresholds were set for each of these variables to classify the numeric values into the three established categories in this study. The criteria details used to classify the extracted data into the three categories of ecological status (Good, Moderate, or Bad) are described in Table 1.


Table 1 | Criteria used to classify the different data obtained through different variables within the three ecological states established in this study: Poor, Moderate, and Good.



Information about the presence or absence and the type of stressors affecting Cystoseira s.l. populations were also extracted from the articles, when available. Different types of stressors were classified into different categories, defined in Table 2.


Table 2 | Classification of the different reported stressors within the established “stressor categories” in this study.






2.3 Data processing and representation

The resulting database consisted of georeferenced points with different attributes. These points were projected into a map using the Geographic Information System (GIS) software QGIS 3.26. The coordinate representation system used was WGS84 (EPSG: 4326). The spatial data were processed using ArcGIS Pro 3.0.0 software, and all graphics were generated using ggplot2 package (Wickham, 2016) in the statistical environment R (R Core Team, 2019). The spatial analysis consisted of assessing (1) data availability, (2) ecological status, and (3) stressor occurrence.



2.3.1 Data availability

To study the spatial availability of the compiled data, a grid of 10 km x 10 km was projected on a map of the Mediterranean Sea, and then only the cells that intersected with the coastline were kept. Each cell was assigned a distinct colour based on the number of georeferenced points it encompassed (Figure 1). The number of occurrences (presence, absence, and extinction) per Cystoseira s.l. species was also represented in a bar plot (Figure 2).




Figure 1 | Data availability. Distribution of all sampled points of Cystoseira s.l. populations along the Mediterranean basin that have been obtained in the data extraction process. In the map, each square encompasses an area of 10 km2, the colour of which represents the number of sampling points within the given area. The different divisions represent the Mediterranean sub-basins defined in this study (modified from Terruzi et al., 2011): Alb: Alboran Sea, NWM: North-Western Mediterranean, SWM: South-Western Mediterranean, Tyr: Tyrrhenian Sea, Adr: Adriatic Sea, Ion: Ionian Sea, Aeg: Aegean Sea, Lev: Levantine Sea.






Figure 2 | Number of reported occurrences (including past and present presence and absence) of Cystoseira s.l. species, based on the available data.






2.3.2 Ecological status

The points that contained information about the ecological status of Cystoseira s.l. assemblages were classified as Poor, Moderate or Good (Table 1), as explained above. A numerical value was given for each ecological status category; the locations with “Poor” ecological status were given a value of 1, “Moderate” a value of 2, and “Good” a value of 3. Using the same grid described in the Data availability section (2.3.1), the average ecological status was calculated in each cell (Figure 3). The values obtained were rounded to the closest integer. Supplementary Materials S4 contains more detailed maps of occurrences with associated ecological information. Specifically, for regions exhibiting a higher density of points, the ecological value attributed to each individual point is presented. Finally, the number of points of each ecological status category and the number of points without ecological status information (Unknown category) were also represented per sub-basins in a bar plot (Figure 4).




Figure 3 | Ecological status. Distribution of the sampling points reporting information regarding the ecological status of Cystoseira s.l. populations along the Mediterranean basin that have been obtained in the data extraction process. Each square encompasses an area of 10 km2, the colour of which shows the mean ecological status of the different points within the given area. The mean ecological status value has been obtained from the average value of the ecological status of the different sampling points that are located within the area of each square. The different divisions represent the Mediterranean sub-basins defined in this study (modified from Terruzi et al., 2011): Alb: Alboran Sea, NWM: North-Western Mediterranean, SWM: South-Western Mediterranean, Tyr: Tyrrhenian Sea, Adr: Adriatic Sea, Ion: Ionian Sea, Aeg: Aegean Sea, Lev: Levantine Sea.






Figure 4 | Number of points reporting the past or present presence of Cystoseira s.l. forest in the different sub-basins classified within the different categories of ecological status (Good, Moderate and Poor), based on the extracted data. Those points reporting the presence of Cystoseira s.l. forest but not mentioning the ecological status of the forest are classified within “Unknown” category in the graph. Alb: Alboran Sea, NWM: North-Western Mediterranean, SWM: South-Western Mediterranean, Tyr: Tyrrhenian Sea, Adr: Adriatic Sea, Ion: Ionian Sea, Aeg: Aegean Sea, Lev: Levantine Sea.






2.3.3 Stressor occurrence and expected trends

We identified 590 points reporting information about stressors (or their absence) impacting Cystoseira s.l. populations. It is worth noting that one point could be impacted by more than one stressor category. To study the density of each stressor at a Mediterranean scale, we conducted a Kernel density estimation of each stressor. Kernel density estimation is a technique used to estimate the probability density function of a set of data points (Silverman, 1998). It fits a smoothly curved surface over each point, where the surface value is the highest at the point location and decreases moving away from it until reaching the Search radius (r). The search radius defines the area around each point considered statistically significant for the analysis.

The density at a given location (x,y) is calculated by adding the values of all the kernel surfaces overlaying that location. The result is a continuous surface representing the data points’ density, with higher densities represented by higher surface values (Silverman, 1998).

The analysis was conducted using the “Kernel Density” tool, included in the “Spatial Analyst Tools” package of ArcGIS Pro 3.0.0, which is based on the quartic kernel function described in Silverman, 1998 [(Silverman, 1998), p.76, equation 4.5].

The formula determining the density in a particular location (x,y) is defined as follows:

	

	

Where  is the distance between point i and the location (x,y). To calculate the search radius around each point, the following formula was used:

	

Where SD is the standard distance,   is the median distance from the mean centre, and n is the number of points.

The Standard Distance is calculated using the following formula:

	

Where n is the number of points,  ,   are the coordinates for feature i, and  ,   are the coordinates of the mean centre of the group of points.

The representation of the results was restricted to 25 km from the coastline for a better interpretation.

Finally, we illustrate the occurrence of primary stressors (those frequently reported or considered to have substantial implications) in each sub-basin and outline their expected impact trends over the next 50 years (referred to as the mid-term). To do so, we combined the information collected in the present study with expert consensus in each sub-basin. Further details on collecting and evaluating expert perceptions of stressors’ future trends can be found in Supplementary Materials S1.






3 Results

The information search, including the bibliographic search and the personal information from 2009 to 2021, resulted in 1536 geographical points reporting the occurrence of Cystoseira s.l. species. The complete list of the articles reviewed is presented in Supplementary Materials S2. Based on the number of records in the literature and personal information, our results indicate that Cystoseira s.l. forests have been increasingly studied through the years (Supplementary Materials S3). However, our data also show that available information is still scarce, characterized by geographic and taxonomic bias, with a concentration in specific areas and on a limited number of species. For most Mediterranean coasts, there are no available or updated (after 2008) data on the presence or absence of Cystoseira s.l. forests. When available, data are concentrated especially in the Catalan and the Balearic coasts, some regions of the French Mediterranean coast, the north-west coasts of Corsica (NWS sub-basin), the Istrian coast (northern Adriatic Sea), and the coasts of Cyclades Islands (Aegean Sea) and Malta (Ionian Sea). Some information is available in other areas, such as the central region of the Algerian coast, some parts of the Italian, Lebanese and Cyprus coasts, and the southern shores of Spain, although with fewer reports (Figure 1). On the other hand, with few exceptions, such as the Aegean Sea, the Island of Malta, and the Israeli coast, the eastern part of the basin is the most underrepresented, especially the Ionian Sea, and the southern coasts of the Levantine Sea, which present a scarcity of sampled points (Figure 1).

Of the 1536 georeferenced points, 1361 reported the presence of at least one Cytoseira s.l. species. The absence of Cystoseira s.l. species was explicitly mentioned in 175 points. Among these, 50 points specifically indicated the absence of Cystoseira s.l. spp. as a result of local extinction, while the remaining 125 data points do not provide explicit information regarding whether the absence is attributable to natural factors or population decline. Concerning the taxonomic data quality, it is worth noting that 32% of the georeferenced points reporting past or present Cystoseira s.l. presence (450 out of 1411), are not based on species-level identification but are reported simply as Cystoseira sp. or spp. The remaining points (961 out of 1411) reported the presence or absence (due to decline) of at least one Cystoseira s.l. species, with several points reporting the occurrence of more than one species. This resulted in a total of 2382 past or present occurrences. Out of 36 Cystoseira s.l. species present in the Mediterranean Sea (Oliveras-Pla and Gómez-Garreta, 1989), we obtained occurrences for 32 species. Cystoseira compressa, Ericaria amentacea, and E. crinita were the most frequently reported species (with 353, 308 and 249 records, respectively), representing 48% of the total obtained occurrences reporting species-level information (1895 records), while 86% was reached by records of only 14 species (Figure 2). Ericaria funkii, Cystoseira masoudii and C. jabukae were the species least frequently reported, each reported only in one location (Figure 2).

Of the 1411 points reporting the present or past presence of Cystoseira s.l. forests, 1179 (83%) had available information on the ecological status of the Cystoseira s.l. populations (concerning any of the variables previously described, Table 1), among which 510 (36%) were classified as in Good ecological status, 311 (22%) Moderate, and 358 (25%) Poor (Figures 3, 4). Generally, forests in different ecological status categories have been reported in all sub-basins. However, in some sub-basins, such as the Adriatic Sea, the Aegean Sea and the Levantine Sea, the number of forests in poor ecological status predominates (Figure 4). Conversely, in the NWM, the sub-basin containing the highest number of occurrences, forests considered good ecological status are the most reported (Figure 4). For a more comprehensive view with a higher resolution of occurrences reporting ecological information and the ecological value assigned to each individual point, please refer to Supplementary Materials S4.

Information regarding stressors was the least reported in articles or personal communications. Only 590 (38%) of the occurrences (1536) provided specific information on the presence and/or the type of stressors affecting the population, while in only 5% (76) of the cases Cystoseira s.l. populations were recognized as not being threatened by any stressor. Multiple stressors were identified and grouped into different categories (see Table 2). Impacts related to water quality and habitat loss were the most reported, followed by overgrazing by sea urchins and overgrazing by invasive fishes (i.e., Siganus spp.). Despite increasing in recent years, impacts associated with climate change were reported less if compared to the aforementioned stressors, as well as other impacts, such as overgrazing by native fishes (e.g., Sarpa salpa), species competition, strong winds, and mechanical damage.

Certain spatial patterns can be observed when looking at the Kernel Density Estimations (KDE) of the reported stressors (Figure 5). Some stressors, such as water quality and habitat loss, have low-density values and are widespread along the Mediterranean coasts and follow a fairly comparable distribution: their highest occurrence was detected in the western part of the Mediterranean Sea (SWM and NWM sub-basins), but some cases were also detected at the easternmost part of the Mediterranean Sea, and in the western part of the Aegean sub-basin in the case of water quality. Despite being also somewhat scattered, the heat map indicated a higher concentration of reports on overgrazing by sea urchins in some regions of the NWM, southeastern Adriatic Sea, and the southern parts of the Aegean Sea. Finally, stressors related to climate change and overgrazing by invasive species showed a strong zonation pattern, especially the latter, which was restricted to a small area of the Cyclades Islands (Aegean Sea) and the northern Israeli coast. KDE values of overgrazing are not necessarily representative of the true extent of grazing pressure and are associated with the high availability of data in the Cyclades Islands (Sala et al., 2011; Nikolaou et al., 2023). KDE values show that climate change has higher density values in the Levantine part of the Mediterranean Sea, but also in the northern part of the Adriatic Sea, coinciding with the northernmost and coldest part of the Mediterranean Sea (Bianchi and Morri, 2000) and of the distribution of Cystoseira s.l. species. It is imperative to emphasize that in Figure 5, the areas depicted as lacking a specific stressor do not necessarily indicate its absence, as this outcome may also be attributed to the lack of documentation of the said stressor.




Figure 5 | Stressors. Kernel density map of the main reported stressors of Cystoseira s.l. population along the Mediterranean Sea, based on the available data. The red colour on each map indicates the highest density associated with the areas with the highest reporting frequency and intensity of each stressor, from left to right and from top to bottom: Water quality, Habitat destruction, Climate change, Overgrazing by all species, Overgrazing by sea urchins and Overgrazing by invasive fish species. It is important to note that areas depicted as lacking a specific stressor do not necessarily indicate its absence, as this outcome may also be attributed to the lack of documentation of the said stressor.



In terms of stressor presence and their expected impacts, none of the sub-basins is expected to witness an amelioration in any of the considered stressors, except for overgrazing by Sarpa salpa in the Aegean sub-basin, likely due to the out-competence with invasive fish species (Figure 6). Furthermore, there is a prevailing perception that the effects of global stressors will intensify across the entire Mediterranean Sea, with particular emphasis on the easternmost basins (Figure 6).




Figure 6 | Presence of the reported stressors per sub-basin and expected direction of change based on the extracted data and expert judgment. Alb: Alboran Sea, NWM: North-Western Mediterranean, SWM: South-Western Mediterranean, Tyr: Tyrrhenian Sea, Adr: Adriatic Sea, Ion: Ionian Sea, Aeg: Aegean Sea, Lev: Levantine Sea.






4 Discussion



4.1 The need for cross-basin monitoring efforts

This study highlighted the challenge of establishing reliable baselines of the present distribution, ecological status, and stressors currently threatening Cystoseira s.l. forests in the Mediterranean Sea. Although essential for any regional conservation or restoration action, this information is generally scarce. Our results indicated that knowledge is highly limited, spatially skewed and biased to a few species. Although certain regions have received more attention in terms of research effort [e.g. Italy (Porzio et al., 2020; Tamburello et al., 2022; Rendina et al., 2023), Catalonia (Mariani et al., 2019) and the Mediterranean French coast (Thibaut et al., 2014; Thibaut et al., 2015; Blanfuné et al., 2016a), respective information and long-term monitoring for much of the remaining Mediterranean coastline is lacking (Rilov et al., 2020). Indeed, most available information mainly relies on surveys that provide scattered spatial data without information on the population area/extension (e.g., X, Y coordinates of sampling points; Giakoumi et al., 2012). Frequently, the reported data points exhibited a low spatial resolution. For instance, sampling sites were often represented as dots on image maps of the study area. Furthermore, these data points were frequently derived from studies with objectives unrelated to the distribution of Cystoseira s.l. forests (e.g., Sales et al., 2012).

Additionally, regardless of the overall diversity of Cystoseira s.l. species found in the Mediterranean Sea, a significant portion of the existing information focuses on a few broadly distributed, shallow-water species that are more easily accessible to researchers, such as C. compressa, E. crinita, and E. amentacea (Sales and Ballesteros, 2010; Thibaut et al., 2014; Blanfuné et al., 2016a). A large part of the available information concerning shallow Cystoseira s.l. species, such as the case of E. amentacea, is frequently derived from the widespread implementation of the CARLIT Index throughout the Mediterranean Sea (e.g., Asnaghi et al., 2009; Bermejo et al., 2013; Nikolic et al., 2013; Torras et al., 2016; Blanfuné et al., 2016b;  Badreddine et al., 2018; De La Fuente et al., 2018). The CARLIT method uses the cartography of littoral upper-sublittoral macroalgal-dominated communities along rocky shores to assess the ecological status of coastal waters (Ballesteros et al., 2007). Nevertheless, these studies primarily report the obtained ecological status at the surveyed locations, while the detailed data encompassing information on macroalgal communities (e.g., occurrence and abundance) is often not included in the findings (Asnaghi et al., 2009; Nikolic et al., 2013). The creation or the use of existing databases (e.g. EMODnet) should be considered to consolidate data obtained through the widespread application and standardized methodology of this approach. At the same time, public repositories (eventually centralized) would facilitate data sharing, collaboration, and transparency among researchers. By making the database accessible to the public or upon request, it would serve as a valuable resource for the scientific community, policymakers, and stakeholders involved in research, restoration, conservation, and decision-making processes.

Information regarding the ecological status of the targeted populations was obtained from most of the collected occurrences. Overall, we found great variability in the ecological status of the populations within all sub-basins, suggesting that changes or alterations in the ecological status of analyzed populations are mainly attributed to local stressors rather than processes acting at the Mediterranean basin scale. However, these data must be considered carefully since the collected information is sourced from studies with vastly differing objectives, sampling periods, and ecological variables (e.g., density, cover, or descriptive variables), making comparisons difficult. It is also crucial to bear in mind that the ecological status map (Figure 3) does not depict the current ecological status of Cystoseira s.l. forests in the Mediterranean Sea, but instead reflects the restricted scope of knowledge currently made accessible.




4.2 Threats to Cystoseira s.l. Mediterranean forests

Overall, the lack of baseline knowledge on the distribution, health and threats of Cystoseira s.l. forests hinders our ability to detect present or future changes in the ecological status of the populations, such as population decline or recovery. It also makes it challenging to identify the stressors leading to these alterations. This raises the need to develop coordinated and standardized methods, user-friendly, to evaluate and compare these habitats’ ecological status through regions and time. In this line, the limited availability of mid/long-term monitoring studies may account for the fact that only a third of the existing research provides information on stressors affecting Cystoseira s.l. forests. Moreover, even among the studies that do address this aspect, the causal relationship between the identified factors and population declines is generally lacking. As a result, despite efforts to experimentally understand the direct effects of different stressors on Cystoseira s.l. species and life stages (Irving et al., 2009; Sala et al., 2011; de Caralt et al., 2020; Monserrat et al., 2022), in general, cause-effects relationships behind population declines remain unknown, unproven, or poorly understood, with interactive and/or cumulative effects, probably being the most likely drivers of population loss (Tamburello et al., 2022; Cebrian et al., 2021).

Among the available information, as it has been historically mentioned, habitat destruction (e.g., Mangialajo et al., 2008; Rindi et al., 2020), changes in water quality such as sedimentation or pollution (e.g., Pinedo et al., 2015), and overgrazing by native species (e.g., Sala et al., 1998; Vergés et al., 2009; Giakoumi et al., 2012; Gianni et al., 2017), are the most frequently attributed stressors to the deforestation of the Mediterranean Sea (Gros, 1978; Munda, 1982; Thibaut et al., 2005). Such stressors, driven mainly by the lack of optimal local management practices, can result in local-level effects. Nevertheless, as they have been extensively documented across the entire Mediterranean basin, they pose a significant challenge to the basin-wide conservation of these habitats. More recently, overgrazing by invasive species (e.g., Sala et al., 2011; Giakoumi, 2014; Vergés et al., 2014; Nikolaou et al., 2023) has been added to this list, along with the direct effects of climate-driven impacts (e.g., marine heatwaves; Verdura et al., 2021; Mulas et al., 2022). Specifically, the effects of invasive alien species are concentrated in the eastern Mediterranean Sea, where Cystoseira s.l. population declines due to overgrazing by the Lessepsian fishes Siganus luridus and Siganus rivulatus are pronounced. Siganus spp. are thermophilous species; thus, their distribution is restricted by temperature (Ragkousis et al., 2023). In contrast to the extensively documented mass mortality events related to marine heatwaves for benthic invertebrates (Garrabou et al., 2022), reports of temperature-induced collapses of Cystoseira s.l. forests are relatively scarce and primarily reported in the easternmost and warmest regions of the Mediterranean basin, although some isolated cases have also been reported in the northern Adriatic Sea and the Gulf of Lions (NWM) (Verdura et al., 2021; Iveša unpublished obs.). To make predictions on the vulnerability of Cystoseira s.l. species to further ocean warming (and marine heatwaves), experimental work is needed, but so far, this has been extremely scarce (but see Capdevila et al., 2019; Verdura et al., 2021; Monserrat et al., 2022). Recent experimental work did, however, show the high thermal vulnerability of Gongolaria rayssiae, a species endemic only to the coasts of Lebanon and Israel, the hottest and fastest-warming part of the Mediterranean, where this species may become (globally) extinct under business-as-usual climate change scenarios (Mulas et al., 2022).

Although global stressors, such as ocean warming, have received less attention, their interaction with pre-existing local stressors is expected to have far-reaching consequences (Strain et al., 2014). In this context, the effects of marine heatwaves on already locally threatened populations have been identified as a critical driver for Cystoseira s.l. forest collapse, even in the coldest locations of Cystoseira s.l. species distribution (e.g., Verdura et al., 2021; Iveša unpublished obs.). These results are consistent with other studies that suggest global stressors on temperate macroalgal forests can be modulated by other factors or processes at the local scale (Bennett et al., 2015; Krumhansl et al., 2016). Therefore, given the current context of climate change (Lejeusne et al., 2010), studies examining the combined effects of local and global stressors on the resistance and resilience of these species are crucial for preserving these habitats (Gissi et al., 2021; Monserrat et al., 2022).

Based on the compiled expert opinions (Figure 6), there is a prevailing consensus that locally manageable stressors are likely to maintain their current impact levels or experience marginal increases in the near future. This trend is exemplified by the case of water quality, which has witnessed significant improvements in many regions over the past few decades (Soltan et al., 2001; Pinedo et al., 2013; Iveša et al., 2016). Concerning habitat destruction, although coastal urbanization is expected to persist, environmental considerations are foreseen to accompany this process, resulting in a slight increase in its impact. In line with numerous scientific studies (Lejeusne et al., 2010) there is also a consensus that climate change will intensify its effects throughout the entire Mediterranean Sea, particularly in the easternmost basins. The perception of herbivory patterns among the asked experts is not consistently uniform. In certain sub-basins, a slight or medium increase is anticipated, possibly attributed to an increase in herbivore abundance (Gianni et al., 2017) or alterations in herbivory-plant interaction influenced by temperature increase (Mannino et al., 2016; Buñuel et al., 2021). However, no change or even a reduction in herbivory is expected in other sub-basins. Further research should be conducted to understand better the impact of overgrazing on Cystoseira s.l. forests, particularly by Salemas. Moreover, the impact of invasive fish species, such as Siganus spp., is projected to increase in sub-basins where they are already present. In the Adriatic region, where these species are currently uncommon, there is a growing perception that they may become more prevalent in the near future. However, in the western basins, these species are not expected to arrive within the given timeframe. Nevertheless, niche modelling studies provide evidence that Siganus spp. will likely spread across the Mediterranean Sea by the end of the century under different climatic scenarios (Schickele et al., 2021). Therefore, lessons learned from their impacts in the eastern basin should be considered before this almost certain invasion occurs in the west.

The limited available knowledge on Cystoseira s.l. forests could be attributed to several contributing factors. On one hand, despite international agreements, such as the Barcelona Convention (UNEP/MAP, 2013) and European legislation such as the European Union’s Habitats Directive Habitats Directive 1992 (92/43/E; Habitats Directive 1992) and the Marine Strategy Framework Directive (MSFD, 2009), encouraging the mapping and monitoring of priority habitats, Cystoseira s.l. forests were not identified as priority habitats by the Habitat Directive (Verlaque et al., 2019). This fact means that Mediterranean canopy-forming macroalgae (as well as kelp beds in temperate oceanic coasts) are not distinguished from other marine habitats, such as erect macroalgae, turfs or barren grounds, and are all included in the same habitat type: Reefs (Habitat Type 1170). As a result, while existing cartographies are helpful for mapping EU-defined macrophyte-dominated habitats, such as Posidonia oceanica meadows [Habitat type 1120: P. oceanica beds – Posidonion oceanicae; (Telesca et al., 2015)], they do not provide accurate information, nor do they offer high-resolution maps about other habitats, such as Cystoseira s.l. forests. On the other hand, difficulties in taxonomic identification within the Cystoseira s.l. complex (Neiva et al., 2022) may also contribute to the lack of spatial and ecological-related data on these habitats.

By considering both the previously published habitat suitability map for Cystoseira s.l. species (Fabbrizzi et al., 2020) and the updated map of Cystoseira s.l. forest distribution that we present in this study (Figure 1), it becomes apparent that there is a compelling need to explore and investigate understudied areas within the basin in the future. Excluding areas identified as unsuitable for the growth of these forests, such as the Gulf of Lion, Gulf of Venice, and Gulf of Gabes (Fabbrizzi et al., 2020), numerous regions of almost all sub-basins necessitate more comprehensive surveys. Remarkably, there is a pressing need to prioritize thorough investigations in the south Ionian and Levantine sub-basins. Additionally, attention should be given to other areas, including the Eastern Adriatic Sea’s central part, Italy’s western coasts, and Corsica and Sardinia’s eastern coasts. Moreover, significant efforts should be dedicated to mapping and surveying deep-water Cystoseira s.l. species across the Mediterranean basin, as limited information about these species exists (but see, Ballesteros, 1990; Ballesteros et al., 1998; Hereu et al., 2008; Ballesteros et al., 2009; Capdevila et al., 2015).

Only by gathering this knowledge together with an accurate understanding of the stressors currently threatening these populations we will be able to establish ecosystem-based management of marine forests, in which mitigation of both local and global stressors, such as water quality and herbivory pressure, should be a critical step of the process. Appropriate management and threats mitigation are pre-requisite in any conservation and restoration plan, and we can draw inspiration from the few examples of naturally recovered Cystoseira s.l. populations after reduced eutrophication or pollution levels in seawater (Iveša et al., 2016; Ricart et al., 2018) and herbivory (Guarnieri et al., 2020). Climate change already affects some populations and represents a challenging factor that cannot be easily mitigated (Bevilacqua et al., 2019). However, promoting the resilience of healthy Cystoseira s.l. populations, more tolerant species and populations, localizing potential areas that can serve as climate change refugia for thermally sensitive species or determining which areas are expected to be more severely impacted by human activities, are among the leading research challenges in conserving macroalgal forests.

There is a need to allocate efforts and resources to accurately collect distributional, ecological and environmental data for mapping and monitoring Cystoseira s.l. populations and assessing their ecological status. Acquiring this knowledge is crucial for achieving the EU’s Biodiversity Strategy 2030 goals, aiming to protect and restore biodiversity and enhance ecosystem resilience to climate change. As previously highlighted (Verlaque et al., 2019; Tamburello et al., 2022), it is urgent to prioritize Cystoseira s.l. forests as one of the main objectives of the protection and management of the Mediterranean marine environment. We also recommend reconsidering the inclusion of Cystoseira s.l. species in international and European agreements and conventions. Legal protection measures would be critical for implementing conservation and restoration strategies for these canopy-forming macroalgae and their associated marine habitats.
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Fucalean algae are dominant canopy-forming species that create extensive and highly productive ecosystems in the intertidal and subtidal rocky shores of temperate seas. Regrettably, these marine forests are in decline due to various human drivers, with the Mediterranean Sea one of the most threatened areas. To design appropriate restoration strategies adapted to cope with the unavoidable change in future climate conditions, the response to climate change of the candidate species must be considered. It is important to assess how the specific life history traits of the foundational species may determine environmental requirements, and thus responses to future climate change. This knowledge will allow us to predict the potential winners and losers among the species potentially inhabiting the same areas in a future context of global climate change, providing important information to fine-tune future restoration interventions. The aim of this study was to evaluate the response of two canopy-forming species inhabiting similar upper subtidal zones but with different life history traits to a combination of anomalous high temperatures and increased UV radiation. One of the species (Ericaria crinita) was perennial, slightly exposed rocky shores and dwelling in areas where extreme temperatures can be frequent; while the other (Ericaria mediterranea) a semi-perennial species that dwells in wave-exposed zones, with seawater temperatures buffered by the high hydrodynamism. Our results show that the effects of temperature and radiation are species- (mediated by the species life history traits) and life-stage specific. High temperatures strongly affected the adults of both species, especially E. mediterranea. The germlings in addition to being very susceptible to high temperatures, were also vulnerable to UV radiation, exacerbating the impacts of temperature, especially on E. crinita recruits. Interestingly, vulnerability to climate-driven impacts was determined by the specific life history traits, with i) the species dwelling in open areas the most sensitive to warming and, ii) the perennial species the most vulnerable to UV radiation. Last, we discuss how these species-specific responses to climate-driven impacts may be key in terms of species that could foster the resistance and resilience of marine ecosystems to future climate impacts.
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1 Introduction

Marine macroalgal forests dominated by canopy-forming fucalean algae create extensive, dense and highly productive ecosystems in the intertidal and subtidal rocky shores of temperate and subpolar areas (Feldmann, 1937; Schiel and Foster, 2006; Ballesteros et al., 2009). These macroalgal forests are of great ecological importance in coastal marine ecosystems as they provide numerous ecosystem services such as oxygen production and carbon sequestration (Raven, 2017), habitat, nursery and refuge provisioning for other marine species, and thus enhancing the biodiversity and complexity of the systems (Steneck et al., 2002; Thiriet et al., 2016).

Some of these marine forests are declining on a global scale due to many human-induced perturbations such as pollution and habitat destruction, especially in the Mediterranean Sea (Rodriguez-Prieto and Polo, 1996; Thibaut et al., 2005; Arevalo et al., 2007; Pinedo et al., 2013; Thibaut et al., 2015; de Caralt et al., 2020; Rindi et al., 2020), but also because of overgrazing and species invasion (Chapman, 1981; Filbee-Dexter and Scheibling, 2014; Vergés et al., 2014; Ling et al., 2015; Vergés et al., 2016). Climate change has also recently become a factor leading to the loss of macroalgae forests worldwide (e.g., Smale and Wernberg, 2013; Andrews et al., 2014; Bennett et al., 2015; Xiao et al., 2015; Verdura et al., 2021). Regrettably, once lost these forests rarely recover naturally (Coleman et al., 2008; Sales et al., 2011). Therefore, significant efforts have been made to develop effective techniques to promote macroalgal forest recovery (see reviews: Wood et al., 2019; Cebrian et al., 2021; Eger et al., 2022), from mitigation of the perturbation to active restoration of populations by enhancing the recruitment of new individuals (e.g. Gianni et al., 2013; Verdura et al., 2018; Eger et al., 2022). However, all initiatives concur that to achieve the greatest chance of success restoration actions should embrace habitat variability and support adaptation to future climate change conditions (Wood et al., 2019), since restoration success could be strongly compromised by accelerated environmental modifications associated with climate change. To this effect, the environmental drivers that favour the targeted species, together with the specific traits of the species to be restored that will best adapt to future environmental conditions, rank as the main factors contributing to the successful accomplishment of habitat restoration (Bekkby et al., 2020). Specifically, canopy-forming macroalgae forests are dominated by different foundational species with a wide range of life history traits (e.g. phenology, growth rates, life cycles) and specific environmental requirements (e.g. hydrodynamics, irradiance, temperature) that may translate into different environmental requirements (Coleman and Wernberg, 2017; Orfanidis et al., 2021) and potentially contrasting vulnerability to different climate change-derived stressors.

Some recent studies have dealt with how life history traits of macroalgae canopy species, such as vegetative reproduction (Endo et al., 2021), morphological plasticity (Supratya et al., 2020) and early life-stage (Capdevila et al., 2018; Falace et al., 2021; Monserrat et al., 2022), determine future responses to warming. Most studies have focused on the impacts of rising temperatures and marine heatwaves (MHW; e.g. Arafeh-Dalmau et al., 2019; Casado-Amezúa et al., 2019; Straub et al., 2019; Smale, 2020; Verdura et al., 2021), whereas studies on the effects of other climate change-derived impacts, such as increased exposure to ultraviolet light (UV), are still very scarce (Wernberg et al., 2012).

Response against increasing and anomalous temperatures have been traduced in physiological and phenological alterations (e.g. Bevilacqua et al., 2019; Román et al., 2020; Verdura et al., 2021), abundance changes, distribution range shifts, and even local extinctions of foundational macroalgal species (e.g. see review Arafeh-Dalmau et al., 2019; Straub et al., 2019; Thomsen et al., 2019) and thus, impacting the structure and function of the whole ecosystem (Harley et al., 2012; Schiel and Foster, 2015; Smale et al., 2019).

Exposure to UV radiation causes DNA and cellular structure damage, alters the physiology and development of aquatic organisms (especially photosynthetic species) and can even cause their death, altering the diversity of communities and ecosystems (e.g. El-Sayed et al., 1996; Häder et al., 2015). In this global warming scenario, supralittoral, intertidal and shallow subtidal seaweeds can be severely affected (Häder et al., 2015; Smale, 2020; Vanhaelewyn et al., 2020; Verdura et al., 2021), which is especially worrying in areas like the Mediterranean Sea where the intensity of warming is three times higher than the global average of the oceans, and where a stronger increase in the frequency and intensity of MHWs has been observed (e.g. Diffenbaugh et al., 2007; Vargas-Yanez et al., 2008; Garrabou et al., 2022). Furthermore, in the same area, a decrease in cloudiness is predicted (Sanchez-Lorenzo et al., 2017) with the consequent increase in UV radiation reaching the surface (Bornman et al., 2011). In this regard, knowledge of the specific species traits that enhance the resistance of fucalean macroalgae to warming, UV exposure and their combination will be of paramount importance when selecting species for conservation and restoration actions.

The aim of this study was to evaluate the response of two canopy-forming algae species inhabiting same substrate (rocky) and shallow subtidal zones (high irradiance) but subjected to different environmental conditions (e.g. hydrodynamic conditions and temperature) and with different life history traits (e.g. perennial and semi-perennial; Ballesteros, 1988; Sales and Ballesteros, 2012), to a combination of anomalous high temperatures and increased UV radiation, by means of laboratory experiments. Indeed, as the different life stages can display different vulnerabilities to the same stressor, with the young stages the most affected (e.g., Nielsen and Nielsen, 2010; de Caralt et al., 2020), this study analysed the impact of the aforementioned stressors on adults and germlings of the two species. Knowledge of the specific responses to different impacts will help answer the question as to which species are vulnerable to global change and will be necessary to develop better conservation plans and restoration actions adapted to future climatic scenarios.




2 Materials and methods



2.1 Sampling of target species

Mediterranean forests dominated by macroalgae of the order Fucales (Ochrophyta) dwell at different depths between the infralittoral and the first meters of the circalittoral (Boudouresque, 1971; Boudouresque, 1972; Ballesteros, 1988; Ballesteros, 1990a; Ballesteros, 1990b; Hereu et al., 2008; Ballesteros et al., 2009). Ericaria crinita (Duby) Molinari and Guiry (Figure 1A) and Ericaria mediterranea (Sauvageau) Molinari and Guiry (Figure 1B) are two endemic Mediterranean species that can develop highly structured assemblages in the rocky upper infralittoral and sublittoral zones (between 0 and 1 m depth approximately) (Ballesteros, 1992; Ballesteros, 2002). The two species can be found a few meters apart, although they present contrasting life history traits (Figure 1). While E. crinita prefers sheltered or semi-exposed rocky shores (Sales and Ballesteros, 2009; Sales and Ballesteros, 2010; Sales and Ballesteros, 2012), E. mediterranea dwells in wave-exposed or moderately exposed shores (Boudouresque, 1969; Ballesteros, 1988; Gómez-Garreta, 2000). Accordingly, E. crinita populations can live in areas where extreme temperatures are frequent, whereas E. mediterranea develops in open areas where seawater temperatures are buffered by the high hydrodynamism (Verdura et al., 2021). Moreover, while E. crinita is perennial, keeping its branches throughout the year, E. mediterranea is semi-perennial, keeping only the axis throughout the year and losing the branches in autumn, growing back in spring (Ballesteros, 1988; and see Figures 1E, F). In fact, compared to E. crinita, E. mediterrania is a fast- growing species and has a higher annual biomass production (Ballesteros et al., 1998; Sales and Ballesteros, 2012).




Figure 1 | Differences in life history traits and environmental context of two canopy-forming species: Ericaria crinita (A), Ericaria mediterranea (B). In situ seawater temperature registered each hour for one year (2018) where a population of E. crinita (C), and E. mediterranea dwell. (D) Mean size (in cm) of the main axis over a year (2018), and total length (considering the longest branches) of the individuals of an E. crinita population (perennial species) (E) and of an E. mediterranea population (semi perennial species) (F). Significant differences among months (p-values from Tukey’s test with 95% confidence intervals) are indicated with letters.



To describe the variability on specific characteristics on thallus growth (perennial vs. semi-perennial) and the contrasting temperature conditions of the habitats where each species can inhabit, in situ temperature and thallus lengths have been monitored for both species in Costa Brava, Palamós (41°86’62.1’’N, 3°17’50.7’’E) in the North-western Mediterranean Sea. Concurrently, populations of each species were monitored monthly throughout 2018 to measure two length variables per individual, from the basal disc to the tip of the apex of the highest main axis and the length from the basal disc to the tip of the longest branch (N=80 per month, and species). Differences among total and man axis length was used as a proxy for each species’ dynamics and productivity. In situ sea temperatures were continuously recorded (hourly records) throughout 2017 and 2018 by positioning high-resolution temperature loggers (HOBO Water Temp Pro v2, ± accurate to 0.21°C) in the specific habitat dominated by each species.

Adult individuals of each species (N=36) were collected at 17th and 18th April, 2017 from subtidal rocky shores in the locality of Palamós. In Palamós, the two species (E. mediterranea and E. crinita) inhabit the same area a few meters apart but with different hydrodynamic conditions. Adult specimens were carefully removed from the rock preserving their attaching disc and transported directly to the laboratory. Once in the laboratory, epiphytes and sediment were carefully removed and the specimens were placed into tanks with natural seawater at 18°C and natural irradiance levels for three days for acclimation. Temperatures were raised at a maximum rate of two degrees per day from 18°C until the experimental temperature conditions were reached, marking the start of the experiment.

Fertile branches of E. crinita and E. mediterranea (N= 92 per each) were collected from the same two populations of the adults in late spring and immediately transported to the laboratory. Once in the laboratory, fertile branches were stored at 5°C in dark conditions for 24 hours to stimulate gametes release, before subjecting them to the different treatments.




2.2 Experimental set up

To analyse the effects of temperature and UV radiation on adults and germlings of E. crinita and E. mediterranea, six different experimental treatments were established by combining three temperature conditions (21°, 24° and 28°C) and two irradiance conditions (visible irradiance -used as a control- and visible irradiance supplemented with ultraviolet irradiance). Temperature conditions were selected to reflect normal summer water temperatures (21°C, set up as the control), maximum summer temperatures (24°C) and extremely high temperatures, experienced during MHWs in the area (28°C) (Verdura et al., 2021).

The two irradiance treatments corresponded to: i) the photosynthetic active radiation (PAR) supplying the natural intensity that these communities receive at 0 m (irradiated with 180-200 µmol m-2 s-1 of PAR, Sant, 2003); and ii) the same photosynthetic irradiance adding ultraviolet radiation (PAR+UV) since changes in stratospheric ozone, cloud cover and aerosols continue to affect surface levels of solar UVB radiation (e.g. Bais et al., 2019; Bernhard et al., 2023). The photoperiod, 14:10 (light:dark), was the natural photoperiod for the season.

For adult individuals experiments for each seaweed species were conducted in parallel for 30 days. Six replicate tanks (12L each) were used for each treatment and species, with one adult individual per tank. We therefore set up a total of 36 tanks per species. Each tank had an independent and closed-water system with air continuously pumping and with 2L of natural seawater renovation per day per tank, thus, each tank had a completely natural seawater renewal every 6 days. Each week the natural seawater was collected from the same area where the algae came from and transported and stored to the laboratory in several 60 L drums. The water temperature for each tank was regulated and kept constant (with a maximum deviation of ± 0.4 °C) at the three temperatures using temperature controllers (Teco TK 500). The supply for the absence of ultraviolet radiation treatment tanks came from PAR radiation fluorescent lamps (Master TL-D 36W/386 of Philips), while for the tanks exposed to ultraviolet radiation the same PAR fluorescent lamps were used, plus UVA and UVB radiation fluorescents (Actinic BL TL-K 40W/10-R and Ultraviolet-B 40W/12 RS SLV/25 of Philips, respectively) supplying 180-200 µmol m-2 s-1 PAR (12 W m-2) and 6-11 W m-2 UVA and 0.3-0.5 W m-2 UVB. Irradiance in each experimental condition was measured using a Li-1000 SPQA spherical sensor.

For the early life stage experiment, germlings of the two species were obtained in the laboratory facilities. For each species, three replicate culture tanks (0.5L each), each with three microscope slides on the bottom, were used for each treatment (6 treatments * 3 tanks * 3 slides). The 18 culture tanks for each species were filled with sterilised sea water and growth medium (Von Stosch modified by Guiry and Cunningham, 1984) and were maintained in culture chambers to control temperature and radiation conditions. First, to obtain the germlings, six fertile branches (of the corresponding species) were placed in each culture tank until zygote formation was detected (after three days), after which the receptacles were removed. The slides, which could be removed from the tanks for short periods of time, allowed us to observe the germlings and subsequently monitor them under a microscope throughout the experiment. The seawater with the medium was completely renewed twice a week. The temperature conditions (21°C, 24°C and 28°C) were achieved using three different growth chambers (Radiber AGP-360), each of which was subjected to PAR radiation fluorescents (Master TL-D 36W/386 of Philips) and UVA and UVB fluorescents (Actinic BL TL-K 40W/10-R and Ultraviolet-B 40W/12 RS SLV/25 of Philips, respectively) supplying 180-200 µmol m-2 s-1 PAR (12 W m-2) and 6-11 W m-2 UVA and 0.3-0.5 W m-2 UVB. Incubator chambers conditions were checked daily, to ensure the proper functioning and that temperature remained constant and correct. For the UV free treatment (PAR treatments), half the tanks in each chamber were covered with polycarbonate filter boxes (transmittance >390 nm) to cut-off UV radiation (Bischof et al., 2002). Irradiance in each experimental condition was measured using a Li-1000 SPQA spherical sensor. The photoperiod was 14:10 throughout the entire experiment, which was carried out at the facilities of the University of Girona.




2.3 Variables measured

Effects of temperature and radiation on Ericaria crinita and E. mediterranea individuals were evaluated by measuring several variables. In adult specimens, measures of biomass (wet weight in g) and optimum quantum yield (Fv/Fm) of photosystem II (PSII) were taken once a week. Changes in wet weight (expressed as a percentage) were measured for each specimen at each sampling time. The specimens were dried with absorbent paper before weighing them, following the same procedure for all the samples and sampling times. Optimum quantum yield was used as an indicator of PSII performance to assess photosynthetic efficiency. To do so, macroalgal fronds were dark incubated for 15 minutes, after which, Fv/Fm measurements were estimated by applying a saturation pulse using Pulse Amplitude Modulated Fluorometry (Diving-PAM Underwater Fluorometer, Waltz, Germany). Measuring Fv/Fm following a period of dark adaptation is a common technique for measuring stress in plants (Murchie and Lawson, 2013).

Survival and growth of viable germlings were measured under a microscope once a week. Survival of germlings was calculated counting all the live germlings attached to the microscope slides at each sampling time. Growth was assessed by measuring the maximum length of the thallus of 45 random individuals for each treatment (µm) under a microscope, and using the image analysis software ZEN 2012.




2.4 Statistical analysis

Differences among total length (square root transformation) from natural populations along a year were analysed by Linear Model (LM) with species and months as fixed factors.

The data obtained from both adult and recruit experiments were analysed by mixed-effects models (MM), which allow the inclusion of both fixed and random effects as predictor variables. Different models were fitted to analyse the effect of temperature, radiation and their interaction for each selected response variable. Specifically, wet weight variation in adults was analysed using a linear mixed model (LMM) and the Optimum Quantum Yield with a Generalised Linear Mixed Model (GLMM), with a Poisson error distribution and a logit link function. Survival and growth of germlings were analysed using a GLMM with a binomial error distribution and a logit link function, and a quasi-Poisson error distribution and a log link function, respectively. Additionally, to control for lack of independence between units of observation and to handle repeated measures over time both individual’s identity and the sampling time were considered random factors (Bolker et al., 2009; Bates et al., 2015; Harrison et al., 2018). In all the models, irradiation (2 levels), temperature (3 levels) and species (2 levels) were considered as fixed factors.

Models were fitted using the functions “lm”, “glmer”, “lmer” and “glmmPQL” from lme4 (Bates et al., 2015) and MASS packages (Ripley et al., 2013), and the Wald χ2 test was performed using the “ANOVA” function from the CAR package (Fox and Weisberg, 2019). For all the models, the assumptions of normality and equality of variance were evaluated through graphical analyses of residuals using QQ plot functions (effects, visreg, and car package). For multiple comparisons, we applied Tukey´s post-hoc tests using the “glht” function from the MULTCOMP package (Hothorn et al., 2008). All analyses were performed in the statistical environment R (R Core Team, 2019).





3 Results



3.1 Species dynamics

In situ seawater temperatures recorded over one year showed that temperatures in the habitat dominated by E. crinita, characterized by sheltered and shallow conditions, were more extreme (maximums of 31.89 °C and minimums of 8.27°C; Figure 1C). In contrast, temperatures of the habitat dominated by E. mediterranea, being a more open and exposed environment, remain within more constant ranges (maximums of 28.65 °C and minimums of 11.62 °C; Figure 1D).

The two species showed different growth dynamics (p < 0.05; Table S1), while E. crinita is characterized by constant branch lengths throughout the year (p>0.05; Table S1), with branch lengths ranging from 9.25 ± 0.18 cm in November to 12.07 ± 0.15 cm in July (Figure 1E), E. mediterranea presented significant variations among months (p<0,05) with the maximum branch lengths in June (26.17 ± 1.15 cm) and a minimum in December (4.87 ± 0.27 cm; Figure 1F).




3.2 Adult responses

UV radiation had no significant effect on the adult individuals of either of the two species (Figure 2; p > 0.005, Table S2). However, adults of both species were significantly affected by water temperatures, especially at 28°C, when biomass (especially due to the secondary and tertiary branches losses) and photosynthetic yield dropped drastically after one week for E. mediterranea and after two weeks for E. crinita (Figure 2). Vulnerability to temperature was specie dependent, while at 21°C and 24°C biomass losses (of approx. 26% and 36%, for E. crinita and E. mediterranea, respectively) were comparable among species, at 28°C biomass losses for E. mediterranea were significantly higher than for E. crinita, showing a biomass reduction of ca. 75% and 20% by day 14, respectively. At the end of the experiment (day 30) only E. crinita presented alive thallus, which displayed biomass losses of about 75%.




Figure 2 | Biomass variation, represented as the mean percentage of wet weight variation (top plots), and photosynthetic quantum yield (bottom plots) of adult individuals of Ericaria mediterranea (green) and E. crinita (orange) over 30 days, under different temperature (21°C, 24°C and 28°C) and radiation (PAR and PAR+UV) conditions. Solid lines represent the photosynthetic active radiation (PAR), and dotted lines represent the ultraviolet radiation treatment (PAR+UV). Vertical bars are standard errors.



Similar trends were found for the photosynthetic quantum yield, whose values remained at between 0.6 and 0.8 at 21°C and 24°C for both species (p> 0.05; Table S2), in line with usual values found for healthy Cystoseira s.l. species (Abdala-Díaz et al., 2006; de Caralt et al., 2020; Verdura et al., 2021). However, at 28°C the photosynthetic quantum yield dropped by more than half (c.a. 0.258 ± 0.012) as early as day 5 in E. mediterranea (p< 0.001; Table S2), while in E. crinita it stayed high and constant under all temperature treatments throughout the experiment (c.a. >0.600; p> 0.05; Table S2).




3.3 Germling responses

Germlings of both species were significantly affected by temperature and UV radiation, and effects on both variables (survival and growth) were species- and temperature-dependent, although UV radiation always reduced germling survival (p< 0.001, Supplementary Materials Table S3; Figure 3). High temperatures (28°C) strongly reduced the survival of both species, with less than 10% survival after two weeks in all radiation conditions. UV radiation had a major impact on the E. crinita germlings, leading to zero survival after a few days of UV exposure under all temperature conditions (p < 0.05, Table S3; Figure 3). At 21 °C and 24°C, survival of the two species under PAR conditions was generally constant, with values ranging from approximately 20% to 50% for both species, while UV conditions lead to the death of almost all E. crinita germlings by days 12 and 5 for the 21° and 24 °C treatments, respectively. However, the survival of E. mediterranea under UV radiation at 21°C and 24°C was similar to the survival under PAR radiation.




Figure 3 | Survival (%) and length (µm) of germlings of Ericaria mediterranea (green) and E. crinita (orange) over 30 days, under different temperature (21°C, 24°C and 28°C) and radiation (PAR and PAR+UV) conditions. The solid line is the photosynthetic active radiation (PAR), and the dotted line is the ultraviolet radiation treatment (PAR+UV). Vertical bars represent standard errors.



E. mediterranea germlings grew faster than the E. crinita germlings. However, temperatures of 28°C negatively impacted the growth of both species (p<0.05, Table S3; Figure 3). At 28°C, growth was highly reduced in all irradiance treatments for both species, with E. mediterranea individuals under PAR conditions the only survivors at the end of the experiment (ca. 1.700 µm in length). At 21°C and 24°C, the growth of both species under PAR conditions increased steeply, reaching values of ca. 3,000 and 3,500 µm for E. mediterranea at 21°C and 24°C, respectively, and ca 1,300 µm for E. crinita at both temperatures on day 30. However, UV conditions significantly decreased E. mediterranea growth, especially at 24°C when growth was reduced by more than a third (p<0.001, Table S3; Figure 3).





4 Discussion

This study demonstrates that the responses to different climate change-derived stressors are species- and life stage-specific and might be determined by the species’ life history traits. Indeed, we show that the combined effect of different stressors may also determine overall population vulnerability, which may be a key point to be considered in future fucalean species conservation planning.

The independent impacts of temperature and UV radiation are rarely assessed in marine organisms, but in our experiment, we show that high temperatures strongly affected both species, especially in terms of development and survival in the early stages. A higher vulnerability of canopy-forming macroalgae recruits compared to adults has already been reported for several stressors such as pollution (e.g., Nielsen et al., 2014; de Caralt et al., 2020), temperature (e.g., Verdura et al., 2021) and UV radiation (e.g., Dring et al., 1996). The higher vulnerability of early life stages is a crucial but unfortunately at sometimes disregarded aspect, which should be considered in predictions of population viability. In fact, any recruitment decrease is ultimately conditioning the future viability of overall populations, even before any visible impact on adults can be reported.

Among the studied species, E. mediterranea was more vulnerable to higher temperatures than E. crinita, especially in adults, which showed a significant decrease of both biomass and photosynthetic quantum yield in just seven days at the highest temperature. Indeed, E. crinita can dwell in sheltered areas such as rock pools where the local seawater conditions can exhibit a great range of variability, reaching extremely high and extremely low temperatures in summer and winter, respectively (Verdura et al., 2021; and see Figure 1). This fact may foster biological processes that provide the species with a wider thermal tolerance range and greater resistance to high temperatures than E. mediterranea, which tends to live in highly exposed zones with more hydrodynamism and more stable temperatures (Boudouresque, 1969; Ballesteros, 1988; Gómez-Garreta et al., 2000; and see Figure 1). This trend has also been reported for other benthic marine organisms. For instance, corals living in environments with naturally high thermal variation (such as small lagoons and intertidal zones with tides) resist heat stress better than those living in areas with more a thermally stable environment due to acclimatisation or adaptation processes (Oliver and Palumbi, 2011; Castillo et al., 2012; Palumbi et al., 2014; Schoepf et al., 2015).

UV radiation effects were more subtle and mainly observable in germlings, with E. crinita more UV-susceptible. Again, different life stages may have singular requirements or responses to different environmental conditions. The contrasting sensitivity of germlings of both species to UV radiation is probably related to their contrasting life history traits. As a perennial species, E crinita has branches throughout the year, so its recruits always develop and grow under the shade of the canopy, preventing exposure to direct radiation. In contrast, E. mediterranea is a semi-perennial species and its juveniles are used to growing in the absence of the canopy protection of the adults. Therefore, in the early life stages, E. mediterranea is naturally exposed to higher irradiations and is probably more resistant (acclimatised or adapted) to these conditions. In fact, our results are in line with those obtained for other canopy-forming macroalgae, where early-stage tolerance to UV is strongly determined by the natural UV exposure context, with species dwelling in supralittoral or higher intertidal environments (more exposed) proving to be more resistant than those living at lower depths (less UV exposed) (Altamirano et al., 2003; Wiencke et al., 2006).

Although the specific mechanisms by which temperature and UV radiation physiologically stress fucalean species are still unknown, the combined effects here reported are particularly worrying given the expected warming scenarios, especially considering the expected increase in MHWs (Garrabou et al., 2022) and the elevated UV irradiance (McKenzie et al., 2010). In general terms, when multiple stressors are analysed one factor may prevail over others, such as temperature effects predominating over UV radiation in adults of the two species studied, whereas in other cases, warming can aggravate the effects of UV radiation, as observed in the germlings of the two studied Ericaria species (Altamirano et al., 2003; Steinhoff et al., 2008). For instance, after a hypothetical MHW episode, the adults of a species like E. mediterranea would be severely damaged (due to their high sensitivity to high temperatures and their relatively resistant germlings to UV radiation), while their potential recruits would have a chance to survive and grow in deforested areas thanks to their UV tolerance. However, if the foundational species behaves like E. crinita (with adults resistant to high temperatures and a high sensitivity of germlings to UV radiation), the adults will probably cope with the impact of the hypothetical MHW, likely persisting with the main axis but losing their branches, further compromising the survival of recruits since they will be affected by both the high temperatures and higher UV radiations (loss of adults´ photoprotection).

Our study highlights that any current restoration action must be able to deal with changing environmental conditions in the context of climate change to be successful in the long term (Wood et al., 2019; Abelson et al., 2020; Cebrian et al., 2021). To address this premise, and based on our results, we recommend considering how life history traits of different species can determine their vulnerability or resistance to future environmental conditions (Figure 4). For example, if recruits are highly vulnerable, cultivating them under controlled environmental conditions may become crucial. This can be especially important when species recruitment co-occurs with periods of high likelihood of MHW. By doing so, the production of a sufficient number of recruits can be enhanced to guarantee the viability of the population. Similarly, sensitivity to high UV irradiances, especially of the species recruiting under the canopy, should lead to the planned transplantation of new recruits under adult canopies or close to them. This point is highly relevant when planning the restoration of a population already affected by a MHW or other one-off impacts that have caused the natural canopy to vanish, which may force the consideration of 1- high irradiance resistant species for transplantation (according to their life history traits); 2- establishing a macroalgae habitat able to provide the recruits with shade; or 3- growing the recruits under suitable environments (laboratory or under a healthy population) and outplanting them when they have grown and are out of the most vulnerable life stage. In summary, life history traits of the species and the environmental context to which they are subjected determine the potential winners and losers in the face of change, with this information being essential for developing fine-tuned and adaptive restoration plans in the context of global climate change.




Figure 4 | Predicted impacts of future MHWs on adults and recruits (A, B), and recommendations for specific restoration plans in the context of climate change, considering specific responses according to different life history traits (C). (A) Specific life history traits will determine Cystoseira s.l. populations’ vulnerability to future environmental conditions. An intense (high temperatures) and severe (long period) MHW will impact individual adults and germlings of all species, but adults of species such as E. mediterranea, adapted to exposed environments, will be more vulnerable; and E. crinita germlings, which are used to growing under the canopy, are more sensitive to UV radiation than the germlings of E. mediterranea. (B) After an MHW episode, Cystoseira s.l. populations would experience a canopy loss, and there would only be a recovery chance for the adults of the more resistant species in an MHW (like E. crinita; which experienced less than 60% biomass loss). (C) In both cases, to develop a restoration plan, we would recommend reinforcing the damaged populations by outplanting new recruits. However, species-specific sensitivity to UV will determine the need to provide or dispose of canopy shade (from adult survivors or other erect species) to protect from the specific impacts on UV, especially on the species that are more vulnerable to UV radiation in the early life stages (e.g. E. crinita).
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Positive interactions among foundation species play a crucial role in achieving and maintaining a good state of the marine environment, enhancing the habitat stability, productivity, and the whole ecosystem functioning. In this regard, macroalgal canopies may affect the biotic and abiotic environmental features, improving the habitat quality for the establishment of other sedentary organisms. In this study, we investigated the effect of intertidal canopy-forming algae on the colonization success of the central-Mediterranean vermetid reef-builder Dendropoma cristatum (Biondi 1859) on artificial substrates produced for reef restoration purposes. An in situ experiment was carried out along the northwestern coast of Sicily during the breeding season of the vermetid snails, by using geopolymer concrete settlement discs with a topographic design to facilitate the vermetid settlement. The discs were placed on the seaward reef rim, underneath the macroalgal canopy, and on adjacent control bare reef areas. The canopy effect on the understory algal colonization and the environmental temperature at the vermetid settlement substrate were also surveyed. After 35 days of field exposure, the vermetid settlement increased by 1.7-fold on the discs underneath the macroalgal canopy compared with that on the bare settlement discs. Moreover, the understory algae showed a higher homogeneity and a lower percent cover on the settlement discs underneath the macroalgal canopy. The peaks of temperature were higher on the bare reef, and the macroalgal canopy also reduced temperature variability under maximum sun irradiance during the diurnal low tides. The vermetid settlement was positively correlated to the canopy cover, which, directly or indirectly, improved the success of colonization of the reef-builder snails on artificial substrates. The deployment of settlement discs where canopy-forming algae are naturally present may facilitate the gardening of vermetid clusters that may be translocated to restock the reef-builder density at degraded areas.
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1 Introduction

Marine ecosystems are often formed by the association of multiple foundation species (sensu Dayton, 1972) with a conjunct impact on the physical and biological structure of the environment. This co-occurrence of foundation species is crucial for the creation and stability of habitats, as well as for their productivity and the whole ecosystem functioning, sustaining the ecosystem services (Angelini et al., 2011).

Where foundation species overlap, their interplay may generate positive interspecific interactions with mutual advantages for their stability, supporting the resilience and the resistance of the whole community against external drivers of changes (Angelini et al., 2015; Thomsen et al., 2018). A cordgrass meadow could facilitate the establishment of a mussel bed on the substrate (Altieri et al., 2007), a biogenic reef may kick-start seagrass and algae recovery (Reusch et al., 1994; Newell and Koch, 2004; Lang and Buschbaum, 2010; Guo and Pennings, 2012), whereas a macrophyte coverage may generate suitable abiotic conditions for the establishment of calcifying organisms (Hendriks et al., 2014; Wahl et al., 2018).

Understanding all these processes is crucial to boosting habitat conservation and restoration (Byers et al., 2006). The consideration of interspecific interactions in restoration plans could enhance the potential to recover lost ecological functions, accelerating ecosystem-structuring processes by a multi-habitat approach (e.g., Lang’at et al., 2013; Derksen-Hooijberg et al., 2018). Only recently restoration studies have incorporated the mechanisms of facilitation among species (Halpern et al., 2007; Renzi et al., 2019).

Designated as one of the most relevant biodiversity hotspots worldwide (Meyers et al., 2000), the Mediterranean Sea hosts many different mixed habitats originated by the overlap of multiple foundation species (e.g., gorgonians and erected sponges within the coralligenous outcrops, mussel beds within the P. oceanica meadows, hermatypic corals and other calcifying bioconstructors within forests of erected macroalgae). Among these bioconstructors, gregarious vermetids of the genus Dendropoma Mörch, 1861, in association with the crustose coralline alga (CCA) Neogoniolithon brassica-florida (Harvey), Setchell and Mason (1943) form ecologically important biogenic structures (called vermetid reef) along the central, the south, and the southeastern rocky coasts of the basin. These bioconstructions may co-create a complex three-dimensional framework with canopy-forming macroalgae (mainly belonging to the genus Cystoseira C. Agardh, 1820), which often fringe the seaward rim of the reef (Ingrosso et al., 2018).

The role of the vermetid reef in sustaining high levels of marine biodiversity, coastal processes, and ecosystems is widely recognized, because this bioconstruction magnifies the horizontal extension and three-dimensionality of intertidal rocky platforms, protects the coasts from physical erosion, regulates sediment transport, and is an important carbon sink, with subsidiary benefits also for humans (Chemello and Silenzi, 2011; Colombo et al., 2013; Milazzo et al., 2016; Ape et al., 2018).

The active protection of this habitat and bioengineering species is advocated in European legislation (Bern Convention European Council, 1979; Barcelona Convention Protocol concerning Specially Protected Areas and Biological Diversity in the Mediterranean, SPA/BD, 1995; Council Directive 92/42/EEC; the IUCN Red List of Mediterranean Habitats, Gubbay et al., 2016). However, during the last decade, living vermetid cover has drastically decreased throughout the Mediterranean rocky shores (Badreddine et al., 2019; Rilov et al., 2020; Bisanti et al., 2022). This collapse is hypothesized to be related to the global climate change and to intensive human coastal exploitation, with severe consequences for the bioconstruction maintenance and cascading effects on the whole rocky intertidal ecosystem (Galil, 2013; Rilov et al., 2020; Albano et al., 2021).

Experimental studies suggest that the future Mediterranean climatic scenario (i.e., the rapid increase of the sea surface temperature and extreme climatic events) will adversely affect the reef-builder Dendropoma sp. at different ontogenetic stages (embryos, early recruits, and adults) and the photosynthetic and calcification performance of the associated CCA, leading to the reef decline (Milazzo et al., 2014; Fine et al., 2016; Alessi et al., 2019; Milazzo et al., 2019). At the same time, the ocean CO2 enrichment should boost the reef-associated macroalgae with non-linear effects on the community (Celis-Plá et al., 2015; Cornwall et al., 2017; Milazzo et al., 2019).

Within this framework, the implementation of active and coordinated efforts for vermetid reef conservation should be an intergovernmental priority. Planning how to face local vermetid decline by successful restoration strategy should also consider biological interactions and the adoption of a multispecies approach (McAfee et al., 2022).

With this regard, canopy-forming macroalgae are known to influence the recruitment of sessile and reef-forming marine invertebrates in multiple ways (e.g., barnacles, Leonard (1999); mussels, Moreno (1995) and Bégin et al. (2004); oysters, Shelamoff et al. (2019) and McAfee et al. (2021)). Macroalgal canopies, indeed, represent valuable biogenic refugia for benthic organisms, especially in highly dynamic environments as the intertidal (Watt and Scrosati, 2013a; Watt and Scrosati, 2013b), allowing abiotic stress amelioration, the alteration of predator–prey interactions (Ware et al., 2019) and increasing the niche availability for the associated biota (Bulleri et al., 2016).

This study aims to assess the effect of canopy-forming algae on the settlement success of the central-Mediterranean vermetid reef-builder Dendropoma cristatum (Biondi 1859) on artificial discs that can be transferred and used to restore other vermetid reefs. We expect that vermetid settlers positively respond to the canopy presence, taking advantage of the macroalgal influence on the surrounding habitat. Furthermore, the influence of the macroalgal canopy on the temperature and understory algal colonization was also examined, to detect eventual features at the vermetid settlement surface that may co-vary with the canopy presence and affect the reef-builder settlement.




2 Materials and methods



2.1 Study area

A field-based experiment was conducted along the northwestern coast of Sicily, in the locality of “Addaura” (38°11′28″N; 13°20′55″E) during June and July 2022 (Figures 1A, B). Here, a continuous vermetid reef fringes the rocky coastline, covering an area of approximately 200 linear meters. During this period, the breeding season of Dendropoma cristatum was coincident with a dense belt of canopy-forming macroalgae mainly represented by the genus Cystoseira sp., covering the seaward rim of the reef and interrupted by patches of bare bioconstruction. The average vermetid density on this rim and the reef geomorphological details have been visually assessed and reported by La Marca et al. (2022).




Figure 1 | (A) Location of the study area; the white star in the map shows the experimental site; (B) vermetid reef where the experiment has been carried out; (C) macroalgal canopy covering the seaward rim of the reef (mainly represented by the genus Cystoseira sp.).



A settlement experiment was conducted across two different habitat types along the seaward part of this natural vermetid reef: the first habitat type was characterized by a well-developed canopy coverage (+C) (Figure 1C), whereas the second habitat was interspersed within the first type but was unaffected by the canopy since it was uncovered by erected macroalgae (−C).




2.2 Settlement experiment

Artificial settlement substrates were used to test the colonization success of vermetids in the presence (+C) and absence (−C) of the macroalgal canopy for 35 days. These substrates were discs made of geopolymer (La Marca et al., 2022) of 8 cm in diameter and 2 cm in thickness, offering on their top face roughly 50 cm2 as total settlement surface. The upper face of the discs was engineered with shelters 2-mm wide and 3-mm deep, improving the topographic complexity for crawling vermetid snails at the pre-settlement stage. These geopolymer discs were produced by casting the concrete mixture within a silicon mould obtained by three-dimensional printing (produced by Binder Jetting 3D Printing) of a computer-aided drafting (CAD) design (Figures 2A, B).




Figure 2 | Discs of geopolymer concrete employed for the settlement experiment. (A) CAD design of the discs; (B) example of produced discs; (C) discs deployed across the two habitat types during the settlement experiment: under the canopy (in the red circle) and on the bare reef (in the yellow circle).



Overall, 24 settlement discs were secured to the seaward reef part by galvanized screws and were randomly distributed in pairs across the two habitat types (+C and −C), distanced from each other by more or less 30 cm, covering a total area of 50 m (Figure 2C).

Once collected, the geopolymer discs were photographed and stored at −20°C in the lab. The macroalgal canopy that covered each disc was sampled, and its biomass was calculated as dry weight after heater at 100°C for 24 h.

The number of vermetids settled on each disc was counted under the stereomicroscope (Leica MDG41), and only the settlers attached to the disc top face were considered for the analysis.




2.3 Understory algal colonization and environmental temperature at the vermetid settlement surface

To assess the influence of the macroalgal canopy on the understory algal colonization on the settlement discs, the percentage cover of the vegetation established on the top face of the geopolymer substrate was visually assessed by a photo analysis, through the open-source software ImageJ. A taxonomic description of the algal groups established on the settlement discs was also done.

To monitor the environmental temperature experienced by vermetids settled in the presence and the absence of the macroalgal canopy, temperature loggers (EnvLogger T2.4 version, Electricblue, Portugal) were installed in proximity of settlement discs: two underneath the macroalgal canopy and two on the bare reef. The environmental temperature was registered at intervals of 30 min, with a resolution of 0.1°C. Once the settlement experiment ended, temperatures were downloaded from each thermo-logger, and the whole dataset was analyzed and compared between the two habitat types (+C and −C). Because the algal canopy is supposed to exert a higher control over the substrate temperature when the reef rim is simultaneously emerged and exposed to the direct sun irradiation, the temperatures coinciding with the diurnal low tides were selected and compared across the two habitat types (+C and −C).




2.4 Statistical analysis

One geopolymer disc got lost during the experiment, and its replacement with a new one was not possible. This resulted in an unbalanced experimental design due to the different number of replicates among the two habitat types (n = 12 discs for +C and n = 11 discs for −C).

Firstly, a linear regression analysis was used to relate the vermetid density and the biomass of the macroalgal canopy cover on each disc, by using the software OriginPro 2022 (OriginLab Corporation, Northampton MA, United States).

The vermetid density and the understory algal percent cover on each disc were compared across the two habitat types by univariate distance–based permutational non-parametric analyses of variance (one fixed factor “Habitat type” with two levels: +C and –C; PERMANOVA; McArdle and Anderson, 2001; Anderson, 2017). For both response variables, raw data were ordinated using the Euclidean distance, and the analyses were set with 9,999 permutations of residuals under a restricted model, with a Type III (partial) sum of squares (Anderson, 2001; Anderson, 2017). The statistical analyses were performed with the Primer-E v7 statistical software package with the PERMANOVA+ extension (Plymouth Marine Laboratory; Clarke and Warwick, 1994; Clarke and Gorley, 2006).





3 Results



3.1 Settlement experiment

Overall, 2,221 settlers were counted on the top face of the discs, all inside the shelters of 2 mm × 2 mm × 3 mm. A total of 1,444 individuals were counted on the substrates covered by the macroalgal canopy (+C), whereas 777 settlers were found on the discs placed on the bare vermetid reef (−C).

The macroalgal canopy dry biomass that covered each settlement disc was 0 for the disc placed on the bare reef and varied between a minimum of 4.23 g and a maximum of 8.05 g for the discs placed under the canopy. A positive relationship was found between the settlement success of the vermetid snails and this macroalgal canopy dry biomass (r= 0.6571; p<0.01; n= 23, Figure 3).




Figure 3 | Linear regression between the number of vermetids and the macroalgal canopy biomass on each disc. r = 0.6571 (p < 0.01); n = 23.



The vermetid settler density significantly differed among the two habitat types (+C and −C) (p < 0.05, Table 1). On average, 120.33 (± 15 S.E.) ind./disc and 70.63 (± 15.07 S.E.) ind./disc were found, respectively, on the settlement substrates placed under the macroalgal canopy (+C) and on the bare reef (−C) (Figure 4).


Table 1 | Results of the univariate PERMANOVA analysis comparing the total number of vermetid settlers (no. ind./disc) among the two habitat types (+C and −C).






Figure 4 | Average number (± S.E.) of vermetids settled on artificial geopolymer discs placed under the macroalgal canopy (+C, n = 12) and on the bare reef (−C, n = 11) (p < 0.05).






3.2 Understory algal colonization and environmental temperature at the vermetid settlement surface



3.2.1 Understory algal colonization

Under the macroalgal canopy, the discs were consistently less vegetated compared to those placed on the bare reef (p < 0.001, Table 2). On average, the vegetation percentage cover was 15.19% (± 1.78 S.E.) on the discs placed under the canopy (+C) and 31.09% (± 3.02 S.E.) on the bare reef discs (−C) (Figure 5).


Table 2 | Results of the univariate PERMANOVA analysis comparing the understory vegetation percentage cover/disc among the two habitat types (+C and −C).






Figure 5 | Average understory algal percentage cover (± S.E.) on settlement discs placed under the macroalgal canopy (+C, n = 12) and on the bare reef (−C, n = 11) (p < 0.001).



Specifically, the algal assemblage on the settlement discs was represented by a layer of epilithic biofilm, crustose coralline algae (CCA), small patches of erected algae (Jania rubens, Laurencia sp., and Corallina sp.), and algal turf. These last two taxonomic groups were more abundant on the discs placed on the bare reef, whereas, under the macroalgal canopy, the assemblage was mainly represented by CCA and epilithic biofilm.

Furthermore, the erected algae settled within the refuges of 2 mm × mm 2 × 3 mm and their small frond shaded the disc surface, whereas the CCA encrusted the disc surface and covered the boundaries of the refuges (Figure 6).




Figure 6 | Close-up view of the assemblage on the topside of the geopolymer discs. (A) J. rubens frond settled within a refuge of 2 mm × 2 mm; (B) crustose coralline algae encrusting the disc surface and the refuge edges; (C) five D. cristatum settlers within a refuge of 2 mm × 2 mm (pointed out by the black arrow).






3.2.2 Environmental temperature at the vermetid settlement surface

The temperatures at the settlement substrate ranged between 20.50°C and 30.30°C under the macroalgal canopy (average temperature: 25.73°C ± 0.046 S.E.) and between 20.60°C and 32.75°C on the bare vermetid reef (average temperature: 25.86°C ± 0.047 S.E.) (Figure 7A).




Figure 7 | Temperatures (°C) recorded during the experiment by the thermo-loggers underneath the algal canopy in blue (+C) and on the bare vermetid reef in red (−C). (A) Temperatures during the whole experimental period; the green line shows the tide level (m) reported on the secondary Y-axis. (B) The difference among the temperature (Δ Temperature among −C and +C treatments) recorded on the bare vermetid reef and under the macroalgal canopy during the whole experimental period, with the tide level (m) indicated by the green line. The red line marks the 0 value when no differences among −C and +C treatments occur. (C) Temperatures recorded during the diurnal low-tide periods under the macroalgal canopy in blue (+C) and on the bare reef in red (−C) and variance among temperatures for each tidal series represented by the red and blue crosses. The gray circles point out when the variance is higher for the temperatures recorded on the bare substrate compared to the measurements collected under the canopy.



The difference across temperatures registered at the same time on the bare reef and under the canopy (measured as Δ Temperature) reached the full extent of 6°C, and, most of the time, it was higher than zero, reflecting a general cooler canopy temperature (Figure 7B). These temperature differences across the two habitat types were recorded during both the high- and low-tide peaks, and they were more pronounced during the low-tide periods (Figures 7A, B). This could be explained by a thermal buffering due to the seawater presence over the substrate during the high tide. Moreover, a zoom on the temperature regimes during the diurnal low tides (i.e., when the reef is exposed to the direct sun irradiation) was made to assess the thermal differences between the two canopy treatments under maximum irradiance (Figure 7C).

During diurnal low-tide periods, the temperature ranged between 21.60°C and 30.30°C under the macroalgal canopy and between 21.85°C and 32.75°C on the bare reef, with average values of 26.22°C (± 0.10 S.E.) and 26.54°C (± 0.10 S.E.), respectively. Furthermore, a higher temperature variation has been mostly found on the substrate missing the canopy, expressed by the variance among the values registered during each tidal period in each habitat type (Figure 7C).






4 Discussion

In our study, the intertidal macroalgal canopy does not obstruct the vermetid input on the artificial discs and it seems to positively affect the settlement of the considered reef-forming species.

Indeed, Dendropoma cristatum settlers were found on all the artificial substrates employed for the experiment, with increasing abundance in the presence of a coverage of macroalgal canopy, where they resulted 1.70-fold more abundant compared to the uncovered settlement discs. This biological facilitation may be explained by a habitat improvement by the canopy instead of the occurrence of a spatial variability in the vermetid post-larvae supply. Indeed, the experiment was conducted within an area where the D. cristatum adult density was homogeneous, guaranteeing a comparable local output of settlers among the sites where the geopolymer discs were deployed.

Peculiar sub-canopy conditions may regulate the mechanism by which vermetids positively respond to the erect macroalgae presence. In particular, this study highlights a negative control by the canopy on the understory algal colonization on the artificial settlement discs and on the environmental temperature in the proximity of the reef surface where D. cristatum settlement naturally occurs.

Macroalgal canopies are documented to inhibit the understory vegetation by a multiplicity of dynamics (e.g., by reducing the understory light, Connell (2003); by frond abrasion, Irving and Connell (2006); by altering the local hydrodynamic regime, O’Brien and Scheibling (2018)), and the reduction of the understory algal coverage is positively associated with the increase in settlement and recruitment of sessile invertebrates (Bégin et al., 2004; Shelamoff et al., 2019; McAfee and Bishop, 2019; McAfee et al., 2021). Interestingly, a negative association between the understory algal colonization and the vermetid settlement emerged also from our study. On the geopolymer discs, erected algae and turf settled within the same vermetid shelters (with a likely antagonistic role against the vermetid settlement), and their abundance was suppressed by the macroalgal canopy, increasing the availability of uncolonized refuges for the reef-builder attachment. By contrast, the coralline algae encrustation was well-developed also under the macroalgal canopy, where it colonized the disc surface, remaining outside the vermetid burrows.

Furthermore, according to Catalán et al. (2023), the algal assemblage under the canopy seems to be highly homogeneous, being mainly dominated by the encrusting red algae and the epilithic biofilm.

The slightly cooler temperature measured at the settlement surface under the macroalgal canopy is positively associated with the vermetid settlement. Changes in the temperature may significantly affect the survival of organisms living in the intertidal (Somero, 2010), especially if sedentary and sessile as reef-builder vermetids. Furthermore, thermal stress dampening by the macroalgal canopy has been recognized as one of the major benefits for the intertidal biota, generating a more favorable habitat for the community establishment and functioning (Bertness et al., 1999; Leonard, 1999; Coombes et al., 2013; Umanzor et al., 2017; Ørberg et al., 2018; Sarà et al., 2021).

At the reef scale, the temperature has been hypothesized as a factor that may control the settlement of D. cristatum (Franzitta et al., 2016), although a gap of knowledge persists about the thermal sensitivity of this reef-builder over its life cycle. This information would be essential to forecast the consequences of the expected temperature rise on this species and on the reef persistence at the Mediterranean scale.

Differences up to 6°C were revealed among the temperatures registered at the same time across the two habitat types. During the whole experiment, the highest temperature on the bare reef was 2.45°C higher than the highest temperature recorded under the macroalgal canopy. During the diurnal low tides, the canopy coverage reduced the average environmental temperature of 0.32°C and modulated the temperature oscillation when the reef was exposed to the air. This narrow temperature difference among habitat types may plausibly deter the vermetid settlement. A similar temperature variation, indeed, affects the D. cristatum reproductive performance in terms of the size and the number of embryos per egg capsule (Alessi et al., 2019).

The macroalgal canopy might buffer the thermal stress for settling vermetids when the reef is under direct sun irradiance, lowering temperature fluctuations and peaks at the substrate, as in our study. However, this is just an aspect of the influence of canopy-forming algae on microclimatic conditions along the intertidal vermetid reef and additional studies should focus on other near-surface features associated with heat. Extreme desiccation conditions documented along the Sicilian coasts during the summer 2022, due to prolonged reef aerial exposure, are suggested as possible triggers for vermetid mortality (Bisanti et al., 2022). The study of macroalgal canopy as biogenic refugia against these prolonged periods of physiological stress needs a higher concern, weighting the full potential of natural canopy-forming algae to ameliorate the rising climatic stress at the reef-scale.

Further studies on the physiology of the juvenile vermetid snails may clarify if their settlement competence is affected by the environmental temperature, if they undergo higher post-settlement mortality in the hotter environment or if they selectively discriminate among settlement sites, confirming that, in addition to biological cues (e.g., the presence of CCA, Spotorno-Oliveira et al. (2015), and the epilithic biofilm, La Marca et al. (2018)), also physical stress might drive the settlement of reef-builder vermetids.

Although our experiment has been carried out in the field under multiple sources of variability and did not directly test the effect of the temperature on the settlement dynamics of D. cristatum, our results might corroborate the role of the environmental temperature as a limiting factor during the early life stages of different benthic invertebrates and also foundation species (Storch et al., 2011; Webster et al., 2011; Lathlean et al., 2013; Byrne et al., 2017; Huggett et al., 2018; Lang et al., 2023).

The macroalgal canopy may have a control on further abiotic and biotic factors that have not been considered at this step of our research. It is also plausible that it protects the newly settled snails against physical disturbances, contextually enhancing the environmental quality for the reef-builder vermetids in multiple ways (e.g., by shading the substrate and contrasting the development of sediment-entrapping understory turf assemblage, Connell et al. (2014); by reducing the competition with other benthic organisms removed by the mechanical canopy whiplash and benthic sweeping, Beermann et al. (2013) and Shelamoff et al. (2019)). Furthermore, extending the spatial-temporal setup of our investigation may also reveal if the facilitative effect provided by the canopy may depend on the local environmental context or if it is generalizable to other reef areas and if other biological interactions may succeed during the following stages of the vermetid colony development.

From a practical perspective, the use of modular and relatively small substrates (i.e., the geopolymer discs) is instrumental in deploying these artificial settlement units where the environmental context fits the initial step of the vermetid colonization (e.g., close to the macroalgal canopy at their settlement stage), avoiding more expensive and alternative solutions to artificially enhance the early vermetid recruitment. Moreover, the implementation of these rock-like D. cristatum colonized units is central for moving a vermetid group to selected sites and for rebuilding a self-sustaining population of reef-forming organisms, avoiding the transplantation of adults and overcoming the limited dispersal ability of these reef-builder gastropods (Calvo et al., 1998; Galil, 2013).

The efforts for the protection of the co-occurring vermetid reefs and canopy-forming macroalgae may, therefore, represent an opportunity to increase the effectiveness of actions focused on one single habitat, contributing to the conservation of the intertidal ecosystem at a wider scale. This multi-habitat approach (McAfee et al., 2022), moreover, is fundamental to strengthening the framework for the achievement of the UN Decade on Ecosystem Restoration goals (UN Resolution 73/284; Waltham et al., 2020) and is in line with the recent Nature Restoration Law (European Commission, 2022), which aims at implementing national restoration plans through measures that support the connectivity between habitats.
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Extensive subtidal eelgrass (Zostera marina) meadows (~150 km2) once grew in the Dutch Wadden Sea, supporting diverse species communities, but disappeared in the 1930s and have been absent ever since. Identifying the most critical bottlenecks for eelgrass survival is a crucial first step for reintroduction through active restoration measures. Seagrasses are ecosystem engineers, inducing self-facilitating feedbacks that ameliorate stressful conditions. Consequently, once seagrass, including its self-facilitating feedbacks, is lost, reintroduction can be challenging. Therefore, we aimed to test whether 1) sediment stabilization and 2) hydrodynamic stress relief would facilitate eelgrass survival in a field experiment replicated at two sites in the Dutch Wadden Sea. We induced feedbacks using biodegradable root-mimicking structures (BESE-elements) and sandbag barriers. Root mimics had a significant positive effect, increasing the chances of short-term survival by +67% compared to controls. Contrary to our expectations, barriers decreased short-term survival probabilities by -26%, likely due to hydrodynamic turbulence created by the barrier edges, leading to high erosion rates (-14 cm). Site selection proved crucial as short-term survival was entirely negated on one of the two study sites after five weeks due to high floating and epiphytic macroalgae loads. No long-term survival occurred, as plants died at the other site two weeks later. Overall, we found that sediment stabilization by root-mimicking structures was promising, whereas manipulating hydrodynamic forces using sandbag barriers had adverse effects. A mechanistic understanding of transplant failures is required before attempting large-scale restoration. Our study indicates that for seagrass restoration in the Wadden Sea, one should carefully consider 1) the reintroduction of positive feedbacks through restoration tools, 2) donor population choice and transplantation timing, and 3) site selection based on local biotic and abiotic conditions. Optimizing these restoration facets might lower additive stress to a degree that allows long-term survival.
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1 Introduction

Seagrasses are rooted marine flowering plants that provide many important ecosystem services (Nordlund et al., 2016 and sources within). They improve coastal protection by reducing hydrodynamic forcing (Ondiviela et al., 2014) and improve water quality by acting as a filter (de los Santos et al., 2020; Prystay et al., 2023). Many economically relevant species like cod and herring (Havinga, 1954; Schaper, 1962) rely on complex seagrass beds as habitat (Cullen-Unsworth et al., 2014), nurseries (Boström et al., 2014; Unsworth et al., 2019), food source, and foraging grounds (Martin et al., 2010), underlining the ecological value of seagrass beds as biodiverse and productive ecosystems (Hemminga and Duarte, 2000; Duffy, 2006). Despite their socio-economic importance, seagrass systems are under pressure and severely threatened by anthropogenic stressors like coastal development and ecological degradation (Duffy, 2006; Orth et al., 2006). While in some bioregions, these negative trends have recently stabilized or even reversed (de los Santos et al., 2019), the global losses of 29% since initial seagrass recordings in 1879 (Waycott et al., 2009) still outweigh gains (Dunic et al., 2021).

Seagrasses are autogenic ecosystem engineers (Jones et al., 1994), which ameliorate stressful conditions with their physical structures (Luhar et al., 2017). Their aboveground structures attenuate waves (Fonseca and Cahalan, 1992; Christianen et al., 2013) and slow down current flow (Fonseca et al., 1982; van Keulen and Borowitzka, 2002; Lacy and Wyllie-Echeverria, 2011), ameliorating hydrodynamic stress and preventing plants from becoming dislodged or broken. Additionally, suspended organic matter, nutrients (McGlathery et al., 2007), and fine sediment particles (Gacia et al., 2003) are trapped, leading to improved water clarity (van der Heide et al., 2011). Their belowground structures increase sediment stability and thereby decrease erosion (Gacia and Duarte, 2001; Gacia et al., 2003; Marin-Diaz et al., 2020), further improving water clarity (Maxwell et al., 2017). These are examples of so-called positive or self-facilitating feedback loops where seagrass induces better growing conditions for itself through scale- and density-dependent feedbacks. These scale and density dependences result from emergent traits, which are not expressed by individual plants or small clones but only emerge when expressed on a population level while organized as a group or large clone (Smaldino, 2014). However, once a meadow is lost, reintroduction can be challenging, as rather than on a patch or meadow scale, the full force of the stressor acts upon individual transplants or seedlings, which do not have the density and numbers to produce self-facilitating feedbacks. Therefore, firstly, the consideration of scale is crucial when designing the setup of a seagrass restoration attempt (van Katwijk et al., 2016; Gräfnings et al., 2023b). Large-scale restoration gains cumulative value. However, when ecosystem responses to treatments are unpredictable, treatments should be tested on a smaller scale. This ensures a knowledge-based approach and limits the risk of over-extending valuable resources like finances, effort, time (Gann et al., 2019), and donor plant material. Secondly, the application of restoration tools that bridge establishment thresholds by mimicking emergent traits (Temmink et al., 2020; Fivash et al., 2021) should be considered.

In the 1930s, an estimated area of 65 to 150 km2 of subtidal eelgrass (Zostera marina) beds (van Goor, 1919) were permanently lost in the Dutch Wadden Sea (Oudemans et al., 1870; den Hartog and Polderman, 1975) due to the outbreak of the wasting disease (Rasmussen, 1977) and the coinciding construction of the enclosure dam (“Afsluitdijk”) (Giesen et al., 1990a). The former inland sea (Zuiderzee) was now closed off from the Wadden Sea, and the construction works of the 32 km long dam greatly affected hydrological processes and sediment dynamics. The tidal range in the Wadden Sea increased up to 50 cm (de Jonge and de Jong, 1992), leading to 1.2 to 2.9 times higher water transport rates (Thijsse, 1972). An increase in current velocities has led to erosion and, at least, to a temporal increase in water turbidity (de Jonge et al., 1996), negatively affecting underwater light conditions for seagrasses. It has been estimated that today, due to the absence of the seagrass and its self-facilitating mechanisms in some of the former seagrass habitats in the Dutch Wadden Sea, water turbidity has increased by six-fold (van den Hoek et al., 1979; Giesen et al., 1990a; van der Heide et al., 2007, 2006; van Katwijk et al., 2009). Since its disappearance in the 1930s, subtidal eelgrass has not managed to recover, and the substantial distance (>400 km) to the closest natural subtidal population makes natural recovery by seed or vegetative fragment dispersion highly unlikely. In addition, once the self-facilitating feedback loops induced by seagrass presence have been disrupted, natural recolonization may be impossible (Suding et al., 2004; Suykerbuyk et al., 2012). Substantial intervention can be required in degraded systems that lack natural recovery potential (Gann et al., 2019). Here, the active restoration measure of species reintroduction seems necessary to restore the subtidal eelgrass population in the Dutch Wadden Sea.

Self-facilitating feedbacks can be artificially induced by applying restoration tools (Maxwell et al., 2017). For instance, underwater barriers can reduce wave force (van Zuidam et al., 2022), and thereby facilitate seagrass restoration. Barriers can reduce orbital velocities that act on the seagrass shoot, and thus, more waves of the same magnitude are required to dislodge a single-shoot transplant (Kamperdicks et al., pers. comm.1). Other feedback-inducing measures are increasing sediment stability through buried root mimics (Temmink et al., 2020; Fivash et al., 2021), plant anchorage (Moksnes et al., 2016; Cronau et al., 2022; Lange et al., 2022), or artificial seagrass deployment (Campbell and Paling, 2003; Carus et al., 2022, 2021; T. Fauvel, pers. comm., Jan. 31, 2024). In this study, we investigated if the reintroduction of self-facilitating feedbacks can aid the restoration of subtidal eelgrass in a dynamic coastal ecosystem that has been absent for almost 100 years. Specifically, we tested the effects of 1) increased sediment stability by applying root-mimicking mats with buried three-dimensional biopolymer structures and 2) decreased hydrodynamic forcing through the deployment of barriers made of sandbags on the survival of seagrass transplants.




2 Materials and methods



2.1 Study site

The Wadden Sea is the world’s most extensive intertidal flat system and stretches along the coasts of the Netherlands, Germany, and Denmark (Figures 1A, B). This shallow coastal sea has been awarded UNESCO World Heritage status, reflecting its high ecological and economic importance. We performed the experiment on two separate study sites in the Western Dutch Wadden Sea: Zachte Bed Oost (53°6’25.664’’N, 5°9’11.538’’E) and Vlakte van Kerken (53°6’21.168’’N, 4°55’11.982’’E) (Figure 1C), with annual mean salinities of 26.4 PSU (± 3.9 SD), and 28.6 PSU (± 2.5 SD), respectively (van Weerdenburg and Vroom, 2021). According to the procedure for reintroduction measures defined by the Standards of the Society for Ecological Restoration, suggesting reintroducing an organism in its original range from which it has disappeared (Gann et al., 2019), we chose sites located in or close to former eelgrass beds. Zachte Bed Oost is located in an area that had been populated by subtidal eelgrass before it vanished in the 1930s, and Vlakte van Kerken is located close to a former eelgrass bed (Figure 1C, green polygons). Both locations fall under the Natura 2000 protection, as the entire Dutch Wadden Sea has this protection status. In addition, Zachte Bed Oost is within an area closed off to mussel seed fishery since 2015. Vlakte van Kerke is closed off for hand-cockle fishery and in close proximity (~200 m) to an area closed off to shrimp and mussel seed fishery, which are the most prominent bottom-disturbing fisheries in the Dutch Wadden Sea. Considering legal restrictions, like marine protection status, improves efficient habitat selection (Pogoda et al., 2020). Furthermore, the sites’ shallow bathymetries make it physically impossible for mussel seed- and shrimp fishers to fish on both sites. Potential study sites were pre-selected based on suitable bathymetry, sediment grain size, and position within areas partially closed to fisheries. In the scope of a system analysis combined with field measurements in 2020 and 2021, we searched for locally low to moderate flow velocities, relatively high underwater light availability (measured as photosynthetically active radiation (PAR)), and minor wave height. Based on their promising sets of abiotic conditions, we chose Zachte Bed Oost and Vlakte van Kerken as our two study sites. Their shallow bathymetric positions (-135 cm and -130 cm below mean water level (MWL), respectively) ensure that seagrass remains permanently submerged and lays well within the depth range of former seagrass beds of the 1930s, which were growing at depths between -50 cm and -230 cm below MWL (van der Heide et al., 2007). A shallow water column during low tide might enable more light to reach the plants, leading to less light limitation than in deeper areas. Light limitation is currently one of the most pressing bottlenecks for subtidal eelgrass restoration in the Dutch Wadden Sea (van der Heide et al., 2007, 2006). For light-saturated growth, subtidal eelgrass requires 7 mol photons m-2 day-1 (Thom et al., 2008). In June 2021, we measured a mean photosynthetic photon flux density (PPFD) of 7.0 mol photons m-2 d-1 at Zachte Bed Oost and 9.0 mol photons m-2 d-1 at Vlakte van Kerken. These values are at or above this saturation limit, indicating that the sites might meet the light requirements.




Figure 1 | Maps of the study area. (A) Map depicting northwest Europe with the Wadden Sea highlighted in dark red. (B) The Dutch, German, and Danish coastline with the trilateral Wadden Sea UNESCO World Heritage is highlighted in red with the study area, i.e., the western Dutch Wadden Sea, depicted in a dark red box. (C) Zoomed-in area of the study site in the western Dutch Wadden Sea, with dark green areas indicating the location and extent of historic eelgrass beds in 1925 (van der Heide et al., 2007), and red dots indicating our study sites Vlakte van Kerken and Zachte Bed Oost. The underlying blue layer (de Kruif, 2001) depicts the bathymetry, with darker blue shades indicating deeper parts of the seafloor and brighter areas depicting more shallow areas. Dark gray areas with black borders represent land, and brighter gray shades intertidal mudflats. Black lines depict the tidal basins.






2.2 Study species and plant processing

Eelgrass grows in two morphologically distinct varieties: flexible intertidal and robust subtidal (van Katwijk and van Tussenbroek, 2023 and sources within). In 2022, 650 hectares of intertidal eelgrass grew in the Dutch Wadden Sea due to a long-term research project through seed-based restoration (Gräfnings et al., 2023b). While remarkable restoration success has been accomplished for the intertidal variety, the subtidal variety, which grows under permanently submerged conditions, is still absent. For the subtidal eelgrass variety, one unsuccessful restoration attempt was carried out in 1950 (Korringa, unpublished data). Since then, this study has been the first to investigate restoration possibilities further within the scope of a field experiment. Due to COVID-19 border restrictions, we could not access donor plants from the nearest preferred donor site in Limfjord, Denmark. Instead, the collection of approximately 900 seagrass shoots took place in June 2021 in the bay of Eckernförde (54°27’49.9’’N, 9°56’42.0’’E), Germany, at 2 m depth (~14 PSU). Multiple shoot counts were performed by placing a 0.5 × 0.5 m metal frame on randomly selected patches within the meadow, resulting in a conservative estimation of 235 shoots m-2. Based on recent satellite images, the donor meadow covered approximately 12,000 m2. Hence, our harvest impact was estimated to have affected less than 0.05% of the meadow. To minimize the impact on the donor meadow, apical shoots, including rhizomes and roots, were carefully collected by hand at the edge of multiple patches. To fulfill permit requirements to limit the risk of unwanted transport of seagrass-associated species, sediment was removed entirely from the belowground structures, followed by a thorough rinse of aboveground plant structures, removing all visibly attached species. This step was a requirement of the Directorate General for Public Works and Water Management (Rijkswaterstaat) (registration nr. RWSZ2021–00011036). During transportation, seagrasses were kept moist and cool. Overnight storage of the plants took place in aerated artificial seawater with higher salinity (Tropic Marine Classic, 20 PSU) to aid the acclimatization of the plants from the Baltic Sea to the higher salinity levels of the Wadden Sea. We constructed transplant units (TPUs) out of three seagrass shoots with 10 cm long rhizome fragments (mean wet weight = 15.2 gr, SE = 5.6), which we anchored with a 20-gram metal nail with thin metal wire (0.5 mm), according to the method established in Denmark by Lange et al. (2022). Transplant units were constructed one day after harvest and kept in shaded Wadden Sea surface water for 1.5 days until planted.




2.3 Experimental setup

We performed the experiment at two sites: Vlakte van Kerken and Zachte Bed Oost (Figure 1C). We subjected the seagrass transplants to two treatments: altered hydrodynamic forcing (barrier vs. control) and altered sediment stability (BESE vs. control stability). The treatments were applied in a full-factorial design, resulting in four treatments replicated 12 times at each study site (n = 12).

For the first treatment, to manipulate hydrodynamic forcing, we constructed two barriers per site with jute bags filled with ~33 kg sand. We used mortar sand (overall grain size ≤ 3mm), which has sharp edges and a more complex structure, increasing the stability of the bags. The bags were piled up (L:H:W: ~7:0.5:0.6 m) in a slightly bent curve with an arc length of 7.2 m at a radius of 7.0 m and 59°central angle (Figure 2A). The direction of the barriers was perpendicular to the predominant directions of current flow and waves to shelter the seagrasses from the incoming tidal current. Predominant wind direction data from the Royal Netherlands Meteorological Institute (KNMI) was used as a proxy for predominant wave direction. We measured the predominant heading of the current flow with tilt current meters (Lowell Instruments LLC, East Falmouth, United States) three months before the experiment. Per site, the two barriers and bare controls were arranged alternating in a line next to each other (Figure 2C). We stacked three layers of 1 × 10 m coconut fiber mesh (Ø 10 mm; mesh size = 2 cm) under each of the four barriers and secured them with four L-shaped rebars (l = 50 cm; Ø 10 mm). One meter behind each barrier or bare control, we semi-randomly arranged twelve plots in two rows containing equal numbers of plants treated with increased or control sediment stability (Figure 3).




Figure 2 | (A) Experimental setup of two 7-m long barriers consisting of sandbags piled on an anti-erosion coco fiber mat. PVC tubes indicate areas in which seagrass transplants were planted. (B) Biodegradable root mimics (BESE) were buried to increase the sediment stability. (C) Schematic illustration of the setup. All squares indicate seagrass plots with three transplant units. Textured plots were treated with sediment-stabilizing root mimics (BESE), while filled squares were kept at control sediment stability. Dark blue squares (textured and filled) indicate the hydrodynamic barrier treatment, and light blue squares (textured and filled) indicate the hydrodynamic control treatment. Green triangles indicate field loggers for wave data and current flow velocity, and brown circles indicate where sediment samples were taken. Representation not to scale.






Figure 3 | Seagrass transplant units planted (A) without and (B) with buried sediment-stabilizing BESE-elements. The white glass-fiber sticks were deployed only during monitoring and removed afterward.



For the second treatment, to increase sediment stability, we buried three-dimensional artificial structures, mimicking seagrass root mats, completely sub-surface. The structures consisted of Biodegradable Elements for Starting Ecosystems (BESE-elements, http://www.bese-products.com/, Figure 2B) (BESE BV, Culemborg, Netherlands), composed of a carbon neutral biodegradable polymer made from potato-waste Solanyl C1104M (Rodenburg Biopolymers, Oosterhout, the Netherlands) (Temmink et al., 2020; Marin-Diaz et al., 2021). We stacked two layers of BESE (45 cm × 45 cm), resulting in a 4 cm high 3-D honeycomb-shaped matrix with a 12 cm diameter circular planting hole cut in the center. Each structure was secured with three L-shaped rebars (l = 50 cm; Ø 10 mm). The control sediment stability plots (45 cm × 45 cm) consisted of bare sediment. The experiment was set up (i.e., barrier construction and sediment-stabilizing structures burial) one month before planting to allow sediment to settle around the restoration tools. To start the experiment, we manually planted three seagrass transplant units just below the sediment surface in the center of each plot within a diameter of 12 cm. For this, we lifted the sediment with an elongated trowel and gently pushed the units into the gap at an angle. The experiment was terminated thirteen weeks after planting.




2.4 Monitoring: biotic conditions

We monitored the seagrass transplants while snorkeling during daylight low tides, which occurred approximately monthly. At Zachte Bed Oost, we monitored 1, 5, 8, and 13 weeks after planting. Similar monitoring timing occurred at Vlakte van Kerken, except that the 8-week sample was impossible due to high turbidity that impaired underwater visibility. Plants did not grow sufficiently to determine growth parameters like expansion or elongation rate, so we assessed whether the transplant units still contained alive shoots. We checked whether the three transplant units held live shoots at each plot. We recorded the death of a transplant unit when all leaves of the same transplant unit were absent or completely discolored or when the entire transplant unit was missing. To monitor transplant dislodgement, we recorded the presence or absence of transplant anchors (i.e., nails) in week five at both locations. We took pictures of all plants during monitoring events. Additionally, we visually estimated the epiphyte cover when visibility and duration of the low tide during monitoring allowed it. We estimated the percentage of epiphyte cover of the seagrass leaves twice at Zachte Bed Oost (weeks five and eight) and once at Vlakte van Kerken (week five). The experiment was terminated at the last monitoring event, after thirteen weeks, when no surviving shoots were present anymore.




2.5 Monitoring: abiotic conditions

We monitored the abiotic conditions of current flow velocity and heading direction with tilt current meters (Lowell Instruments LLC, East Falmouth, United States). The loggers recorded current data at a sampling rate of 8 Hz and bursting duration of 10 seconds per ten minutes. To prevent the heading and current velocity measurements from being expressed relative to the magnetic north, we corrected for the magnetic declination, which is the angle between the magnetic north and true north. We determined the declination of 1.48° east with the “National Centers for Environmental Information (NOAA) Declination Calculator” (https://www.ngdc.noaa.gov/geomag/calculators/magcalc.shtml), according to the experimental site’s locations in the western Wadden Sea. The current reduction occurred during incoming tides through the barriers’ position regarding the seagrass plots. Therefore, we categorized the records’ heading degrees into incoming (Vlakte van Kerken: ~20°; Zachte Bed Oost: ~40°) and outgoing tides (Vlakte van Kerken: ~180°; Zachte Bed Oost: ~230°), for the velocity reduction calculations. For both sites, data of barriers and controls was aligned based on time stamps and expressed as percentual current velocity reduction or current attenuation. The maximum wave height was measured with wave gauge sensors (Ocean Sensor Systems Inc., Coral Springs, United States) at a sampling rate of 10 Hz and bursting length of 7 minutes per 15 minutes. We derived the minimum and maximum pressure values per measurement moment. From that, we calculated the maximum wave height per burst. Light intensity was monitored as photosynthetically active radiation (PAR) throughout the experiment, approximately 50 m next to the experimental setup with Odyssey Integrating PAR Sensors (Dataflow Systems PTY Limited, Christchurch, New Zealand). Loggers were cleaned off barnacle and algae biofouling during monitoring events, and only PAR data collected within three weeks after cleaning events were used in analyses to ensure the reliability of the data, as the PAR sensors were especially susceptible to biofouling. In addition, eight weeks after setting up the barriers, hence four weeks after planting, sediment surface samples were taken by extracting the top 5 cm layer with a 50 ml syringe (∅ 3 cm). We took three samples between seagrass plots behind each barrier and control, totaling 24 samples per site (Figure 2C, brown circles). Samples were analyzed for median sediment grain size and silt percentage (% with sediment grain size < 63 μm). Freeze-dried sediment samples were analyzed by the Royal Netherlands Institute for Sea Research (NIOZ, Texel) with a particle size analyzer (Beckman Coulter LS 13 320, Aqueous Liquid Module) using Polarization Intensity Differential Scattering (PIDS) technology. We took drone pictures of the experimental setup eight weeks after planting. Bathymetric information of the exact transplanting position and large-scale changes in bathymetry within the experimental setup were collected using the Trimble® R8 GNSS System (Global Navigation Satellite System) rtk-dGPS with a vertical resolution of 15 mm, one week and four weeks after planting by either measuring at the plots directly or in an approximately 1.5 × 1.5 m resolution around the setup. Due to the unexpected nature of the large bathymetry change next to the barriers, we did not take repeated bathymetry measurements in the scour holes. Bathymetry differences over time are, therefore, likely an underestimation.




2.6 Statistical analyses

Statistical analyses were performed with R version 4.3.2 (R Core Team 2014). Throughout this study, we refer to the standard error with SE. We predicted the odds of shoot survival with a Generalized Linear Mixed-Effect Model (GLME) using the lme4 package (Bates et al., 2015). We converted the survival data into a binomial distribution. We considered a plot as having survived (1) if at least one of the three seagrass transplant units still had at least one alive shoot. On the other hand, we noted death (0) if none of the three seagrass transplants contained living shoots. We set hydrodynamic treatment, sediment stability treatment, experimental site, time (in days after transplantation), and interaction between time after transplantation and study site as fixed effects. Transplant unit ID and plot ID were applied as nested random effects. Model estimates on a logit scale were back-transformed by exponentiation to generate survival odds. We computed 95% Confidence Intervals (CIs) and calculated p-values using a Wald z-distribution approximation. For the abiotics, we fitted linear mixed-effect (LME) models with the nlme package (Pinheiro et al., 2023) to predict the effect of the hydrodynamic barriers on current flow and wave height, with the hydrodynamic treatment as a fixed effect and time as a random effect. Models were run separately for both locations. Additionally, we fitted a linear model with the median grain size as the dependent variable and hydrodynamic treatment and experimental site as independent variables. The difference in silt content between the study sites was analyzed non-parametrically for barrier and control treatments using a Kruskal-Wallis test, as assumptions for normality were not met. We validated model assumptions by plotting residuals versus fitted values to verify homogeneity and assessing Q–Q plots of the residuals to check for normality and residuals versus each explanatory variable to check for independence. Additionally, the Shapiro-Wilks test (α >.05) was used to test for normality of variance, and Levene’s test (α >.05) was used for testing homogeneity of variance. Changes in bathymetry depending on the presence of the barriers were tested with a Welch two-sample t-test due to unequal variances of the groups.





3 Results



3.1 Transplant survival

We investigated if the reintroduction of self-facilitating feedbacks can facilitate the restoration of subtidal eelgrass in a dynamic ecosystem. For this, we tested the effects of increased sediment stability and the manipulation of hydrodynamic forcing on seagrass survival. The reported survival probabilities are not absolute but relative survival chances. They are expressed in relation to the survival probabilities of the other level of the same treatment. In line with our hypothesis, we found that short-term survival chances of eelgrass transplants treated with sediment stabilizing root mimics were +67% higher than the bare controls (GLME, beta = -1.11, 95% CI [-1.96, -0.26], p <.01) (Supplementary Table 1). The mean survival of the four different treatment combinations was similar at the same monitoring event, with mean survival peaking at 15%. At Zachte Bed Oost, treatment effects were visible after five weeks, with increased sediment stability resulting in increased survival. We found a highly significant interaction effect between transplantation time and study site, as shoots survived longer at Zachte Bed Oost (beta = 0.18, 95% CI [0.11, 0.25], p <.001) (Figure 4). Interestingly, the overall seagrass survival at Zachte Bed Oost was still higher after eight weeks than after five weeks at Vlakte van Kerken, so seagrass transplants survived for a more extended period at Zachte Bed Oost. After five weeks, we discovered that the survival rate of plants treated with the barriers at Vlakte van Kerken was merely 8% of the survival rate observed at Zachte Bed Oost. This suggests a stark difference in survival rates between the two locations, with Vlakte van Kerken showing lower plant survival relative to Zachte Bed Oost. Contrasting to our expectations, barriers decreased transplant survival probabilities by -74% (beta = -1.33, 95% CI [-2.29, -0.36], p <.01).




Figure 4 | Relationship between experimental treatments and survival of subtidal eelgrass transplants throughout time for plants at (A) Zachte Bed Oost and (B) Vlakte van Kerken. Color indicates the hydrodynamic treatment, with red lines representing the hydrodynamic barrier treatment, while blue lines represent the hydrodynamic control treatment. Line type indicates the sediment stability treatment: Solid lines represent transplant survival of transplants treated with control sediment stability, and dotted lines increased sediment stability by adding BESE. Error bars represent standard errors, and gray ticks above the x-axis indicate monitoring events.



All seagrass shoots died in the course of three months after transplantation, so there was no long-term survival of the transplant units. We noticed that many shoots and leaves broke off at a straight edge, approximately 3 cm close to the ground, where leaves split from the leaf sheath (Supplementary Figures 1A, B). The remnants were often overgrown with epiphytes (see Supplementary Figure 1A for a representative photo) and/or discolored entirely. We found that the proportion of mortality caused by dislodgement was relatively low in most treatment groups (Supplementary Figure 2). At Vlakte van Kerken, the median percentage of mortality caused by dislodgement was 16.7%, while at Zachte Bed Oost, it was 4.2%. Interestingly, at Zachte Bed Oost, we recorded both the highest and lowest proportion of mortality due to uprooting. The BESE treatment without a barrier resulted in 0% mortality due to dislodgement, while the barrier treatment without BESE resulted in more than 30%.




3.2 Abiotic conditions

The abiotic conditions at both sites did not differ substantially. We found a tidal range of ~1.9 m at Zachte Bed Oost and ~1.7 m at Vlakte van Kerken. The median sediment grain sizes at the two study sites were 176 μm (SE = 2.4) and 174 μm (SE = 2.4), respectively. From June to August 2021, the average current flow velocities without barriers (16.15 cm s-1, SE = 0.09) were significantly higher at Zachte Bed Oost compared to the average at Vlakte van Kerken (14.72 cm s-1, SE = 0.09) (beta = 0.76, SE = 0.17, t(18426) = 4.51, p <.001). We recorded maximum current flow velocities of 42.63 cm s-1 and 42.21 cm s-1 and mean wave heights of 11.26 cm (SE = 0.11) and 8.55 cm (SE = 0.08) (Supplementary Table 2) at Zachte Bed Oost (Figure 5A) and Vlakte van Kerken (Figure 5B), respectively.




Figure 5 | Maximum wave height (cm) throughout time at (A) Zachte Bed Oost and (B) Vlakte van Kerken. The dark blue graphs represent the maximum wave height measured behind a hydrodynamic barrier, while the light blue graphs depict measurements at the hydrodynamic controls.



We measured the light irradiance on land and underwater as Photosynthetic Photon Flux Density (PPFD), the sum of all recorded photosynthetically active radiation on a day. The land light irradiance when we conducted the experiment was relatively low, as the 2021 mean (55.32 mol photons m-2 day-1; SE = 2.75) was 28% lower than the 2022 mean (76.95 mol photons m-2 day-1; SE = 2.96) (Figure 6B). Our underwater measurements (Figure 6A) revealed that the monthly mean PPFD in June, July, and August 2021 at Zachte Bed Oost (7.0; 12.3; 5.9 mol photons m-2 d-1, respectively) and Vlakte van Kerken (9.0; 12.4; 9.2 mol photons m-2 d-1, respectively) laid well above the threshold for long-term survival of established meadows of 3 mol photons m-2 d-1. 75% of the recordings at Zachte Bed Oost and 86% of the records at Vlakte van Kerken exceeded the long-term survival threshold. Furthermore, measurements drew close to or exceeded the light requirement for light-saturated growth of 7 mol photons m-2 d-1 (Thom et al., 2008), as 48% and 58% exceeded the threshold for light-saturated growth at Zachte Bed Oost and Vlakte van Kerken, respectively (Figure 6A). It is important to address the difference between the measured and the actual light availability, as light-competing species (epiphytes and macroalgae) likely reduced the light availability (Sand-Jensen, 1977; Hauxwell et al., 2003).




Figure 6 | (A) Underwater light availability was measured as Photosynthetic Photon Flux Density (PPFD) (mol photons m-2 d-1) from June to August 2021 with measurements at Zachte Bed Oost (green line) and Vlakte van Kerken (orange line). The lower border of the bright orange ribbon represents the eelgrass’ light requirement for long-term survival (3 mol photons m-2 d-1), and the upper border the light requirement for light-saturated growth (7 mol photons m-2 d-1) (Thom et al., 2008). The light gray ribbon indicates where data has been filtered out due to biofouling. (B) Land light availability measured as Photosynthetic Photon Flux Density (PPFD) (mol photons m-2 d-1) from June to August 2021 (black triangles) and 2022 (gray triangles) on the Wadden Sea island Texel. The black and gray lines represent locally estimated scatterplot smoothing regressions with gray ribbons indicating 95% confidence intervals.






3.3 Biotic conditions

At Vlakte van Kerken, very high loads of macroalgae, predominantly sea lettuce (Ulva lactuca), grew and floated throughout the water column. Sea lettuce attached in very high quantities to the barriers, sensor poles (Supplementary Figure 3), and base of the seagrass transplant units. The high weight of the floating macroalgae suffocated the seagrass. At Zachte Bed Oost, only a small amount of floating macroalgae was present. In our drone picture (Figure 7), the quantity of macroalgae can be seen. It did not seem to affect the seagrass negatively.




Figure 7 | Drone picture of the experimental setup at Zachte Bed Oost, eight weeks after constructing the barriers with an overlying spatial layer depicting dGPS measurements of the bathymetry around the setup, with bathymetry shown in meters to MWL.



We quantified the epiphyte cover on seagrasses once at Vlakte van Kerken after five weeks and twice at Zachte Bed Oost after five and eight weeks. We found that after five weeks, at Vlakte van Kerken, the seagrass epiphyte cover was significantly higher than at Zachte Bed Oost (F1,1 = 25.96, p <.01). Here, only approximately half of the epiphyte cover was detected. Comparing the cover at Zachte Bed Oost at 5 and 8 weeks reveals no statistically detectable difference between these monitoring events (F1,1 = 2.78, p = .17) (Figure 8). Epiphyte volume (Supplementary Figure 1A) and weight added considerable drag to the plants leading to breakage of the leaves.




Figure 8 | Percentage of the epiphyte cover on seagrass transplants. Dark blue bars represent the hydrodynamic barrier treatment, and bright blue is the hydrodynamic control treatment. Pattern fill (striped) indicates increased sediment stability (BESE), and no pattern fill (plain) is the control sediment stability treatment. Error bars represent standard errors.






3.4 Effect of the barriers



3.4.1 Effect of the barriers on hydrodynamics

The barriers significantly decreased the current flow velocities of the incoming tides, with mean reductions of -1.5% at Zachte Bed Oost and -1.3% at Vlakte van Kerken. Even though they were statistically significant, these reductions were probably not high enough to be ecologically relevant (beta = -6.91, SE = 0.17, t(18426) = -41.07, p <.001). The maximum decreases at Zachte Bed Oost and Vlakte van Kerken were -9.2% and -8.9%, respectively. The percentage of current flow reduction was correlated to the current flow velocity, with higher velocities being more reduced (Supplementary Figure 4).

At Zachte Bed Oost, the maximum wave heights were 24% higher (mean = 11.26 cm, SE = 0.11) than at Vlakte van Kerken (mean = 8.55 cm, SE = 0.08). At both sites, the barriers did not significantly decrease wave height (linear model, p = .15, Supplementary Tables 3, 4). This could also be seen in the almost identical intercept and slope of the fitted linear model in Supplementary Figure 5, which shows the difference in wave height with and without barrier throughout time. These results likely underestimate the barriers’ effect, as we only monitored the hydrodynamic conditions 3.4 m behind the barrier.




3.4.2 Effect of the barriers on sediment dynamics

We found a pronounced edge effect with dGPS bathymetry measurements eight weeks after planting; bathymetry was up to 14 cm deeper next to the barrier than surrounding sediment and controls in the experimental setup. This spatial bathymetry difference (Figure 7) likely resulted from erosion near the barriers’ edges. It seems likely that turbulence created by the sandbag edges, where current velocities were increased, had led to high erosion rates while sedimentation occurred behind the barriers. Repeated dGPS measurements from June and July at Zachte Bed Oost compared changes in bathymetry behind barriers (mean = 4.34 cm, SE = 0.94) to controls (mean = 0.98 cm, SE = 0.38). Unfortunately, we did not take repeated measurements at the edges of the barriers, where most erosion had occurred. We found that the change in bathymetry behind barriers was significantly higher than behind controls. For this, we used a Welch unequal variances t-test (t(22.40) = 3.315, p = .003). Furthermore, we noticed that the data variation was higher behind barriers, as bathymetry changes occurred here in a range of 17 cm. In comparison, the range behind controls was only 5.6 cm (Supplementary Figure 6).

There was no significant difference in the median sediment grain size at the two study sites (linear model, F1,21 = 0.02, p = .89) (Vlakte van Kerken: median = 172.84 μm, SE = 4.46; Zachte Bed Oost: median = 173.18 μm, SE = 7.52). At both sites, the median sediment grain size did not differ between hydrodynamic treatments (F1,21 = 3.23, p = .09). At Vlakte van Kerken, the barriers did not have a significant effect on the silt content (barriers: mean = 5.93%, SE = 1.70; controls: mean = 5.35%, SE = 0.62) (Chi2 = 0.23, df = 1, p = .63). Contrastingly, at Zachte Bed Oost, sediment behind barriers had a +44% higher silt content (mean = 9.71%, SE = 5.02) than at the controls (mean = 5.21%, SE = 2.09) (Chi2 = 5.03, df = 1, p = .02).






4 Discussion

For the first time since 1950 (Korringa, unpublished data), subtidal eelgrass (Zostera marina) was planted in the Dutch Wadden Sea, where this perennial variety has been absent for almost a century. We tested the potential of using restoration tools that mimic self-facilitating feedbacks to bridge settlement thresholds. In our study, we show that short-term survival (5 weeks) can be increased (+67%) by generating self-facilitating feedback through the application of belowground root mimics (BESE-elements). The hydrodynamic barriers decreased transplant survival (-74%). This decline was likely the result of enhanced sediment erosion created by turbulence. Vegetation survival up to a point where plants are established and can induce their own self-facilitating feedbacks is required (Campbell and Paling, 2003; Carus et al., 2022), and reintroducing the feedback of hydrodynamic stress reduction should therefore be further explored. Unfortunately, all transplants died within three months after transplanting. We recommend continuing to explore restoration possibilities through field studies. In disturbance-driven systems like the Wadden Sea, a combination of several possible bottlenecks, including yearly varying light availability, orbital velocities, and suboptimal sediment stability, makes shifting between stable states challenging (Balke et al., 2014).



4.1 Sediment stability increases short-term survival

When growing in low densities, sparse seagrass rhizome networks may not be able to stabilize the sediment (Suykerbuyk et al., 2016). When reintroducing this self-facilitating feedback with transplants in a bare system, very high quantities would be required to initiate the sediment-stabilizing feedback. Artificially inducing the same feedback can minimize the need for donor material (Temmink et al., 2020). Thus, the root-mimicking structures that we used for the sediment treatment were designed to induce this stabilizing feedback. Seagrass restoration can be aided by overcoming the settlement threshold of low sediment stability with BESE structures (Gagnon et al., 2021). Studies in Sweden and the US found increased restoration success for subtidal eelgrass transplants by applying the buried root mimics (Temmink et al., 2020; van der Heide et al., 2021). However, the restoration success can be conditional (van der Heide et al., 2021), as too little hydrodynamics rendered the BESE unnecessary, while too strong hydrodynamics overpowered the effect of the root mimics. Apparently, the hydrodynamic conditions in the Wadden Sea, where our study was carried out, lay within the windows where BESE is useful. It also means that if our barriers had worked in the anticipated way, the relative effect of the root mimics would likely have been smaller, and these measures have the potential to interact. Here, we found that BESE increased short-term survival probabilities, meaning that seagrass restoration success in the Dutch Wadden Sea may benefit from artificially induced sediment-stabilizing feedbacks.




4.2 Barriers do not relieve hydrodynamical stress

Contrary to our expectations, the 7-m hydrodynamic sandbag barriers did not have the intended effect of creating a calmer growth environment for seagrass transplants. Furthermore, many BESE-elements were washed clear, reversing their effect. The barriers were ineffective in reducing maximum wave height and reduced current velocities by less than 10%. Here, one should keep in mind that these values might be underestimated, as we only measured 3.4 m behind the barriers. Regardless, the barriers did not have their desired effect on seagrass survival, and their ameliorating effect was seemingly too low for ecological relevance. In a mussel reef restoration experiment in the Dutch Oosterschelde estuary, breakwaters did not increase the mussel coverage, probably because the barriers were too shallow or narrow to sufficiently reduce hydrodynamic stress (Schotanus et al., 2020). In our study, an increased barrier height might have asserted ecologically relevant hydrodynamic stress amelioration. Because the barriers deflected water, scour holes formed along the edges, likely due to locally increased current flow and resulting sediment transport. The pronounced edge effect would probably be relatively smaller if barriers were longer. Furthermore, an alternative barrier design might result in a lower edge effect, as, for instance, a semi-permeable barrier would not deflect as high volumes of water.

Installing functional underwater barriers is challenging in practice because of the high hydrodynamic forces they are supposed to ameliorate. Even though several attempts in close-by systems were made to establish structures targeted specifically at seagrass restoration, only a few results have been published. In the Danish estuary Vejle Fjord, barrier boulder reefs were installed to facilitate seagrass restoration within the ongoing “Sund Vejle Fjord” project. Similar to our observations, the barriers considerably affected sediment dynamics after installation. The effects on eelgrass restoration attempts cannot be quantified before a new steady state of the sediment dynamics is established (T. Banke, pers. comm., Feb. 7, 2024). In the Dutch Lake Grevelingen (R. Cronau, pers. comm., Feb. 9, 2024), the Dutch intertidal Wadden Sea (L. Govers, pers. comm., Jan. 24, 2024), and the German Baltic Sea (L. Kamperdicks & M. Paul, pers. comm., Feb. 1, 2024), underwater barriers were dislodged due to the hydrodynamic forcing. In the Dutch Lake Markermeer, a series of breakwaters were successfully used to relieve hydrodynamical stress and stimulate the growth of submerged macrophytes. However, this restoration effect occurred ten years after the installation, attributed to underwater light limitations (van Zuidam et al., 2022). These examples highlight the challenges and the necessity of applying restoration tools to reduce hydrodynamic stress below its limiting threshold.

The current velocity maxima for established eelgrass meadows range for instance between 0.5 – 1.8 m s-1 (Koch, 2001 and sources within) and 1.2 – 1.5 m s-1 (Fonseca et al., 1983). We conducted field measurements in the summer of 2022 and found mean current velocities of 0.27 m s-1 at Zachte Bed Oost and 0.26 m s-1 at Vlakte van Kerken, values well below the stated threshold. However, dislodgement of unanchored transplants may start at lower hydrodynamic threshold values of 0.16 – 0.23 m s-1 (Carus et al., 2022), as transplants may be more vulnerable to dislodgement and the adverse effects of high current speeds than established meadows. This was why our experimental design included, firstly, shoot anchorage and, secondly, the barrier treatment to mimic the hydrodynamic forcing reducing feedback of an established meadow. Even though the monitoring values during our experimental phase were lower than in 2022, the hydrodynamic stress, a combination of waves and currents, still seemed too high.




4.3 Biotics limit site suitability

Conducting transplantation efforts across different sites leads to spreading the risk, which is important in dynamic coastal systems like the Wadden Sea (van Katwijk et al., 2009). Our study further evidences this, as we found significant differences in survival between the two study sites. We showed that the survival probabilities when planted at Vlakte van Kerken were 77% of the survival probabilities at Zachte Bed Oost. Depending on the treatment, seagrass at Vlakte van Kerken declined from 100% to 3 – 11% in the course of only five weeks. The second site, Zachte Bed Oost, showed higher and longer short-term survival, but survival percentages dropped to similar lows three weeks later. While the abiotic conditions of both sites seem quite similar (Supplementary Table 2), the biotic conditions deviated strongly.

The presence of antagonistic species like fast-growing pleustophytic macroalgae can compromise the success of transplantation activities (Sfriso et al., 2023). Vlakte van Kerken functions as a basin where high macroalgae loads accumulate. The border to the next tidal basin is 2 km north of the site (Figure 1C), and 1.4 km to the west lies the barrier island Texel. Combined with the incoming tides from the south from the tidal basin “Marsdiep”, this leads to macroalgae accumulation. The algae biomass (predominantly Ulva lactuca) attached to the barriers and transplants (Supplementary Figure 3) seemed to have suffocated the seagrass. This observation aligns with previous studies in the Wadden Sea (Bos et al., 2004, 2005; van Katwijk et al., 2009). Other adverse effects of floating algae are competition for light (Hauxwell et al., 2001, 2003) and unfavorable biogeochemical conditions like lowered redox conditions and potentially toxic concentrations of ammonium (NH4+) (Hauxwell et al., 2001).

For our site selection, a system analysis was performed based on abiotic factors like bathymetry, sediment grain size, position within areas partially closed to fisheries, flow velocity, underwater light availability, and wave height. To effectively choose an optimal site, it is essential to consider not only abiotic factors but also to incorporate biotic data into the decision-making process. Next to floating and epiphytic macroalgae, examples of species that could affect seagrass habitat suitability in the Wadden Sea are bioturbators like blow lugworms (Arenicola marina) (Philippart, 1994), grazers like mud snails (Peringia ulvae) (Gräfnings et al., 2023a), and herbivores of seedlings like the European green crab (Carcinus maenas) (Infantes et al., 2016). Taking the occurrence and the species’ antagonistic or mutualistic effect into account could further improve effective site selection.




4.4 Understanding the lack of long-term survival

Even though we found treatment effects on short-term survival, no long-term survival occurred. When seagrasses are exposed to single or multiple stressors, the plants’ carbon budget undergoes alterations: the carbon acquisition can be lowered, and the reserves can be drained. Energy can be allocated to defense or repair processes instead of growth, reducing growth and increasing mortality (Moreno-Marín et al., 2018). Abiotic differences between donor and transplantation sites led to sudden changes in water composition (salinity mean and fluctuation) and light availability. The roots of the single shoots were physically disconnected from the surrounding nutrient-providing sediment. Using rhizome fragments, shoots were disconnected from their extensive rhizome network and access to energy through carbon storage. Furthermore, as the transplantation occurred relatively late in the growing season (i.e., mid-June), the timing probably also adversely affected the survival. Lastly, light was limited due to fairly low irradiance during the experimental period, with epiphytic growth on the seagrass leaves further limiting light availability. Especially at Vlakte van Kerken, the high floating and epiphytic macroalgae loads overshadowed the treatment effects of the barriers and root mimics. We hypothesize that the high exposure to cumulative stress caused seagrass die-off in the scope of this experiment.



4.4.1 Salinity

Restoring eelgrass is challenging in practice (van Katwijk et al., 2016). Donor seagrass plants should be recruited from populations in comparable environments (e.g., van Katwijk et al., 2009, 1998). Therefore, transplants are often harvested from meadows near the transplantation site (Moksnes et al., 2016). Alternatively, populations with resilient features can be used (McDonald et al., 2020). All subtidal eelgrass populations in the entire trilateral Wadden Sea are extinct. Therefore, the population from the Limfjord, a Danish sound with an inlet from the North Sea and located more than 600 km from the western Dutch Wadden Sea, is spatially the closest indirectly connected donor population. Here (22 PSU), the water is of a more comparable salinity to the Dutch Wadden Sea (28 PSU). However, COVID-19 border restrictions hindered access to the preferred Danish meadows. Using seagrass from the Baltic Sea (14 PSU) instead may have posed a limitation, as the salinity differed substantially, with the Dutch water being twice as saline. While it is well known from literature that Z. marina can tolerate an extensive range of salinities (e.g., Nejrup and Pedersen, 2008; Boström et al., 2014; Spalding et al., 2014), the sudden relocation from a brackish environment into a saline environment has most likely posed additional stress to the plants. If using plants from similar donor plants is impossible, an added phase in which plants can gradually acclimatize to a large salinity difference might increase the chances of long-term survival.




4.4.2 Transplantation technique

The anchored single-shoot method has succeeded in other systems, for instance, Horsens Fjord in Denmark (Lange et al., 2022) and Lake Grevelingen in the Netherlands (Cronau et al., 2022). In the former, donor and transplantation sites were nearby, which indicates environmental similarity. In the latter, the transplantation site seems less dynamic as the marine lake is wave-dominated, unlike the Wadden Sea, which is wave- and tide-dominated. We used metal nails as anchors to overcome the loss of the anchorage function of an intact root mat. Unanchored single-shoot dislodgement starts at current flow velocities of 16 cm s-1 (Carus et al., 2022). Average current flow velocities in our system were slightly below or at that threshold. Still, maximum velocities exceeded this threshold by more than three-fold (Supplementary Table 2). Anchorage, which is another form of reintroduced positive feedback, therefore seems necessary.

Five weeks after planting, we still found high numbers of transplant anchors where no surviving plants were detected (Supplementary Figure 2). We ascribed the reason for mortality in plots with no anchors to dislodgement. At Vlakte van Kerken, the mortality due to dislodgement (median = 16.7%) was almost 4-fold higher than at Zachte Bed Oost (median = 4.2%). This was probably the result of the high loads of floating macroalgae present at Vlakte van Kerken, as the floating biomass attached to the transplants added drag. At both sites, mortality due to dislodgement was lower than 25%, except for the bare sediment group at Zachte Bed Oost planted behind a barrier, where more than 30% of the mortality was ascribed to uprooting. Here, the high levels of erosion probably washed clear the transplant units. Simultaneously, high levels of sedimentation might have buried other transplants, including their anchors. Overall, most transplant anchors stayed put. This indicates that the anchoring process worked well despite the high levels of hydrodynamic forcing in the system.

Handling single shoots comes with certain challenges. Plants are disconnected from their belowground nutrient supply, and single rhizome fragments might be more vulnerable to physical damage than a network. Furthermore, seagrasses with large amounts of stored carbohydrates in their rhizomes can optimize their carbon balance by moving these energy resources to stressed shoots (Alcoverro et al., 1999). Therefore, the anchored single-shoot method may be unsuitable for a system as dynamic as the Wadden Sea. As multiple simultaneous stressors act upon vulnerable single shoots, an alternative transplantation technique might prolong survival in future restoration activities. Sediment-intact techniques like sods, cores, or plugs leave the root and rhizome system relatively unimpaired (Phillips, 1990; Fonseca et al., 1998), meaning that the positive feedback of anchorage is still maintained. Furthermore, transplanting with the plant’s intact rhizosphere might lead to more root biomass in the first two weeks (Wang et al., 2021), which is a critical time for the plant to establish.




4.4.3 Timing of the transplantation

The timing of transplantation plays a crucial role in seagrass restoration success and should be carefully considered when planning restoration activities (van Katwijk et al., 2009). Temperate seagrasses generally have a biomass peak during the growing season and a substantial decrease in biomass in winter (Duarte, 1989). Carbohydrates are accumulated and stored during periods with a positive carbon balance, which occurs typically in summer and autumn (Zimmerman and Alberte, 1996; Olivé et al., 2007; Vichkovitten et al., 2007). In the winter, less light availability leads to lower photosynthesis rates and, thus, to a reduced carbon gain. When the carbon demand through respiration and growth becomes negative (Alcoverro et al., 2001), seagrasses depend on the reserves in their rhizomes (Zimmerman et al., 1995; Alcoverro et al., 1999; Vichkovitten et al., 2007). According to these seasonal changes in energy reserves, we tried to harvest and transplant at the beginning of the growing season (i.e., late spring). Transplanting in this period might benefit the carbon balance, as the respiratory demand decreases at lower temperatures (Lee et al., 2007), and high growth rates might help the seagrass to recover faster from the transplantation (Govers et al., 2015). However, our efforts were postponed to June because we were restricted due to COVID-19 regulations and strict border restrictions. This late transplantation might have resulted in dependency on carbon reserves and might have contributed to the die-off once these reserves were depleted (Olesen and Sand-Jensen, 1993; Ralph et al., 2007; Silva et al., 2013). Plants might not have been able to gain a positive carbon balance due to the low light availability that was further decreased by epiphytes. It is difficult to unravel if the lack of long-term survival is due to fundamentally unsuitable conditions or if the conditions were temporarily unsuitable due to temporal variation in conditions.




4.4.4 Light limitations through irradiance and epiphytes

Water turbidity and resulting low light availability pose an establishment and survival limitation for eelgrass in general and smaller rhizome fragments in particular (Carr et al., 2010). Seagrasses have to maintain their belowground biomass, which embodies a large portion of non-photosynthetic tissue. This leads to a relatively high minimum light requirement (Kenworthy and Fonseca, 1996). Tidal and wind-induced currents often have a large impact on the water turbidity of shallow coastal environments and estuaries through the suspension of particles, together with phytoplankton in the water column (Postma, 1961; Colijn, 1982; Giesen et al., 1990a; Kemp et al., 2005; van der Heide et al., 2007). van der Heide et al. (2007) found that in the Wadden Sea, phytoplankton has a neglectable effect on turbidity, leaving suspended sediment as the main factor. Turbidity through sediment dynamics is mainly caused by sediment resuspension on the mudflats and sediment transport between the mudflats and channels (e.g., Postma, 1961; Janssen-Stelder, 2000; Christiansen et al., 2006). Seagrass effectively filters suspended sediment particles from the water column (Gacia et al., 2003). Therefore, a restored seagrass meadow in the Wadden Sea might improve water clarity to such an extent that it allows for sufficient light penetration, enabling a positive carbon balance. Seagrasses can improve the underwater light regime by trapping sediment particles (e.g., Barcelona et al., 2023) and filtering nutrients (e.g., Prystay et al., 2023).

Still, limitations in periods with low irradiance pose a severe threat, especially when combined with additional stressors. When we carried out the experiment, the light regime in 2021 (Figure 6B, in black) was relatively low. We measured -22% less photosynthetic photon flux density compared to the same period from mid-June to September 2022 (Figure 6B, in black). In the 1930s, the subtidal eelgrass die-off occurred in the Dutch Wadden Sea due to coinciding events. Dull and very dull growing seasons were recorded in 1931 and 1932. These reduced light conditions likely affected the vitality of eelgrass stands (Giesen et al., 1990b). Subsequently, in 1932, the turbidity increased due to the construction of the enclosure dam (Giesen et al., 1990b). This series of low light events coincided with the epidemic wasting disease (Den Hartog, 1987; Giesen et al., 1990a; Giesen, 1990c). Therefore, in the past, insufficient light during critical periods impaired seagrass survival.

Thresholds for the long-term survival of established eelgrass meadows range from 3 (Thom et al., 2008) to 3.7 mol photons m-2 day-1 (Léger-Daigle et al., 2022), and for light-saturated growth, 7 mol photons m-2 day-1 are required (Thom et al., 2008). It should be noted that the actual values for the used donor plants might deviate, as eelgrass can photo-acclimatize to local light regimes. The site-specific temperature influences the light demand, as increased water temperatures promote higher respiration relative to photosynthesis and decreased photosynthetic efficiency (Marsh et al., 1986; Dennison, 1987). Over 75% of the recorded days at both sites exceeded the 3 mol photons m-2 day-1 threshold. While these values suggest that light availability was high enough, it should be noted that the light requirements for adult transplants with short rhizome segments are higher compared to established meadows, as they cannot translocate energy reserves or carbohydrates to support stressed shoots (Harrison, 1978; Ralph et al., 2007). Furthermore, 58% of the light recordings reached or exceeded the light-saturated 7 mol photons m-2 day-1 mark at Vlakte van Kerken. At the same time, only less than half of the recordings (48%) at Zachte Bed Oost reached this mark. Transplantation likely imposes high stress levels on plants and might increase their light requirements (Moreno-Marín et al., 2018). The fact that the seagrass shoots were not established yet and could not fall back on energy reserves in extensive rhizome networks (Alcoverro et al., 1999) might have made them susceptible to low light conditions.

Another critical factor affecting light availability is the competition for light. Epiphytes can reduce photosynthetic rates by blocking carbon uptake and light intensity (Sand-Jensen, 1977). Therefore, the considerably high epiphytic growth on the seagrass leaves, especially at Vlakte van Kerken, likely reduced the light availability. Another known adverse effect of epiphytes on seagrasses is impeding radial oxygen loss into the sediment (Brodersen et al., 2015). We found almost double the epiphyte coverage on seagrass leaves at Vlakte van Kerken (+193%) compared to the coverage on the seagrass leaves at Zachte Bed Oost during the monitoring event after five weeks. High epiphyte loads at Vlakte van Kerken could indicate possibly stress-induced nutrient leakage of the plants, as nitrogen, carbon (McRoy and Goering, 1974), and phosphorous (Penhale and Thayer, 1980) can leak from seagrass leaves, where epiphytes take them up. Seagrass leaves with high loads of epiphyte cover were reported to become more brittle and break off (Heijs, 1985; Borowitzka and Lethbridge, 1989). The increased volume and weight exerted a considerable drag on the plants, seemingly contributing to the breakage of leaves (Supplementary Figure 1A). The cover at Zachte Bed Oost decreased within three weeks. However, this was likely related to the substantial decrease in seagrass biomass and the resulting decrease in growth medium for epiphytes during that period (Figure 8).





4.5 Lessons learned and implications for practice

Our study is an important first step towards restoring the once vast (~150 km2) subtidal eelgrass meadows in the Dutch Wadden Sea. This study identified several current bottlenecks and insights for knowledge-based decision-making for future restoration activities. We show that artificially reintroducing positive feedback, i.e., sediment stabilization, positively affected short-term survival and suggest incorporating measures that induce this feedback in future restoration activities. Even though the second treatment was unsuccessful in inducing the positive feedback of creating shelter from hydrodynamic forces, we remain convinced that reducing hydrodynamic forces could be an important measure to bridge establishment thresholds for seagrass (Temmink et al., 2020). The installation of inter- and subtidal barriers is challenging due to the high hydrodynamic forces they are designed to ameliorate (R. Cronau, pers. comm., Feb. 9, 2024; L. Govers, pers. comm., Jan. 24, 2024; L. Kamperdicks & M. Paul, pers. comm., Feb.1, 2024) and altered sediment dynamics (T. Banke, pers. comm., Feb. 7, 2024). The barriers need sufficient height and length to ameliorate the hydrodynamic forces to an ecologically relevant degree (Schotanus et al., 2020). A positive effect can be overshadowed by other bottlenecks like low light availability (van Zuidam et al., 2022) or the presence of antagonistic species (Sand-Jensen, 1977; Hauxwell et al., 2001). It should be further investigated if barriers with an adjusted design (e.g., altered height, length, permeability) can reduce hydrodynamic forcing to an ecologically relevant degree. Another aspect that requires further research, as the sudden translocation to a system with twice the salinity levels (14 vs. 28 PSU) likely posed additional stress, is whether donor plants can tolerate the Wadden Sea salinity fluctuations and if an acclimatization phase with gradual salinity increases promotes field survival.

We recommend lowering high cumulative stress levels by carefully considering the following aspects when planning future restoration activities. Firstly, an eelgrass population from a donor meadow with more similar abiotic Wadden Sea conditions should be used (van Katwijk et al., 2009). Secondly, the annual variations of carbon reserves (Vichkovitten et al., 2007) should be considered when planning transplantation activities. Lastly, we found that the site selection played a major role in the survival of seagrass transplants, as macroalgae (Supplementary Figure 3) and epiphytes (Figure 8; Supplementary Figure 1A) competed for light (Sand-Jensen, 1977; Hauxwell et al., 2001). They added drag and physical stress to the plants on one of our experimental sites (Vlakte van Kerken). This added drag resulted in higher dislodgement of the transplant units. To effectively choose an optimal site, it is essential to consider a habitat suitability map based on human impact and abiotic factors (Pogoda et al., 2023, 2020) and incorporate biotic data into the decision-making process.

To conclude, for seagrass restoration in the Wadden Sea, one should carefully consider 1) the reintroduction of positive feedbacks through restoration tools, 2) lowering high cumulative stress levels regarding donor population choice and timing, and 3) site selection, taking both local biotic (e.g., floating macroalgae) and abiotic conditions (e.g., light conditions) into account. Optimizing these restoration facets might lower the additive stress that eelgrass transplants face to the degree that allows long-term survival in the Dutch Wadden Sea.
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Habitat forming

Habitat Microbial taxa Isolation Potential functions Reference

taxa

Core members of the microbiome

Lophelia pertusa,
Cold-water phelia pertuisa [Endozoicomonas, Entomoplasmatales, with a role in pathogens protection; (Chapron
Desmophyllum pertusum ) . ) no )
corals Spirochaetales, Rickettsiales protein and carbohydrate transport et al,, 2020)
(former Madrepora oculata) )
and cycling
Core members of the microbiome
Paramuricea clavata, 5 with a role in pathogens protection; | (van de Water
p i Endozoicomonas no )
Bori Eunicella cavolinii protein and carbohydrate transport et al, 2017)
gardens and cycling
" g Core members of the microbiome (van de Water
Corallium rubrum Spirochaetaceae no . . .
with a role in pathogens protection et al, 2016)
A i is,
[,mpa 18,CETVCOTNES, Y-proteobacteria, o-proteobacteria,
Pocillopora damicornis, s G i 2 .
L Bacteroidetes, Cyanobacteria, Firmicutes, Some Biofilm production and nutrient (Huggett and
Stylophora pistillata, A. . ) . S .
5 Tenericutes, Euryarchaeota, Nitrososphaerota strains provisioning Apprill, 2019)
palmata, and Porites
> ane (syn. Thaumarchaeota)
Reef- cylindrica
buildi
uticing Consortium including five Pseudoalteromonas
corals : 5 ; : : o (Rosado et al,,
Pocillopora damicornis sp., Halomonas taeanensis, Cobetia marina yes Coral bleaching mitigation 2019)
related species strains
. X . . . (Doering
Pocillopora sp., Porites sp. Fresh tissue homogenates no Coral bleaching reduction et al, 2021)
Bacteroidetes, y-proteobacteria, o~
Zostera japonica, 2. marina, pmteol-:uac(erle.l, 5-prote(.1bacter.m, B- ) Nm(‘);en .ﬁxanon, phos?horous (Tarquinio
" 4 proteobacteria, Epsilonbacteria, Actinobacteria, yes solubilization and organic matter
Halophila stipulacea s B st et al, 2019)
Verrucomicrobia, Planctomicetes, mineralisation
Cyanobacteria
Seagrass Posidonia oceanica, ; s (Crump and
meadows o-proteobacteria, y-proteobacteria, 3-
Cymodocea serrulate, H. N . R < o Koch, 2008;
o ; proteobacteria, Actinobacteria, Firmicutes, no Plant metabolism contribution 5 5
uninervis, Thalassia Bidtaiaiicias Tarquinio
hemprichii, H. ovalis et al,, 2019)
Zoste . Labyrinthul ” Parasitic bacteria, which causes (Muehlstein
ostera marina abyrinthula zosterae es
(4 = ¥ Wasting Disease etal, 1991)
(El-Tarabily
Mangroves Avicennia marina Oceanobacillus picturae yes Enhancing plant growth and Youssef,
2010)
By ter-
. . o-proteobacteria, y-proteobacteria, (Biurgunter
Saccharina latissima B no na. Delamare
Bacteroidota, and Planctomycetes
et al,, 2022)
Lay d
Biofilm formation; degradation of (Boiil:;
Macroalgal Fucus vesiculosus Planctomycetes yes organic matter of plant and algal o Pm’m
cell walls
forests- et al, 2019)
Assimilation of dissolved organic
matter, involved in alginate .
. LA . 1 i . A (Weigel et al,,
Nereocystis luetkeana Microbiome including 6 phyla and 19 families no metabolism, vitamin B12 2022)
biosynthesis, and nitrogen
reduction
Utilization of ic carb M
Verrucomicrobia, Actinobacteria no 1zation of organic carbon i
sources et al,, 2016)
Cystoseira compressa
) Ruegeria, Nautella, Aquimarina, Loktanella, (Mancuso
1 Path
Cystoseira Saprospira, and Phaeobacter ne witiogens et al, 2016)
sensu lato
Caulerpa cylindracea, (Saha and
Agarophyton 58 bacterial species yes Protective role/pathogens Weinberger,
vermiculophyllum 2019)

For each habitat microbial taxa and their functions are reported.





OPS/images/fmars.2023.1227560/fmars-10-1227560-g002.jpg





OPS/images/fmars.2023.1227560/fmars-10-1227560-g001.jpg
MICROBIOMES AS NATURE-BASED SOLUTIONS
FOR MARINE RESTORATION

MULTI-OMICS AND COMPUTATIONAL
APPROACHES

IDENTIFICATION OF BENEFICIAL
MICROBIOTA/CONSORTIA
AND THEIR METABOLITES IN
HABITAT-FORMING ORGANISMS

SCREENING AND

MICROBIOME
5 SEEECS;I'\I?SNMS BIOMONITORING ISOLATION OF
CONTAINING OF THE HEALTH MICROBIOME
STATUS COMPONENTS « » NATURAL-ASSISTED
BENEFICIAL OF TRANSPLANTED BY CULTUROMICS EVOLUTION
MICROBES TO BE ORGANISMS
TRANSPLANTED
-
PROBIOTICS/BIOPROMOTERS
- =
INOCULA

g )

INTERVENTIONS IN CASE
OF POOR HEALTH CONDITIONS
OF THE TRANSPLANTED
ORGANISMS

¥ =

DIRECT TRANSFER OF INTERVENTIONS IN CASE
ORGANISMS/COLONIES OR OF POOR HEALTH CONDITIONS
SEDIMENT CLOD CONTAINING OF THE TRANSPLANTED
POTENTIAL BENEFICIAL ORGANISMS
MICROBIOTAAND NUTRIENTS

PRE-TREATMENT OF
THE ORGANISMS/COLONIES
OR THEIR SUBSTRATES
BEFORE TRANSPLANTING





OPS/images/fmars.2023.1227560/crossmark.jpg
©

2

i

|





OPS/images/fmars.2023.1159262/table2.jpg
Success evaluation

Success indicators

First mea-
surement

Restored

Restored

Monitoring periodicity

Reference

TO up to 1 year

Population extent e Bi-annually =
) o TO up to 1 year TO + every 2-3 monitoring periods of

Target Density of individuals/Cover (1) aier 2) Annually S
species

Presence of fertile individuals 1 year after T0 (3) =~ Annually As above

2 after TO

Population size structure years( 3) i Annually As above
Ecosystem | Associated biodiversity Before ;:ﬁiz 4 (4 Tozaad evez tzl;: [2 ::-:::;mg pecods

Other potenual‘ indicators: Community productivity (5); substrate, sediment, Bifois To be Asibove

fluxes and nutrient cycle (6) defined

Restored: restored population; Reference: reference population; Before: before the restoration action, T0: beginning of the restoration action,
(1) depending on the target species (density for monopodial and cover for sympodial species; these metrics can be related to survival). (2) depending on method used (ex situ: at T0; in situ: when

the size of recruits allows reliable counting,
(3) or 2-3 years, depending on the longevity and growth rate of the target species,

(4) depending on the target species and the maturity of the community (within the limits of the existing knowledge),
(5) by extrapolation of the biomass from non-destructive sampling (i.e. population structure) or by measuring photosynthetic/respiration rates,

(6) depending on the site characteristics, sedimentation rate and the target species. The success evaluation monitoring has to be carried out until the values observed in the restored populations
reach the control sites values. Restorative initiatives should be embedded within an adaptive management scheme already in place.
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Impact
category

Impact type

How to iden-
tify and
assess the
impact

References of impact effects
and assessment

How to mitigate the impacts
before and/or during the
restoration

References of
impact mitigation

Chemical CARLIT/EEI-¢ Cormaci and Furnari, 1999; Thibaut Implementation of sewage treatment Pinedo et al., 2013; Ivesa
pollution Biological, et al,, 2005; Arévalo et al., 2007; management and regulation of et al,, 2016; De La Fuente
chemical and Ballesteros et al,, 2007; Devescovi and | industrial and agricultural effluents et al, 2018
Decrease in Sedimemzf(i;": nutrient water- Ive$a, 2007; Pinedo et al., 2007 Avoid beach replenishment or other
wafer Water turbidity assessment Mangialajo et al., 2008a; Irving et al,, actions affecting coastal
3 L 2009%; Fraschetti et al., 2011; hydrodynamics
quality Eutrophication Orfanidis et al,, 2011; Sales et al.,
2011; Ivesa et al., 2016; Pinedo and
Ballesteros, 2019; de Caralt et al.,
2020*
Habitat loss due Comparison of Gros, 1978; Thibaut et al,, 2005; Sales | Regulation of coastal development. Firth et al,, 2013;
to artificialisation present and past and Ballesteros, 2010; Meinesz et al., Active forestation of existing or new Gianni et al,, 2018
from coastal historical data 2013; Torras et al,, 2016; structures, such as breakwaters, can
urbanisation and and mapping www.medam.org be developed (e.g. combining
seding other engineering solutions with seeding)
infrastructures
(e.g. harbour
facilities,
transportation
routes)
Boat anchoring Assessment of Milazzo et al., 2002a Regulation of anchoring (e.g. MPAs). Thibaut et al, 2016
boat frequentation Detailed mapping of existing
(e.g. visual counts, Cystoseira s.l. forests
pictures, drones
and satellite
images)
Set, dragging and | Assessment of Sauvageau, 1912; Feldmann, 1937; Regulation of fishing (c.g. MPAs), -
ghost nets; illegal fishery effort and Capdevila et al., 2016 control of illegal fishing
Abrasion/ destructive date- date-mussel
mechanical  mussel fishing fishery barrens
damage (e.g. visual counts,
pictures, drones
and satellite
images, landing
data)
Human trampling ~ Assessment of Milazzo et al., 2002b Citizen science, information boards, -
beachgoers’ access regulation (e.g. limiting the
frequentation and influx of people, establishing paths)
behaviour
Native and Assessment of Sala et al., 2011; Giakoumi, 2014; Population density management Gianni et al,, 2020;
invasive fish grazing pressure Verges et al,, 2014; Gianni et al., Temporary herbivore management or = Papadakis et al., 2021
(Sarpa salpa, (e.g. bites in the 2017; Papadakis et al., 2021 exclusion can be considered for
Siganus spp.) primary and restoration actions
secondary
branches) and fish
density
Grazing
Sea urchins and Assessment of Verlaque, 1987; Arrighi, 1995; Sala Population density management (e.g. Medrano et al., 2019;
other invertebrates | density, et al., 1998; Ballesteros et al., 2002; sea urchin culling or harvesting) Piazzi and Ceccherelli,
population Sala et al., 2012; Mariani et al., 2019; Temporary herbivore management/ 2019; Guarnieri et al.,
structure and Monserrat et al., 2023; https:/ exclusion can be considered for 2020
dynamic; barren hiddendeserts.com/ restoration actions
mapping (e.g.
barren areas)
Highly Benthic Huvé, 1960; Gros, 1978; Benedetti- Provide free substrate to facilitate Cebrian et al., 2021
competitive native = community Cecchi and Cinelli, 1996; Piazzi and Cystoseira s.l. settlement coupled with
Species and invasive structure and Ceccherelli, 2006; Mangialajo et al., active management of species after
competition  species (i.e. turf- composition 2008a; Mangialajo et al., 2008b; restoration if needed
forming, mussels, assessment Ballesteros et al., 2009; Perkol-Finkel
Caulerpa) and Airoldi, 2010; Thibaut et al., 2015
Temperature- Measures of Buonomo et al., 2018; Difficult to mitigate in the short term.  Strain et al, 2015 Wood
driven impacts temperature: Capdevila et al., 2018b; Verdura, National objectives of CO2 regulation | et al., 2019; Wood et al,,
(gradual warming, Placement of in 2021; Verdura et al., 2021; Monserrat (IPCC) 2020; Falace et al., 2021;
marine heatwaves) | situ temperature et al, 2022 (Prioritisation of local management) Fabbrizzi et al,, 2023
loggers Consider site prioritisation and
Satellite data selection of temperature/pH, extreme
temperature data. hydrodynamic condition tolerant
Global Species donor populations
Change distribution Consider temperature and water
models and levels scenarios in the mid-term (10-

Ocean
acidification*

Increase of
severity of storms

climate models

Measures of Ph
and alkalinity

Celis-Pla et al., 2017; Cornwall and
Hurd, 2019; Monserrat et al., 2022

Climate models Navarro et al., 2011

50 years) which pre-condition the
long-term survival of the species

Specifications and references on stressor identification, assessment and mitigation are detailed. Mitigation actions refer to the elimination or mitigation of the impact: supplementary active

restoration actions may be still necessary.

“Ocean acidification may have neutral or beneficial effects on some Cystoseira s.l. species (Celis-Pla et al, 20175 Cornwall and Hurd, 2019), although negative effects have been observed in
laboratory experiments on early life stages (Monserrat et al., 2022).
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Simulated
scenarios

Parameter settings in land demand

Natural

Using Markov module to obtain the area in demand for each future landscape in 2030
development

Set the land requirement for abandoned culture ponds to 0, set the culture pond requirement to half that in 2021, and divide the reduced land

Strict protection
3 requirement equally between reeds, seepweeds, and silt and sludge flats

Culture pond Divide the study area into reed and seepweed areas, set the reed area pond demand to 0, seepweed land demand equal to the study area pond area in
transfer 2021, and the rest of the land demand is the same as Natural development
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Landscape type

Shallow sea 0.605
Silt and sludge flat 0.991
Reed 2385
Seepweeds 1.185
River and reservoir 1.504
Shoal 0.680
Culture pond 1.995
Abandoned culture pond 1.258
Paddy 2.364
Built-up land 1.065
V Grassland 0.671

SOCD, soil organic carbon density
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©) 20 oysters/basket

A) 4 heavy weight racks with 4
baskets each;
B) 16 baskets; C) 40 oysters/basket

A) 3 heavy weight racks with 4
baskets each;
B) 12 baskets; C) 40 oysters/basket

A) 4 heavy weight racks with 4
baskets each;
B) 16 baskets; C) 40 oysters/basket

A) 4 heavy weight racks with 5
baskets each;

B) 20 baskets;

©) 6 oysters/basket

Identification
of oysters

Number tags

Loose and holding
tower

Loose

Loose and holding
tower

Loose

Oysters
deployed

25052018
(T0 Y1)
26042019
(T0 Y2)

25-05-2018
(10)

02112018
(TO)

28052018
(10)

11-10-2020
(TO)

Oyster
sampling
dates

27-07-2018
(T1Y1)
06-08-2019
(T1y2)

20-07-2018
(1)
01-09-2019
(T2)
22.09-2020
(T3)

09-07-2019
(T1)

19062018
(T1)
09-10-2018
(T2)
01042019
(13)
12062020
(T4)

10-07-2021
(T1)

Larval
sampling
dates

2407-2019
02:07-2020
17-07-2020
31:07-2020
22:07-2021
05-08-2021
20-08-2021

21:07-2018
24:07-2019
02:07-2020
17-07-2020
31072020
22:07-2021
05-08-2021
20-08-2021

07-07-2019

10-07-2021
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Predictors
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N of N of N of larvae to =~ % of larvae to % la(val N of post- Settlemnent % of ;urvival
spawns larvae hatchery hatchery survival larvae e until spat
March 4 8,044,000 8,044,000 100 28 485,098 214 6.0
April 10 8,267,500 840,000 10 97 53,470 6.5 64
May 11 27,924,500 2,876,900 10 71 144,819 7.1 5.0
June 4 13,265,400 0 - - - - -

Total 29 57,501,400 11,770,900 21 43.6 683,387 13.3 58
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A) 55 Df MS F p
Period (Pe) 189.83 1 189.83 1.701 0.193
Condition (Co) 965802 1 965802 8656 <0.001
Pe x Co 205.6 1 205.6 1.843 0.1755
Within 39834 357 111.58
Total 1.00611 10° 360

B) SS Df MS F p
Treatment (Tr) 7805.15 1 7805.15 10.26 0.001479
Condition (Co) 1.07839 10° 1 1.07839 10° 1418 < 0.001
Trx Co 1730.12 1 1730.12 2275 0.1324
Within 271485 357 760.463
Total 1.3589 10° 360

@) SS Df MS F p
Period (Pe) 1.77347 1 1.77347 0.5357 0.4678
Condition (Co) 91.0439 1 91.0439 27.5 < 0.001
Pe x Co 1.89809 1 1.89809 0.5733 04516
Within 225.138 68 331085
Total 319.853 71

D) SS Df MS F p
Treatment (Tr) 18.7068 1 187068 4.873 0.03066
Condition (Co) 49.0005 1 49.0005 12.76 <0.001
Trx Co 1.35476 1 1.35476 0.3529 0.5545
Within 261.058 68 3.83908
Total 330.12 71

Significant values (p < 0.05) are in bold. S, sum of squares; Df, degrees of freedom; MS, mean squares; F, Pseudo-F statistic; p, probability.
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September 26.1+03
June 254+ 04
July 263 +06
August 27.0+ 05
September 258+ 0.7
June 236+ 1.0
July 256+ 0.5
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July 272408
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Pre-CTRL-Dark ‘ E2 2.01 +£0.09 24+05
Pre-CTRL-Light ‘ E6-5 120 £0.2 49 £04
Post-CTRL-Dark ‘ E2 202 £0.08 30+£02
Post-CTRL-Light ‘ E6-5 124 0.1 49+0.2
Post-EXP-Dark ‘ E2 2.13 £0.09 43 £0.6
Post-EXP-Light ‘ E6-5 13705 57 £04

*Australian CoralWatch, Coral Health Chart (https://coralwatch.org).
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Stressor

categories

Reported stressors that have been included
within each category

Sewage outfall/chemical pollution, water turbidity,
sedimentation, eutrophication (e.g., aquaculture farming or

Wat li
ater quality mariculture), freshwater inputs, agriculture, eutrophication,
anthropization
Habitat Habitat destruction, harbour facilities, urbanisation, trawling,
destruction anthropization
Overgmzlns Overgrazing by Paracentrotus lividus and/or Arbacia lixula
by sea urchins
Overgrazing .
Overgrazing by Sarpa salpa
by native fish g B2Y SIRASER
Overgrazing
by invasive Overgrazing by Siganus spp.
fish
Climate Seawater warming, marine heatwaves, acidification*, and/or
change storms
Species competence (including, invasive algae, mussels, turf
Oth species); Natural events (including hydrodynamics, strong
ers

No-Stressor

Unknown/Not
reported

winds, hydrothermal activity); Mechanical damage (including
boat anchoring, ghost nets).

Absence of stressor confirmed

Stressor either not reported in the study or unknown

*Ocean acidification on Cystoseira s.I. species are uncertain (Celis-Pla et al., 2017; Porzio et al.,
2011), although negative effects have been observed in laboratory experiments on early life
stages (Monserrat et al., 2022).
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