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Editorial on the Research Topic
 Organohalide Respiration: New Findings in Metabolic Mechanisms and Bioremediation Applications



Organohalide-respiring bacteria can utilize several sets of functional enzymes to couple halogen removal with electron transfer from H2 or organic matter (e.g., formate and lactate) to organohalides for cell growth (Fincker and Spormann, 2017; Atashgahi et al., 2018). Consequently, microbial reductive dehalogenation basing on the organohalide respiration represents a promising solution for cleanup of persistent organohalide pollutants and plays a pivotal role in the natural halogen cycle (Wang et al., 2018). The key enzymes catalyzing the above-described process are reductive dehalogenases (RDases). Although microbial reductive dehalogenation has been discovered many years ago, advances in characterizing major organohalide-respiring bacteria and in analyzing crystal structures of reductive dehalogenases were made recently (Löffler et al., 2013; Bommer et al., 2014; Payne et al., 2015). These progresses provides unprecedented insights into microbial reductive dehalogenation and brings us to a new stage to realize that there are many puzzles to solve in the mechanistic understanding and in the application of organohalide respiration in bioremediation. Therefore, this research topic was formulated to provide a platform for the publication of updated information and high-quality research papers on organhalide-respiring bacteria, RDases and associated electron transport chains, dehalogenating microbial community composition and function, and organohalide bioremediation. We received a total of 19 manuscripts, of which 15 were accepted for publication after a rigorous peer review process.

ORGANOHALIDE-RESPIRING BACTERIA

In an anaerobic microbial consortium, Peng et al. reported that a novel organohalide-respiring bacterium could be involved in debromination of hexabromocyclododecane (HBCD), and no known dehalogenating bacteria were detected in the consortium with PCR-based analysis. Moreover, with Dehalococcoides mccartyi type strain−195, Zhong et al. found the diastereoisomer-specific biotransformation of HBCD with a debromination rate order of α-HBCD > β-HBCD > γ-HBCD. In addition to HBCD, Zhao et al. comprehensively reviewed bacterial lineages and pathways for the metabolic debromination of polybrominated diphenyl ethers (PBDEs). These studies provided interesting information on the organohalide-respiring bacteria of new lineages and novel dehalogenation specificities of known players in microbial reductive dehalogenation.

RDASES AND ASSOCIATED ELECTRON TRANSPORT CHAINS

Many reductive dehalogenase homologous (rdh) genes have been identified from a variety of dehalogenating bacteria. Nonetheless, most of rdh gene-encoding RDases have not been functionally characterized, which is mainly due to the difficulty in heterogeneous expression of the rdh genes. Nakamura et al. reported the successful expression, purification and characterization of PceA encoded by pceA from a Geobacter strain. Notably, PceA was purified and denatured under aerobic condition, which could be refolded in the presence of FeCl3, Na2S, and cobalamin under anaerobic condition to recover its PCE dechlorination activity. In view of organohalide respiration, the respiratory electron transfer chain in D. mccartyi was elucidated for the first time in Lorenz Adrian's lab, which is surprisingly a protein-dependent chain obviating quinone involvement (Kublik et al., 2016). From the same lab, Seidel et al. further provided insightful information on the participating protein subunits and their interactions of the multi-protein RDase complex mediating the electron transfer from H2 to organohalides in D. mccartyi CBDB1. By contrast, in the quinone-dependent electron transport chains of organohalide-respiring Dehalobacter, Buttet et al. employed multiple strategies to show that PceC, originally proposed to be a transcriptional regulator, might be involved in electron transfer from the quinol pool to RDases. These studies provided very important information fulfilling the knowledge gaps in understanding the organohalide respiration process and the major participating enzymes.

DEHALOGENATING MICROBIAL COMMUNITY COMPOSITION AND FUNCTION

Dehalococcoides and other obligate organohalide-respiring bacteria generally need to work closely with other microorganisms for efficient dehalogenation in dehalogenating microbial communities. Chau et al. showed that dechlorination rates in co-cultures were enhanced two- to three-fold compared to Dehalococcoides pure cultures, in which the syntrophic partners consumed carbon monoxide (CO) generated by Dehalococcoides and consequently relieving CO autotoxicity. Moreover, multiple dehalogenating populations may co-exist in dehalogenating communities and at sites undergoing bioremediation, and many factors can drive their population changes. Pérez-de-Mora et al. showed that chloroethenes as electron acceptors was a major driving force behind D. mccartyi population selection and succession in KB-1 cultures and remediation sites. Also, Wang et al. showed the significant relationship between microbial community structure and PBDEs in different mangrove, marine and freshwater sediments. In addition to organohalides as electron acceptors, Xu et al. showed that the presence of other alternative electron acceptors (i.e., sulfate and nitrate) had inhibitory effects on the organohalide respiration. Therefore, these experimental evidences may provide very useful information to guide the optimization of dehalogenating microbial communities for successful bioremediation of organohalide pollutants.

ORGANOHALIDE BIOREMEDIATION

To enhance the efficiency of remediation, a variety of strategies have been tested, including adding organic polymers and electron shuttling materials. Matturro et al. showed very interesting information on the coupling of organohalide-respiring bacteria with bioreactor operation to tackle problems in organohalide bioremediation. For example, amendment of poly-3-hydroxybutyrate (PHB) in a pilot-scale PHB reactor was shown to effectively stimulate the growth of Dehalococcoides and consequently enhance the complete dechlorination of chlorinated solvents at contaminated sites. But amendments may not always work as expected. Zhu et al. demonstrated that the addition of biochar as an electron shuttle enhanced iron and sulfate reduction but decreased dechlorination of pentachlorophenol (PCP). Co-existing organohalides generally have inhibitory effects on organohalide respiration. Wen et al. provided experimental evidence showing inhibitory effects of trichloroethane and triclocarbon on trichloroethene dechlorination. Moreover, the presence of alternative electron acceptors may inhibit bioremediation of sites contaminated with organohalides. Xu et al. investigated the influence of a common competing electron acceptor, ferric oxyhydroxide (FeOOH), on reductive dechlorination of polychlorinated biphenyls (PCBs) in two river sediments (i.e., Hudson River and Grasse River sediments), and showed the inhibitory effects of FeOOH on PCB dechlorination, but in different manners. For example, complete and moderate inhibition of PCB dechlorination were observed upon the addition of 40 mmole/kg FeOOH in the Hudson River sediment and the Grasse sediment, respectively. Beside these biostimulation and bioaugmentation strategies, molecular tools may help improve the management of sites undergoing bioremediation. Lu et al. proposed the obligate organohalide-respiring bacterium, D. mccartyi, as a potential biomarker for identifying the possible contamination of uncharacterized organohalides in environmental samples, which could complement current chromatography-based tools in testing and analyzing organohalide contamination.

We want to thank all the authors and reviewers for their valuable contributions to this research topic, and we hope that this collection of reviews and original research articles will be helpful for researchers, engineers and students seeking information about microbial reductive dehalogenation and remediation applications.

AUTHOR CONTRIBUTIONS

All authors listed have made a substantial, direct and intellectual contribution to the work, and approved it for publication.

ACKNOWLEDGMENTS

Topic editors acknowledge support of NSFC grants 41671310 and 41877111 to SW, Ng Teng Fong Charitable Foundation (NTFCF) fund R-302-000-198-720 to JH, and NSFC grants 21477110 and 2187876149 to CS.

REFERENCES

 Atashgahi, S., Häggblom, M. M., and Smidt, H. (2018). Organohalide respiration in pristine environments: implications for the natural halogen cycle. Environ. Microbiol. 20, 934–948. doi: 10.1111/1462-2920.14016

 Bommer, M., Kunze, C., Fesseler, J., Schubert, T., Diekert, G., and Dobbek, H. (2014). Structural basis for organohalide respiration. Science 346, 455–458. doi: 10.1126/science.1258118

 Fincker, M., and Spormann, A. M. (2017). Biochemistry of catabolic reductive dehalogenation. Annu. Rev. Biochem. 86, 357–386. doi: 10.1146/annurev-biochem-061516-044829

 Kublik, A., Deobald, D., Hartwig, S., Schiffmann, C. L., Andrades, A., von Bergen, M., et al. (2016). Identification of a multi-protein reductive dehalogenase complex in Dehalococcoides mccartyi strain CBDB1 suggests a protein-dependent respiratory electron transport chain obviating quinone involvement. Environ. Microbiol. 18, 3044–3056. doi: 10.1111/1462-2920.13200

 Löffler, F. E., Yan, J., Ritalahti, K. M., Adrian, L., Edwards, E. A., Konstantinidis, K. T., et al. (2013). Dehalococcoides mccartyi gen. nov., sp nov., obligately organohaliderespiring anaerobic bacteria relevant to halogen cycling and bioremediation, belong to a novel bacterial class, Dehalococcoidia classis. nov., order Dehalococcoidales ord. nov and family Dehalococcoidaceae. fam. nov., within the phylum Chloroflexi. Int. J. Syst. Evol. Microbiol. 63:625–635. doi: 10.1099/ijs.0.034926-0

 Payne, K. A., Quezada, C. P., Fisher, K., Dunstan, M. S., Collins, F. A., Sjuts, H., et al. (2015). Reductive dehalogenase structure suggests a mechanism for B12-dependent dehalogenation. Nature 517, 513–516. doi: 10.1038/nature13901

 Wang, S., Qiu, L., Liu, X., Xu, G., Siegert, M., Lu, Q., et al. (2018). Electron transport chains in organohalide-respiring bacteria and bioremediation implications. Biotechnol. Adv. 36, 1194–1206. doi: 10.1016/j.biotechadv.2018.03.018

Conflict of Interest Statement: The authors declare that the research was conducted in the absence of any commercial or financial relationships that could be construed as a potential conflict of interest.

Copyright © 2019 Wang, He, Shen and Manefield. This is an open-access article distributed under the terms of the Creative Commons Attribution License (CC BY). The use, distribution or reproduction in other forums is permitted, provided the original author(s) and the copyright owner(s) are credited and that the original publication in this journal is cited, in accordance with accepted academic practice. No use, distribution or reproduction is permitted which does not comply with these terms.







	 
	ORIGINAL RESEARCH
published: 10 July 2018
doi: 10.3389/fmicb.2018.01515





[image: image]

Debromination of Hexabromocyclododecane by Anaerobic Consortium and Characterization of Functional Bacteria

Xingxing Peng1*, Dongyang Wei2, Qiyuan Huang1 and Xiaoshan Jia1*

1School of Environmental Science and Engineering, Sun Yat-sen University, Guangzhou, China

2South China Institute of Environmental Sciences, Guangzhou, China

Edited by:
Chaofeng Shen, Zhejiang University, China

Reviewed by:
Robert Heyer, Universitätsklinikum Magdeburg, Germany
Chen Chen, National University of Singapore, Singapore

*Correspondence: Xingxing Peng, pengxx6@mail.sysu.edu.cn Xiaoshan Jia, eesjxs@mail.sysu.edu.cn

Specialty section: This article was submitted to Microbiotechnology, Ecotoxicology and Bioremediation, a section of the journal Frontiers in Microbiology

Received: 14 November 2017
Accepted: 18 June 2018
Published: 10 July 2018

Citation: Peng X, Wei D, Huang Q and Jia X (2018) Debromination of Hexabromocyclododecane by Anaerobic Consortium and Characterization of Functional Bacteria. Front. Microbiol. 9:1515. doi: 10.3389/fmicb.2018.01515

A microbial consortium which can efficiently remove hexabromocyclododecane (HBCD) under anaerobic condition have been successfully enriched over 300 days. Under the optimal conditions, the degradation efficiency was 92.4% removal after treatment of 12 days with original addition of 500 μg/L HBCD, yielding 321.7 μg/L bromide in total as well. A typical debromination product, dibromocyclododecadiene (DBCD), was detected during the degradation process. The debromination profiles of three main HBCD diastereomers fitted well with first-order model (R2: 0.96–0.99), with the rate constants ranging from 1.3 × 10-1 to 1.9 × 10-1. The microbial community analysis by high throughput sequencing showed that the composition of the microbial communities varied dynamically with time and the population of functional bacteria increase sharply after enrichment. The population of Bacteroidetes increased from 5 to 47%. And some bacteria which are relatively minority in population at the beginning, such as Azospira oryzae (OTU2), Microbacterium (OTU13), and Achromobacter insolitus (OTU39) increased more than 22 times after enrichment (from 0.5 to 13%, 12%, and 11%, respectively). However, no reported dehalogenating bacteria were found after enrichment. And the contribution for debromination may come from new dehalogenating bacteria. All in all, the present study provided in-depth information on anaerobic microbial communities for HBCD removal by debromination.

Keywords: hexabromocyclododecane, anaerobic reactor, debromination, bacterial variation, functional bacteria

INTRODUCTION

Hexabromocyclododecane (HBCD) is one type of additive brominated flame retardants (BFRs) applied in various polystyrene resins and textiles to improve the flammability resistance or chemically bound to synthetic matrices such as plastics, textiles, electronic circuitry and other materials to prevent fires. Recently, it was also found in high tech devices, such as wind turbines and defense systems (www.bsef.com, 2016). Usually, it can be released during the industrial process or washed from waste products, then discharged into municipal wastewater treatment plants (WWTPs) or was washed from waste products and infiltrated various ecosystems. Up to now, the wide-spread existence of HBCD in the environment has drawn great attentions from many researchers due to the toxicity and persistence all over the world. It was reported in water (Morris et al., 2004), soil (Li et al., 2011), sediment (Kohler et al., 2008), plants (Li et al., 2011), animals (Law et al., 2006), humans (Eljarrat et al., 2009), and even indoor dust (Stapleton et al., 2008). Usually, the concentration of HBCD from μg/kg to mg/kg. Although HBCD is not acutely toxic, some research showed that its accumulation in the environment could cause adverse effects in human health, such as disruption of liver and thyroid hormone (Palace et al., 2008) and disorder of reproductions (Ema et al., 2008). Worse still, HBCD can accumulate along the food chain from the bottom to top, which is why the detection of HBCD serum concentrations in Norwegians is associated with the consumption of highly contaminated fish (Thomsen et al., 2008). Therefore, more studies for HBCD degradation are essential to eliminate its contamination in environment.

Conceptually, microbial degradation is to use living microorganisms to detoxify and degrade hazardous materials (Wang et al., 2014, 2015). It is generally considered to be an effective and safe way to remove contaminants from the environment, which has been widely applied in degrading pollutants such as pesticides (Chanika et al., 2011), plastic (Nakajima et al., 1999), additive (Wang and He, 2013), petroleum (Zhang et al., 2010), and surface-active agents (Fuchedzhieva et al., 2008). In our previous studies, biodegradation of TBBPA (another widely used BRF) has been successfully illuminated via analysis of bacterial consortium, isolation of pure culture, and deduction of co-metabolism pathway (Peng et al., 2012, 2013, 2014; Peng and Jia, 2013). To date, microorganisms have been reported to degrade HBCD both in aerobic and anaerobic conditions, such as Pseudomonas sp. Strain HB01, isolated from soil, can remove 81% of 1 mM γ-HBCD within 5 days of culture (Yamada et al., 2009). Under the anaerobic condition, a broken-down of technical HBCD mixture has been reported, (±)-a-HBCD exhibited an almost doubled half-life compared to (±)-β-HBCD and (±)-γ-HBCD (Davis et al., 2004; Gerecke et al., 2006). Usually, halogenated compounds can serve as electron acceptors in respiratory or co-metabolic processes, such as reduction of polychlorinated and polybrominated biphenyls (PCBs and PBBs) in anaerobic sediment enrichment cultures (Abraham et al., 2002). In addition, a small quantity of HBCD can be degraded in sediments, soils, and sewage sludge, while reductive dehalogenation (e.g., substitution of Br by a hydrogen atom) has been reported to be an important mechanism during biodegradation process under anaerobic condition. However, in most of the previous HBCD studies, the toxicology and the distribution of HBCD were emphasized, as well as the phenomenon of anaerobic degradation and degradation characteristics. Not enough attention has been paid to the acclimation and composition analysis of the microbial consortium. Hence, a more complete study including degradation characteristics, kinetics of HBCD stereoisomers, degrading pathway, and metabolites variation is in need.

Overall, the aim of this study is to obtain and characterize the microorganisms that effectively biodegrade HBCD by enrichment. Considering the wastewater treatment facilities have processed wastewaters containing HBCD for several years, it is probable to possess microorganisms able to metabolize HBCD. In this study, laboratory reactor systems based on the conventional sewage sludge process were set up and operated for more than 300 days to develop a biological process for the debromination of HBCD (Figure 1). The optimal debrominated condition was analyzed by batch experiment. Subsequently, the degradation data was used to conduct fitted kinetic model. Moreover, the microbial composition was analyzed at different time points during the enrichment period (0–300 days at the interval of 60 days). Finally, the comparison of these samples at the phylum level and operational taxonomic unit (OTU) description were conducted. To our knowledge, a more comprehensive analysis of the bacterial community in the enriched bacterial consortium of HBCD was firstly unraveled in the present study, and a shifting pattern was discovered during the enriched time.
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FIGURE 1. Schematic diagram of the reactor.



MATERIALS AND METHODS

Chemicals

Hexabromocyclododecane (HBCD, 99% purity) was purchased from Sigma Chemical Co. (St. Louis, MO, United States), which was dissolved in acetone as stock solution (100,000 mg⋅L-1) before used. After filtration, it was rationed into the medium to obtain desired concentrations. All solvents (including acetone and methanol) used in this study were HPLC grade, which were purchased from Merck Company (Darmstadt, Germany). Other chemicals used for medium preparation were analytical grade and purchased from Sigma Chemical Co. (St. Louis, MO, United States). High quality water was obtained by using a Nanopure UV deionization system, Barnstead/Thermolyne Co. (Dubuque, IA, United States).

Characterization of Sewage Sludge

The sewerage sludge was obtained from the anaerobic tank of wastewater treatment plant (WWTP) in Zhongkai industrial park of Huizhou, Guangdong province, China, which has been used to treat wastewater containing various BFR for a long time. Total solid (TS), volatile solid (VS), suspended solid (SS), and volatile suspended solid (VSS) analyses were based on the Standard Analytical Methods promulgated by the American Public Health Association (APHA, 1995). The crude fiber and crude protein were measured according to ISO 6865:2000 and ISO 1871: 2009, respectively. Crude fat content was determined using Soxhlet extraction method according to ISO 6492:1999. Carbon (C), hydrogen (H), and Nitrogen (N) were analyzed by an elemental analyser (PE2400). The general physical and chemical properties of the sewage sludge are showed in Table 1.

TABLE 1. General properties of the sewage sludge used in experiments.
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Cultivation

The composition of the medium for the anaerobic reactor are as follows: NH4Cl 2,600 mg/L, MgCl2⋅7H2O 1054 mg/L, K2HPO4 752 mg/L, CaCl2 520 mg/L, and trace solution 1 mL/L. The carbon sources used in this experiment were as follows: NaHCO3 800 mg/L, Na3C6H5O7⋅2H2O 680 mg/L, and C6H12O6 1,000 mg/L. While the composition of the trace elements were listed as follows: NiCl2⋅7H2O 800 mg/L, FeCl3⋅6H2O 1,250 mg/L, ZnCl2 130 mg/L, CoCl3⋅6H2O 110 mg/L, MnCl2⋅4H2O 220 mg/L, Na2BO3⋅10H2O 44 mg/L, (NH4)6Mo7O24⋅4H2O 80 mg/L, and CuCl2⋅2H2O 65 mg/L. The reactor was seeded with the anaerobic sludge incubated in the medium containing HBCD.

Initially, HBCD was added to the medium at concentration of 100 μg/L, and then the concentration was gradually increased from concentration of 200–500 μg/L. The pH of the mixture was adjusted to 7.0 before seeding. The anaerobic HBCD-utilizing sludge was enriched in a 3.0 L water-jacketed chemostat reactor at 30°C. The schematic overview used for the acclimation was shown in Figure 1. The reactor was running in continuous mode. Hydraulic retention time (HRT) was kept constant for 9 days, and the pH was maintained at 6.8–7.2 throughout the study.

Batch Experiment Design

Several series of batch experiments were conducted with the successfully acclimated microbial consortia collected from the anaerobic reactor. In the batch experiments, 200 mL glass serum vials containing culture mixture were prepared for degradation study with three replicates. Samples were collected in the volume of 10 mL from batch reactor using glass syringe at each time point (0–12 days at the interval of 2 days) and filtered via 0.24 μm cellulose nitrate membrane. Among the 10 mL collections, 4 mL of which was used for TOC detection; the left was equally divided into three parts (2 mL/each), which were used for protein measurement, HBCD detection and bromide detection, respectively. Another series batch experiments were performed to select optimal culture conditions by comparison of different treatments. Different temperatures (20, 25, 30, 35, and 40°C), pH values (5, 6, 7, 8, and 9), HBCD concentrations (100, 500, 1,000, 5,000, and 10,000 μg/L), and carbon sources (sodium formate, sodium acetate, sodium propionate, sodium butyrate, and glucose) were test.

Chemical Analysis

Total organic carbon (TOC) was determined using a Total Organic Carbon Analyser (Shimadzu TOC-VCPH, Kyoto, Japan). Because of low microbial content in 2 mL samples, the biomass content in the solution could not be measured directly by the VSS content. In this study, protein content was converted to VSS, which was analyzed according to the reported method (Zubkov et al., 1999). HBCD was analyzed by gas chromatography-mass spectrometry (GC-MS) with a fused silica column DB5-MS (30 m × 0.25 mm id, 0.25 μm dj) using He as the mobile phase. Three diastereomers of HBCD were determined by liquid chromatography-tandem mass spectrometry (LC-MS/MS) with the model of Agilent 6120. The analytical conditions were 10 mM ammonium acetate in water as phase A and 2% mobile phase B (methanol) at flow rate of 0.3 mL/min. The debrominated products were analyzed by ultra-performance liquid chromatography quadrupole time-of-flight mass spectrometry (UHPLC/Q-TOF-MS, Agilent 1290, Palo Alto, CA, United States; Bruker, Germany) using electrospray ionization (ESI) positive mode.

Biodegradation Kinetics

Concentrations of individual diastereomers and ΣHBCD were normalized to the initial concentration vs. time. The biodegradation data were fitted to three decay models, i.e., zero-order (Eq. 1), first-order (Eq. 2) and second-order (Eq. 3).

Zero-order:

[image: image]

First-order:

[image: image]

Second-order:
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Where, C0 is the initial concentration of substrate;

t is the degradation period in days;

Ct is the concentration of substrate at time t;

k0 is the degradation rate constant of zero-order;

k1 is the degradation rate constant of first-order;

k2 is the degradation rate constant of second-order.

The degradation half-lives (T1/2) were determined using the algorithm (Eq. 4).

[image: image]

DNA Extraction, PCR Amplification, and High Throughput Sequencing

DNA samples were extracted from mixed culture at different time points (including 0, 60, 120, 180, 240, and 300 days) by using FastDNA-Spin Kit for Soil (MP Biomedicals, California, CA, United States) according to a modified protocol described previously (Urakawa et al., 2010). For high throughput sequencing, 16S rRNA gene of V4 region was amplified using specific primer of 515F and 806R with the barcode. All PCR reactions were carried out with Phusion® High-Fidelity PCR Master Mix. Sequencing libraries were generated using TruSeq® DNA PCR-Free Sample Preparation Kit (Illumina, United States) following manufacturer’s recommendations and index codes were added. The qualities of libraries were assessed on the Qubit@ 2.0 Fluorometer (Thermo Fisher Scientific) and Agilent Bioanalyzer 2100 system. At last, the libraries were sequenced on an Illumina HiSeq 2500 platform and 250 bp paired-end reads were generated. Paired-end reads were assigned to samples based on their unique barcode and truncated by cutting off the barcode and primer sequence. Paired-end reads were merged using FLASH. Quality filtering on the raw tags was performed to obtain the high-quality clean tags according to the QIIME (Bokulich et al., 2013). The tags were compared with the reference database using UCHIME algorithm to detect chimera sequences, and then the chimera sequences were removed (Edgar et al., 2011).

Construction of 16S rRNA Gene Clone Libraries

For better parallel the bacterial shift of baseline (no enrichment, 0 day) and final enrichment (300 days), 16S clone libraries based on 200 clones were constructed. 16S rRNA genes sequences were amplified with the forward primer 27f: 5′-AGRGTTTGATCMTGGCTCAG-3′ and the reverse primer 1492r: 5′-GGYTACCTTGTTACGACTT-3′. The reactions were run on a Stratagene RoboCycler (Stratagene, La Jolla, CA, United States) under the following conditions: 5 min initial denaturing step at 95°C followed by 25 cycles of 30 s at 95°C, 30 s at 55°C for annealing and 2 min at 72°C for extension. A negative control (reagent only) was conducted during DNA extraction, as well as positive and negative controls were conducted during PCR process. All PCR products were purified using Qiaquick PCR purification kit (Qiagen, Valencia, CA, United States) and cloned into the PCR 4-TOPO Vector using the TOPO TA Cloning kit according to the manufacturer’s instructions (Version M, Invitrogen, Carlsbad, CA, United States). Two hundred positive clones of each sample were randomly selected by blue/white screening, then incubated in 100 μl LB broth overnight in 37°C. One microliter of cloned inserts was re-amplified using vector-specific primers (M13f-20 and M13r) to avoid co-amplification of E. coli host-cell DNA, as well as the PCR conditions were conducted as described above. The products suffered amplified rDNA restriction analysis by restriction enzymes (HhaI and HaeIII) separately under condition described by manufacturer (Invitrogen, Carlsbad, CA, United States), as well as the fragment pattern was determined by electrophoresis. Digestion pattern was analyzed using Gel-Pro Analyser Software version 6.0 (Media Cybernetics, Inc.) with 85 and 32 clones sequenced in the absence of repeated clones. Sequences that were less than 3% divergent were grouped into OTUs. Chimera sequences were removed using Ribosomal Database Project II (Maidak et al., 2001). Bellerophon (version 3) and excluded for further analysis. The sequences were compared to Gen-Bank entries using BLAST-n to obtain preliminary phylogenetic affiliations of the clones by the percentage of similarity.

Statistical Analysis

Cluster analysis (CA) and UniFrac principal coordinate analysis (PCoA) are statistical techniques that sort observations into similar groups or sets, which were conducted using PAST software (Version 3.0). CA was based on taxonomy results and OTUs, whereas PCoA was based on RDP Classifier results, OTUs and UniFrac. It is a phylogeny-dependent method using phylogenetic information to compare the six samples.

RESULTS AND DISCUSSION

Debromination of ΣHBCD and Determination of Optimal Conditions

To elucidate the biotic or abiotic nature of ΣHBCD removal, sterile control was conducted (Figure 2A). The results of the treatment demonstrated that no significant removal of ΣHBCD was detected in the biomass-sterilizing microcosms. After 300 days, the results of experiments showed that compared with the sterilization batch, the microbe collected from anaerobic reactor degraded HBCD more effectively, with the HBCD concentration decreasing from 496 to 79 μg/L. Other parameters, including VSS, Br-, HBCD, and TOC were also measured to strengthen our understanding of the process. About 30°C, pH7, 500 μg/L initial concentration of HBCD, and using glucose as carbon resource were the best condition with degradation rate of 92.4% (Figures 2B–E).


[image: image]

FIGURE 2. Comparison of sterilization and bacterial treatment (A). Optimal conditions of microbial consortium degrading HBCD after enrichment of 300 days (B–E). Variation of VSS, TOC, HBCD, and bromide ions under the optimal condition (F). The left vertical coordinate represented that the concentration of HBCD or bromide ions (Br-), and the right coordinate represented the concentration of TOC or VSS. The initial concentration of HBCD and TOC were 500 μg⋅L-1 and 452 mg⋅L-1, respectively. The average of each gram of protein content in the mixed liquor is equal to 1.29 g biomass, i.e., VSS. Error bars represent the deviation of three replicates.



Under the optimal condition, GC-MS analyses for ΣHBCD showed that the initial ΣHBCD masses added to the microcosms were 497 μg/L. Only relatively less biodegradation of ΣHBCD was observed in a lag phase of 6 h (from 497 to 421 μg/L). Thereafter, masses of ΣHBCD in test microcosms decreased sharply with the concentration from 421 to 69 μg/L, i.e., 86% of ΣHBCD had been degraded. Meanwhile, bromides were detected by using IC in the medium and its concentration increased to 321.7 μg/L after 12 days cultivation. The debromination rate is about 86% by mass balance. The dibromocyclododecadiene (DBCD, 322 m/z), a typical debromination product, was detected using UHPLC/Q-TOF-MS during reactive process (Supplementary Figure S1). Comparison of HBCD biodegradation and bromide generation, it could be deducted that bromide released from HBCD reduction by debromination process, which was consistent to the previous reports (Yamada et al., 2009). Transformation and correlation of VSS and TOC indicated that on the one hand, during 12 days cultivation, microbial growth experienced lag phase, log phase, and stationary phase, sequentially (Figure 2F; Fang and Jia, 1999); on the other hand, the biodegradation process with the generation of bromide was significantly negative correlated with the TOC analysis.

Debromination of HBCD Diastereomers and Kinetics

It was widely accepted that α-HBCD was the most dominant member among the three diastereomers accumulated in environment, part of which generated from selective biotransformation of β-, and γ-HBCD (Janák et al., 2005). In this study, three diastereomers, including α-HBCD, β-HBCD, and γ-HBCD, were successfully biodegraded by the acclimated microbial consortium in batch experiments (Figure 3A). In order to separately illustrate the biodegradation characteristics of the three diastereomers more accurately, three biodegradation kinetic models, including zero-order, first-order, and second-order, were applied to fit the debromination data of three diastereomers, (i.e., α-, β-, and γ-HBCD), respectively (Figures 3B,C). Determining from the HBCD biodegrading efficiency (Ct/C0), it can be concluded that the biodegradation capability of the microbial consortium for the three diastereomers (α-, β-, and γ-HBCD), with the degradation efficiencies of 88.9, 92.6, and 79.1% after 12 days cultivations, respectively, were much higher than the previous reports that was only no more than 21% removal over 56-days incubation with active sludge (Davis et al., 2009; Harrad et al., 2009). No lag phase can be found in the biodegradation process. Biodegradation difference among the three diastereomers were found in the predicted Ct/C0 curves, which followed the order of β-> γ-> α-, with consistence to the previous results discovered in the freshwater sediment mixtures (Morris et al., 2004), but was different to digester sludge with the order of β-> α-> γ- (Davis et al., 2009) and γ-> β-> α- (Gerecke et al., 2006), respectively. Compared to zero-order (R2: 0.92–0.96) and second-order model (R2: 0.92–0.94) (Figure 3B), the first-order model fitted biodegradation data of HBCD most with the R2-values ranging from 0.96 to 0.99. The half-lives for the three diastereomers were 4.3 days (α-HBCD), 3.6 days (β-HBCD), and 5.2 days (γ-HBCD), respectively, which were much shorter than that in the digester sludge described previously with only 50% removal of HBCD in treatment of approximately 15 days (Davis et al., 2009). The results were also not consistent with the previous observation that α-HBCD was debrominated slightly slower than β-HBCD and γ-HBCD (Gerecke et al., 2006).
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FIGURE 3. LC/MS/MS chromatograms of three HBCD diastereomers, including α-HBCD, β-HBCD, and γ-HBCD (A). Degradation of individual HBCD diastereomers fitted the zero- and second-order model (B). Degradation of individual HBCD diastereomers was fitted the first-order model (C). The solid lines represent the predicted first-order decay curve deduced from the experimental data. The R2-value represents the coefficient for each HBCD diastereomers degradation model prediction



Bacterial Community and Diversity Analysis

There were total 138,793 effective sequences obtained, and 2237 OTUs were observed at 97% similarity cutoff. The refraction curve of 97% cutoff similarity was shown in Figure 4, and the linearity of the rarefaction curve seemed to be smooth, suggesting that the sequencing depth was sufficient to describe patterns. The bacterial Goods coverage ranged from 0.992 to 0.995 (Table 2). All of these results demonstrated that the constructed library for each sample was fully satisfactory to characterize the bacterial communities. Considering Shannon-Wiener index (SWI) ranged from 1.213 to 3.542, the bacterial diversity declined with the enriched time increased. The trends of such index were almost in accordance with Ace and Chao’s index. The Simpson index also showed similar trend to the SWI.
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FIGURE 4. Rarefaction curves of six samples.



TABLE 2. The α diversity of each sample.
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Unifrac Clustering of Six Samples at Different Enriched Time

A clustering algorithm (based on Bray–Curtis distance) was applied to measure consistencies among various bacterial communities of the six enriched samples and to group similar samples at the genus level. As shown in Figure 5A, the bacterial communities in the six samples could be clustered into three groups: (1) Group 1 contains sample 1 (0 day) and sample 2 (60 days); (2) Group 2 contains sample 3 (120 days) and sample 4 (180 days); (3) Group 3 contains sample 5 (240 days), and sample 6 (300 days). It is obvious that the bacterial community changed with the enriched time.
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FIGURE 5. Cluster analysis based on the Bray–Curtis distance (A) at the genus level with a 3% cutoff. The genera were divided into three groups. The four-dimensional principal coordinate plot obtained using the genus results of samples collected from 6 enriched times in (B).



In order to provide additional support for this analysis, a PCoA analysis was conducted on these validation data based on relative abundances at the genus level. The sample 1 (0 day), sample 2 (60 days), sample 3 (120 days), and sample 4 (180 days) were cluster together (samples 1 and 2 are much closer), whereas the other samples fall into another group. A hypothesis can be proposed that the bacterial shift with the enriched time is primarily because of the increase of HBCD concentration during the enrichment process, which was consistent with the previous CA analysis.

Characterization of Bacterial Community

With the gradual increase of HBCD concentration in the process, i.e., from 10, 20–50 mg/L, microbial amount increased sharply (VSS: from 8.7 to 32 mg/L). The relative abundances of different phyla were analyzed, and in these six samples, Proteobacteria were the most abundant phylum, accounting for 30.5–59.3% of the total effective bacterial sequences (Figure 6A). The other dominant phyla were Bacteroidetes (8.6–44.9%, average 22.1%), Actinobacteria (14.8–23.6%, average 17.6%), Firmicutes (3.5–5.9%, average 4.8%), Chloroflexi (0.4–13.4%, average 3.7%), Nitrospira (0.07–1.8%, average 0.5%), Verrucomicrobia (0–1.2%, average 0.4%), TM7 (0–0.7%, average 0.3%), and others (0.1–0.5%, average 0.2%). The results presented similar compositions at phylum level with another bacterial consortium degrading BFRs (Peng et al., 2012).
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FIGURE 6. Abundances of phylums in the six enrichment bacterial consortium samples based on high throughput sequencing (A). Distribution of clones in baseline control (i.e., 0 day) and final enrichment (i.e., 300 days) (B). Phylogenetic tree showing the shift of the top 25 most abundant OTUs on which 16S rRNA gene sequences were identified, sequences of baseline control in blue, sequences of baseline and HBCD enrichment in orange (C). Representatives of phylum Chloroflexi, Verrucomicrobia, and TM7 were used as outgroups for the analysis. Bars to the right of the dendrogram indicated the relative abundance of OTUs based on number of sequences. The blue represented the relative abundance in baseline control, while the orange represented the relative abundance in HBCD enrichment.



For clone library analysis, 128 clones from the library of baseline control culture and 56 clones from the library of HBCD microcosm were sequenced. Overall, as showed in the Figure 6B, the sequenced bacterial clones from baseline control culture refer to Proteobacteria (including α-, β-, and γ-Proteobacteria with the relative abundance of 2, 39, and 1%, respectively), Firmicutes (3%), Actinobacteria (4%), Bacteroidetes (5%), Verrucomicrobia (12%), Chloroflexi (17%), TM7 (7%), and unclassified group (11%), which presented similar compositions at phylum level with other sewerage sludge (Zhang et al., 2011). However, as showed in the Figure 5B, sequences from HBCD microcosm refer to α-Proteobacteria (2%), β-Proteobacteria (28%), γ-Proteobacteria (3%), Firmicutes (4%), Actinobacteria (12%), and Bacteroidetes (47%). It is worth mentioning that the pressure of HBCD greatly facilitated the growth of Bacteroidetes with the abundance from 5 to 47% in the process of acclimation, which may contain some functional microorganism degrading HBCD effectively. Moreover, Actinobacteria increased from the initial abundance of 4–12%. By comparison, Firmicutes, α-proteobacteria, and β-proteobacteria increased by a smaller extent, i.e., 1% more after HBCD treatment. However, the abundance of TM7, Chloroflexi, Verrucomicrobia, β-proteobacteria, and Unclassified group reduced in varying degrees. The previous report about the acclimation of microbial communities to mineralize the organic compounds indicated that some of enriched microorganism may be utilized to degrade the treated hazardous materials (Xiao and Roberts, 2013). Based on this, it can be speculated that the microbial enriched during the HBCD acclimated process may have a potential capability of degrading HBCD, just like Pseudomonas, which has been described previously (Yamada et al., 2009).

Variation of the Bacterial Composition

Among the sequenced clones, 85 and 32 OTUs were identified from the baseline control culture and the HBCD microcosm based on the standard of OTUs (>97% identity), respectively (Kunin et al., 2010). Meanwhile, parts of typical OTUs with high relative abundance or radical change were selected for further research. Compositional and functional shifts in bacterial communities due to environmental factors, such as temperature (Gregory et al., 1997; Hao et al., 2010), have been widely observed in many natural and artificial ecosystems, such as soil, oceans (Gretchen et al., 2010), and reactor etc. In the present study, the HBCD treatment time-series variations in microbial diversity between baseline control culture and HBCD microcosm were analyzed and relative abundance of sequence, especially the top 25 OTUs with high abundance or radical shift were compared (Figure 6C). Overall, the abundances of Bacteroidetes (OTU3), Actinobacteria (OTU13), β-proteobacteria (OTU2 and OTU39) increased sharply. However, some microbe with abundant sequences in baseline control, such as TM7, Chloroflexi, Verrucomicrobia nearly decreased to zero after treatment with HBCD for different period. Especially OTU3, with 98% identity to Dysgonomonas mossii (AB548676), possessed the largest increase in relative abundance (from 0.5 to 34%) after 300-days incubation with gradually increased HBCD concentrations. Like the increase in abundance of OTU3, OTU2 (Azospira oryzae), OTU39 (Achromobacter insolitus), and OTU13 (Microbacterium) increased from 0.5 to 13%, 11%, and 12%, respectively, which also showed a potential preference to HBCD. Considering the tremendously increased abundance of particular clones in HBCD culture vs. the baseline control culture, it could be presumed that the taxa with radical increase in relative abundance may be important for anaerobic biodegradation of HBCD. Therein, the dominance of Microbacterium sp. in the HBCD microcosm supported the proposed role in the HBCD biodegradation process to debromination and further ring opening reaction (Håstein et al., 2006). In addition, a pure culture, identified as Achromobacter sp. by 16S rRNA gene sequence, has been isolated from the HBCD microcosm (unpublished data), which degraded HBCD effectively. Because HBCD degrading efficiency of the mixed culture is better than the pure culture of Achromobacter sp., other species obviously increased during the acclimated process, such as Dysgonomonas sp., Azospira sp., may also play important roles in HBCD degradation. It is worth mentioning that known bacteria for dehalogenation were not found after enrichment (Supplementary Table S1). New functional bacteria in reactive consortia may degrade HBCD by debromination.

CONCLUSION

In the present study, bacterial consortium, effectively removing HBCD by debromination, were enriched by increased the contaminant concentration for over 300 days. Under the optimal conditions, bacterial consortium effectively degraded HBCD, and its three main HBCD diastereomers (α-, β-, and γ-HBCD) fitted first-order model well. The overall microbial community of samples collected from different enriched time had distinct patterns. New functional bacteria may degrade HBCD because no reported dehalogenating bacteria were found. Finally, compared to the sample collected from 0 day, bacterial community obviously varied with the acclimatization time, which was characterized by the special accumulation of Bacteroidetes. Over all, these results provided in-depth the anaerobic microbial communities exposed to HBCD.
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Hexabromocyclododecane (HBCD) stereoisomers may exhibit substantial differences in physicochemical, biological, and toxicological properties. However, there remains a lack of knowledge about stereoisomer-specific toxicity, metabolism, and environmental fate of HBCD. In this study, the biotransformation of (±)α-, (±)β-, and (±)γ-HBCD contained in technical HBCD by a mixed culture containing the organohalide-respiring bacterium Dehalococcoides mccartyi strain 195 was investigated. Results showed that the mixed culture was able to efficiently biotransform the technical HBCD mixture, with 75% of the initial HBCD (∼12 μM) in the growth medium being removed within 42 days. Based on the metabolites analysis, HBCD might be sequentially debrominated via dibromo elimination reaction to form tetrabromocyclododecene, dibromocyclododecadiene, and 1,5,9-cyclododecatriene. The biotransformation of the technical HBCD was likely diastereoisomer-specific. The transformation rates of α-, β-, and γ-HBCD were in the following order: α-HBCD > β-HBCD > γ-HBCD. The enantiomer fractions of (±)α-, (±)β-, and (±)γ-HBCD were maintained at about 0.5 during the 28 days of incubation, indicating a lack of enantioselective biotransformation of these diastereoisomers. Additionally, the amendment of another halogenated substrate tetrachloroethene (PCE), which supports the growth of strain 195, had a negligible impact on the transformation patterns of HBCD diastereoisomers and enantiomers. This study provided new insights into the stereoisomer-specific transformation patterns of HBCD by anaerobic microbes and has important implications for microbial remediation of anoxic environments contaminated by HBCD using the mixed culture containing Dehalococcoides.
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INTRODUCTION

Hexabromocyclododecane (HBCD) is a widely used cyclic aliphatic brominated flame retardant found in polymers, textiles, electronic, and electric products. Due to its persistence in the environment and the associated environmental and human health risks (Marvin et al., 2011; Koch et al., 2015), HBCD has been included in the Annex A as a persistent organic pollutant (POP) by the Stockholm Convention (United Nations Environment Programme [UNEP], 2013). Currently, the production and use of HBCD have been banned in many countries (United Nations Environment Programme [UNEP], 2013). It is necessary to better understand the fate of HBCD released to the environment and to develop effective methods to remediate sites contaminated by HBCD.

Technical-grade HBCD is synthesized by bromination of 1,5,9-cyclododecatriene (Heeb et al., 2005), which theoretically leads to a mixture of three major diastereomeric pairs of enantiomers, i.e., (±)α-, (±)β-, and (±)γ-HBCD. The structures of (±)α-, (±)β-, and (±)γ-HBCD are shown in Figure 1. Different physiochemical properties (e.g., polarity, water solubility, and dipole moment) of these HBCD stereoisomers may lead to substantial differences in their toxicity, metabolism, and environmental fate (Hakk et al., 2012). Indeed, there is increasing evidence for the diastereoisomer- and/or enantiomer-specific distribution and accumulation in various environmental media (Yu et al., 2008; Haukås et al., 2009; Gao et al., 2011; Zhang et al., 2011; Wu et al., 2014), biota (Janák et al., 2005; Zheng et al., 2017), and even in human body (Shi et al., 2009).
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FIGURE 1. Structure of (±)α-, (±)β-, and (±)γ-HBCD.



Due to its highly hydrophobic nature (log Kow = 5.6), HBCD released to aquatic environments tends to partition to and be accumulated in anoxic sediments (Davis et al., 2005; Law et al., 2014). Anaerobic transformation and degradation is considered as a key pathway of natural attenuation of HBCD under anoxic conditions (Davis et al., 2005, 2006; Gerecke et al., 2006; Stiborova et al., 2015). Experiments with river sediments have shown faster rates of HBCD transformation in anaerobic conditions than in aerobic conditions, with β-HBCD transformation being faster than α- and γ-HBCD (Davis et al., 2005, 2006). However, very little is known about the transformability of HBCD by pure or mixed cultures of anaerobic microbes. Until now, only two HBCD-degrading bacteria have been isolated (Peng et al., 2015) and no mixed cultures containing anaerobic microbes have been demonstrated to be able to debrominate HBCD.

Organohalide-respiring bacteria (OHRB) are key players in natural attenuation of halogenated organic compounds in anoxic environments (Löffler et al., 2013; Wang et al., 2014; Adrian and Löffler, 2016). Dehalococcoides is the best-studied OHRB that can degrade halogenated POPs (Adrian and Löffler, 2016). Dehalococcoides mccartyi strain 195 (formerly Dehalococcoides ethenogenes strain 195) is the first bacterium known to completely dechlorinate tetrachloroethene (PCE) to ethene as the sole electron acceptor for growth (Maymó-Gatell et al., 1997; Löffler et al., 2013). It can cometabolize a broad variety of recalcitrant POPs in mixed cultures or in the presence of other electron acceptors, such as polychlorinated biphenyls (PCBs), polychlorinated dibenzo-p-dioxins (PCDD/Fs) and polybrominated diphenyl ethers (PBDEs) (Fennell et al., 2004; He et al., 2006; Liu and Fennell, 2008; Zhen et al., 2014). D. mccartyi strain CBDB1 is capable of debrominating many brominated compounds, such as tetra- and penta-brominated diphenyl ether, tetrabromobisphenol A, bromophenol blue, and hexabromobenzene (Lee et al., 2011; Yang et al., 2015). Our previous study showed that mixed cultures containing D. mccartyi strain 195 dehalogented halogenated compounds more efficiently than the pure culture (Fennell et al., 2004). Further, the organisms have been utilized successfully in the engineered remediation of natural environments contaminated by halogenated compounds (Schaefer and Steffan, 2016).

Therefore, this study was designed to examine the mixed culture containing D. mccartyi strain 195 for their ability to biotransform HBCD as the sole halogenated substrate or in the presence of PCE. Special attention was given to the change in the shift pattern transformation characteristics of diastereoisomers and enantiomers of HBCD. The results obtained here will give new insight into the biotransformation patterns of HBCD stereoisomers by OHRB under anaerobic conditions and facilitate the practical application of OHRB during bioremediation of HBCD-contaminated anoxic environments.

MATERIALS AND METHODS

Chemicals and Culture Preparation

The technical HBCD mixture was purchased from Tokyo Chemical Industry (Tokyo, Japan). Hexabromobenzene (97%) was purchased from Alfa Aesar (Haverhill, MA, United States). Hexane (Merck, Darmstadt, Germany), isooctane (Alfa Aesar, Haverhill, MA, United States), and toluene (JT Baker, Phillipsburg, NJ, United States) were used as received.

The mixed culture containing D. mccartyi strain 195 was cultured in the presence of butyric acid and tetrachloroethene (PCE) as the electron donor and acceptor under anaerobic condition, respectively (Zhen et al., 2014). The quantitative polymerase chain reaction (qPCR) analysis and high throughput sequencing analysis showed that D. mccartyi strain 195 still was the only dehalogenating bacteria detected in the mixed culture, which was consistent with the result of our previous study (Fennell et al., 2004; Krumins et al., 2009; Zhen et al., 2014).

The composition of growth medium of this mixed culture was described previously by Fennell (1998). Briefly, the medium consisted of NH4Cl (0.2 g L-1), K2HPO4 (0.1 g L-1), KH2PO4 (0.055 g L-1), MgCl2⋅6H2O (0.2 g L-1), FeCl2⋅4H2O (0.1 g L-1), Na2S⋅9H2O (0.5 g L-1), NaHCO3 (6 g L-1), resazurin (0.001 g L-1), vitamin stock solutions and trace metal solution.

Biotransformation Experiment

A batch experiment was conducted for quantifying the transformability of HBCD by the mixed culture. Serum bottles (60 ml) sealed with a Teflon-coated gray butyl rubber stopper and crimped with an aluminum crimp cap were used as the batch reactor. Firstly, HBCD stock solution (1 mL) was added to each bottle containing 1 g of dry and sterile silica powder via a sterile glass syringe. After the solvent was evaporated under sterile and anaerobic conditions, the bottles were purged for 15 min with anoxic and sterile gas mixture (70% N2/30% CO2). The mixed culture (50 mL), with the density of D. mccartyi strain 195 at approximately 2 × 108 cells mL-1, was transferred into each bottle under sterile and anaerobic conditions. The initial concentration of HBCD in the medium was ∼12 μM. Four sets of triplicate bottles were set up at 30°C. One set of bottles was amended with active cells and HBCD as the sole halogenated compound. The second set of bottles was amended with active cells, HBCD and PCE for testing the effects of PCE as an alternative electron acceptor (also a growth substrate) on the biotransformation of HBCD. The third set of bottles was amended with active cells and PCE as the sole halogenated compound. The fourth set of bottles were control reactors containing HBCD and cells killed by autoclaving for 30 min on each of three consecutive days. All treatments were conducted in triplicate. In addition, 100 μL of neat butyric acid and 50 μL of fermented yeast extract solution (50 g L-1) were added into all bottles as carbon source and nutrient source every 2 weeks, respectively (Zhen et al., 2014). All bottles were shaken at 250 rpm on a shaker placed in the darkroom at 30°C. At predetermined time intervals, an aliquot of 1 mL of the cultures were sampled from each bottle via sterile and anoxic syringe and was freeze-dried for the analysis of residual concentration of HBCD, HBCD diastereoisomers, and enantiomers.

In order to identify the degradation products of HBCD, a separate experiment was performed using higher initial concentration of HBCD (∼38 μM) so that sufficient mass of the products was obtained. The other experimental conditions were kept the same as those of above batch experiments. At predetermined time, an aliquot of 1 mL of the cultures were sampled from each bottle via sterile and anoxic syringe and was freeze-dried for the analysis of HBCD products.

Analytical Methods

An Agilent 6890N network GC system equipped with Agilent 5973N network mass selective detector was employed for the determination of residual HBCD and potential low debrominated products. An Agilent 1100 series HPLC system with a API 4000 triple quadrupole mass spectrometer (LC-MS/MS) with a TurboIonSpray ionization interface was employed for the determination of HBCD diastereoisomers and enantiomers.

For quantifying concentrations of residual HBCD, the freeze-dried samples were spiked with 20 μL of 450 μM hexabromobenzene as the recovery surrogate and ultrasonically extracted twice with 1 mL of isooctane/hexane mixtures (9:1, v/v) for 15 min. Then, the supernatants were combined, concentrated and analyzed by GC-MS equipped with an on-column injector and a DB-5 capillary GC column (15 m length, 0.25 mm id and 0.1 μm film thickness) operating in negative chemical ionization (NCI) mode. The ions with m/z 79, 81, 561, and 563 were selectively monitored. A cold on-column injector was operated in track-oven mode. The oven operation temperature was set from 60°C for 1 min, increased to 260°C at 10°C min-1, and held at 260°C for 5 min, and then increased to 320°C at 20°C min-1. The ion source and quadrupole temperatures were set at 150 and 200°C, respectively. Helium was used as the carrier gas at a flow rate of 1.2 mL min-1, and methane was used as the moderating gas. Quality assurance was performed by the analyses of spiked blanks. The recoveries of HBCD and hexabromobenzene in spiked blanks ranged from 96 to 108% and 98 to 113%, respectively. Limits of detection (LOD) and limits of quantification (LOQ) were defined a signal-to-noise ratio of 3 and 10, respectively. LOD and LOQ of HBCD were 0.03 and 0.11 ng, respectively.

For identifying potential debrominated products, triplicate samples were combined, concentrated, and analyzed by GC-MS equipped with a Rtx-5 ms fused silica capillary column (30 m length, 0.25 mm id, and 0.25 μm film thickness) operating in electron ionization (EI) mode. The GC column temperature was programmed to maintain at 80°C for 1 min, ramped at 10°C min-1, to 300°C, and held at 300°C for 10 min. The temperature of injector was set to 250°C. The carrier gas was helium at a flow rate of 1 mL min-1. Both ion source and GC-MS-EI interface temperature were held isothermally at 250°C. The mass spectrometer was run in electron impact ionization mode (70 eV) and was scanned from 45 to 700 amu.

Three major HBCD diastereoisomers (α-, β-, and γ-HBCD) and their enantiomers were analyzed using a LC-MS/MS according to the method described by Yu et al. (2008). The enantiomeric composition was expressed as enantiomeric fraction (EF). In order to avoid the matrix effect, 13C-labeled α-, β-, and γ-HBCD were added as internal standards for both quantification and correction of EF values. The corrected EFs were calculated by the following equation:

[image: image]

where A+ and A- represent the peak areas of (+)-enantiomer and (-)-enantiomer, respectively, while A+C13 and A-C13 represent the peak areas of (+)-enantiomer and (-)-enantiomer labeled by 13C, respectively.

RESULTS AND DISCUSSION

The mixed culture containing D. mccartyi strain 195 have demonstrated the ability of dehalogenating recalcitrant POPs like PCBs and PCDD/Fs (Liu and Fennell, 2008; Zhen et al., 2014), which might also have the potential to transform HBCD. As shown in Figure 2, when technical HBCD was added as the sole halogenated amendment to the mixed culture, loss of the compounds was observed, supporting our hypothesis. After a lag period of approximately 7 days, the mixed culture exhibited high activity for the biotransformation of the technical HBCD. After 42 days of incubation, 75% of the initial HBCD (12 μM, equal to 7704 μg L-1) in the growth medium of the live mixed culture disappeared. There was no significant degradation between 35 and 42 days. It was likely because the residual concentration of HBCD as the electron acceptor was too low to sustain the growth of dehalogenating bacteria, therefore, the degradation rate did not increase. Indeed, a similar phenomenon was reported in a previous study (Cupples et al., 2004). No apparent HBCD removal was observed in the killed control throughout the experiment period.
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FIGURE 2. Anaerobic transformation of the technical HBCD by the mixed culture in the presence or absence of PCE. The initial concentration of HBCD coating on the silicate in the growth medium was 12 μM.



As shown in Figure 3, there were three metabolites produced during anaerobic degradation of HBCD, i.e., Peaks I, II, and III. As shown in Figure 4, Peaks I and II were tentatively identified as tetrabromocyclododecene and dibromocyclododecadiene, respectively, by comparison with mass spectral of debromination products of HBCD reported in previous studies (Li et al., 2016, 2017). Peak III was identified by 1,5,9-cyclododecatriene by comparison with the respective retention time and mass spectrum of external standards. As shown in the proposed debromination pathway (Figure 5), HBCD was sequentially debrominated by anaerobic bacteria via dibromo elimination reaction to form tetrabromocyclododecene, dibromocyclododecadiene, and 1,5,9-cyclododecatriene. Similar debromination products and pathway have been reported in anaerobic degradation of HBCD by pure culture of Achromobacter sp. as well as in digester sludge and freshwater aquatic sediments (Davis et al., 2006; Peng et al., 2015).
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FIGURE 3. Formation of degradation products of HBCD by the mixed culture.
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FIGURE 4. Mass spectrum of HBCD and its debromination products. (A) HBCD; (B) Peak I, tetrabromocyclododecene; (C) Peak II, dibromocyclododecadiene; and (D) Peak III, 1,5,9-cyclododecatriene.
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FIGURE 5. The proposed debromination pathway of HBCD by the mixed culture.



Our observations are consistent with a prior report which showed Achromobacter sp. HBCD-1 could anaerobically transform 35.1% of 5000 μg L-1 HBCD in its growth medium within 8 days (Peng et al., 2015). However, it is difficult to make a detailed comparison of our observations with other studies of transformation of HBCD by OHRB due to limited published data. Indeed, it is interesting to show that Dehalococcoides organisms utilized HBCD relatively rapidly compared to PBDEs (He et al., 2006). As shown by He et al. (2006), pure and enriched culture containing D. mccartyi strain 195 exhibited detectable debromination activity of octa-BDEs within 6 and 3 months, respectively. In previous studies, when more hydrophobic POPs were added as the sole electron acceptors (Fennell et al., 2004; He et al., 2006; Liu and Fennell, 2008; Zhen et al., 2014), the rates of dechlorination were slower. For instance, it was shown that less than 20% of the initial 1,2,3,4,7,8-hexachlorodibenzofuran in growth medium was dechlorinated to less chlorinated daughter products by a mixed culture containing D. mccartyi strain 195 after 195 days of incubation (Liu and Fennell, 2008). Nonetheless, our results mentioned above, in combination with the fact that D. mccartyi strain 195 has 17 putative reductive dehalogenase genes (Seshadri et al., 2005), warrant further study on the potential activities of Dehalococcoides organisms for the degradation of other POPs and/or halogenated contaminants.

Note that the biotransformation of the technical HBCD by the mixed culture containing D. mccartyi strain 195 was likely diastereoisomer-specific (Figure 6). After 28 days of incubation, the remaining percentages of α-HBCD, β-HBCD, and γ-HBCD were 16, 26, and 60%, respectively (Figure 6A). It suggested that the transformation rate of three HBCD diastereoisomers followed the order of α-HBCD > β-HBCD > γ-HBCD. The pattern of transformation rates of α-, β-, and γ-HBCD by the mixed culture used in this study (Figure 6A) was consistent with that of the three diastereoisomers by the anaerobic bacterium Achromobacter sp. HBCD-1 (Peng et al., 2015). In contrast, it was reported that the anaerobic biotransformation of α-HBCD in sewage sludge (Gerecke et al., 2006) and river sediments (Davis et al., 2006) was slower than that of β-HBCD and γ-HBCD. These different outcomes could be caused by a number of environmental factors. It is highly likely that other microbes, rather than Dehalococcoides or Achromobacter organisms, may be able to debrominate HBCD via different mechanisms in the sewage sludge and river sediments. It is also apparent that the initial concentrations of HBCD diastereoisomers in the technical HBCD mixtures used are likely very different from those present in the environments, causing varied rates of biotransformation of different diastereoisomers (Davis et al., 2006). Interestingly, α-HBCD with higher hydrophobicity was adsorbed more strongly on sediment particles in the environments (Marvin et al., 2011), rendering lower bioavailability of α-HBCD and hence retarded degradation rate in the environments. The diastereoisomer-specific degradation of HBCD in the presence of PCE by the mixed culture is shown in Figure 6B and discussed below in detail. No diastereoisomer-specific transformation was observed in control (Figure 6C).
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FIGURE 6. The residual concentration of three HBCD diastereoisomers during the degradation of HBCD by the mixed culture when HBCD was amended as the sole halogenated substrate (A), HBCD co-existed with PCE (B), and in control with killed cells (C) in the growth medium.



For better understanding the effect of diastereoisomer-specific biotransformation on the change in stereoisomeric composition of HBCD, the dynamics of the proportions of individual diastereoisomers to the total HBCD throughout the debromination experiment should be considered. The proportion of γ-HBCD was the largest among the diastereoisomers and increased with time (Figure 7C), whilst those of all the other diastereoisomers tended to decrease with time (Figures 7A,B). In general, these results presented a plausible explanation for the observation that γ-HBCD was the most dominant diastereoisomer in many anoxic sediments (Harrad et al., 2009; Gao et al., 2011; Meng et al., 2011; Zhang et al., 2011; Klosterhaus et al., 2012; Wu et al., 2014). However, the increased proportion of γ-HBCD observed in this study was inconsistent with the phenomenon that the proportion of γ-HBCD in some river sediments was much lower than those of technical HBCD mixtures (Wu et al., 2014). This discrepancy could be explained by a scenario that abiotic transformation played an important role in the distribution and accumulation of HBCD diastereoisomers in the sediments, further reflecting the complexity of factors influencing the environmental fates of HBCD diastereoisomers.
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FIGURE 7. The dynamics of the proportions of α-HBCD (A), β-HBCD (B), and γ-HBCD (C) to the total HBCD throughout the transformation experiment, where HBCD was degraded as the sole halogenated substrate or in the presence of PCE by the mixed culture.



Enantiomeric selectivity of HBCD played key role in the toxicity and fate of HBCD stereoisomers in the environment. There is strong evidence that the environmental fates of HBCD are enantioselective (Zhang et al., 2011; Zheng et al., 2017), while enantiomeric analysis has received relatively little attention in the literature on anaerobic degradation of HBCD. In this study, the occurrences of three pairs of enantiomers in the technical HBCD mixture, i.e., (±)α-, (±)β-, and (±)γ-HBCD, were confirmed. Further, EFs of the three HBCD diastereoisomers were calculated to determine whether enantiomeric selectivity was involved in the HBCD transformation by the mixed culture. As shown in Table 1, the ranges of EFs of α-, β-, and γ-HBCD throughout the transformation experiment were 0.49–0.52, 0.50–0.51, and 0.50–0.51, respectively. That is, the EFs of the three diastereoisomers were close to 0.5, suggesting that the anaerobic transformation of HBCD was not an enantioselective process. Similarly, no enantioselective pattern was observed in the anaerobic degradation of HBCD in sewage sludge (Gerecke et al., 2006). However, the racemic α-, β-, and γ-HBCD could undergo enantioselective degradation under aerobic conditions (Heeb et al., 2014, 2017). For instance, an aerobic HBCD-degrading bacterium (Sphingobium chinhatense IP26) could transform (+)α-, (-)β-, and (-)γ-HBCD at a faster rate than those of their enantiomers (Heeb et al., 2017). Dehalogenase LinB from Sphingobium indicum B90A transformed (-)α-, (+)β-, and (+)γ-HBCD at faster rates than those of their enantiomers (Heeb et al., 2012), whilst dehalogenase LinA could transform only (-)β-HBCD substantially (Heeb et al., 2014). In addition, enantioselective transformation and enrichment of HBCD were even observed in animals (Janák et al., 2005; Du et al., 2012). These findings indicate that mechanisms of anaerobic biotransformation of HBCD enantiomers are considerably different from those of aerobic biodegradation.

TABLE 1. Enantiomer fractions (EFs) of α-, β-, and γ-HBCD during the transformation of the technical HBCD mixture by the mixed culture containing D. mccartyi strain 195.
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Co-amendment of halogenated growth substrate (haloprimer) has been shown to stimulate the dehalogenating activity of D. mccartyi strain 195 for the debromination of recalcitrant halogenated compounds such as 1,2,3,4,7,8-hexachlorodibenzofuran (Ahn et al., 2008; Liu and Fennell, 2008). However, in this study, the biotransformation rate of the technical HBCD by the mixed culture was not enhanced when PCE was amended as an additional halogenated substrate (Figure 2). In addition, the presence of PCE had negligible effects on the transformation patterns of individual diastereoisomers and enantiomers (Figures 6, 7, and Table 1). On the other hand, the degradation of PCE by the mixed culture and dechlorinated products (e.g., TCE, DCE, and vinyl chloride) was hardly influenced by the presence of HBCD after 28-day of incubation (Figure 8). These results indicate that the dehalogenases responsible for the debromination of HBCD by the mixed culture might be different from those of PCE. Another important implication of these results is that the addition of co-substrate PCE to stimulate the transformation of HBCD might not be useful when the mixed culture containing D. mccartyi strain 195 is applied into the remediation of anoxic environments contaminated by HBCD.
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FIGURE 8. Degradation of PCE and its intermediates by the mixed culture in presence of HBCD at day 7 (A) and day 28 (B).



CONCLUSION

This study demonstrated that the mixed culture containing D. mccartyi strain 195 can relatively rapidly transform the technical HBCD mixture when added as the sole halogenated substrate and that the loss/transformation is stereoisomer-specific. It suggested that the transformation rate of three HBCD diastereoisomers followed the order of α-HBCD > β-HBCD > γ-HBCD. The pathway of HBCD degradation has been proposed. The results also showed that addition of PCE as a co-substrate had negligible effect on the removal of both PCE and HBCD by the mixed culture. This may indicate that D. mccartyi strain 195 utilizes different enzymes for the biotransformation of HBCD and PCE. The results not only provide insight to the environmental fate of HBCD stereoisomers and mechanistic understanding of biotransformation of HBCD, but also facilitate the practical guidance for design of bioremediation schemes by using halogen-respirators to treat environments contaminated with HBCD.
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Extensive utilization of polybrominated diphenyl ethers (PBDEs) as flame retardants since the 1960s in a variety of commercial products has resulted in ubiquitous environmental distribution of commercial PBDE mixtures. Dangers posed to biological populations became apparent after the discovery of elevated levels of PBDEs in biota, most notably in human breast milk and tissues. Environmental persistence of PBDEs results in significant transboundary displacement, threatening fragile ecosystems globally. Despite efforts to curtail usage of PBDEs, public concern remains about the effects of legacy PBDEs contamination and continued discharge of PBDEs in regions lacking restrictions on usage and manufacture. Among available technologies for remediation of PBDEs such as ex-situ soil washing, electrokinetic degradation, and biodegradation, this review focuses on bioremediation by microbes under anaerobic conditions. Bioremediation is generally preferred as it is less disruptive to contaminated ecosystems, is cost-effective, and can be implemented at sites that may be inaccessible to more traditional ex-situ methods. The aims of this review are to (1) summarize current knowledge of anaerobic microbes that debrominate PBDEs and their associated synergistic partnerships with non-dehalogenating microbes; (2) explore current understandings of the metabolic reductive debromination of PBDE congeners; (3) discuss recent discoveries on dehalogenase genes involved in debromination of PBDEs.

Keywords: flame retardants, organohalides, polybrominated diphenyl ethers (PBDEs), reductive debromination, debromination pathways, reductive dehalogenase genes

INTRODUCTION

Polybrominated diphenyl ethers (PBDEs) have been widely used as flame retardant additives in a variety of manufactured products, from paints and plastics to textiles and televisions since 1960s. Deposition of anthropogenic PBDEs has subsequently been identified in air, soils, and water across the world (McGrath et al., 2017), even in remote areas including isolated mountaintop sediments, the Faroe Islands, and the Antarctic (Lindström, 1999; Gallego et al., 2007; Wild et al., 2015). In recent years, PBDEs concentrations as high as 10,000 ng/g soil have been detected at manufacturing and e-recycling sites (Alabi et al., 2012; Labunska et al., 2013; Li et al., 2015; Deng et al., 2016). Notably, PBDEs have the tendency to accumulate in biota (de Boer et al., 1998; Boon et al., 2002; Norstrom et al., 2002; Zhu and Hites, 2004) and have diverse toxicological effects including endocrine disruption, metabolic disorders in biological populations, as well as neurological and developmental disorders in human (Siddiqi et al., 2003; Windham et al., 2015; ATSDR, 2017). Growing concerns over risks to human and environmental health have resulted in hepta- through tetra-BDEs being listed as persistent organic pollutants (POPs) on the United Nations Stockholm Convention in 2009 (United Nations Environment Programme, 2009).

Though restrictions and bans on manufacture and usage of PBDEs have been in place for several years, these legislations have no effect on the release of PBDEs from existing products or from recycled materials containing PBDEs. Environmental deposition of PBDEs can occur via release during manufacture and use of consumer products, improper disposal, and recycling of PBDEs containing products, volatilization during incineration, and discharge from wastewater treatment facilities. PBDEs are highly lipophilic, have low water solubility and low vapor pressures. These physical characteristics are largely dictated by the number and arrangement of bromine atoms on the molecule, with highly brominated PBDEs being more lipophilic, less soluble and less volatile (Table 1). Hence, highly brominated PBDEs adsorb readily to soils and sediments, where they persist and act as reservoirs leaching into other compartments over time (O'Driscoll et al., 2016). PBDEs also tend to bind to the organic fraction of particulate matter, soils, vegetation, and sediments following environmental deposition. Thus, PBDEs have a tendency to be exchanged between the atmosphere and surface, allowing passive transport over long distances.


Table 1. Physical properties of PBDE mixtures.
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PBDE formulations have been primarily manufactured as three different technical mixtures (Figure 1): penta-BDEs, octa-BDEs, and deca-BDEs. Although BDE-209 has historically been the most widely used PBDE congener, BDE −47, −99, −100, and −153 are the most commonly observed PBDEs in the environment (Darnerud et al., 2001), indicating that environmental transformation of highly brominated BDEs is an important pathway contributing to the dispersal and environmental impact of PBDEs. The partial debromination of deca- and octa-BDEs is particularly worrisome because the less brominated metabolites like tetra- and penta-BDEs are of higher toxicity (Palm et al., 2002). Both abiotic and biotic processes are responsible for the breakdown of PBDEs in the environment. Photolysis, which can occur in the atmosphere and at soil surfaces, of lesser brominated BDEs (BDE-28, BDE-47, BDE-99, BDE-100, BDE-153, and BDE-183) (Rayne et al., 2006; Fang et al., 2008) and of BDE-209 (Stapleton and Dodder, 2008) has been demonstrated under laboratory conditions, although there is only weak evidence that atmospheric photodegradation is a major contributor to environmental attenuation of PBDEs (Schenker et al., 2008). Anaerobic and anoxic sediments and soils are major sinks and environmental reservoirs for PBDEs, making anoxic debromination by microorganisms an important route for eliminating PBDEs in the environment.


[image: image]

FIGURE 1. Compositions of representative penta-, octa-, and deca-BDE mixtures. Congeners below 2% (w/w) are considered as others. As a result of the chemical process used to generate PBDE mixtures, the exact congener composition remains undefined and may vary significantly between different manufacturers and production batches (La Guardia et al., 2006).



Debromination of a variety of PBDEs, including the three primary technical mixtures, has been observed in soil, sewage sludge, and estuarine and marine sediments under different environmental conditions (redox, pH, available electron donors, etc.), although the process is typically slow and often results in incomplete debromination of PBDEs. Despite these apparent limitations of anaerobic microbial degradation of PBDEs, bioremediation is considered the most environmentally friendly technology to remediate PBDEs. Although bioremediation requires extensive site characterization to be successful and is often much slower than traditional ex-situ treatment strategies, it is less expensive, less disruptive to sites, and can be more complete in degrading hazardous compounds. Considering the fragility and inaccessibility of many of the environments and ecosystems plagued by PBDEs contamination, bioremediation via anaerobic microbes is the best available option for eliminating PBDEs from contaminated areas.

This review aims to summarize current knowledge of microbial reductive debromination of PBDEs under anaerobic conditions, the debromination pathways involved, and dehalogenase genes identified so far. Investigation of PBDEs debrominating microbes and exploration of the underlying mechanisms of debromination will enable more effective tracking the fate of PBDEs in the environment.

MICROORGANISMS INVOLVED IN REDUCTIVE DEBROMINATION OF PBDES

The hydrophobicity of PBDEs impedes bioavailability, which results in low biomass of debrominating microorganisms. This low abundance is a critical challenge to enrichment, isolation, and characterization of PBDE debrominating bacteria. After pioneering efforts identified debromination of PBDEs in previously isolated organochlorine dehalogenating members of the genera Sulfurospirillum and Dehalococcoides (He et al., 2006) as well as Desulfitobacterium and Dehalobacter (Robrock et al., 2008), later studies successfully enriched and isolated PBDEs debrominating bacteria from multiple environmental sources (Lee et al., 2011; Ding et al., 2013, 2017) and confirmed the role of members of the genera Dehalococcoides and Acetobacterium in environmental debromination of PBDEs (Figure 2, Table 2).
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FIGURE 2. Phylogenetic analysis of PBDE debrominating bacteria. The tree was constructed with MEGA 7 (Kumar et al., 2016) using Neighbor-joining method in Kimura 2-parameter mode (Kimura, 1980). ∧a, derived from same culture, **require auxiliary substrate, +only in mixed culture.




Table 2. PBDE debrominating cultures.
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Studies evaluating debromination potential with either technical PBDE mixtures or environmentally relevant BDE congeners in microcosms established from soils and sediments collected from various locations and environments have reported differences in both the rate and extent of PBDE debromination after long-term incubation (Table 2). When the primary goal is identification of functional bacteria, rather than developing enrichment cultures for fundamental studies, high-throughput sequencing and quantitative real-time PCR have been used to detect changes in microbial composition and identify specific populations whose increase correlates with debromination. Chen et al used this strategy to identify organohalide respiring Dehalobacter, Dehalococcoides, Dehalogenimonas, and Desulfitobacterium populations in a microcosm during reductive debromination of tetra-BDE 47 (Chen et al., 2018). Though some studies have purported to identify debrominating populations in microbial communities using less-sensitive molecular techniques [e.g., denaturing gradient gel electrophoresis (DGGE) and terminal restriction fragment length polymorphism (T-RFLP), Qiu et al., 2012; Huang et al., 2014], these results must be viewed skeptically. Organohalide respiring bacteria are typically minor populations, even within enrichment cultures, whose presence can be masked by more dominant non-debrominating populations, thus large changes in detected abundance that appear to be related to debromination often only represent small relative changes in abundance of the population—which is difficult to discern by DGGE or T-RFLP. In such cases, researchers may make erroneous conclusions about the identity of debrominating populations in the microbial community.

PBDEs debromination has been reported by bacteria of at least six different genera, and can be broadly divided as either metabolic process—energy from debromination to support cell growth, or co-metabolic process—not supporting cell growth (Tiehm and Schmidt, 2011). Co-metabolic dehalogenation typically requires supplementation with auxiliary substrates, e.g., other types of organohalides. Several studies of PBDEs debrominating microbial consortia and isolates have reported debromination only in the presence of additional halogenated electron acceptors (He et al., 2006; Robrock et al., 2008; Lee and He, 2010). Carbon sources may also act as auxiliary substrates, as in the case of the lactate, pyruvate or H2-CO2 dependent co-metabolic degradation of PBDEs identified in Acetobacterium sp. strain AG (Ding et al., 2013). The use of benign, non-halogenated auxiliary substrates in co-metabolic debromination makes strain AG a particularly interesting candidate for in-situ bioremediation. Co-metabolic reductive debromination of PBDEs is currently more frequently reported than metabolic debromination. However, metabolic reductive debromination is generally favored for site remediation because it does not require auxiliary substrates and has higher energy-utilization efficiency. Thus far, only Dehalococcoides mccartyi strains GY50 and GY52, both isolated from co-culture GY2 (Lee et al., 2011), have been shown to metabolically debrominate PBDEs (Ding et al., 2017). Strain GY50 is of particular interest as it completely debrominates penta-BDE mixtures to diphenyl ether, rather than producing partially debrominated end-products.

SYNERGISTIC INTERACTIONS IN MICROBIAL REDUCTIVE DEBROMINATION OF PBDES

Synergistic metabolic interactions between organohalide respiring bacteria and other bacterial populations can increase the robustness of dehalogenation in microbial consortia by providing certain growth factors (He et al., 2007; Men et al., 2011). Although the exact nature of most of these synergisms is unknown, faster and extensive debromination in mixed microbial communities has been observed. Co-metabolic debromination in co-culture G consisting of D. mccartyi strain DG and Acetobacterium sp. strain AG, with presence of auxiliary substrate, TCE, is an example of this synergistic metabolic interactions (Ding et al., 2013). Culture G, a co-culture originating from a river bank, was found to reductively debrominate octa- and penta-BDE mixtures to less brominated congeners ranging from penta- to di-BDEs. Debromination of the BDE mixtures by strain DG was slower and also less extensive than that in the parent culture, by producing only trace amounts of penta- and tetra-BDEs after 6 weeks' incubation. Strain AG had the same penta-BDEs debromination capacity as culture G, albeit more slowly and less extensively than its parent culture, and had an octa-BDE debrominating profile similar to that of strain DG. Debromination of octa-BDE could be rescued in co-cultures of strain AG and strain DG, indicating a synergistic relationship between these two populations. The authors speculated that the Acetobacterium provides certain growth factors, such as vitamin B12 in the form of cobalamin, which are essential for PBDEs debromination by strain DG.

Besides supplying essential nutrients during synergistic interactions, another benefit of synergetic microbial interactions can be seen in the more extensive debromination of PBDEs by culture EC195 plus strain BAV1 compared to culture EC195 alone, as direct participants in debromination processes (He et al., 2006). The highly enriched autotrophic culture EC195 produced hepta- through di-BDEs from an octa-BDE mixture and D. mccartyi strain BAV1 did not debrominate octa-BDEs in pure culture. However, addition of strain BAV1 to EC195 resulted in further debromination, with generation of only tetra- through di-BDEs from the octa-BDE mixture. The hexa- and penta-BDE debromination by EC195 plus strain BAV1 suggests a role for BAV1 in synergistic debromination of lesser brominated PBDEs.

However, interactions among populations in mixed microbial communities do not necessarily improve debromination activity. For example, inhibition of methanogenic bacteria in culture GY-T-2 by the addition of BES increased the rate and extent of the debromination of PBDEs (Lee and He, 2010). It is possible that methanogens in GY-T-2 compete with the PBDE debrominating populations in the community for limiting factors, such as hydrogen, thereby inhibiting debromination.

REDUCTIVE DEBROMINATION OF PBDES AND FUNCTIONAL GENES

Anaerobic reductive debromination of PBDEs was first observed in a bioreactor where di-BDE 15 was converted to mono-BDE 3 and diphenyl ether (Rayne et al., 2003). Later investigations of biological transformation of PBDE mixtures and some individual congeners (e.g., tetra-BDE 47, penta-BDE 99) identified and characterized anaerobic microbial reductive debromination of PBDEs in sewage sludge treatments as well as in terrestrial, marine, and estuarial soils and sediments, and in microbial consortia and isolates derived from these sources (Gerecke et al., 2005; He et al., 2006; Robrock et al., 2008; Tokarz et al., 2008; Lee and He, 2010; Lee et al., 2011; Xu et al., 2014; Zhu et al., 2014; Stiborova et al., 2015).

Debromination of PBDEs is partial in almost all observed systems, yielding lesser brominated metabolites, and typically occurs slowly and at nanomolar concentrations. Gerecke et al. reported microbial debromination of 5% of 11.2 nM deca-BDE 209 to nona- and octa-BDEs after 238 days in a microcosm established from sewage sludge (Gerecke et al., 2005). A separate study utilizing a D. mccartyi-containing microbial consortia, ANAS195, observed production of 500 nM hepta- to di-BDEs from 1.3 μM of an octa-BDE mixture with the presence of TCE after 6 months' incubation (He et al., 2006). Similarly, partial debromination of deca-BDE 209 and tetra-BDE 47 was reported after 90 days incubation by the autochthonous microbial community in e-waste contaminated soil containing a range of deca- to tri-BDEs (Song et al., 2015). Though uncommon, complete debromination of tetra- and penta-BDEs to diphenyl ether was demonstrated by Lee et al in a co-culture, GY2 (Lee et al., 2011), from which a novel D. mccartyi strain, GY50, that debrominated ~1,180 nM tetra-BDE 47, penta-BDEs 99 and 100 to diphenyl ether in 2 weeks was isolated (Ding et al., 2017).

There is a marked variation in observed debromination rates, pathways, and relative abundance of daughter products among different studies of anaerobic microbial debromination. This is most likely due to regional differences in nutrient availability and bioavailability of PBDEs as well as site-specific variations in microbial community composition. However, it is generally true that more highly substituted PBDEs (deca- and octa-BDEs) are debrominated by fewer organisms and more slowly than lesser substituted congeners (penta- and tetra-BDEs), which is a common trend in microbial dehalogenation of aromatic organohalides [i.e., PBDEs, polychlorinated biphenyl ethers (PCBs), polychlorinated dibenzo-p-dioxins and polychlorinated dibenzofurans (PCDD/Fs), etc.]. This is thought to be a result of the increased hydrophobicity of more highly halogenated aromatics and of the reduced reactivity of more highly substituted aromatic rings resulting from changes in electron density (Fagervold et al., 2007; Cooper et al., 2015; Zhang et al., 2017, 2018). Instances of this phenomenon can be seen in several studies in which prevalence of octa-BDEs debromination was observed in pure cultures and defined mixed cultures than debromination of deca-BDEs (He et al., 2006; Robrock et al., 2008; Xu et al., 2014). Similarly, studies of the debromination potential of municipal sewage sludge (Shin et al., 2010) and various sediment slurries (Zhu et al., 2014) have noted debromination of hexa- to tetra-BDEs but no debromination of deca- or hepta-BDEs.

Attempts to identify the products of anaerobic microbial debromination have also revealed preferential removal of para and meta bromine substituents (Figure 3), a trend which is also present in microbial dehalogenation of aromatic organohalides, such as PCBs (Wang and He, 2013; Wang et al., 2014). This preference appears to exist regardless of the degree of bromine saturation, and has been observed in debromination of deca-BDE 209 (Gerecke et al., 2005) as well as in debromination of octa-BDEs (BDE 196, 203, and 197), hepta-BDE 183, hexa-BDE 153, penta-BDE 99, and tetra-BDE 47 (Robrock et al., 2008). The 2008 study by Robrock et al. also suggests preferential removal of double-flanked bromine moieties. Strict para and para-dominant debromination patterns in penta- and octa-BDE mixtures are also found in culture G with the presence of TCE, although meta- and ortho-bromine substitution were suggested as minor pathways in octa-BDE debromination (Ding et al., 2013). The only exception thus far identified not following preferential para and meta substitution is the predominance of ortho-bromine removal in co-culture GY2, as well as in D. mccartyi strain GY50 (derived from culture GY2), in stepwise conversion of penta-BDE 100 to di-BDE 15 via tetra-BDE 47 and tri-BDE 28 (Lee et al., 2011).
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FIGURE 3. Debromination pathways of PBDEs in mixed and pure microbial cultures.



The preference on para-, meta-, or ortho-bromine substitution could be determined by the reductive dehalogenases present in the debrominating bacteria. Identification and characterization of reductive dehalogenases responsible for dehalogenation of specific compounds allow researchers to investigate the mechanisms of organohalide respiration and provide targets that can be used to monitor populations of organohalide respiring bacteria in laboratory and field-scale bioremediation studies. Reductive dehalogenases responsible for dehalogenation of a wide variety of halogenated compounds have been reviewed in Hug et al. (2013). Identification of PBDEs reductive dehalogenases is impeded by the co-metabolic nature of PBDEs debromination in most mixed cultures and isolates, as the presence of auxiliary substrates makes it more challenging to determine single gene products responsible for observed activities, and by marginal cell yield of PBDEs debrominating populations in mixed cultures.

The only PBDE reductive dehalogenases characterized to date, PbrA1, PbrA2, and PbrA3, were identified in D. mccartyi strain GY50 using a combination of transcriptomics and proteomics (Lee et al., 2011; Ding et al., 2017). The fortuitous emergence of two variant strains that exhibited distinct dehalogenation profiles to strain GY50 allowed for functional characterization of the three PBDE dehalogenases. The deletion of a genomic island containing both PbrA1 and PbrA2 in the genome of strain GY52 and the lack of di-BDE debromination in this strain provided strong evidence for the role of PbrA3 in debromination of penta- and tetra-BDEs to di-BDE (BDE 15), while simultaneously implicating PbrA1 and PbrA2 in removal of unflanked para-bromines from BDE 15 to mono-BDE (BDE 4) and diphenyl ether. Several hundred putative reductive dehalogenase homologous genes have been identified in the genomes of different Dehalococcoides strains and have been categorized into more than 50 orthologous groups based on amino acid similarity (Hug et al., 2013). The three PBDE reductive dehalogenases, PbrA1, PbrA2, and PbrA3, which catalyze different debromination pathways and attack bromine moieties at different positions, are phylogenetically distinct—sharing < 40% amino acid sequence similarity with each other (Figure 4). It is not uncommon for reductive dehalogenase genes with similar functionality to exhibit significant disparities in nucleotide sequence, but the phylogenetic similarity of the PBDE reductive dehalogenases to enzymes which catalyze dehalogenation of other poly-halogenated aromatic compounds may reveal some structural aspect that is common among enzymes mediating catalysis of these types of organohalides. While neither nucleotide nor amino acid sequence similarity among reductive dehalogenases is predictive of substrate range (Hug, 2016), the clustering of known reductive dehalogenase into orthologous groups at least provides a starting point for putatively identifying other PBDE reductive dehalogenases. For example, debromination of PBDEs and other brominated benzenes (Wagner et al., 2012) and phenols (Yang et al., 2015) by strain CBDB1 contains one reductive dehalogenase gene that clusters within the same ortholog group as PbrA3, though no functional genes were implicated in the original study. More information about the functions of uncharacterized dehalogenases is necessary before meaningful comparative analyses of these orthologs can be performed. The emergence and characterization of the GY52 variant facilitated description of the regiospecificity of these three dehalogenases and demonstrated a strategy by which other PBDE dehalogenases can be investigated.
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FIGURE 4. Phylogenetic analysis of functionally characterized RDases (blue color) in Dehalococcoides mccartyi including orthologs (black color) of PBDE reductive dehalogenases (red color). The tree was constructed with MEGA 7 (Kumar et al., 2016) using maximum likelihood method in JTT matrix-based model (Jones et al., 1992).



OUTLOOK

Though production and usage of PBDE mixtures have declined after implementation of bans and voluntarily cessation of manufacture, the environmental persistence and potential for transboundary disbursement make PBDEs a continuing threat to biological populations around the globe. The degree of the debromination of PBDEs not only affects physical and chemical properties, but also toxicity and potential for bioaccumulation. Highly substituted deca-, nona-, and octa-BDEs are thermally labile and are partially degraded to lesser brominated congeners in the environment resulting in an increase in the risk presented by the original contamination. Because PBDEs preferentially sorb to organic matter, they tend to accumulate in anaerobic and anoxic soils and sediments. Harnessing the metabolic potential of anaerobic microbes that can detoxify PBDEs by removing bromine substituents has the potential to be a cost effective and efficient approach to remediate PBDEs in the environment.

Microbial debromination of PBDEs must overcome several obstacles before it can be considered a viable technology for bioremediation. Most of the bacteria that are currently known to debrominate PBDEs do so co-metabolically and partially. This incomplete debromination may often cause additional problems in-situ and the requirement for auxiliary substrates can severely limit the rate and extent of debromination. The only anaerobic microbe that can completely detoxify PBDEs and couple cell growth is D. mccartyi GY50 which can metabolize penta- and tetra-BDEs to produce diphenyl ether as an end-product. However, since deca- and octa-BDE mixtures also represent the majority of PBDEs production and pollution globally, further study is necessary to find other bacterial isolates and mixed cultures that can metabolize these highly brominated congeners. In general, co-cultures could likely be a promising solution to completely debrominate higher brominated BDEs to diphenyl ether via intermediates such as penta- and tetra-BDEs.

The slow growth rate and low cell yields associated with debrominating bacteria have impeded efforts to elucidate the mechanisms of microbial PBDE degradation. The isolation of D. mccartyi GY50 has revealed functional PBDE reductive dehalogenases for the first time, which may facilitate identification of additional PBDE dehalogenases in other Dehalococcoides. Discovery of enzymes responsible for the observed debromination of higher brominated deca- and octa-BDEs would be particularly valuable to the advancement of PBDEs bioremediation efforts. Recent advances in heterologous expression and purification of functional reductive dehalogenases will facilitate investigations into the dehalogenation potential of uncharacterized dehalogenases and may make it possible to establish a platform for in-vitro production of specific dehalogenases for bioremediation.

In summary, the innate capacity of some anaerobic microbes to detoxify different PBDEs can potentially be exploited as a tool to remediate contaminated soils and sediments. Application of these microbes in-situ has been hindered by the slow rate of cell growth and associated debromination of target compounds. Combining organohalide respiring bacteria with other physical and chemical processes to increase the rate and extent of anaerobic debromination of PBDEs has been investigated with varying degrees of success. Recent descriptions of PBDE debrominating isolates and defined microbial consortia have shed light on genes responsible for some, but not all, of the natural attenuation of PBDEs that has been observed. Future investigations to elucidate and characterize additional PBDEs dehalogenases in anaerobic systems may provide a clearer picture of the mechanisms responsible for the partial degradation of highly substituted PBDEs in the environment and pave the way for development of new strategies to address the persistent threat that PBDEs pose to biological populations.
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Functional Expression and Characterization of Tetrachloroethene Dehalogenase From Geobacter sp.
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Reductive dehalogenase (RDase) consists of two parts, RdhA and RdhB. RdhA is the catalytic subunit, harboring a cobalamin cofactor and two Fe–S clusters. RdhA is anchored to the cytoplasmic membrane via the membrane anchoring subunit, RdhB. There are many genes encoding RDases in the genome of organohalide-respiring bacteria, including Dehalococcoides spp. However, most genes have not been functionally characterized. Biochemical studies on RDases have been hampered by difficulties encountered in their expression and purification. In this study, we have expressed, purified and characterized RdhA of RDase for tetrachloroethene (PceA) from Geobacter sp. PceA was expressed as a fusion protein with a trigger factor tag in Escherichia coli. PceA was purified and denatured in aerobic condition. Subsequently, this protein was refolded in the presence of FeCl3, Na2S and cobalamin in anaerobic condition. The reconstituted PceA exhibited dechlorination ability for tetrachloroethene. UV-Vis spectroscopy has shown that it contains cobalamin and Fe-S clusters. Since this method requires anaerobic manipulation only in the reconstituting process and has a relatively high yield, it will enable further biochemical studies of RDases.

Keywords: reductive dehalogenase, tetrachloroethene, Geobacter, reconstitution, cobalamin

INTRODUCTION

Organohalides are recalcitrant pollutants that have caused contamination of soils and groundwater in many sites around the world. Various bacteria derive their metabolic energy from dehalorespiration, which uses organohalides as terminal electron acceptors in anaerobic respiration (Holliger et al., 1998). Organohalide-respiring bacteria include Dehalococcoides, Dehalogenimonas, Dehalobacter, Desulfitobacterium, and Sulfurospirillum, as well as the organohalide-respiring members of the Deltaproteobacteria. Organohalide-respiring bacteria play critical roles in anaerobic bioremediation of sites contaminated by organohalides (Jugder et al., 2016). Organohalide-respiring bacteria are equipped with the conserved membrane-associated proteins, reductive dehalogenases (RDases), which catalyze reductive dehalogenation reactions resulting in the generation of lesser-halogenated compounds (Jugder et al., 2015). RDase is composed of two components, RdhA and RdhB. The catalytically active subunit RdhA contains one cobalamin and two Fe–S clusters (either two 4Fe–4S clusters or one 4Fe–4S and one 3Fe–4S cluster). There is one twin-arginine (TAT) signal sequence (RRXFXK) at the N-terminus, which mediates the transport of pre-folded RdhA into the periplasm. RdhA is associated with the outer side of the cytoplasmic membrane via the integral membrane protein RdhB.

Recent genome analyses of organohalide-respiring bacteria showed the existence of various RDase genes. Among these genes, there exist many RDase genes in genomes of Dehalococcoides spp. For example, 38 RdhA genes were identified in the genome of D. mccartyi strain MB (Low et al., 2015). However, the current understanding of RDase is limited to the results of studies on only several RDases, PceA (Schmitz et al., 2007; Sjuts et al., 2012), CprA (van de Pas et al., 1999, 2001), TceA (Magnuson et al., 2000), and vinyl chloride RDase (VcrA) (Muller et al., 2004; Parthasarathy et al., 2015). Existence of various RDases in Dehalococcoides spp. hampered the characterization of each RDase. It is difficult to culture organohalide-respiring bacteria for purification of RDases. Moreover, the heterologous expression of RDases is generally difficult because most RDases are oxygen-labile membrane-associated proteins. The heterologous expression of a few RDases was reported. Catabolic RDase BhbA from Comamonas is not oxygen sensitive and could be functionally expressed (Chen et al., 2013). PceA of D. hafniense strainY51 was overexpressed in a cobamide-producing bacterium Shimwellia blattae (Mac Nelly et al., 2014) and RdhA from Nitratireductor pacificus pht-3B (NpRdhA) in Bacillus megaterium (Payne et al., 2015). Recently, it was reported that heterologously expressed Dehalococcoides VcrA in Escherichia coli, was purified and reconstituted to its active form by the addition of hydroxocobalamin/adenosylcobalamin, Fe3+, and sulfide in the presence of mercaptoethanol (Parthasarathy et al., 2015). VcrA was obtained as a fusion protein with a maltose binding protein as an insoluble protein. In this method, all purification and reconstitution processes were performed in anaerobic conditions. However, the method was laborious, and the yield was insufficient.

In the present study, we tried functional expression and characterization of PceA from Geobacter sp. We expressed PceA with a fusion protein with the trigger factor tag and also the Strep-tag (TF-PceA-Strep). After purification and denaturation in 8 M urea in aerobic conditions, PceA was reconstituted with Fe and cobalamin in anaerobic condition. Thus, the reconstituted TF-PceA-Strep exhibited RDase activity on PCE.

MATERIALS AND METHODS

Cloning and Expression of PceA

The pceA gene was obtained by PCR from the metagenome DNA of PCE dechlorinating bacterial consortium using the primers (5′-ATG GAT CGT AGA GAT TTT TTT AAA AAG GCA GC-3′ and 5′-CTA TGC CTT GTT CCA GAA GTC CG-3′). The amplified DNA was cloned into the T-vector pMD20 (TaKaRa Bio, Inc., Shiga, Japan) and subjected to DNA sequencing.

The full-length pceA was amplified using the primers (5′-CCC AAG CTT ATG GAT CGT AGA GAT TTT TTT AAA AAG G-3′ and 5′-CCC TCG AGC TAT GCC TTG TTC C-3′) and cloned into the HindIII/XhoI site of pET23b (Merck Millipore, Co., Billerica, MA, United States) (pET23b_PceA).

To express PceA as a fusion protein with TF, the gene was amplified with the primers (5′-CGA GCT CAT GGA TCG TAG AGA TTT TTT TAA AAA GG-3′ and 5′-CCC TCG AGC TAT GCC TTG TTC C-3′), and subcloned into the SacI/XhoI site of pCold TF vector (TaKaRa Bio, Inc.) (pCold TF-PceA). Then, the Strep-tag sequence was inserted at the C-terminus by the QuikChange method using the primers (5′-CGG ACT TCT GGA ACA AGG CAT GGA GCC ATC CGC AGT TTG AAA AGT AAG TCG ACC TGC AGT CTA GAT AG-3′ and 5′-CTA TCT AGA CTG CAG GTC GAC TTA CTT TTC AAA CTG CGG ATG GCT CCA TGC CTT GTT CCA GAA GTC CG-3′) (pCold TF-PceA-Strep).

Thus, the prepared plasmids (pET23b_PceA, pCold TF-PceA, and pCold TF-PceA-Strep) were used for the transformation of E. coli BL21 star (DE3). The transformed cells were grown in Luria-Bertani medium containing 100 μg/ml ampicillin at the specified temperatures. The cells were harvested by centrifugation at 5000 rpm for 15 min at 4°C.

Purification of TF-PceA-Strep and Cofactor Reconstitution

Approximately 3 g wet weight of TF-PceA-Strep was re-suspended in 30 ml of suspension buffer (50 mM potassium phosphate pH 8.0 containing 0.5 M NaCl, 20% glycerol, 1mM PMSF). After cell disruption using an ultrasonic disruptor (UD-201, TOMY, Co., Tokyo, Japan), the suspension was centrifuged for 15 min at 14,000 rpm. The supernatant was discarded, and the pellet was resuspended in 15 ml of the denaturation buffer (suspension buffer + 8 M urea). Following another round of sonication, the suspension was stirred on ice for 1 h to solubilize the pellet. Centrifugation for 15 min at 4°C at 14,000 rpm was performed to remove remaining insoluble material.

The supernatant containing denatured TF-PceA-Strep was loaded onto the Ni-affinity column (His-Trap FF, GE Healthcare, Buckinghamshire, United Kingdom), which had been washed with five column volumes of the denaturation buffer and eluted with four column volumes of 250 mM imidazole in the denaturation buffer.

Next, the reconstitution of TF-PceA-Strep was performed under anaerobic conditions. All buffers were purged with 99.99% Ar and placed in the anoxic glove box before use. Denatured TF-PceA-Strep was mixed with the reduction buffer (100 mM Tris-HCl pH 7.5, 200 mM DTT) to 5 mM of DTT, and incubated for 30 min with stirring. Then, Fe buffer (100 mM Tris-HCl pH 7.5, 100 mM FeCl3) and S buffer (100 mM Tris-HCl pH 7.5, 30 mM Na2S) were added up to 50 mol excess of Fe and S to TF-PceA-Strep. After 90 min incubation with stirring, cyanocobalamin was added to a final concentration of 10 mg/ml. Next, TF-PceA-Strep solution was applied to a PD-10 column (GE Healthcare) equilibrated with the refolding buffer (50 mM Tris-HCl pH 8.0, 0.5 M NaCl, 20% glycerol, 0.2% CHAPS, 1 mM PMSF, and 10 mM DTT). The fractions containing reconstituted TF-PceA-Strep were collected.

PceA Dechlorination Activity Assay

Enzyme activity experiments were performed in the anoxic sealed serum vials of 10 ml volume with butyl rubber stopper. In an anoxic vial, 3 ml of 50 mM Tris-HCl pH 8.5 containing 0.2 mg/ml of the reconstituted TF-PceA-Strep, 1 mM Ti(III) citrate as the electron donor and 0.4 mM methyl viologen as the electron mediator was added. The reaction was started by injecting PCE to approximately 100 μM PCE. Headspace samples (100 μl) were injected into the gas chromatograph (Shimadzu GC 2014 gas chromatograph, Shimadzu, Co., Kyoto, Japan) equipped with a DB-624 column (60 m length, 0.32 mm diameter, and 1.80 μm film thickness, Agilent Technology, Santa Clara, CA, United States) and a flame ionization detector.

Mass Spectrometry

The band for TF-PceA-Strep in SDS-PAGE was excised and applied for the treatment by In-Gel Tryptic Digestion Kit (ThermoFisher Scientific, Co., Waltham, MA, United States). LC–MS/MS analysis of the digested peptides was performed using reversed-phase LC interfaced with a Q-TOF mass spectrometer (Bruker Daltonics, Co., Billerica, MA, United States). The digest peptides were separated using a PEGASIL ODS SP300-3 column (φ1 mm × 100 mm, 3 μm; Senshu Scientific, Co., Tokyo, Japan) eluted with a linear gradient of 0–100% buffer B (100% acetonitrile and 0.1% trifluoroacetic acid) in buffer A (0.1% trifluoroacetic acid in water) at a flow rate of 0.04 ml/min. MS and MS/MS data were acquired using the data-dependent top five method. The resulting MS/MS data were searched against the sequences of TF-PceA-Strep, using BioTools (Bruker Daltonics, Co.).

UV-Vis Spectroscopy

UV-Vis absorbance spectra were recorded with a Varian CARY 50 UV-VIS Spectrophotometer (Agilent Technologies) in aerobic condition.

Metal Analysis

Co and Fe content was analyzed by graphite furnace atomic absorption spectrometry (GFAAS). We used the Polarized Zeeman Atomic Absorption Spectrophotometer ZA3000 (Hitachi High-Technologies, Co., Tokyo, Japan) for GFAAS. At first, we made the calibration curves using the standard solutions of Fe and Co at the concentration of 0, 2.5, 5.0, 10, or 15 ppb in the Refolding Buffer (50 mM Tris-HCl pH 8.0, 0.5 M NaCl, 20% glycerol, and 0.2% CHAPS). Next, the reconstituted TF-PceA-Strep was diluted with 2% nitric acid. The diluted samples were applied for GFAAS analysis. The average values of triplicate measurements were used.

Circular Dichroism (CD) Measurement

The secondary structure of the refolded TF-PceA was analyzed by CD. Protein samples were prepared in 2 mM Tris-HCl, pH 8.0 at 8.9 μM and then filtrated with cellulose acetate filter (0.2 μm). CD spectrum with a wavelength range of 205–260 nm was measured at 20°C by CD spectrometer (J-820, JASCO, Tokyo, Japan) using a 2 mm optical path length cuvette.

RESULTS

Previously, we had constructed a PCE dechlorinating bacterial consortium. The consortium could dechlorinate tetrachloroethene (PCE) to cis-1,2-dichloroethene (cis-DCE) (Supplementary Figure S1). The 16S rRNA gene analysis of the metagenome showed the presence of Dehalobacter sp., Geobacter sp., Sulfurospirillum sp., Clostridium sp. and Bacteroides sp. Among these species, we speculated that Dehalobacter sp. or Geobacter sp. is responsible for dechlorination of PCE. Next, we attempted to amplify pceA genes from the metagenome using various primers designed from pceA genes of Dehalobacter sp. and Geobacter sp. We could obtain the full-length pceA gene, which exhibits significantly high sequence identity with that of G. lovleyi SZ (Figure 1). The Nucleotide sequence is available in the DDBJ/EMBL/GenBank databases under the accession number, LC342077. G. lovleyi SZ was obtained from the non-contaminated creek sediment microcosms based on their ability to derive energy from acetate oxidation coupled to PCE-to-cis-DCE dechlorination (Sung et al., 2006). The putative RDase from Anaeromicrobium sediminis also showed significant sequence identity. The sequence alignment of the three RDases is shown in Figure 1. In the N-terminal region, there exists the consensus motif of twin-arginine signal sequence, RRXFXK. Two iron–sulfur cluster binding (ISB) sites are also conserved. The first ISB, CKNCKKCADACP, corresponds to the conserved consensus sequence CXXCXXCXXXCP, found in bacterial ferredoxins (Bruschi and Guerlesquin, 1988). The second ISB is partly different from the consensus one. The latter motif, CXXCXXXCP, is conserved, but the first Cys residue is separated from the second Cys residue by 10 amino acid residues. The consensus sequence for cobalamin binding, DXHXXG...SXL...GG is partially conserved in PceA (Ludwig and Matthews, 1997). However, there are sequence variations in the corresponding sequences in the homologous putative PceAs.
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FIGURE 1. Amino acid sequence alignment for the PceA of this study and other homologous PceAs. Sequence alignment was performed by Clustal Omega. The identical amino acids are marked by asterisk. Double dot and dot designate similar amino acid residues. PceA (this study), G_lovleyi SZ (PceA from Geobacter lovleyi SZ, AFN20668.1), and A_sediminis (PceA from Anaeromicrobium sediminis, WP_095136311.1). TAT, Twin-arginine motif; ISB-1 and ISB-2, iron–sulfur cluster binding motif; Cob, Cobalamin binding motif.



To express the Geobacter PceA in E. coli, the Geobacter pceA was cloned into the pET23b vector (pET23b-pceA) and used to transform E. coli BL21 star (DE3). PceA was obtained as an aggregate in the insoluble fraction (Figure 2A). Next, we tried to express PceA as a fusion protein with the trigger factor tag (TF-PceA). TF-PceA was obtained as a soluble protein at the induction of protein expression at 18°C (Figure 2B). E. coli cells expressing TF-PceA were collected and disrupted by the lysozyme treatment at the anaerobic conditions in a glove box. The total cell lysate was applied for dechlorination assay for PCE. Unexpectedly, no PCE dechlorination activity was observed. We further tried to purify TF-PceA in aerobic conditions using the histidine tag attached to TF tag. However, TF-PceA was subjected to protease digestion during purification by Ni affinity chromatography. Next, we added Strep-tag at the C-terminus (TF-PceA-Strep). TF-PceA-Strep was purified by affinity chromatography using Strep-tactin column and size exclusion chromatography. In this case, no protease digestion was observed. In the mass spectroscopic analysis, the proteolytic peptide fragments covered approximately 40% of TF-PceA-Strep (Supplementary Figure S2). Since UV-Vis spectrum of the purified TF-PceA-Strep lacked the peak for cobalamin, we concluded that the active center was not correctly formed in TF-PceA-Strep.
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FIGURE 2. Expression of PceA and TF-PceA in Escherichia coli. The supernatant and precipitate of the crude extracts of E. coli cells harboring designated plasmids are analyzed by SDS-PAGE. (A) pET23b and pET23b-PceA (B) pCold TF and pCold TF-PceA.



We speculated that although active PceA was obtained in E. coli, it is difficult to purify, because all procedures must be performed in anaerobic conditions. Thus, we decided to reconstitute active PceA in vitro. Since it was difficult to reconstitute PceA in vitro, we used TF-PceA-Strep. We expressed TF-PceA-Strep as an insoluble protein by culturing recombinant E. coli at 37°C. Then, the precipitated proteins were solubilized by buffer containing 8 M Urea. TF-PceA-Strep was purified by nickel affinity chromatography in the presence of 8 M urea. The denatured TF-PceA-Strep was applied for reconstitution in the anaerobic glove box. Denatured TF-PceA-Strep was mixed with DTT, FeCl3, Na2S and cobalamin in denaturation buffer, and the mixture was loaded onto a PD-10 desalting column equilibrated with the refolding buffer. TF-PceA-Strep was expected to reconstitute by removing urea, and unincorporated excess cofactors were also removed. CD spectrum shows that the reconstituted TF-PceA-Strep takes the folded conformation (Supplementary Figure S3).

Thus, prepared reconstituted TF-PceA-Strep was used for the dechlorination assay for PCE. The reconstituted TF-PceA-Strep was mixed with PCE in the presence of Ti(III) citrate as the electron donor and methyl viologen as the electron mediator. As shown in Figure 3, in the presence of TF-PceA-Strep, PCE decreased with the increase of TCE and cis-DCE. However, a decrease in PCE and the appearance of TCE and cis-DCE were not observed in the control experiments using a protein unrelated to reductive dehalogenation, Hsp104 from a thermophilic fungus.
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FIGURE 3. Reduction of PCE to TCE and cis-DCE by the reconstituted TF-PceA-Strep. Time-course concentration changes of PCE (black), TCE (red), and cis-DCE (blue) are plotted.



Finally, we examined the reconstitution of the catalytic centers by UV-Vis spectrophotometry and metal analysis. Because of the apparatus limitation, we performed UV-Vis spectrophotometry in aerobic conditions. Before reconstitution, no peaks derived from the cofactor were detected. Alternatively, peaks attributed to each cofactor were detected from the sample after reconstruction; [4Fe–4S] at 420 nm, Co(I) at 360 and 550 nm, and Co(II) at 310 nm (Figure 4). To obtain the quantitative data, the metal content of the reconstituted TF-PceA-Strep was analyzed by GFAAS (Table 1). The molar ratio of TF-PceA-Strep:Co:Fe was 1:1.4:10. This ratio was close to the theoretical value of 1:1:8, suggesting that TF-PceA-Strep and cofactor coexist with values close to the theoretical values.
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FIGURE 4. Reconstitution of the catalytic center in TF-PceA-Strep observed by UV-Vis spectrum. UV-Vis spectra of apo-TF-PceA-Strep (refolded without cofactor) (black), cofactors only (red), apo-TF-PceA-Strep + cofactor (blue), and the reconstituted TF-PceA-Strep (green) are shown. The spectra were normalized by the absorbance of 360 nm.



TABLE 1. Fe and Co content in the reconstituted TF-PceA-Strep.
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DISCUSSION

There are many genes encoding RDases in the genome of organohalide-respiring bacteria, including Dehalococcoides spp. However, most of them have not been functionally characterized. Existence of multi RDases in a bacterium makes it also difficult to examine the substrate specificities of them. Since most RDases are membrane proteins labile for aerobic condition, it is generally difficult to obtain recombinant ones. The catalytic subunit, RdhA, is not embedded in the membrane. Therefore, it is possible to obtain RdhA as a soluble protein. However, generally, RdhA does not fold correctly in E. coli probably due to its partially hydrophobic nature to interact with the membrane bound RdhB.

PceA from D. restrictus was expressed as a fusion protein with the trigger factor (TF) tag, and purified under anaerobic conditions (Sjuts et al., 2012). Recently, heterologous production of RdhA of VcrA from D. mccartyi strain VS was reported (Parthasarathy et al., 2015). In both cases, UV-Vis and electron paramagnetic resonance spectroscopy revealed that catalytic centers are correctly constituted. In their methods, all purification procedures were conducted in anaerobic conditions. Therefore, it is difficult to perform in laboratories with ordinary instruments. Moreover, the yield is relatively small for detailed studies. Our idea was to obtain denatured RdhA in aerobic conditions and refold it with their cofactors.

In this study, we tried to express and characterize the PceA. The pceA gene is significantly homologous to that of G. lovleyi. This gene also showed high homology to the putative RDase from A. sediminis. The sequence identity was estimated to be 51%. The sequence identity with the other putative PceA is relatively modest. The identity with the PceA from Dehalobacter sp. E1 (EQB20894.1) is approximately 37%. The two ISB motifs are conserved with that of PceA from Dehalobacter sp. E1. However, cobalamin binding motif is not well-conserved. Because Geobacter sp. and Dehalobacter sp. seemed to be responsible for dechlorination of PCE in the original bacterial consortium, we concluded that the gene was originated from a Geobacter sp.

We expressed PceA as a fusion protein with the trigger factor tag and also the Strep-tag (TF-PceA-Strep). TF-PceA-Strep was denatured by buffer containing 8 M urea and purified by affinity chromatography using the histidine tag in trigger factor tag. Although TF-PceA-Strep was only partially purified in this study, it is possible to perform further purification using different types of chromatography. The reconstitution of TF-PceA-Strep was performed by size exclusion chromatography using a buffer containing cofactors in anaerobic conditions. Since TF-PceA-Strep can refold easily, this process requires only a small column. The reconstituted TF-PceA-Strep could convert PCE to cis-DCE via TCE. UV-Vis and GFAAS suggested binding of TF-PceA-Strep and a cofactor. The measured metal content of the reconstituted sample was partially larger than the theoretical value. This result is probably observed because the separation of free Fe and cobalamin by PD-10 is not sufficient.

We have established a heterologous platform to produce the TF-PceA-Strep enzyme, which can be reconstituted in its active form. It was expected that the function and structure of RDase would be clarified by the crystallization of RDase under anaerobic conditions. Further study is needed to understand all of the components related to the synthesis and activity of RdhA, with continued future research efforts investigating the accessory genes and their products, such as transcriptional regulators (PceC, MarR), anchoring proteins (RdhB or PceB), and maturation proteins (e.g., PceT). This platform may be employed for obtaining recombinant proteins with the same characteristics as RDase.
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Dehalococcoides mccartyi strain CBDB1 is a slow growing strictly anaerobic microorganism dependent on halogenated compounds as terminal electron acceptor for anaerobic respiration. Indications have been described that the membrane-bound proteinaceous organohalide respiration complex of strain CBDB1 is functional without quinone-mediated electron transfer. We here study this multi-subunit protein complex in depth in regard to participating protein subunits and interactions between the subunits using blue native gel electrophoresis coupled to mass spectrometric label-free protein quantification. Applying three different solubilization modes to detach the respiration complex from the membrane we describe different solubilization snapshots of the organohalide respiration complex. The results demonstrate the existence of a two-subunit hydrogenase module loosely binding to the rest of the complex, tight binding of the subunit HupX to OmeA and OmeB, predicted to be the two subunits of a molybdopterin-binding redox subcomplex, to form a second module, and the presence of two distinct reductive dehalogenase module variants with different sizes. In our data we obtained biochemical evidence for the specificity between a reductive dehalogenase RdhA (CbdbA80) and its membrane anchor protein RdhB (CbdbB3). We also observed weak interactions between the reductive dehalogenase and the hydrogenase module suggesting a not yet recognized contact surface between these two modules. Especially an interaction between the two integral membrane subunits OmeB and RdhB seems to promote the integrity of the complex. With the different solubilization strengths we observe successive disintegration of the complex into its subunits. The observed architecture would allow the association of different reductive dehalogenase modules RdhA/RdhB with the other two protein complex modules when the strain is growing on different electron acceptors. In the search for other respiratory complexes in strain CBDB1 the remarkable result is not the detection of a standard ATPase but the absence of any other abundant membrane complex although an 11-subunit version of complex I (Nuo) is encoded in the genome.

Keywords: Dehalococcoides, organohalide respiration, anaerobic respiration, reductive dehalogenase, protein complex, complexome analysis, blue native gel electrophoresis

INTRODUCTION

Organohalides are used in many different products such as pesticides, biocides, pharmaceuticals, plasticizers, personal care articles and flame retardants but are also produced by natural processes. Released into the environment they often represent persistent, toxic and bioaccumulating legacy contaminants (Jones and de Voogt, 1999). One particular process favored for bioremediation of organohalides in sediments, soils or groundwater is organohalide respiration catalyzed by organohalide-respiring bacteria (Steffan and Schaefer, 2016). Organohalide-respiring bacteria use the halogenated compounds as a terminal electron acceptor in an anaerobic respiration and gain energy for growth from this process. Several organohalide-respiring bacteria are strictly anaerobic and obligate organohalide respiring including strains of the genera Dehalococcoides, Dehalogenimonas and Dehalobacter separating them from many other described organohalide-respiring bacteria (Jugder et al., 2016; Fincker and Spormann, 2017). Dehalococcoides mccartyi strain CBDB1 is physiologically well characterized and its genome is sequenced (Kube et al., 2005). The strain can grow with hydrogen as sole electron donor and various halogenated electron acceptors, including chlorinated and brominated benzenes, polychlorinated dioxins, polychlorinated biphenyls, chlorophenols, oligocyclic phenolic bromoaromatics, and perchloroethene (Bunge et al., 2003; Adrian et al., 2009; Yang et al., 2015). The key enzyme in reductive dehalogenation is the reductive dehalogenase (RdhA), a 50–60 kDa protein with a cobalamin and two iron-sulfur clusters as co-factors. A Tat-leader peptide indicates its export to the outer side of the monoderm cell envelop of Dehalococcoides (Schubert et al., 2018). Earlier, we have obtained evidence that the RdhA protein is coordinated in a multi-protein reductive dehalogenase complex, referred to as organohalide respiration complex (OHR complex) in the text. The current hypothesis is that the OHR complex represents a fully functional stand-alone respiratory chain, obviating quinone or cytochrome involvement (Kublik et al., 2016; Hartwig et al., 2017). The other proposed subunits in the OHR complex are RdhB, which is the putative membrane integral RdhA anchoring protein, the organohalide respiration involved molybdoenzyme (OmeA), its putative membrane-integrated anchor OmeB, HupX, a protein with four predicted iron-sulfur clusters and a hydrogen uptake hydrogenase with its [NiFe] large subunit (HupL) and iron-sulfur containing small subunit (HupS) (Figure 1). RdhB and OmeB are predicted to be membrane integrated, while HupX and HupS are predicted to be membrane attached via one transmembrane domain each. The current mechanistic model hypothesizes that electrons are fed into the complex via HupL, and then transferred via iron-sulfur clusters in HupS, HupX and OmeA to the RdhA which reduces organohalides. The electric current through this electron chain might induce conformational changes in the complex that drive proton translocation across the membrane, but nothing of this is yet tested. The reaction would in some way resemble the reaction in the Rnf complex, where a redox reaction drives the translocation of cations across the membrane in an autonomous protein complex. The Rnf complex uses the redox reaction between reduced ferredoxin and NAD+, both located in the cytoplasm, to shuttle Na+ ions (Imkamp et al., 2007; Hess et al., 2013). In contrast the OHR complex is believed to take both redox substrates from outside the cell. The role of the molybdopterin dinucleotide binding motif in OmeA is not understood and the formation of such a molybdenum-containing cluster is not confirmed. The genes for the seven different OHR complex proteins are distributed into different operons on the genome. The genes hupL, hupS, and hupX are co-localized while omeA and omeB are located together on a separate locus. The reductive dehalogenases constitute a large paralog group in D. mccartyi strain CBDB1 with 32 different loci on the genome each containing one rdhA and one rdhB gene plus regulatory genes (Schubert et al., 2018).
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FIGURE 1. Hypothetical model of the organohalide complex, modified from Kublik et al. (2016) representing multiple interactions between subunits. HupL, hydrogenase large subunit 48 kDa; HupS, hydrogenase small subunit 37.1 kDa, HupX, iron/sulfur protein 30.4 kDa, OmeA, organohalide respiration involved molybdoenzyme A 106 kDa; OmeB, organohalide respiration involved molybdoenzyme B 44.8 kDa; RdhA, reductive dehalogenase homologous protein active subunit ~55 kDa; RdhB, reductive dehalogenase homologous anchoring protein B 11.2 kDa. The colors were defined (Supplemental Table 2) and used throughout the manuscript for all graphs and tables. The yellow/red dots indicate Fe/S clusters, the blue dot indicates a molybdenum ion, the green dot a nickel ion and the violet dot a cobalt ion bound to a corrinoid.



Evidence for the formation of a dehalogenating multiprotein complex came from experiments with blue native gels where biochemical activity was detected in gel slices corresponding to a molecular weight of 150–250 kDa, but not in gel areas corresponding to the molecular weight of a single RdhA subunit (Kublik et al., 2016). In addition activity was detected at high molecular weight fractions in gel filtration experiments and could also not be found in the eluate after ultrafiltration at 100 kDa exclusion pore size. Subsequently, the mass spectrometric analysis of bands in blue native gels gave evidence for the composition of the OHR complex. No experimental evidence however, is available yet for the interaction of single proteins within the complex and it is not clear which proteins mediate the cohesion of the complex. In addition no experimental evidence is yet available showing a specific interaction of an RdhA with its genome co-localized RdhB. The two most abundant RdhA proteins in cultures of strain CBDB1 growing with chlorobenzenes as electron acceptor are the RdhA proteins with the locus tags CbdbA80 and CbdbA84. CbdbA84 was isolated from a native gel and showed dechlorination activity with chlorinated benzenes. Accordingly it was annotated as chlorobenzene reductase (CbrA) (Adrian et al., 2007b). The experimental work with Dehalococcoides strains is strongly affected by the extremely low amounts of cell mass obtained from cultivation. The dependence of growth on toxic, low-soluble electron acceptors as well as the slow growth rate of the organisms of about 3 days per division results in maximum cell numbers of about 1–5 × 108 cells per mL in a fully grown culture. This, however, represents only about 1–5 mg protein per liter in cultures because the cells are very small (0.5 × 0.5 × 0.2 μM) and contain low amounts of protein compared to other microorganisms usually cultivated in the laboratory. The lack of cell walls and the small size also reduces harvesting efficiency. Therefore, all biochemical experiments with Dehalococcoides strains are performed with protein amounts below 50 μg total protein and all biochemical experimental approaches are restricted to highly sensitive methods such as activity tests, gel electrophoresis and mass spectrometry. Whereas, a cloning system is not available for Dehalococcoides species due to low growth rates, first progress was recently achieved with heterologous expression of Dehalococcoides redox proteins in E. coli (Hartwig et al., 2015).

Complexome analysis (also called complexome profiling) is an approach in which protein complexes are mildly extracted from cells and applied to non-destructive methods to separate protein complexes from each other. Density gradient centrifugation, gel filtration and native gel electrophoresis have been applied for protein separation but only native gel electrophoresis allows very sensitive detection when a low amount of material is available (Heide et al., 2012). To exclude bias from personal hypotheses, the entire gel lane can be cut into small slices and each slice is analyzed for protein content by mass spectrometry. Mass spectrometry gives a great depth of detection and estimates of the quantitative distribution of detected proteins across the gel lane. By identifying correlating distribution patterns, evidence for protein-protein interactions and the formation of protein complexes can be obtained. The method was described before for mitochondrial complexes in mammals (Wittig et al., 2006; Heide et al., 2012), plants (Kiirika et al., 2013; Senkler et al., 2017), and yeast (Eydt et al., 2017), and bacterial protein complexes of sulfate-reducing (Wöhlbrand et al., 2016), oxygen respiration in nitrate-reducing (Schimo et al., 2017) and anammox bacteria (de Almeida et al., 2016). A complication of complexome analyses is the fact that many of the protein complexes, especially those involved in respiration, are membrane bound and detergents must be applied to detach protein complexes from the membrane. The solubilization step with detergents, however, is crucial as solubilization needs to be strong enough to extract membrane-integrated proteins but weak enough to keep protein 3-D structures and protein-protein interactions intact.

The objective of this study is to obtain more and clearer evidence on the organization of the unique quinone-free respiratory complex in D. mccartyi strain CBDB1. Due to the low amount of biomass available we were restricted to methods applicable with low amounts of protein. Therefore, we performed a focused complexome analysis with the main aim to analyse protein components and modules of the OHR complex rather than measuring all protein-protein interactions in the proteome. This approach based on earlier data showed that the proteins in the OHR complex are all at high relative abundance compared to anabolic or structural proteins in the strain. The application of low protein amounts onto blue native gels therefore excluded the detection of low-abundance complexes and proteins but was expected to improve the resolution on the gel. To obtain information on the different strengths of protein-protein interactions we applied three different protocols for protein extraction from cells varying in their solubilization strength.

MATERIALS AND METHODS

Chemicals, Cultures, and Cell Harvest

Chemicals were purchased at the highest available purity. Hexachlorobenzene of technical purity was purchased from Campro Scientific and 1,2,4,5-tetrabromobenzene from Alfa Aesar at a purity of 94%. Titanium(III) citrate was prepared from technical grade 15% titanium(III) chloride solution (Merck-Schuchard) as described (Adrian et al., 2007a).

Dehalococcoides mccartyi strain CBDB1 was grown in defined mineral medium, pH-buffered to 7.2 with carbonate, reduced with 2 mM L-cysteine or 0.15% titanium(III)citrate, with 5 mM acetate as carbon source, 7.5 mM nominal concentration of hydrogen as electron donor and hexachlorobenzene or 1,2,4,5- tetrabromobenzene as electron acceptor under strictly anaerobic conditions as described previously (Adrian et al., 2000). Cultivation led to a final cell density of about 107-108 cells mL−1. Cells were harvested from culture volumes of 400–700 mL by using a SandTrap as recently described (Frauenstein et al., 2017). Eluents from the SandTrap were subsequently concentrated by a multi-step centrifugation (2–6 steps) each at 6,000 × g and 16°C for 60 min, removing about 50% of the supernatant in each step to avoid the strong losses of cells by other procedures as described in detail previously (Frauenstein et al., 2017). Due to low cell numbers harvested and the small cell size of the bacteria no visible pellet was formed. Nevertheless, as calculated from monitoring the centrifugation steps by direct epifluorescence microscopic cell counting after SYBR-green staining on agarose-coated slides (Adrian et al., 2007a) this non-visible pellet containing about 109 cells was used for further steps. Assuming a protein content of 30 fg protein cell−1 (Cooper et al., 2015) this represents about 30 μg protein as starting material for each of the described native electrophoresis/complexome analyses. The details for each of the three complexome analyses described in this study are summarized in Table 1.


Table 1. Experimental details in complexome analyses with the three different extraction modes.
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Extraction of Protein Complexes

Proteins were extracted from the non-visible pellet in three different ways with the aim to detach complexes from the membrane while preserving protein-protein interactions as much as possible.

(i) In the first extraction mode, previously used in our group (Kublik et al., 2016), the cell pellet was resuspended in 1 × PBS buffer (10 mM disodium hydrogen phosphate, 2 mM potassium dihydrogen phosphate, 137 mM sodium chloride, 2.7 mM potassium chloride, pH 7.4) and amended with 1% (w/v) N-dodecyl-ß-D-maltoside (DDM). The suspension was incubated for 60 min on ice with gentle shaking. Insoluble material was then removed by centrifugation (45 min, 16,600 × g, 16°C) and the supernatant was used for blue native polyacrylamide gel electrophoresis (BN-PAGE). We refer to this extraction mode as “whole-cell DDM extraction.”

(ii) In the second extraction mode, previously described for sulfate reducing bacteria (Wöhlbrand et al., 2016), the pellet was suspended in 250 μL culture medium and cells were lysed by bead beating (0.5 mm glass beads, Stretton Scientific; Fast Prep TM FP120, Thermo Savant) at a speed of 4 m s−1 for 20 s at room temperature. Beads were removed by centrifugation (3,000 × g, 1 min, room temperature) and the supernatant was processed by ultracentrifugation (100,000 × g, 60 min, 4°C) to spin down membrane fractions. The ultracentrifugation supernatant was removed and the pellet frozen overnight at −80°C under anoxic conditions. Afterwards the membrane pellet was gently thawed and resuspended in ACA750 buffer (Wöhlbrand et al., 2016) (750 mM amino capronic acid, 50 mM Bis-Tris, 0.5 mM EDTA, pH 7.0) containing 1% (w/v) DDM. Solubilization was performed by gently shaking for 60 min at 4°C. This extraction mode will be referred as “membrane fraction DDM extraction.”

(iii) For the third extraction mode the cell pellet was resuspended in 850 μL 1 × PBS containing 1% (w/v) DDM (at room temperature) and the cells were then disrupted by bead beating applying 4 m s−1 for 30 s at room temperature. This resulted in the formation of a minor amount of foam. The resulting crude extract was then centrifuged for 15 min at 14,000 × g and 4°C. The supernatant with solubilized proteins was transferred to a fresh tube and stored on ice for several minutes before the sample was loaded on blue native polyacrylamide gel. This extraction mode will be referred to as “disrupted cell DDM extraction.”

BN-PAGE

BN-PAGE was performed in an anoxic glove box and cooled with cooling packs using the XCell SureLock Mini-Cell (Invitrogen) electrophoresis system with precast 4–16% gradient Bis-Tris gels (NativePAGE Novex, Invitrogen). The anode buffer and the light blue cathode buffer were prepared according to the manufacturer's manual. A protein marker (5 μL of 1:20 diluted NativeMark Unstained Protein Standard, Invitrogen) in 1 × sample buffer (Invitrogen) was used in one lane of all gels. Samples were amended with 4 × sample buffer and 0.125–0.178% (v/v) Coomassie G-250 according to the manufacturer's instructions before electrophoresis was run at 150 V for 1 h and then at 250 V until the marker reached the bottom of the gel. After electrophoresis proteins were visualized by a mass spectrometry-compatible silver staining procedure (Nesterenko et al., 1994). Then the stained gel lanes were cut into regular slices of 1–2 mm width using a razor blade that was cleaned with ethanol after each cut. In the three different complexome analyses the gels were cut into 26, 65 and 64 slices, respectively.

Mass Spectrometric Analysis

Silver stained proteins in gel slices were prepared for nano-liquid chromatography tandem mass spectrometry (nLC-MS/MS) analysis by destaining, cysteine derivatization and tryptic in-gel digest as described (Kublik et al., 2016). Peptide samples were desalted using ZipTip-μC18 material (Merck Millipore) prior to analysis with nLC-MS/MS using an Orbitrap Fusion Tribrid mass spectrometer (Thermo Scientific) equipped with a nanoLC system (Dionex Ultimate 3000RSLC; Thermo Scientific). Peptides were separated on a separation column (Acclaim PepMap100 C18, Thermo Scientific) at a flow rate of 0.3 μL min−1 by applying the following settings with eluent A (0.1% formic acid in water) and eluent B (80% (v/v) acetonitrile, 0.08% formic acid in water): column equilibration for 3 min at 4% B (corresponding to 3.2% (v/v) acetonitrile final concentration), then increasing within 40 min to 55% B (corresponding to 44% (v/v) acetonitrile), followed by increasing within 1 min to 90% B (corresponding to 72% (v/v) acetonitrile) and hold for 4 min at 90% B. Eluted peptides were ionized via an electrospray ion source (TriVersa NanoMate, Advion) operated in positive mode and scanned continuously between 350 and 2,000 m/z by the Orbitrap mass analyzer with a resolution of 120,000, an ion target value of 4 × 105 ions and maximum ion injection time of 50 ms. The two most intense ions with charge between 2+ and 7+ were picked for fragmentation with the quadrupole set to a window of 1.6 m/z and subjected either to higher energy collisional dissociation (HCD) mode with collision energy of 30% or collision induced dissociation (CID) mode with collision energy of 35% with an ion target value of 1 × 104 and maximum ion injection time of 120 ms. Fragment ions were analyzed in the ion trap mass analyzer. Dynamic exclusion was enabled for 45 s after fragmenting a peptide ion in order to prevent repeated fragment analysis of the same ion.

Protein identification was conducted by Proteome Discoverer (v2.2, Thermo Fisher Scientific) using the SequestHT search engine with the UniProt database of D. mccartyi strain CBDB1 with the following settings: cleavage enzyme trypsin, allowing up to two missed cleavages, precursor mass tolerance and fragment mass tolerance were set to 3 ppm and 0.6 Da, respectively. Oxidation of methionine residues was selected as dynamic modification and carbamidomethylation on cysteine residues as fixed modification. The false discovery rate of identified peptide sequences was kept to <1% using the Percolator node. Abundance of proteins and peptides was calculated by label-free quantification on the basis of area counts using the Minora node implemented in Proteome Discoverer. The relative protein abundance or relative peptide abundance as given in this study was defined as the abundance of a protein or peptide in one slice relative to the total abundance of this protein or peptide across all slices of the blue native gel lane. The hierarchical cluster analyses were performed with R.

RESULTS

Three different extraction modes were applied (denominated as complexome analysis 1, 2, and 3) to release protein subcomplexes from the membrane of D. mccartyi strain CBDB1. The three extraction modes were designed to exert different solubilization strengths and therefore to provide different snapshots of subcomplex states in different dissociation degrees allowing conclusions on the stability of membrane-bound subcomplexes. Solubilized protein complexes were separated under non-denaturing conditions by BN-PAGE. Instead of cutting single bands after staining, the entire gel lane was cut into regular 1–2 mm slices and proteins within each slice were trypsin digested, eluted and analyzed by mass spectrometry. The result was an in-depth and high-resolution picture of protein distribution across the gel lane at three different solubilization degrees.

Protein-Protein Interactions in the OHR Complex After Whole-Cell DDM Extraction (Extraction Mode 1)

Extraction mode 1, in which whole cells were incubated directly 60 min at 4°C with 1% (w/v) DDM, was the fastest and most direct protein extraction protocol tested in this study. This protocol was not designed to separate soluble cytoplasmic from membrane proteins but for having the fewest experimental steps avoiding protein loss. From the gel that was cut into 26 slices a total of 103 proteins were identified by mass spectrometry across all slices (Supplemental Table 1). All putative subunits of the OHR complex were identified: HupL, HupS, HupX, OmeA, OmeB, seven RdhA paralogs and one RdhB (Table 2). The distribution of the relative protein abundance of the OHR complex subunits across the gel lane showed that the OHR complex is organized in modules of several subunits under extraction mode 1 (Figure 2). The subunits HupL and HupS showed identical migration patterns and shared their maximum of relative protein abundance in slice 20, indicating that they were tightly connected to each other and that they were forming a hydrogenase module. Although OmeA and OmeB shared their maximum in slice 18, their overall relative protein abundance distribution pattern was not identical, as OmeB formed a second slightly smaller maximum of relative protein abundance in slice 16, which was not present for OmeA. In contrast to HupL and HupS, HupX had its maximum of relative protein abundance in slice 18, identical to OmeA and OmeB indicating that these three subunits OmeA, OmeB, and HupX also formed a tightly bound module of the OHR complex and that HupX was not tightly bound to HupS/HupL. Overall, the HupL/HupS module had a completely different migration pattern than the OmeA/OmeB/HupX module indicating that no strong interactions between the two modules were present. Seven out of 32 different RdhA proteins encoded in the genome were found in the gel. From the seven identified RdhA proteins five showed a clear maximum of relative protein abundance in one of the slices (CbdbA1618 in slice 9; CbdbA88 and CbdbA1588 in slice 18; CbdbA1453 and CbdbA1638 in slice 20). Our data might indicate that CbdbA88 and CbdbA1588 are more strongly attached to the OmeA/OmeB/HupX module whereas CbdbA1453 and CbdbA1638 are more strongly attached to the HupL/HupS module. In contrast to the five RdhA proteins with clear relative maxima, CbdbA80 and CbdbA84 were more broadly distributed between the slices 16 to 21, therefore covering the whole range of the other OHR complex proteins and no separation was achieved. Indeed CbdbA80 and CbdbA84 were by far the most abundant among all RdhA proteins (Table 2), indicating that a better resolution could be achieved with lower amounts of protein. Only one RdhB protein was identified with a single peptide. This RdhB protein with the locus tag CbdbB3 is encoded in one operon together with the RdhA CbdbA80 and might be the specific membrane anchor for CbdbA80. In the blue native gel CbdbB3 had its maximum in slice 22, where none of the other OHR complex subunits had a maximum. Therefore, most of this RdhB protein appeared to have been detached from the overall protein complex by extraction mode 1. However, a second smaller maximum in relative protein abundance of CbdbB3 showed up in slice 18 where several RdhA proteins were also detected, including RdhA CbdbA80.


Table 2. Absolute abundance values for all suspected OHR complex subunits as a sum of the determined mass spectrometric area counts in all slices.

[image: image]




[image: image]

FIGURE 2. Relative abundance of proteins associated with the OHR complex across the length of a blue native gel cut into 26 slices after whole-cell DDM solubilization (protein extraction mode 1). The color code is the same as shown in Figure 1. Different RdhA proteins are shown with different line types.



Protein-Protein Interactions in the OHR Complex After Membrane Protein DDM Extraction (Extraction Mode 2)

Extraction mode 2 was adapted from a previous complexome analysis of the sulfate reducing Desulfobacula toluolica (Wöhlbrand et al., 2016). The approach aimed at first isolating membrane fractions from which protein complexes were subsequently detached with DDM. The blue native gel lane was cut into 65 slices and 233 proteins were identified in total by mass spectrometry from all slices together (Table 2). Again all subunits of the complex were identified, but the distribution of the relative protein abundance across the gel lane appeared random instead of showing module formation (Figure 3). Overall only very few proteins had a relative abundance of more than 10% in one single slice and the total amount was often distributed across all 65 slices. One example was HupX which reached abundance of 1–3% in almost all 65 slices, but nowhere more than 5%. One exception was the RdhA CbdbA1618, which had clear maxima but was expressed at a very low absolute abundance (Table 2). More meaningful exceptions were the membrane integrated subunits HupS, OmeB and RdhB CbdbB3 which had local accumulations in the gel in the slices 1–9, 26–38, and 26–41 respectively. OmeB and RdhB CbdbB3 appeared to be co-localized suggesting strong interaction. HupS in contrast did clearly not interact with HupL as seen with extraction mode 1 and did not interact with the other two membrane subunits of the complex OmeB and RdhB but co-localized with RdhA CbdbA80. HupL had a high maximum of relative protein abundance in slice 41 at a size of ~100 kDa, which is not fitting to the predicted monomeric molecular mass of 58 kDa. In the blue native gel after extraction mode 2 we obtained only about half the total area counts across all proteins and slices than those obtained after extraction mode 1 (Table 2 and Supplemental Table 1). In contrast to this, more than twice as many proteins were detected in complexome analysis 2 compared to complexome analysis 1 (233 vs. 103). The extraction mode was aiming at enriching membrane proteins but also soluble proteins were present and enriched. Especially, many of the ribosomal proteins were detected with extraction mode 2 (33 identified ribosomal proteins in comparison to 2 ribosomal proteins detected under extraction modes 1 and 3) suggesting that ribosomes were enriching in the ultracentrifugation step. A similar effect was seen with the ATPase subunits of which five were detected after extraction mode 2 but only one after extraction mode 1 and three after extraction mode 3.
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FIGURE 3. Relative abundance of proteins associated with the OHR complex across the length of a blue native gel cut into 65 slices after membrane fraction DDM extraction (protein extraction mode 2). The color code is the same as used in Figure 1. Different RdhA proteins are shown with different line types.



Protein-Protein Interactions in the OHR Complex After Disrupted Cells DDM Extraction (Extraction Mode 3)

Extraction mode 3 was characterized by cell lysis via beat beating in the presence of detergent at room temperature (~20°C) (Kublik et al., 2016). Although some foam formed and a part of the proteins was expected to be lost with it, it is a very fast and direct procedure and the BN-PAGE analysis could be started 20 min after addition of the detergent. After BN-PAGE the gel was cut into 64 gel slices that were analyzed for their protein content by mass spectrometry. In total 116 proteins were identified. Among these 116 proteins again all OHR complex subunits were identified (Table 2). Out of the 32 encoded RdhA paralogs five were identified, CbdbA80, CbdbA84, CbdbA1588, CbdbA1618, and CbdbA1638. As with the two other extraction modes, only one out of the 32 encoded RdhB, CbdbB3, was identified. The OHR complex disintegrated to an intermediate degree into modules but the modules were intact. The relative protein abundance of the OHR complex subunits across the blue native gel lane showed organization in at least three modules (Figure 4). One such module consisted of the subunits OmeA/OmeB/HupX and had its maximum relative protein abundance in slice 20, corresponding to a size of ~540 kDa. Interestingly, a trace peak of HupL was also found in slice 20. A second smaller maximum for OmeA and HupX was found in slices 34 and 35, however, OmeB distribution was different in these slices. The second module formed by HupL and HupS showed very similar relative protein abundance distribution patterns over all slices for those two proteins. The maximum was found in slice 49 at a size of ~60 kDa. A smaller part of this module was also found together with the maximum of RdhA CbdbA80 and RdhB CbdbB3 in slice 40 at ~135 kDa. RdhA CbdbA80 and RdhB CbdbB3 showed the same maximum in slice 40 and also a similar overall distribution patterns thus forming a third module. As mentioned above, this module seemed to interact weakly with the HupL/HupS module. Although also other RdhA proteins were identified in slice 40 in minor amounts they had their maxima either at higher molecular mass (CbdbA1638 ~250 kDa, CbdbA84 and CbdbA1588 ~242 kDa) or for RdhA CbdbA1618 at a lower molecular mass of ~75 kDa. This showed separation of different RdhA along the blue native gel lane. A remarkable observation is the occurrence of secondary maxima of OmeB and RdhB CbdbB3 in slice 32 independent of OmeA and HupX to which OmeB is normally tightly bound. No other RdhB proteins than CbdbB3 were identified in the gel. Therefore, it is not possible to judge if co-localization of these RdhB proteins with their respective RdhA occurred.
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FIGURE 4. Relative abundance of proteins associated with the OHR complex across the length of a blue native gel cut into 64 slices after disrupted cell DDM extraction (protein extraction mode 3). The color code is the same as used in Figure 1. Different RdhA proteins are shown with different line types.



To test the reliability of our method we compared the distribution of OHR complex proteins across the gel lane with the distribution of each peptide detected of the specific protein because this distribution should be the same for each peptide. Indeed, this behavior was seen in all OHR complex proteins as exemplified in Figure 5 for the RdhA CbdbA80. However, this calculation also showed that the distribution patterns became much more stable and better resolved when more peptides in a protein were detected. In this way, the distribution of proteins with less identified peptides (for example RdhB CbdbB3) are expected to be less reliable than proteins with many identified peptides. Analyzing the peptide distribution for all OHR complex subunits it was observed that besides of the expected situation that all peptides share the maximum of relative peptide abundance with the maximum of relative protein abundance of their respective protein, also a distribution was observed that the relative peptide abundance was split into two or more maxima in slices next to each other (Supplemental Figures 1, 2). OHR subunits were peptides showed such a split of maxima for relative peptide abundance were OmeA, RdhA CbdbA84 (Supplemental Figure 1C), and RdhA CbdbA1588 (data not shown).
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FIGURE 5. Analysis of single peptide distributions across the blue native gel lane. Relative distribution of RdhA CbdbA80 across the gel lane (red dashed line) together with the distribution of all single detected peptides of RdhA CbdbA80 after protein extraction according to mode 3. The peptide maxima are all in slice 40.



Hierarchical Cluster Analyses

Hierarchical cluster analyses comparing distribution patterns of the different proteins across gel slices were calculated for all three extraction modes to quantitatively describe interactions between subunits (Figure 6 for proteins suspected to be within the OHR complex; Supplemental Figure 3 for all detected proteins). As suggested by the distribution graphs (Figures 2–4), the trees confirm that extraction mode 3 preserved the integrity of the three modules HupL/HupS, OmeA/OmeB/HupX, and RdhA/RdhB CbdbB3 and at the same time separated them from each other and from other protein complexes such as the ATPase complex (Figure 6C). HupL and HupS were clustering closely together and clearly formed a cluster distinct from other OHR complex proteins and other proteins (Supplemental Figure 3C). Also OmeA/OmeB/HupX formed a cluster of proteins with very similar slice distribution. It is worth noticing, that HupX followed even closer the gel distribution of OmeA than the membrane protein OmeB. Two further proteins were identified to cluster with the OmeA/OmeB/HupX module, which are annotated as a hypothetical periplasmic protein (CbdbA1106) and a K+-insensitive pyrophosphate energized proton pump HppA (CbdbA738) (Figure 6C). Similar to HupS and HupX, CbdbA1106 is predicted to be located on the outer side of the cytoplasmic membrane with the largest part of its 254 amino acid residues, anchored to the membrane by one single transmembrane helix at the N-terminus. In contrast, CbdbA738 is predicted to be a large 708 amino acids containing integral membrane protein with 15 transmembrane helices. Although the cluster analysis cannot differentiate between specific and unspecific interactions it gives evidence for a very similar distribution across the native gel as seen for the OmeA/OmeB/HupX module. In the cluster analysis of the complexome analysis RdhA proteins were separated from the main peaks of the other suspected OHR complex proteins. RdhA CbdbA80 clustered directly with CbdbB3, the RdhB protein associated with it in the genome. Also RdhA CbdbA84 and RdhA CbdbA1588 were very similarly distributed in the gel slices and formed a distinct subcluster in the cluster analysis, however, in the phylogenetic tree of RdhA proteins they are not particularly closely related to each other (Hug et al., 2013).
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FIGURE 6. Cluster analysis of the distribution profiles of proteins suspected to be part of the OHR complex across blue native gels after application of the three extraction modes. (A) Distribution on blue native gels after extraction mode 1; (B) after extraction mode 2; (C) after extraction mode 3. The cluster analysis places proteins with similar migration pattern together. Colors are used as elsewhere in this study. ATP synthase subunits (brown) are added as reference. Two other proteins having a similar distribution of relative protein abundance across the gel in extraction mode 3 as the OmeA/OmeB/HupX module are displayed in black. The full analyses are given in Supplemental Figure 3.



Extraction mode 2 in contrast led to almost complete disruption of all modules into their subunits (Figure 6B). This can best be seen at the ATPase subunits distributed across the tree. Even the otherwise tightly bound HupL/HupS module was disrupted. Interactions that can still be observed under these strongly dissociating conditions were the association of OmeA with HupX and the association of OmeB with RdhB CbdbB3, as tentatively observed in Figure 3. These two interactions seem to be the strongest in the OHR complex of strain CBDB1.

Extraction mode 1 (Figure 6A) more strongly conserved the integrity of the OHR complex than extraction mode 2 (almost complete disruption of the complex and modules) and 3 (disruption of the complex but preservation of module integrity). Therefore, interactions of modules can be monitored under extraction mode 1. The strong interactions between OmeA and HupX and between OmeB and RdhB are conserved. Also the HupL/HupS interaction is maintained indicating that this interaction is also strong even if less than the previously mentioned interactions. Also weaker interaction were preserved: between the hydrogenase module (HupL/HupS) and the RdhA proteins CbdbA1455, CbdbA1638, and/or CbdbA1454; and between CbdbA80 and CbdbB3.

The cluster analysis reveals the presence of further complexes within the proteome of strain CBDB1 (Supplemental Figure 3C). For example, the three subunits of the ATP synthase complex detected in complexome analysis 3, AtpA, AtpC and AtpF, corresponding to the alpha (F1 unit), epsilon (F1 unit) and b subunit (F0 unit), shared very similar distribution profiles of relative protein abundance across the gel slices. All three had their maximum relative abundance in slice14, corresponding to a molecular weight of about 780 kDa. In the cluster analysis AtpA and AtpF clustered closer together than each with AtpC. Another identified protein complex in the analysis of extraction mode 3 was the cytoplasmatic Vhu hydrogenase complex with its two subunits VhuA and VhuG closely clustering in their distribution profile. The same was found for CarA and CarB the small and large subunit of the carbamoyl-phosphate-synthase. From the riboflavin biosynthesis pathway RibE (riboflavin synthase)/RibH (6,7-dimethyl-8-ribityllumazine synthase) were identified which do not cluster together but share their maximum of relative protein abundance in slice 13. For PurQ/PurL the phosphoribosylformylglycinamide synthase I and II of the purine biosynthetic pathway (maximum in slice 36) of complexome analysis 3 the same observation was made. More proteins involved in the purine biosynthetic pathway were detected, PurA, PurD, PurE and PurH, but did not cluster together and also did not share the maximum in relative protein abundance indicating the absence of a larger protein complex. Furthermore, a module of the pyruvic-ferredoxin oxidoreductase was identified. The subunits PorA and PorB clustered together although they had their maxima in relative protein abundance in slice 32 and 33 of complexome analysis 3, respectively. The third subunit PorG had its maximum in relative protein abundance also in slice 32, but was in the cluster analysis slightly distant from the other two subunits. The last subunit PorD was not identified in this analysis. None of the 11 subunits of the predicted complex I (Nuo) was identified in the gel slices indicating it was at low abundance. Only two of the 53 encoded ribosomal subunits were identified in complexome analysis 3 RplA (L1) and RplL (L7/L12), both 50S ribosomal proteins, and they also were present in one cluster.

DISCUSSION

In this study we provide detailed information on a large protein complex in D. mccartyi strain CBDB1 able to catalyze a “stand-alone” respiration, dependent only on one protein assembly, not on quinoid electron mediators. To our knowledge, this is the only known example yet of such an autonomous respiration directly with physiological electron donors and electron acceptors within one protein complex. Although few other bacteria (acetogens) and archaea (methanogens) have been described to lack quinones (Schoepp-Cothenet et al., 2013), they still generate a proton or sodium gradient across the membrane by oxidizing and reducing mediating cofactors, such as ferredoxin or NADH, not the substrates directly. Therefore, it is important to study this OHR complex in more detail even if the applicable methods are strongly confined to those with very good sensitivity, excluding the majority of standard biochemical characterization procedures. We here explored successfully the potential of complexome analyses for the characterization of the OHR complex. By using different protein extraction modes, representing different solubilization strengths, we also obtained information about the dynamics of the protein interactions. In addition we acquired evidence for the presence of at least three modules in the complex and evidence on specific protein-protein interactions within the complex.

Complexome analyses can give a detailed description of cellular complexes (Wittig et al., 2006; Wittig and Schägger, 2009). In combination with high-resolution mass spectrometry a high protein identification depth can be reached allowing to trace many proteins in one single experiment. In our study, we applied only low amounts of proteins onto the native gels and obtained good resolution of protein clusters but no strong detection depth, meaning that we only detected the most abundant proteins. Indeed, in comparison to previous work, describing the full proteome of D. mccartyi strain CBDB1 (Schiffmann et al., 2014) the total number of detected proteins in the present study is low. However, we aimed at good resolution of protein subcomplexes in the gel and less on the identification depth because we focused on the composition of the abundant OHR complex and protein-protein interactions within this complex. We also obtained experimental evidence for this argumentation when we got much better spatial focusing of RdhA proteins when they were at low concentration than when they were at high concentration (CbdbA88, CbdbA1453, CbdbA1588 and CbdbA1638 with narrow focus vs. CbdbA80 and CbdbA84 with broader distribution Figure 2). In all three complexome analyses done in this study, all seven suspected OHR complex subunits were detected and especially in the complexome analysis 3 OHR modules were well separated from each other but still intact. In addition to the information on the complex composition these results again confirm the dominant role of the OHR complex in the physiology, biochemistry and evolution of Dehalococcoides species. Another reason impacting the total number of detected proteins in our analyses was the choice to optimize the instrument measurement time toward more precursor scans (MS1 scans) than done in previous studies (Schiffmann et al., 2014; Kublik et al., 2016) to obtain more precise label-free quantification results.

Complexome analysis data depend strongly on the protein extraction mode, as also exemplified by our data. With different detergent types, detergent concentrations, temperatures and incubation times different solubilization strengths can be applied resulting in different observable protein-protein interactions. Each of the three complexome analyses presented here is a snapshot of one particular solubilization degree. In our previous work we have evaluated different detergents (Kublik et al., 2016) but here we focused on DDM at a concentration of 1% and varied the incubation time and preparation sequence in the different extraction modes. Although we started with the largest amount of cells in complexome analysis 2 (using extraction mode 2 which included membrane preparation by ultracentrifugation) the resulting complexome data indicates that only a low amount of protein was applied to the gel, meaning that a large portion of protein was lost during the ultracentrifugation step. This is indicated by the total amount of area counts for all detected proteins together (1.9E + 10), which was only half of that found after extraction mode 1 (3.9E + 10) (Table 2) although 16 times more cells were used for the complexome analysis 2 (calculated to the applied volume onto the gel). Also the relative distribution of the proteins and modules on the gel showed that extraction mode 2 described for Desulfobacula toluolica (Wöhlbrand et al., 2016) was not conserving OHR complex integrity (Figure 3). All together this indicates that membrane isolation by ultracentrifugation is heavily biasing the results leading to massive loss of proteins. It is surprising that many ribosomal proteins were detected in the membrane preparations (extraction mode 2) indicating that ribosomes were enriched by this procedure. The extraction mode 2 however, was useful in observing tight interactions between integrated membrane proteins which seem also to be enriched with this mode. For the analysis of loosely attached peripheral membrane proteins the extraction modes 1 and 3 were better suited, especially because much less protein was lost. Still, in extraction mode 3 much more protein was lost than in mode 1 as seen by the total area counts after mass spectrometry (Table 2). This might be due to foam formation when cell lysis was done in the presence of detergent. However, complexome analysis 3 provided a precise separation of the OHR complex modules.

From the distribution of single peptide identifications all stemming from the same protein, confidence for the results could be drawn. Overall, the peptide distributions were very reliable and matched the protein distribution, indicating that false positive detections did not play a major role. Generally that also means that the obtained results were more stable for proteins with more peptide identifications than for those with few or only one peptide identification, most notably RdhB CbdbB3 and RdhA CbdbA1618. Exceptions, where not all peptides showed the exact same distributions were RdhA CbdbA84, RdhA CbdbA1588 and OmeA, where peptide relative abundance maxima split into two maxima in neighboring gel slices (Supplemental Figure 1). We cannot explain this observed behavior, but we speculate that interactions with other proteins partially prevented the tryptic digest in some slices and therefore changed the relative abundances.

One of the major challenges of this study was the solubilization and mass spectrometric detection of integral membrane proteins. The OHR complex is believed to contain two integral membrane proteins, OmeB (10 predicted transmembrane helices) and RdhB (three predicted transmembrane helices). Only three OmeB peptides and only one single peptide from the 32 RdhB proteins encoded in the genome were identified in all our mass spectrometric data together. The single peptide identified from RdhB CbdbB3 had the sequence FIQYLK and is located in the cytoplasmic loop of the protein, requiring two trypsin cuts on the cytoplasmic sides of two transmembrane helices. This is only possible if the loop is not interacting with other proteins. Accordingly, the detection of this peptide across the whole blue native lane supports that the RdhA is bound to the extracytoplasmic surface of RdhB as considered in our model (Figure 1). The peptide also allowed the tracing of interactions with its associated RdhA CbdbA80, but we were not able to monitor other RdhB proteins. These difficulties in detecting integral membrane proteins are often described and are due to problems in solubilization, trypsin cleavage and fragmentation. This is especially true for RdhB proteins which are very small proteins with only about 90 amino acids and have only few trypsin digestion sites of which some might be protected by protein-protein interactions. The detection of further RdhB proteins by mass spectrometry is a topic that needs to be addressed in the future.

With extraction mode 3 three different OHR complex modules were observed, mostly separated from each other. Each of the modules contained several single protein subunits which interacted more strongly with each other than the modules interacted with each other. The largest module consisted of OmeA, OmeB and HupX with a relative protein abundance maximum of about 540 kDa. HupX showed a much stronger interaction with OmeA than with the other two hydrogenase subunits HupL and HupS, although it is encoded in an operon with HupL/HupS. This result is in agreement with previous results showing co-localization of HupX with OmeA/OmeB in Dehalococcoides strains (Kublik et al., 2016; Hartwig et al., 2017) but we can here confirm this with better spatial resolution and also by a clustering calculation. However, this higher resolution also indicated that the calculated size of the module (181.6 kDa) is not fitting to the size where the relative protein abundance maximum was identified (~540 kDa). Consequently this module is either interacting with other proteins or polymerizes to a homotrimer. Potential further interaction partners of the OmeA/OmeB/HupX module where identified by cluster analysis (Figure 6C) where we found identical migration patterns for the hypothetical periplasmic protein CbdbA1106 and a K+ insensitive pyrophosphate energized proton pump CbdbA738/ HppA. Interestingly CbdbA1106 and HppA were identified also in previous analyses on BN-PAGE and SDS-PAGE of surface cross-linked samples of strain CBDB1, but not on 2D BN/SDS-PAGE (Kublik et al., 2016). Due to the similar predicted topology of CbdbA1106, HupS and HupX observed interactions could also be unspecific via interactions of the transmembrane helices. HppA is thought to utilize the energy from pyrophosphate hydrolysis to generate a proton motif force and it is predicted to have 15 transmembrane helices. Until now it is not known how protons are translocated across the membrane by the OHR complex. One hypothesis describes OmeB as potential proton pump with a glutamate residue in helix eight possibly involved in proton pumping (Zinder, 2016). Another possibility is that an additional protein such as HppA is interacting with the complex to generate the proton motif force needed for ATP synthesis.

The second module identified in extraction mode 3 consisted of the Hup subunits HupL and HupS with a maximum of relative protein abundance at a molecular weight of ~60 kDa. The calculated size of HupL and HupS together is 95 kDa and is therefore higher than indicated by BN-PAGE. However, this seems to be a typical migration behavior of smaller protein assemblies in BN-PAGE analyses and is influenced by detergents and Coomassie G-250 additive (Crichton et al., 2013). The separation of HupL/HupS from the other complex subunits in BN-PAGE analyses after solubilization was found previously (Kublik et al., 2016).

In contrast to previous approaches we could separate clearly different RdhA module versions by BN-PAGE. Whereas, complexome analysis 1 did not separate the two most abundant RdhA proteins CbdbdA80 and CbdbA84, they were well separated in complexome analysis 3. The reason, why CbdbA84 was at a much higher molecular mass than CbdbA80 is not clear. However, we know that CbdbA84 is an active reductive dehalogenase (Adrian et al., 2007b). A similar separation between two RdhA proteins can be seen with CbdbA1588 (together with CbdbA84 at 240 kDa) and CbdbA1638 (together with CbdbA80 at 140 kDa). Interestingly, the two single separated peaks of CbdbA1588 and CbdbA1638 can also be seen in complexome analysis 1, suggesting that the separation was only efficient for RdhA proteins at low concentration. Never, RdhA proteins were found at the monomeric mass of ~55 kDa. Taking the results from complexome analyses 1 and 3 together it appears that the Rdh module at 240 kDa was attached to the OmeA/OmeB/HupX module whereas the Rdh-module at 140 kDa was associated with the HupL/HupS module. A separation of RdhA proteins into bands between 130 and 300 kDa was seen before in 2D BN-PAGE/SDS-PAGE gels and was dependent on the detergent type concentration (Kublik et al., 2016). We here show that the complexes with different sizes contain a different complement of RdhA proteins. Only by observing this separation between RdhA proteins we could for the first time observe the co-migration of an RdhA protein with the RdhB protein located with it in the genome. This strongly suggests that indeed there is a specific interaction between an RdhA and an RdhB protein. It has to be investigated if this is transferrable to other RdhA/RdhB interactions.

Previously the main reductive dehalogenase activity in BN-PAGE gels was identified at a position of around 242 kDa with 1,2,3,4-tetrachlorobenzene as electron acceptor (Kublik et al., 2016). This correlates well with position of the RdhA CbdbA84 identified here in our complexome analysis 3. CbdbA84 has previously been described as chlorobenzene reductive dehalogenase (CbrA) (Adrian et al., 2007b).

Our results also clearly indicate module-module interactions that can be seen in the two module-conserving analyses 1 and 3. In analysis 3 the different modules were mostly separated from each other. However, minor peaks, where a small part of one module putatively interacted with another module, were located at different positions than the main peak. This can be observed in Figure 4 where the main part of the HupL/HupS module was located in slices 47–51, whereas a minor part interacted with the RdhA/RdhB module in slices 39–41. This is the same peak that was observed in complexome analysis 1 (Figure 2) in slice 20 as shown by the indicative presence of the single peak of the RdhA CbdbA1453. In this slice 20, however, almost all of the HupL/HupS module was present whereas only a minor fraction of the HupL/HupS module was migrating together without RdhA subunits to slice 24. This shows that the solubilization strength in complexome analysis 3 was higher than in complexome analysis 1 and that therefore in complexome analysis 1 still a major part of the HupL/HupS module was associated with the RdhA protein(s). A tiny but significant portion of the HupL/HupS module was also co-migrating with the OmeA/OmeB/HupX module in slice 20 of complexome analysis 3 (Figure 4). Another module-module interactions can be seen in complexome analysis 1 (Figure 2) between the OmeA/OmeB/HupX module and the RdhA/RdhB module in slice 18.

Taking the results of our current study together we might need to revise the hypothesis of a linear model for the OHR complex in which HupL/HupS, OmeA/OmeB/HupX and RdhA/RdhB are linearly organized (Kublik et al., 2016). Especially, because we here found evidence for the direct interaction of HupL/HupS with RdhA/RdhB without mediation by OmeA/OmeB/HupX in slice 40 of complexome analysis 3 (Figure 4) an in slice 20 of complexome analysis 1 (Figure 2). Hence, we now prefer a triangular model in which all three modules are interacting with each other. However, we still do not have evidence for the stoichiometry between the different modules in the complex and also we do not have information about the number of subunits in each of the three modules. It could be expected that such a stoichiometry can be inferred from the size estimation of the blue native gels using the applied marker, but we have realized that this size estimation is not precise and complexes often migrate different from what is expected. For example the HupL/HupS module always migrates at about 60 kDa although the two proteins together should already have 95 kDa. Also the OmeA/OmeB/HupX module together with a theoretical mass of 180 kDa was located in gel slices corresponding to a molecular weight of around 540 kDa. The RdhA-containing modules are always distributed within the range between 130 and 260 kDa and it would be very speculative to predict the subunit composition of the submodules. A more precise size estimation is necessary and therefore, the elucidation of the exact stoichiometry and organization of the complex needs to await further work.

In addition to information on the OHR complex we also obtained evidence for several other protein-protein interactions in strain CBDB1. However, the absence of any further highly expressed protein complexes is more surprising than the detection of expected interactions between subunits such as VhuA/VhuG or AtpA/AtpF/AtpC. Indeed most remarkable is the absence of indications for a complex I (Nuo) which is encoded in the genome with all necessary subunits with the exception of the NADH-input domain NuoEFG.
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Supplemental Figure 1. Analysis of single peptide distributions across the native gel lane together with the respective proteins. (A) HupL, (B) OmeA, (C) RdhA CbdbA84. Splitting of peak maxima was observed in OmeA and CbdbA84.

Supplemental Figure 2. Hierarchical cluster analysis of the distribution across a blue native gel for all peptides of the OHR complex after extraction mode 3. The analysis indicates that peptides originating from the same protein mostly cluster together confirming the stability of our analyses. The three peptides that are isolated on the top were detected only once in a single slice each, explaining their separation in the tree. The color code is the same as elsewhere in this study, with exception of RdhA proteins. RdhA proteins are colored as following: CbdbA80, red, CbdbA84, purple, CbdbA1588, black, CbdbA1618, dark red, and CbdbA1638, bright red.

Supplemental Figure 3. Cluster analysis of all detected proteins in the three complexome analyses. (A) after extraction mode 1; (B) extraction mode 2; (C) extraction mode 3. OHR-complex proteins and ATPase subunits are colorized as elsewhere in this study.

Supplemental Table 1. List of all detected proteins and their identified peptides. The list gives absolute numbers of area counts determined by label-free quantification. The numbers represent the sum of all area count values obtained from the gel slices. Also the number of peptides identified for each protein is listed.

Supplemental Table 2. Color code for the suspected OHR complex proteins used in this manuscript.

ABBREVIATIONS

DDM, N-dodecyl-ß-D-maltoside; BN-PAGE, blue native polyacrylamide gel electrophoresis; OHR, Organohalide respiration.
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Organohalide respiration (OHR) is the energy metabolism of anaerobic bacteria able to use halogenated organic compounds as terminal electron acceptors. While the terminal enzymes in OHR, so-called reductive dehalogenases, are well-characterized, the identity of proteins potentially involved in electron transfer to the terminal enzymes remains elusive. Among the accessory genes identified in OHR gene clusters, the C subunit (rdhC) could well code for the missing redox protein between the quinol pool and the reductive dehalogenase, although it was initially proposed to act as transcriptional regulator. RdhC sequences are characterized by the presence of multiple transmembrane segments, a flavin mononucleotide (FMN) binding motif and two conserved CX3CP motifs. Based on these features, we propose a curated selection of RdhC proteins identified in general sequence databases. Beside the Firmicutes from which RdhC sequences were initially identified, the identified sequences belong to three additional phyla, the Chloroflexi, the Proteobacteria, and the Bacteriodetes. The diversity of RdhC sequences mostly respects the phylogenetic distribution, suggesting that rdhC genes emerged relatively early in the evolution of the OHR metabolism. PceC, the C subunit of the tetrachloroethene (PCE) reductive dehalogenase is encoded by the conserved pceABCT gene cluster identified in Dehalobacter restrictus PER-K23 and in several strains of Desulfitobacterium hafniense. Surfaceome analysis of D. restrictus cells confirmed the predicted topology of the FMN-binding domain (FBD) of PceC that is the exocytoplasmic face of the membrane. Starting from inclusion bodies of a recombinant FBD protein, strategies for successful assembly of the FMN cofactor and refolding were achieved with the use of the flavin-trafficking protein from D. hafniense TCE1. Mass spectrometry analysis and site-directed mutagenesis of rFBD revealed that threonine-168 of PceC is binding FMN covalently. Our results suggest that PceC, and more generally RdhC proteins, may play a role in electron transfer in the metabolism of OHR.

Keywords: organohalide respiration, PceC, RdhC, flavoproteins, flavin mononucleotide (FMN), protein reconstitution, flavin-trafficking proteins (Ftp), flavin transferase

INTRODUCTION

Organohalide respiration (OHR) is a respiratory metabolism that uses halogenated compounds as terminal electron acceptors, and allows an increasing number of anaerobic bacteria to conserve energy (Adrian and Löffler, 2016). While there is an extensive body of information on the reductive dehalogenases (RdhA, RDases), the key enzymes involved in the catalytic reduction of organohalides (for a review, see Jugder et al., 2016a), relatively little is known about the electron transport in OHR, and specifically about the redox proteins involved in donating electrons to RDases. Nevertheless, models of electron transport have been recently proposed (Goris et al., 2015b; Kublik et al., 2016; Maillard and Holliger, 2016; Fincker and Spormann, 2017), indicating that, depending on their phylogeny, organohalide-respiring bacteria (OHRB) must have developed various strategies to deliver electrons to the corrinoid cofactor of RDases at sufficiently low redox potential. Indeed, the CoII/CoI midpoint reduction potential for the corrinoid in the tetrachloroethene RDase (PceA) of Dehalobacter restrictus and in the chlorophenol RDase (CprA) of Desulfitobacterium dehalogenans have been measured at -350 and -370 mV, respectively (Schumacher et al., 1997; van de Pas et al., 1999). While menaquinones are involved in electron transfer to RDases in D. restrictus (Schumacher and Holliger, 1996), Desulfitobacterium dehalogenans (Kruse et al., 2015) and Sulfurospirillum multivorans (Miller et al., 1996), OHRB belonging to the Chloroflexi (Dehalococcoides and Dehalogenimonas) do not use quinones, suggesting that different pathways are used for conserving energy via OHR (Fincker and Spormann, 2017). In the quinone-dependent electron transfer to RDases, one question remains largely unresolved, that is the generation of low redox potential electrons from the quinol/quinone redox couple (with a well-accepted E0’ value of -74 mV, Thauer et al., 1977). Possible mechanisms to solve this have been proposed, such as reverse electron flow in the case of S. multivorans (Miller et al., 1996) or electron bifurcation (Buckel and Thauer, 2013). Redox proteins involved in the electron transfer between the quinol pool and the RDases remains largely unexplored and their identification will shed light on the possible mechanisms of electron transfer in OHR.

Besides rdhA and rdhB which code for the RDase enzyme and its predicted membrane anchor, respectively, one particular gene, rdhC, was found in rdh gene clusters of several OHRB belonging to diverse phylogenetic groups. The RdhC homologs CprC, VcrC, PceC, and TmrC have been successively identified in D. dehalogenans (Smidt et al., 2000), Dehalococcoides mccartyi (Müller et al., 2004), D. restrictus (Maillard et al., 2005), and Dehalobacter sp. UNSWDHB (Jugder et al., 2016b; Wong et al., 2016), respectively. Analysis of the sequence of CprC has revealed a significant homology to proteins belonging to the NosR/NirI transcriptional regulators (Cuypers et al., 1992), suggesting that it may play a role in the regulation of the cpr gene cluster. Transcription analysis have shown that under OHR conditions cprC was transcribed with cprD and occasionally also as a cprBACD polycistronic RNA (Smidt et al., 2000), indicative for a function in the OHR metabolism. PceC is encoded in the conserved pceABCT gene cluster responsible for the tetrachloroethene (PCE) reductive dehalogenase activity in D. restrictus, but also in the genomes of Desulfitobacterium hafniense strain TCE1 (Maillard et al., 2005), strain Y51 (Futagami et al., 2006) and strain PCE-S (Goris et al., 2015a), as well as of less characterized OHRB (Duret et al., 2012). After the initial annotation, the role of NosR in the nitrous oxide reduction pathway was reconsidered and studies have demonstrated that it is likely playing a role in the activation of the nitrous oxide reductase (NosZ), as well as in electron transfer toward NosZ (Wunsch and Zumft, 2005; Zumft, 2005; Borrero-de Acuna et al., 2017).

PceC, and more generally RdhC proteins, are predicted to be integral membrane proteins with six transmembrane α-helices, a peripheral domain and two conserved CX3CP motifs. The peripheral domain harbors a conserved sequence motif for covalent binding of the flavin mononucleotide (FMN) cofactor that is also found in NosR and in two well-characterized flavoproteins, the C subunit of the Na+-translocating NADH-quinone reductase (NqrC) (Casutt et al., 2012; Vohl et al., 2014; Borshchevskiy et al., 2015) and in the G subunit of the Rhodobacter nitrogen fixation (RnfG) complex (Backiel et al., 2008; Suharti et al., 2014). Both NqrC and RnfG flavoproteins are part of large membrane-bound protein complexes involved in electron transfer and energy metabolism.

The sequence homology of PceC with NosR and other flavoproteins involved in electron transfer invited us to reconsider its function in the OHR metabolism. In this study, we present a curated selection of RdhC homologous sequences found in protein databases based on conserved sequence features. Then, the predicted membrane topology of PceC was validated with a targeted surfaceome analysis of D. restrictus cells. Last, we present the results of an experimental strategy developed for the heterologous production and successful reconstitution of the recombinant FMN-binding domain (rFBD) of PceC.

MATERIALS AND METHODS

Bacterial Strains and Cultivation

Dehalobacter restrictus PER-K23 and D. hafniense TCE1 were purchased at DSMZ culture collection (Braunschweig, Germany), while Escherichia coli strains DH5α and BL21(λDE3) were obtained from Novagen (Merck Millipore, Schaffhausen, Switzerland). A list of main bacterial features is given in Table 1.

TABLE 1. Bacterial strains used in this study.
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Dehalobacter restrictus PER-K23 and D. hafniense TCE1 were cultivated anaerobically with hydrogen and tetrachloroethene (PCE) as electron donor and acceptor, respectively, as previously described (Prat et al., 2011; Comensoli et al., 2017).

Escherichia coli strains were routinely cultivated in Luria-Bertani liquid and solid media. For large-scale production of rFBD protein, E. coli BL21(λDE3) harboring the pFBD plasmid was cultivated in ZYM-5052 medium following the protocol established by Studier (2014). Antibiotics were supplemented depending on the plasmid, as indicated in Table 2.

TABLE 2. Plasmids used in this study.
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Plasmid Construction

Polymerase Chain Reaction (PCR)

Standard PCR reaction mixtures for cloning consisted of a 50-μL reaction containing 5 μL Pfu DNA polymerase 10× buffer (Promega, Dübendorf, Switzerland), 75 μM dNTPs, 0.5 μM each primer and 0.5 μL of Pfu DNA polymerase. The DNA was amplified in T3 Biometra thermocycler (LabGene, Châtel-Saint-Denis, Switzerland) with the following steps: 2 min initial denaturation at 95°C, 30 cycles of 1 min denaturation at 95°C, 1 min of primer annealing at 52°C, 1 min of elongation at 72°C, and 10 min of final extension at 72°C.

Polymerase chain reaction reactions for site-directed mutagenesis consisted of 5 μL Pfu Turbo polymerase 10× buffer (Agilent Technologies, Morges, Switzerland), 12.5 μM each primer, 75 μM dNTPs, 50 ng of plasmid, 1 μL Pfu Turbo polymerase. The program used was the following: 30 s initial denaturation at 95°C, 30 cycles of 30 s denaturation at 95°C, 60 s of primer annealing at 55°C, 10 min of elongation at 68°C, and a final 7 min extension step at 68°C.

Polymerase chain reaction products for cloning were cleaned using the QIAquick PCR Purification kit (Qiagen AG, Hombrechtikon, Switzerland), following manufacturer’s instructions. PCR products and other DNA samples were quantified with the NanoDrop 1000 apparatus (Life Technologies Europe B.V., Zug, Switzerland).

Cloning

A list of the plasmids and oligonucleotides used in this study is given in Tables 2, 3, respectively.

TABLE 3. Oligonucleotides used in this study.
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The coding sequence for the FMN-binding domain (FBD) of PceC was amplified by PCR using genomic DNA from D. hafniense TCE1 and the primers FBD-24-F/R. The PCR product and the vector pET24d were digested with NcoI and XhoI in a 40-μL reaction mixture containing 4 μL of buffer D, 0.4 μL of BSA, 1 μL of each enzyme (all components from Promega) which was incubated at 37°C for 2 h. The digested vector was then incubated 15 min after addition of 1 μL of thermosensitive alkaline phosphatase (Promega). Both digested PCR product and vector were purified with the QIAquick PCR Purification kit (Qiagen) and eluted in 30 μL of ddH2O. After DNA quantification, the ligation reaction was set-up as follows: a 10-μL reaction consisted of 1 μL of T4 DNA ligase (Roche, Sigma-Aldrich, Buchs, Switzerland), 1 μL of 10 mM ATP, insert and vector DNA in 3:1 molar ratio and 1 μL of T4 DNA ligase (Roche). The reaction was incubated for 2 h at room temperature. Five μL of the ligation reaction was directly transformed by heat-shock into 50 μL of RbCl-competent E. coli DH5α cells, following standard protocol (Sambrook et al., 1989). Positive transformants were selected by colony PCR using primers pET24d-F2/R2. Plasmids were recovered from overnight 10-mL E. coli cultures using QIAprep Spin Miniprep kit (Qiagen) and sequenced for verification as described previously (Duret et al., 2012). The resulting plasmid was named pFBD and used for the production of the C-terminal His6-tagged rFBD protein.

Cloning of the coding sequence for Ftp1 and Ftp2 was done with the same procedure by using primers FTP1-F/R and FTP2-F/R, respectively, the vector pETDuet-1 and the restriction enzymes NdeI and XhoI. Sequence verification of the plasmids was done by colony PCR with the primers Duet-MCS2-F/R. The resulting plasmids were named pFTP1 and pFTP2, respectively and used for the production of rFtp1 and rFtp2 proteins with C-terminal S∙tagTM.

Site-Directed Mutagenesis

The T168V variant of rFBD was obtained by applying the QuikChange site-directed mutagenesis protocol established by Stratagene with the plasmid pFBD and the primers FBD-T168V-F/R. The resulting PCR product was digested for 1 h at 37°C with 1 μL of DpnI (Promega), prior to transformation into E. coli DH5α as described above. The mutation was verified by sequencing.

Sequence Analysis

The following software were used to analyze and compare the sequences of RdhC proteins: ClustalX2.0 for sequence alignment (Larkin et al., 2007); iTOL for drawing sequence likelihood trees (Letunic and Bork, 2016); Weblogo for sequence motifs (Crooks et al., 2004); CCTOP for topology prediction (Dobson et al., 2015) and TOPO2 for graphic representation of the topology (developed by S. J. Johns1).

The procedure for the identification and selection of RdhC homologous sequences from protein databases is presented in section “Sequence Analysis of RdhC Proteins” of the Supplementary Material.

Surfaceome Analysis

Biomass Collection and Sample Preparation

For surfaceome analysis, the biomass from a 200-mL culture of D. restrictus PER-K23 was harvested by centrifugation when approximately 70% of PCE was consumed. The biomass was collected by 30 min centrifugation at 1000 × g and 4°C. After carefully decanting the supernatant, the biomass pellet was resuspended in 10 mL ice-cold wash buffer (20 mM Tris-HCl, pH 7.5, 150 mM NaCl) by stirring gently the tube to avoid cell lysis. The biomass was collected by 15 min centrifugation as before and washed twice more. The pellet was then resuspended in 4 mL of digestion buffer (wash buffer supplemented with 0.1 M arabinose and 10 mM CaCl2). Prior to adding the trypsin (10 μL of trypsin (Gold-Mass spec grade, Promega at 1 mg/mL in digestion buffer), the biomass suspension was split into two samples in 15-mL Falcon tubes. The trypsin was added to one of the samples (‘shaved’ sample), while the other one served as negative control. Both tubes were incubated for 15 min at 37°C by stirring at 120 rpm, then placed on ice for 5 min and centrifuged for 10 min at 1000 × g and 4°C. The supernatant was collected, filtered at 0.22 μm and flash-frozen in liquid nitrogen. In order to produce a membrane reference sample, the pellet from the control sample was resuspended in 2 mL of wash buffer and the biomass was lyzed by sonication with 10 cycles of 10× 1 s pulses at 60% amplitude on Sonic Dismembrator FB120 (Fisher Scientific, Reinach, Switzerland). After 5 min centrifugation as above, unbroken cells were discarded and the membranes were obtained from the supernatant by ultracentrifugation for 20 min at 100,000 × g and 4°C. The resulting pellet (membrane fraction) was resuspended in 2 mL of wash buffer, flash-frozen in liquid nitrogen. All samples were stored at -80°C until further analysis.

In-Solution Digestion

‘Shaved’ and ‘control’ samples were reconstituted in 4 M Urea, 10% acetonitrile and buffered with Tris-HCl pH 8.5 to a final concentration of 30 mM. Proteins were reduced, alkylated, and digested using trypsin as previously described (Dalla Vecchia et al., 2014). Total membrane lysate was heated 10 min at 80°C in Rapigest SF surfactant 0.2% and sonicated 5 min in order to increase the solubility of hydrophobic proteins. Proteins were buffered with Tris-HCl pH 8.5 to a final concentration of 30 mM and reduced using 10 mM dithioerythritol (DTE) at 37°C for 60 min. Proteins were incubated in 40 mM iodoacetamide at 37°C for 45 min in the dark and the reaction was further quenched by the addition of DTE to a final concentration of 10 mM. Protein lysate was first diluted threefold using ammonium bicarbonate at 50 mM and samples were digested overnight at 37°C using 1 μg of mass spectrometry grade trypsin gold and 10 mM CaCl2. Rapigest was cleaved by the addition of trifluoroacetic acid 10% (final pH < 2) and incubated 45 min at 37°C. Peptides from the shaving experiment and the total membrane lysate were desalted in StageTips using 6 disks from an Empore C18 (3 M) filter based on the standard protocol (Rappsilber et al., 2007). Purified samples were dried down by vacuum centrifugation and stored at -20°C.

Mass Spectrometry and Data Analysis

Samples were resuspended in 2% acetonitrile containing 0.1% formic acid for LC–MS/MS injections. Reverse phase separation were performed on a Dionex Ultimate 3000 RSLC nano UPLC system connected online with an Orbitrap Lumos Fusion Mass-Spectrometer. To ensure a robust detection of Dehre_2396 peptides (PceC), an inclusion list corresponding to the expected peptides was established using Skyline 3.1.0.7312 and was further included in the data acquisition method. Raw data was processed using MS-Amanda (Dorfer et al., 2014) and SEQUEST in Proteome Discoverer v.1.4 against the proteome of D. restrictus PER-K23. Spectra were searched with a fragment ion mass tolerance of 0.050 Da and a parent ion tolerance of 10.0 PPM. Carbamidomethylation of cysteine residues was specified as a fixed modification. Glutamine to pyro-glutamate of N-termini, oxidation of methionine residues, phosphorylation of serine, threonine, and tyrosine residues and FMN covalently bound to threonine residues were specified as variable modifications. Data was further processed by X!tandem, inspected in Scaffold 4 and spectra of interest were manually validated.

Heterologous Protein Production and Purification

Production and Purification of Recombinant FMN-Binding Domain of PceC (rFBD)

An overnight pre-culture (37°C and 180 rpm) of E. coli BL21(λDE3) harboring the pFBD plasmid was done in 50 mL LB medium. Starting from here, two different batches of rFBD production were performed as follows. For the first batch (P1), 2 L of LB medium were inoculated with 20 mL of pre-culture (1:100 dilution) and cultivated until the optical density (OD600 nm) reached approximately 1.0. IPTG was added at 0.1 mM (final concentration) to induce the protein production and the culture was further incubated for 2 h in the same conditions. OD600 nm reached a value of 2.5 and 6 g of (wet weight) biomass was collected. For the second batch (P2), 2 L of ZYM-5052 (auto-induction) medium were inoculated with 2 mL of pre-culture (1:1000 dilution) and cultivated for 16 h at 20°C and 250 rpm. Cell density reached a value of 10 and 20 g of biomass was collected.

Purification of rFBD inclusion bodies from the collected biomass was applied as follows. The biomass pellet was resuspended in lysis buffer [50 mM Tris-HCl, pH 7.5, 100 mM NaCl, SigmaFast protease inhibitors (Sigma-Aldrich), a few DNase crystals (Roche)] at 10 mL per g of biomass. After three cycles of French press (1000 PSI), the lysate was centrifuged 5 min at 500 × g ant 4°C and unbroken cells were removed. The supernatant was centrifuged 15 min at 12,000 × g and 4°C. The resulting pellet was rinsed in wash buffer [50 mM Tris-HCl, pH 7.5, 100 mM NaCl, 1 mM EDTA, 1% (w/v) Triton X-100 and 1 M urea], and inclusion bodies were resuspended in solubilization buffer (50 mM Tris-HCl, pH 7.5, 100 mM NaCl, supplemented with 4–8 M urea, depending on the experiments) at 10 mL/g. After one freeze-thaw cycle at -20°C, the suspension was centrifuged at 12,000 × g as above and the supernatant containing solubilized rFBD protein was collected.

Production of Recombinant Flavin-Trafficking Proteins (rFtp)

Recombinant rFtp1 and rFtp2 proteins were produced in E. coli BL21(λDE3) similarly as rFBD with the following changes. Starting from an overnight pre-culture, 1 L of each culture was performed as above, but induction was achieved by 3 h incubation at 30°C. Each culture reached an OD600 nm value of 2.9, corresponding to 3.4 and 3.6 g of biomass, respectively. After cell lysis and fractionation as presented above, soluble cell-free extracts were obtained and used for reconstitution experiments.

Protein concentration was estimated with the Pierce BCA assay (Thermo Fisher Scientific, Lausanne, Switzerland) following the manufacturer’s instructions. Calibration curve was done with BSA in the same buffer conditions as the analyzed samples.

Reconstitution of rFBD Proteins

Reconstitution by Reverse Urea Gradient

One sample of urea-denatured rFBD protein (obtained from 1 g of biomass sample P1, see above) was loaded on a 1-mL His-Trap Ni-NTA affinity column connected to ÄKTAprime plusTM system (GE Healthcare, Glattbrugg, Switzerland) in buffer A (50 mM Tris-HCl, pH 7.5, 150 mM NaCl, 25 mM imidazole, 1 mM dithiothreitol) supplemented with 4 M urea (buffer A+). After extensive removal of unbound proteins with buffer A+, the column was disconnected from the system and a 10-step reverse urea gradient was manually applied by injecting one column volume (CV) of buffers with decreasing concentration of urea (see Supplementary Table 1 for details). Then, the column was further rinsed with 15 CV of buffer A before rFBD protein was eluted by injection of 10 successive CV of buffer B (buffer A supplemented with 0.6 M imidazole). Ten μL aliquots were run on SDS-PAGE following standard protocol (Sambrook et al., 1989), then FMN-containing proteins were detected under UV illumination. Last, the gel was stained with Coomassie Blue [0.1% (w/v) Coomassie Blue R250 in 10% (v/v) acetic acid and 40% (v/v) ethanol].

Reconstitution by Stepwise Dialysis

Inclusion bodies were purified from 5 g of E. coli producing rFBD (biomass sample P2, see above) and resuspended in solubilization buffer containing 8 M urea. After 15 min centrifugation at 4500 × g and 4°C, the solubilized and urea-denatured rFBD sample (20 mL) was filtered at 0.45 μm and transferred to a dialysis tube (Spectra/Por with 6-8000 MWCO, Spectrum Labs, Breda, Netherlands) in 2 L dialysis buffer (50 mM Tris-HCl, pH 7.5, 150 mM NaCl, 1 mM dithiothreitol) supplemented with 4 M urea. Dialysis was performed for 2 h at room temperature. The sample was collected from the tube, supplemented with 1.4 mg of rFtp1-containing protein extract, 5 mM MgSO4 and 1 mM FAD, incubated for 20 min at room temperature, and transferred to a fresh dialysis tube. Dialysis was done as before in a buffer containing 2 M urea. The sample was collected, supplemented with rFtp1, then incubated for 20 min and dialysed as before in a buffer lacking urea. Last, the sample was dialysed overnight in fresh buffer to remove residual urea and excess of FAD. A volume of 25 mL of soluble rFBD protein was recovered in the supernatant after 20 min of centrifugation at 15,500 × g and 4°C and its concentration estimated at 1.9 mg/mL. Aliquots of each step were analyzed by SDS-PAGE as described above.

Mass Spectrometry Analyses of rFBD Proteins

The methods used for mass spectrometry analysis of rFBD protein are presented in Section “Mass Spectrometry Analyses of the Reconstituted rFBD Protein” of the Supplementary Material.

RESULTS

Sequence Analysis of PceC

The alignment of the four reported RdhC sequences reveals important conserved features (Figure 1). Topology and conserved domain predictions suggest the presence of six transmembrane α-helices and a peripheral FBD (FMN-bind, smart00900) located on the outside of the cytoplasmic membrane between helix 1 and 2. The FBD of RdhC sequences shows similarity to NqrC, a subunit of the NADH:quinone oxidoreductase. NqrC has been reported to bind FMN covalently (Nakayama et al., 2000; Borshchevskiy et al., 2015).
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FIGURE 1. Sequence alignment of four typical members of the RdhC enzyme family: PceC (CAG70347.1) of Dehalobacter restrictus (Dre); CprC (AAD44543.2) of Desulfitobacterium dehalogenans (Dde); VcrC (ACZ62389.1) of Dehalococcoides mccartyi strain VS (DmcVS); TmrC (WP_021315090.1) of Dehalobacter sp. strain UNSWDHB (Dhb). The predicted topology is indicated under the alignment: O, outside; I, inside; H, transmembrane α-helices. The bold line above the alignment indicates the predicted FMN-binding domain (FBD, smart00900) with the conserved threonine residue predicted to bind FMN covalently (indicated by the asterisk).



Additional sequence homology and protein domain architecture analysis revealed some similarity between PceC and the functionally characterized membrane-bound proteins NosR and NapH (Supplementary Figure 1). PceC displays most features of NosR (Wunsch and Zumft, 2005) but harbors a shorter extra-cytoplasmic loop and lacks Fe–S clusters at the C-terminal end. The C-terminal end of PceC also shows similarities to the domain architecture of the nitrate reductase membrane-bound subunit NapH, which together with NapG is playing a role in transferring electrons from menaquinones to NapA (Kern and Simon, 2008).

Diversity of RdhC Sequences and Definition of the RdhC Protein Family

Looking at the diversity of RdhC sequences in databases, a first selection of 433 sequences was obtained by sequence homology analysis (see section “Sequence Analysis of RdhC Proteins” of the Supplementary Material for a detail description of the selection procedure). Sequence alignment and clustering with 95% identity has reduced the number to 236 unique clusters. From this selection, only those coming from genomes harboring at least one rdhA gene were considered. This new selection delivered 117 RdhC clusters comprising a total of 199 unique sequences, each cluster displaying between 1 and 9 unique sequences (see Supplementary Table 2). Sequence likelihood analysis of RdhC clusters is displayed in Figure 2. A total of 71 RdhC clusters covering 135 unique sequences come from known OHRB. Among them, with the exception of PceC which is found in both Dehalobacter and Desulfitobacterium, each RdhC cluster is exclusively found in one specific genus. Dehalobacter displays the highest number of clusters (28 clusters with 42 unique sequences), while 20 clusters (30 sequences) are found in Desulfitobacterium. Dehalococcoides, and Dehalogenimonas, the Chloroflexi members of OHRB, display 12 and 9 clusters, respectively, comprising 45 and 10 unique sequences (Supplementary Table 2). Three additional RdhC clusters were found in newly identified OHRB: Geobacter lovleyi, Shewanella sediminis, and Desulfoluna spongiiphila. The remaining 43 clusters (88 unique sequences) belong to bacteria that have not been recognized as OHRB yet, suggesting that the reservoir for new OHRB remains largely unexplored. Among them, three bacterial genera harbor 25 clusters with 37 unique sequences (16 sequences for the genus Vibrio, 11 for Photobacterium, and 10 for Ferrimonas) making them interesting candidates to expend the phylogeny of OHRB. All three genera belong to marine Gammaproteobacteria, suggesting that, while OHRB were mostly isolated from sediments of contaminated sites, marine environments represent an important ecological niche for OHRB.
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FIGURE 2. Sequence likelihood analysis of 117 representative RdhC proteins. Sequences are annotated with an abbreviation of the corresponding species followed by the reference number. The sequence annotated in bold red is PceC from Desulfitobacterium hafniense, the representative sequence for the protein under investigation in this study. Colors indicate sequences belonging to well-described OHR bacterial genera: red, Dehalobacter and Desulfitobacterium; green, Dehalococcoides and Dehalogenimonas; blue, additional OHRB. Detailed information on the overall database used is available in Supplementary Material (Supplementary Table 2).



The alignment of the 117 unique sequences revealed three well-conserved sequence motifs, which are defining the RdhC family (Figure 3). In the FMN-binding motif (Figure 3A), the hydroxyl side chain of the fully conserved threonine is predicted to covalently bind the cofactor in a phosphoester-threonyl-FMN bond (Backiel et al., 2008). A consensus for the FMN-binding motif in RdhC sequences is proposed here as [S/T]G[A/S]TX[S/T], similarly to the motif proposed earlier (Deka et al., 2015). The two other conserved motifs are of the type CX3CP, for which, however, no function has been yet assigned (Figures 3B,C).
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FIGURE 3. Conserved sequence motifs in RdhC family. Based on the alignment of the 117 RdhC non-redundant representative sequences, motifs were drawn using Weblogo: (A) the FMN-binding motif, with the fully conserved threonine involved in binding FMN covalently; (B,C) the two CX3P signatures. Residue numbering follows the alignment.



Experimental Validation of PceC Topology and FMN-Binding

The FBD of PceC was predicted to face the outside of the cytoplasmic membrane. In order to validate the prediction, a peptide shaving experiment was done with whole cells of D. restrictus (Figure 4). Proteomic analysis of the cell surface (so-called surfaceome) clearly showed that six peptides of the FBD were detected, while none of the peptides predicted to be located in the cytoplasmic loops were identified. In contrast, three of the cytoplasmic-oriented peptides were detected in the control membrane sample. This unambiguously demonstrates that the FMN-binding peripheral domain of PceC is exposed to the exocytoplasmic side of the membrane.
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FIGURE 4. Topology analysis of D. restrictus PceC from shaving experiment. (A) The predicted topology of PceC is shown. In red are indicated the peptides detected at the surface of D. restrictus cells, while in purple the ones exclusively detected in the membrane sample. (B) Graphical view of the number of detected peptides in the membrane sample (in gray) and in the surfaceome (in black).



The presence of a covalently-bound FMN in PceC was investigated using a crude membrane fraction from a culture of D. restrictus PER-K23. In-solution digested proteins were further analyzed by LC–MS/MS. Multiple detections of the peptide containing the expected modified threonine were achieved (Figure 5). The high quality of the spectra allowed a clear detection of FMN+H and its expected fragments as described previously (Guyon et al., 2008). All these evidences confirmed the presence of the FMN at position T168 of PceC.
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FIGURE 5. Representative MS/MS spectrum confirming the FMN localization at position T168 of PceC. Diagnostic ions corresponding to the FMN+H and its fragments are highlighted in yellow allowing unambiguous identification of the post-translational modification.



Heterologous Production of the FMN-Binding Domain of PceC (rFBD)

The highly hydrophobic nature of PceC prevents its production in a soluble form. Therefore, it was decided to produce the peripheral FBD of PceC in E. coli. From sequence prediction analysis, the FBD of PceC from D. hafniense TCE1 was defined as the region between residues 41 and 200 (Supplementary Figure 2). The corresponding DNA sequence was cloned in fusion with a C-terminal His6-tag giving the plasmid pFBD (see Table 2). Early attempts revealed that the rFBD was prone to strong protein aggregation in E. coli (Supplementary Figure 3A), suggesting that denaturation and refolding are necessary to produce rFBD in a soluble form. Addition of flavins during protein production did not produce any soluble rFBD either (Supplementary Figure 3B). Using a strategy of auto-induction (Studier, 2014), large amount of rFBD was produced in form of inclusion bodies in E. coli (Supplementary Figure 3C). Inclusion bodies were easily recovered by fractionation of the lysed E. coli biomass and efficiently solubilized in buffer containing 4–8 M urea. Refolding attempts using various strategies such as reverse urea gradient using affinity chromatography or dialysis with decreasing concentration of urea were unsuccessful (data not shown). Recent literature on flavoproteins which display covalently-bound FMN (Bertsova et al., 2013; Deka et al., 2016; Zhang et al., 2017) have suggested that these proteins required a helper protein for efficient assembly of the FMN cofactor and successful folding.

Identification and Production of Flavin-Trafficking Proteins (Ftp) From D. hafniense TCE1

Flavin-trafficking proteins [Ftp, previously named ApbE (Deka et al., 2015)] are FAD-binding proteins, from which two classes have been defined. One of them shows FAD hydrolysing activity and is able to deliver FMN to flavoproteins (Deka et al., 2016). Two Ftp encoding genes were identified in the genome of D. hafniense TCE1 with locus number DeshaDRAFT_4346 and _43512. Both genes are located in a multi-gene cluster with no clear function. One gene of this cluster is coding for a predicted FMN-binding lipoprotein (DeshaDRAFT_4350), suggesting that the Ftp proteins are primarily involved in the maturation of this protein (Supplementary Figure 4A). Sequence analysis of both Ftp proteins revealed the presence of a clear lipoprotein signal peptide similarly to Ftp of Treponema pallidum which was proposed to be anchored in the cytoplasmic membrane facing the periplasmic side of the cell (Deka et al., 2013). Conserved residues suggest that both Ftp of D. hafniense belong to the Mg2+-dependent hydrolysing class (Supplementary Figure 4B) and are thus likely to be involved in the maturation of flavoproteins.

Initially, both ftp genes of D. hafniense TCE1 were cloned for heterologous expression in E. coli. In order to avoid protein aggregation, the coding sequence for the predicted lipid anchor of Ftp was omitted, as shown for Ftp1 (Supplementary Figure 5). Both recombinant Ftp (rFtp1, rFtp2) were successfully produced in a soluble form (Supplementary Figure 6). Soluble protein extracts of E. coli cells producing rFtp1 was further used to reconstitute rFBD protein.

Reconstitution of rFBD Proteins

The rFBD protein was obtained from purified inclusion bodies, denatured with urea as presented above, and subjected to different reconstitution strategies with the help of rFtp1. Initially, a simple dilution experiment was performed with both rFtp1 and rFtp2 extracts (see detail description of the method in Section “Reconstitution by Dilution” of the Supplementary Material). UV illuminated gels showed a fluorescent signal at the expected size of rFBD, however very weak (data not shown). Therefore, two other reconstitution strategies were applied using rFtp1 where care was taken to remove urea more extensively.

Reconstitution by Reverse Urea Gradient on Ni-NTA Column

Urea-denatured rFBD protein (corresponding to 1 g of P1 biomass) was reconstituted on column by gradually removing urea in presence of FAD and rFtp1 cell extract. Samples collected during this experiment were analyzed by SDS-PAGE, Coomassie blue staining and UV illumination (Figure 6A). While most of the denatured rFBD protein was bound to the column, the elution pattern after reconstitution suggested that only a relatively small portion of it could be recovered (mostly in sample E1 with 0.22 mg protein). However, the protein in this sample was fully soluble (data not shown) and emitted a strong fluorescent signal, indicative for a successful assembly of the FMN cofactor. Some residual protein remained attached to the column (sample U in Figure 6A), which also prevented the recovery of significant amount of soluble and reconstituted rFBD protein.
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FIGURE 6. Reconstitution strategies for rFBD. (A) Reconstitution of rFBD by reverse urea gradient on Ni-NTA column. For the reconstitution steps, only the first (R1) and the last sample (R10) are shown. Legend: L, protein ladder; R#, 10 successive gradient steps with decreasing urea concentration; W, wash step; E#, successive eluted samples; U, sample eluted with 4 M urea. (B) Reconstitution of rFBD by dialyzing out urea in a stepwise manner. For both (A,B), the top panels show Coomassie blue stained gels, while the bottom panels display the same gels under UV illumination. Stars indicate rFBD proteins.



Reconstitution by Stepwise Dialysis

In order to improve the yield and scale up the reconstitution procedure, a strategy with stepwise dialysis was developed. Inclusion bodies from 5 g of P2 biomass were solubilized in 8 M urea and subjected to successive dialysis with decreasing concentrations of urea. FAD and rFtp1 were also added in the dialysis tube at each step. The level of fluorescence observed along the successive dialysis steps shows that flavin transfer occurs already in presence of 4 M of urea, suggesting a significant robustness of rFtp1. The fluorescent signal further increased with decreasing urea concentrations (Figure 6B). While a significant amount of protein remained insoluble, approximately 50 mg of reconstituted soluble rFBD protein could be produced with this strategy.

Characterization of the Reconstituted rFBD Protein

Reconstituted rFBD Protein Displays One Covalently-Bound FMN Cofactor

Mass spectrometry analysis of the mass of rFBD gave further evidence for the presence of covalently-bound FMN. A clearly dominating mass of 19,212.4 Da was detected for rFBD, which corresponds to the theoretical mass of rFBD (18,905.3 Da), from which the initial methionine was cleaved off (18,774.1 Da), and which contains one FMN (456.3 Da) attached to the threonine residue (H2O was released upon flavinylation, -18 Da) (Supplementary Figure 7). This results in a theoretical mass of 19,212.4 Da, fully matching with the observed mass. It is also worth noting that, although the analysis was not quantitative, no mass corresponding to non-flavinylated rFBD protein was detected, suggesting that the yield of flavinylation was nearly 100% in rFBD present in the soluble fraction.

FMN Is Covalently Bound to the Predicted Threonine in rFBD

As suggested by sequence alignment and prediction (Figure 3A), threonine-168 of PceC is likely to be involved in binding FMN covalently. The reconstituted rFBD protein was subjected to top–down mass spectrometry analysis which could localize FMN on the string of four residues (GSTV) of rFBD (Supplementary Figure 8 and Supplementary Tables 3, 4), where the threonine (residue 129 in rFBD) corresponds to threonine-168 of the full-length PceC sequence.

Additional evidence for this was obtained after reconstitution was applied to a valine variant of the conserved threonine (Figure 7). In contrast to rFBD wild-type protein, the valine variant could not be loaded with FMN and was only found in the insoluble fraction after reconstitution. This unambiguously confirmed that threonine-168 of PceC (threonine-129 of rFBD) is involved in FMN-binding, and further highlights that FMN insertion is required for refolding rFBD protein into a soluble protein.
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FIGURE 7. Reconstitution of rFBD wild-type (WT) and threonine-168 variant (T168V). The top panels show Coomassie blue stained gels, while the bottom panels display the same gels under UV illumination. Stars indicate rFBD proteins. L, protein ladder.



DISCUSSION

Among the variety of genes found in rdh gene clusters of OHRB (Kruse et al., 2016), the product of only few genes (RdhA, RdhK, and RdhT) have been functionally characterized. PceC, and more generally RdhC proteins are encoded in many rdh gene clusters identified in organohalide-respiring Firmicutes. Typically, genomes of Desulfitobacterium spp. harbor an rdhC homolog in most of rdh gene clusters (Kruse et al., 2017), while it is present in 10 out of 24 clusters in D. restrictus (Kruse et al., 2013; Rupakula et al., 2013). Our conservative survey for RdhC sequences present in protein databases highlights the presence of rdhC in rdh gene clusters belonging to other phyla than the Firmicutes, such as the Chloroflexi, the Proteobacteria, and the Bacteriodetes. This strongly suggests that, although RdhC appears to be dispensable for OHR metabolism in many bacteria, it must have emerged early in the evolution of rdh gene clusters.

Sequence analysis of RdhC and their corresponding RdhA in rdh gene clusters of D. restrictus also seems to indicate that the occurrence of specific rdhA and rdhC genes is not the result of random genetic rearrangements (Supplementary Figure 9). Rather, RdhC proteins have likely co-evolved together with their cognate reductive dehalogenases, suggesting a possible functional relationship. Although the function of RdhC in OHR remains elusive, several sequence features, but also the topology of RdhC in the membrane point toward a possible role in electron transfer, disregarding the initial hypothesis that it is a transcriptional regulator (Smidt et al., 2000). While a transfer of electrons from reduced menaquinones to RdhA enzymes remains disputable in terms of thermodynamics, one could conceive that a flavoprotein like RdhC may render this reaction feasible by a mechanism of electron bifurcation.

In this study, we have unambiguously shown that, in its native state, PceC displays a covalently-bound FMN cofactor and that the FBD of PceC is oriented toward the exocytoplasmic face of the membrane, similarly to the topology of NosR from Pseudomonas stutzeri (Wunsch and Zumft, 2005). As for threonine-166 of RnfG from Methanosarcina acetivorans (Suharti et al., 2014), site-directed mutagenesis of rFBD clearly confirmed that threonine-168 of PceC is the covalent FMN-binding site. Moreover, reconstitution of the FMN-binding site had a significantly positive effect on folding and solubility of the rFBD protein in vitro. The topology of the FBD of PceC, and more generally RdhC, invites to consider the possibility that RdhC proteins may play a role in electron transfer toward the reductive dehalogenase. This hypothesis is in line with the abolition of the nitrous oxide reductase activity of NosZ in presence of a NosR variant, for which the FBD was deleted (Wunsch and Zumft, 2005). Moreover, the midpoint redox potential of flavoproteins ranges from +153 mV to as low as -495 mV (Fagan and Palfey, 2010), a value that is highly variable in comparison to free FMN (-205 mV, Draper and Ingraham, 1968). The redox activity of rFBD and full-length PceC needs to be characterized and will be the focus of further investigation.

In addition to the N-terminal FBD, RdhC sequences share a common membrane module (four membrane segments and two CX3CP motifs) with NapH and NosR. The striking difference between RdhC and these proteins is the lack in RdhC of the two 4Fe–4S binding motifs in the C-terminal part. Nevertheless, NapH of Wolinella succinogenes was shown to participate with NapF and NapG in electron transfer to the periplasmic nitrate reductase. The membrane segments of NapH were proposed to act as the quinol-oxidizing domain by receiving electrons from the quinol pool and donating them further to redox centers of NapG (Kern and Simon, 2009a). A similar role is conceivable for the membrane domain of RdhC proteins. The mutation of the CX3CP motifs in NapH has further demonstrated that both motifs had a severe effect on the integrity of NapH as its partner protein NapG was not associated with the membrane (Kern and Simon, 2008). Moreover, the first cysteine motif of NapH is required for the interaction with NapF and for electron transfer during nitrate respiration (Kern and Simon, 2009b). Similarly, variants of the first cysteine motifs in NosR from P. stutzeri completely abolished the activity of NosZ (Wunsch and Zumft, 2005). Whether the CX3CP motifs of RdhC build disulphide bridges, like in thioredoxins, or a 2Fe–2S center is not known. However, the former scenario seems to be more likely, since not more than eight atoms of Fe have been detected per molecule of NosR, corresponding to the two 4Fe–4S centers (Wunsch and Zumft, 2005). The high degree of sequence conservation of the CX3CP motifs in RdhC proteins and the analogy to NapH and NosR suggest that these motifs are likely determinant for the function of RdhC and will require further investigation.

In vitro reconstitution of rFBD protein was made possible with the use of recombinant Ftp1. Our results with Ftp proteins of D. hafniense add up to the functional reassignment of ApbE proteins from the role in thiamine synthesis (Beck and Downs, 1998) to a flavin-binding protein (Boyd et al., 2011) and recently to flavin-trafficking proteins (Deka et al., 2015). In contrast to D. hafniense TCE1 where both ftp genes are encoded in an operon with unknown function, the ftp (apbE) gene in the genome of D. restrictus is located within the operon coding for the Twin-arginine translocation system in a region of the genome harboring 10 rdh gene clusters (Rupakula et al., 2013). This suggests a dedicated role of Ftp toward the assembly of RdhC proteins in D. restrictus. This is supported by the results of the identification of possible protein candidates with covalently-bound FMN in the theoretical proteomes of D. hafniense TCE1 and D. restrictus PER-K23. The FMN-binding motif [DN]X2[ST]G[AS]TX[ST], as defined previously (Deka et al., 2015), was identified in 13 and 11 proteins in D. hafniense and D. restrictus, respectively. While all proteins but one are RdhC homologs in the latter, the functional diversity of FMN-binding proteins is much higher in D. hafniense (data not shown).

CONCLUSION

A tentative model for the assembly and function of PceC in D. hafniense is presented (Figure 8). It is speculated that PceC is targeted to the cytoplasmic membrane in a partially unfolded state via either the signal recognition particle (SRP) or the secretion (Sec) pathway (Luirink et al., 2012) before the FMN cofactor is inserted. Then, the lipid-anchored Ftp catalyzes the hydrolysis of FAD and transfers FMN into the FBD of PceC (Figure 8A). The membrane-bound redox PceC protein is proposed to build a complex together with the reductive dehalogenase PceA and with PceB, the predicted membrane anchor of PceA. The membrane segments of PceC would receive electrons from the menaquinol pool and reduce the FMN cofactor, which in turn transfers the electrons to PceA (Figure 8B). The mechanism of electron transfer through the redox centers and the implication of the conserved cysteine motifs in the electron transfer remain unknown. These questions need to be addressed in order to challenge the hypothesis of the involvement of PceC in the thermodynamically unfavorable electron transfer from reduced menaquinones to the redox centers of PceA.
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FIGURE 8. Tentative models for the assembly and function of PceC in D. hafniense. (A) PceC (in yellow) is likely inserted in the cytoplasmic membrane while the FBD is in an unfolded state. (B) On the exocytoplasmic face of the membrane, Ftp (in blue) catalyzes the hydrolysis of FAD to FMN and AMP, and attaches FMN to the threonine-168 of PceC, resulting in the folding of the FBD. (C) PceC is hypothesized to build a protein complex with PceA (in red) and PceB (in orange), and to play the role of electron transfer from the menaquinol (MQ) pool to the redox centers of PceA via the FMN cofactor. Yellow diamonds represent the conserved CX3CP sequence motifs.
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This study investigated syntrophic interactions between chlorinated benzene respiring Dehalococcoides mccartyi strain CBDB1 and fermenting partners (Desulfovibrio vulgaris, Syntrophobacter fumaroxidans, and Geobacter lovleyi) during hexachlorobenzene respiration. Dechlorination rates in syntrophic co-cultures were enhanced 2-3 fold compared to H2 fed CBDB1 pure cultures (0.23 ± 0.04 μmol Cl− day−1). Syntrophic partners were also able to supply cobalamins to CBDB1, albeit with 3–10 fold lower resultant dechlorination activity compared to cultures receiving exogenous cyanocobalamin. Strain CBDB1 pure cultures accumulated ~1 μmol of carbon monoxide per 87.5 μmol Cl− released during hexachlorobenzene respiration resulting in decreases in dechlorination activity. The syntrophic partners investigated were shown to consume carbon monoxide generated by CBDB1, thus relieving carbon monoxide autotoxicity. Accumulation of lesser chlorinated chlorobenzene congeners (1,3- and 1,4-dichlorobenzene and 1,3,5-trichlorobenzene) also inhibited dechlorination activity and their removal from the headspace through adsorption to granular activated carbon was shown to restore activity. Proteomic analysis revealed co-culturing strain CBDB1 with Geobacter lovleyi upregulated CBDB1 genes associated with reductive dehalogenases, hydrogenases, formate dehydrogenase, and ribosomal proteins. These data provide insight into CBDB1 ecology and inform strategies for application of CBDB1 in ex situ hexachlorobenzene destruction technologies.

Keywords: syntrophy, hexachlorobenzene, organohalide respiration, Dehalococcoides mccartyi strain CBDB1, carbon monoxide

INTRODUCTION

Chlorinated benzenes including hexachlorobenzene (HCB) are toxic and persistent compounds that have been studied extensively in the context of microbiological degradation (Field and Sierra-Alvarez, 2008). Whilst lesser chlorinated benzenes are susceptible to aerobic biodegradation in conventional activated sludge treatment processes (van Agteren et al., 1998) microbes can only degrade hexachlorobenzene, pentachlorobenzene, 1,2,3,4-tetrachlorobenzene, and 1,3,5-trichlorobenzene through anaerobic or reductive reactions (Adrian and Görisch, 2002). Such reductive reactions have been linked to bacterial growth (Adrian and Görisch, 2002) and therefore have potential as a biotechnology for commercial chlorinated benzene disposal. The world's largest stockpile of HCB (8,000 tons) is maintained in Sydney, Australia.

To date, only two genera, Dehalococoides and Dehalobacter are known to contain species that use HCB as an electron acceptor in a respiratory process. Dehalococcoides mccartyi strains are obligate hydrogenotrophs and are restricted to organohalides as electron acceptors. D. mccartyi strain CBDB1 grows in mineral medium with H2 as the electron donor, acetate as an organic carbon source, and chlorobenzenes as electron acceptors, in conjunction with cyanocobalamin as an essential cofactor (Adrian et al., 2000).

Syntrophic interactions between fermentative bacteria and organohalide respiring bacteria (ORB) are of interest because they underpin dechlorination reactions in organochlorine contaminated environments where H2 is generated via fermentation of organic matter. The term syntrophy has been used to describe microbial cross-feeding as a cooperation where both partners are involved in metabolic activity and cannot be replaced by adding a co-substrate or any type of nutrient (Schink, 1997). The benefits that syntrophic growth in co-culture can offer over a pure culture include the generation of a metabolic resource by one microbe serving as a resource for another and enhancing the growth/metabolism of one microbe by preventing accumulation of inhibitory compounds consumed by another (McInerney et al., 2008; Morris et al., 2013; Worm et al., 2014). Specifically, in the context of this study, the principal mode of syntrophy involves H2 produced by fermentation of reduced organic substrates serving as an electron donor for hydrogenotrophic ORB that in turn maintain low H2 partial pressures enabling fermentation to proceed (Becker et al., 2005).

Despite the importance of syntrophy in ecology and engineering settings, data on syntrophic interactions involving ORB remain limited. Breakthrough studies in this area focused on syntrophic growth of a dechlorinating organism (DCB-1), a benzoate degrader (BZ-1), and a lithotrophic methanogen (Methanospirillum strain PM-1) in dechlorination of 3-chlorobenzoate (Dolfing and Tiedje, 1986) and methanogenic incubation with Syntrophus species degrading 3-chlorobenzoate and 2-chlorophenol (Becker et al., 2005). Research more closely related to the current study focused on syntrophic growth of chlorinated ethene respiring D. mccartyi strain 195 with fermenters Desulfovibrio desulfuricans and/or Acetobacterium woodii (He et al., 2007), interspecies corrinoid transfer between Geobacter lovleyi and D. mccartyi strains BAV1 and FL2 (Yan et al., 2012, 2013) and interspecies cobamide transfer from the methanogen Methanobacterium congolense to D. mccartyi (Men et al., 2012).

Carbon monoxide (CO) was recently discovered to inhibit chlorinated ethene dechlorination of D. mccartyi strain 195 but the presence of a syntrophic partner was shown to mitigate this toxicity and enhance the growth as well as dechlorination activity (Zhuang et al., 2014; Mao et al., 2015). Additionally, organochlorine dechlorination products can inhibit dechlorination activity (Wei et al., 2016). To date, the inhibitory impacts of lesser chlorinated ethenes alone have been investigated for such inhibition (Yu and Semprini, 2004; Yu et al., 2005; Popat and Deshusses, 2011; Wang et al., 2014; Jiang et al., 2015).

In this study syntrophic interactions of HCB respiring D. mccartyi strain CBDB1 and fermentative partners during reductive dechlorination of HCB were investigated, with a view to utilizing syntrophic co-cultures or enrichment cultures in ex situ remediation technologies for HCB destruction where full-scale deployment of gaseous hydrogen is considered a safety hazard. Three syntrophic partners were examined, namely Desulfovibrio vulgaris, Geobacter lovleyi, and Syntrophobacter fumaroxidans provided with lactate, acetate and propionate respectively as carbon and energy sources. D. mccartyi cannot derive energy from these organic substrates and none of the syntrophic partners can utilize HCB creating syntrophic dependencies.

This is the first study to reveal syntrophic interactions in HCB respiration between strain CBDB1 and fermenters. CO auto-toxicity to strain CBDB1 is described along with the impact of CO consumption by syntrophic partners. Daughter product inhibition is also described along with a demonstration of the impact of removing lesser chlorinated chlorobenzenes from culture headspace. The data generated broadens our understanding of syntrophic metabolism in organohalide respiration by D. mccartyi and provides information relevant to bioreactor applications for HCB destruction.

MATERIALS AND METHODS

Bacterial Cultures and Growth Conditions

D. mccartyi strain CBDB1 was grown in a basal medium with 5 mM acetate as described previously (Adrian et al., 1998). Briefly, mineral salts medium was amended with a vitamin solution, SL-9 minerals and Trace B mineral solution (Adrian et al., 1998). Final concentrations of 100 mM NaHCO3 solution was used to buffer the media to pH 6.8–7.0. Aliquots (80 mL) were dispensed into 160 mL serum flasks and flushed with N2 gas, sealed with Teflon septa and sterilized at 121°C for 20 min. After cooling Ti (III) citrate solution was amended to 1 mM and 0.2 bar of N2:CO2 (4:1, vol/vol) and 0.3 bar of H2 were added to the headspace. Hexachlorobenzene (20 mg, Sigma-Aldrich) was added as electron acceptor and H2 as electron donor with nominal concentration of 7.5 mM as described previously (Jayachandran et al., 2003).

Desulfovibro vulgaris (DSM 2119) and Syntrophobacter fumaroxidans (DSM 10017) were obtained from the German Collection of Microorganisms (DSMZ) and grown according to DSMZ recommendations. Briefly, D. vulgaris was grown in the medium described above with 10 mM lactate as carbon and energy source and 10 mM sulfate as electron acceptor. S. fumaroxidans was grown in MPOB medium with 20 mM sodium fumarate as described previously (Harmsen et al., 1998). Geobacter lovleyi was isolated by dilution to extinction from a chlorinated ethene contaminated aquifer in Sydney, Australia using acetate and Fe (III) citrate as electron donor and acceptor respectively. Purity was confirmed through microscopy and molecular fingerprinting and the species was identified by sequencing the near full length 16S rRNA gene (98% similarity to G. lovleyi strain SZ).

Co-cultures containing D. mccartyi strain CBDB1 with D. vulgaris (DSV/CBDB1), with S. fumaroxidans (SFO/CBDB1), or with G. lovleyi (GBL/CBDB1) were grown in the media described above for strain CBDB1 with the substitutions of 10 mM lactate, 30 mM propionate or 30 mM acetate, respectively as electron donor with no exogenous H2 added. Cyanocobalamin (1 μM VB12) was added as indicated. All cultures were inoculated to an total initial density of ~5 × 106 cells mL−1 and incubated in the dark at 30°C without agitation.

Application of Granular Activated Carbon (GAC) to Mitigate HCB Daughter Product Toxicity

GAC (0.5 g, G60 powder, 100 mesh, Sigma-Aldrich) was mounted in glass Pasteur pipettes sealed at one end and placed into CBDB1 co-cultures such that the sealed end was submerged and the open end exposed to the headspace enabling exposure of GAC to the headspace but avoiding direct contact between GAC and the culture medium (Figure S3). Thus volatile organic substances (lesser chlorinated benzenes) could be adsorbed from the headspace. To quantify trichlorobenzene (TCB) and dichlorobenzene (DCB) removal from the headspace, GAC was extracted five times using 3 mL of dichloromethane (DCM). DCM was reduced to a final volume of 1 mL via evaporation prior to analysis by gas chromatography with flame ionization detection (GC-FID). Extraction recovery was determined to be 90-95% (data not shown).

Quantification of Chlorinated Benzenes

Chlorinated benzenes were quantified by headspace analysis gas chromatography using a Shimadzu GC-2010 Plus gas chromatograph with flame ionization detection (GC-FID) fitted with a J&W DB-5 30 m × 0.32 mm (inner diameter) × 0.25 μm column and a Shimadzu headspace auto-sampler (Koutsogiannouli et al., 2009). Culture (1 mL) was transferred into a 10 mL headspace sample vial. Prior to injection, the samples were heated to 80°C and shaken for 2 min. The injector and detector temperature were set at 250°C. The oven temperature was held at 100°C for 1 min, followed by a 25°C min−1 increase, and then held at 250°C for 0.5 min. Aqueous chlorinated benzene standards were prepared with the same gas to liquid space ratio as the cultures flasks accounting for phase partitioning according to Henry's Law. The amount of chloride released was calculated by multiplying the concentration of daughter products (mmole l−1) by the difference in Cl− number between the parent and the daughter compounds.

Carbon Monoxide Quantification

Carbon monoxide (CO) was quantified with a Shimadzu GC-2010 Plus GC, equipped with a pulsed discharge detector (GC-PDD) and fitted with a J&W Molecular sieve (30 m × 0.32 mm (inner diameter) × 0.25 μm column (Wurm et al., 2003). Helium was used as the carrier gas with a split ratio of 1:10. The oven was held at 30°C for 1.5 min, ramped at 20°C min−1 to 50°C, then held for 7.5 min. The samples were analyzed with the PDD at 140°C. Aliquots (100 μL) of sample headspace were manually injected with a gas tight syringe. CO standards (0.5–12 μmol) were prepared in 80 mL of CBDB1 media in 160 mL flasks.

Quantitative Polymerase Chain Reaction (qPCR)

Liquid samples (2 ml) were harvested by centrifugation (8000 × g, 20 min at 4°C). Genomic DNA was extracted from cell pellets as described previously (Urakawa et al., 2010). qPCR was used to determine Dehalococcoides spp. and total Bacterial 16S rRNA gene copies in the cultures using Dehalococcoides specific primers Dco728F (5′-AAGGCGGTTTTCTAGGTTGTCAC- 3′) and Dco994R (5′-CTTCATGCATGTCAAAT-3′) (Smits et al., 2004), and universal bacterial primers Eub1048F (5′-GTGSTGCAYGGYTGTCGTCA-3′) and Eub1194R (5′-ACGTCRTCCMCACCTTCCTC-3′) (Horz et al., 2005). Reaction mixtures (10 μL final volume) contained 5 μL SsoFast Eva Green Supermix (BioRad), 100 nM of each forward and reverse primer, 2 μL template, 0.1 mg bovine serum albumin (Thermo Fisher Scientific) and 2.7 μL nuclease free water (Thermo Fisher Scientific). For total bacteria quantification, cycling conditions on a CF96 Real Time System (BioRad) were as follows: 3 min at 98°C, 39 cycles of 0.2 min at 95°C and 0.5 min at 62°C, followed by melt curve analysis from 60 to 99°C. For Dehalococcoides, cycling conditions were as follows: 3 min at 98°C, 44 cycles of 0.3 min at 94°C and 0.45 min at 58°C, followed by melt curve analysis from 55 to 95°C. Quantification of total Bacteria and Dehalococcoides 16S rRNA gene copies was performed by analyzing serial dilution of known quantities of plasmids containing partial Dehalococcoides spp. genes.

Microbiological Cobalamin Assay

To quantify extracellular cobamides in pure cultures and co-cultures, a microbiological assay using the cobamide-auxotroph Lactobacillus delbrueckii (ATCC7830) was performed as described previously (Yan et al., 2012). Cells from 1.5 mL of culture were removed by centrifugation at 14,000 xg for 1 min, and the supernatants were passed through 0.22 μm membrane filters. Cell-free supernatant (150 μl) was diluted from 2- to 20-fold with water and distributed into 96 well plates filled with 150 μl of double-strength vitamin B12 assay medium (Difco). To prepare vitamin B12-free inocula, cell pellets were washed with sterile, deionized water three times. The cells were suspended in double-strength vitamin B12 assay medium diluted with an equal amount of sterile, deionized water and then incubated at 37°C for 3 h to deplete carryover VB12 from the inoculum broth. The 96 well plate was sealed with an adhesive optical cover and incubated at 37°C in the dark. After 24 h of incubation, the optical density in each well was recorded at 630 nm using a 96 well plate reader (BioTek, Winooski, VT). A standard curve generated by adding known concentrations of vitamin B12 was included on each plate. The assay had a linear range from 5 to 50 ng/L of vitamin B12 with a detection limit of 2 ng/L. Cobamides measured using this microbiological approach were reported as vitamin B12 equivalents.

Estimation of the Limits of Interspecies Distance for H2 Transfer

The maximum interspecies distances between strain CBDB1 and syntrophic partners that would enable the observed dechlorination rates for substrates fermentation were estimated using Fick's diffusion law according to the procedure described by Mao et al. (2015):
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JH2 is the flux of H2 between syntrophic cells and CBDB1, Asyn is the surface area of a syntrophic cell, DH2 is the H2 diffusion constant in water, at 35°C (6.31 × 105 cm2 s−1, Haynes, 2013). CH2−syn is the H2 concentration immediately outside syntroph cells (representing the maximum H2 concentration enabling exergonic fermentation). CH2−CBDB1 is the H2 concentration immediately outside CBDB1 cells (representing the theoretical minimum H2 concentration that strain CBDB1 can use for energy generation from HCB dechlorination). dsyn−CBDB1 is the distance between syntroph and CBDB1 cells that enables syntrophic oxidation.

Proteomics

D. mccartyi CBDB1 was grown with 5 mM acetate, 7.5 mM H2 and excess HCB as described above. Geobacter lovleyi was grown with 10 mM acetate and 20 mM Fe (III) citrate. D. mccartyi CBDB1 and G. lovleyi co-culture (CBDB1/GL) was grown in the same medium as strain CBDB1 pure culture, with 30 mM acetate and no exogenous H2. All cultures were grown in triplicate in 100 mL media. Cells were collected from pooled replicates (x3) during exponential growth when cell density reached ~108 cell/mL (~90 days of incubation). Cells were harvested using 0.2 μm filters (Millipore, Germany) as described previously (Schiffmann et al., 2016). Cells were washed from filters with 50 mM ammonium hydrogen carbonate. Three analytical replicates were analyzed for each sample.

Samples were prepared for in-solution digestion as described previously (Schiffmann et al., 2014). CBDB1 cells were lysed by three cycles of freeze (liquid nitrogen) and thaw (1 min at 40 °C). The protein lysates obtained were reduced with 50 mM dithiothreitol (Invitrogen, USA) for 1 h at 30°C and alkylated using 130 mM iodoacetamide (Sigma-Aldrich, Australia) for 1 h at 30°C. Proteolysis was performed overnight using trypsin at 37°C. The tryptic digestion was stopped with formic acid to a final concentration of 1% followed by desalting using ZipTip-μC18 tips and re-suspended in 1% formic acid, 2% acetonitrile (ACN), prior to LC–MS/MS analysis.

Digested peptides were separated by nano-LC using an Ultimate nano RSLC UPLC and auto-sampler system (Dionex, Amsterdam, Netherlands) as described previously (Jugder et al., 2016). Samples (2.5 mL) were concentrated and desalted onto a micro C18 pre-column (300 mm × 5 mm, Dionex) with 2% ACN in water with 0.1% triflouroacetic acid (TFA) at 15 ml/min. After a 4 min wash the pre-column was switched (Valco 10 port UPLC valve, Valco, Houston, Tx) into line with a fritless nano column (75 m × ~15 cm) containing C18AQ media (1.9 μ, 120 Å Dr Maisch, Ammerbuch-Entringen Germany). Peptides were eluted using a linear gradient of 2%−36% ACN in water containing 0.1% (v/v) formic acid at 200 nl/min over 30 min. High voltage (2000 V) was applied to low volume Titanium union (Valco) with the column oven heated to 45°C (Sonation, Biberach, Germany) and the tip positioned ~0.5 cm from the heated capillary (T = 300°C) of a QExactive Plus (Thermo Electron, Bremen, Germany) mass spectrometer. Positive ions were generated by electrospray and the QExactive operated in data dependent acquisition mode (Yang et al., 2010). A survey scan m/z 350-1750 was acquired (resolution = 70,000 at m/z 200, with an accumulation target value of 1,000,000 ions) and lockmass enabled (m/z 445.12003). Up to the 10 most abundant ions (> 80,000 counts, underfill ratio 10%) with charge states > +2 and < +7 were sequentially isolated (width m/z 2.5) and fragmented by HCD (NCE = 30) with an AGC target of 100,000 ions (resolution = 17,500 at m/z 200). M/z ratios selected for MS/MS were dynamically excluded for 30 s. Peak lists generated were submitted to the database search program MASCOT (version 2.5.1, Matrix Science). All MS/MS spectra were searched against a custom database consisting of all proteins in D. mccartyi strain CBDB1 and G. lovleyi genomes from Uniprot. Search parameters were: Precursor tolerance 4 ppm and product ion tolerances ±0.05 Da; Met(O) carboxyamidomethyl-Cys specified as variable modification, enzyme specificity was trypsin, 1 missed cleavage was possible and the non-redundant protein database from Uniprot (Jan 2015) searched. The results were exported to both XML and ROV file format prior to loading into Scaffold for further analysis.

Label free quantification was carried out in Scaffold Q1 software (version Scaffold 4.7.2, Proteome Software) according to the precursor intensity-based method, where differences in protein abundance (defined here as proteins differentially expressed relative to total cell protein) between pure culture and co-culture samples were found based on the average precursor intensity acquired. Protein identifications were accepted if they could be established at greater than 95.0% probability and contained at least 2 identified peptides. Protein probabilities were assigned by the Protein Prophet algorithm (Nesvizhskii et al., 2003). Proteins that contained similar peptides and could not be differentiated based on MS/MS analysis alone were grouped to satisfy the principles of parsimony. Proteins sharing significant peptide evidence were grouped into clusters.

Statistical Tests

The data was assumed to be normally distributed. One-way analysis of variance (ANOVA) tests and T-test were calculated to determine the significance of results using an alpha level of 0.05. Multiple comparisons were calculated with Dunnet's test, where applicable. All statistical tests were performed using GraphPad Prism 6 software.

RESULTS

Syntrophic Growth of D. mccartyi Strain CBDB1 and Syntrophic Partners

Three bacterial strains were selected as hydrogen producing syntrophic partners for D. mccartyi strain CBDB1 based on the diversity of substrates used. The partner organisms included Deltaproteobacteria Desulfovibrio vulgaris (DSV) and Geobacter lovleyi (GBL) and Firmicute Syntrophomonas fumaroxidans (SFO). These organisms were supplied with lactate, acetate and propionate respectively as electron donors. Syntrophic growth of D. mccartyi strain CBDB1 and H2 producing partners was established enabling reductive dechlorination of hexachlorobenzene (HCB) to 1,3,5-trichlorobenzene (1,3,5-TCB), 1,3-dichlorobenzene (1,3-DCB), and 1,4-dichlorobenzene (1,4-DCB) without exogenous H2 provision.

Dechlorination rates were comparable with the different partners with the highest observed in the D. vulgaris and CBDB1 (DSV/CBDB1) co-culture (0.59 ± 0.05 μmol Cl− day−1) with the rates in the other co-cultures at 0.39 ± 0.15 and 0.45 ± 0.09 μmol Cl− day−1 in the S. fumaroxidans and CBDB1 (SFO/CBDB1) and G. lovleyi and CBDB1 (GBL/CBDB1) co-cultures, respectively (Table 1). The dechlorination rates in all co-cultures were significantly higher (2-3 fold, t-test, P < 0.05) compared to pure H2/acetate fed CBDB1 culture (0.23 ± 0.04 μmol Cl− day−1).


Table 1. Maximum dechlorination rate and cell yield of D. mccartyi in syntrophic growth with syntrophic partners.
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Acetate and H2 accumulated to a maximum of 1.8 (±0.06) mM and 2.0 (±0.09) mM respectively in the DSV/CBDB1 co-culture, while in the SFO/CBDB1 co-culture accumulation was slightly lower with 1.1 (±0.02) mM of acetate and 1.2 (±0.03) mM of H2 observed (Figure 1). Thereafter, acetate and H2 concentrations decreased, presumably as a function of consumption by CBDB1. In the acetate fed GBL/CBDB1 co-culture, acetate consumption corresponded with H2 concentration peaking at 0.5 (±0.01) mM followed by consumption and stabilization of H2 concentration and ongoing acetate consumption (Figure 1). After two months incubation, 5.1 (±0.41), 9.4 (±0.98), and 13.7 (±0.94) mM lactate, propionate and acetate had been consumed respectively.
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FIGURE 1. Electron donor production and consumption in HCB reducing syntrophic co- cultmes DSV/CBDB1, SFO/CBDB1 and GBL/CBDB1. H2 (triangles), Acetate (circles), Lactate (closed squares), Propionate (open squares). Error bars represents standard deviation of the mean (n = 3).



Growth of D. mccartyi strain CBDB1 in co-culture was measured by quantitation of 16S rRNA genes using universal bacterial and Dehalococcoides specific primers. Cell numbers increased over 90 days. Initial 16S rRNA gene copy concentrations were 2.0 (±0.15) × 106 and 1.2 (±0.4) × 106 copies/mL for total bacteria and Dehalococcoides respectively. Deltaproteobacterial co-cultures DSV/CBDB1 and GBL/CBDB1 had the largest increase in both total bacterial gene copies and Dehalococcoides gene copies (110–125 fold) up to 2.2 (±1.2) × 108 and 1.5 (±1.8) × 108 copies /mL, respectively. The SFO/CBDB1 co-culture showed the lowest Dehalococcoides cell growth up to 8.4 (±0.3) × 107 copies/mL (70-fold increase) congruent with dechlorination activity data.

Cell to Cell Distance and Thermodynamic Considerations in Syntrophic Co-cultures

The maximum interspecies distance for molecular hydrogen transfer between cells of strain CBDB1 and syntrophic partners can be calculated using Fick's diffusion law as previously described for other D. mccartyi strains (Mao et al., 2015). This distance was calculated for the syntrophic co-cultures of strain CBDB1 and partners with lactate, propionate and acetate as substrates. In the randomly dispersed cells of DSV/CBDB1, GBL/CBDB1 and SFO/CBDB1 co-cultures, the average distance enabling interspecies H2 transfer was calculated to be 178, 10 and 19 μm, respectively (Table 2). The values for cell-cell distances in DSV/CBDB1, GBL/CBDB1 and SFO/CBDB1 co-cultures calculated using 16S qPCR data for bacteria as proxy were 16.8, 19.5, and 24.4 μm, respectively. The measured value for the DSV/CBDB1 co-culture was well below the theoretical maximum whilst the GBL/CBDB1 and SFO/CBDB1 co-cultures had measured values marginally above the theoretical maximum. This potentially explains the superior activity of the lactate fed DSV/CBDB1 co-culture across all quantified metrics (dechlorination activity, growth and acetate and H2 production).


Table 2. Estimation of the cell-cell distance in syntrophic co-culture at day 60 of incubation.
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Effect of Syntrophic Partners on CO Concentrations in CBDB1 Co-cultures

Carbon monoxide (CO) has previously been shown to be inhibitory to D. mccartyi strain 195 (Zhuang et al., 2014). Consequently, CO toxicity, production and consumption was examined in strain CBDB1. Figure 2 shows that CO concentrations above 1 μmol flask−1 reduce the dechlorination activity of strain CBDB1 and 6 μmol flask−1 is completely inhibitory. The half maximal inhibitory concentration (IC50) was 2.24 ± 0.09 μmol flask−1. Figure 2 also shows that after 60 days incubation, CO accumulation in strain CBDB1 pure culture reached the threshold whereby CO toxicity manifests (0.9 ± 0.1 μmol flask−1). After 60 days, 17% of the initial HCB amendment (70 μmol) was degraded to release 11.2 ± 0.2 μmol Cl−. Hence, complete dechlorination of 70 μmol HCB could accumulate ~5.6 μmol CO in pure culture. In syntrophic co-culture, regardless of the fermentative partner, the CO concentration remained below those shown to confer toxicity at 0.4 μmol flask−1 in all co-cultures after 60 days (Figure 2).
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FIGURE 2. (A) CO inhibits HCB dechlorination activity of D. mccartyi strain CBDB1 shown as Cl- ion release at the end of incubation (60 days) and (B) CO accumulation during HCB dechlorination by strain CBDB1 in pure culture (crosses) and in co-cultures with D. vulgaris (DSV/CBDB1, diamonds), S. fumaroxidans (SFO/CBDB1, squares) and G. lovleyi (GBL/CBDB1, triangles). After 60 days strain CBDB1 produced enough CO to confer autotoxicity. In co-cultures, CO concentration remained below that showing toxicity. Data points are averages of hiplicate cultures. Error bars represent the standard deviation (n = 3).



Growth of CBDB1 With Syntrophic Partners Excluding Exogenous Cobalamin Supply

To examine whether the syntrophic partners could supply cobalamin to CBDB1, microcosms were established without exogenous cyanocobalamin. Data was collected after four transfers (10% v/v inoculation) of the parent culture representing a dilution of cobalamin from 0.5 μg/L to 0.05 ng/L. The total concentration of HCB dechlorination products were on average 28.3 ± 1.8 μM in all three co-cultures, compared to 72.4 ± 3.5 μM in pure CBDB1 culture (supplied with cyanocobalamin) at day 60 (Figure 3). Dechlorination activity in co-cultures was ten-fold less than in co-cultures amended with cyanocobalamin and three-fold less than a pure CBDB1 culture. Dechlorination was not observed in a control where CBDB1 pure cultures were not supplied exogenous cobalamin (data not shown).
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FIGURE 3. Production of (A) 1,3-Dichlorobenzene and 1,4-Dichlorobenzene (sum total) and (B) 1,3,5-Trichlorobenzene from HCB by Dehalococcoides mccartyi strain CBDB1 in pure culture with exogenous provision of acetate, H2 and Vitamin B12 (crosses), and in co-culture with D. vulgaris (diamonds), S. fumaroxidans (squares) or G. lovleyi (triangles) without exogenous provision of acetate, H2 and Vitamin B12. Data points are averages of triplicate cultures. Error bars represent standard deviation.



Measurement of cobamides in co-culture supernatants was achieved using a biological assay involving the growth of the cobamide auxotroph Lactobacillus delbrueckii. Supernatants were analyzed at the end of the experiment (i.e., day 60). In GBL/CBDB1 cultures 6.0 ± 1.0 ng/L extracellular cobamide was detected. In the DSV/CBDB1 and SFO/CBDB1 co-cultures extracellular cobalamins were below the limits of detection. This suggests that none of the partners could produce sufficient cobalamin to support maximum HCB dechlorination activity by D. mccartyi strain CBDB1 (ie., activity observed with cyanocobalamin amendment).

HCB Respiration Products Inhibit D. mccartyi Strain CBDB1 Growth and Activity

To determine if 1,3- and 1,4-dichlorobenzene (DCB) and 1,3,5-trichlorobenzene (TCB) had an inhibitory impact on HCB respiration by D. mccartyi strain CBDB1, pure cultures were established with increasing concentrations of DCB or TCB. Figure 4 shows that DCB and TCB have an inhibitory effect on HCB dechlorination activity and cell growth of CBDB1, with lower IC50 and LD50 values for TCB compared to DCB (45 μM and 70 μM, respectively).
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FIGURE 4. Impact of daughter products from reductive dechlorination of HCB (Dichlorobenzene or Trichlorobenzene) on HCB reduction activity of Dehalococcoides mccartyi CBDB1 after 30 days incubation. (A) Chloride ion release calculated from concentrations of DCB and TCB produced from HCB in the presence of increasing amended DCB concentrations. (B) Chloride ion release calculated from concentrations of DCB and TCB produced from HCB in the presence of increasing TCB concentrations. (C) Impact of DCB and TCB on CBDB1 gene copy concentration after 30 days incubation. Error bars represent SD (n = 3).



DCB and TCB are volatile compounds so Granular Activated Carbon (GAC) was mounted in culture flask headspace (Figure S3) in an attempt to mitigate the inhibitory impacts of daughter product formation from HCB reduction. First order rate constants for DCB and TCB adsorption on GAC were −0.14 (±95% CI) day−1 and −0.16 (±90% CI) day−1, respectively (Figure S1). In comparison, first order rate constants of DCB and TCB production in strain CBDB1 culture were 0.1 (±99% CI) day−1 and 0.07 (±97% CI) day−1, respectively. Hence, trapping DCB and TCB on GAC could mitigate the inhibitory effect of DCB and TCB accumulation CBDB1 in co-cultures.

To test the mitigation strategy, DSV/CBDB1, SFO/CBDB1 and GBL/CBDB1 co-cultures were grown with and without 0.5 g GAC mounted in the culture headspace. At day 70, HCB daughter products were analyzed both in the culture medium and adsorbed to GAC. The latter was analyzed by dichloromethane (DCM) extractions of the GAC. DCB and TCB production were significantly higher (2-fold, t-test, P <0 .05) in co-cultures amended with GAC for all three syntrophic partners (Figure 5). For example, treatments with GAC in DSV/CBDB1 co-cultures had a dechlorination rate of 1.1 ± 0.2 μmol Cl− day−1, compared to a rate of 0.6 ± 0.2 μmol Cl− day−1 in the GAC-free treatments. Total bacterial growth in treatments with and without GAC was determined via 16S rRNA gene quantitative PCR using universal bacterial primers at day 0, 30 and 70 of incubation. After 70 days the gene copies in the presence of GAC were 2.1-2.7 fold higher (t-test, P < 0.05) than in the absence of GAC (Figure 5).
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FIGURE 5. (A) Total concentrations of HCB dechlorination products (1,3- and 1,4-DCB and 1,3,5-TCB) in different co-cultures of D. mccartyi strain CBDB1 with and without GAC after 70 days of incubation. Data points are averages of triplicate cultures. Error bars represent the standard deviation (n = 3). (B) Quantification of 16S rRNA gene copies in syntrophic co-cultures of D. mccartyi strain CBDB1 and partners with and without GAC after 70 days of incubation. All cultures were provided with cyanocobalamin, Ti (III) citrate, and without exogenous H2. Data points are averages of triplicate cultures. Error bars represent the standard deviation.



Proteomic Analysis in GL/CBDB1 Co-culture

Whole cell proteomic analyses of CBDB1 grown alone and in co-culture with syntrophic partner G. lovleyi was undertaken to identify changes in gene expression in response to co-culture. In pure culture G. lovleyi was grown with Fe (III) citrate as electron acceptor. Equal amounts of total protein (~30 μg) from late exponential phase samples (~3 months incubation) were digested. Each sample was prepared via the filter aided sample preparation (FASP) method and subjected to LFQ by nano LC-MS/MS. A total of 363 D. mccartyi proteins and 404 G. lovleyi proteins were identified in pure and co-cultures (Figure S2). Of the D. mccartyi proteins, 119 were identified in co-culture with 62 of these exclusively observed in co-culture. Of the G. lovleyi proteins, 102 were observed in co-culture with 15 of these exclusive to the co-culture.

Table 3 reports D. mccartyi and G. lovleyi proteins for which expression was upregulated greater than five-fold (see Table S2 for lesser fold upregulation and Table S3 for the whole data set). Three reductive dehalogenases were identified from D. mccartyi including cbdbA84 (accession number CAI82345), cbdbA80 (accession number CAI82340) and cbdbA1453 (accession number CAI83480), which encode 1,2,3- and 1,2,4-TCB reductive dehalogenases. Among them, cbdbA84 and cbdbA80 were more abundant in the co-culture than in the pure CBDB1 culture suggestive of dependence of regulation on the presence of another organism (in this case a syntrophic partner).


Table 3. Identified proteins with greater than five-fold increase in abundance in co-culture.
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Translation elongation factor Tu (locus cbdbA960), was among the high coverage proteins that were more abundant in the co-culture than in CBDB1 culture alone. Formate dehydrogenase (locus cbdbA195) was also shown to be more abundant during syntrophic growth than in the CBDB1 isolate. Several other conserved protein complexes involved in respiratory electron transfer were found in the CBDB1 isolate, including Rdh complexes, four hydrogenase complexes (Hup, Ech, Hyc, and Hym), NADH dehydrogenase complexes and two oxidoreductase complexes. Three hydrogenases, VhuA, HymB, and HymC, encoded by cbdbA597, cbdbA684, and cbdbA685, respectively, were found to be marginally more abundant in syntrophic growth than in the isolate (Table S2). The co-culture also possessed 16 ribosomal proteins that were detected with high expression compared to the CBDB1 isolate, congruent with the more robust growth of CBDB1 in co-culture. None of the cobalamin biosynthesis proteins were detected in either the co-culture or the CBDB1 isolate. Conversely, two types of cobalamin transporter, ABC-type cobalamin/Fe3+-siderophores transport system ATPase component (locus cbdbA633) and periplasmic component (locus cbdbA636) were detected, with no difference in expression between the co-culture and CBDB1 isolate, both of which were amended with VB12.

Among the 87 G. lovleyi proteins detected in both G. lovleyi culture alone and in co-culture (Figure S2), thiamine pyrophosphate protein (locus Glov_1628), succinate dehydrogenase or fumarate reductase (locus Glov_2213), as well as elongation factor and ribosomal proteins were among the proteins with the highest coverage. Proteins related to acetate oxidation, including malate dehydrogenase (locus Glov_1625), isocitrate dehydrogenase (locus Glov_1624) and citrate synthase (locus Glov_1379), were expressed more abundantly during syntrophic growth than in isolate cultures (Table S2). Two molybdopterinoxidoreductase proteins (loci Glov_3132 and Glov_0661) were detected less abundantly in the co-culture than in the G. lovleyi isolate, with fold change ratios of 0.7 and 0.1 respectively.

There were two proteins detected exclusively in the co-culture: peptidylprolylisomerase (locus Glov_2546) and histidinol dehydrogenase (encoded Glov_0822). Interestingly, there were two types of flagellin detected only during G. lovleyi growth with Fe (III) citrate, which were the flagellin domain protein (locus Glov_3371) and a flagellin basal associated-protein FilL (locus Glov_3294). In addition, three chemotaxis sensory transducers (encoded Glov_ 2776, Glov_ 1733 and Glov_1239) were found with less abundance during syntrophic growth than during pure culture growth on iron. Cobalamin-dependent proteins were identified in both G. lovleyi isolate and co-culture including ribonucleotide reductase, methionine synthase and methylmalonyl-CoA mutase. Among these proteins, only methylmalonyl-CoA mutase (encoded Glov_3260) was more abundant in co-culture than in the isolate, with a fold change of 2.0 (Table S2). Nicotinate-nucleotide/dimethylbenzimidazolephosphoribosyltransferase (CobT-Glov_3082) was the only cobalamin biosynthesis protein detected, which was from G. lovleyi in isolation.

DISCUSSION

In this present study, lactate, propionate and acetate were supplied as organic carbon and energy sources for D. mccartyi strain CBDB1 in co-culture with Desulfovibrio, Syntrophobacter or Geobacter. Oxidation of these substrates by the syntrophic partners of CBDB1 was expected to provide H2 for the reductive dechlorination of HCB. Table 4 provides the ΔG0' for the H2 producing and H2 consuming reactions revealing that H2 production in the absence of the H2 consuming reductive dechlorination reaction is marginally favorable or unfavorable thus representing the energetic dependency of the syntrophic interactions reported in this study. The enhanced dechlorination observed in this study between D. mccartyi strain CBDB1 and partners supports previous observations on the impact of syntrophic partners in organochlorine respiring cultures (He et al., 2007; Men et al., 2012; Yan et al., 2012). The fact that strain CBDB1 shows higher activity in syntrophic partnership with Desulfovibrio, Syntrophobacter, and Geobacter lineages in the presence of exogenous VB12 represents a proof of concept for a bioreactor in which HCB could be reduced to less persistent oxidisable compounds (DCB, TCB) using lactate, propionate or acetate as energy sources which are cost effective and safe compared to H2.


Table 4. Hydrogen-releasing and hydrogen-consuming reactions occurring in co-cultures.
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From previous work, in addition to supplying electron donor (H2), the robust growth of D. mccartyi strain 195 in syntrophic co-culture appears to stem from acetate supply by D. vulgaris, along with potential benefit from proton translocation, cobalamin-salvaging and amino acid biosynthesis as evidenced by gene expression analysis (Men et al., 2012). The impact of an incomplete Wood-Ljungdahl pathway i.e. the absence of CO dehydrogenase in the D. mccartyi genome, may also explain the more robust growth in co-culture and therefore further underpins the syntrophic interaction (Zhuang et al., 2014; Mao et al., 2015). D. mccartyi strain 195 was inhibited in pure culture by CO accumulating from acetyl-CoA cleavage due to the lack of CO dehydrogenase in D. mccartyi strain 195 (Zhuang et al., 2014).

In this study the inhibitory effect of CO on both dechlorination activity and cell growth of D. mccartyi strain CBDB1 was described. The adverse effect of CO toxicity on strain CBDB1 was mitigated by the presence of any of the tested syntrophic partners, (i.e. Desulfovibro vulgaris, Syntrophobacter fumaroxidans, or Geobacter lovleyi), which are capable of consuming CO (Davidova et al., 1994; Ragsdale, 2004; Diender et al., 2015). Other work using 13C-labeling and bioinformatic analysis confirmed that Bacteria and Archaea exist in consortia as CO-oxidizing organisms capable of gaining additional energy via coexistence with D. mccartyi while simultaneously enhancing growth of D. mccartyi (Zhuang et al., 2014). The results from the present study support and broaden previous observations of metabolic exchange between D. mccartyi and syntrophic partners in dechlorinating microbial environments (Zhuang et al., 2014; Mao et al., 2015). In a pure culture bioreactor based on CBDB1 activity an alternative approach to removal of CO would need to be devised.

The theoretical maximum interspecies distances for strain CBDB1 and partners were calculated based on the observed substrate oxidation rate. These estimates showed that proximity is more essential for syntrophic acetate and propionate oxidation compared to lactate oxidation. In the present study, cell aggregation was not observed in co-culture. When strain CBDB1 grew with D. vulgaris in co-culture, the maximum interspecies distance (178 μm) allowed H2 transfer between these bacteria without multi-lineage aggregate (flocculate) formation, whilst the other two co-cultures were close to the theoretical limit for H2 transfer over distance suggesting a reduction in distance between cells would lead to higher dichlorination activity. This result is consistent with observations by Mao et al. (2015) that aggregation was not established in co-cultures of strain 195 and Desulfovibrio vulgaris while it did occur in Syntrophomonas wolfei and strain 195 co-culture. Previous studies reported that syntrophic co-cultures form cell aggregates during the growth for optimal H2 transfer (Schink and Thauer, 1988; Stams et al., 2012; Felchner-Zwirello et al., 2013; Mao et al., 2015) or created biofilms in membrane bioreactors (Chung and Rittmann, 2008; Ziv-El et al., 2012). The cell aggregates reduce interspecies H2 transfer distance. In a bioreactor context, these data suggest approaches to stimulate flocculation or suspended biofilm formation would be beneficial.

In co-culture with CBDB1, G. lovleyi was hypothesized to provide cobalamin to support dechlorination of HCB as in previous studies on co-cultures of G. lovleyi and D. mccartyi strain 195 (Yan et al., 2012). However, there was only 0.006 ± 0.01 μg/L of extracellular cobalamin detected in CBDB1/GBL co-culture, while in the other co-cultures cobalamins were under the limit detection of the assay used. The amount of cobalamin detected was much lower than the requirement of cobalamin (50 μg/L) for maximal reductive dechlorination rates in pure CBDB1 culture (Adrian et al., 2000). Hence, syntrophic growth of D. mccartyi strain CBDB1 still requires exogenous cyanocobalamin supply for maximum HCB respiration rates. This suggests cyanocobalamin would be required as an amendment for a bioreactor application with significant implications with respect to cost.

Proteomics plays a key role in exploring adaptive responses of microbes to environments or interactions among microorganisms (Wang et al., 2016). Previous proteomic studies have evaluated the effects of long-term syntrophic growth in oxidation of butyrate (Schmidt et al., 2013; Sieber et al., 2015) or methanogenic consortia in degradation of terephthalate (Wu et al., 2013). Additionally, Men et al. (2012) explored protein expression during syntrophic interactions between D. mccartyi strain 195 and Desulfovibrio vulgaris strain Hildenborough dechlorinating trichloroethene.

In the present study, almost all ribosomal proteins in strain CBDB1 were found to be more abundant in the co-culture than in the isolate. Ribosomal proteins are related to cell growth indicating a higher rate of protein synthesis, resulting in a faster growth rate in the co-culture compared with the pure culture. This was congruent with our growth data. Similar to the observations of Men et al. (2012), the higher abundance of three CBDB1 hydrogenase proteins (VhuA, HymB, and HymC) and lower abundance of proteins related to electron transport such as NADH, oxidoreductase complexes as well as HymS in co-culture compared to in isolation suggested that syntrophic growth involves different H2 transfer systems than those used when H2 is supplied exogenously.

Another CBDB1 protein found with high abundance in co-culture was formate dehydrogenase, encoded by the cbdbA195 gene. This protein is expected to have another function other than formate utilization found in both D. mccartyi strains CBDB1 and 195 (Adrian et al., 2007; Morris et al., 2007). Recently, Kublik et al. (2016) revealed that this formate dehydrogenase-like enzyme highly expressed in D. mccartyi is a putative molybdopterin containing oxidoreductase that co-localizes with the active subunit of the reductive dehalogenase (RdhA). This may explain the high abundance of these two proteins detected in co-cultures where favorable growth conditions lead to more respiration. These results support the only previous proteomic analysis of ORB syntrophic growth with D. mccartyi strain 195 and D. vulgaris with TCE dechlorination (Men et al., 2012).

When comparing proteins detected in G. lovleyi in isolation and GBL/CBDB1 co-culture, there were two proteins detected exclusively in the latter: peptidylprolylisomerase and histidinol dehydrogenase. Histidinol dehydrogenase is responsible for catalyzing the reaction: L-histidinol + NAD+ = L-histidine + NADH + H+, while peptidylprolylisomerase plays the role of PceT, identified to be a trigger factor-like protein that functions as a dedicated chaperone for PceA (Maillard et al., 2011). The reason why these two proteins were only detected in co-culture and not expressed in G. lovleyi pure culture is unclear.

In the present study, no cobalamin biosynthesis proteins from G. lovleyi were detected and no differences in expression of cobalamin transport proteins were detected when comparing the co-culture with G. lovleyi in pure culture. These results might explain why cobalamin production by G. lovleyi was unable to support the GBL/CBDB1 co-culture. The observation that proteins related to acetate oxidation through the citric acid cycle (malate dehydrogenase, isocitratedehyrogenase and citrate synthase) were more abundant in co-culture than in the isolate is consistent with the stimulation of acetate oxidation by syntrophic growth. The lack of flagellin and lower expression of chemotaxis sensory transducer in co-culture supports the idea that syntrophic growth of CBDB1 and G. lovleyi occurs via interspecies H2 transfer.

Cross-inhibition of co-contaminants and self-inhibition by biodegradation products in the environment has been widely reported (Chan et al., 2011; Schiffmacher et al., 2016). DCB and TCB amended in pure CBDB1 cultures were found to be inhibitory. The presence of GAC in CBDB1 co-culture headspace reduced the inhibitory effect of HCB daughter products on cell growth and dechlorination activity. Application of GAC to remove chlorinated compounds has been studied widely from water to soil in contaminated environments (Pavoni et al., 2006; Choi et al., 2009; Kjellerup et al., 2014; Dang et al., 2016). The data presented here suggests this approach could serve as an effective strategy in bioreactor applications with GAC mounted in a reactor headspace serving to continuously remove DCB and TCB to prevent daughter product inhibition.

CONCLUSIONS

Despite the ubiquity of syntrophic processes in anoxic environments, little is known about the mechanisms by which syntrophic consortia regulate their metabolism, such as the cross-supply of cobalamins or proteomic insights into syntrophic growth during organohalide respiration. Here we provide the first description of syntrophic growth of D. mccartyi strain CBDB1 and partners (Desulfovibrio vulgaris, Syntrophobacter fumaroxidans and Geobacter lovleyi) for exogenous provision of H2, acetate and cobalamin for the reductive dechlorination of HCB. HCB dechlorination rates were enhanced two- to three-fold compared to pure cultures of D. mccartyi strain CBDB1. In co-cultures, acetate and H2 were supplied from substrate oxidation by syntrophic partners, whilst amendment of exogenous cobalamin was necessary in all cultures to achieve maximal rates. Superior growth and dechlorination by strain CBDB1 in co-culture may be explained by the consumption of CO, preventing the adverse effect of CO toxicity by the presence of any of its syntrophic partners. Additionally, proteomic analysis in co-culture revealed an abundance of ribosomal proteins, reductive dehalogenase, hydrogenase proteins, and formate dehydrogenase, and down-regulation of proteins related to electron transport. The GAC application and results obtained from this study were the first investigation on GAC application in attempt to mitigate the inhibitory effect of HCB daughter products and thus enhance HCB dechlorination activity. This approach is relevant to bioreactor applications for HCB remediation with a potential low cost and easy application.
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Dehalococcoides mccartyi (D. mccartyi) strains differ primarily from one another by the number and identity of the reductive dehalogenase homologous catalytic subunit A (rdhA) genes within their respective genomes. While multiple rdhA genes have been sequenced, the activity of the corresponding proteins has been identified in only a few cases. Examples include the enzymes whose substrates are groundwater contaminants such as trichloroethene (TCE), cis-dichloroethene (cDCE) and vinyl chloride (VC). The associated rdhA genes, namely tceA, bvcA, and vcrA, along with the D. mccartyi 16S rRNA gene are often used as biomarkers of growth in field samples. In this study, we monitored an additional 12 uncharacterized rdhA sequences identified in the metagenome in the mixed D. mccartyi-containing culture KB-1 to monitor population shifts in more detail. Quantitative PCR (qPCR) assays were developed for 15 D. mccartyi rdhA genes and used to measure population diversity in 11 different sub-cultures of KB-1, each enriched on different chlorinated ethenes and ethanes. The proportion of rdhA gene copies relative to D. mccartyi 16S rRNA gene copies revealed the presence of multiple distinct D. mccartyi strains in each culture, many more than the two strains inferred from 16S rRNA analysis. The specific electron acceptor amended to each culture had a major influence on the distribution of D. mccartyi strains and their associated rdhA genes. We also surveyed the abundance of rdhA genes in samples from two bioaugmented field sites (Canada and United Kingdom). Growth of the dominant D. mccartyi strain in KB-1 was detected at the United Kingdom site. At both field sites, the measurement of relative rdhA abundances revealed D. mccartyi population shifts over time as dechlorination progressed from TCE through cDCE to VC and ethene. These shifts indicate a selective pressure of the most abundant chlorinated electron acceptor, as was also observed in lab cultures. These results also suggest that reductive dechlorination at contaminated sites is brought about by multiple strains of D. mccartyi whether or not the site is bioaugmented. Understanding the driving forces behind D. mccartyi population selection and activity is improving predictability of remediation performance at chlorinated solvent contaminated sites.

Keywords: bioaugmentation, rdhA gene, Dehalococcoides, real-time PCR, chlorinated ethenes (CE), groundwater bioremediation, bioestimulation, reductive dechlorination

INTRODUCTION

There are thousands of public and private sites with chlorinated solvent groundwater contamination problems (McCarty, 2010). Chlorinated volatile organic compounds (cVOCs) such as tetrachloroethene (PCE) and trichloroethene (TCE) as well as their daughter products including the isomers of dichloroethene (DCE) and vinyl chloride (VC) are highly toxic compounds and TCE and VC are recognized human carcinogens by the National Toxicology Program. Clean-up of groundwater contaminated with these compounds takes time and is costly. Biostimulation (electron donor addition) and bioaugmentation (addition of inoculum) have gained significant acceptance as viable approaches for treatment of chlorinated ethenes in the subsurface (Stroo et al., 2010). The primary biotransformation mechanism for chlorinated ethenes in groundwater is reductive dechlorination under anaerobic conditions, which involves a stepwise replacement of Cl atoms with H atoms following the sequence: PCE, TCE, DCE (mainly cDCE), VC and finally non-toxic ethene (Maymó-Gatell et al., 2001; Duhamel et al., 2002, 2004; Cupples et al., 2003).

Diverse anaerobic microorganisms (e.g., Dehalococcoides, Desulfitobacterium, Dehalobacter, Sulfurospirillum, Desulfuromonas, Geobacter, Dehalogenimonas) can couple reductive dechlorination of chlorinated ethenes with growth in a process called organohalide respiration (Gerritse et al., 1996; Krumholz, 1997; Holliger et al., 1998; Luijten et al., 2003; Sung et al., 2006a; Moe et al., 2009). Nonetheless, dechlorination beyond DCE and VC has only been shown so far for members of the Dehalococcoidales, namely Dehalococcoides and Dehalogenimonas (Maymó-Gatell et al., 1997; Cupples et al., 2003; He et al., 2003; Duhamel et al., 2004; Sung et al., 2006b; Manchester et al., 2012; Yang et al., 2017). In practice, owing to subsurface heterogeneity, natural reductive dechlorination is incomplete in some locations, resulting in the accumulation of the daughter products cDCE and the carcinogen VC (Henry, 2010). This is generally attributed to poor mixing, lack of appropriate Dehalococcoides mccartyi organisms or electron donor, or inhibition of terminal dechlorination steps (Stroo et al., 2010).

Biostimulation and bioaugmentation with mixed cultures containing D. mccartyi can overcome stalling at cDCE or VC and reduce the time to clean up (Ellis et al., 2000; Major et al., 2002; Lendvay et al., 2003; Hood et al., 2008; Stroo et al., 2010; Dugat-Bony et al., 2012; Pérez-de-Mora et al., 2014; Kocur et al., 2016). The abundance of D. mccartyi in groundwater is most often assessed via quantitative PCR (qPCR) of the 16S rRNA gene (Rahm et al., 2006a; Lee et al., 2008; Hatt and Löffler, 2012; Hatt et al., 2013). While the abundance of D. mccartyi is general strongly correlated with dechlorination, sometimes dechlorination is still incomplete even at high abundance. The dechlorinating abilities of D. mccartyi strains is determined by the its complement of reductive dehalogenase genes and their activity. Thus, D. mccartyi strains with identical 16S rRNA may differ in the chlorinated compounds that they can respire and dehalogenate. Reductive dehalogenase enzymes (RDases) catalyze the cleavage of the carbon-halogen bond, and thus are an additional biomarker for tracking D. mccartyi strains. RDases are heterodimeric, membrane-bound enzymes, consisting of a catalytic active A unit of about 500 amino acids (aa) anchored outside of the cytoplasmic membrane by a small (100 aa) predicted integral membrane B subunit. These subunits are encoded by the so-called rdhA and rdhB genes, respectively (Smidt and de Vos, 2004). Due to their hydrophobic nature, oxygen sensitivity and complex association, only a few RDases have been biochemically characterized to date. Among these are the enzymes catalyzing the conversion of PCE to cDCE (coded by the pceA gene) and TCE to VC (coded by the tceA gene), as well as the RDases catalyzing the conversion of cDCE to ethene (coded by the bvcA and vcrA genes) (Magnuson et al., 1998, 2000; Krajmalnik-Brown et al., 2004; Müller et al., 2004; Fung et al., 2007; Tang et al., 2016). Quantitative PCR methods that target these specific genes have been developed and are being increasingly used as prognostic and diagnostic tools in the field to overcome the limitations of the 16S rRNA gene (Rahm et al., 2006b; Ritalahti et al., 2006, 2010; Lee et al., 2012; Lu et al., 2015).

The genomes of more than 10 D. mccartyi isolates have now been sequenced. These genomes are highly streamlined (∼1.4 Mb) and striking in their similarity, differing primarily in two regions termed High Plasticity Regions (HPR) on either side of the origin of replication (ORI). Each genome harbors many distinct full-length rdhAB homologous genes per genome (e.g., 17 in strain 195, 32 in strain CBDB1 and 36 in strain VS) (Kube et al., 2005; McMurdie et al., 2009; Seshadri et al., 2005). Hundreds if not thousands more putative rdhAB genes have been identified from metagenome sequencing efforts. Owing to the lack of functional characterization for most of this protein family, a sequence identity-based classification of orthologs into groups based on >90% aa identity was developed (Hug et al., 2013). This sequence-based classification was adopted prior to having a crystal structure to identify active site and other key residues. Fortunately, the two crystal structures recently solved (Bommer et al., 2014; Payne et al., 2015) support the original classification. The database of sequences and new ortholog groups continues to expand (Hug et al., 2013; Hug, 2016).

In this study, we aimed to distinguish different D. mccartyi strains from each other in mixed cultures and groundwater, where multiple D. mccartyi strains coexist. We define strains as genetic variants of D. mccartyi (e.g., differing in their rdhA complement) that have not necessarily been isolated as pure cultures. Our final aim was to better understand the contribution of native vs. introduced D. mccartyi to overall remediation at two contaminated sites where mixed dechlorinating culture KB-1 was used for bioaugmentation.

As it is very difficult to find unique regions within the genomes to distinguish strains, we decided to focus on quantifying a broader suite of rdhA genes, including both characterized and uncharacterized rdhA genes. We first compared the rdhA complement in the metagenome of the mixed culture KB-1 with those of eleven isolated D. mccartyi strains to identify rdhA sequences (and their corresponding Ortholog Groups) that are less commonly shared between strains. Methods for qPCR were developed for the selected rdhA genes and these assays were first tested in subcultures of KB-1 enriched on different chlorinated ethenes. Here, we hypothesized that a larger number of D. mccartyi strains should be present in the TCE-amended subcultures compared to those amended with cDCE, VC, or 1,2-DCA, because the latter have fewer dechlorination steps. Finally, we used the selected suite of rdhA genes to explore strain dynamics in groundwater samples from two sites that had been bioaugmented with KB-1.

MATERIALS AND METHODS

Cultures and Growth Conditions

The KB-1 consortium is a functionally-stable enrichment culture that originated from microcosms consisting of aquifer material from a TCE-contaminated site in southern Ontario (Duhamel et al., 2002). KB-1 is routinely maintained in batch mode with TCE as electron acceptor, and dechlorinates PCE through TCE, cDCE, and VC to ethene. A transfer from the original KB-1 culture has been grown and used commercially for more than a decade for bioaugmentation at cVOC-contaminated sites1. The main organisms in the KB-1 culture have been investigated over the years via clone libraries, qPCR and metagenome sequencing (Duhamel and Edwards, 2006, 2007; Chan et al., 2011; Hug, 2012; Hug et al., 2012; Waller et al., 2012). Two dechlorinating genera have been identified in the culture, namely Dehalococcoides and Geobacter, that are supported by many other organisms such as fermenters, acetogens, and methanogens (Hug et al., 2012; Waller, 2009). Many years ago, the original TCE-fed KB-1 enrichment culture was used to inoculate various sub-cultures maintained on different terminal electron acceptors (TCE, cDCE, VC and 1,2-dichloroethane [1,2-DCA]). These subcultures have been maintained with methanol (M), hydrogen (H2), or a mixture of methanol and ethanol (ME) as electron donor. Supplementary Table S1 summarizes the main features and growth conditions of all the different cultures studied with the name format indicating electron acceptor amended/donor used and year created. The commercial KB-1 culture (KB-1®) is referred to as TCE/ME_2001_SiREM in Supplementary Table S1. All cultures were grown anaerobically in a defined minimum mineral medium (Duhamel et al., 2002). Cultures maintained at the University of Toronto are grown either in 0.25 L bottles sealed with screw caps with mininert valves or in 1 or 2 L glass bottles sealed with black butyl stoppers. Typically, bottles contained 10% by volume of headspace flushed with a N2/CO2 80%/20% as needed. These cultures are kept in the dark in an anaerobic glovebox at room temperature (22–25°C). At SiREM, KB-1 is grown in 100 L stainless steel vessels at 22–25°C. At the University of Toronto, dechlorinating cultures were typically re-amended every 2–3 weeks. Cultures maintained at SiREM are re-amended more frequently, typically every 3 to 4 days, as substrate is depleted.

KB-1 Metagenome Data and rdh Sequences

The parent KB-1 culture has been maintained at the University of Toronto since 1998 with TCE as the electron acceptor and methanol as the electron donor. This culture is referred to as “TCE/M_1998_Parent” in Supplementary Table S1 and all other KB-1 enrichments originated from this parent culture. The partially assembled metagenome sequence of TCE/M_1998_Parent is publically available at the Joint Genome Institute (JGI)2. Details on the extraction of genomic DNA for sequencing and the assembly of the KB-1 metagenome and of a draft chimeric genome of D. mccartyi strains are provided elsewhere (Hug et al., 2012; Islam et al., 2014). As the core genome of all D. mccartyi strains is almost identical, the search for unique non-coding regions in the metagenome yielded no positive results. The only differences found during comparative metagenomics were associated with the coding regions of the rdhA genes of the HPR regions. A total of 31 distinct rdhA gene sequences have been identified in the KB-1 cultures from multiple investigations (Hug, 2012; Hug and Edwards, 2013). Thirty sequences are associated with D. mccartyi, whereas one sequence is from the Geobacter population present in KB-1. Supplementary Table S2 compiles all previously identified KB-1 rdhAB sequences, which include the original 14 sequences found by Waller et al. (2005) as well as those identified more recently from metagenome sequencing (Hug et al., 2012) where an additional 13 rdhAB full sequences and two rdhA partial sequences were annotated (Hug and Edwards, 2013; Hug et al., 2013). For ease of reference and consistency, these additional rdhAB sequences have been renamed and are now deposited to Genbank under the accession numbers KP085015- KP085029 to replace the previous JGI gene locus tags (Supplementary Table S2).

Phylogenetic Analysis of rdhA Sequences

A total of 249 D. mccartyi rdhA sequences from sequenced and characterized isolated strains were retrieved from NCBI for phylogenic comparisons. These sequences include available sequences from eleven isolated and sequenced D. mccartyi strains, an incomplete set of 3 rdhA sequences from strain MB (available at the time of retrieval), and the rdhA sequences found in KB-1. The number of rdhA sequences contributed by each strain was as follows: 195 (17), Bav1 (10), BTF08 (20), CBDB1 (32), DCMB5 (23), FL2 (14), GT (20), GY50 (26), JNA (19), MB (3), VS (37), and KB-1 (28 [Dhc]+1 [Geobacter]). Two of the KB-1 D. mccartyi rdhA sequences and sequence VS_1308 are only partial sequences (less than 850 nucleotides) and were therefore not included in phylogenetic comparisons. Files containing all amino acid and nucleotide sequences as well as matching of tree nomenclature with protein names can be found in a folder labeled rdhA_Dhc_seq150420 at the following address: https://docs.google.com/folder/d/0BwCzK8wzlz8ON1o2Z3FTbHFPYXc/edit.

Phylogenetic analysis of rdhA nucleotide sequences, including bootstrapping, was performed with the ClustalX free software (version 2.0.12; University College Dublin3). All sequences were compared to each other by separate pairwise comparisons using the dynamic programming method with a gap opening of 10 (range of 0–100) and a gap extension of 0.1 (range 0–100). Results were then computed into a DNA weight matrix that determines the similarity of non-identical bases. Based on the DNA weight matrix, a dendrogram was constructed which in turn serves as guide for the final multiple alignment. Settings for the final multiple alignment were as follows: a gap opening penalty of 10 (range 0–100), a gap extension penalty of 0.2 (range 0–100), a delay divergent sequences switch set at 30% divergence and a DNA transition weight of 0.5 (range 0–1). The IUB weight matrix was used for computation. A phylogenetic tree was built using the Neighbor Joining (NJ) Algorithm with the same program. The NJ-tree was visualized and further edited with Figtree (version 1.4.0.1; Institute of Evolutionary Biology, University of Edinburgh4). The midpoint criterion was used for rooting.

A phylogenetic analysis based on rdhA amino acid sequences was also computed using the ClustalX v2.0.12. For computing the alignment, the following protein gap parameter options were considered: (i) the residue specific and hydrophilic residue penalties options were enabled, (ii) a gap separation distance of 4 (range 0–100) and (iii) no end gap separation, which treats end gaps the same way as internal gaps, was allowed. The phylogenetic tree was built using the Neighbor Joining (NJ) Algorithm and further visualized and edited with Figtree v1.4.0. As for the nucleotide-based phylogenetic tree the midpoint criterion was used for rooting. Ortholog groups were highlighted on the trees with Adobe Illustrator.

Groundwater Sampling and Site Description

Groundwater was collected from two TCE-contaminated sites prior to and after bioaugmentation with KB-1. The first site was located in Southern Ontario (ISSO site) and was characterized by contaminants in fractured bedrock. Supplementary Figure S1A shows details of relevant sampling dates and events related to this site. Samples corresponding to three different phases of the remediation were investigated: (i) predonor or pretreatment phase, (ii) biostimulation phase, consisting of the daily addition of ethanol as an electron donor and (iii) bioaugmentation phase, following the inoculation of KB-1 (Supplementary Figure S1A). At the ISSO site, a groundwater recirculation system consisting of two injection and three extraction wells was installed to improve the distribution of electron donor (ethanol) and microorganisms (Supplementary Figure S1B). During both the biostimulation and bioaugmentation phases, ethanol was added on a daily basis. Bioaugmentation with KB-1 consisted of one single addition of approximately 100 L of culture. Groundwater samples for molecular analysis were obtained from the composite pipeline, where groundwater from the three extraction wells was combined (Supplementary Figure S1B). Additional information on this site can be found in an earlier published study reporting on a microbial community survey at the site (Pérez-de-Mora et al., 2014).

The second site is located in the United Kingdom and consisted of a pilot test cell (30 m × 7 m × 4 m) for treatment of a DNAPL source area (∼1000 kg of DNAPL within the cell). The cell was conceived as an “in-Situ Laboratory” for investigating source area bioremediation (SaBRE project5). The relevant sampling dates and events related to this site and a sketch with sampling locations are shown in Supplementary Figures S2A,B. Samples for investigation were collected: (i) prior to any remediation action; and (ii) after donor addition of one single dose of donor SRSTM, a commercially available emulsified vegetable oil (Terra Systems, Inc.) and bioaugmentation with KB-1 (Supplementary Figure S2A). Groundwater was collected from fully screened sampling wells (SW) at four locations within the test cell: (i) at the influent (INF); (ii) within the source zone (SW70); (iii) within the plume (SW75); and (iv) at the effluent (EFF), also within the plume. The test cell was operated initially for a 90-day baseline period to establish steady-state pre-treatment conditions. Groundwater was extracted at an average of 1.4 l per minute, corresponding to an average residence time within the cell of 45 days. A total of 2,400 kg of SRSTM at a 5% concentration was used as the electron donor and injected along the test cell. Two weeks after donor injection approximately 65 L of KB-1 was added using the same injection ports that were used to add electron donor. Within the test cell, both TCE and cDCE were the main cVOCs. A dissolved phase plume emanating from the source and extending more than 400 m away was further characterized by the presence of VC and ethene.

The starting point (Day 0) was defined as the day following the end of the emulsified oil injection, which took approximately 1 week to complete. Further details on the SaBRE site can be found in technical bulletins freely available on the SaBRE-CL:Aire website (see above).

Nucleic Acid Extraction

Samples were collected from eleven different enrichment cultures at one or two times each during 2011 (Supplementary Table S1). Frozen DNA samples (-80°C) from the TCE/ME_2001_SiREM culture collected over 5 years were obtained from SiREM. DNA was also extracted from groundwater samples from the two field sites described above. For extraction and isolation of genomic DNA (gDNA), samples from cultures (10–50 mL) or groundwater (200–1000 mL) were filtered through SterivexTM (Millipore, MA, United States) (0.22 μm pore size) filters using a centrifugal pump and dual-trap (two liquid traps in series) system. Filters were subsequently stored at -80°C until further processing. For gDNA extraction, the casing of the filter was opened and the filter cut in about 30 pieces of similar size. The latter were introduced into a 2 mL nucleic acid extraction tube containing buffers and beads (Mo Bio Laboratories UltraClean® Soil DNA Isolation Kit, CA, United States) and DNA extraction was completed following the manufacturer’s instructions. Elution of nucleic acids from the silica membrane was performed using 50 μL of UltraPureTM DNase/RNase-Free distilled water (Invitrogen, CA) for samples from cultures as well as from the ISSO site in Canada, whereas 920 μL were used for elution of samples from the SaBRE site in the United Kingdom.

Quantitative PCR (qPCR) Amplification of Extracted DNA

Quantification of the 16S rRNA gene of Dehalococcoides and Geobacter-KB1 as well as a total of 15 D. mccartyi rdhA genes plus one Geobacter rdhA gene from the KB-1 culture was achieved via qPCR on an Opticon 2 thermocycler (MJ Research). Supplementary Table S3 provides details on the primer pairs used, their annealing temperatures and the length of the amplicon generated. With the exception of five genes (KB1-6/bvcA, KB1-14/vcrA, KB1-27/tceA, KB1-1 and KB1-5), new primers were designed for all other rdhA genes in this study. The specificity of the primers was tested in silico against the public NCBI NR nucleotide database and tested in vitro against DNA extracted from mixed dechlorinating and non-dechlorinating cultures. Supplementary Table S4 shows the number of mismatches for each primer pair with sequences belonging to the ortholog group of the targeted rdhA gene. The PCR reaction (20 μL) consisted of: 10 μL of SsoFastTM EvaGreen® Supermix (Bio-Rad, CA), 0.5 μL of each primer (10 mM), 7 μL of UltraPureTM DNase/RNase-Free distilled water (Invitrogen, CA) and 2 μL of template. The amplification program included an initial denaturation step at 98°C for 2 min followed by 40 cycles of 5 s at 98°C and 10 s at the corresponding annealing temperature. A final melting curve from 70 to 95°C degrees at increments of 0.5°C per second was performed. Since two concentrations were tested per template (undiluted and 10-fold diluted) for assessment of potential matrix-associated inhibitory effects, reactions for each dilution were performed in duplicate. The undiluted sample generally contained between 10–20 ng of DNA per μL as measured using a Nanodrop spectrophotometer (Thermo Scientific, DE). Generally, there was good agreement between the two measurements. Ten-fold serial dilutions of plasmid DNA containing one copy of the 16S rRNA gene or the rdhA gene (∼1000–1500 bases) were used as calibrators. Plasmids for calibration were prepared by PCR amplifying the desired rdhA from KB-1, inserting the gene into the pCR 2.1 PCR vector and subsequently transforming the construct into TOP10 Escherichia coli competent cells (Invitrogen, CA) as per the TOPO TA cloning® kit (Invitrogen, CA). Plasmid DNA was purified using the GenEluteTM Plasmid Miniprep Kit following the manufacturer’s instructions (Sigma-Aldrich, MO). DNA was eluted using 50 μL of Ultra Pure DNase/RNase-free distilled water (Invitrogen, CA). Standard curves exhibited linear behavior (R2 > 0.990) when plotted on a logarithmic scale over seven orders of magnitude. Supplementary Table S5 provides the details on the standard curves for each primer pair, including slopes (efficiencies), Y-intercepts and calibration model fit. The specificity of the amplicons was checked by melt curve analysis as well as by agarose gel electrophoresis for selected samples. Non-template controls were included in each run. Absolute gene copy concentrations for all cultures and field samples are provided as Supplementary Tables S6–S8. The method detection limits (MDLs) were expressed in terms of gene copies per L of groundwater or per mL of culture and varied depending on the volume of sample filtered and the volume employed for elution of DNA from the purification column. The MDLs for each set of samples are provided in Supplementary Table S9.

Cluster Analysis of rdhA Sequences and Calculation of rdhA/16S rDNA Dhc Ratios

Phylogenetic analysis of rdhA nucleotide and amino acid sequences, including bootstrapping, was performed with the ClustalX free software (version 2.0.12; University College Dublin6). Protein sequences were clustered into ortholog groups as previously defined [90% pairwise identity in amino acid alignments as per (Hug et al., 2013)]. The similarity of the Dehalococcoides populations in the various KB-1 subcultures was investigated on the basis of their rdhA fingerprints (rdhA/16S rRNA gene Dhc ratios) by means of hierarchal cluster ordination analysis. The latter was performed with the free software Hierarchal Clustering Explorer (HCE) (version 3.5; Human-Computer Interaction Lab, University of Maryland7). The Unweighted Pair Group Method with Arithmetic Mean (UPGMA) was used as linkage clustering method, whilst Pearson’s correlation coefficients were used to construct the similarity distance matrix. Heatmaps generated with the HCE v3 software were further edited manually for scale optimization in Excel 2010.

RESULTS AND DISCUSSION

Reductive Dehalogenase (rdhA) Genes in the KB-1 Consortium

As the core genome of all D. mccartyi strains is almost identical, the metagenome search for unique non-coding regions that could differentiate different strains yielded no positive results. As a consequence, efforts were turned to the complement of rdhA genes, which does vary significantly between strains. To visualize sequence similarities, we constructed phylogenetic trees using 249 amino acid (Figure 1) and nucleotide (Supplementary Figure S3) sequences that included all full RdhA sequences found in the KB-1 metagenome as well as those identified in 11 isolated and sequenced D. mccartyi strains. Amino acid sequences belonging to the same ortholog group (OG), defined as having >90% PID (Hug et al., 2013), are highlighted in different colors on the phylogenetic trees. These highlighted branches clearly support the classification and reveal how some RdhA sequences are common to all strains, while others only in a few (Figure 1). When the same sequences are compared at the nucleotide level (Supplementary Figure S3) identity within an ortholog group can be substantially lower than 90%. The terminology reductive dehalogenase homologous genes (rdhA) was adopted years ago, and perhaps implies more knowledge of common ancestry than is in fact known; still, it is not unreasonable to suspect that these genes arose from either speciation (orthologous) or duplication (paralogous) events. Herein we use the term “ortholog” to refer to rdhA genes that group together according to the classification system cited above. The term “homologous” is used to refer to all rdhA genes regardless of which ortholog group they belong to.
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FIGURE 1. Phylogenetic tree of Dehalococcoides mccartyi reductive dehalogenases based on amino acid sequences. Tree includes sequences predicted from 248 rdhA genes found in eleven isolated D. mccartyi strains as well as those found in the mixed dechlorinating culture KB-1, including the rdhA gene sequence found in Geobacter KB-1 as an outgroup. The scale is the number of substitutions per amino acid. Bootstraps are shown at tree nodes. Sequences names are colored corresponding to their source as shown in the legend at bottom left. The numbers and different branch colors highlight ortholog groups (OGs) where sequences have >90% PID. Sequences corresponding to characterized RDases are circled and their substrates shown in the top right legend (chlorinated substrate abbreviations as in text, plus TeCB, tetrachlorobenzene; TCB, trichlorobenzene).



The phylogenetic analysis of 249 D. mccartyi RdhA sequences generated a total of 43 ortholog groups (OG) including 6 previously un-described groups (OG 52 to 57). Of the 249 sequences analyzed in 2016, 37 sequences remained ungrouped, meaning without a single ortholog (Figure 1). At the amino acid level, none of the KB-1 D. mccartyi RdhA sequences is unique because each is more than 90% similar to a sequence in at least one other D. mccartyi strain. The existence of numerous shared rdhA genes among D. mccartyi is consistent with their co-localization with insertion sequences and other signatures for horizontal gene transfer, and within genomic islands in high plasticity regions (McMurdie et al., 2009).

Selection of Suite of Distinguishing KB-1 rdhA Genes

We selected a total of 15 characterized and uncharacterized rdhA sequences to track using qPCR. Ten uncharacterized rdhA sequences, KB1-25 (OG56), KB1-11 (OG37), KB1-12 (OG18), KB1-16 (OG50), KB1-17 (OG 49), KB1-19 (OG36), and KB1-23 (OG29), were selected as those with the fewest orthologs in other strains based on our trees (Figure 1 and Supplementary Figure S3). KB1-15 (OG39) and KB1-18 (OG14) were selected because they were found on the same contig in the KB-1 metagenome and both share homology to genes in strains GT, CBDB1, DCMB5, and JNA, therefore they may be mobilized together (Figure 1). We included KB1-4 (OG13) because it appears to have orthologs in all other strains and could be useful for normalization, similar to the 16S rRNA gene. To this set of 10 uncharacterized genes, we added five more genes of interest: KB1-1 (OG10), KB1-5 (OG15), KB1_14/vcrA (OG8), KB1_6/bvcA (OG28) and KB1_27/tceA (OG5). KB1-1 and KB1-5 were selected because their corresponding proteins have previously been detected in KB-1 (Tang et al., 2013; Liang et al., 2015). Furthermore, KB1-5 (OG 15) which is expressed upon starvation, is orthologous to DET1545 from Strain 195 (Rahm and Richardson, 2008; Tang et al., 2013). KB1_14, KB1_6 and KB_27 correspond to the functionally-characterized vinyl chloride and trichloroethene reductases VcrA, BvcA, and TceA, respectively. We designed qPCR primers to these 10 uncharacterized genes, and used previously designed primers for the remaining 5 genes (Supplementary Table S4). Next we monitored the abundance of this suite of rdhA genes in DNA samples from 11 different KB-1 enrichment sub-cultures maintained over years on different chlorinated electron acceptors (Supplementary Table S1).

Quantification of rdhA Genes in KB-1 Enrichments With Different Chlorinated Electron Acceptors

To reflect shifts in D. mccartyi populations, qPCR results for each sample are presented as rdhA gene copies divided by 16S rRNA gene copies to provide an approximation of the relative proportion of each rdhA gene per D. mccartyi genome. D. mccartyi are known to harbor only one copy of the 16S rRNA gene per genome. rdhA/16S rRNA ratios were visualized using heatmaps with values ranging from above 0.6 (where more than 60% of all D. mccartyi genomes in the culture contains that gene) to less than 0.001 (where the gene is present in fewer than 0.1% of the D. mccartyi populations) (Figure 2). Although the primers were designed to target specific KB-1 rdhA sequences, most sequences within the same ortholog group would likely also be amplified. Supplementary Table S4 compiles all mismatches found between primers used and other sequences in the corresponding OG.
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FIGURE 2. Cluster analysis and heatmaps showing D. mccartyi rdhA/16S rRNA gene copy ratios measured in KB-1 enrichment cultures. (A) Shows how data clustered by the chlorinated electron acceptor amended to individual enrichment cultures as well as by rdhA sequence. The name format indicates electron acceptor amended/donor used_year created, followed by date sampled (e.g., TCE/M_1999 jan11 is a TCE and methanol enrichment culture first established in 1999 and sampled in January of 2011). The numbers on the cluster branches of both axes indicate the percentage similarity between samples based on the Pearson’s correlation coefficient. (B) It is a heatmap of rdhA/16S rRNA gene copy ratios in the SiREM KB-1 culture over 5 years. Cultures indicated with ∗ or ∗∗ are those used for bioaugmenting field sites in 2007 (SaBRE) and 2009 (ISSO).



Dehalococcoides mccartyi rdhA/16S rDNA gene copy ratios measured in KB-1 enrichment cultures (Figure 2) revealed more variability of D. mccartyi strains than anticipated, considering the number of years of enrichment and the fact that they all originated from a common parent culture. Clustering analysis revealed rdhA genes common to all cultures and rdhA gene specific to a particular chlorinated electron acceptor. For instance, all subcultures were found to contain KB1-1 (OG10) (ratios all greater than 0.6), and to have consistently abundant rdhA sequences of KB1-4 (OG13) and KB1-5 (OG15), and KB1-14 (vcrA; OG8). The most striking finding (Figure 2A) is the clustering of specific patterns with terminal chlorinated electron acceptor. The VC enrichments show the lowest diversity of rdhA sequences and the most concordance between enrichments. These enrichments contain high abundances of 6 genes (KB1-1, KB1-14/vcrA, KB1-11, KB1-4, KB1-15, and KB1-18) with more variable but still abundant presence of KB1-5, KB1-23 and KB1-12. Other rdhA sequences are near or below detection. The cDCE enrichments form their own cluster, distinct from the VC enrichments, because they contain significant abundance of the KB1-6/bvcA gene, and much lower proportions of KB1-23 and KB1-12. These cDCE enrichments were the only ones consistently enriched in bvcA. The 1,2-DCA enrichments also formed a distinct cluster characterized by high ratios for KB1-16, KB1-17, KB1-19, KB1-25 as well as KB1-27/tceA. Finally, the TCE cultures reflect a blend of all the other enrichments, showing more variability, although favoring an rdhA ratio pattern most like the VC enrichments.

The clustering analysis also revealed co-variation among some of the rdhA genes regardless of the enrichment, suggesting co-location of these genes on the same genome as is the case of KB1-15 and -18, and possibly also KB1-16, -17, -19, and -25 (Figure 2A). The Geobacter rdhA gene was detected at similar abundance to the Geobacter 16S rRNA gene only in the TCE-amended cultures (at approximately 15–25% of Dhc abundance); in all other enrichments Geobacter 16S rDNA and rdhA genes were below the detection limits (Supplementary Tables S6, S7), as expected since Geobacter only dechlorinates PCE or TCE as far as cDCE. In control DNA samples from cultures without D. mccartyi, copies of rdhA genes were all below the MDL (data not shown).

The stability of the rdhA fingerprints over time was also assessed. For the VC, 1,2-DCA and cDCE enrichments, two samples from the same enrichment culture bottle were analyzed at 4 or 9 month’s intervals (January and October or June and October, 2011; Figure 2A). There was good agreement between the two time points, although small differences likely reflect changes in relative abundance of D. mccartyi strains in batch incubation conditions. For the TCE/ME_2001_SiREM culture, five DNA samples over a time span of 5 years (2004, 2005, 2006, 2007, and 2009) were available, and were investigated using a subset of rdhA genes (Figure 2B). The rdhA fingeprint was relatively stable over time except for three rdhA genes, namely KB1-18, KB1-15, and KB1-6/bvcA. Ratios for KB1-18 and KB1-15 gradually shifted from greater than 0.6 in 2004 to less than 0.01 and even less than 0.001 by 2009. KB1-6/bvcA ratios fluctuated over this time period between 0.01 and 0.1. As noted already, KB1-18 and KB1-15 appear to co-vary, supporting their co-localization in the same genome. These two genes are abundant in VC, cDCE, and 1,2-DCA enrichment cultures but not in the TCE enrichments and diminished over time in the TCE/ME_2001_SiREM. These data reveal that the dominant VC-dechlorinating, vcrA-containing D. mccartyi strains are not the same in the TCE and VC enrichment cultures. It appears that the dominant D. mccartyi strain more recently present in the VC/H2 sub-cultures is more similar to the one that was originally present in the parent culture, and that this population has been gradually surplanted in TCE/ME_2001_SiREM culture. This data indicates that a major shift can also happen in the rdhA fingerprint of a mixed culture even when maintained consistently on the same electron acceptor. This is different to the wholesale changes observed when the electron acceptor is changed, where a shift in the dominant D. mccartyi population may happen much faster, as demonstrated in studies by Mayer-Blackwell et al. (2014, 2016) where the dominant D. mccartyi population in a bioreactor shifted over a period of 50–100 days when the electron acceptor was switched for 1,2-DCA from TCE. In the field, significant changes in Dhc populations may also be expected within a few months due to changing conditions: for instance, in electron acceptor availability.

The clustered data for 15 rdhA genes across 14 DNA samples from 11 different cultures yielded four major groups corresponding to each of the four chlorinated electron acceptors (Figure 2A). To create a more visual representation of the distribution of these rdhA genes in the two High Plasticity Regions (HPRs) of D. mccartyi genomes, we mapped corresponding OG groups in the order and HPR they typically appear in published genomes (Figure 3). This map provides evidence not just of multiple strains but also of likely gene insertions and/or deletions (e.g., bvcA in the HPR1). As indicated previously, the considerable variability in the rdhA to 16S ratios within each culture and electron acceptor group was at first very surprising, because the cultures all derive from the same parent and have been enriched for so long on the same substrate. We expected to see only one clearly dominant population, especially in the VC to ethene and 1,2-DCA to ethene cultures that involve only a single dechlorination step. What the data show instead is a more complex pattern in each group, suggesting the presence of more than one D. mccartyi population even in the single-dechlorination step, highly enriched VC/H2 cultures. We repeated many of the DNA extractions and qPCR reactions to verify results, with no appreciable changes. Recent analysis of these enrichments yielded similar results (data not shown). Early experiments by Duhamel et al. (2002, 2004) and Waller et al. (2005) had identified at least two distinct D. mccartyi populations (KB1-PCE and KB1-VC), the former containing KB1-6 (bvcA) and the latter not; these two strains could actually also be distinguished by a single nucleotide difference in their 16S rRNA sequences (Duhamel et al., 2004). Subsequently, Hug (Hug, 2012) was unable to close the assembly of a D. mccartyi genome from the KB-1 TCE/M_1998 parent culture metagenome, particularly in the high plasticity regions rich in rdhA genes, because of the presence of multiple, highly similar D. mccartyi populations. Considering the cluster diagram by enrichment culture (Figure 2A; right side), we can perhaps infer at least four distinct populations based on rdhA distribution in the TCE enrichments, at least two in the VC enrichments (one with and one without rdhA KB1-12 (OG18), at least two in the cDCE enrichments and three in the 1,2-DCA enrichments (Figure 3). In an attempt to verify these results, we sequenced metagenomes from representative VC, cDCE, and 1,2-DCA enrichments. Sequencing has confirmed the presence of multiple distinct D. mccartyi genomes in all enrichment cultures, even in the VC enrichments, upholding these results (data not shown; manuscript in preparation). The co-existence of multiple D. mccartyi strains at different cell densities within these enrichments likely arises from subtle substrate preferences of the expressed reductive dehalogenases and competition for available nutrients and vitamins. Functional characterization of some reductive dehalogenases reveals substrate overlap yet specific substrate preferences as observed for BvcA and VcrA (Yan et al., 2012). Moreover, availability and type of corrinoid can alter rates of dechlorination for certain enzymes (Yan et al., 2016). Low abundance populations may persist in these cultures because they are maintained in batch mode, with infrequent medium changes and thus long residence times from 30 to 100 days.
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FIGURE 3. Distribution of most abundant D. Mccartyi reductive dehalogenase homologous (rdhA) genes quantified in KB-1 enrichment cultures. RdhA sequences are represented by their corresponding ortholog group (OG) numbers and relative positions in High Plasticity Regions (HPR) 1 and 2, as defined by McMurdie et al. (2009).) (A) Circular map of four Dehalococcoides genomes reproduced from McMurdie et al. (2009), illustrating the two high plasticity regions where most rdhA genes are found; origin is at top. (B) Relative position of all of the rdhA sequences quantified by qPCR in this study. (C–F) Most abundant rdhA genes detected in the respective enrichment culture samples, with evidence for considerable strain variation within and between enrichment cultures. OG numbers that are gray correspond to genes that are abundant in only some of the samples from the respective enrichments. See Supplementary Table S3 or Figure 1 for correspondence between OG and KB-1 rdhA numbers.



Quantification of rdhA Genes in Site Groundwater

A suite of 12 rdhA genes representative of both dominant and minor D. mccartyi strains was used to monitor population shifts before and after bioaugmentation with KB-1 (TCE/ME_2001_SiREM) at two TCE-contaminated sites: one in Canada (ISSO) and another site in the United Kingdom (SaBRE). At the United Kingdom site, the abundance of Geobacter 16S rRNA and rdh genes were also monitored.

The results from the Canadian ISSO site revealed that the two most abundant rdhA genes in native populations (monitored prior to any treatment) were orthologs to KB1-4 and KB1-6/bvcA, but that their titers were barely above detection limits, at approximately 3 × 105 copies per L (Supplementary Table S8). Although the bvcA-encoded dehalogenase is known to catalyze the dechlorination of cDCE all the way to ethene (Holmes et al., 2006), there was little dechlorination beyond cDCE before electron donor amendment (Pérez-de-Mora et al., 2014). During biostimulation with electron donor prior to bioaugmentation, D. mccartyi and vcrA copy numbers increased significantly, reaching a vcrA/16S rRNA gene ratio near one (Figure 4A), indicating growth of vcrA-bearing native populations. The abundance of rdhA genes orthologous to KB1-11, KB1-15, KB1-18 also increased during this period (Figure 4A). After bioaugmentation with KB-1, the rdhA profile did not change substantially, even though higher ethene concentrations and faster dechlorination were observed (Figure 4A). A reduction of the bvcA/16S rRNA gene ratio from ∼0.5 to 0.1 was the most notable change during this period (Figure 4A). The native populations that grew upon electron donor addition (prior to inoculation) harbored orthologs of 6 out of the 12 KB-1 rdhA genes monitored. From the data after bioaugmentation, it is clear that the dominant D. mccartyi populations from the KB-1 inoculum were not the ones responsible for the enhanced ethene production observed because KB1-12 and KB1-23 sequences that were dominant in the inoculum were not enriched in samples from the site. Instead a low-abundance D. mccartyi population in the inoculum grew at the site or, alternatively, bioaugmentation may have provided supporting organisms that enhance dechlorination of VC by the native D. mccartyi. This result is in agreement with previous analyses of data from this site (Pérez-de-Mora et al., 2014) that suggested that growth of a Bacteroidetes present in KB-1 capable of ethanol fermentation enhanced ethenogenesis after bioaugmentation. Other fermenters or acetogens capable of producing the lower base of vitamin B12, namely dimethylbenzimidazole (DMB), which is required by VcrA, may have grown at the site, although this could not be shown for the known strains in KB-1.


[image: image]

FIGURE 4. Heatmaps showing D. mccartyi rdhA/16S rRNA gene copy ratios in field samples. (A) Canadian ISSO site. (B) United Kingdom SaBRE site. Corresponding absolute copies of D. mccartyi per L and concentrations of chlorinated ethenes are represented on the right side of each panel. Data from the ISSO site are from the composite pipeline (see Supplementary Figure S1). Data from the SaBRE site are from the influent (INF), sampling wells (SW70 and SW75) and effluent (EFF) of the test plot (see Supplementary Figure S2).



The rdhA survey also revealed D. mccartyi population shifts as dechlorination progressed in the field (Figure 4A). Specifically, prior to any active treatment and when cDCE was the dominant cVOC, bvcA and KB1-4 were the most abundant rdhA genes found, a feature only seen with the cDCE enrichments in the KB-1 subculture survey. During biostimulation with electron donor, there was a gradual decrease in cDCE concentration and an increase in the concentration of VC and ethene. After 15 months of biostimulation (Month 18), the relative abundance of several other rdhA genes increased to above 10%, including genes similar to KB1-11, KB1-15, KB1-18, and especially vcrA (Figure 4A). This parttern of rdhA genes was also seen in the KB-1 VC enrichments. Three months after bioaugmentation (Month 22), the proportion of ethene relative to VC and cDCE further increased. Here, the bvcA ratio decreased to less than 0.1 while the vcrA ratio remained at approximately 1. At Month 30, when there was almost no VC or cDCE left, the vcrA ratio returned to below 0.6. At this time, relative abundance of KB1-12 decreased substantially; these rdhA was also found to vary between enrichment cultures.

Ratios describe shifts in the underlying D. mccartyi strains, but the absolute abundance of D. mccartyi is also relevant to observed dechlorinating activity. Major changes in absolute abundance of rdhA genes KB1-11, KB1-15, KB1-18, and KB1-14/vcrA were observed as well, starting from below detection limit (<∼105 copies L-1) up to 0.9–3 × 106 copies L-1 (Supplementary Table S8). The abundances of vcrA and D. mccartyi 16S rRNA genes increased up to the end of the monitoring period (Month 30) reaching concentrations of 1.6 × 106 and 6 × 106 copies L-1, respectively. For the rdhA genes KB1-12 and KB1-23, characteristic of the dominant D. mccartyi populations in the inoculum (Figure 4A), there was no such significant change, further indicating that this population did not contribute to the enhanced dechlorination observed after bioaugmentation.

The rdhA gene suite also was used to investigate groundwater from the SaBRE bioaugmentation trial within a test cell at a TCE-contaminated site in the United Kingdom. Prior to any treatment, D. mccartyi gene copy numbers were below the detection limit (<6 × 104 gene copies L-1) in all wells studied except the effluent (EFF) location where D. mccartyi titers of about 105 gene copies L-1 were detected (data not shown). No significant VC and ethene concentrations were measured in these wells prior to treatment. Unfortunately, no samples were collected during biostimulation prior to inoculation of KB-1 (all data provided in Supplementary Table S8). Two weeks after bioaugmentation with KB-1 and about a month after a single donor addition event, D. mccartyi titers increased by three orders of magnitude in SW70, reaching 108 gene copies L-1 (Supplementary Table S8). In a sample from this well, all KB-1 biomarkers characteristic of the original inoculum, that is KB1-4, KB1-11, KB1-12, KB1-14/vcrA, and KB-23 were found to have rdhA ratios greater than 0.6 (Figure 4B). The KB-1 Geobacter 16S rRNA gene and the Geobacter rdhA gene were also detected at significant titers in the range 0.8–4.6 × 107 copies L-1 (Supplementary Table S8). These data indicate that the dominant KB-1 D. mccartyi strain in the inoculum grew within the test cell, at least in the vicinity of this particular well (SW70).

In samples from SW-70 taken 10 and 15 months after donor addition, the ratios of KB1-11, KB1-12, and KB1-23, abundant in the inoculum and at 1 month, gradually decreased from values greater than 0.6 down to 0.1 (Figure 4B). The decrease of the ratio for KB1-23 was even more pronounced with a conservative estimate of 0.001 at month 15. Over the same time, the vcrA ratio remained greater than 0.6, while the bvcA ratio increased from less than 0.01 to about one (Figure 4B), indicating a dramatic shift in the dominant D. mccartyi strains with time in this well. A feature of this site was the consistently high concentrations of cDCE that seems to have led to the growth of bvcA-containing strains. At month 15, downgradient sampling locations SW75 and EFF were dominated by KB1-6/bvcA, KB1-4 and KB1-14/vcrA, and were similar to well SW70. At the influent (INF) sample location, upgradient of where the inoculum was added, gene copy numbers of D. mccartyi and rdhA genes were all below their detection limits. Curiously, the rdhA and 16S rRNA genes from Geobacter were detected at levels just above the detection.

The Canadian ISSO and United Kingdom SaBRE sites differed in many ways. The former Ontario site had one order of magnitude lower cVOC concentrations, more complete dechlorination to ethene, a more-readily fermentable substrate (ethanol vs. emulsified oil) and a recirculation system that provided better mixing of substrates and microorganisms. The SaBRE site had higher concentrations of VOCs, giving rise to higher microbial and ethene concentrations than at the Canadian site, although the dominant compound at the site was cDCE. Particularly interesting at the SaBRE site was the co-presence of both vcrA (KB1-14) and bvcA (KB1-6) after month 10 at SW70 and after month 15 at both SW75 and Effluent. Co-presence of bvcA and vcrA at field sites has been reported in various studies, with greater abundance of bvcA over vcrA at some sites and vice versa at others (Lee et al., 2008; Carreon-Diazconti et al., 2009; van der Zaan et al., 2010; Atashgahi et al., 2017). Such differences have been attributed to redox potential, with bvcA perhaps more abundant under less reducing conditions (van der Zaan et al., 2010). The redox potential at SaBRE was relatively low (-200 to -400 mV) and consistent over the length of the cell and the experimental time. Based on our laboratory cultures enriched with cDCE, it seems more likely that the high concentrations of cDCE and VC at a site exerted significant selective pressure on D. mccartyi strains harboring different rdhA genes, mimicking what we also observed in enrichment cultures.

Our results show that tracking specific rdhA fingerprints is challenging due to growth of minor populations of D. mccartyi either from native or inoculum-derived strains. Still, the approach employed in this study did reveal significant differences regarding the growth of the bioaugmented inoculum at the two sites. In future studies, it will be necessary to first identify site-specific rdhA genes that are not present at all in bioaugmentation cultures like KB-1, to track growth of indigenous populations. Perhaps a screening approach such as outlined in Hug and Edwards (2013) based on a set of 46 primer pairs to all known rdhA sequences, or the approach by Mayer-Blackwell et al. (2014) should be used to identify rdh genes in native strains prior to bioaugmentation. Then subsequent screens may be more discriminating.

More significantly, this study found clear selective pressure on D. mccartyi populations from the most abundant terminal chlorinated electron acceptor present. In both field samples and in well-established enrichment cultures, we found that D. mccartyi are not a homogeneous population but rather a complex and diverse mixture of strains harboring different complements of rdhA genes that respond and perhaps adapt selectively to external conditions – in particular electron acceptor – as revealed herein by monitoring rdhA/16S rRNA gene of Dhc ratios. The success of biostimulation and bioaugmentation approaches relies on the growth of populations with enzymes that actively convert chlorinated ethenes past VC to ethene. It seems that specific rdhA sequences confer populations and, by extent, mixed dechlorinating cultures, with fitness advantages depending on their local environment, and suggests that bioaugmenting with more refined cultures acclimated to intermediates like cDCE or VC that tend to accumulate at some sites may help to overcome stall and achieve complete dechlorination at some contaminated sites.

This study also underpins the need to further understand the role of horizontal gene transfer in these dechlorinating communities as suggested by the insertion/deletion of rdhA genes observed in the metagenomes of the KB-1 subcultures (Figure 3). These rdhA genes are often situated in regions of the genome that suggest potential for mobilization; yet we have no idea how quickly and under what conditions rdhA gene transfer occurs in organohalide-respiring bacteria such as Dehalococcoides. This may be particularly relevant for bioaugmented sites where native and non-native populations coexist.
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Little is known about the diversity and succession of indigenous microbial community during debromination of polybrominated diphenyl ethers (PBDEs). This study examined the diversity and dynamics of microbial community structure in eight saline (mangrove and marine) and freshwater sediment microcosms exhibiting different debrominating capabilities for hexa-BDE 153, a common congener in sediments, using terminal restriction fragment length polymorphism (T-RFLP) and clone library analyses. The results showed that microbial community structure greatly differed between the saline and freshwater microcosms, likely leading to distinct variations in their debrominating capabilities and pathways. Higher relative abundances of Chloroflexi and Deltaproteobacteria succeed by Alphaproteobacteria and Betaproteobacteria were detected in the two mangrove microcosms with the fastest debrominating capabilities mainly via para pathway, respectively; the dominance of Alphaproteobacteria resulted in less accumulation of tetra-BDEs and more complete debromination of lower brominated congeners (from di- to tetra-BDEs). Meanwhile, the shifts in both microbial community structure and PBDE profiles were relatively small in the less efficient freshwater microcosms, with relatively more ortho and meta brominated products of BDE-153 resulted. Coincidently, one of the freshwater microcosms showed sudden increases of Chloroflexi and Deltaproteobacteria by the end of incubation, which synchronized with the increase in the removal rate of BDE-153. The significant relationship between microbial community structure and PBDEs was confirmed by redundancy analysis (18.7% of total variance explained, P = 0.002). However, the relative abundance of the well-known dechlorinator Dehalococcoides showed no clear correlation with the debrominating capability across different microcosms. These findings shed light in the significance of microbial community network in different saline environments on enhancement of PBDE intrinsic debromination.
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INTRODUCTION

Polybrominated diphenyl ethers (PBDEs) are highly diverse, toxic and persistent organohalides, prevalent in sediments and soils around the world (Oros et al., 2005; Binelli et al., 2007; Li et al., 2012; Zhu et al., 2014a; McGrath et al., 2017). They share the structural similarity and environmental fate with other highly halogenated compounds like polychlorinated biphenyls (PCBs) and have been included in Stockholm Convention (2009) on the list of persistent organic pollutants (POPs). Concerns about their bioaccumulation and potential endocrine, reproductive and behavioral toxicity effects to human and wildlife have posed urgent needs for their remediation (Lam et al., 2010; Chakraborty and Das, 2016).

Microbial debromination of PBDEs played a major role in PBDE dissipation in soil, compared to plant uptake and other physiochemical processes (Huang et al., 2010). It has been well documented that PBDEs could be transformed to less-brominated congers under both aerobic and anaerobic conditions by bacterial isolates or consortia (Robrock et al., 2008; Lee et al., 2011; Ding et al., 2013; Zhang et al., 2013). The only key biodegradation mechanism for certain recalcitrant and highly brominated BDE congeners is reductive dehalogenation, during which the organohalides could serve as electron acceptors for bacteria to derive energy for their growth under anaerobic conditions (Mohn and Tiedje, 1992). This specific group of bacteria is known as organohalide-respiring bacteria (OHRB), which have been identified from limited bacterial phyla of Chloroflexi, Firmicutes, and Proteobacteria (Hug et al., 2013). Different OHRB exhibited highly specialized capabilities for the debromination of different BDE congeners (He et al., 2006; Robrock et al., 2009; Yang et al., 2015), suggesting that complete or effective remediation of PBDEs required the cooperation of different OHRB, and with other bacterial functional groups such as those capable of cleavage of aromatic rings. Moreover, in situ microbial remediation process would largely depend on the degradation network of the indigenous microbial community present (Lovley, 2003). However, our current knowledge of the diversity and dynamics of indigenous microbial community involved in the whole PBDE debrominating process is very limited.

Previous studies of PBDE remediation were mainly conducted in electronic wastes contaminated soils, sewage sludge and river sediments (Yen et al., 2009; Shih et al., 2012; Song et al., 2015; Stiborova et al., 2015). Microbial debromination could be enhanced by addition of co-substrates or electron donors, priming with other halogenated compounds, and stimulation with electrochemical technology (Gerecke et al., 2005; Qiu et al., 2012; Yang et al., 2013; Huang et al., 2014). More recent studies followed the application of new functional materials such as tourmaline, nanoscale zero-valent iron and carbonaceous materials during PBDE remediation (Zhang et al., 2014; Cai et al., 2015; Ma et al., 2016; Zhu et al., 2016). But exploration of PBDE debromination under natural environments were rather limited, especially in the marine/saline environments (Zanaroli et al., 2015). Nevertheless, our previous study showed that different types of sediments varying in salinity had great impacts on debromination of hexa-BDE153. More rapid and complete reductive debromination was observed in mangrove and marine sediments than in freshwater sediments (Zhu et al., 2014b). Although microbial reductive dechlorination potential and activities have been reported in marine coastal and subseafloor sediments (Futagami et al., 2013; Matturro et al., 2016a), studies focusing on the role of indigenous microbial community in reductive debromination in marine environments is scarce.

Additionally, most of the known OHRB were isolated from freshwater environments, with only seven (out of 74) from marine and estuarine sediments, and the phylogeny and functional diversity of certain genus like Dehalococcoidia were found more likely regional specific, e.g., greatly differing between marine and freshwater environments (Atashgahi et al., 2016; Zinder, 2016). Thus, the distribution of the extensively studied Dehalococcoidia in marine environments and their role in intrinsic debromination are also of particular interest to be explored.

In the present study, the structure and dynamics of indigenous microbial community were examined across eight different sediment microcosms varying in reductive debrominating capabilities for BDE-153 over a course of 90 days. We aimed to test the hypothesis if the debromination potential of different sediments was determined by their indigenous microbial community structure. Besides, the phylogeny of the microbial community involved in PBDE debromination was revealed to infer the role of the known OHRB during intrinsic debromination.

MATERIALS AND METHODS

Sample Description

Sediment slurry samples were taken from the batch microcosm experiment for evaluation of the intrinsic debromination potential of different sediments collected from Hong Kong, SAR. There were eight sediment microcosms, including five mangrove sediments from Mai Po Ramsar wetland (MP), Sha Tau Kok (STK), Ting Kok (TK), Ho Chung (HC), and Tai O (TO), two freshwater pond sediments from Mai Po (MPf) and Nam Sang Wai (NSW), and one marine sediment from Sai Kung (SK) (Supplementary Figure S1). The five intertidal mangrove sediments (MP, STK, HC, TK, and TO) were dominated by Kandelia obovata, with the salinity ranged from 29 to 35‰, pH from 7.55 to 7.92 and the total organic matter (TOM) from 2.07 to 8.98%, while the two freshwater sediments (MPf and NSW) were dominated by Phragmites australis with the salinity from 6 to 8‰, pH from 7.35 to 7.48 and the TOM from 6.59 to 7.22%. The marine sediment (SK) had a salinity of 34‰, pH of 8.08 and TOM of 3.54%.

The detailed set-up of the microcosms has been described by Zhu et al. (2014b). In brief, the minimal salt medium (MSM) containing (in g L-1): K2HPO4, 0.27; KH2PO4, 0.35; NH4Cl, 2.7; MgCl26H2O, 0.1; CaCl22H2O, 0.1; and the trace elements made up of FeCl24H2O, 0.009; MnCl24H2O, 0.004; ZnCl2, 0.0014; CoCl46H2O, 0.001 and (NH4)6 Mo7O244H2O, 0.001 was prepared as described previously (Li et al., 2009). The salinity was adjusted to be the same as that in the original sediment sample by adding appropriate amounts of NaCl into the MSM. The medium was autoclaved at 121°C for 30 min, then freshly prepared L-cysteine and sodium sulfide (Na2S) (0.2 mM each) were added aseptically to eliminate residual oxygen. For each microcosm, 100 mL of the sterilized MSM were dispersed into a 250-mL Quickfit conical flask, 20 g of fresh sediment were then aseptically added in an anaerobic glove box under the flux of nitrogen gas and mixed thoroughly with the medium to form the sediment slurry. The anaerobic condition was maintained using N2 refilling method, and all the microcosms were acclimated for 2 weeks. After acclimation, 200 μL stock solution of BDE-153 (Chem Service, AccuStandard, purity >99%) at 100 mg L-1 in acetone was spiked into each microcosm to obtain a nominal concentration of BDE-153 at 1.0 mg kg-1 (freeze-dried weight). The sediment slurry was shaken after spiking to let the slurry equilibrated with BDE-153 and let the small volume of acetone (0.2%) evaporated according to the previous study of Zhong et al. (2006). The actual spiked concentration of BDE-153 at day 0 was determined to be 1.08 ± 0.08 mg kg-1 (mean and standard deviation of three replicates). The solvent control with acetone was not included, as Fagervold et al. (2005) reported that the solvent control without the target pollutants, i.e., PCBs, showed little effects on the microbial dechlorinating activity and community profiles. All the microcosms in triplicates were incubated at 28°C on a horizontal shaker at 150 rpm for 90 days, to ensure the homogeneity of the sediment slurry. At regular time intervals, a 2 mL slurry was subsampled from each microcosm using sterile disposable syringes for PBDE analysis, in parallel, another 2 mL slurry was collected at days 1, 15, 30, 60, and 90, and stored at -70°C for later microbial community analysis.

DNA Extraction and PCR Amplification

Genomic DNA was extracted from 0.25 g of sediment using the FastDNATM SPIN Kit for Soil (MP Biomedicals, Irvine, CA, United States). The bacterial 16S rDNA genes were amplified using the universal primers 8F: 5′-AGA GTT TGA TCC TGG CTC AG-3′ and 1492R: 5′-GGC TAC CTT GTT ACG ACT T-3′ (Lane, 1991). The 8F primer was labeled at the 5′ end with 6-carboxy-fluorescein phosphoramidite (FAM). The PCR cocktail composed of 10 μL 5× colorless GoTaqTM Flexi Buffer, 3 μL of MgCl2 (25 mM), 1 μL of dNTP (10 mM), 0.5 μL of each primer (10 μM), 0.25 μL of GoTaqTM Hot Start Polymerase (5 U μL-1) (Promega, Madison, WI, United States), 1 μL template DNA (3–10 ng), and the volume was made up to 50 μL using nuclease-free H2O. The PCR condition was an initial denaturation at 94°C for 3 min; 30 cycles of 94°C, 45 s denaturation; 55°C, 45 s annealing; 72°C, 60 s extension; followed by a final extension at 72°C for 7 min. The PCR products (1.5 kb) were then verified by running a 1.2% (w/v) agarose gel electrophoresis in 1× Tris-acetate-EDTA (TAE) buffer (pH 7.4).

Terminal Restriction Fragment Length Polymorphism (T-RFLP) Analysis

The PCR products were concentrated and purified using the AxyPrepTM DNA Gel Extraction Kit (Axygen, United States), which resulted in sufficient abundance of T-RFs for detection after digestion with the restriction enzyme (the next step). Aliquots of the purified PCR products (500–800 ng) were digested with the restriction enzyme HaeIII at 37°C according to the manufacture’s protocol (New England Biolabs, Inc., United Kingdom). The total volume of the digestion system was 40 μL. Digested products were precipitated by two volumes of cold absolute ethanol at -20°C overnight, centrifuged at 14,000 rpm at 4°C for 20 min and washed with 100 μL of 70% cold ethanol. After centrifugation, the DNA pellets were dissolved in 20 μL of nuclease-free water. Purified products (10 μL) were mixed with 0.5 μL of the internal size standard (ET ROX-550, Amersham, United States). This mixture was denatured for 2 min at 95°C and immediately chilled on ice before electrophoresis on a MegaBASE genetic analyzer (Amersham, United States) operated in a Genotyping mode at the Coastal Marine Laboratory, Hong Kong University of Science and Technology.

The basic T-RF calling was performed using a Genetic Profiler in the MEGABACE software package (Amersham, United States). For each sample, peaks over a threshold of 50 fluorescence units were used, and T-RFs of <60 bp and >550 bp were excluded from the analysis to avoid detection of primers and uncertainties of size determination, respectively. The raw data file exported from MEGABACE was re-formatted and then processed by T-REX software developed by Culman et al. (2009), which helped to determine a baseline threshold for the identification of true peaks over noise, align T-RFs in all samples and construct data matrices based on the area of T-RF peaks.

A phylogenetic assignment tool, TRiFLe program for in silico T-RFLP analysis with user-defined sequence sets, was adopted (Junier et al., 2008). A total of 2,533 bacterial sequences tagged with “marine sediments” were selected from the RDP database and used as the reference data set for the simulation of the T-RF size distribution and identification of the candidate species in the sediment samples.

Cloning and Phylogenetic Analysis

16S rRNA gene fragments from the genomic DNA from microcosms were amplified with the universal bacterial primer pairs of 8F and 1492R as described above. The PCR amplicons were checked by agarose gel electrophoresis, purified and cloned to pGEM-T Easy Vector System I (Promega, Madison, WI, United States) according to the manufacturer’s instructions. Positive colonies were selected randomly and sent to a company (Beijing Genomics Institute, Shenzhen, China) for sequencing. Near-complete 16S rRNA gene sequences were obtained and compared to other sequences via the Basic Local Alignment Search Tool (BLAST) of the National Centre for Biotechnology Information (NCBI1). The 16S rRNA gene sequences obtained from the clone libraries in this study have been deposited in NCBI GenBank database under the following accession numbers: MH091074- MH091326. The phylogenetic tree was constructed by the neighbor-joining method in MEGA 5.0 package as described by Tamura et al. (2011).

Quantification Analysis of Dehalococcoides sp. by qPCR

Real-time PCR was performed using an ABI 7300 real-time PCR instrument (Applied Biosystems, Carlsbad, CA, United States) with genus-specific primers for Dehalococcoides sp. (Deh467F and Deh564R) and universal primers for total bacteria (341F and 534R) (Muyzer et al., 1993; Freeborn et al., 2005). The amplification was performed in 25-μL reaction mixtures composed of 1×ABI SYBR® Green Master Mix (Applied Biosystems, Carlsbad, CA, United States), 0.2 μM of each primer and 2 μL of DNA template, containing 1–10 ng μL-1 of DNA. The amplification program and efficiency has been described in our previous study (Wang et al., 2015). The relative abundance of Dehalococcoides sp. was determined by normalizing the quantitative results of the specific genes to the total amount of bacterial 16S rRNA gene copies within the same sample (van der Zaan et al., 2010).

Statistical Analysis

The peak area data from T-RFLP analysis were analyzed by clustering and multidimensional scaling (MDS) analyses, as suggested by Culman et al. (2008), for the T-RFLP datasets with high beta diversities (≥2). Clustering and MDS analyses for the matrix of peak area were based on [Log(x+1)] transformation of percentage values and Bray–Curtis similarity. Significant differences between neighboring samples were evaluated by similarity profile (SIMPROF) tests with a significance level at 0.05 in cluster analysis. Exploratory tool similarity percentage analysis (SIMPER) was also used to study the similarity between complex T-RFLP profiles. The above analyses were performed using the PRIMER 6 software package (Clarke and Gorley, 2006). The PAST program (PAlaeontological STatistics ver.1.64) was used to calculate the Shannon and Simpson diversity indices. The relationship between the profiles of T-RFLP and different PBDE congeners were investigated using redundancy analysis (RDA), after checking the length of gradient of T-RFLP dataset (to be 3.360) by detrended correspondence analysis (DCA) in the CANOCO program for Windows v4.5 from Microcomputer Power (Ithaca, NY, United States). Monte Carlo permutation test was performed to test the significance of the first and all canonical axes in RDA.

RESULTS

Debrominating Pattern of BDE-153 in Different Sediments

Our previous study showed that reductive debromination of BDE-153 was detected more extensive in mangrove and marine sediments (the removal rate of BDE-153 up to approximately 98% after 90 days), than in the freshwater pond sediments. The half-lives of BDE-153 in the sediment microcosms varied from 7.6 days in STK to 165.0 days in MPf (Zhu et al., 2014b). The sequential debrominating products of hexa-BDE 153 ranging from penta- to di-BDEs were found in all the sediment microcosms after 90 days, however, the dominant BDE homolog groups varied greatly among sediments with different debrominating rates (Figure 1). Lower brominated congeners (di- and tri-) were detected within 15 days in STK and TO, the two most efficient sediment microcosms, and their proportions increased after 30 days of incubation, accounted for around 20% in STK and 14–34% in TO, while BDE-153 rapidly decreased during this period. In contrast, the proportions of these lower brominated congeners in the other sediment microcosms were very low (less than 3%). Penta- and tetra-BDEs were found as the main daughter BDE congeners in STK and TO, accounting for 53–62% of the total BDE congeners. However, tetra-BDEs were more dominant than penta-BDEs in TO after 30 days of incubation but the percentages of tetra- and penta-BDEs were more or less the same in STK, suggesting TO had a more rapid transformation of BDE-153 and penta-BDEs but slower transformation of tetra- to lower brominated products, which was quite different from that in STK. In the other mangrove and marine sediment microcosms, penta- and tetra-BDEs formed in a sequential manner, and their respective proportions ranged from 7 to 41% and from less than 3 to 24%. Only 4 to 21% of penta-BDEs were found in the freshwater microcosms (NSW and MPf) after 60 days onwards, and tetra-BDEs were even lower (less than 3%), suggesting much lower transformation abilities for hexa-BDE 153 in the freshwater microcosms.
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FIGURE 1. Debromination pattern of BDE-153 to less-brominated congeners over time in the eight sediment microcosms. Data plotted are the mol percentage of the peak area of a BDE congener to the total peak areas of all BDE congeners identified in GC/MS chromatograms. Mean values of three replicates are shown. STK, TO, TK, HC, and MP are intertidal mangrove sediments collected from Sha Tau Kok, Tai O, Ting Kok, Ho Chung and Mai Po, respectively; SK is marine sediment collected from Sai Kung; MPf and NSW are fresh pond sediments collected from Mai Po nature reserve and Nam Sang Wai.



T-RFLP Analysis of Total Microbial Communities

The 16S rRNA fragment genes were fingerprinted with T-RFLP to monitor the dynamics of microbial community structure across 40 different sediment samples during debromination of BDE-153. Totally, there were 270 T-RFs generated by HaeIII digestion, with an average richness (number of T-RFs in each sample) of 36.1. The sample heterogeneity (also known as beta diversity) of T-RFLP dataset was very high (to be 6.5, greater than 5) as suggested by McCune and Grace (2002). The heterogeneity of the microbial community from replicated samples of the same treatment was small according to our previous study using fatty acid methyl ester (FAME) analysis and others with T-RFLP analysis (Sipilä et al., 2008; Wang Y.F. et al., 2014). Non-linear ordination method, MDS was thus employed to resolve the similarity of our T-RFLP data, which included 40 sediment samples at five sampling times from Days 1 to 90(Figure 2).
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FIGURE 2. Sample scatter plot of multidimensional scaling (MDS) analysis of T-RFLP profiles of total bacterial community from the eight sediment microcosms at Days 1, 15, 30, 60, and 90 after spiked with BDE-153. Neighboring samples clustered at a similarity level of 20 and 30% are indicated.



All the sediment samples were firstly clustered along the salinity gradient, with mangrove and marine sediments on the left side and freshwater sediments on the right side of the MDS scatter plot. The mangrove sediments could be further separated with marine sediments from SK along the second axis, except for STK sediments collected after Days 60 and 90. The average similarity for each sediment site was calculated by SIMPER analysis, showing the temporal change was greatest in STK (21.94) and minimized in NSW (39.32). From the scatter plot, all the mangrove sites showed a clear temporal shift after Days 60 and 90 during the debrominating process, as well as for the freshwater sediment microcosm MPf after 90 days. By contrast, such temporal shifts were insignificant in marine microcosm SK and another freshwater microcosm NSW at a similarity level of 30%.

Dynamics of the dominant terminal restriction fragments (T-RFs) were examined to identify the key bacterial species involved in PBDE debromination (Figure 3). For the two most active mangrove microcosms STK and TO, they shared T-RFs 206, 271 and 208 at Days 1 and 15, while the number of their shared T-RFs decreased from 23 to 9 after 90 days, with T-RFs 216, 231, and 194 dominated at STK and T-RFs 266 and 316 dominated at TO after Day 60, respectively. T-RFs 271 and 208 were also detected as dominant T-RFs in TK and HC at Day 1, but the dominant T-RFs shifted to 254, 314, and 192 bp in TK and HC after 60 days. Accordingly, the T-RFLP patterns in TK and HC were the most similar (average dissimilarity = 74.20, SIMPER) compared with other pairs of sediment microcosms. The dominant T-RFs in marine sediment SK resembled those detected in mangrove sediments, except for T-RFs 238(at D1–D15), 261 (at D30–D90) and 411. The freshwater sediment NSW also held unique dominant T-RFs such as 230 (at D1–D15) and 337 (at D60–D90). However, it was interesting to find that both mangrove and freshwater sediments collected from MP shared certain dominant T-RFs, such as 193, 215, 221–225, and 306, but these T-RFs became dominant at different timing.
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FIGURE 3. Relative abundance of HaeIII digested 16S rDNA T-RFs from total bacterial communities in the eight sediment microcosms from Days 1 to 90. The symbol color and size indicate the relative abundance of each T-RF as percentage of total peak area (log transformed).



Molecular identification of the dominant T-RFs with cumulative contribution to the differences in T-RFLP profiles over time greater than 50% in each sediment microcosm were summarized (Table 1). The dominant T-RFs in mangrove and marine microcosms from Days 1 to 30 were identified to contain 16S rRNA gene sequences similar to uncultured deltaproteobacterium clones (T-RFs 206, 208, 238) and two strains from the Firmicutes family of Clostridiaceae (T-RFs 257 and 271). The two T-RFs 225 and 220 were abundant in mangrove and freshwater microcosms from Mai Po at Day 1 and both belonged to the phylum of Chloroflexi. The partial 16S rRNA sequences of dominant T-RFs from Days 60 to 90 matched with more bacterial phyla, including Actinobacteria (T-RF 231, STK), Betaproteobacteria (T-RF 198, STK), Alphaproteobacteria (T-RFs 192, 253/254, mangrove microcosms), candidate division OP8 (T-RF 261, SK), and Bacteroidetes (T-RF 411, SK). T-RFs 266 and 316 enriched in TO after Day 60 were closely related to Clostridium algidicarnis and another uncultured Firmicutes, respectively. T-RF 215 shared by the two microcosms from Mai Po after Day 30 were 98% similar in the partial 16S rRNA sequence to one uncultured deltaproteobacterium clone, which was also detected from the anaerobic microbial community in oil-polluted subtidal sediments reported by Acosta-González et al. (2013).

TABLE 1. Molecular identification of the dominant terminal restriction fragments (T-RFs) with cumulative contribution to differences of T-RFLP profiles over time greater than 50% in each sediment microcosm by SIMER analysis.

[image: image]

Microbial Diversity and Phylogeny Involved in Debromination

Eight bacterial 16S rRNA clone libraries were constructed from four representative anaerobic microcosms of TO, STK, SK, and MPf at Days 1 and 90, respectively. Phylogenetic analysis revealed that 261 full-length 16S rRNA sequences were related to 20 bacterial phyla, including Gamma-, Alpha-, Delta-, and Beta-proteobacteria (n = 130, 50%), Bacteroidetes (n = 28, 11%), Firmicutes (n = 27, 10%), and Chloroflexi (n = 20, 8%). Other phyla with a few clones (less than 5% of the total), such as Verrucomicrobia, Actinobacteria, Planctomycetes, Acidobacteria, Gemmatimonadetes, and Chlorobi, as well as two candidate phyla WS3 and OP8, were also present (Figure 4). The phylum-level diversity distinctly decreased in the mangrove and marine microcosms (TO, STK, and SK) from 2.3 at Days 1 to 1.8 at Day 90 in average, while that in the freshwater microcosms (MPf) increased from 1.3 to 1.9. The distribution of dominant phyla also significantly differed between the saline and freshwater microcosms over time (Figure 4). The clones within Gamma-, Delta-proteobacteria, Bacteroidetes, Chloroflexi, and Firmicutes divisions from the saline microcosm libraries were more abundant than those from the freshwater ones, with distribution percentages accounting for 90, 90, 100, 55, and 74% of the total detected in the saline libraries, respectively. Furthermore, the percentages of the clones from the above first four phyla in the saline libraries detected at Days 1 and 90 dropped from 61 to 29%, 83 to 7%, 71 to 29%, and 50 to 5%, respectively. The respective values of the Alpha-, Beta-proteobacteria, and Firmicutes clones increased from 19 to 38%, 5 to 32%, and 22 to 52% in the saline libraries, but decreased from 24 to 19%, 50 to 14%, and 19 to 7% in the freshwater ones. The bloom of Chloroflexi (from 0 to 45%) was observed in MPf at Day 90, followed by that of Deltaproteobacteria (from 0 to 10%). Cluster analysis, in good accordance with the T-RFLP profiles, revealed a close clustering of the samples from MPf at Day 90 with those from STK and SK at Day 90, although the samples from STK, TO and SK microcosms differed greatly from MPf at Day 1 (Supplementary Figure S2).
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FIGURE 4. Phylogenetic composition of the eight 16S rRNA gene clone libraries constructed from STK, TO, SK, and MPf sediment microcosms at Days 1 and 90, respectively.



A phylogenetic tree of all the 16S rRNA gene clones was constructed to clearly display the phylogenetic distribution of the whole microbial community across different microcosms and their phylogenetic association with 14 known dehalogenators (Figure 5). It was further explored on the major differences in the microbial community structure between STK and TO at Day 90, as these two most efficient microcosms also showed distinct PBDE profiles. Chromatiales, Rhodocyclales, and Clostridia were ranked as the three most abundant bacterial classes in TO, while Verrucomicrobia, Rhizobiales and unclassified Alphaproteobacteria were the three most dominant classes in STK (Table 2).
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FIGURE 5. Neighbor-joining phylogenetic tree of the 261 16S rRNA nucleotide sequences obtained from the STK, TO, SK, and MPf sediment microcosms at Days 1 and 90 with reference to members of 14 known dehalogenators (1) Shewanella sediminis strainHAW-EB3 (NR_074819.1); (2) Ruegeria sp. TM1040 (CP000377.1:144962-146416); (3) Anaeromyxobacter dehalogenans strain 2CP-1 (AF382396.1); (4) Desulfomonile limimaris (AF282177.1); 5. Desulfovibrio sp. TBP-1 (AF090830.1); (6) Desulfovibrio dechloracetivorans strain SF3 (NR_025078.1); (7) Acetobacterium sp. AG (JQ627627.1); (8) Dehalobacter restrictus (U84497.2); (9) Dehalobium chlorocoercia DF-1 (AF393781.1); (10) Dehalococcoides sp. BAV1 (AY165308.1); (11) Dehalococcoides mccartyi GY50 (NC_022964.1:c841590-840096); (12) Dehalococcoides sp. MB (EU073964.1); (13) Dehalococcoides mccartyi strain 195 (NR_114415.1); and (14) Dehalospirillum multivorans (X82931.1).



TABLE 2. Relative abundance (%) of classes of Proteobacteria, Chloroflexi, and Firmicutes that known to contain organohalides-respiring bacteria (OHRB).
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Of the 20 OTUs of Chloroflexi, only one OTU (D90-MPf-22), identified as Dehalogenimonas lykanthroporepellens (95% similarity), fell into the class of Dehalococcoidetes and closely clustered with the most extensively studied Dehalococcoides spp. (Bootstrap value = 87). Another OTU of two Firmicutes clones (D90-TO-14 and D90-TO-22) were identified as Desulfitobacterium sp. and affiliated with Dehalobacter restrictus (U84497.2) (Bootstrap value = 100). One OTU (D90-STK-4) identified as Ruegeria sp. were also clustered with the Alphaproteobacterial OHRB Ruegeria sp. TM1040 (CP000377.1:144962-146416) (Bootstrap value = 64).

Molecular Detection and Quantification of Dehalococcoides 16S rRNA Genes

All the sediment microcosms held 16S rRNA gene copies of the total bacteria and Dehalococcoides within the range of 106–109 and 102–106, respectively, suggesting the relative abundance of Dehalococcoides sp. within the whole microbial community was less than 1%. The relative abundances of Dehalococcoides sp. were above 10-4 at Day 1 in all the sediment microcosms, followed by “down-up” fluctuations from Days 1 to 30, and the fluctuations varied at different degrees among sediment microcosms in the later stage (Supplementary Figure S3). Notably, the relative abundances of Dehalococcoides sp. were found much higher in NSW at each sampling time (around 10-4 ∼ 10-3) but became the lowest in the marine sediment SK after 60 days (as low as 10-6).

DISCUSSION

Relationship Between Microbial Community Structure and Their Debrominating Capability

To our knowledge, this study presents the first attempt to compare the microbial community structure from different types of sediments with varying reductive debrominating capabilities. This is a crucial step to explore the key debrominating microorganisms responsible for the in situ bioremediation processes (Lovley, 2003). The distribution of the well-known OHRB, i.e., Dehalococcoides, Dehalobacter, and Desulfitobacterium, has previously been examined across debromination microcosms with 28 different soils and sediments, but their presence or absence was not necessarily related to the debrominating activity of samples (Lee and He, 2010). In the present study, the distinct different debrominating capabilities of sediment microcosms between saline and freshwater environments have been shown to rightly correspond to the differences in their microbial community structures (Figure 2). The significant relationship between microbial community structure determined by T-RFLP profiles and PBDE debrominating pattern was further confirmed using RDA, as previously demonstrated by Xu et al. (2012)). The first and all canonical axes contributed to explain 6.4 and 18.7% of the total variance in microbial species data, with F-values of 2.321 (P = 0.005) and 1. 563 (P = 0.002), respectively. The biplot with PBDEs and samples displayed clearly that the large variance of T-RFLP profiles among different samples was mainly attributed to the debromination degree in terms of total PBDE concentration and types of BDE congeners (Figure 6). This result complemented our previous study (Zhu et al., 2014b), and provided valuable evidence into the role of indigenous microbial community in the fate of PBDEs during natural attenuation. In addition, it extended our knowledge regarding PBDE debrominating capability mainly derived from studies with isolated dehalogenating bacteria or enriched cultures (He et al., 2006; Robrock et al., 2009; Zeng et al., 2010), which supported the differences in microbial community structure could lead to different debrominating capabilities, owing to the substrate specificity and specific debrominating pathways adopted by different OHRB species present.
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FIGURE 6. The biplot diagram with PBDEs and samples based on RDA analysis of the T-RFLP and PBDE profiles from the eight sediment microcosms from Days 1 to 90, with the size of the sample symbols corresponding to total PBDE concentration, and the pies of the sample symbols corresponding to the distribution of different groups of T-RFs that were defined in Table 1. (red: dominant T-RFs at Days 1 ∼ 30; green: dominant T-RFs at Days 60 ∼ 90; blank: the remaining T-RFs detected).



The clone library analysis revealed that the mangrove and marine microcosms exhibiting more rapid and extensive debromination of PBDEs harbored a more diverse microbial community than that in the freshwater microcosm at Day 1. The positive correlation between bacterial diversity and their degradation efficiency has also been reported by Dell’Anno et al. (2012). More importantly, the distinct distribution patterns of the dominant bacterial phyla were observed between the saline and freshwater microcosms. Deltaproteobacteria and Chloroflexi were more abundant in the saline microcosms, while Alpha- and Beta-proteobacteria dominated the freshwater microcosm at the 1st day. According to the phylogenetic distribution of the known OHRB, Deltaproteobacteria and Chloroflexi are the two major phyla that harbor non-obligate and obligate OHRB, respectively (Atashgahi et al., 2016). The Chloroflexi strains, including Dehalococcoides and o-17/DF-1 like bacteria, have frequently been identified as the key dehalogenators in the chlorinated organics-contaminated sediments, but the complete removal of the substrates usually took a few months or years (Zanaroli et al., 2012; Wang and He, 2013). However, one study reported that the co-culture consisting of Dehalococcoides and Desulfovibrio (Deltaproteobacteria) strains exhibited a rapid and complete debromination of tetra- and penta-BDEs within 14 days (Lee et al., 2011). These findings could partially explain the rapid and extensive debrominating capabilities of microbial communities from STK and TO microcosms in the present study.

Meanwhile, Alpha- and Beta-proteobacteria that dominated in MPf at Day 1 became one of the dominant phyla in STK and TO microcosms, respectively, at Day 90, when they exhibited distinctly different PBDE profiles (Figures 1, 4). The dominance of Alphaproteobacteria has also been documented in PCB dechlorinating microcosms of marine sediments by the later stage of incubation (Matturro et al., 2016c). The cooperation between Alphaproteobacterial members with the potential PBDE debrominating strains from Deltaproteobacteria and Chloroflexi was inferred by their succeed dominance in different stages of PBDE debromination, and suggested to contribute to more rapid and complete debromination in STK microcosms compared to in TO microcosms that dominated by Beta- and Gamma-proteobacteria at the same time (Table 2). The Alpha- and Beta-proteobacterial members were reported to be capable of degrading less recalcitrant and lower brominated BDE congeners (from mono- to hexa-BDEs), such as Sphingomonas sp. PH-07, Rhodococcus jostii RHA1 and Burkholderia xenovorans LB400, owing to their aromatic ring-cleavage activity (Kim et al., 2007; Robrock et al., 2009). However, information on the reductive debromination of Alpha- and Beta-proteobacteria was rather limited. It is thus essential to gain deep insights in their metabolic interactions with the known OHRB for the complete debromination of PBDEs in contaminated sediments.

Unique distribution of Planctomycetes, Gemmatimonadetes, and Verrucomicrobia in the saline sediments were detected. These phyla have also been revealed to be actively involved in organic carbon utilization in the deep-sea environments (Li et al., 2016). Besides, most of the key T-RFs enriched were identified to belong to the known OHRB phyla, except for T-RF 261 being assigned to candidate division OP8. In our previous study on constructed mangrove microcosms for treatment of a mixture of wastewater-borne PAHs and PBDEs, a candidate division OP8 clone showing a high affinity with the Dehalococcoides mccartyi 195 was also detected (Wang et al., 2015). It was also once reported in a hydrocarbon- and chlorinated-solvent contaminated aquifer during intrinsic remediation (Dojka et al., 1998) and as representative members in mangrove sediments (Ikenaga et al., 2010). Further investigation on the role of these phyla in reductive debromination is needed and may help to discover new OHRB from marine/saline environments.

Dynamics of Microbial Community Structure and Their Debrominating Capability

It was found that the more rapid and divergent succession of microbial communities in the saline microcosms largely coincided with the changes in PBDE profiles. In contrast, the shifts in both microbial community structure and PBDE profiles were relatively small in the freshwater microcosms (Figures 1, 2). Interestingly, a sudden change in the MPf microcosm till Day 90 was detected by T-RFLP analysis, with Chloroflexi and Deltaproteobacteria greatly enriched, and the removal rate of BDE-153 also greatly increased as observed in the mangrove and marine microcosms after Day 15. These results suggested that the microbial debrominating capability was not only determined by the microbial community structure, but greatly associated with the magnitude and dynamics of microbial community shifts over time. In fact, the succession of microbial community structure has been well documented in response to oil spill and could be used for prediction of the on-going remediation progress (Kimes et al., 2014). However, much less is known about microbial community shifts in response to PBDEs, further investigation is required to provide direct evidences, such as stable-isotope probing (SIP) and functional gene data, on the contribution of the enriched functional bacterial groups to PBDE debromination.

Relic DNA (referred to large amounts of extracellular DNA or in non-intact cells) has been demonstrated to significantly influence the structure of the microbial community, and its effects depended on the pH value of soil samples, which ranged from 3.5 to 8.0 as reported by Carini et al. (2016). Although the interference from relic DNA was not determined in the present study, the interference could be reflected by the dynamic analysis of the microbial community structure in each sediment microcosm, which just meant to resolve the succession of microbial communities. The pH values of the eight sediment samples in our study were all slight alkaline, from 7.4 to 8.0, so the effect of pH on relic DNA interference was considered insignificant as the pH gradient was relatively narrow. In addition, the presence of relic DNA did not obscure the detection of distinct shifts and sediment type-specific patterns in microbial communities from our sediment microcosms varying in the debromination capability.

The Role of Known OHRB During Intrinsic Debromination

So far only one isolate from the Chloroflexi, Dehalococcoides mccartyi GY50 could couple its growth with debromination of PBDEs and lead to more rapid and complete debromination compared to the co-metabolic pattern adopted by previously reported debrominating cultures (Ding et al., 2017). Detection and quantification of the well-known OHRB in dehalogenation microcosms have been widely applied to evaluate their role in intrinsic remediation processes (van der Zaan et al., 2010). Here, we only quantified 16S rRNA genes of Dehalococcoides because of the following reasons. Most of the known OHRB were isolated from the freshwater environments, with only seven originating from marine and estuarine sediments. Among the seven marine-originated OHRB isolates, two strains, i.e., o-17/DF-1 like bacteria, belong to the genus of Dehalococcoides, while the other five belonging to Delta- and Gamma-proteobacteria were all non-obligate OHRB, according to Atashgahi et al. (2016). We focused on monitoring the abundance of obligate OHRB, as many obligate degraders were identified as the key members responsible for the rapid bioremediation in marine environments, e.g., after oil spills (Yakimov et al., 2007). However, the obligate degraders were suggested as a minor seed population that would quickly withdraw after relief of the pollution stress (Yang et al., 2016). In the present study, Dehalococcoides were not dominant in the microbial community, and their relative abundances varied during the debromination process, with no clear pattern observed in relation to their debrominating efficiency across different microcosms (Supplementary Figure S1). For the role of OHRB in intrinsic debromination, Xu et al. (2012) found that that the known dechlorinating bacteria, such as Dehalobacter, showed low abundances in the enriched PBDE-degrading communities and some unclassified members could be involved in debromination by using barcoded pyrosequencing. In another recent study on tetrachloroethene (PCE) contaminated marine sediments, it has been found that the relative abundance of non-Dehalococcoides Chloroflexi retrieved from the original sediment took the predominance over Dehalococcoides sp. that added after 150 days, suggesting the important potential role of non-Dehalococcoides Chloroflexi during natural reductive dechlorination process (Matturro et al., 2016b). These results suggested that one or more unknown highly efficient debrominators rather than Dehalococcoides-like species would be present to perform extensive debromination in our microcosms.

Furthermore, different OHRB strains from even the same genus as Dehalococcoides showed quite different dehalogenation capabilities due to the different number and types of reductive dehalogenases (RDases) genes they possess (Hug et al., 2013). Recently, novel PCB dechlorinase genes pcbA1, pcbA4, and pcbA5 have been revealed in D. mccartyi strains by Wang S. et al. (2014), together with three PBDE RDases genes pbrA1, pbrA2, and pbrA3 in D. mccartyi strain GY50 by Ding et al. (2017). These important discoveries would provide more specific biomarkers targeting reductive dehalogenase genes for evaluation the role of the known OHRB in debromination processes in more depth.

CONCLUSION

This is the first study comparing the microbial community structure and dynamics across different sediments during intrinsic debromination of PBDEs. Both the microbial community structure and their succession largely attributed to variations in the debrominating capabilities and pathways among sediment types. Mangrove and marine sediment microcosms with relatively higher abundance of Chloroflexi and Delta-proteobacteria showed faster debromination compared with freshwater microcosms. Moreover, nearly complete debromination of BDE-153 could be achieved with Alpha-proteobacteria being enriched in the later stage. Freshwater microcosms exhibited relatively slow debromination but the regeneration of those functional debrominating microorganisms were detected by the end of incubation. Further investigation is needed to compare the functional diversity of microbial communities involved in debromination in saline and freshwater sediments, or under different salinity gradient, combined with culture-dependent approaches and powerful deep sequencing and environmental microbiome technologies. These findings would improve our understanding on the role of indigenous microbial community in the debromination of PBDEs in natural sediments, and indicate the great potential to enrich and isolate debrominating microorganisms from mangrove sediments for further bioremediation purposes.
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Pentachlorophenol (PCP) is highly toxic and persistent in soils. Bioreduction of PCP often co-occurs with varying concentrations of sulfate and nitrate in flooded paddy soils where each can act as an electron acceptor. Anaerobic soil microcosms were constructed to evaluate the influence of sulfate and nitrate amendments and their redox processes. Microcosms with varying sulfate and nitrate concentrations demonstrated an inhibitory effect on reductive dechlorination of PCP compared to an untreated control. Compared to nitrate, sulfate exhibited a more significant impact on PCP dechlorination, as evidenced by a lower maximum reaction rate and a longer time to reach the maximum reaction rate. Dechlorination of PCP was initiated at the ortho-position, and then at the para- and meta-positions to form 3-CP as the final product in all microcosms. Deep sequencing of microbial communities in the microcosms revealed a strong variation in bacterial taxon among treatments. Specialized microbial groups, such as the genus of Desulfovibrio responding to the addition of sulfate, had a potential to mediate the competitive microbial dechlorination of PCP. Our results provide an insight into the competitive microbial-mediated reductive dechlorination of PCP in natural flooded soil or sediment environments.
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INTRODUCTION

Pentachlorophenol (PCP) was widely used as a pesticide (e.g., herbicide and insecticide) and wood preservatives due to a broad-spectrum bactericidal activity (Olaniran and Igbinosa, 2011). Long-term exposure of humans and animals to low levels of PCP can cause damage to the liver, kidneys, blood plasma, and the nervous system (Rodenburg et al., 2010; Hiebl et al., 2011). While the use of PCP was banned in 2015 by 90 signatories to the Stockholm Convention (United Nations Environment Programme, 2015), PCP is a persistent organic pollutant and will remain a widespread problem in wetlands, aquatic environments, and soils for the immediate future (Vallecillo et al., 1999; Hong et al., 2005; Persson et al., 2007).

In the environment, PCP can be degraded through chemical, microbiological, and photochemical processes (Choudhury et al., 1986; Guemiza et al., 2017). Microbial anaerobic reductive dechlorination is considered as an environmentally friendly and low-cost method for bioremediation of soil under water logged conditions (Mcallister et al., 1996; Field and Sierra-Alvarez, 2008). Understanding the anaerobic degradation of PCP and environmental drivers which affect biodegradation is essential to improve the overall bioremediation process (Mcallister et al., 1996; Field and Sierra-Alvarez, 2008; Bosso and Cristinzio, 2014).

Under anaerobic environment, the global geochemical cycles of many elements are driven by redox processes that mediated by microorganisms in the soil environment (Dassonville et al., 2004; Kenwell et al., 2016). Oxidized compounds such as [image: image], Fe(III) minerals, and [image: image] often serve as terminal electron acceptors during microbial anaerobic respiration in soils (Adriaens et al., 1996; Lovley and Coates, 2000). In theory, electron acceptors utilized by anaerobes abided to a thermodynamically determined order, which is known as the microbial redox “tower” (Borch et al., 2010; Chen et al., 2017). Under the redox tower, [image: image] is reduced by denitrifying bacteria first, followed by reduction of manganese and iron oxides. Then, sulfate reducers covert [image: image] to sulfide and finally methanogenesis occurs. The succession of reduction potentials gives rise to a functional and metabolic diversity which moderates the rate of key biogeochemical transformation processes under anaerobic condition.

Reductive dechlorination is one of the most important degradation processes for PCP removal under anaerobic conditions. Since PCP acts as an electron acceptor, dechlorination is expected to be a competitive process with the various electron acceptors that coexist simultaneously in natural soil systems. Many studies have demonstrated that Fe(III) reduction is able to promote reductive dechlorination (Li et al., 2008; Wu et al., 2010; Cao et al., 2012) including our previous studies (Xu et al., 2014, 2015; Xue et al., 2017). In mangrove sediments, dechlorination of PCP significantly suppressed the growth of [image: image] reducers, which, in turn, facilitated the production of CH4 by diversion of electrons from [image: image] reduction to methanogenesis (Xu et al., 2015). The coupling of PCP, Fe(III), [image: image] reduction, and CH4 production has important implications for microbial community function in contaminated soils.

The presence of both nitrate and sulfate can also influence the reductive dechlorination of PCP in anaerobic soils. Low concentrations of nitrate (<1 mM) can promote iron reduction and reductive dechlorination, due to nitrate acting as nutrients; while higher concentrations of nitrate (between 1 and 30 mM) inhibited the dechlorination of PCP (Yu et al., 2014). Inconsistent effects on dechlorination due to the presence of sulfate have also been reported previously. For example, sulfate reduction has been reported to inhibit the anaerobic degradation of chlorophenol due to competitive exclusion (Alder et al., 1993). In contrast, sulfate in the presence of lactate facilitated dechlorination of PCP (Yang et al., 2009).

To date, while several studies have examined the biodegradation of PCP under different redox conditions in anaerobic environments, inconsistent results have been reported due to incongruent conditions of different studies. Aside from dynamic processes (Yoshida et al., 2007; Bosso and Cristinzio, 2014), few studies have investigated the competitive reductive dechlorination of PCP co-occurring in the presence of different electron acceptors at a community level. The recent development of Nextgen sequencing provides the ability to investigate microbial community-mediated responses that underpin the competitive reductive dechlorination of PCP co-occurring with the reduction of different electron acceptors in natural complex soil environment.

In this study, [image: image] and [image: image] were chose as two classical electron acceptors to investigate functional microbial-mediated competitive relationship between PCP dechlorination and soil redox processes. Anaerobic soil microcosms were constructed with the addition of sulfate and nitrate in varying concentrations and the microbial communities were studied in depth through 16S rRNA amplicon sequencing. We hypothesized that (1) addition of varying amounts of competitive electron acceptors, in our case sulfate and nitrate, would vary PCP dechlorination rates due to their relative different thermodynamic potential in regards to the redox tower and (2) under the increasing sulfate and nitrate reducing conditions, microbial community structures would be enriched with specific microbial functional groups underpinning the changed microbial-mediated competitive dechlorination of PCP.

MATERIALS AND METHODS

Soils

Paddy soil samples used in this study were collected from Jiaxing, Zhejiang province (30°50’8.74″ N, 120°43’3.68″ E), China. Soil was sampled from the surface (0–20 cm) and was free of detectable PCP or its dechlorinated products. In order to produce replicate homogenized samples, soils were air-dried and passed through a 2 mm mesh sieve and stored at 4°C prior to the batch experiments (Chen et al., 2014). The basic physicochemical properties of the soil were as follows: pH (6.6), [image: image] (0.3 mg kg-1), [image: image] (11.5 mg kg-1), [image: image] (640.9 mg kg-1), and free Fe (278.3 mg kg-1).

Chemicals

Pentachlorophenol (≥98% purity), standard solution containing 2,3,4,5-tetrachlorophenol (TeCP), 3,4,5-trichlorophenol (TCP), 3,5-dichlorophenol (DCP) and 3-chlorophenol (3-CP) (≥99.9% HPLC purity), and Na2MoO4 (99.0%, AR) were all purchased from Sigma-Aldrich (St. Louis, MO, United States). NaNO3 (99.0%, AR) and Na2SO4 (99.0%, AR) were purchased from Sinopharm Chemical Reagent Co., Ltd., China.

Soil Microcosms

Anaerobic incubation experiments were conducted in microcosms housed in 120 ml serum bottles with crimp sealed aters-coated butyl rubber stoppers (Chunbo, China). All serum bottles, butyl rubber stoppers, and water were sterilized by autoclave at 121°C for 20 min before use. Microcosms contained 15.0 g soil (dry weight), 20 mM lactate, and varying concentrations of sulfate and nitrate in a final 1:1 (w/v) soil/water mixture in the serum bottles. Biological, sterile, and sulfate-reducing inhibited controls were created through the use of soil and lactate without addition of sulfate or nitrate, the use of gamma-radiated soil (50k Gy γ-ray sterilization) and the addition of 20 mM Na2MoO4, respectively. PCP that dissolved in methanol (1‰, v/v) solvent was added to each microcosm to a final concentration of 150 μM and dried for 24 h to remove methanol before incubation. Microcosms were uniformly mixed and purged under N2 stream for 20 min to remove oxygen before being sealed with aters-coated butyl rubber stopper and crimp sealed, as previously described (Xu et al., 2015). The microcosms were then placed in an anaerobic chamber (Electrotex AW200SG, England) and incubated in the dark at 30°C. All treatments were conducted in triplicate and included: (1) the sterile control, (2) control without addition, (3) 20 mM Na2MoO4, (4) 5 mM Na2SO4, (5) 20 mM Na2SO4, (6) 5 mM NaNO3, and (7) 10 mM NaNO3. Treatments were sampled at days 0, 3 (only for [image: image] detection), 7, 12, 17, 22, and 40.

Analyses of Microcosm Chemistry

Soil reduction processes, as represented by the dynamics in [image: image], [image: image], Fe(II), and PCP concentrations, were measured at regular intervals. All treatments were sampled at each time point and analyzed for the concentrations of PCP and degradation products by ultrasonic extraction and subsequent derivatization as outlined in Xu et al. (2015). Briefly, 2 g of soil sample was freeze dried and adjusted to pH 4 using 9 mM H2SO4 before being extracted with a hexane/acetone mixture (v/v, 1:1) assisted by ultrasonics for 25 min. Supernatant was separated by centrifugation and soil residue extracted twice more. Pooled supernatants were concentrated to 1 ml, combined with 0.2 mM K2CO3 before derivatization by 0.5 ml acetic anhydride. Chlorinated phenols were separated with 2 ml hexane and dehydrated using anhydrous sodium sulfate before analysis. A gas chromatograph (Agilent 6890N, Agilent, Santa Clara, CA, United States) equipped with a 63Ni electric capture detector (Hewlett-Packard 6890, Hewlett-Packard, Palo Alto, CA, United States) and a HP-5 MS capillary column (30 m × 0.25 mm i.d., ×0.25 μm film thickness) (J&W, Folsom, CA, United States) was used to quantify the different species of chlorophenols relative to standard controls. Temperature cycle was 80°C for 3 min, ramped at 10°C min-1 to 250°C, and held for 5 min. The analysis recoveries of the extraction procedures, namely the percentage of the detected PCP concentration to the initial added PCP concentration (based on 4, 8, 20, 40, and 80 μM spiked levels of PCP standard), were between 92.26 and 105.68%.

Soil pH was determined in a suspension of 1:2.5 soil/water ratio (w/v) with a pH meter (S975 SevenExcellence, Mettler-Toledo, Switzerland). Fe(II) concentration was measured using the 1,10-phenanthroline colorimetric method at 510 nm on a UV–vis spectrophotometer after extracting Fe(II) from the samples with dithionite-citrate (pH 3.0) and buffered with NaHCO3, in the dark (Lin et al., 2012). The determination of HCl-extractable Fe(II) was similar to the free Fe(II), except using 0.5 M HCl as substituted extractant (Xu et al., 2014) and included a range of reduced Fe(II) species, such as dissolved Fe(II), FeS, and FeCO3 (Heron et al., 1994). [image: image] was extracted at 1:10 (w/v) soil to KCl (1 mol l-1) ratios for 1 h at 25°C before being quantified with a continuous flow analyzer (San++, SKALAR, Netherlands). Nitrate and sulfate concentrations were determined by shaking 1.0 g of freeze dried soil or 2 ml soil slurry sample with 15 ml Milli-Q water for 30 min. The mixture was then centrifuged at 3000 × g for 10 min before being diluted 10-fold and analyzed by ion chromatography (Dionex ICS-2000, United States) equipped with an ASRS Ultra II self-regenerating suppressor as preciously described (Lin et al., 2012, 2014).

DNA Extraction, Amplicon Amplification, and Sequencing

The microbial community of the original soil collected at day 0 (called “Original”) and soil samples collected at 40 were analyzed through amplification and sequencing of a 16S rRNA amplicon using Illumina Miseq high-throughput sequencing. The slurry sample was centrifuged for collection about 0.25 g soil and the total genomic DNA of each soil sample was extracted using FastDNA SPIN kit (Mpbio, United States) for soil according to the manufacturer’s instructions. Each DNA extract was amplified with 520F (5-AYTGGGYDTAAAGNG-3) and 802R (5-TACNVGGGTATCTAATCC-3) to obtain an approximately 250-bp fragment on the V4 region of the 16S rRNA gene. Genome DNA would be normalized to 30 ng per PCR reaction. V4 dual-index Fusion PCR Prime Cocktail and PCR Master Mix (NEB Phusion High-Fidelity PCR Master Mix) were added to the PCR run. Amplification was conducted using the PCR conditions: 30 s at 98°C, 27 cycles of 30 s at 98°C, 30 s at 50°C, and 30 s at 72°C, and a final 5 min extension at 72°C. PCR products were purified with AmpureXP beads (Agencourt) to remove the unspecific products. The final library was qualified by PicoGreen (Invitrogen, Paisley, United Kingdom). Qualified libraries were sequenced pair end on the Illumina MiSeq platform with sequencing strategy PE250 (MiSeq Reagent Kit). Illumina (Highseq2000, Illumina, San Diego, CA, United States) sequencing services were provided by the Beijing Genomics Institute (BGI, Wuhan, China).

Sequence Analysis and Phylogenetic Classification

Fast Length Adjustment of Short Reads (FLASH) merged reads from original DNA amplicons were quality filtered following the published procedures (Caporaso et al., 2010; Magoč and Salzberg, 2011). A UPARSE pipeline (OTU clustering pipeline1) was used to pick operational taxonomic units (OTUs) and sequences were grouped into OTUs at 97% similarity (Edgar, 2013). A representative sequence for each OTU was selected and its identity was classified using the RDP Classifier (Wang et al., 2007). The gene sequences obtained from high-throughput analysis in this study were deposited in the NCBI sequence read archive under accession numbers SRP118766.

Statistical Analyses

The OTU lists of each sample were submitted to the LefSe pipeline (LDA Effect size2) to identify significant differential features of the OTUs among treatments (Segata et al., 2011). OTU-based community diversity indice (Shannon index) of each sample was generated based on three metrics calculated by UPARSE pipeline (Edgar, 2013). The taxonomic diversity of bacteria was calculated with the phyloseq package. Statistical analyses of the experimental data were performed using the SPSS 20.0 statistical software (IBM, Armonk, IL, United States). Differences were determined by one-way analysis of variance (ANOVA) on ranks followed by Fisher’s least-significant difference. Logistic modeling was employed to examine the impacts of nitrate and sulfate on soil redox processes and PCP transformation through nonlinear curve fitting as follows (Aislabie et al., 2004; Liu et al., 2013):

[image: image]

where t is the incubation time (d), Ct is the accumulated Fe(II) or decreased [image: image]/PCP concentrations at time t, respectively [mM for Fe(II) and [image: image], μM for PCP], a is the maximum capacity of Fe(II) accumulation or [image: image]/PCP decrement, respectively, b is the regression coefficient, and k is the reaction rate constant (d-1). The maximum reaction rate [Vmax, mM d-1 for Fe(II) and [image: image], μM d-1 for PCP] and the time to reach the Vmax [tVmax, d] can be calculated from 0.25ak and lnb k-1 based on the equation.

Stoichiometric electron equivalent (eeq) analysis of the four reducing processes was carried out based on relevant half-reactions during anaerobic incubation time (Xu et al., 2015). Calculations were based on electron equivalents used for 1 mol electron acceptors of Fe(III), [image: image], [image: image], and PCP, equating to 1, 8, 5, and 2 mol eeq, respectively.

RESULTS

Dynamics of Nitrate, Sulfate, Ferrous Iron, and PCP

Nitrate was depleted within 3 days in all treatments (Figure 1A). The sulfate reduction ratio (percentage of the decreased [image: image] concentration to the initial total [image: image] concentration) in the treatment with 20 mM sulfate (85.5%) was significantly lower than that in the control (89.8%) (p < 0.05) (Figure 1B), while treatment with 5 mM sulfate had no obvious difference in this ratio compared with the control. However, the Vmax for sulfate reduction in treatments with sulfate was higher than that for the control, with the effect more pronounced in 20 mM than 5 mM sulfate addition (Table 1). The addition of nitrate exhibited no obvious effect on sulfate reduction, approaching a reduction ratio of 93.4 and 94.3% in the treatments with 5 and 10 mM nitrate, respectively (Figure 1B and Table 1). When treated with molybdate, the sulfate reduction ratio on day 7 was 27.45%, and subsequently fluctuated around 25% during incubation.


[image: image]

FIGURE 1. Dynamics in the concentration of [image: image] (A), [image: image] (B), HCl-extractable Fe(II) (C), and PCP (D) in different treatments.



TABLE 1. The maximum reaction rate (Vmax) and the time to reach the Vmax (tVmax) of [image: image] and Fe(III) reduction, as well as PCP degradation in different treatments.

[image: image]

Concentrations of HCl-extractable Fe(II) followed similar variation trends in all treatments, increasing markedly during the first 7 days (Figure 1C). Slight differences between treatments appeared after 7 days and proceeded to the end of incubation, with the concentration of HCl-extractable Fe(II) lower in treatments with nitrate than those with sulfate. However, the impacts of sulfate and nitrate on the Fe(III) reduction were more noticeable as shown by logistic modeling analysis (Table 1). The values of Vmax were 8.76, 10.65, 10.94, and 12.41 mM d-1 in the treatments with 5 mM sulfate, 20 mM sulfate, 5 mM nitrate, and 10 mM nitrate, respectively, and that for the control was 22.75 mM d-1. This suggested that addition of nitrate and sulfate both inhibited the Fe(III) reduction. And interestingly, addition of nitrate did not delay the tVmax for Fe(III) reduction compared to those in the control, while sulfate did. Correspondingly, the lowest concentration of HCl-extractable Fe(II) was exhibited in the treatment with molybdate, recording the lowest Fe(II) production after 7 days’ incubation (Figure 1C).

In the sterile treatment, PCP transformation was minimal (<10%) (Figure 1D), indicating that the decrease of PCP through abiotic process or sorption was negligible within the microcosms. As for the other non-sterile treatments, in the first 12 days, the PCP degradation was significantly inhibited following sulfate addition, compared to the control (75.1%). Degradation rates of 56.4% (p < 0.05) and 48.2% (p < 0.05) in 5 mM and 20 mM sulfate treatments were observed, respectively. PCP degradation also decreased to 62.9 and 59.4% with the addition of 5 and 10 mM nitrate, respectively (p < 0.05). The values of Vmax and tVmax during PCP degradation in Table 1 showed similar inhibition influences of sulfate and nitrate on reductive dechlorination of PCP, with the effect more significant following sulfate addition by comparison with nitrate addition. However, on day 22, differences in the PCP degradation rates were no longer apparent between the control and treatments containing either nitrate or sulfate (Figure 1D). This suggested that both sulfate and nitrate addition inhibited the reductive dechlorination of PCP, but their inhibition effect lessened over time with no obvious difference at the end of incubation.

Anaerobic Transformation of PCP

The anaerobic transformation pathway of PCP was studied by detecting degradation metabolites in all treatments during the 40 days incubation (Figure 2). Dechlorinated metabolites, including TeCP, TCP, DCP, and 3-CP with one to four chlorines dechlorinated were detected in all treatments except sterilized control. No phenol and other isomeride dechlorinated metabolites were detected. The metabolites 2,3,4,5-TeCP and 3,4,5-TCP were detected in the first 7 days. On day 17, 3,4,5-TCP and 3-CP were detected as the major intermediate product, and little residual PCP was detected (varying from 4.49 to 12.39 μM). At the end of incubation, the 3-CP was the major end product of PCP degradation. As a result, PCP in our tested soil might be transformed through the pathway PCP → 2,3,4,5-TeCP → 3,4,5-TCP → 3,5-DCP → 3-CP during anaerobic incubation.


[image: image]

FIGURE 2. Dynamics of PCP dechlorinated metabolites in treatments of Control (A), 20 mM Na2MoO4 (B), 5 mM Na2SO4 (C), 20 mM Na2SO4 (D), 5 mM NaNO3 (E), and 10 mM NaNO3 (F).



Microbial Community Composition

After quality control, 112022–155268 reads were retrieved after Illumina Miseq sequencing. The average OTU numbers ranged from 4349 to 4553 at 97% similarity across all treatments (Table 2). Shannon indexes in samples of 5 and 10 mM nitrate were 6.53 and 6.44, respectively. Moreover, the Shannon indexes were 6.51 and 6.24 with 5 and 20 mM sulfate, respectively. The Shannon indexes indicated a slight decrease in the bacterial diversity in high concentration of nitrate (10 mM) or sulfate (20 mM) when compared to the control (6.46).

TABLE 2. Community richness and diversity indices for the soil samples of different treatments.

[image: image]

Differences in bacterial community structures induced by different treatments were visualized by PCoA analysis (Figure 3). The separation was mainly explained by the PC1 with 51.3% of variance, and the PC2 with 18% of variance. After 40 days anaerobic incubation, the microbial community structure differentiated in the treatments compared to the original soil microbial community structure (p < 0.001). The bacterial communities in treatments with nitrate and 5 mM sulfate were clustered together, but differed in treatments with 20 mM sulfate and 20 mM molybdate, respectively, indicating that high sulfate concentration had a more significant influence on microbial community structures than nitrate.


[image: image]

FIGURE 3. PCoA analysis based on the relative abundances of bacterial pyrotag sequences. Symbols: Control, treatment without addition; HN, 10 mM NaNO3; HS, 20 mM Na2SO4; LN, 5 mM NaNO3; LS, 5 mM Na2SO4; Mo, 20 mM Na2MoO4; Original, the original soil at day 0. Three replicates were conducted among one treatment.



The top 4 phyla in all treatments were Firmicutes, Proteobacteria, Actinobacteria, and Chloroflexi, accounting for more than 85% of the reads (Figure 4). In total, the relative abundance of Firmicutes increased while that of Chloroflexi decreased after incubation. At the class level, the microbial community was dominated by Clostridia in all treatments with a majority of other sequences being grouped into Alphaproteobacteria, Anaerolineae, Deltaproteobacteria, Thermoleophilia, Actinobacteria, and Gammaproteobacteria (Figure 4). Compared to the control, the relative abundance of Clostridia and Anaerolineae significantly decreased in treatments with nitrate and sulfate addition (on an average, decreased from 33.4 to 27.1% and decreased from 9.9 to 8.8%, respectively, p < 0.05). Conversely, the relative abundance of Alphaproteobacteria, Deltaproteobacteria, Actinobacteria, Planctomycetia, and Bacilli increased in all the treatments (p < 0.05). Particularly, the relative abundance of group Acidobacteria increased in the treatments with nitrate addition but decreased with sulfate addition.


[image: image]

FIGURE 4. The bacterial community structure at the phylum and class level. Original, soil sample was on day 0 and Other treatments, samples were on day 40.



Dominant genera were mainly affiliated to Firmicutes and Proteobacteria, including the members of Clostridium, Desulfosporosinus, Caloramator, Desulfobacca, Hyphomicrobium, Rhodoplanes, Pelotomaculum, Geobacter, Desulfitobacterium, Desulfovibrio, and Sedimentibacter (Figure 5). Compared to the original day 0, the relative abundance of Hyphomicrobium, Clostridium, Caloramator, Desulfosporosinus, Oxobacter, and Gracilibacter in sulfate and nitrate treatments significantly increased after incubation. The relative abundances of most genera were lower in the treatment with molybdate than those with nitrate or sulfate, in particular for members of Clostridium, Caloramator, Desulfovibrio, Pelotomaculum, Oxobacter, and Desulfosporosinus. The relative abundance of Desulfitobacterium was below 1% in all treatments with sulfate and nitrate and was lower than that in the control but relatively higher than that in the day 0. The relative abundance of Desulfovibrio increased consistently following sulfate addition, with the difference reached significant in 20 mM sulfate treatment compared to that in 5 mM sulfate and control treatments (p < 0.05). The relative abundances of Clostridium, Azospirillum, and Caloramator increased with increased nitrate concentrations, while sulfate addition had no effect on the growth of these members as evidenced by their relative abundances.
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FIGURE 5. Dominant bacterial genera in all treatments. Original, soil sample was on day 0. Other treatments, samples were on day 40. The meanings of the abbreviations in the graph are the same as in Figure 3.



DISCUSSION

The Effect of Sulfate and Nitrate on the Dechlorination of PCP

Our study conducted microcosm experiments to explore the effect of sulfate and nitrate on the degradation of PCP in the paddy soil using lactate as metabolic substrate. The anaerobic dechlorination ratios of PCP in all treatments in the first 7 days were slow. The lag time of 3–7 days was observed across all microcosms prior to dechlorination of PCP and likely due to limiting environmental conditions (e.g., soil nutrients, trace minerals, and electron donors) as reported in previous studies (Chen et al., 2012; Liu et al., 2013). Both [image: image] and [image: image] have been reported to inhibit the reductive dechlorination of PCP in a paddy soil (Lin et al., 2014); however, other studies have also reported that PCP dechlorination was enhanced under sulfate reduction and inhibited during denitrification over 20-day incubation periods (Chang et al., 1996). In our study, dynamic processes combined with logistic model simulation indicated that both sulfate and nitrate were found to inhibit the reductive dechlorination of PCP and Fe(III) reduction (Figure 1 and Table 1) even with different inhibition effect.

Although nitrate in most treatments was reduced within 3 days, it still had profound effects on the reduction of Fe(III) and PCP. Generally, nitrate is the first electron acceptor to be reduced once oxygen is depleted in paddy soils before Fe(III). In our study, the higher the concentration of nitrate, the lower the ratio of Fe(III) reduction (Figure 1C). This indicated the presence of nitrate inhibited Fe(III) reduction where nitrate and iron oxides coexisted and was similar to the previous studies (Cooper et al., 2003; Matocha and Coyne, 2007). Meanwhile, Fe(III) was reduced more quickly in the treatment with 20 mM sulfate than that with 5 mM sulfate (Figure 1C). Previous studies showed that the reduction of Fe(III) can be slowed and limited in the presence of a low sulfate concentration (0.2 mM), but increased >10 times with high sulfate amendment (10.2 mM) due to the increased biogenic-sulfide-driven-Fe(II) production (Kwon et al., 2014). Therefore, the Fe(III) reduction was significantly influenced mainly because that the nitrate and sulfate addition changed the availability of Fe(III) in our study.

Compared to nitrate, the addition of sulfate greatly inhibited PCP dechlorination since the value of Vmax was relatively lower and tVmax was much higher when compared to these in the control (Table 1). Previous researches have proposed that electron acceptors (nitrate and sulfate) inhibited the degradation of organic pollutants due to competition for electron donors (Heimann et al., 2005; Aulenta et al., 2007; Chen et al., 2012). Lactate has been previously demonstrated to be an effective fermented electron donor for respiration by a wide range of microorganisms during the transformation of organic pollutants (Freeborn et al., 2005; Thomas and Gohil, 2011). From the balance of the electron equivalent (eeq) used in the incubation, most electrons transferred to the reduction of Fe(III) (1.22–1.91 mmol), sulfate (0.24–2.84 mmol), and nitrate (0.375–0.75 mmol), while PCP reductive dechlorination (0.02 mmol) was a minor pathway for electron flow, accounting for only 5‰ of the total consumed electron equivalents (3.6 mmol) (Table 3). Our previous research found that supplying excess electron donors may not necessarily achieve substantial dechlorination (Xue et al., 2017). The rapid fermentation of lactate may also result in the transient build-up of H2 to levels around two orders of magnitude higher compared to the steady-state conditions (Heimann et al., 2005). Hydrogen supplied by hollow-fiber membranes, maintaining adequate hydrogen above hydrogen thresholds for dechlorination, also inhibited dechlorination activity even when hydrogen was not limiting in the presence of nitrate and sulfate (Freeborn et al., 2005). Hence, competition for electron donor is not solely responsible for the inhibition of dechlorination in the presence of sulfate and nitrate, and the microbial interactions were thus predicted to have significant effects on these redox processes.

TABLE 3. Balance of the electron equivalents used for Fe(III)/[image: image]/[image: image] reduction and PCP dechlorination at the end of incubation.

[image: image]

The Pathway of PCP Degradation

The vital step in the biodegradation of PCP is the removal of the chlorine atoms. Previous studies reported that PCP under anaerobic conditions first undergoes ortho-dechlorination (Susarla et al., 1997; Villemur et al., 2006; Zhang et al., 2012). Two pathways for PCP degradation have been proposed (Susarla et al., 1997). Under sulfate-reducing condition, PCP can be transformed through the pathway PCP → 2,3,5,6-TeCP → 2,3,5-TCP → 3,5-DCP → 3-CP. Under methanogenic condition, PCP may transform through the pathway PCP → 2,3,4,5-TeCP → 3,4,5-TCP → 3,4-DCP → 3-CP. In our study, PCP was transformed through the pathway PCP → 2,3,4,5-TeCP → 3,4,5-TCP → 3,5-DCP → 3-CP in all treatments. Bacteria such as Desulfitobacterium dehalogenans, Desulfitobacterium chlororespirans, Desulfitobacterium hafniense, and Desulfitobacterium sp. strain PCE1 preferentially remove the chlorine atom at the ortho-position of PCP rather than the meta- or para-positions (Dennie et al., 1998). Most Desulfitobacterium strains have been reported to play an important role in the degradation of halogenated organic compounds such as tetrachloroethene, trichloroethene, and carbon tetrachloride (Gerritse et al., 1996; Villemur et al., 2006; Bisaillon et al., 2010; Zhao et al., 2015), but very few have been studied for degradation of PCP, likely due to the toxicity of PCP to these bacteria. D. hafniense strain PCP-1 (formerly frappieri PCP-1) is the known strict anaerobic bacterium which has been proved capable of dechlorinating PCP at the ortho-, para-, and meta-position (Dennie et al., 1998; Bisaillon et al., 2010). The sequence of dechlorination was the same as our findings including no dechlorinated metabolites beyond 3-CP. D. hafniense strain PCP-1 was reported to have several reductive dehalogenase (RDase) genes that could carry out the sequential reductive dechlorination of PCP; and CprA3 reductive dehalogenase showed high ortho-dechlorination activity toward PCP (Bisaillon et al., 2010). In our study, members of Desulfitobacterium have been detected and the relative abundance was enriched during incubation with PCP stress. Therefore, the Desulfitobacterium is potentially an essential to PCP dechlorination in the tested soil.

Microbial Community Structure During Competitive Microbial Dechlorination of PCP in the Presence of Nitrate and Sulfate

The predominant genera Desulfovibrio, Desulfosporosinus, Geobacter, Desulfobacca, Hyphomicrobium, Pelotomaculum, Sedimentibacter, Mycobacterium, Caloramator, Rhodoplanes, and Clostridium were detected in the treatment with both nitrate and sulfate (Figure 5). The presence of such genera across all the microcosms and during dechlorination of PCP indicated that they were tolerant to PCP and the associated degradation products. The role, directly or indirectly, of this core group during PCP transformation in all treatments was of interest. The mentioned genera have been reported to have members capable of facilitating the dechlorination of chlorinated organic pollutants. For example, the genera Desulfovibrio and Clostridium were reported to have the ability of using lactate or acetate to generate H2 serving as an electron donor in a dechlorinating consortium (Freeborn et al., 2005; Behrens et al., 2008). Clostridium has also been previously reported as one of the common microbial community members during PCP degradation (Tartakovsky et al., 2001). Thus, the potential interaction or competition between these above mentioned versatile or PCP tolerate groups and the known dechlorinators (e.g., Desulfitobacterium) would happen, which were considered as the cause of suppressed PCP dechlorination by sulfate or nitrate.

Compared with nitrate, sulfate addition imposed more severe inhibition effect on PCP dechlorination at the early stage of incubation (Figure 1 and Table 1). Previous studies have shown that the reductive dechlorinating bacteria and sulfate-reducing bacteria often share biotopes in soils contaminated with chlorinated compounds (Drzyzga et al., 2001), which caused competition for available nutrients and other resources in the limited environment. This resulted in complicated interactions between and within the functional dechlorinators and sulfate-reducers inhabiting a common habitat. As mentioned before, indigenous carbon sources used in this study were adequate for the dechlorination of PCP and other redox processes (Table 3), therefore, the inhibition due to the limitation of resources is expected to be negligible in sulfate added treatments.

Molybdate was used as an inhibitor to estimate whether or not sulfate reducers could make a difference on PCP dechlorination, since it has the ability to inhibit the key enzyme of ATP sulfurylase in the pathway of sulfate reduction (Ranade et al., 1999). The sulfate reduction was greatly inhibited by molybdate addition, as well as PCP transformation (Figures 1B,D). A cladogram produced by LefSe highlighted the noticeable bacterial members that differed between sulfate and molybdate treatments (Figure 6). Results demonstrated that genera of Caloramator, Clostridium, Oxobacter, Gracilibacter, Desulfosporosinus, Pelotomaculum, Paracoccus, and Desulfovibrio exhibited significant variation following sulfate addition. Microbial analysis revealed a substantial decrease of most genera in molybdate treatments, especially for the known sulfate reducers, such as Desulfovibrio and Desulfosporosinus (Figure 6). Relatively, the Desulfovibrio was enriched in the treatments with sulfate but not abundant in the treatments with nitrate or the control (Figure 5). We can thus speculate that the addition of sulfate might stimulate the growth of Desulfovibrio.


[image: image]

FIGURE 6. Cladograms indicating the phylogenetic distribution of bacteria lineages associated with sulfate and molybdate addition. The phylum, class, order, family, and genus levels are listed in order from inside to outside of the cladogram and the labels for levels of family and genus are abbreviated by single letter. The green and red circles represent the bacteria with differences reached significant in the treatment with sulfate and molybdate addition, respectively; whereas the yellow circles represent the taxa with no significant differences between both treatments.



Previous studies have shown that sulfate-reducing bacteria such as Desulfovibrio vulgaris, Desulfovibrio gigas, and Desulfovibrio desulfuricans are able to metabolize lactate or H2 when grown in the absence of sulfate or in the media with low sulfate concentrations (Cabirol et al., 1998). Through syntrophic association with group of Desulfovibrio, dechlorinators such as Desulfitobacteria may acquire their electrons by interspecies hydrogen and acetate transfer (Cabirol et al., 1998). Syntrophy between the sulfate reducing bacteria Desulfovibrio and the dehalorespiring bacteria Desulfitobacterium via interspecies H2 transfer occurred only at low concentrations or in the absence of sulfate, while in the high sulfate concentration environment (>2.5 mM), dechlorinating bacteria was outnumbered by sulfate reducer of Desulfovibrio, and dehalogenation was not occurring (Drzyzga et al., 2001; Drzyzga and Gottschal, 2002; Maphosa et al., 2010). Thus, the inhibition effect of PCP dechlorination by sulfate should be ultimately ascribed to the sulfate reducers of Desulfovibrio to outcompete dechlorinators under high sulfate concentration, while deficient sulfate levels (e.g., the control) facilitated PCP transformation because of the syntrophic relationship between sulfate reducer of Desulfovibrio and dehalorespiring bacteria of Desulfitobacterium. In addition, the inhibition of sulfate and nitrate on reductive dechlorination of PCP in this study gradually lessened during the 40-day incubation, since the decrease in concentration of sulfate and nitrate would favor the growth of dechlorinating bacteria and thereby PCP transformation.

By coupling the typical soil redox processes with the response of the microbial community structure during PCP degradation in natural flooded paddy soils, this study improved the understanding regarding the microbial competitive dechlorination of PCP during nitrate and sulfate reduction. Increased sulfate and nitrate reduction inhibited the process of PCP dechlorination. PCP transformation started from ortho-position, then dechlorinate at para- and meta-position to form 3-CP as the final product. Analyses for the microbial community structures revealed that although soil bacterial community structure shared similar dominate species following addition of nitrate and sulfate, respectively, some specialized functional species were also responded contrastingly to the addition of sulfate and nitrate, with the genus of Desulfovibrio enriched in the treatments with sulfate individually, thereby mediated a different competitive microbial dechlorination of PCP. Overall, our results suggest that a shared existence of electron acceptors, such as sulfate and nitrate, could change the microbial diversity by allowing bacteria with special metabolic capabilities to grow in the soil and sediment polluted with PCP. This is crucial for understanding the self-purification function of paddy soils once they are polluted by PCP, under the condition of excessive use of nitrogen fertilizer as well as accumulation of iron sulfur minerals. Furthermore, besides nitrate and sulfate, iron plays a particularly important role in environmental biogeochemistry. Hence, the effect of Fe(III) reduction on the dechlorination of chlorinated compounds, through either biotic or abiotic way, will deserve to study in the future.
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This study investigated the organohalide-respiring bacteria (OHRB) and the supporting microbial populations operating in a pilot scale plant employing poly-3-hydroxybutyrate (PHB), a biodegradable polymer produced by bacteria from waste streams, for the in situ bioremediation of groundwater contaminated by chlorinated solvents. The bioremediation was performed in ground treatment units, including PHB reactors as slow release source of electron donors, where groundwater extracted from the wells flows through before the re-infiltration to the low permeability zones of the aquifer. The coupling of the biological treatment with groundwater recirculation allowed to drastically reducing the contamination level and the remediation time by efficiently stimulating the growth of autochthonous OHRB and enhancing the mobilization of the pollutants. Quantitative PCR performed along the external treatment unit showed that the PHB reactor may efficiently act as an external incubator to growing Dehalococcoides mccartyi, known to be capable of fully converting chlorinated ethenes to innocuous end-products. The slow release source of electron donors for the bioremediation process allowed the establishment of a stable population of D. mccartyi, mainly carrying bvcA and vcrA genes which are implicated in the metabolic conversion of vinyl chloride to harmless ethene. Next generation sequencing was performed to analyze the phylogenetic diversity of the groundwater microbiome before and after the bioremediation treatment and allowed the identification of the microorganisms working closely with organohalide-respiring bacteria.
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INTRODUCTION

Over the past 20 years, intense research efforts have been devoted to elucidate the overall mechanisms underlying the biological reductive dechlorination (RD) process and to develop effective technologies for the in situ remediation of contaminated sites (Lorenz and Löffler, 2016).

The RD process is performed by specialized organohalide-respiring bacteria (OHRB) which enable the complete and efficient detoxification of a variety of aliphatic and aromatic chlorinated pollutants. Among the many bacterial species that are now known to reductively transform organohalides, Dehalococcoides mccartyi is considered as the biomarker of the process due to the unique ability of members of this genus to fully convert chlorinated solvents to harmless products through the activity of a class of enzymes called reductive dehalogenases (RDases) (Richardson, 2013). They are involved in the metabolic dechlorination of PCE or TCE to VC (TceA), of cis-DCE to VC and ethene (BvcA and VcrA) and are coded by the corresponding genes tceA, bvcA, and vcrA (Lee et al., 2006).

Recently, several site investigations showed the relevance of the geochemical monitoring integrated with the biomolecular analysis of both OHRB and flanking microbial communities (Kotik et al., 2013; Kao et al., 2016; Atashgahi et al., 2017). The use of an integrated monitoring approach may reduce uncertainties about the ongoing groundwater processes and allow an efficient long-term management of the remedial action (Majone et al., 2015).

In situ stimulation of native OHRB through the addition of fermentable substrates represents one of the main approaches used for remediating chlorinated solvents contaminated aquifers (Steffan and Schaefer, 2016). Recently, poly-β-hydroxy-butyrate (PHB) was shown to be effective as a slow-release electron donor for the RD process (Aulenta et al., 2008; Pierro et al., 2017). PHB is an inert, biocompatible and fully biodegradable material which has been proposed for several attractive biotechnological applications (Williams and Martin, 2005). It is a polyester synthesized as a carbon and energy reserve material by a wide number of prokaryotes. More than 300 species, mainly of bacteria, have been reported to produce these polymers (Olivera et al., 2001; Chanprateep, 2010; Centeno-Leija et al., 2014). PHB is industrially produced by microbial fermentation using bacterial strains, cultivated on inexpensive carbon sources such as beet and cane molasses, corn starch, alcohols, and vegetable oils (Lee, 1996; Chen, 2009, 2010; Chanprateep, 2010; Peña et al., 2011, 2014).

In order to act as slow-release electron donor, PHB is enzymatically hydrolyzed to 3-hydroxybutyrate (HB) which is then converted to acetate and H2 through β-oxidation.

To date, only a few laboratory studies investigated the efficacy of PHB as electron donor in the RD process (Aulenta et al., 2008; Baric et al., 2012, 2014) and the first pilot scale PHB application was only recently documented (Pierro et al., 2017). A combination of a groundwater circulation wells (GCWs) with an external treatment unit, including a PHB reactor allowing continuous delivering of electron donor in the contaminated aquifer, was installed at a chlorinated solvent contaminated aquifer where partial biological RD quantitatively transformed higher chlorinated ethenes and ethanes (utilized at the site in industrial degreasing operation) in the less chlorinated cis-DCE and VC.

The effectiveness of PHB as a suitable electron donor source for enhancing the in situ RD of cis-DCE to non-toxic ethene in low permeability contaminated aquifer was clearly demonstrated during the plant operation and the RD process was found to be mirrored by the occurrence of both D. mccartyi and reductive dehalogenase genes (Pierro et al., 2017).

As an unexpected effect of the continuous recirculation of the contaminated groundwater through the external treatment unit, the occurrence of a biological dechlorination activity was revealed, after around 200 days of operation, both in the PHB and zero valent iron (ZVI) reactors with the almost quantitative removal of the extracted cis-DCE and VC. The stimulation of the biological reductive activity resulted from the in situ enhancement of the RD by the GCW operation. By this regard, extracted groundwater, enriched with OHRB as result of the electron donor continuous amendment, passes through the external reactors in the treatment unit where dechlorinating microorganisms find the optimal growth conditions (reductive redox conditions and electron donor concentration in the PHB and ZVI reactors).

In this paper, we report the throughout investigation on the microbial changes and the behavior of OHRB along the external operation unit of the pilot plant, focusing in particular on the PHB reactor and on the structure and role of the microbial community involved in the RD process driven by the fermentation of this slow release carbon source.

MATERIALS AND METHODS

Pilot Field Test

As described in Pierro et al. (2017), the process is carried out by extracting contaminated water through a multi-screened 30-m-deep IEG-GCW® and transferring it to an external treatment unit which comprises a sand tank (for suspended solid filtration), a reactor containing the fermentable PHB polymer and one with ZVI for the removal of the extracted contaminants before reinjection. Valves were installed along the plant for sample collection and analyses (Figure 1). IEG-GCW® plant was designed based on geological and hydrogeological conditions of the site and it consists in a single borehole screened at three different depths separated by packers (first permeable layer, low permeability intermediate layer, and deep permeable layer). Three centrifugal pumps were installed on the surface. Two pumps extracted groundwater from the deep permeable layer (from 22 to 26 m below the ground surface, bgs) and the low permeability intermediate layer, where a significant mass of chlorinated solvents was strongly retained by aging phenomena (from 15 to 19 m bgs). After passing through an external treatment unit, pumped groundwater is discharged back into the aquifer through the upper screened section (from 8 to 12 m bgs), thus creating two circulation groundwater cells (Figure 1). Groundwater recirculation by GCW coupled with electron donor continuous amendment (by the PHB reactor) effectively allowed chlorinated solvents mobilization and in situ RD stimulation in the low accessible heavily contaminated low permeable aquifer zones.
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FIGURE 1. Schematic illustration showing the pilot plant (GCW and external treatment unit) and the position of the sampling valves (PN).



Chemical Analysis

Chlorinated solvents were determined by headspace gas chromatographic analysis. Groundwater samples were collected directly from gate valves (PNS1-7) in 10 ml pyrex vials. Each vial was completely filled to leave almost no headspace, sealed with a Teflon-faced butyl septum and transported to the laboratory. In order to create headspace and to perform gas chromatographic analysis, 1 ml of each groundwater sample was transferred into a second 10 ml pyrex vial sealed with a Teflon-faced butyl septum. Headspace analysis of chlorinated compounds was performed using a gas chromatograph (Master DANI) equipped with a DANI 86.50 headspace autosampler. The chromatograph was fitted with a TRB 624 (75 m × 0.53 mm i.d) capillary column and a flame ionization detector (FID, 300°C). Sample injection was operated in splitless mode, where the injector temperature was set at 180°C. Helium was used as carrier gas at a constant flow of 10 mL min-1 and the GC oven was temperature programmed as follows: 50°C for 0.5 min increasing at 15°C min-1 to 180°C for 0 min then increasing at 40°C min-1 to 210°C for 0 min. The headspace autosampler conditions were: oven temperature 80°C, manifold temperature 120°C, transfer line temperature 180°C, shaking soft. The GC was previously calibrated with standard cis-DCE and VC concentrations over a linear response range.

Sampling for Biomolecular Analysis

Samples for biomolecular analysis (500 mL of groundwater) were collected before the bioremediation treatment (T = 0) from the groundwater wells PNS1 (groundwater from high permeable zone with low concentration of cis-DCE and VC) and PNS2 (groundwater from the low permeable zone with high concentration of cis-DCE and VC). Water samples were taken also after 570 days of plant operation from PNS1, PNS2 and from sampling points located in the external unit of the pilot plant PNS4 (out of the sand tank), PNS5, and PNS6 (out of the PHB reactor unit), PNS7 (out of the ZVI/PHB reactor unit).

Each groundwater sample was filtered on polycarbonate filters (pore size 0.22 μm, 47 mm diameter, Nuclepore) to harvest the biomass and DNA was extracted by Power Soil DNA extraction kit (MoBio, Italy) following the manufacturer’s instructions. Purified DNA from each sample was eluted in 100 μL sterile Milli-Q and stored at -20°C until further analysis.

Quantitative PCR

Quantitative PCR (qPCR) targeting D. mccartyi 16S rRNA genes and reductive dehalogenase genes tceA, bvcA, vcrA was conducted on DNA extracted from PNS1 and PNS2 before the bioremediation treatment and from the sampling points located in the external unit of the treatment plant (PNS1, PNS2, PNS4, PNS5, PNS7) after 570 days of operation. qPCR absolute quantification with TaqMan® chemistry was applied. Reactions were performed in 20 μL total volume of SsoAdvancedTM Universal Probes Supermix (Bio-Rad, Italy), including 3 μL of DNA as template, 300 nM of each primer and 300 nM of TaqMan® probe composed by 6-carboxyfluorescein (FAM) as the 5′ end reporter fluorophore and N,N,N,N,-tetramethyl-6-carboxyrhodamine (TAMRA) as the 3′ end quencher. Primers and probes used for each reaction are listed in Supplementary Table S1. Standard curves for the absolute quantification were constructed by using the long amplicons method previously reported in Matturro et al. (2013). Each reaction was performed in triplicate with CFX96 TouchTM Real-Time PCR Detection System (Bio-Rad, Italy). Quantitative data were expressed as gene copy numbers L-1 and error bars were calculated with Microsoft Excel® on triplicate reactions for each sample.

Next Generation Sequencing (NGS)

Next generation sequencing (NGS) was performed on groundwater samples collected at PNS1 and PNS2 before the PHB treatment (T = 0) and at the outlet of the PHB reactor (PNS5) after the bioremediation treatment (570 days of plant operation).

10 ng of DNA extracted from each groundwater sample (500 mL) was used for NGS analysis. 16S rRNA Amplicon Library Preparation (V1–3) was performed as detailed in Matturro et al. (2017). The procedure for bacterial 16S rRNA amplicon sequencing targeting the V1–3 variable regions is based on Caporaso et al. (2012), using primers adapted from the Human Gut Consortium (Ward et al., 2012). PCR reactions were performed in 25 μL reaction volume containing Phusion Master Mix High Fidelity (Thermo Fisher Scientific, United States) and 0.5 μM final concentration of the library adaptors with V1–3 primers (27F: 5′-AGAGTTTGATCCTGGCTCAG-3′; 534R: 5′-ATTACCGCGGCTGCTGG-3′). All PCR reactions were run in duplicate and pooled afterward. The amplicon libraries were purified using the Agencourt® AMpure XP bead protocol (Beckmann Coulter, United States). Library concentration was measured with Qubit 3.0 fluorometer (Thermo Fisher Scientific, United States). The purified libraries were pooled in equimolar concentrations and diluted to 4 nM. 10% Phix control library was spiked in to overcome low complexity issue often observed with amplicon samples. The samples were paired end sequenced (2 × 301 bp) on a MiSeq (Illumina) using a MiSeq Reagent kit v3, 600 cycles (Illumina, United States) following the standard guidelines for preparing and loading samples on the MiSeq.

Next generation sequencing secondary data were processed and analyzed using QIIME2 software tools 2018.2 release (Caporaso et al., 2010). The reads were demultiplexed using demux plugin1, denoized, dereplicated and chimera-filtered using DADA2 algorithm (Callahan et al., 2016). The taxonomic analysis was based on a Naïve–Bayes classifier trained on 16S rRNA gene OTUs clustered at 99% similarities within the Silva 128 database (Quast et al., 2013). The alpha-diversity analysis was performed by PAST version 2.17 (Hammer et al., 2001) using total OTUs generated from each sample. Rarefaction curves were computed using the Vegan R package.

16S rRNA Gene Clone Library

A 16S rRNA gene clone library was obtained from DNA extracted at PNS5 sampling point after 570 days of plant operation. DNA was amplified using primers 27f (5′-AGAGTTTGATCMTGGCTCAG-3′) and 1492r (5′-TACGGYTACCTTGTTACGACTT-3′) using Hot Start Taq98 (Lucigen, Italy). PCR reactions were performed with the following cycles: 2 min at 98°C, 38 cycles for 30 s at 98°C, 30 s at 58°C, 1 min at 72°C and final 15 min at 72°C. PCR products were purified using the QIAquick® PCR purification kit (Qiagen, Milan, Italy). Cloning of PCR products was carried out using pGEM-T Easy Vector System (Promega, Italy) into Escherichia coli JM109 competent cells (Promega, Italy) according to the manufacturer’s instructions. Positive inserts were amplified from recombinant plasmids obtained from white colonies by PCR using the sequencing primers T7f (5′-TAATACGACTCACTATAGGG-3′) and M13r (5′-TCACACAGGAAACAGCTATGAC-3′). PCR amplicons of 1,465 bp length were purified using the QIAquick PCR purification kit (Qiagen, Milan, Italy) and sequenced with primers 530F (5′-GTGCCAGCMGCCGCCG-3′) and 907R (5′-CCGTCAATTCMTTTRAGTTT-3′). A total of 100 clones were screened by PCR and multiple sequence alignments were performed with ClustalW2 to check the similarity among the sequences. The 16S rRNA gene sequences were deposited in the GenBank database under accession numbers from MG251533 to MG251561.

Phylogenetic Analysis

The 16S rRNA sequences were analyzed with the ARB software (Ludwig et al., 2004) using the SILVA 16S rRNA SSU Reference database release 102 (Pruesse et al., 2007). Sequences were screened for chimeras using DECIPHER (Wright et al., 2012). The phylogenetic tree was constructed using the maximum likelihood method implemented in the program RAxML (Stamatakis et al., 2008). Bootstrap analyses were conducted using 1,000 resampling replicates. Planctomycetes was chosen as outgroup.

RESULTS

External Treatment Unit Performances After 200 Days of Operation

Profiles of cis-DCE and VC concentration along the external treatment unit at different operation days are shown in Figure 2. After about 200 days of continuous operations, cis-DCE concentration starts to decline in the PHB reactor and was almost quantitatively removed at the outlet of the ZVI/PHB reactor. VC concentration slightly increased in the PHB reactor and was then completely removed after passing through the ZVI/PHB reactor. Considering that no chemical reductants were present in the PHB reactor and that VC is not efficiently reduced by ZVI reactor, this behavior could be explained only by the occurrence of the biological RD of both cis-DCE and VC.
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FIGURE 2. cis-DCE and VC reductive dechlorination at different sampling times over long-term plant operation. PNS1 and PNS2 average concentrations are shown.



D. mccartyi and Reductive Dehalogenase Genes Quantification

The biomarkers of RD process, including D. mccartyi 16S rRNA and functional RDase genes tceA, bvcA, and vcrA, were quantified by qPCR in the groundwater samples collected before the treatment and after 19 months of plant operation (T = 570 days) at different sampling points along the external unit of the pilot plant (PNS1, PNS2, PNS4, PNS5, PNS6, PNS7). As shown in Supplementary Figure S1, similar D. mccartyi abundances were found at PNS1 and PNS2 before treatment (2.24E + 06 and 4.02E + 06 16S rRNA gene copies L-1, respectively). They were mainly composed by D. mccartyi strains carrying tceA and vcrA (PNS1: 2.02E + 06 tceA gene copies L-1; 1.12E + 06 vcrA gene copies L-1; PNS2: 3.06E + 06 tceA gene copies L-1; 3.04E + 06 vcrA gene copies L-1).

At the end of the treatment, D. mccartyi increased in both samples (3.12E + 07 and 7E + 07 gene copies L-1 in PNS1 and PNS2, respectively) and remained quite unvaried after the groundwater flew through the inert sand tank PNS4 (6.10E + 07 gene copies L-1). Interestingly, D. mccartyi increased at the outlet of the PHB reactor (PNS5) where a total of 2.54E + 08 gene copies L-1 was found. At the sampling point located before the ZVI/PHB reactor (sampling point PNS6) D. mccartyi abundance was similar to PNS5 (2.49E + 08 gene copies L-1) and slightly decreased to 6.72E + 07 gene copies L-1 before the re-inoculation of the groundwater into the aquifer (sampling point PNS7).

In line with chemical data, D. mccartyi strains carrying bvcA genes represented the main component with only a limited occurrence of vcrA and tceA genes along the all external treatment unit (Figure 3).
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FIGURE 3. Quantification of D. mccartyi strains carrying tceA, bvcA, and vcrA reductive dehalogenase genes along the external units of the pilot plant at 570 days of the plant operation.



Microbial Community Composition of the PHB Reactor

The impact of the treatment on the structure and composition of the groundwater indigenous microbial communities was assessed by 16S rRNA gene high-throughput sequencing.

The analysis performed on groundwater samples collected from PNS1, PNS2, and PNS5 yielded between 63,546 and 108,169 sequence reads after bioinformatic processing (Supplementary Table S2). Rarefaction curves showed that the reads obtained were sufficient to capture sample diversity (Supplementary Figure S2).

As shown in Supplementary Figure S3, the contaminated groundwater before plant operation was mainly composed by Proteobacteria (∼50% of total OTUs in PNS1 and ∼67% of total OTUs in PNS2) whereas members of Chloroflexi phylum represented max ∼2% of total OTUs in both groundwater samples. Interestingly, sequences affiliated to Parcubacteria were found at high abundance (∼22%) in the groundwater from high permeable zone with low concentration of chlorinated contaminants (PNS1). Members of Parcubacteria were recently identified by phylogenetic analysis of 16S rRNA genes recovered from environmental samples and metabolic predictions indicate that they have very restricted metabolic potential, largely based on fermentation (Castelle et al., 2017).

After long-term operation (570 days), the microbiome composition of groundwater drastically changed with the marked increase of Chloroflexi (Figure 4). In detail, Chloroflexi represented up to 32% of total OTUs and included members of Dehalococcoidaceae (21% of total OTUs, mostly composed by sequences affiliated to D. mccartyi genus) and Anaerolinaceae (9% of total OTUs, mainly Leptolinea and Pelolinea genera) families (Figure 4). Other phyla found in PNS5 were affiliated to Proteobacteria (20% of total OTUs, including 9% of Epsilonproteobacteria, and 5% of Deltaproteobacteria), Bacteroidetes (15%), Firmicutes (7%), Spirochaetes (6%), Cloacimonetes (5%), and Actinobacteria (3%). Low-abundance OTUs were affiliated to Microgenomates (2.5%), Alphaproteobacteria (2.0%), Caldithrix (2%) and to a variety of taxa occurring at <1% of total OTUs (∼12%) including sequences affiliated to poorly characterized bacterial lineages such as Aminicenantes, Caldiserica, Parcubacteria, and Peregrinibacteria.
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FIGURE 4. Microbial community structure of the treated groundwater (PNS5 sampling point) after long-term plant operation.



16S rDNA Clone Library

The characterization of the microbial communities selected in the PHB reactor was further performed by constructing 16S rDNA clone library to recover near-full-length 16S rRNA gene sequences. A total of 100 clones containing inserts with the expected size (about 1.5 kb) were selected from the total library, partially sequenced and sequence identities determined (Table 1). Partial sequences differing by ≤2% were considered a single relatedness group and representatives of most of these groups were fully sequenced on both strands. Figure 5 shows the phylogenetic tree of representative full-length sequences in the contest of currently recognized bacterial phyla. The analysis of the sequences showed the occurrence of microorganisms mostly with low 16S rRNA gene similarity (<90%) to already previously identified and/or cultured neighbors (Figure 5). The highest number of the screened clones belonged to Lentimicrobiaceae (20%) and Nitrospiraceae (20%) families followed by Dehalococcoidaceae (15%), Prolixibacteraceae (14%), Syntrophaceae (8%), Coriobacteriaceae (6%), Desulfovibrionaceae (4%) and Desulfuromonadaceae (4%) families.

TABLE 1. Numbers of the screened clones and the corresponding taxonomic affiliation.
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FIGURE 5. Phylogenetic tree of 16S rRNA gene sequences obtained from the clone library constructed with DNA extracted from PNS5 sampling point after 570 days of treatment.



In addition, other bacterial taxa present in decreasing abundance were Geobacter species, Dehalococcoides mccartyi, and Aeribacillus pallidus (Table 1).

DISCUSSION

The reliable and robust application of bioremediation strategies requires the comprehension of the microorganisms responsible for the contaminant degradation as well as the role of the flanking microbial communities. The detailed description of the groundwater microbial community able to reduce chlorinated solvents by using PHB as a slow-release electron donor source is reported in this study. The pilot plant was installed in a site heavily contaminated by cis-DCE and was composed by a GCW system connected to an external treatment unit where a PHB tank was installed to deliver fermentation products directly through the low permeable zones and improve the distribution of soluble electron donors. This coupled system allowed to create an effective three-dimensional circulation cell in the aquifer reaching less permeable layers where significant masses of contaminants are potentially accumulated (Pierro et al., 2017).

Overall, the treatment changed the groundwater microbiome with the remarkable increase of specialized OHRB able to dechlorinate cis-DCE and VC to ethene. This finding is in line with the evidences obtained from a preliminary laboratory treatability study, performed on soil core and groundwater samples taken from the same site, which indicated PHB as an effective source of electron donor able to stimulate the RD until the formation of ethene via transient VC formation (Pierro et al., 2017).

The analysis conducted along the external unit of the pilot plant employing PHB for the biological RD has demonstrated that the PHB reactor may efficiently act as an external incubator to growing D. mccartyi. Indeed, a marked increase of D. mccartyi strains, able to dechlorinate VC metabolically and more efficiently produce ethene, was found in the outlet streams of the PHB and ZVI/PHB reactors.

Additionally, the treatment stimulated the growth of a wide range of putative fermentative bacteria. High throughput sequencing revealed the occurrence of sequences belonging to Leptolinea genus. L. tardivitalis, the sole isolate available so far, is an obligate anaerobe able to ferment sugars and proteinaceous carbon sources and produce as by-products a variety of volatile fatty acids and hydrogen (Yamada et al., 2006). Other Chloroflexi found after the PHB treatment were affiliated to Pelolinea, previously described to have several phenotypic traits in common with members of the class Anaerolineae, e.g., strictly anaerobic growth and chemo-organotrophic metabolism with sugars and polysaccharides (Imachi et al., 2014). Additionally, sequences belonging to Bacteroidetes phylum were found at high abundance by NGS (∼15% of total OTUs) mainly affiliated to Lentimicrobiaceae. The further analysis of the near-full-length 16S rRNA gene sequences, generated by the clonal analysis, showed that most of them have a low similarity to already previously identified and/or cultured neighbors (≤90% 16S rRNA gene similarity). Among others, the screened clones were indeed mostly affiliated to Lentimicrobiaceae and Prolixibacteraceae (Bacteroidetes phylum) (Table 1). Lentimicrobiaceae family contains strictly anaerobic and slow-growing bacteria able to ferment a wide range of compounds to acetate, malate, propionate, formate and hydrogen (Sun et al., 2016). Within this family, Lentimicrobium saccharophilum, an anaerobic bacterium isolated from a reactor treating high-strength starch-based organic wastewater (Sun et al., 2016), displayed the highest sequence similarity (89–90%) with clones 6PHB and 61PHB. The sequences belonging to Prolixibacteraceae shared low levels of 16S rDNA sequence similarity (<90%) to known members of this family such as Sunxiuqinia, retrieved in anaerobic deep-sea environments (Qu et al., 2011) or Prolixibacter, fermentative bacterium isolated from a marine-sediment fuel cell (Holmes et al., 2007a), suggesting that they may belong to a novel taxonomic group at the genus level.

Additionally, a variety of sequences falling into taxonomic groups containing known sulfate- and Fe(III)- reducing bacteria was retrieved by the clonal analysis. They include members of Nitrospiraceae, mostly affiliated to the genus Thermodesulfovibrio (20% of the screened clones), and Syntrophaceaea family sharing 93–94% of sequence similarity with Syntrophus aciditrophicus, a fermenting bacterium able to grow on benzoate and certain fatty acids alone or in syntrophic association with hydrogen-consuming microorganisms (Elshahed and McInerney, 2001; Mouttaki et al., 2007). Furthermore, sequences related to Denitrobacterium genus (Coriobacteriaceae family) were found. This genus comprises a single species, D. detoxificans, able to grow via anaerobic respiration oxidizing hydrogen, formate or lactate for reduction of various oxidized nitrogen compounds (Anderson et al., 2000). Both NGS and clonal analysis revealed the occurrence of Geobacteraceae often found dominating in iron-reducing settings particularly in environments affected by anthropogenic influences (Holmes et al., 2007b). The Geobacter genus comprises anaerobic, non-fermenting chemoorganotrophic microorganisms able to reduce insoluble Fe(III) and Mn(IV) by employing several mechanisms including extracellular electron transfer via electric conductive nanowires. Being Geobacter species physiologically versatile, they are employed in environmental biotechnology, such as the natural attenuation of organic matter, bioremediation of aromatic hydrocarbons, heavy metals and organohalides, and generating bioenergy in microbial fuel cells and microbial electrolysis cells (Holmes et al., 2007b).

To lesser extent (4% of total clone library), sequences affiliated to Desulfovibrionaceae family were found sharing 97% of 16S rRNA sequence similarity with Desulfovibrio dechloroacetivorans, a microorganism able to coupling acetate oxidation to RD for growth (Sun et al., 2000). This group comprises strictly anaerobic members with a respiratory type or fermentative type of metabolism and most species are chemoorganoheterotrophs. Additionally, the analysis revealed the occurrence of sequences affiliated to Desulfuromonadaceae family, whose closest relatives were members of Desulfuromonas genus, such as Desulfuromonas svalbardensis able to reduce Fe(III) using common fermentation products such as acetate, lactate, propionate, formate or hydrogen as electron donors (Vandieken et al., 2006), and Pelobacter genus including microorganisms with the ability to grow fermentatively on short-chain organic acids such as lactate, citrate and pyruvate such as Pelobacter seleniigenes (Narasingarao and Häggblom, 2007).

It is worth noting the occurrence of low-abundance OTUs affiliated to poorly characterized bacterial lineages such as Aminicenantes, Microgenomates, and Cloacimonetes phyla previously found in a wide variety of anaerobic environments including oil reservoirs and hydrocarbon-impacted sites (Farag et al., 2014; Hu et al., 2016; Stolze et al., 2017).

CONCLUSION

The study confirmed the efficacy of the technology to remediate aquifers contaminated by chloroethenes and gave access the less represented species of the contaminated aquifer likely interacting with dechlorinators for the removal of chlorinated compounds through a wide range of metabolic reactions driven by the availability of PHB fermentation by-products. The results of this work clearly sustain the use of PHB as environmentally sustainable source of electron donor for bioremediation treatment of sites contaminated by chlorinated compounds and indicate the importance to further gain more insights into the metabolism networks of groundwater bacteria stimulated by the presence of PHB for the biological RD.
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Reductive dechlorination is the primary pathway for environmental removal of pentachlorophenol (PCP) in soil under anaerobic condition. This process has been verified to be coupled with other soil redox processes of typical biogenic elements such as carbon, iron and sulfur. Meanwhile, biochar has received increasing interest in its potential for remediation of contaminated soil, with the effect seldom investigated under anaerobic environment. In this study, a 120-day anaerobic incubation experiment was conducted to investigate the effects of biochar on soil redox processes and thereby the reductive dechlorination of PCP under anaerobic condition. Biochar addition (1%, w/w) enhanced the dissimilatory iron reduction and sulfate reduction while simultaneously decreased the PCP reduction significantly. Instead, the production of methane was not affected by biochar. Interestingly, however, PCP reduction was promoted by biochar when microbial sulfate reduction was suppressed by addition of typical inhibitor molybdate. Together with Illumina sequencing data regarding analysis of soil bacteria and archaea responses, our results suggest that under anaerobic condition, the main competition mechanisms of these typical soil redox processes on the reductive dechlorination of PCP may be different in the presence of biochar. In particularly, the effect of biochar on sulfate reduction process is mainly through promoting the growth of sulfate reducer (Desulfobulbaceae and Desulfobacteraceae) but not as an electron shuttle. With the supplementary addition of molybdate, biochar application is suggested as an improved strategy for a better remediation results by coordinating the interaction between dechlorination and its coupled soil redox processes, with minimum production of toxic sulfur reducing substances and relatively small emission of greenhouse gas (CH4) while maximum removal of PCP.

Keywords: biochar, PCP dechlorination, dissimilatory iron reduction, sulfate reduction, AQDS, molybdate

INTRODUCTION

Pentachlorophenol (PCP, C6Cl5OH) was first produced in 1930s and extensively used in the following decades until it has been banned globally since late 20th century (Hong et al., 2005; Gao et al., 2008; Ruder and Yiin, 2011). As a representative compound with stable aromatic ring structure and high chlorine content, PCP has relative persistence, high toxicity and long half-life in the natural environment (Zheng et al., 2011; Guyton et al., 2016; Piskorska-Pliszczynska et al., 2016; Louis et al., 2017). Therefore, soils and sediments became the major environmental sinks for PCP as well as its byproducts and were also potential sources of re-emission (Zheng et al., 2012; Chen et al., 2016; Diagboya et al., 2016; Cui et al., 2017). Under anaerobic conditions, reductive dechlorination process has proved to be of paramount importance for PCP degradation and in which PCP acts as an electron acceptor with electrons flow from electron donors. Our previous study had showed that the coexisting ionic species in the flooded soil, such as Fe(III), and SO42-, can also be served as terminal electron acceptors during anaerobic redox reactions to compete with PCP (Lin et al., 2014, 2018; Xu et al., 2015; Xue et al., 2017). But as two sides of the same coin, the processes of dissimilation iron and/or sulfate reduction were also found to have positive effect on PCP reduction process mediating by the functional microorganisms and mediators (Ehlers and Rose, 2006; Yang et al., 2009; Xu et al., 2014). The presence of the right terminal electron acceptor is vital for the organohalide respiration process, but it is hard to know the practical effect in the natural environment (Adrian and Loffler, 2016). This makes a more complicated and confused processes for PCP anaerobic degradation in flooded soil. Hence, there is still a lack of understanding of how these natural soil redox process effect PCP dechlorination and the direct or indirect mechanisms involved under anaerobic environment.

Biochar, a carbonaceous material formed during pyrolysis of biomass, is considered as a strong and effective sorbent for contaminated soil remediation (Xiao and Pignatello, 2015; Moreira et al., 2017). It can potentially effect pollutant bioavailability, and modify soil microbial habitats and (or) directly influencing microbial metabolisms, which together induce changes in microbial activity and microbial community structures (García-Delgado et al., 2015; Dai et al., 2016; Yao et al., 2017; Zhu et al., 2017). In addition to their high sorption ability, it has been demonstrated recently that some of these effects on soil biogeochemistry are a direct consequence of its electrochemical properties. Biochars from various feedstock sources can either accept, donate or mediate substantial amounts of electrons in their environment, via abiotic or microbial processes (Prévoteau et al., 2016; Chacón et al., 2017; Yuan et al., 2017). Previous studies have shown that biochar can influence the Fe redox cycling not only indirectly by changing the soil structure and chemistry but also directly by mediating electron transfer processes, i.e., though functioning as an electron shuttle (Kappler et al., 2014; Xu et al., 2016). However, how biochar affects sulfate redox cycling through its modification for sulfate reducer and whether it can act as an electron shuttle during this process are currently unknown.

Moreover, the redox properties of biochar has also been studied and proposed as a possible cause for PCP transformation by enhancing the extracellular electron transfer in soils (Tong et al., 2014; Yu et al., 2015). But these studies were either conducted under relatively ideal circumstances (artificial buffer or optimal reaction conditions) or under the bacterium suspension system without soil, with adequate carbon sources. Further investigation with experimental condition closer to a real natural flooding environment is thus necessary.

In this study, in order to disclose the effects and mechanisms of biochar on soil microorganisms and transformation of PCP that coupled with soil biogeochemical processes under natural flooded soil, and the role of biochar involved in microbial mediated reduction processes, including dissimilatory iron and sulfate reduction, PCP dechlorination, and methanogenesis, were simultaneously investigated. Sterilized controls were set to deduct the changes of environmental physical-chemical processes. A typical electron shuttle, 2,6-sodium anthraquinone disulfonate (AQDS) was added for the comparison of differences in the redox properties of biochar. To determine the mechanisms of biochar effect on sulfate reduction process, molybdate was added as a microbial sulfate reduction inhibitor. We hypothesized that: (1) biochar will promote both ferric iron reduction process and sulfate reduction process, but mechanisms involved may be different; (2) with modification in natural soil redox processes and soil microbial diversity following biochar amendment, biochar’s effect on PCP removal in flooded soil might be very different and complicate with previous found in dryland soil.

MATERIALS AND METHODS

Chemicals

Pentachlorophenol and its degradation intermediates (>98% purity), including 2,3,4,5-Tetrachlorophenol (2,3,4,5-TCP), 3,4,5-trichlorophenol (3,4,5-TCP) and 3,5-Dichlorophenol (3,5-DCP), were purchased from Sigma-Aldrich (St. Louis, MO, United States). The extractants (>99.9% purity), including methanol, n-hexane and acetone, were obtained from Merck KGaA (Darmstadt, Germany). The other analytical grade chemicals were obtained from Sinopharm Chemical Reagent Co., Ltd., Shanghai, China. Anhydrous sodium sulfate was muffle furnace-dried at 750°C for 4 h before use.

Soil Sampling

A deep layer (80–100 cm) of a coastal mangrove soil was collected near the Taishan city in Guangdong province, China (21°48.991’N, 112°27.848’E). The soil was air-dried, gently ground, and then partly passed through a 1 mm sieve for incubation. The soil had an average pH of 8.9, an organic matter content of 1.16%, and a composition of 17.49% clay, 62.62% silt, and 19.89% sand. The soil sulfate (SO42-) and total Fe content were comparatively high and the values of which were 626.3 μg g-1 and 33631.7 μg g-1, respectively. The other basic physicochemical properties of the soil were analyzed and the results are described in Supplementary Table S1 in the supporting information (SI).

Biochar Preparation and Characterization

Maize straw biochar was produced from an oxygen-limited muffle furnace at 500°C for 2 h as previously described (Luo et al., 2011). After cooling down to room temperature, the charred materials were milled to approximately 0.15 mm and sieved through a 100-mesh sifter. The elemental C, N, H, and S compositions of the biochar were determined using an elemental analyzer (Vario EL Cube, Elementar Co., Germany), and the O content was estimated by mass balance. The Brunauer–Emmett–Teller (BET) specific surface area of biochar was measured using Mastersizer 3000 (Malvern, United Kingdom). Nuclear magnetic resonance (NMR) analysis of biochar was conducted in the Center of Modern Analysis, Nanjing University (Bruker DRX 500, Germany). The essential properties of the biochar are given in Supplementary Table S2 in SI.

Anaerobic Incubation Experiment

Each serum bottles (150 mL) contained 15 g air-dry soil, amended with biochar at application levels of 0 and 1% (w/w), respectively. To obtain a PCP-spiked soil with a concentration of 20 μg g-1 and maintain a 1:2 (w/v) soil/water mixture to guarantee the flooding condition, 30 mL sterilized Milli-Q water and 0.1 mL PCP stock solution (3000 mg PCP L-1, dissolved in acetone) was added to each bottle. The abiotic controls that contained same soil and biochar were sterilized by γ-irradiation at 50 KGy to quantify the loss of PCP due to abiotic processes and systematic loss. For comparison, 100 μM anthraquinone-2,6- disulfonate (AQDS) was added as a known electron shuttle in the non-sterilized soil (Kappler and Haderlein, 2003). To investigate the effect of sulfate reduction process on the reductive transformation of PCP, additional vials also received 20 mM molybdate to inhibit the microbial activities of sulfate reducer (Patidar and Tare, 2005; Aguilar-Barajas et al., 2011). Briefly, three treatment groups were set as: sterilized abiotic group, unsterilized biotic group and unsterilized biotic molybdate group. Each group included three treatments, namely control, AQDS amendement, 1% biochar amendement. The bottles were then followed by vigorous shaking and purged with N2 (99.99%) for 20 min (0.75 L min-1) to eliminate the O2 and the solvent acetone from the experimental systems according to a preliminary study. After then the bottles were sealed with Teflon-coated butyl rubber stoppers and crimp seals. All treatments were incubated at 25°C in an anaerobic chamber (Don Whitley Scientific, England) under a N2 stream in the dark, for up to 120 days.

According to our previous study, triplicate samples from each treatment were destructively sampled for analysis at the end of the 120-day incubation for analysis. The sampling procedure was as follows: firstly, the gases (CO2, CH4) of each bottle was collected by the injection syringe and then injected in a 7 ml vacuum flask. Secondly, the redox potential (Eh) of the soil was measured in situ with a platinum electrode and a standard calomel electrode. The pH was also measured in situ with a complex electrode. The 0.5 ml slurry was then used for extraction to determine the HCl-extractable Fe(II) after vortexed 2 min. Finally, about two-thirds of the incubation mixtures were sampled and vacuum freezing-dried for other environmental variables (SO42-, NO3-, dissolved organic carbon (DOC), dissolved organic nitrogen (DON), PCP and its intermediates products) analysis, and the remaining slurry was sampled and stored at -80°C immediately for DNA extraction, amplification and high throughput sequencing.

Analytical Methods

Soil Chemical Analysis

The major chemical molecules and ions in soil mentioned above were measured following previously described methods (Xu et al., 2015). Briefly, Fe(II) concentration was measured based on 1,10-phenanthroline spectrophotometer colorimetric method after 0.5 mol L-1 HCl extraction for 24 h. Concentrations of anions (SO42- and NO3-) and DOC/DON concentrations were determined through Milli-Q water extraction at ratio of 1:10 (w/v) before analysis by ion chromatography and TOC analyzer, respectively. The concentrations of PCP and its intermediate products (2,3,4,5-TeCP, 3,4,5-TCP, and 3,5-DCP) in soils were extracted by ultrasonic extraction and subsequent derivatization by mixing with K2CO3 (10 mL, 0.2 M) and acetic anhydride (0.5 mL) (Lin et al., 2014). A gas chromatograph (Agilent 6890N, Agilent, Santa Clara, CA, United States) equipped with a 63Ni electric capture detector (Hewlett-Packard 6890, Hewlett-Packard, Palo Alto, CA, United States) and a HP-5 MS capillary column (30 m by 0.32 mm diameter by 0.25 μm) (J&W Scientific, Inc., Folsom, CA, United States) was used to determine the quantity and the species of chlorophenols. The concentration of released CO2 and CH4 were monitored by gas chromatography (GC) equipped with a flame ionization detector (FID) combined with a methane converter (TECHCOMP, China).

Soil DNA Extraction and Illumina Sequencing

Total microbial genomic DNA was extracted from 0.5 g of soil sample using the MoBio PowerSoil DNA Isolation Kit (MoBio Laboratories, Carlsbad, CA, United States) according to the manufacturer’s instructions. The quantity and quality of extracted DNA were checked photometrically using a NanoDrop® ND-1000 UVeVis spectrophotometer (NanoDrop Technologies, Wilmington, DE, United States). The V4 region of the bacterial 16S rRNA gene was amplified by the polymerase chain reaction (PCR) with the primer pair 520F (5′-AYTGGGYDTAAAGNG-3′) and 802R (5′-TAGNVGGGTATCTAATCC -3′). For archaeal genes, the V5-V6 region was amplified by the PCR. The forward and reverse primers were U789F: 5′-TAGATACCCSSGTAGTCC-3′ and U1068R: 5′-CTGACGRCGCCATGC-3′, respectively. The procedures for bacterial and archaeal DNA amplification were conducted by Personal Bio Co., Ltd., Shanghai, China. The sequences were submitted to the NCBI Sequence Read Archive (SRA) database (with accession number SRP127655 for the bacteria and SRP127707 for the archaea).

Statistical Analysis

Statistical analyses were performed using SPSS software version 18.0 (SPSS, Chicago, IL, United States). Treatment effects were tested by oneway ANOVA. Statistical significance was determined at the 5% level. To compare soil microbial communities, non-metric multidimensional scaling (NMDS) was given based on generalized UniFrac distance with “vegan” and “GUniFrac” packages on R platform1. UniFrac distance measured phylogenetic dissimilarities between communities (Lozupone and Knight, 2005) and NMDS visualized the distance in low dimensional space. Parameter α was set at 0.5 when calculating generalized UniFrac and 4 axes were remained for both archaea and bacteria to reduce stress less than 0.05. Dissimilarities between treatments were tested using permutation multivariate analysis of variance (PERMANOVA) (Anderson, 2001). Only the main effects of conditions (with or with molybdate) were tested. Associations between dominant species with abundance greater than 1% in archaea or bacteria and environmental factor were analyzed following Spearman’s method and visualized using “ggplot2” package. The raw p-values were adjusted following Benjamini and Hochberg’s (1995) procedure and the adjusted p-value less than 0.05 was considered significant.

RESULTS

Concentrations of PCP Residuals and Dechlorination Products

The residual concentrations of PCP in soils of all treatments are shown in Figure 1A. The PCP dissipation extents in biotic treatments were obviously greater than those in abiotic treatments. For the abiotic control treatment, PCP decreased from the initial value of 20 μg g-1 to 15.8 μg g-1 after 120 days. AQDS addition did not significantly affect the abiotic removal of PCP (14.7 μg g-1); but biochar significantly decreased the residual concentration of PCP (13.9 μg g-1) (p < 0.05, similarly hereinafter). For the biotic treatment groups, the degradation extent of PCP was significantly decreased by an average of 40% in the molybdate amended treatments. PCP degradation was significantly restrained with AQDS or biochar, especially with AQDS. Regardless of amendment molybdate, the PCP degradation extent decreased in the following order: soil + none (CK) > soil + 1% biochar (B) > soil + AQDS (A).
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FIGURE 1. Different soil redox processes at 120 days as shown by the concentration of PCP, Fe(II), SO42- and CH4 (A–D). CK: Soil + none; A: Soil + AQDS; B: Soil + 1% biochar; the prefix “S”: sterilized abiotic treatment group; the prefix “M”: unsterilized biotic molybdate treatment group. Only significant differences (p < 0.05) were shown by the letter (a, ab, b, c) in lowercase on the top of data column.



The major detectable intermediate products in the biotic treatment groups during PCP dechlorination were 2,3,4,5-TeCP and 3,4,5-TCP (Supplementary Figure S1), which were not detected in the abiotic treatment group. The variation of 2,3,4,5-TeCP concentration in different treatments was in accordance with PCP degradation extent, while 3,4,5-TCP stayed at very low concentrations (about 0.5 μg g-1) in all treatments. Comparing with biochar-free controls, biochar did not change the 2,3,4,5-TeCP concentration significantly, with the final concentration of about 5 μg g-1 and 10 μg g-1 in the presence and absence of molybdate, respectively. Among all the biotic treatments, soils with AQDS accumulated the minimum amount of 2,3,4,5-TeCP both in the presence or absence of molybdate, which were 1.2 μg g-1 and 4.5 μg g-1, respectively.

Changes of Typical Redox Processes

The concentration of reduced iron [Fe(II)] (Figure 1B) was comparatively small in the abiotic group (ranging from 4.4 mg g-1 to 6.8 mg g-1, close to the natural background levels of the soil samples (about 3 mg g-1). In the biotic treatment groups, the increased concentration of Fe(II) multiplied and the average concentration of which was about 10 mg g-1. Compared with biochar-free controls, biochar increased the accumulation of Fe(II), with changes not significant in all biotic treatments. In the absence of molybdate, the concentration of Fe(II) significantly increased by AQDS addition and reached a maximum values of 12.8 mg g-1 among the biotic treatments.

The sulfate concentration in soils decreased slightly in the biotic treatments with molybdate (on an average of 0.69 mg g-1) as compared to that in the abiotic controls (on an average of 0.74 mg g-1) (Figure 1C). Regardless of sterilization, neither AQDS nor biochar had significant effects on sulfate reduction in the treatments with molybdate. However, in the biotic treatments without molybdate, the sulfate reduction was significantly increased by biochar (from 0.74 to 0.34 mg g-1) but decreased by AQDS (from 0.77 to 0.67 mg g-1), as compared to that in the biochar-free control.

No methane was released from the soils of all abiotic treatments (Figure 1D). For the biotic treatments, the methanogenesis process was also inhibited with molybdate addition, with the concentration of methane only 4.34‰ in the control vials. Amendment of both molybdate and AQDS even further suppressed the release of methane to an undetectable level. However, the methanogenic activities could be increased with the coexistence of biochar, and the concentration of methane reached 169.1‰. For the biotic treatments without molybdate, the methanogenesis process was fully conducted and the concentration of methane reached a maximum of approximately 200‰, with no significant differences detected among this treatment group.

Changes of Bacteria and Archaea Communities

Taxonomic identity of each phylotype was determined using the Greengenes Classifier. A total of 777,455 and 818,579 trimmed sequences with the length of > 150 bp were obtained, and 1,600 and 389 operational taxonomic units (OTUs) with 97% similarity were identified for bacteria and archaea, respectively, from 18 soil samples of the biotic treatments. Figures 2A,B shows that the abundance-base diversity (α-diversity) indices of ACE, Chao 1, Simpson and Shannon of bacteria increased with biochar amendment but decreased with AQDS amendment in the presence or absence of molybdate. Comparing to the non-molybdate treatments, these indexes value slightly decreased with molybdate amendment. Besides, the changes of the α-diversity of archaea were exactly the opposite (Figures 2C,D). Molybdate addition increased α-diversity of archaea, these four indexes significantly increased in the AQDS treatments but decreased in the biochar treatments.
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FIGURE 2. Alpha diversity indexes of soil bacteria (A,B) and archaea (C,D) of different treatments. Abbreviations of the treatments are as Figure 1.



The non-metric multi-dimensional scaling (NMDS) analysis of OTUs relative abundance of bacteria (Figure 3A) showed an obvious separation of the six biotic treatments (stress = 0.04), indicating a significant effect of AQDS and biochar on bacteria communities along the MDS1, with the molybdate treatments obviously separated from the three control treatments along the MDS2. Additionally, the two treatments with AQDS, and the treatment with biochar only were also clearly separated from the other tree treatments in Figure 3B (stress = 0.03). This also indicated significant differences of these treatments in archaeal communities. The other two dimension (MDS3 and MDS4) plot of bacteria and archaea were plotted in Supplementary Figure S2.
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FIGURE 3. The NMDS plots based on generalized UniFrac distance for bacterial (A) and archaeal (B) community structure, respectively, and the relative abundance of dominant bacterial community at family level (C) and archaeal community at genus level (D) in different treatments.



Bacterial relative abundance (>2%) of the six treatments was compared at family level (Figure 3C). Treatment groups with or without molybdate had the similar variation among the control, AQDS and biochar treatments. The most abundant phylum in the control was Firmicutes (>60%), followed by Bacteroidetes (>16%), Proteobacteria (>15%) and Spirochaetes (>3%). Compared with the control, the addition of biochar increased the relative abundances of SB-1, Dehalobacteriaceae, Pelobacteraceae, Desulfobulbaceae, and Desulfobacteraceae significantly (especially the SB-1 that increased from 4.5 to 26.5%), but decreased the relative abundances of Clostridiaceae and Peptococcaceae significantly. With the amendment of AQDS, the relative abundance of Desulforudaceae increased significantly from 29.3 to 52.3%. The relative abundances of Pseudomonadaceae and Halomonadaceae also increased in the AQDS treatment. In the presence of molybdate, the relative abundance of Desulforudaceae, Peptococcaceae, Spirochaetaceae, Desulfobulbaceae, and Desulfobacteraceae decreased significantly, while that of Clostridiaceae, Dehalobacteriaceae, Pseudomonadaceae, and Halomonadaceae had a significant increase.

The archaea was mainly dominated by the phylum of Euryarchaeota, whose relative abundance accounted for > 90% of the control. Archaeal relative abundance (>1%) at genus level was plotted in Figure 3D. Methanosarcina and Methanolobus were the dominant genera, with their relative abundances accounted for 43.9 and 35.3% in the control, respectively. Biochar and AQDS amendment significantly increased the relative abundance of Methanosarcina to 92.1 and 70.5%, respectively. Besides, the relative abundance of Methanolobus significantly decreased to 7.4 and 0.01% in the biochar and AQDS treatments, respectively. In the presence of molybdate, the relative abundance of Methanosarcina of these treatments significantly decreased to no more than 20%, while the relative abundance of Methanolobus increased significantly except in the AQDS treatment. The other archaea genera were all increased in the coexistence of molybdate and AQDS, only with the exception of Methanosarcina and Methanolobus.

Correlations of Environmental Variables and Microbial Taxonomies

Heatmap based on the relative abundances of the dominant OTUs (>1%) in the data sets as gave detailed classification information between different treatments. As shown in Figure 4, all the dominant OTUs of archaea except OTU569, had exactly the same correlations with the environmental variables, which were positively correlated with the concentration of PCP, sulfate, DON and soil pH, but negatively correlated with the concentration of Fe(II), CH4, CO2, and soil Eh. The relative abundance of these OTUs increased in the presence of AQDS and/or molybdate. The outstanding OTU569 that belongs to family Methnosarcinaceae decreased significantly in the AQDS treatments. As to the dominant OTUs of bacteria, their relationship with environmental variables was more changeable. The OTU18656 (Desulfobacteraceae) and OTU15575 (Peptococcaceae) were positively correlated with the Fe(II) and CH4. The relative abundance of these two OTUs increased in the treatments with AQDS or biochar. The OTU10552 (Spirochaetaceae), OTU15575 (Peptococcaceae), and OTU12896 (Desulfobulbaceae) had negative correlations with PCP residues and soil pH, but positively correlated with CH4. The relative abundance of these three OTUs increased in the absence of molybdate. The OTU13824 (SB-1) also had a negative correlation with PCP residues, but its relative abundance increased in the presence of biochar.
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FIGURE 4. The significant correlations (p-value < 0.05) between environmental factors and relative abundance of the dominant bacterial and archaeal OTUs (Left) and the relative abundance of these OTUs in different treatments (Right).



DISCUSSION

Many studies have indicated that biochar amendment can directly and indirectly affect the fate of persistent organic pollutants and pesticides by acting as a geosorbent (Sun et al., 2012; Anyika et al., 2015), so the γ-irradiation sterilized abiotic treatment group was set in this study, in which the decreases in PCP concentration might be mainly due to sorption contribution of biochar. However, as no chlorophenols metabolites were detected in the sterilized abiotic soils, the sorption amount by biochar could not be deducted through comparison of differences between the abiotic control group and the biotic treatment group. Anyway, the results demonstrated that only a small proportion of PCP (less than 10%) was absorbed by amended biochar after 120-day incubation. Hence, the specific adsorption capacity and maximum adsorption capacity of biochar were not considered, and we speculated the differences in depletion of PCP and its metabolites among the treatments were mainly caused by the degradation ability of indigenous microorganisms in different treatments. The typical soil redox processes, sulfate reduction and methanogenesis, were also not significantly affected by biochar in the abiotic treatments (Figure 1).

The Role of Biochar in Enhanced Fe(III) Reduction Process

Usually, biochar is considered as a soil conditioner in many studies to improve soil fertility by increasing the pH and nutrient retention and shift soil biological community composition and abundance in soil and sediments (Tong et al., 2014; Yu et al., 2015, 2016). Biochar did not have a significant effect on the soil pH as the initial pH of the experimental soil is alkaline (Supplementary Figure S3A). The HCl-extractable Fe(II) is commonly accumulated as an end product of microbial Fe(III) reduction in natural environments. Therefore, a potential explanation for the enhanced generation of HCl-extractable Fe(II) in the presence of biochar is that biochar potentially stimulated the growth and activity of Fe(III) reducer. Our results showed that the addition of biochar and AQDS led to a significant increase in the abundance of Pelobacteraceae, especially in the presence of biochar (Figure 3C). This family has been discovered as the dominant iron reducer in many studies (Hori et al., 2015), and reported as having a positive correlation with Fe(III) reduction in the ferrihydrite enrichment with the amendment of AQDS or biochar (Zhou et al., 2016).

Meanwhile, biochar has also been reported as an electron shuttle for microbial electron shuttling to transfer electrons onto a solid Fe(III) (ferrihydrite) electron acceptor from Shewanella oneidensis and significantly increased the rate of ferrihydrite reduction and extent of reduction (Kappler et al., 2014; Xu et al., 2016; Yuan et al., 2017). Hence, as biochar can donate, accept, or transfer electrons in their surrounding environments, either abiotically or via biological pathways, there is the possibility that biochar served as an electron mediator to enhance the generation of HCl-extractable Fe(II). As a commonly used quinone containing analog of humic substances in laboratory, AQDS is often used as a model electron shuttling compound in studies of dissimilatory microbial reduction of iron oxides and transformation of reductive organic compounds (Kappler and Haderlein, 2003; Liu et al., 2007; Kwon and Finneran, 2008; Costa et al., 2010). Though the above two pathways might thus work concurrently, given that the more prominent increase of HCl-extractable Fe(II) accumulated in the AQDS treatment, the electron shuttling pathway might play a more significant role in the Fe(III) reduction process with biochar amendment.

Effect of Biochar on Sulfate Reduction Process

Microbial dissimilatory sulfate reduction is also an important transformation that occurs under anaerobic environment (Muyzer and Stams, 2008). After 120 days incubation, the redox potential became downward into the range of SO42- reduction (approximately-150 mV, Supplementary Figure S3B) (Connell and Patrick, 1968). But comparing with the abiotic group, the microbial reduction extend of sulfate was not strong in soils of the biotic treatments. Theoretically, competitive relationships are involved between different microbial metabolic pathways on account of their corresponding thermodynamic feasibility (Jin and Bethke, 2007; Burgin et al., 2011). As such, the microbial reduction of Fe(III) process is prior to the sulfate reduction process and always acts as a powerful competitor when both processes exist simultaneously. Hence, the results that why the concentration of HCl-extractable Fe(II) reached the maximum while the sulfate was reduced at the smallest extent in the presence of AQDS may be well explained (Figures 1B,C). This also provided a further proof that the electrons of this system might not be inadequate to the subsequent redox reactions after iron reduction. Put another way, electron shuttling might be not conducive to the microbial sulfate reduction if the iron reduction process is relatively active, especially under electron limited reducing environment.

The effect of biochar on microbial sulfate reduction process has been little investigated so far. The barely researches reported that biochar amendment did not increase the sorption capacity of soil for SO42- (Zhao et al., 2017) and it could enhance the SO42- reduction (to sulfide) by 85% compared to the initial concentration (Easton et al., 2015), but the mechanisms involved had not been well discussed. In our study, biochar amendment also significantly increased the microbiological reduction of SO42-, which is highly consistent with increased abundance of sulfate reducer (Desulfobulbaceae and Desulfobacteraceae) with biochar amendment (Figure 3C). But the relative abundance of family Desulforudaceae, which has been observed likely involved in the biogeochemical cycling of sulfur in previous study (Rempfert et al., 2017), decreased significantly in the presence of biochar. We thus speculate that this family might not be the main active sulfate reducer in our study. Actually, the existing reports regarding the sulfate reducing function of this family in complex matrices such as soil is still limited. The molybdate ion is a functional analog sulfate during the process of cellular respiration that can be transported into the bacteria, resulting in the deprivation of sulfur reducing compounds (Patidar and Tare, 2005; Aguilar-Barajas et al., 2011). Thus, it acts as an ion specific metabolic inhibitor that limits sulfate reduction and is toxic to these microorganisms. Here, in the presence of molybdate, the relative abundances of the two families Desulfobulbaceae and Desulfobacteraceae decreased to almost zero with no significant difference among the three treatments, even in the presence of biochar (Figure 3C). Therefore, we deduced that the sulfate reduction process under anaerobic environment is predominantly controlled by the functional sulfate reducer but not the electron mediators like AQDS. The effect of biochar on sulfate reduction process is mainly through modifying the abundance and activities of functional microorganisms but not as an electron shuttle.

Coupling Effect of Biochar and Soil Redox Processes on PCP Reductive Dechlorination

Conventionally, organic contaminants sorbed onto biochar have been considered to be chemically and biologically inert (Lou et al., 2011; Xiao and Pignatello, 2015). The soil residual concentration of PCP in the biotic treatment with biochar was less than that without biochar (Figure 1A), which indicated that the reduced portions might be ascribed to the irreversible adsorption by biochar and this might decrease the microbial availability of PCP. Meanwhile, the experimental biochar in our study was produced at 500°C with comparatively high aromaticity and different surface functional groups (Supplementary Table S1), hence, the possibility that biochar acting as an electron shuttle in anaerobic environment should not be discounted. Additionally, similar to the role of biochar in soil redox processes, biochar also behaved multifunction in the biotransformation of organic contaminants in many studies (Zhu et al., 2017). Though a previous study has reported that biochar could positively enhance the extracellular electron transfer in soils to promote PCP transformation by stimulating the growth and metabolism of microorganisms in the soils, it is not close to the real soil environment by maintaining the pH at 7.0 with 30 mM PIPES buffer (Tong et al., 2014). The natural anaerobic soil environment is always more complicated with different electron donors, electron mediators, acceptors and microorganisms (Xu et al., 2015). In our study, the soil:water ratio was set at 1:2 to simulate the flooding environment and we found that AQDS and biochar suppressed the PCP degradation, especially with the AQDS amendment. The original DOC and DON concentrations of the deep soil layer samples used in this study had been relatively low (about 150 mg kg-1 and 15 mg kg-1, respectively, as shown in Supplementary Figures S3C,D), and we did not add any extra electron donors during the incubation. Therefore, the electron donors in the experimental soil were speculated to be very limited for guaranteeing a complete soil reduction processes. Under this circumstance, limited electrons might be transferred to the dominant more competitive one (in our case, Fe(III) reduction) by the amendments (AQDS or biochar) and thus inhibited the reductive dechlorination of PCP indirectly.

Though the relative abundance of the family Dehalobacteriaceae increased significantly in the presence of molybdate (Figure 3C), the PCP degradation extent reduced significantly comparing with the molybdate-free treatments (Figure 1A). It is inferred that the family Dehalobacteriaceae might be the main PCP dechlorinator in the molybdate-free treatments in this study. However, with the coexistence of molybdate and biochar, the relative abundance of this family is comparatively increased, which is coincidence with the enhanced PCP degradation. So biochar might have the ability to benefit the growth of dechlorinators by improving the environmental condition for the dechlorinators and easing the competition relation between dechlorinators and other microorganisms to affect the dechlorination process in the presence molybdate. Besides, the family Peptococcaceae, whose abundance decreased significantly in the presence of molybdate, includes many degrading genera like Dehalobacter and Desulfitobacterium (Dennie et al., 1998; Kranzioch-Seipel et al., 2016). Molybdate has been reported as capable of partially inhibit the dechlorination of polychlorinated biphenyls at a low concentration (1 mM) (Ye et al., 1999). Thus, it would not rule out the possibility that molybdate could inhibit other potential dechlorinators or microorganisms with other functions (e.g., sulfate reducer) to indirectly regulate the reductive dechlorination of PCP.

The electrons consumed for each microbial reduction process in biotic treatments were calculated and shown in Figure 5 (Treatments with or without molybdate were grouped together for analysis; specific values of each treatment were plotted in Supplementary Table S3 in SI). The addition of molybdate decreased the total amount of electron equivalents needed by more than 50% (from an average of 3568 to 1759 μmol) (The calculation of each electron acceptor was based on assumption in Table 1). Total electrons consumed by microbial Fe(III) and sulfate reduction processes were significantly increased by the amendment of both AQDS and biochar, respectively, in the molybdate-free treatments [from 1217 to 2096 μmol and from 165 to 501 μmol for Fe(III) and sulfate reduction processes, respectively]; while the electrons subdivided to PCP reduction process were all decreased significantly. This suggested the presence of AQDS or biochar might shift part of electrons from dechlorination to Fe(III) and sulfate reduction. And interestingly, when the whole microbial reduction processes were inhibited to some extent by molybdate, the electrons consumed for dechlorination and methanogenesis significantly increased with biochar addition (from 0.15 to 0.40 μmol and from 34.56 and 1351.80 μmol for dechlorination and methanogenesis, respectively). Therefore, to make sure the exact biochar effect on reductive removal of PCP in flooded soil, more synthetic consideration is necessary to warrant a better result through balancing all the redox processes to avoid the production of both toxic reduced iron/sulfur substances and greenhouse gases while pollution remediation.
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FIGURE 5. Stoichiometric electron equivalent analysis of the receiving electrons during reduction of Fe(III) (A), SO42-(B), PCP (C), and methanogenesis (D) in the biotic treatments. Treatments with or without molybdate were grouped together for analysis.



TABLE 1. Relevant half reactions of the electron acceptors during 120 days incubation.
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The Potential Functional Microbial Species Regulating Typical Soil Redox Processes in PCP Polluted Soil Following Biochar Addition

Based on the sequencing results, our studies clearly show that the addition of AQDS and biochar had significant influences on the archaea and bacteria structures (Figures 3A,B). The corresponding changes of the dominant OTUs (relative abundance > 1%) were analyzed relating to the environmental variables and specific treatments (Figure 4). As the most abundant genus in the molybdate-free treatments, genus Methanosarcina apparently was the dominant methanogens in these treatments. However, the relative abundance of OTU569 (Methanosarcina, Methanosarcinaceae) was irrelevant to CH4 but positively related with the DOC. There was no difference with CH4 concentration among the treatments, evidently proved that this OTU was susceptible to the readily usable carbon source (electron donors). Another possible explanation is that OTU569 might be very stable in each treatment and had no relations with the major environmental variables.

Positive correlations of PCP with the notable OTU4510 that belongs to the family Pseudomonadaceae indicated that this group was resistant to PCP. The dominant OTUs included OTU10552 (Spirochaeta, Spirochaetaceae), OTU15575 (Desulfosporosinus, Peptococcaceae), OTU12896 (unclassified Desulfobulbaceae) and OTU13824 (unclassified SB-1) showed negative correlation with PCP residual, indicating these species might participate in the PCP dechlorination. The members of the Desulfosporosinus and Desulfobulbaceae have been previously suggested as popular sulfate reducer (Miletto et al., 2011; Engelbrektson et al., 2014). Since our results found that both OTU15575 and OTU12896 had a negative correlation with sulfate concentration, they would thus probably be the main functional sulfate reducers. In addition, these two OTUs were positively related to CH4 and CO2, which might also facilitate the methanogenesis process synergistically by accelerating the reduction of redox potential. Though these two species were found to be important for toluene and hexahydro-1,3,5-trinitro-1,3,5-triazine (RDX) degradation under various electron-accepting conditions (Sun et al., 2012; Cupples, 2016; Michalsen et al., 2016), they have not yet been reported in the chlorinated organic pollutants degradation researches. Their effects on PCP degradation might thus be in an indirect way.

The concentration of accumulated HCl-extractable Fe(II) was positively related to OTU18656 (unclassified Desulfobacteraceae) and OTU15575 (Desulfosporosinus, Peptococcaceae) whose relative abundances increased in the presence of biochar (Figure 4). This indicated that these two species played an important role in facilitating the Fe(III) reduction. It is reported that Desulfobulbaceae could partially share the electrons from the benzene as syntrophic partners in an iron-reducing enrichment culture (Kunapuli et al., 2007). Meanwhile, members of the family Desulfobacteraceae was also proved to be important for naphthalene degradation under sulfate-reducing conditions in freshwater environments (Kümmel et al., 2015). Therefore, members of this family might also be the muti-functional species that acted as both Fe(III) and SO42- reducer under the stress of PCP pollution, especially in the presence of biochar.
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Chlorinated compounds were generally present in the environment due to widespread use in the industry. A short-term study was performed to evaluate the effects of 1,1,1- trichloroethane (TCA) and triclocarban (TCC) on trichloroethene (TCE) removal in a reactor fed with lactate as the sole electron donor. Both TCA and TCC inhibited TCE reduction, but the TCC had a more pronounced effect compared to TCA. The TCE-reducing culture, which had never been exposed to TCA before, reductively dechlorinated TCA to 1,1-dichloroethane (DCA). Below 15 μM, TCA had little effect on the transformation of TCE to cis-dichloroethene (DCE); however, the reduction of cis-DCE and vinyl chloride (VC) were more sensitive to TCA, and ethene production was completely inhibited when the concentration of TCA was above 15 μM. In cultures amended with TCC, the reduction of TCE was severely affected, even at concentrations as low as 0.3 μM; all the cultures stalled at VC, and no ethene was detected. The cultures that fully transformed TCE to ethene contained 5.2–8.1% Dehalococcoides. Geobacter and Desulfovibrio, the bacteria capable of partially reducing TCE to DCE, were detected in all cultures, but both represented a larger proportion of the community in TCC-amended cultures. All cultures were dominated by Clostridium_sensu_stricto_7, a genus that belongs to Firmicutes with proportions ranging from 40.9% (in a high TCC (15 μM) culture) to 88.2%. Methanobacteria was detected at levels of 1.1–12.7%, except in cultures added with 15 and 30 μM TCA, in which they only accounted for ∼0.4%. This study implies further environmental factors needed to be considered in the successful bioremediation of TCE in contaminated sites.

Keywords: trichloroethene, 1, 1, 1-trichloroethane, triclocarban, reductive dechlorination, electron distribution

INTRODUCTION

Three typical chlorinated compounds, trichloroethene (TCE), 1,1,1- trichloroethane (TCA) and triclocarban (TCC), are common environment contaminants as a result of widespread use in industrial processes and improper disposal (Grostern and Edwards, 2006; Brausch and Rand, 2011; USEPA, 2014). TCE is classified as a human carcinogen according to a Toxic Substances Control Act (TSCA) Chemical Work Plan Chemical Risk Assessment for TCE (USEPA, 2014), and it has a maximum contaminant level (MCL) in drinking water of 5 μg/L (USEPA, 2017). TCA was banned from use and production for domestic use in United States since 2002 because it damages the ozone layer and may affect the liver, even cause death (ATDSR, 2006). The MCL of TCA in drinking water is less than 0.2 mg/L (USEPA, 2017). TCC has largely been added in detergents, soaps, cosmetics, and other personal care products at levels of 0.2–1.5% (w/w) since 1957 to inhibit microbes (Halden and Paull, 2005; Clarke and Smith, 2011; Carey et al., 2016; Souchier et al., 2016). TCC has detrimental impacts on wildlife and humans (Miller et al., 2008; Zhao J.L. et al., 2010), and the lowest effect concentration for aquatic biota is 0.101 μg/L (McClellan and Halden, 2010).

Microbially mediated anaerobic reductive dechlorination is a good strategy for the remediation of chlorinated compounds. For example, TCE can be converted to dichloroethene (DCE), vinyl chloride (VC), and finally non-toxic ethene in a stepwise manner (Lee et al., 2013; Wen et al., 2017) by various microorganisms. Dehalococcoides (which belong to Chloroflexi) are the only known bacteria that completely transform TCE all way down to ethene, although many other microorganisms have been found to partially reduce TCE to DCE or VC, including Geobacter, Desulfovibrio, Desulfuromonas (which belong to Proteobacteria), Dehalobacter and Desulfitobacterium (which belong to Firmicutes), and Dehalobium, and Dehalogenimonas (which belong to Chloroflexi) (Duhamel and Edwards, 2006; Maphosa et al., 2010).

Similarly, TCA can be transformed to 1,1-dichloroethane (DCA) and then to chloroethane (CA) via anaerobic reductive dechlorination by Dehalobacter or co-metabolism by Desulfobacterium, Desulfovibrio, Clostridium, and Methanobacterium (Egli et al., 1987; Gälli and McCarty, 1989). However, the degradation of TCC is quite different. Pycke et al. (2014) detected dichlorocarbanilide (DCC) and monochlorobanilide (MCC) in raw and treated sewage sludge and showed that anaerobic digestion only dechlorinated 0.4–2.1% of TCC. Souchier et al. (2016) performed field and laboratory experiments indicating that TCC reductive dechlorination occurred in anaerobic conditions to form 4,4-DCC and in aerobic circumstances to produce 3,4-DCC. Only a handful of microbial species are reportedly able to reductively reduce TCC, e.g., Sphingomonas, and Ochrobactrum (Mulla et al., 2016; Yun et al., 2017).

Trichloroethene and TCA frequently co-exist in contaminated sites due to their similar industrial uses. Data from the NPL database shows that approximately 20% of USEPA NPL sites are contaminated with both TCE and TCA. A northeastern American industrial area was polluted with 38 μM TCA and 8 μM TCE (Grostern and Edwards, 2006). Kaown et al. (2016) found that both chlorinated ethenes and ethanes were present in the industrial area of Asan, Korea, and the levels of monitored TCE and TCA ranged from 0.004 to 5.8 mg/L and from non-detected to 1.8 mg/L, respectively. Though initially was not suggested as an unidentified contamination (Halden and Paull, 2005), TCC was monitored at a value of 6750 ng/L with a frequency of 68% in United States water resources. Similarly, Zhao J.L. et al. (2010) measured 4.5–338 ng/L of TCC in the water of the Pearl River system in China and 58–2633 ng/L in its sediments. These sites were also possibly contaminated with TCE and TCA (Zhao J.L. et al., 2010; Kaown et al., 2016).

The presence of co-contaminants can greatly influence the efficiency and extent of chlorinated ethene dechlorination during in situ bioremediation of contaminated sites. Adamson and Parkin (2000) showed that TCA (below 20 μM) had an effect on tetrachloroethene (PCE) removal, while 10–15 μM of carbon tetrachloride (CT) inhibited the transformation of PCE and VC. Duhamel et al. (2002) found that the reduction of TCE always stalled at the step of VC conversion when the concentration of TCA was between 5.2 and 22 μM, and also stopped in the presence of 2.5 μM of chloroform (CF). Grostern and Edwards (2006) found that the presence of TCA inhibited the dechlorination of TCE and vice versa in way that was concentration independent and purely determined by the culture. Grostern et al. (2009) later suggested that chlorinated ethenes inhibited TCA dechlorination by directly affecting the reductive dehalogenase (RDase) enzymes. McDonnell and Russell (1999) reported that TCC poisoned gram-positive bacteria but had a less effect on gram-negative bacteria and fungi. Walsh et al. (2003) found that TCC was active against Staphylococcus aureus. Davis and Hidu (1969) reported that 0.1 μM (∼30 μg/L) of TCC caused abnormal growth of clams and reduced the survival of larvae. However, as they usually co-exist with TCE, the effects of TCA and TCC on TCE reduction remain unclear.

Dechlorinating microorganisms are always in a mixed culture, which contains many other syntrophic microbes, e.g., fermenters, methanogens and acetogens, that contribute to the rigorous nutrient requirements of the dechlorinators (He et al., 2003; Kittelmann and Friedrich, 2008; Men et al., 2013; Wen et al., 2017). Fermenters transform organic substrates, such as lactate, formate, and methanol, to acetate and hydrogen, which are used as a carbon source and electron donor, respectively, by dechlorinating microbes (Wei and Finneran, 2013; Wen et al., 2015). Homoacetogens are vital microbes that synthesize corrinoids, a significant cofactor for the growth of Dehalococcoides (Johnson et al., 2009; Ziv-El et al., 2012). Methanogens may also produce corrinoids for Dehalococcoides (Löffler et al., 1997; Wen et al., 2015). To date, TCA has been shown to inhibit methanogenesis and acetogenesis (Vargas and Ahlert, 1987; Adamson and Parkin, 2000), and TCC has been shown to inhibit methanogens and to alter microbial community structure in an anaerobic digester (Carey et al., 2016). Therefore, TCA and TCC might have negative effects on TCE reduction by affecting the microbial community structure, as they are largely consumed and always found in the environment.

The objective of this study is to explore the mechanisms behind the effects of TCC and TCA on TCE reduction. To achieve this goal, we will investigate the changes of reductive dechlorination, methane production and the electron donor distribution, along with the microbial community shifts under different conditions.

MATERIALS AND METHODS

Description of the TCE-Dechlorinating Culture

The TCE-dechlorinating culture YH had been maintained in the laboratory for 3 years with lactate as the sole electron donor (Kranzioch et al., 2013; Wen et al., 2016). This Dehalococcoides-dominated culture efficiently transformed TCE (0.3 mM) to non-toxic ethene in 10 days. The culture was incubated under anaerobic conditions in dark at 30°C.

The Effects of TCA and TCC on the TCE-Dechlorinating Culture

We prepared the anaerobic medium for TCE reduction according to Wen et al. (2015). The mineral salts medium contained the following reagents (per liter): 3.17 g KH2PO4, 14.33 g Na2HPO4 • 12H2O, 0.45 g (NH4)2HPO4, 0.04 g MgHPO4 • 3H2O, 1 mL of trace element solution A, and 1 mL of trace element solution B described by Kranzioch et al. (2013). We added 0.2 mM L-cysteine, 0.2 mM Na2S • 9H2O and 0.5 mM DL-dithiothreitol (DTT) as reducing agents, 10 mM NaHCO3 and 10 mM tris-ethanesulfonic acid (TES) as buffering agents (He et al., 2007), and 0.025% (vol/vol) resazurin as a redox indicator (Amos et al., 2008). We transferred 75 mL of medium into 120-mL glass serum bottles under a stream of argon (Ar) and then sealed the bottles with butyl rubber stoppers and aluminum crimps. We injected 0.8 mL ATCC vitamin supplement (ATCC MD-VS, United States), 80 μL vitamin B12 (0.5 g/L in a stock solution, and final concentration was 0.5 mg/L), 200 μL lactate (1 M in a stock solution, and final concentration was 2.5 mM) and 2.4 μl TCE (99.9% in purity, and final concentration was 0.3 mM) into the bottles with micro-syringes in an anaerobic chamber (AW200SG).

We examined the effects of TCA and TCC on TCE dechlorination separately and in combination as follows. To explore the effect of TCA on the TCE-dechlorinating culture, we added TCA to final concentrations of 0.3, 3, 15, and 30 μM in four separate bottles. Each bottle was incubated with 5 mL bacterial solution from the YH culture. To test the effect of TCC, we similarly transferred 5 mL TCE-dechlorinating culture into bottles amended with 0.3, 3, or 15 μM of TCC. To evaluate the effects of both TCA and TCC together on TCE reduction, we added both to a final concentration of 0.3 μM in the same bottle and then incubated with 5 mL TCE-dechlorinating culture. We also maintained 5 mL YH culture in a bottle with only 0.3 mM of TCE as a positive control; a bottle containing 0.3 mM TCE, 0.3 μM 1,1,1-TCA and 0.3 μM TCC in 5 mL sterile medium instead of YH culture was used as a negative control.

Each bottle was sampled periodically for TCE analysis (every 12 h during TCE reduction; every 2 days after TCE was completely reduced). All experiments were performed with duplicate bottles. The results are presented as the average values from the duplicates.

Chemical Analysis

Chlorinated ethenes (TCE, cis-DCE, VC), ethene, chlorinated ethanes (TCA, DCA, CA) and methane were measured by injecting 100 μL of headspace samples with a gas-tight syringe into a gas chromatograph (Agilent Technologies GC system, model 6890N, Agilent Technologies, Inc., United States) equipped with a flame-ionization detector (FID), and a packed column (30 m long, 0.32 mm i.d., 0.5 μm thickness, cross-linked polydimethysiloxane film, J&W Scientific, United States) (Zhao H.P. et al., 2010; Ziv-El et al., 2011; Wen et al., 2017). N2 was the carrier gas fed at a constant flow rate of 0.065 m3/d, and the temperature conditions for injector and detector were 200 and 250°C, respectively. The program was as follows: holding at 60°C for 1 min, heating gradually to 200°C (20°C/min), and holding at 200°C for 2 min. Analytical grade chloroethenes, ethene, chloroethanes, and methane were added into 80 mL of water in 120 mL bottles to make standards for calibration curves, which were linear (R2 ≥ 0.996). We computed the concentrations of ethene and methane in the liquid according to their Henry’s constants (KH):
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The calculated dimensionless Henry’s constants (mMgas/mMliq, T = 25°C) used in this study were 8.35 for ethene and 28.99 for methane.

The volatile fatty acids (VFAs) lactate, acetate, and propionate were analyzed using liquid chromatography (LC, Waters) equipped with a 1525 Binary Pump, a 717 plus Autosampler, a 2487 Dual λ Absorbance Detector and an organic acid column (AcclaimTM OA 5 μm, 4 mm × 250 mm). The monitored parameters were as follows: the mobile phase was 100 mM Na2SO4, the pH was adjusted to 2.65 with methylsulphonic acid (MSA), the flow rate was 0.6 mL/min, the column temperature was set at 30°C, the absorbance wavelength was 210 nm, and the injection volume was 10 μL. Liquid samples (1 mL) were filtered through a 0.22-μm polyvinylidene fluoride membrane syringe filter (Shanghai Xingya Purifying Materials Company, China) into 1 mL glass vials for subsequent analysis. Calibration curves were generated for all VFAs during every HPLC run. The detection limits for VFAs on the HPLC were 0.1 mg/L.

Electron Distribution Analysis

The electron distribution for each reaction was calculated as described previously (Delgado et al., 2012; Wen et al., 2015). The numbers of e- equivalents (eq) required for dechlorination of TCE per mole are 2, 4, and 6 to DCE, VC, and ethene, respectively, and each mole of lactate can provide 12 e- eq. The electron distributions were calculated as follows:
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The related reactions and equations are listed in Supplementary Table S1.

Molecular Biology Analysis

At the end of operation, we took 30 mL of liquid samples into 50-mL centrifuge tubes and then centrifuged for 1 h at 8000 rpm (5900 g) at 4°C (Eppendorf 5415R, Germany). We collected the pellets for DNA extraction as described by Zhong et al. (2017).

We used SYBR Premix Ex Taq Kits (Takara Bio, Inc., Japan) and performed qPCR amplification to target Dhc (for Dehalococcoides), mcrA (for methanogens), FTHFS (for acetogens) and the functional reductive dehalogenase genes tceA and vcrA (Wen et al., 2015). The slopes of the plasmid standard curves and efficiency values for quantification by qPCR are listed in Supplementary Table S2. We calculated gene copy numbers for biomass samples using the standard curves.

The DNA samples were sent to Novogene (Beijing, China) to perform Illumina MiSeq sequencing with standard protocols including amplicon generation, which used primers 341F (5′-CCTAYGGGRBGCASCAG-3′) and 806R (5′-GGACTACNNGGGTATCTAAT-3′) to target the conserved V3 to V4 regions of the bacterial 16S rRNA gene (Caporaso et al., 2010a), PCR products quantification, and library sequencing, which was generated using Illumina TruSeq DNA PCR-Free Library Preparation Kit (Illumina, United States) following manufacturer’s recommendations. The library quality was assessed on the Qubit@ 2.0 Flurometer (Thermo Scientific) and Agilent Bioanalyzer 2100 system and finally the library was sequenced on an Illumina HiSe platform and generated 250 bp paired-end reads. The data were processed using the QIIME (version 1.7.0) pipeline (Caporaso et al., 2010b).

RESULTS

The Reductive Dechlorination of TCE in the Presence of TCC and TCA

Figure 1 shows TCE reduction at different concentrations of TCA. Approximately, 0.3 μM TCE was completely reduced to ethene in 10 days at a rate of 30 μmol Cl-/(L-d) in the positive control batch and in the presence of 0.3 μM TCA. When the TCA concentration increased to 3 μM, same amount of TCE was mostly reduced to VC, but only 124.9 μM of ethene was detected at day 20. At concentrations of 15 and 30 μM, TCA significantly inhibited TCE reduction: cis-DCE was reduced to VC at day 10 and day 20, respectively, representing a delay of 6 and 16 days compared to 3 μM TCA.
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FIGURE 1. Batch tests on the dechlorination of chlorinated ethenes in the cultures exposed to different concentrations of TCA. Left Y-axis is the concentrations of chlorinated ethenes and ethene. Batch test (A) TCE only; (B) TCE + 0.3 μM TCA; (C) TCE + 3 μM TCA; (D) TCE + 15 μM TCA; (E) TCE + 30 μM TCA; (F) TCE + 0.3 μM TCA + 0.3 μM TCC.



Figure 2 shows TCE reduction at different concentrations of TCC. No TCE reduction was detected in the negative control. Unlike with TCA, all tested concentrations of TCC strongly inhibited TCE reduction. TCE was reduced to cis-DCE instantly, but the reductive rate of cis-DCE to VC decreased sharply, ranging from 127.9 to 20.2 μmol Cl-/(L⋅d) with increasing concentrations of TCC from 0.3 to 15 μM (cis-DCE was transformed to VC at days 4, 7, and 15 in the presence of 0.3, 3, and 15 μM TCC).
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FIGURE 2. Batch tests on the dechlorination of chlorinated ethenes in the cultures amended with different concentrations of TCC. Left Y-axis is the concentrations of chlorinated ethenes and ethene. Batch test (A) TCE + 0.3 μM TCC; (B) TCE + 3 μM TCC; (C) TCE + 15 μM TCC; (D) Negative Control.



To evaluate the combined effects of TCA and TCC on TCE reduction, 0.3 μM TCA and 0.3 μM TCC were added to the cultures (Figure 1F). The pattern of TCE reduction was similar to that of the cultures amended with 0.3 μM TCC despite a lower dechlorinating rate, which indicated that the co-contaminants intensified the inhibition of TCE reduction.

Figures 1, 2 also plots the models of methane production. When only TCE was added to the cultures, methane was produced rapidly at the beginning, then maintained steady from day 3 to day 7, and then increased continually to 483 μM at the end of the experiment. Low concentrations of TCA (≤3 μM) did not affect the activity of methanogens, whereas high concentrations of TCA (≥15 μM) significantly inhibited methane generation. Methanogens underwent an acclimation phase in the cultures amended with different concentrations of TCC, with 4, 7, 10 days lag when exposed to 0.3, 3, and 15 μM TCC, respectively, compared with the positive control.

Before conducting this study, the TCE-reducing culture had never been exposed to TCA. Supplementary Figure S1 shows the dechlorination of the added TCA. Approximately 0.3 μM TCA was completely removed by day 4, and no DCA and CA were detected. When the TCA concentration was increased from 3 to 30 μM, the dechlorination of TCA lagged, allowing the accumulation of intermediates DCA.

Electron Donor Distribution in the Presence of TCC and TCA

In this study, 3 mM lactate was utilized as the electron donor for all tests, which theoretically corresponds to 36 mmol e- equivalents/L. In the presence of TCA, lactate was fermented to acetate and propionate instantly despite the concentration of TCA (Supplementary Figure S2). However, it took 3 days for the lactate to be fermented to acetate and propionate when TCC was present at 15 μM (Supplementary Figure S3). Considering the fermentation of lactate, we calculated the electron distribution for all dechlorination activities and methanogenesis (Figure 3) by taking samples at day 13, when TCE was completely reduced to ethene in the positive control batch. Most of the electron donor was consumed in the process of acetogenesis, which synthesized H2/HCO3- into acetate. In the presence of 0, 0.3, 3, and 15 μM TCA, 1.87, 1.84, 1.23, 1.11, and 0.83 mmol e- equivalents, respectively were distributed to reductive dechlorination of TCE; the decrease was significant for exposures ≥ 3 μM TCA. Obviously, methanogenesis did not consume any electrons because no methane was generated at concentrations of TCA ≥ 15 μM. In the presence of 0.3, 3, and 15 μM TCC, 1.31, 1.30, and 1.18 mmol e- equivalents, respectively, were distributed to the reductive dechlorination of TCE. In the batch containing only TCE and no added TCA or TCC, 1.87 mmol e- equivalents were directed to TCE reduction. Clearly, the addition of TCC sharply decreased the electrons distributed to TCE reduction.
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FIGURE 3. The electron donor consumption of major chemical reactions including reductive dechlorination, methanogenesis, acetogenesis and fermentation in TCA added cultures (A) and TCC added cultures (B).



Functional Gene Abundance

We measured several functional genes (Figure 4), and dehalogenase genes (Supplementary Figure S4), in cultures amended with different electron acceptors using qPCR. In the presence of TCA, all the tested gene copies decreased with increasing concentrations of TCA. Consistent with the TCE reduction pattern, Dhc gene copies dropped an order of magnitude when the concentration of TCA increased to 3 μM; all tested genes abundances showed a similar pattern, except mcrA. When the concentration of TCA increased to 15 μM, mcrA gene copies decreased sharply to 1.2 × 108, or 1.6 orders of magnitude lower than the positive control. In the presence of TCC, even at concentrations as low as 0.3 μM, copies of the Dhc and FTHFS genes decreased more than an order of magnitude compared to the batch containing TCE only. As shown in Figures 1, 2, methanogenesis was not fully inhibited in the presence of TCC, the mcrA gene remained at a stable abundance regardless of the concentration of TCC.
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FIGURE 4. The gene copy numbers in the TCA added cultures (A) and TCC added cultures (B).



Changes to Bacterial Community Structure

We examined constituents of the microbial community at the genus (Figure 5) and phylum (Supplementary Figure S5) levels by Illumina MiSeq sequencing at Novogene (Beijing, China). For practical reasons, we did not send DNA samples of cultures exposed to 3 μM TCA and 3 μM TCC. In the presence of 0.3 μM TCA, Dehalococcoides (8.1%) was slightly higher than the positive control (5.2%). This observation was not consistent with the qPCR results, which indicated a drop in the overall abundance of Dhc (see Discussion). At a TCA concentration of 15 μM, the Dehalococcodies abundance dramatically decreased to 1%. Similarly, Methanobacteria decreased from 12.8% to a negligible level as the concentration of TCA increased to 30 μM. Geobacter and Desulfovibrio were present in all the cultures at stable abundances ranging from 1.0 to 2.7% regardless of the concentrations of TCA added. Clostridium was enriched with the addition of increasing concentrations of TCA, reaching its highest abundance of 88% in the presence of 30 μM TCA. In the presence of TCC, the proportion of Dehalococcodies in the community was remarkably low, dropping from 5.2% to 1.5 and 0.6% when TCC was present at 0, 0.3, and 15 μM, respectively. The abundances of Geobacter and Desulfovibrio were higher than the positive control: Geobacter accounted for 2.1, 7.7, and 11.5%; and Desulfovibrio accounted for 1.0, 7.1, and 10.2% when exposed to 0, 0.3, and 15 μM TCC, respectively. The proportion of Methanobacteria dramatically decreased from 12.8 to 1.1% when the culture was exposed to 0.3 μM TCC, but it increased to 7.6% in the culture exposed to 15 μM TCC, which was also reflected in the generation of methane. Clostridium also decreased with increasing TCC concentrations, dropping down to 48.7% in the 15 μM TCC cultures.
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FIGURE 5. The relative abundance of microbial structure composition at the genus level in different cultures. P-CK: positive control.



DISCUSSION

We investigated the effects of different concentrations of TCA and TCC on TCE reduction by examining the electron distribution, functional gene abundance, and bacterial community structure. This information is critical for the bioremediation of chlorinated compounds, which are generally present as co-contaminants in contaminated sites. TCA inhibited TCE reduction, previous studies demonstrated that the presence of <20 μM TCA slightly affected the removal of PCE (Adamson and Parkin, 2000). Duhamel et al. (2002) reported that VC transformation was always inhibited when the concentration of TCA ranged from 5.2 and 22 μM. We found that the complete reduction of TCE was inhibited at even lower concentrations of TCA (3 μM), and that the dechlorination of TCE stopped at the VC in the presence of ≥15 μM TCA. Grostern and Edwards (2006) suggested that the inhibition of TCA to TCE reduction was concentration independent; however, we found that 0.3 μM TCA had little effect on TCE removal. The inconsistent results may be due to the lower concentration tested in this study compared with 0.03 and 0.3 mM of TCA used in the experiment of Grostern and Edwards (2006).

Triclocarban was shown to have a more pronounced effect on TCE reduction compared with TCA that is possibly attributed to its structure with binuclear benzenes and NH2 or NH group, which has a detrimental effect on biodegradation (Boethling et al., 1994). To our best knowledge, this is the first report on the influence of TCC on the reductive dechlorination of TCE. TCC is reported to actively inhibit gram-positive bacteria but not gram-negative bacteria and fungi (McDonnell and Russell, 1999). Davis and Hidu (1969) reported that 0.1 μM (∼30 μg/L) TCC caused abnormal growth of clams and reduced the survival of larvae. In the TCC-amended cultures, the inhibition of TCE reduction could possibly be attributed to the toxicity of TCC to Dehalococcoides. Triclosan, which has a similar structure to TCC, can poison a specific enzyme that is critical to many bacteria and fungi (McMurry et al., 1998; Levy et al., 1999; Ren et al., 2010), so TCC may work analogously.

As expected in the TCE-reducing cultures, we observed the reductive dechlorination of TCA to DCA, but no CA was detected, possibly due to the short incubation period. Adamson and Parkin (2000) demonstrated that a PCE dechlorinating culture was capable of reducing TCA to DCA even without exposure before enrichment. Grostern and Edwards (2006) enriched an anaerobic culture that dechlorinated TCA to CA from a TCA-contaminated site in the northeastern United States after 70 days incubation but found that no degradation occurred in the TCE-degrading culture KB-1.

The patterns of methane and acetate production were consistent with previous reports. Methanogenesis was inhibited in the presence of ≥15 μM TCA, which might be due to the effect of intermediates of TCA reduction. TCA (<20 μM) and its daughter product DCA have been reported to inhibit methanogenesis and acetogenesis (Vargas and Ahlert, 1987; Adamson and Parkin, 2000). Grostern et al. (2009) reported no occurrence of methanogenesis in the presence of TCA, but methanogenesis started during DCA reduction. Compared to TCA, TCC had little effect on methanogenesis, which is in contrast to the results of Carey et al. (2016), who claimed that TCC inhibited methanogens and altered the anaerobic digester microbial community structure (Carey et al., 2016).

The efficient diversion of donated electrons to the process of reductive dechlorination is key to the successful removal of TCE. Hence, we further investigated the electron distribution in the presence of different concentrations of TCA and TCC. Consistent with the TCE reduction pattern, the electrons distributed to TCE reduction decreased in the presence of ≥3 μM TCA and ≥0.3 μM TCC. Usually, the methanogens are major competitors with dechlorinators (Yang and McCarty, 2002) when electron donors are supplied in excess. However, that was not the case in this study: methanogenesis did not consume more electrons when the TCA and TCC concentration increased, so TCE reduction was more likely inhibited due to reasons other than electron competition. TCA has a similar structure with TCE, which would bound to the complex formed between VC and the RDase enzyme that catalyzes growth linked dichlorination of VC (Grostern et al., 2009). Chan et al. (2011) indicated that 30–270 μg/L of 1,1,1-TCA inhibited RDases involved in TCE, cis-DCE, and VC dechlorination.

In general, the culture with a highest dechlorinating rate contained the maximum level of Dhc and reductive dehalogenases genes. In this study, the Dhc gene abundance significantly dropped at concentrations of TCA ≥ 3 μM and TCC ≥ 0.3 μM. Grostern et al. (2009) suggested TCA would inhibit VC reduction by binding to the complex formed between VC and the dehalogenase enzyme. The relative abundance of Dehalococcoides was 5.2–8.1% in the completely ethene-producing cultures, which is relatively low compared with other reports (Ziv-El et al., 2011; Löffler et al., 2013), possibly due to the lack of sufficient time to reach a higher abundance. This illustrated a higher absolute abundance of Dehalococcoides was important for the TCE reductive dechlorination (Lee et al., 2013).

Based on the sequencing results, the relative abundance of Geobacter and Desulfovibrio increased in cultures with higher concentrations of TCC, which indicated they were more tolerant to TCC. Geobacter and Desulfovibrio, belonging to 𝜀-Proteobacteria, are capable of reducing chlorinated organic pollutants by dehalorespiration (Smidt and de Vos, 2004). Biological reductive dechlorination of chlorinated ethenes always occurs under methanogenic conditions (Freedman and Gossett, 1989; Wen et al., 2015). Ryzhkova (2003) suggested that methanogens produce precursor corrinoids to vitamin B12. The abundance of Methanobacterium decreased when exposed to TCA and TCC, but it was less sensitive to TCC than TCA, as methanogenesis resumed after a lag phase in TCC-amended cultures. Acetogens such as Spirachaetes and Clostridium provide corrinoids for Dehalococcoides (Stupperich et al., 1988) and were present in the cultures. Zhao et al. (2008) reported that Clostridium ganghwense may ferment lactate to propionate. Clostridium_sensu_stricto_7 was highly enriched in TCA-amended cultures. Gälli and McCarty (1989) indicated that Clostridium sp. reduced 100 μg/L of TCA to DCA. The TCC-containing digesters had a lower fraction of Clostridium (Carey et al., 2016), which was consistent with the culture at a high concentration of TCC (15 μM). Many more research is needed to further understand the mechanism of the action of TCC in TCE-contaminated sites.
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Microbial reductive dechlorination of polychlorinated biphenyls (PCBs) has been observed in many PCB-impacted sediments. However, this biodegradation is relatively site-specific and can be affected by PCB compositions and sediment geochemical conditions. To better understand the influence of a common competing electron acceptor, ferric oxyhydroxide (FeOOH), on dechlorination, two sediments (Hudson River and Grasse River sediments), and two PCB mixtures (PCB 5/12, 64/71, 105/114, and 149/153/170 in Mixture 1 and PCB 5/12, 64/71, 82/97/99, 144/170 in Mixture 2) were used for this microcosm study. The addition of 40 mmole/kg FeOOH completely inhibited PCB dechlorination in the Hudson sediment, but only moderately inhibited PCB dechlorination in the Grasse sediment with a 3-week longer lag time. The inhibitory effect in the Grasse sediment was mainly due to the loss of unflanked para dechlorination activity. Fe(II) analysis showed that dechlorination started prior to the consumption of Fe(III), which indicates PCB reduction and Fe(III) reduction were able to take place concurrently. Dehalococcoides 16S rRNA genes increased with the commencement of dechlorination in the Grasse sediment, but not in the completely inhibited Hudson sediment. Rare ortho dechlorination pathways were identified in FeOOH-amended Grasse sediment microcosms, dominated by transformations of PCB 25(24-3-CB) to PCB 13(3-4-CB) and PCB 28(24-4-CB) to PCB 15(4-4-CB). The addition of carbon sources (acetate or a fatty acid mixture with acetate, propionate, and butyrate) after 27 weeks of incubation reinitiated dechlorination in FeOOH-amended Hudson sediment microcosms. Also, the addition of carbon sources greatly enhanced ortho dechlorination in FeOOH-amended Grasse microcosms, indicating the utilization of acetate and/or the fatty acid mixture for ortho dechlorination-related microorganisms. A dechlorination pathway analysis approach revealed that para-flanked meta dechlorination was primarily preferred followed by ortho-/double-flanked meta dechlorination and single-/double-flanked para dechlorination in the Grasse sediment.

Keywords: polychlorinated biphenyls, sediment, reductive dechlorination, electron acceptor, ferric oxyhydroxide, Dehalococcoides

INTRODUCTION

Polychlorinated biphenyls (PCBs), containing 209 individual congeners, are listed as persistent organic pollutants (POPs) by the Stockholm Convention (UNEP, 2001). They have 1–10 chlorine atoms substituted at 4 ortho, 4 meta, and 2 para sites on the biphenyl structure. Although the industrial production of PCBs was banned in late 1970s, the global occurrence of PCBs in the environment has raised concerns about potential negative effects on aquatic systems and human health (Brown et al., 1987; Safe, 1989; Quensen et al., 1998; IARC Monographs, 2016; Lyall et al., 2017). Hudson and Grasse Rivers are two historically PCB-impacted rivers in the United States. They received discharges from the capacitor manufacturing plants of the General Electric Company (GE) and an aluminum smelting and fabricating facility of the Aluminum Company of America (ˆAlcoa), respectively (EPA, 1997). Because PCBs are highly hydrophobic and persistent, they are predominantly adsorbed in sediment upon release into the aquatic environment and then enter the food chain via ingestion by benthic organisms (Kjellerup et al., 2008). As sediments are the sinks for PCBs in the environment, the remediation of PCB-contaminated sediments has been a regulatory priority for over three decades (EPA, 1997; Sowers and May, 2013).

Among the remediation methods, microbially mediated anaerobic reductive dechlorination of PCBs is particularly attractive due to its low cost and minimal disruption of the sediment (Bedard and Quensen, 1995; Sowers and May, 2013). Despite the prevalence of PCB dechlorination reported in a variety of natural sediment systems and laboratory microcosms, lack of knowledge of the interactions among sediment geochemical properties and dechlorinating microbial communities has hindered the progress of in situ treatment (Brown et al., 1987; Alder et al., 1993; Wiegel and Wu, 2000; Kjellerup et al., 2008; Xu et al., 2012; Sowers and May, 2013; Praveckova et al., 2016). In general, different sediments proceed to dechlorination following eight classified processes (Bedard and Quensen, 1995; Bedard et al., 2005; Hughes et al., 2010). However, the link among sediment properties, processes and dechlorinating microorganisms is not well understood. To date, only a few PCB dechlorinators within the Chloroflexi phylum have been identified. Bacterium ortho-17 (o-17), isolated from Baltimore Harbor sediment, is the only strain that is able to remove ortho chlorines (Cutter et al., 1998, 2001). Dehalobium chlorocoercia strain DF-1 growing with a Desulfovibrio sp. as co-species catalyzes PCBs with double-flanked chlorines (Wu et al., 2002), Dehalococcoides mccartyi strains 195, CBDB1, CG-1, CG-4, CG-5, and JNA were all found to preferentially target flanked (double-flanked or single-/double-flanked) meta/para chlorines (Fennell et al., 2004; Adrian et al., 2009; Wang and He, 2013; Laroe et al., 2014; Wang et al., 2014; Zhen et al., 2014). None of the identified PCB dechlorinators shows a dechlorination preference on unflanked chlorines. Additionally, among all these PCB dechlorinators, only D. mccartyi strains CBDB1 and JNA were found to match known dechlorination processes H and N, respectively (Adrian et al., 2009; Laroe et al., 2014). Therefore, the observed preferences (patterns) in most PCB dechlorination studies have not been attributed to the identified dechlorinators. Moreover, sediment geochemical conditions have been found to exhibit a significant impact on dechlorination preferences (Cho and Oh, 2005; Yan et al., 2006; Kjellerup et al., 2008). Among the geochemical properties, iron is crucial for sediment biogeochemistry. Fe (III) oxides can serve as alternative electron acceptors and inhibit reductive dechlorination (Morris et al., 1992; Paul et al., 2013), while surface-complexed Fe(II) can induce abiotic dechlorination (Jeong et al., 2011; Chen et al., 2016). Abiotic PCB dechlorination associated with biogenic absorbed Fe(II) was expected in PCB-spiked acetate-amended sediment reactors applied with low-voltage electric fields (Liu et al., 2017). Up to now, little is known about the impact of Fe(III) on PCB dechlorination extent and dechlorination pathway preferences in sediments. Organic carbon is also of great importance in PCB dechlorination. A previous review concluded that the impacts of exogenous organic carbon sources, such as acetate, formate, pyruvate, lactate, glucose, methanol, acetone, and a fatty acid mixture (acetate, propionate, and butyrate) on PCB dechlorination rate, extent, and process were equivocal (Wiegel and Wu, 2000). The addition of carbon sources can benefit PCB dechlorination by providing sufficient carbon and energy sources for PCB dechlorinating microorganisms, or by stimulating the growth of essential co-species of PCB dechlorinators (Wiegel and Wu, 2000). Yet, supplementary carbon can also result in the rapid growth of non-PCB dechlorinating microorganisms, which may ultimately inhibit PCB dechlorinators through competition (Wiegel and Wu, 2000; Zanaroli et al., 2012a). General conclusions are difficult to draw due to the variety of experimental conditions considered. In some cases, researchers add the carbon sources at the initiation of incubation (Pulliam Holoman et al., 1998; Fagervold et al., 2011; Ho and Liu, 2012; Kaya et al., 2017), while others add carbon periodically during incubation (Alder et al., 1993; Zhen et al., 2014; Matturro et al., 2016). No study has considered long-term incubation of PCB spiked sediment microcosms prior to carbon addition. Accordingly, the role of exogenous carbon sources when natural carbon may have been depleted (over long times) has not been evaluated. Also, carbon sources are expected to compensate the “electron donor demand” exhibited by amended Fe(III) (Wei and Finneran, 2011). In our previous study, by developing a data analysis approach focusing on chlorine neighboring conditions, we interpreted different PCB dechlorination extent and preferences in relatively low organic carbon content (1.26%) and low Fe (5310 mg/kg dry wt.) Hudson sediment compared with high organic carbon content (5.73%) and high Fe (18,000 mg/kg dry wt.) Grasse sediment. We reported on rare ortho dechlorination in the Grasse sediment (Xu et al., 2016). These lead to a hypothesis that Fe and carbon content may be the important factors for PCB dechlorination in these sediments.

In the present work, we investigate the effects of exogenous ferric oxyhydroxide (FeOOH) with a concentration relevant to background total Fe on PCB dechlorination in the two sediment systems, again with spiked PCB mixtures that allow us to focus on dechlorination preferences. The specific objectives were to (1) understand changes in dechlorination extent and preferences as well as changes in the populations of putative dechlorinating microorganisms; (2) validate the chlorine per biphenyl (CPB) data analysis approach focusing on chlorine neighboring conditions; (3) further investigate the occurrence of ortho dechlorination under Fe(III)-reducing conditions. The findings of this study improve understanding of dechlorination inhibition caused by Fe(III). Moreover, this is the first attempt to enhance rare ortho dechlorination using simple carbon source amendments in sediment microcosms.

MATERIALS AND METHODS

Sediment Collection, Storage, and Characterization

Surficial sediments (the top 4 inches of sediments) were collected using a petite ponar dredge sampler from the Hudson River (N: 43°14′55.5506″; W: -073°35′37.4080″, Moreau, NY, United States) in October 2008, and the Grasse River (N:44°57′35.9577″; W: -074°48′59.8695″, Massena, NY, United States) in June 2009 as described elsewhere. The sediments were kept in filled 3-gallon plastic buckets in the dark at 4°C until used. The geochemical properties, including background PCBs, metals (e.g., Fe, Al), acid volatile sulfide, total phosphorous, total residue as percent solids, inorganic anions, and organic carbon content of the two sediments were determined previously (Xu et al., 2016).

Experimental Set-up

Thirteen PCB congeners were used in this study based on criteria previously described (Karcher et al., 2004; Xu et al., 2016). These 13 individual PCB congeners, related to 10 tracker pairs, were classified into two mixtures. PCB Mixture 1 was composed of congeners PCB 5(23-CB)/12(34-CB), 64(236-4-CB)/71(26-34), 105(234-34-CB)/114(2345-4-CB), and 149(236-245-CB)/153(245-245-CB)/170(2345-234-CB). PCB Mixture 2 contained congeners PCB 5/12, 64/71, 82(234-23-CB)/97(245-23-CB)/99(245-24-CB), 144(2346-25-CB)/170. The structures of selected PCB congeners, their theoretical first step dechlorination pathways and the possibly associated dechlorination processes were discussed previously (Xu et al., 2016).

The PCB-spiked dry sediment substrates containing 500 mg/kg of each PCB mixture were prepared as described previously (Xu et al., 2016). Modified reducing anaerobic media (RAMM) using 2 mM L-cysteine⋅HCl as the reducing agent was prepared and 1% (vol/vol) of Wolfe’s vitamin solution was added (Shelton and Tiedje, 1984; Yan et al., 2006). The medium was adjusted to pH 7.0 and autoclaved for 20 min at 121°C under a nitrogen atmosphere. FeOOH stock solution (1.0 M) was synthesized following the method developed by Lovley and Phillips (1986).

Microcosms were established in an anaerobic glove box with a gas atmosphere of N2-H2 (99.1:0.9). Unless stated otherwise, 3 g PCB-spiked dry sediment substrate or dry sediment, 3 g fresh sediment inocula (dry weight basis), with or without 1.2 mmole FeOOH, and freshly prepared RAMM medium were added to a 50 ml serum bottle to achieve a total weight of 30 g. Four Fe(III)-amended PCB spiked experiments, four PCB-spiked experiments, two no PCB control experiments and sterile controls were set up (Table 1). Generally, a total PCB concentration of 50 mg/kg slurry was achieved in each PCB-spiked microcosm and an additional 40 mmole/kg slurry of FeOOH was added in each Fe(III)-amended PCB-spiked microcosm. Individual PCB concentrations of PCB Mixture 1 and PCB Mixture 2 in the sediment microcosms are tabulated in Supplementary Table S1. PCB Mixture 1 had a CPB value of 4.36, with ortho CPB 1.56, meta CPB 1.58, and para CPB 1.23, while PCB Mixture 2 had a CPB value of 4.27 with ortho CPB 1.64, meta CPB 1.48, and para CPB 1.16. The established microcosms were sealed with Teflon-lined gray butyl rubber septa (The West Pharmaceutical Co., PA) and crimped with aluminum crimp caps. After a 24-h rotation on a rotating mixer (40 rpm) in the dark, the first time point sampling was conducted and the rest of microcosms were stored statically at ambient temperature in the dark. Destructive sampling was conducted at 3-week intervals from Week 0 to Week 24, then at Week 30, Week 36, and Week 51 anaerobically. Unless stated otherwise, triplicate microcosms were sampled at each sampling point. The influences of carbon sources were investigated by adding acetate (pH = 7.0, sodium salt) or a fatty acid mixture (acetate/propionate/butyrate 1:1:1, pH = 7.0, sodium salts) after 27 weeks of incubation. The microcosms used for carbon source amendment were those that had been sampled and recapped at Week 21 and Week 24. At Week 27, 7.5 mM of acetate or a fatty acid mixture were added; at Week 30 and Week 36, 15 mM of acetate or a fatty acid mixture were added, respectively. To minimize the change of slurry volume, all the additions were conducted by injecting 200 times concentrated stock carbon source solutions. The sample collections for the triplicate acetate-amended microcosms and the triplicate fatty acid mixture-amended microcosm were non-destructive and performed at Week 30 and Week 36, right before the addition of extra carbon sources. The final sampling was conducted at Week 51. Sterile controls were sampled in duplicate at Week 0, Week 18, Week 36, and Week 51, and no dechlorination was observed.

TABLE 1. Sediment microcosms setup.
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Headspace Analysis

Prior to microcosm slurry withdrawal, 200 μl of headspace gas was analyzed to determine H2, CH4, and trace O2 following an analytical method mentioned elsewhere (Xu et al., 2016). Considering biological gas production, the amount of each gas species was recalculated with the ideal gas law by simply assuming a constant 1.0 atm partial pressure of nitrogen in the headspace and a room temperature of 20°C.

Ferrous Iron Analysis

The reduction of Fe(III) to Fe(II) in the microcosms was tracked using a ferrozine method described elsewhere (Sorensen, 1982). Briefly, a subsample of 200 μl of sediment slurry was weighed and transferred into a 1.5-ml microcentrifuge tube containing 800 μl of 1.0 M HCl and reacted thoroughly. Thereafter, 10 μl of acid treated sample was added to 4.99 ml ferrozine solution and filtered. Dilutions with more ferrozine solution were performed when necessary. The absorption was measured at 562 nm by a UV-vis spectrophotometer (HACH, Macon, MO, United States).

PCB Extraction, Cleanup, and Analysis

The PCB extraction procedure was described elsewhere (Yan et al., 2006; Xu et al., 2016). Briefly, 2.0 g sediment slurry was collected anaerobically, and 1 μg of PCB 209 in 20 μl of hexane was added as surrogate. After the hexane fully evaporated, the slurry sample was extracted with 10 ml of acetone, followed by 10 ml of 1:1 acetone/hexane (v/v) twice, and 3 ml of hexane, respectively. The pooled extract was phase-separated with 8 ml of organic-free 2% NaCl solution. The obtained hexane layer was collected and concentrated to 2 ml. Tetrabutylammonium (TBA) sulfite was used to remove sulfur, following EPA Method 3660B. The TBA pretreated PCB extract was passed through a glass column (10 mm inner diameter) packed with 4 g Florisil and topped with 1.5 g anhydrous sodium sulfate. The column was pre-washed by 30 ml hexane. The eluate was loaded onto the column, followed by eluting with 30 ml n-hexane and 25 ml n-hexane/CH2Cl2 (4:1, v/v). The combined elutant was concentrated to exact 4.0 ml. The quantification of individual PCBs were performed by Hewlett Packard gas chromatograph (Model 6890) coupled with a micro-electron capture detector (μECD) and a 30-m DB-XLB capillary column (0.18 mm diameter and 0.18 μm film thickness; Agilent Technologies, Palo Alto, CA) (Xu et al., 2012, 2016). Complete dechlorination was confirmed by analyzing biphenyl in selected microcosms (duplicate bottles in each treatment at Week 36) at Energy & Environmental Research Center (EERC), University of North Dakota.

DNA Extraction and Quantitative PCR

The sediment pellet samples from 0.5 ml of slurries were harvested as described previously (Xu et al., 2016). Total genomic DNA was extracted from the sediment pellets using the MoBio PowerSoil DNA Isolation Kit (MoBio, Carlsbad, CA) following the manufacturer’s protocols. Equal volumes of the triplicate DNA extracts at each sampling point were combined and mixed thoroughly for further microbial community analysis.

The 16S rRNA gene copies of total Bacteria, Fe(III)-reducing Family Geobacteraceae, Dehalococcoides, PCB degrading organism strains ortho-17 and D. chlorocoercia strain DF-1 (o-17/DF-1) were estimated using SYBR Green-based quantitative PCR (qPCR). Total Bacteria, Geobacteraceae, Dehalococcoides, and o-17/DF-1 were targeted with primer sets BAC338F/534R (Muyzer et al., 1993), Geo564F/840R(Cummings et al., 2003; Himmelheber et al., 2009), DHC1200F/1271R (He et al., 2003), and modified BAC908F/Dehal1265R (Edwards et al., 1989; Watts et al., 2005; Xu et al., 2012), respectively. qPCR reactions were performed in an ABI 7500 Real-Time PCR System (Applied Biosystems, Carlsbad, CA, United States) as described previously (Xu et al., 2016).

Identification of Dechlorination Preferences

The dechlorination preferences were identified using a modified CPB analysis approach (Xu et al., 2016). Based on the known ortho, meta, and para chlorine positions, the neighboring conditions of each chlorine are considered. Totally, nine chlorine categories are defined, including unflanked ortho (UF ortho), flanked ortho (so called meta-flanked ortho), unflanked meta (UF meta), ortho-flanked meta (OF meta), para-flanked meta (PF meta), double-flanked meta (DF meta) (neighbored with one ortho and one meta chlorine), unflanked para (UF para), single-flanked para (SF para) (so-called meta flanked para), and double-flanked para (DF para).

RESULTS

Headspace Gas

No O2 was detected in any of the microcosms. In the Hudson sediment microcosms amended with FeOOH (H-1-Fe and H-2-Fe), only a trace amount of CH4 (below 0.1% of the headspace gas) was detected in the time course of 51 weeks, indicating a complete inhibition of methanogenesis in these sediment microcosms. In the Grasse sediment microcosms, the addition of FeOOH significantly reduced but did not completely cease the generation of CH4 (see Supplementary Figure S1). The trends of CH4 production in different microcosm groups were generally G-2 > G-1 > G > G-2-Fe > G-1-Fe. The measured CH4 concentrations in FeOOH-amended Grasse microcosms were 30–40% lower than those in microcosms without added FeOOH. This suggests that FeOOH can moderately inhibit methanogenesis in the Grasse sediment. H2 was not detected in any Grasse sediment microcosms during the study period, while in the Hudson sediment microcosms, trace H2 (less than 0.2%) was only found at Week 0.

Fe(III) Reduction

The reduction of Fe(III) was directly confirmed by tracking the concentrations of Fe(II) in the slurries over time. Due to the presence of indigenous Fe, Fe(II) concentrations in FeOOH-amended (H-1-Fe, H-2-Fe, G-1-Fe, and G-2-Fe), non-FeOOH-amended (H-1, H-2, G-2, and G-2), and no PCB control (H, G) microcosms were all measured to better elucidate the influences of supplementary FeOOH and/or PCBs on Fe(III) reduction. The trends of increasing Fe(II) were distinct in the Hudson and the Grasse sediments, but very similar in the same sediment spiked with different PCB Mixtures (see Supplementary Figure S2). In the Grasse sediment microcosms, after approximately 15–18 weeks of incubation, the differences of Fe(II) levels between G-1-Fe (91.3 ± 4.0 mmole/kg slurry at Week 15) and G-1 (51.4 ± 1.2 mmole/kg slurry at Week 15) or between G-2-Fe (105.4 ± 5.1 mmole/kg slurry at Week 18) and G-2 (61.3 ± 1.2 mmole/kg slurry at Week 18) remained at around 40 mmole/kg slurry until the end of 51 weeks. This indicates the complete reduction of supplementary FeOOH was accomplished within a 15–18 weeks’ incubation. Meanwhile, dissolved Fe(II) remained at 1.2–1.5 mmole/kg slurry, indicating the biogenic Fe(II) was mainly in the adsorbed form. In contrast, the Hudson sediment microcosms exhibited a much slower Fe(III) reduction. By the end of 51 weeks, Fe(II) concentrations in H-1-Fe, H-1, H-2-Fe, and H-2 were 47.3 ± 4.1 mmole/kg, 15.2 ± 0.9 mmole/kg, 47.1 ± 0.7 mmole/kg, and 13.2 ± 1.4 mmole/kg, respectively. The difference in corresponding microcosms in the presence and in the absence of supplementary FeOOH was smaller than 40 mmole/kg, suggesting FeOOH in H-1-Fe and H-2-Fe was not completely reduced to Fe(II) within the time course of 51 weeks. Dissolved Fe(II) ranged from 0.4 to 0.6 mmole/kg after 51 weeks of incubation. Additionally, the spiking of PCBs slightly favored Fe(III) reduction (G-1/G-2 with G, H-1/H-2 with H), especially in the first 21 weeks of incubation (Supplementary Figure S2), suggesting a complex microbial interaction in the presence of added alternative electron acceptors.

PCBs in Sediment Microcosms

No dechlorination products were observed in sterile controls (data not shown) or the FeOOH-amended Hudson sediment microcosms within the 51 weeks’ incubation (Supplementary Tables S2, S3). This suggests that dechlorination was microbially catalyzed and the addition of FeOOH led to the complete inhibition of PCB dechlorination in the Hudson sediment. In addition, the negligible levels of generated CO2 and CH4 in H-1-Fe and H-2-Fe suggest low microbial activity in FeOOH-amended Hudson sediment microcosms. By contrast, supplementary FeOOH only moderately inhibited PCB dechlorination in the Grasse sediment microcosms. Figure 1 depicts the total PCB mass over time for each experiment. Generally, the addition of FeOOH resulted in a longer lag time and lower dechlorination extent in the Grasse sediment microcosms. The lag time periods were as long as 6–9 weeks in G-1-Fe and approximately 6 weeks in G-2-Fe, which were around 3 weeks longer than lag times in G-1 and G-2. In addition, as mentioned earlier, it took 15–18 weeks to completely reduce the supplementary FeOOH in the Grasse sediment microcosms. PCB dechlorination occurred at least 9 weeks prior to the completion of FeOOH reduction, suggesting the concurrent Fe(III) reduction and PCB dechlorination. Comparing to the initially spiked PCBs of 50.0 mg/kg slurry, significantly higher residual PCBs (37.5 ± 0.7 and 36.8 ± 0.4 mg/kg slurry in G-1-Fe and G-2-Fe) were observed in FeOOH-amended sediment microcosms than those in non-FeOOH-amended sediment microcosms (32.6 ± 0.7 and 33.6 ± 0.2 mg/kg slurry in G-1 and G-2) after 51 weeks of incubation. Additionally, the reduction trends of total PCB mass were very similar in the Grasse sediment regardless of the PCB mixture spiked. The partial inhibition was also indicated by the changes of CPB values in the presence of supplementary FeOOH. By the end of 51 weeks, the CPB values for G-1-Fe and G-2-Fe declined by 33.8 and 40.2%, whereas the CPB values for the non-FeOOH-amended G-1 and G-2 declined by 52.2 and 49.9%. Seen in Figure 1, the declining trends of total PCB mass and CPB values in FeOOH-amended and non-FeOOH-amended Grasse sediment microcosms had not reached the plateau phase by the end of 51 weeks. This suggests the potential for further dechlorination in the Grasse sediment microcosms after even 1 year of incubation wasn’t changed by supplementary FeOOH.
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FIGURE 1. Total PCB mass concentrations, CPB values, and molar concentrations over time in sediment microcosms. H-1, Hudson sediment spiked with PCB Mixture 1; H-1-Fe, Hudson sediment spiked with PCB Mixture 1 and FeOOH; G-1, Grasse sediment spiked with PCB Mixture 1; G-1-Fe, Grasse sediment spiked with PCB Mixture 1 and FeOOH; H-2, Hudson sediment spiked PCB Mixture 2; H-2-Fe, Hudson sediment spiked PCB Mixture 2 and FeOOH; G-2, Grasse sediment spiked with PCB Mixture 2; G-2-Fe, Grasse sediment spiked with PCB Mixture 2 and FeOOH. Data plotted are averages of triplicates. Error bars represent standard deviation. Error bars not visible are smaller than the symbol size.



Dechlorination cannot change the number of PCB molecules unless monochlorinated biphenyls are completely dechlorinated to biphenyl molecules. Excluding any experimental loss of PCBs, the decrease of total PCB moles is attributed to complete dechlorination. Illustrated in Figure 1, the reduction of total PCB molar concentrations in G-1-Fe and G-2-Fe was significant (p < 0.001), but less than that in non-FeOOH-amended G-1 and G-2. This was confirmed by biphenyl analysis (data not shown). Analysis of biphenyl suggested that the source of identified biphenyls was not the residual PAHs in sediments, but the spiked PCBs. The decrease of total PCB moles in G-1-Fe and G-2-Fe was mainly attributed to complete dechlorination of the only non-ortho congener spiked in the microcosms-PCB 12 (34-CB) (see Supplementary Tables S4, S5).

Although FeOOH moderately inhibited overall PCB dechlorination in the Grasse sediment microcosms, the influence of FeOOH on the first step dechlorination of spiked PCB congeners was complex. Seen in Figure 2, by the end of 51 weeks, over 96% of parent PCBs had been transformed in all the Grasse sediment microcosms. The less extensive dechlorination observed in G-1-Fe and G-2-Fe was not due to the lack of capability to remove the first chlorine atom from spiked PCB congeners. The changes of typical congeners PCB 12 and PCB 170 in Grasse sediment microcosms are illustrated in Figure 2, and the changes of other congeners are provided in Supplementary Figures S3–S6. Based on the relative amount of parent PCB congeners under methanogenic (G-1 and G-2) and Fe(III)-reducing (G-1-Fe and G-2-Fe) conditions, the parent PCB congeners were classified into three groups (Table 2). The first step of dechlorination for 10 out of 13 parent congeners in this study were either enhanced or not affected with FeOOH addition. Looking into the identical PCB congeners (PCB 5, 12, 64, and 71) spiked in the two PCB Mixtures, PCB Mixture 2 tended to favor more rapid dechlorination of these congeners, as well as the concentration normalized PCB 170 (concentrations were normalized based on PCB 170 concentrations at Week 0) (Figure 2 and Supplementary Figures S3, S4).
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FIGURE 2. Mass concentrations of parent PCBs, PCB 12, and PCB 170 over time in sediment microcosms. Data plotted are averages of triplicates. Error bars represent standard deviation. Error bars not visible are smaller than the symbol size.



TABLE 2. Comparison of relative amounts of parent PCBs in the Grasse sediment microcosms.
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Notably, congener specific analysis of FeOOH-amended Grasse sediment microcosms revealed that ortho dechlorination occurred in G-1-Fe (Supplementary Table S4). The two identified pathways were PCB 25(24-3-CB) to PCB 13(3-4-CB) and PCB 28(24-4-CB) to PCB 15(4-4-CB). After 51 weeks of incubation, PCB 13 concentrations were found to be 1.2, 1.9, and 0.7 nmole/g slurry in triplicates, while the concentrations of PCB 15 were 2.3, 1.4, and 0.9 nmole/g slurry in triplicates. The above two ortho dechlorination pathways were also observed in non-FeOOH-amended G-1, suggesting the addition of FeOOH did not inhibit ortho dechlorination activity. Considering the changes of PCB 3(4-CB) in G-1-Fe, the concentrations were 10.8 ± 0.1 (10.8, 10.8, 10.9), 9.0 ± 0.6 (9.5, 8.2, 9.2), and 8.5 ± 4.6 (13.9, 5.4, 6.3) nmole/g at Week 18, Week 36, and Week 51, respectively. In other words, PCB 3 was reduced in two of the triplicates at Week 51, but increased sharply in the third. Moreover, the only spiked non-ortho PCB congener PCB 12(34-CB) was found to be at 0.7 ± 0.0, 0.4 ± 0.0, and 0.3 ± 0.0 nmole/g at Week 18, Week 36, and Week 51, respectively and could not contribute to the apparent increase of PCB 3 observed at Week 51. These results suggest that (1) dechlorination of unflanked para chlorines resumed after a long incubation; (2) the observed leveled PCB 3 in one of the microcosms at Week 51 was not directly linked to the dechlorination of PCB 12. The possible pathways included meta/para dechlorination of PCB 13(3-4-CB) or PCB 15(4-4-CB) and ortho dechlorination of PCB 7(24-CB) and PCB 8(2-4-CB). Regardless of the intermediates, the original parent PCB congeners were the dioxin-like mono-ortho PCB 105(234-34-CB) and PCB 114(2345-4-CB).

Identification of Attacked Chlorines

The changes of ortho CPB (OCPB), meta CPB (MCPB), and para CPB (PCPB) for FeOOH-amended Grasse sediment microcosms are plotted in Figure 3. Illustrated in Figures 3A,B, OCPB values remained high in both G-1-Fe and G-2-Fe. In G-1-Fe, OCPB values slightly increased from 1.57 ± 0.00 to 1.66 ± 0.00 from Week 0 to Week 30. Thereafter, CPB values of 1.66 ± 0.01 and 1.65 ± 0.04 appeared at Week 36 and Week 51, respectively. In G-2-Fe, OCPB values kept increasing from 1.64 ± 0.00 to 1.74 ± 0.02 in the 51 weeks of incubation. The increase of OCPB was caused by the reduction of total molar concentration due to complete dechlorination of non-ortho PCB congener (PCB12, 34-CB) as decreasing the denominator in the OCPB calculation. A stable or reduced number of ortho chlorines was observed at Week 51 in G-1-Fe (Figure 3A), where ortho dechlorination occurred and was comparable with the reduction of total PCB molar concentration, resulting in similar decreases in the numerator and denominator in OCPB. In both G-1-Fe and G-2-Fe, unflanked ortho chlorines increased, whereas flanked ortho chlorines decreased over time. Considering the limited ortho dechlorination in G-1-Fe but not in G-2-Fe, the increase of unflanked ortho chlorines was due to the removal of ortho- or double-flanked meta chlorines, which resulted in fewer flanked chlorines on the ortho positioned chlorines but no overall change in the total number of ortho chlorines. By the end of 51 weeks, the remaining flanked ortho chlorines were as low as 0.07 ± 0.01 and 0.06 ± 0.00 in G-1-Fe and G-2-Fe, respectively, suggesting almost all ortho chlorines were unflanked at the end of the study. These findings were consistent with those observed in G-1 and G-2 (Xu et al., 2016), indicating the effect of FeOOH on the shifts of OCPBs was very limited.
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FIGURE 3. Changes of ortho, meta, para chlorines over time in G-1-Fe and G-2-Fe. (A) ortho in G-1-Fe; (B) ortho in G-2-Fe; (C) meta in G-1-Fe; (D) meta in G-2-Fe; (E) para in G-1-Fe; (F) para in G-2-Fe. UF, unflanked; SF, single-flanked; DF, double-flanked; OF, ortho-flanked; PF, para-flanked. All data points averaged triplicate microcosms. Error bars represent standard deviation. Error bars not visible are smaller than the symbol size.



Meta dechlorination was preferred but PCB composition dependent. The initial MCPB values for both mixtures were similar (see in Figures 3C,D). After 51 weeks of incubation, MCPB values declined from 1.59 ± 0.00 to 0.39 ± 0.18 in G-1-Fe and from 1.50 ± 0.00 to 0.16 ± 0.01 in G-2-Fe. Approximately 80–90% of meta chlorines were removed and the declining trends suggest a further meta chlorination potential. Compared with G-1 (0.16 ± 0.05 at Week 51) and G-2 (0.17 ± 0.01 at Week 51), the inhibitory effect of supplementary FeOOH was relatively limited. The meta dechlorination rates in the rapid phase of G-1-Fe (9–24 weeks) and G-2-Fe (6–30 weeks) were 0.056 ± 0.002 Cl/week and 0.051 ± 0.002 Cl/week, respectively, which exceeded the corresponding rapid phase meta dechlorination rates in G-1 (0.043 ± 0.004 Cl/week) and G-2 (0.043 ± 0.002 Cl/week). Seen in Figures 3C,D, unflanked meta chlorines increased in the first 30–36 weeks, then decreased slightly (solid triangle). Due to the lack of ortho removal before 36 weeks, the accumulated unflanked meta chlorines could be attributed to the dechlorination of single-/double-flanked para chlorines, where ortho chlorine was absent for the target phenyl ring. The maximum unflanked meta chlorines per biphenyl for G-1-Fe (0.34 ± 0.04 at Week 36) were much higher than those for G-1 (0.18 ± 0.01 at Week 30), indicating a partially inhibitory effect for the unflanked meta dechlorination. But in G-2-Fe and G-2, the maximum unflanked meta chlorines per biphenyl were similar (0.14 ± 0.03 for G-2-Fe; 0.13 ± 0.01 for G-2). Thereafter, the slightly decreased unflanked meta chlorines were the result of dechlorination of unflanked meta chlorines. Similarly, the declining of ortho-flanked meta chlorines (open square) was caused by removal of meta chlorines. By comparing the reduction rates of ortho-flanked meta chlorines and meta-flanked ortho chlorines in the rapid phase (9–24 weeks in G-1-Fe and 6–24 weeks in G-2-Fe), meta-flanked ortho chlorines (0.035 ± 0.002 Cl/week for G-1-Fe, 0.035 ± 0.001 Cl/week for G-2-Fe) decreased faster than ortho-flanked meta chlorines (0.021 ± 0.003 Cl/week for G-1-Fe; 0.021 ± 0.001 Cl/week for G-2-Fe), suggesting meta dechlorination attacked both ortho-flanked and double-flanked meta chlorines. Moreover, the shifts of the sub meta chlorine groups illustrated that overall meta dechlorination was mainly due to the reduction of para-flanked meta chlorines (solid diamond) rather than ortho-flanked meta or double-flanked meta. Also, this confirmed the meta dechlorination preference when meta chlorines were para-flanked. In general, meta dechlorination was prevalent in FeOOH-amended Grasse sediment microcosms, and para-flanked, ortho-flanked, and double-flanked meta, as well as relatively limited unflanked meta, were all targeted.

Compared to meta chlorination, para dechlorination was less extensive in FeOOH-amended Grasse sediment microcosms; approximately 30–40% of para chlorines were removed (Figures 3C–F). In G-1-Fe, from Week 9 to Week 36, averaged para dechlorination rate was 0.013 ± 0.001 Cl/week, while in G-2-Fe, from Week 6 to Week 36, the rate was 0.007 ± 0.000 Cl/week. From Week 36 to Week 51, PCBP values for G-1-Fe remained at approximately 0.88, whereas the values for G-2-Fe decreased from 0.88 ± 0.13 to 0.68 ± 0.02. Meanwhile, the unflanked para per biphenyl values remained at around 0.80 for G-1-Fe, and declined from 0.80 ± 0.02 to 0.64 ± 0.02 for G-2-Fe. Compared with non-FeOOH-amended G-1 and G-2, 75 and 80% of para chlorines were removed and the remaining unflanked para chlorines per biphenyl were only 0.32 ± 0.04 and 0.18 ± 0.01 after 51 weeks of incubation. These results suggest that (1) the remaining para chlorines were predominantly unflanked after a long time of incubation in G-1-Fe and G-2-Fe; (2) the inhibitory effect of FeOOH on PCB dechlorination was solely due to the loss of para dechlorinating activities targeting unflanked para. The unflanked para dechlorination resumed in G-2-Fe after 36 weeks of incubation but not in G-1-Fe, suggesting that PCB composition affected dechlorination preferences. Seen in Figures 3E,F, the reduction rates of single-flanked para chlorines (open square) (0.047 ± 0.001 Cl/week from Week 9 to Week 24 for G-1-Fe, 0.033 ± 0.001 Cl/week from Week 6 to Week 24 for G-2-Fe) were three to four times faster than the overall para removal rates shown above. Along with the reduction of single-flanked para chlorines, unflanked para (solid triangle) increased rapidly at rates 0.035 ± 0.001 Cl/week, 0.031 ± 0.002 Cl/week in the same time periods for G-1-Fe and G-2-Fe, respectively. This suggests para dechlorination preferred flanked para chlorines, but meta removal was more prevalent for PCBs with a single meta and para chlorine on the same phenyl ring. In addition, double-flanked para chlorines, although not dominant in either mixture decreased over time, where para and meta dechlorination both occurred.

Quantification of Putative PCB Dechlorinating Bacteria and Fe(III)-Reducing Bacteria

The copy numbers of 16S rRNA genes of putative PCB dechlorinating bacteria Dehalococcoides over time are plotted in Figure 4. Initially, Dehalococcoides 16S rRNA genes in the Grasse sediment were one order of magnitude higher than those in the Hudson sediment. In H-1-Fe and H-2-Fe, no increase of Dehalococcoides 16S rRNA genes was observed over the course of incubation and the concentrations remained below 1.5 × 105 copies/ml, which was the minimum Dehalococcoides 16S rRNA gene number found in H-1 and H-2 showing dechlorination activities. This suggests that the complete inhibition of PCB dechlorination in the FeOOH-amended Hudson sediment microcosms was very likely due to the lack of active Dehalococcoides. By contrast, G-1-Fe and G-2-Fe showed clear increasing trends of Dehalococcoides 16S rRNA genes over time. The Dehalococcoides 16S rRNA genes increased from 2.4 × 106± 1.2 × 105 to 9.2 × 107 ± 3.1 × 106 copies/ml in G-1-Fe and from 1.8 × 106 ± 2.5 × 105 to 1.1 × 108 ± 3.1 × 106 copies/ml in G-2-Fe. The supplementary FeOOH led to 5–10 times more Dehalococcoides 16S rRNA genes than observed in G-1 and G-2. The high Dehalococcoides 16S rRNA genes found at Week 51 indicate a potential of continuing dechlorination in G-1-Fe and G-2-Fe. The relative abundance of Dehalococcoides in G-1-Fe and G-2-Fe expressed as the averaged percentage of Dehalococcoides 16S rRNA genes in total Bacteria 16S rRNA genes is shown in Figure 5. The relative percentage of Dehalococcoides 16S rRNA genes increased from 0.2 to 2.5% in G-1-Fe and from 0.2 to 2.6% in G-2-Fe, while in G-1 and G-2, the percentage increased to around 1.0%. The addition of FeOOH enhanced not only the Dehalococcoides 16S rRNA gene numbers but also the relative abundance of Dehalococcoides in the microbial community. The o-17/DF-1 16S rRNA genes were much lower than those of Dehalococcoides and the relative abundance of o-17/DF-1 did not show any increase in G-1-Fe and G-2-Fe (data not shown). Thus, the ortho dechlorination activity observed in the Grasse sediment microcosms was likely associated with other unknown ortho dechlorinating organisms. Geobacteraceae 16S rRNA genes were from 2.5 × 105± 4.8 × 104 to 2.0 × 106 ± 5.3 × 103 copies/ml in H-1-Fe and H-2-Fe, while significantly higher Geobacteraceae 16S rRNA genes (5.5 × 105± 1.3 × 104 to 1.1 × 107 ± 4.3 × 105 copies/ml) were found in control group H (p < 0.01). Additionally, Geobacteraceae 16S rRNA genes in H-1-Fe/H-2-Fe had no significant differences with those in H-1/H-2 (p > 0.05). These indicate that there was no Geobacteraceae enrichment by the addition of FeOOH. The low Geobacteraceae level could explain the weak Fe(III) reduction observed in H-1-Fe and H-2-Fe. Meanwhile, Geobacteraceae 16S rRNA genes detected in the Grasse sediment microcosms remained one to three orders of magnitude higher than those in the Hudson sediment microcosms (data not shown). Notably, the addition of FeOOH did not further stimulate the growth of Geobacteraceae.
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FIGURE 4. Quantitative assessment of Dehalococcoides 16S rRNA genes in H-1-Fe, G-1-Fe, and H-2-Fe, G-2-Fe. All data points averaged duplicate tests. Error bars represent standard deviation.
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FIGURE 5. Relative abundance of Dechalococcoides 16S rRNA genes in total Bacteria 16S rRNA genes of G-1-Fe, G-2-Fe, and G.



Supplementary Carbon Sources and Ortho Dechlorination Enhancement

In the Hudson sediment microcosms amended with FeOOH, supplementary acetate or the fatty acid mixture led to extensive methanogenesis after the second addition at Week 36 (Supplementary Table S6). Along with the generation of CH4, enhanced reduction of Fe(III) was observed in carbon-amended microcosms at Week 36 and Week 51 for H-1-Fe and at Week 51 only for the fatty acid mixture amended H-2-Fe (Supplementary Figure S7). Notably, PCB dechlorination was observed after the addition of carbon sources. Table 3 shows the mass concentrations of total parent PCB concentrations at Week 36 and Week 51. By the end of 51 weeks, total parent PCBs were reduced by 3–20% on the average of triplicate microcosms with two carbon sources additions (incubating with carbon sources from Week 27 to Week 51). The fatty acid mixture and sole acetate additions both reinitiated PCB dechlorination in H-1-Fe and H-2-Fe. The dominant pathways included PCB 5(23-CB) to PCB 1(2-CB), PCB 12(34-CB) to PCB 2(3-CB) and PCB 3(4-CB), and PCB 64(236-4-CB) to PCB 32(26-4-CB). Flanked meta and flanked para dechlorination took place first. However, 16S rRNA genes of Dehalococcoides and o-17/DF-1 did not increase apparently in H-1-Fe and H-2-Fe when PCB dechlorination occurred after the supplementation of carbon sources, indicating the existence of other PCB dechlorinating organisms not closely related to Dehalococcoides or o-17/DF-1 (data not shown). Additionally, it was possible that biogenic Fe(II) also induced abiotic dechlorination. In contrast, the additions of carbon sources did not facilitate further dechlorination in H-1 or H-2 (Supplementary Table S7).

TABLE 3. Total parent PCB concentrations (mg/kg slurry) of the FeOOH-amended sediment microcosms with/without additional carbon sources.
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The supplementation of carbon sources into FeOOH-amended Grasse sediment microcosms did not significantly enhance overall dechlorination by re-initiating unflanked para dechlorination activity. However, it did favor the reduction of parent PCBs (Table 3). The reduction was more apparent for the highly chlorinated parent PCB congeners, indicating a relatively high carbon source-dependence for these congeners. Surprisingly, rare ortho dechlorination, targeting PCB congeners with exclusive unflanked ortho chlorines, was apparently enhanced by the addition of acetate or the fatty acid mixture in both G-1 and G-1-Fe (congener-specific concentrations provided in Supplementary Tables S8, S9). Ortho dechlorination products, which were only detected at Week 51 in G-1 and G-1-Fe without additional carbon sources, appeared 15 weeks ahead with carbon source addition. The enhancement was relatively weak in G-1 (see Supplementary Material). By contrast, in the triplicate acetate/fatty acid mixture amended G-1-Fe microcosms, PCB 13 and PCB 15 concentrations increased sharply from Week 36 to Week 51 (PCB 13 and PCB 15 were 15.0 ± 1.2, 7.0 ± 1.2 for acetate-amended G-1-Fe, 12.7 ± 5.0, 10.1 ± 5.0 for fatty acid mixture-amended G-1-Fe at Week 51) and no significant difference of the concentrations of ortho dechlorination products was observed by adding two carbon sources (Supplementary Table S9). Moreover, a rough mass balance could be obtained by the transformation of PCB 25 to PCB 13 and PCB 28 to PCB 15 between Week 36 and Week 51, where PCB 105, PCB 114, and their first and second generation dechlorination products were very low (see text in Supplementary Material and Supplementary Table S9). By the end of the incubation, in the G-1-Fe microcosms with carbon sources, ortho dechlorination products PCB 13 and PCB 15 accounted for 10–15% of the total PCB molar, which were over five times higher than those in the regular G-1-Fe microcosms without extra carbon sources. These findings suggest the similar enhancement ability of acetate or the fatty acid mixture and further confirmed the existence of ortho dechlorination pathways in Grasse River sediment. However, the 16S rRNA gene numbers of Dehalococcoides and o-17/DF-1 in the microcosms with carbon sources did not change significantly comparing with the microcosms without carbon source addition (data not shown). In addition, Fe(II) analysis in the FeOOH-amended Grasse sediment microcosms with supplementary carbon sources showed that no further Fe(III) reduction was induced. This further confirmed that Fe(III) reduction had completed prior to the addition of carbon sources. The supplementation of carbon sources stimulated prevalent methane production. The fatty acid mixture induced more methane production than did the addition of acetate alone (Supplementary Figure S1 and Supplementary Table S6).

DISCUSSION

Impact of Indigenous Sediment Properties and PCB Composition Under Fe(III)-Reducing Condition

Many studies suggested that the dechlorination of PCBs was controlled by their sediment geochemical properties and/or microbial species (Wiegel and Wu, 2000; Yan et al., 2006; Park et al., 2011; Payne et al., 2012). This is the first observation of complete dechlorination inhibition in Fe(III)-amended Hudson sediment. A previous study had reported that 50 mM FeOOH reduced dechlorination by 12% in enriched cultures of sediment collected from a different location in the Hudson River (Morris et al., 1992). Due to the lack of sediment property characterization in that study, the difference is difficult to explain. The relatively low background Fe concentration (approximately 19 mmole/kg slurry), low Geobacteraceae and slow Fe(III) reduction observed in our Hudson sediment suggest poor acclimation to high Fe concentration, resulting in complete inhibition of PCB dechlorination and methanogenesis in FeOOH-amended Hudson sediment microcosms. In the Fe(III)-amended Grasse sediment microcosms, there was a 20–30% reduction of overall dechlorination in a time course of 51 weeks compared to the non-FeOOH-amended Grasse sediment microcosms, mainly due to less para dechlorination. The high background Fe content (approximately 64 mmole/kg slurry), abundant Geobacteraceae and fast Fe(III) reduction suggest good capability for reducing competing electron acceptor and easy resumption of PCB dechlorination. Additionally, our previous study showed that para dechlorination in the high Fe content Grasse sediment (G-1, G-2) was slower than that in the low Fe content Hudson sediment (H-1, H-2) in the rapid phase (Xu et al., 2016). These results suggest that indigenous Fe content could profoundly influence dechlorination preferences. Also, FeOOH further slowed down para dechlorination, but facilitated meta dechlorination in the rapid phase of G-1-Fe and G-2-Fe, indicating that meta/para dechlorination activities might be competing with each other and Fe(III) was likely a controlling factor. Moreover, PCB composition, even with four identical PCB congeners, the same total concentrations, and similar chlorine contents, was found to significantly affect PCB dechlorination in FeOOH-amended Grasse sediment microcosms. PCB Mixture 2 favored the dechlorination of PCB 5, 12, 64, 71, and 170. This trend was found in non-FeOOH-amended G-1 and G-2, suggesting the addition of FeOOH did not alter the composition related dechlorination preferences. These findings might be explained by co-metabolism or halopriming effect in a mixture (Krumins et al., 2009; Fagervold et al., 2011; Xu et al., 2016). FeOOH, especially freshly precipitated FeOOH, has high specific surface area and thus can absorb significant amount of pollutants in sediment and soil (Herbich, 2000; Okkenhaug et al., 2013). In this study, freshly prepared FeOOH was introduced directly into the sediment microcosms and the microcosms were incubated statically. Therefore, it was likely that PCBs adsorbed on the sediment particles aggregated on FeOOH. Along with the reduction of Fe(III), there may have been more bioavailable PCBs in the niches, where prevalent Fe(III)-reducing bacteria as well as related PCB dechlorinators were expected. In addition, biogenic Fe(II), mostly as adsorbed Fe(II), was likely to contribute to PCB dechlorination (Watson et al., 2002; Gong et al., 2016; Liu et al., 2017). This hypothesis was partially supported by the observation that more hydrophobic PCB congeners (highly chlorinated PCB 144, 149, 153, 170, and coplanar PCB 105, 114) exhibited more rapid dechlorination when FeOOH was added. A previous study demonstrated enhanced PCB dechlorination following Processes M and Q with the addition of FeSO4 in Hudson River sediment and proposed the beneficial effect caused by precipitation of toxic sulfide by Fe2+ (Zwiernik et al., 1998). However, the dechlorination induced by FeS could not be excluded (Watson et al., 2002). FeCl2 without sulfate was also found to favor PCB dechlorination (Zwiernik et al., 1998). This further suggested that Fe(II) might be a reductant for chemical dechlorination. Generally, the mineral reactivity of dechlorination of chlorinated solvents was disorder FeS > FeS > FeS2 > sorbed Fe2+ (He et al., 2015). This indicates that the influences of Fe(II)-containing minerals on PCB dechlorination might be complicated.

Putative PCB Dechlorinators and Fe(III) Reducers

Although exhibiting less extensive dechlorination, FeOOH-amended Grasse sediment microcosms showed an increase of Dehalococcoides 16S rRNA genes when compared with non-FeOOH-amended Grasse sediment microcosms. This indicates complex interactions between Fe(III)-reduction and Dehalococcoides growth. The possible mechanistic explanation is that some Fe(III) reducers within the Genus Geobacter of the Family Geobacteraceae, like Geobacter sulfurreducens, are involved in H2 generation in cooperation with hydrogen-oxidizing microorganisms or produce H2 via fermentation. H2 is believed to be the preferred electron donor for Dehalococcoides (Cord-Ruwisch et al., 1998; He et al., 2003, 2005; Wei and Finneran, 2011; Zanaroli et al., 2012b; Karatas et al., 2014). Enrichment of Dehalococcoides has been reported during dechlorination of chlorinated solvents under Fe(III)-reducing conditions (Wei and Finneran, 2011). Moreover, two known Fe(III)-reducing bacteria, Geobacter thiogenes strain K and Geobacter lovleyi strain SZ were capable of utilizing organohalides as their terminal electron acceptors for energy conservation and growth (Sung et al., 2006), and more recently, indirect evidence linking PCB dechlorination with Geobacteraceae was reported, although D. mccartyi was still considered as the main dechlorinators (Praveckova et al., 2016). These reports suggest complex dechlorination mechanisms in the presence of Fe(III) in addition to the potential for competition for electron donors. Geobacteraceae were not stimulated in Fe(III)-amended Grasse sediments, suggesting that electron acceptor Fe(III) was no longer the limiting factor in the Fe rich sediment. Similar findings were reported in Fe rich sediment from South China (Liu et al., 2017).

Carbon Source and Ortho Dechlorination Enhancement

A previous study demonstrated that repeated addition of fatty acids (acetate, propionate, butyrate, and hexanoic acid) stimulated PCB dechlorination in carbon-limiting Hudson sediment, but not in high carbon content New Bedford Harbor and Silver Lake sediments.(Alder et al., 1993) In the present study, the influences of auxiliary carbon sources on PCB dechlorination were also sediment dependent. For the relatively low carbon and low Fe Hudson sediment, the addition of acetate or the fatty acid mixture did not enhance the overall dechlorination in H-1 and H-2 (under methanogenic conditions). This might be due to the experimental dechlorination limit observed as a flat plateau phase after 30 weeks. On the other hand, the addition of carbon sources led to the resumption of PCB dechlorination in FeOOH-amended microcosms (H-1-Fe and H-2-Fe, no methanogenesis activity before carbon sources addition), suggesting the effective compensation of the extra “electron donor demand” derived from Fe(III) (Wei and Finneran, 2011). For the relatively higher carbon content and high Fe Grasse sediment, the addition of acetate or the fatty acid mixture did not enhance the overall dechlorination rate and extent in all the sediment microcosms (G-1, G-2, G-1-Fe, and G-2-Fe), where methanogenesis was remained. However, auxiliary carbon sources apparently shortened the lag time for ortho dechlorination and greatly favored ortho removal in G-1-Fe. These results indicate that the impact of carbon source was not only controlled by the sediment background carbon content, but also by the other geochemical properties, such as Fe(III).

This work provides the first observation of ortho dechlorination enhancement by auxiliary carbon sources (acetate or a fatty acid mixture). The isolated ortho dechlorinators o-17 is known as an acetate-utilizing bacterium (Cutter et al., 2001; May et al., 2006; Fagervold et al., 2011). It is expected that the ortho dechlorinating bacteria in this study are also utilizing acetate as their electron donor and carbon source. As there was no significant difference for the enhancement of ortho removal in acetate-amended and the fatty acid mixture-amended microcosms, acetate was not likely the obligate carbon source in this Grasse sediment. Most previous studies observed ortho dechlorination capable of dechlorinating PCBs with two or more ortho chlorines (Vandort and Bedard, 1991; Pulliam Holoman et al., 1998; Cutter et al., 2001; May et al., 2006; Fagervold et al., 2011; Kjellerup et al., 2014). O-17, isolated from Baltimore Harbor marine sediment preferentially dechlorinates meta-flanked ortho chlorine when the meta chlorine is only ortho-flanked and the target PCB congener contains two to three ortho chlorines, such as PCB 65(2356-CB) and PCB 90(235-24-CB) (May et al., 2006; Fagervold et al., 2007, 2011). Although PCB 65 was ultimately dechlorinated to PCB 14(35-CB) with PCB 23(235-CB) as an intermediate, the ortho dechlorination activity was not sustained when only PCB 23 was spiked, indicating o-17 lacks ortho dechlorination activity for mono-ortho substituted PCBs (May et al., 2006). Another marine sediment from Hunters Point California, in which a fatty acid mixture of acetate, propionate and butyrate was added, exhibited ortho removal targeting PCB 116(23456-CB) (meta chlorines are double-flanked) and the only dechlorination product was PCB 14(35-CB), indicating a stepwise reduction of two ortho chlorines.(Kjellerup et al., 2014) Ortho dechlorination observed in two freshwater sediments (Silver Lake and Woods Pond) without auxiliary carbon source, attacked unflanked ortho chlorine on PCB 30(246-CB) (Williams, 1994). Our previous study also revealed unflanked ortho dechlorination activity on PCB 28(24-4-CB) and PCB 25(24-3-CB) in Grasse River sediment without auxiliary carbon source (Xu et al., 2016). In the present study, the single unflanked ortho chlorine removal activity was maintained under Fe(III)-reducing conditions despite no change in known ortho dechlorinating organism populations. This further supports the existence of distinct ortho dechlorinating organisms in Grasse River sediment. Also, an easy approach to selectively enhance ortho dechlorination was provided. Most recently, a study in Grasse River sediment microcosms focusing on Aroclor 1254 detoxification used dioxin-like PCB 105 as a test congener, in which PCB 28 and PCB 25 were also the dominant dechlorination products after 180 days (Kaya et al., 2017). Therefore, the ortho dechlorination preference with the potential for complete dechlorination of mono-ortho PCB congeners, including some dioxin-like congeners, might be crucial for further potential risk reduction in Grasse sediment.

CONCLUSION

The amendment with FeOOH greatly affected PCB dechlorination and the influences were largely controlled by the indigenous differences in sediment. Generally, the low carbon content and low Fe Hudson sediment showed complete inhibition for PCB dechlorination after adding FeOOH, while the relatively high carbon content and high Fe Grasse sediment showed moderate inhibition in the presence of FeOOH. The dechlorination preferences analysis revealed that para-flanked meta dechlorination was primarily preferred followed by ortho-/double-flanked meta dechlorination and single-/double-flanked para dechlorination in Grasse sediment and the partially inhibitory effect was caused by the loss of unflanked para removal activity. Despite the longer lag time observed in the FeOOH-amended Grasse sediment microcosms, Fe(III) reduction and PCB reduction were found to take place concurrently. Rare ortho dechlorination pathways were confirmed in FeOOH-amended Grasse sediment microcosms. Auxiliary carbon sources (acetate, or a fatty acid mixture with acetate, propionate and butyrate) could reinitiate dechlorination in FeOOH-amended Hudson sediment microcosms, as well as support the favored ortho dechlorination in FeOOH-amended Grasse microcosms, indicating the utilization of acetate and/or fatty acids for ortho dechlorination related microorganisms in Grasse sediment.
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The massive production and improper disposal of organohalides resulted in worldwide contamination in soil and water. However, their environmental survey based on chromatographic methods was hindered by challenges in testing the extremely wide variety of organohalides. Dehalococcoides as obligate organohalide-respiring bacteria exclusively use organohalides as electron acceptors to support their growth, of which the presence could be coupled with organohalides and, therefore, could be employed as a biomarker of the organohalide pollution. In this study, Dehalococcoides was screened in various samples of bioreactors and subsurface environments, showing the wide distribution of Dehalococcoides in sludge and sediment. Further laboratory cultivation confirmed the dechlorination activities of those Dehalococcoides. Among those samples, Dehalococcoides accounting for 1.8% of the total microbial community was found in an anaerobic granular sludge sample collected from a full-scale bioreactor treating petroleum wastewater. Experimental evidence suggested that the influent wastewater in the bioreactor contained bromomethane which support the growth of Dehalococcoides. This study demonstrated that Dehalococcoides could be employed as a promising biomarker to test the present of organohalides in wastestreams or other environmental samples.
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INTRODUCTION

Organohalide compounds are a giant group of halogen-substituted hydrocarbons produced in large quantities as solvents, plastics, pesticides, and chemical intermediates for industrial and agricultural uses (Stringer and Johnston, 2001; Jugder et al., 2016). The improper handling and disposal of harmful halogenated compounds resulted in their worldwide contamination in soil and water as well as bioaccumulation through food webs, posing threat to both human health and the environment (Stringer and Johnston, 2001; Zhou et al., 2004; Lu et al., 2017). Due to the side effects on biota, 69 out of the 126 EPA Priority Pollutants are organohalide compounds (United States Environmental Protection Agency, 2013). However, detection and monitoring of their environmental transport and fate using chromatography-based methods were limited due to the extremely wide variety of organohalide compounds (Stringer and Johnston, 2001).

Anoxic aquatic sediments became the major environmental sink for hydrophobic organohalide compounds, facilitating the growth of dehalogenating bacteria through organohalide-respiration (Smidt and de Vos, 2004; Zhou and Song, 2004; Rossi et al., 2012). In the organohalide-respiration process, anaerobic bacteria couple their growth with halogen-removal using acetate as a carbon source, H2 as an electron donor, and various organohalides as electron acceptors (Mohn and Tiedje, 1992; Holliger and Schumacher, 1994). Thus far, phylogenetically diverse bacterial groups have been identified to be able to remove halogens from organohalide compounds, including Dehalococcoides, Dehalogenimonas, Dehalobium, Dehalobacter and Desulfitobacterium (Smidt and de Vos, 2004; Zanaroli et al., 2015; Wang et al., 2016), which were normally originated from contaminated sites (Hendrickson et al., 2002; Taş et al., 2009; van der Zaan et al., 2010). Among them, Dehalococcoides are obligate organohalide-respiring bacteria that exclusively employ acetate as a carbon source, H2 as an electron donor and organohalides as electron acceptors to conserve energy for growth (Löffler et al., 2013). Dehalococcoides were identified to have the most diverse and extensive dehalogenation activities on organohalide compounds, including chloroethenes (Maymó-Gatell et al., 1997; He et al., 2003; Müller et al., 2004), chlorobenzenes (Adrian et al., 2000), polychlorinated biphenyls (PCBs) (Bedard et al., 2007; Wang et al., 2014), polybrominated diphenyl ethers (PBDEs) (He et al., 2006), chloroethanes and chlorophenols (Fennell et al., 2004; Lookman et al., 2004; Adrian et al., 2007; Wang and He, 2013a,b). Therefore, Dehalococcoides might be employed as a potential biomarker, complementing current chromatography-based methods, to test the presence of organohalide compounds.

In this study, we first screened Dehalococcoides in sludge and sediment samples collected from various anaerobic bioreactors for industrial wastewater treatment and contaminated black-odorous urban rivers. Further source-tracking together with laboratory cultivation confirmed which organohalide compounds supported the growth of Dehalococcoides. These results opened up opportunities employing Dehalococcoides as a biomarker to track unknown sources of organohalide compounds in wastewater and environmental samples.

MATERIALS AND METHODS

Microbial Cultures Setup and Transfer

Sludge and sediment samples collected from bioreactors and black-odorous urban rivers were employed as inoculum for culture setup (Table 1). These samples were acquired directly by filling sterile 50 ml plastic Falcon tubes that were capped and transported to the laboratory at an ambient temperature. To control exposure of the samples to oxygen, Falcon tubes were sealed with Parafilm, and microcosm setup was performed in anaerobic chamber soon after their arrivals. For granular sludge, it was smashed into floc-form sludge before inoculation. Defined anaerobic mineral medium in 160 ml serum bottles for microbial cultivation was prepared as described (He et al., 2003; Wang and He, 2013a), which contains salts, trace elements and vitamins. L-cysteine and Na2S⋅9H2O (0.2 mM each) were added to the medium to achieved reduced conditions. The bottles were sealed with black butyl rubber septa and secured with aluminum crimp caps. The organohalide-fed cultures were transferred in 100 ml medium supplemented with 10 mM lactate, 10 mM 2-bromoethanesulphonate (BES, to inhibit methanogen growth), and 1 mM PCE or 10 ppm chloromethane. The control cultures without organohalide-amendment were transferred in the same mineral medium. Unless stated otherwise, cultures were incubated at 30°C in the dark without shaking. All the experiments were set up in duplicates.

TABLE 1. Sludge samples information which collected from anaerobic industrial wastewater treating bioreactors and environmental samples.
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Analytical Techniques

Headspace samples of chloroethenes (i.e., PCE, TCE, cis-DCE, trans-DCE, VC and ethane)and chloromethane were injected manually with a glass, gastight, luer lock syringe (Hamilton, Reno, NV, United States) into a gas chromatography (GC) 7890N equipped with a flame ionization detector (Agilent, Wilmington, DE, United States) and a GS-GasPro column (30 m × 0.32 mm; Agilent, Wilmington, DE, United States) as described (Wang and He, 2013b). The standards compounds (with analytical pure or above) were purchased from Sigma–Aldrich.

Fluorescence In Situ Hybridization (FISH)

The FISH experiment was performed according to protocols described previously (Amann et al., 1995). Granular sludge samples were fixed in a 4% paraformaldehyde solution for 8 h at 4°C, and embedded in Optimal Cutting Temperature (O.C.T.) compound (Fisher Healthcare, Houston, TX, United States). Then the freezing granules were cut into 15 μm-thick sections with CM3050S cryostat (Leica, Germany). Hybridization was performed at 46°C for 4 h with oligonucleotide probes Dhe1259 (Yang and Zeyer, 2003), EUBmix and ARCH915 (Amann et al., 1995) targeting Dehalococcoides, bacteria and archaea, respectively. Dhe1259 and EUBmix/ARCH915 for dual-staining FISH were labeled with Cyanine 3 (Cy3) and Cy5, respectively. FISH-stained images were captured CLSM (Leica TCS-SP2, Germany).

DNA Extraction, PCR, and Illumina Miseq Sequencing

Community gDNA was extracted using the FastDNA Spin Kit for Soil (MP Biomedicals, Carlsbad, CA, United States) according to the manufacturer’s instructions. The 16S rRNA gene was amplified with the U515F forward primer and U909R reverse primer as described (Narihiro et al., 2015). Illumina Miseq sequencing (Illumina, San Diego, CA, United States) service was provided by BGI (Shenzhen, China). The provided pair-end (2 × 300 nd) demultiplexed sequences were assembled and filtered using Mothur v.1.33 (Schloss et al., 2009). Quantitative Insights Into Microbial Ecology (QIIME, v1.8.0) was employed for the subsequent processing and downstream analysis (Caporaso et al., 2010).

Data Deposition

Raw Illumina Miseq sequencing reads were deposited into NCBI Sequence Read Archive (SRA) with accession no. SRP112682.

RESULTS

Screening of Obligate Organohalide-Respiring Dehalococcoides in Anaerobic Sludge and Sediment Samples

Dehalococcoides as an obligate dehalogenating bacterial group can only utilize organohalides as electron acceptors to support their growth (Löffler et al., 2013). In this study, sediment and sludge samples from black-odorous urban rivers and anaerobic bioreactors, respectively, were selected to screen the presence of Dehalococcoides (Table 1). PCR amplification with Dehalococcoides genus-specific primers, FpDHC1/RpDHC1377 (Hendrickson et al., 2002), showed the positive detection of Dehalococcoides in all urban river sediment samples, as well as in a granular sludge sample collected from a full-scale mesophilic UASB reactor treating petrochemical wastewater (Table 1). And the petrochemical wastewater contains organic compounds generated from terephthalic-acid industry, e.g., terephthalic-acid, benzoic acid, toluic acid, acetic acid and other intermediate compounds and byproducts (Lykidis et al., 2011).

To profile microbial communities of those Dehalococcoides-containing environmental samples, Miseq 16S rRNA gene sequencing was performed, showed the very different microbial community structure in samples between Dehalococcoides-containing granular sludge and urban river sediments (Figure 1). In granular sludge collected from the UASB reactor, acidogenic populations, Syntrophorhabdus (of Syntrophorhabdaceae) and Syntrophus, formed syntrophic interactions with methanogenic Methanosaeta and Methanosarcinaceae (Figure 1). Surprisingly, the obligate organohalide-respiring Dehalococcoides presented abundant in the full-scale UASB reactor, accounting for 1.83% of the total microbial community, comparable with the relative abundance of Dehalococcoides in enrichment cultures dechlorinating PCBs (Wang and He, 2013a) and PCE (Lee et al., 2015). The presence of abundant obligate organohalide-respiring Dehalococcoides implied that the TA-wastewater contained uncharacterized organohalide compound(s). In the UASB reactor, acetate and H2 generated from degradation of aromatic compounds in petrochemical wastewater by Syntrophorhabdus, Syntrophus and other syntrophs, together with low redox potential and the uncharacterized organohalide compounds, provide ideal growth niches for the fastidious Dehalococcoides. No other obligate dechlorinating bacteria, e.g., Dehalogenimonas and Dehalobacter, were found in the granular sludge sample. In a control sample collected from a lab-scale anaerobic sludge digester without organohalide amendment, no known dechlorinating bacteria can be detected (Figure 1). The highly similar microbial community structures of the three black-odorous river sediments, distinguish themselves from the community compositions of the granular sludge, especially the predominant lineages of Chloroflexi (i.e., Longilinea, GCA004, WCHB1-05 and Anaerolinaceae) and Proteobacteria (i.e., Syntrophobacter and Dechloromonas) (Şimsir et al., 2017) (Figure 1). Dehalococcoides were shown the appearance in the microbial community, on which indicate the potential of organohalides’ contamination.
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FIGURE 1. The relative abundance (RA) of dominant microbial populations in environmental samples. Only populations with RA > 0.5% in at least one samples were shown here.



Dechlorination Activities in Dehalococcoides-Containing Cultures

To further evaluate the dechlorination activities, perchloroethene (PCE) was spiked into microcosms established with those Dehalococcoides-containing sediment and sludge samples. After around 2 months’ incubation, PCE dechlorination activities were observed in all three microcosms with the river sediment inocula (data not shown). Subsequent consecutive culture transfers of the three microcosms generated three active cultures which reductively dechlorinate PCE into vinyl chloride (VC) or ethene (Figure 2). No dechlorination activity was observed in the control microcosm established with digester sludge (Figure 2D).
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FIGURE 2. PCE-dechlorination activity observed in cultures inoculated with (A) sediment of black-odorous river A, (B) sediment of black-odorous river B, (C) sediment of black-odorous river C, (D) anaerobic digester sludge.



In contrast to PCE dechlorination in sediments of the three black-odorous urban rivers, microcosms inoculated with the Dehalococcoides-containing granular sludge showed negative PCE-dechlorination activity. To identify potential organohalides to support the growth of Dehalococcoides in the granular sludge, organohalide pollution in the petrochemical wastewater as influent of the UASB reactor was evaluated. The petrochemical wastewater was generated from a AMOCO process that oxidize para-xylene to terephthalic-acid, using a homogeneous catalyst of cobalt and manganese together with bromide as a promoter, in which bromomethane was generated as a byproduct (Tomás et al., 2013). Due to difficulties in obtaining bromomethane, dehalogenation activity test was performed with chloromethane as a homolog alternative to bromomethane. In chloromethane-fed culture, over 70% chloromethane was dechlorinated within 8 days (Figure 3). No obvious dechlorination activity was observed in abiotic control.
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FIGURE 3. Dechlorination of chloromethane by UASB granules.



Dehalococcoides in the Granular Sludge

The partial 16S rRNA gene sequences (∼400 bp) generated from Miseq sequencing of V4–V5 hypervariable regions were unable to differentiate Dehalococcoides between Cornell and Victoria subgroups. Therefore, Dehalococcoides genus-specific primers (i.e., FpDHC1/RpDHC1377) were utilized to generate longer 16S rRNA gene sequences (∼1300 bp) to identify the Dehalococcoides in the anaerobic granular sludge. Phylogenetic analysis showed the close clustering of Dehalococcoides in TA-degrading granules with D. mccartyi 195 in Cornell subgroup (Figure 4A), sharing 99% 16S rRNA gene sequence similarity (2 bp difference over 1311 bp) with that of strain 195.
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FIGURE 4. (A) Phylogenetic tree of Dehalococcoides identified in TA-degrading anaerobic granular sludge. Phylogenetic tree was calculated by neighbor-joining method using MEGA4 (Tamura et al., 2007). FISH analysis revealed the space distribution of (B) bacteria (red) and Dehalococcoides (yellow), and (C) archaea (red) and Dehalococcoides (green).



To provide insight into the spatial distribution of Dehalococcoides in the granular sludge, FISH was conducted with Dehalococcoides-specific, bacterial and archaeal oligonucleotide probes (Amann et al., 1995; Yang and Zeyer, 2003). FISH analysis showed the scattered distribution of Dehalococcoides inside granules, closely colonized with other bacteria (Figure 4B) but separated from archaea (Figure 4C). Degradation of aromatic compounds by fermentative bacteria is thermodynamically restricted and will become endergonic (ΔG > 0) as metabolic byproducts (e.g., acetate and H2) accumulate in the biosystem. Similar with methanogenic archaea, Dehalococcoides might form syntrophic interactions with aromatic compound degrading acidogens in the granular sludge: the degradation of aromatic compounds by Syntrophorhabdus and other syntrophs provide acetate as carbon source and H2 as electron donor for the halorespiration of Dehalococcoides; correspondingly, Dehalococcoides help maintain acetate and H2 at low concentration in the biosystem and ‘pull’ degradation of aromatic compounds toward completion through consuming metabolic byproducts generated by acidogenic bacteria. The close colonization of Dehalococcoides with syntrophic bacteria could facilitate the interspecies transfer of H2 (Mao et al., 2015).

DISCUSSION

Thus far, it remains challenging to detect organohalide compounds in wastewater and environmental samples based on chromatography methods due to their extremely wide variety, e.g., PCBs are a family of 209 structurally similar congeners (Chu and Hong, 2004; Elder et al., 2008). Bromomethane, similar with many other organohalide compounds produced as intermediate or byproducts in chemical synthesis processes, was a noteless synthesis byproduct in the petrochemical wastewater generated from terephthalic acid industry (Tomás et al., 2013). In this study, we reported the abundant presence of obligate organohalide-respiring Dehalococcoides in a full-scale UASB reactor for petrochemical wastewater treatment, and further cultivation experiments suggested the possible contamination of bromomethane in the petrochemical wastewater. Recent studies showed experimental evidences of biosynthesis of aromatic organohalides in nature, which might explain the detection of Dehalococcoides in the three black-odorous urban rivers (Agarwal et al., 2014; El Gamal et al., 2016; Şimsir et al., 2017). Also, Dehalococcoides was detected in various environmental samples contaminated with organohalides, including sludge/sediment collected from anaerobic digesters (Smith et al., 2015) and hyporheic zone of a wastewater treatment plant (WWTP)-impacted eutrophic river (Atashgahi et al., 2015). Therefore, Dehalococcoides might be a promising biomarker, complementing current chromatography-based methods, to test organohalide compounds in wastewater and environmental samples.

The UASB reactors provided ideal ecological niches for the growth of Dehalococcoides which further formed syntrophic interactions, as methanogens in syntrophic methanogenic communities (Stams and Plugge, 2009), with aromatic-compound degrading bacteria to overcome the thermodynamic limit through consuming acetate and H2. To our knowledge, this is the first report of the strictly organohalide-respiring Dehalococcoides present abundantly in a full-scale bioreactor for industrial wastewater treatment. In previous studies, Dehalococcoides was documented in various lab-scale bioreactors, including membrane biofilm reactors (Chung et al., 2008), UASB reactor (Hwu and Lu, 2008) and anaerobic biotrickling filter (Popat and Deshusses, 2009). The presence of Dehalococcoides in high abundance in both full- and lab-scale bioreactors showed the feasibility of removing toxic and persistent organohalides from various industrial wastewaters in anaerobic bioreactors through employing the microbial reductive dehalogenation process.
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Dehalobacter restrictus PER-K23
Desulfitobacterium hafniense TCE1
E. coli DH5a

E. coli BL21(»DE3)

Features

DSM 9455

DSM 12704
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Plasmid

pET24-d
pFBD
PFBD-T168V
PETDuet-1

pFTP1
pFTP2

Features

IPTG-inducible T7 promoter, kanamycine® (50 ug/mL), C-terminal Hiss tag

PET24d expressing FMN-binding domain of PceC (aa 41-200)

PFBD with single mutation expressing a valine variant of Thr168

IPTG-inducible T7 promoter, ampiciline®, two multiple cloning sites, MCS1 with G-terminal Hiss tag, MCS2 with
C-terminal Setag™

PETDuet-1 expressing Ftp1 from MCS2

PETDuet-1 expressing Ftp2 fom MCS2

Source/reference

Novagen
This study
This study
Novagen

This study
This study
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Primer name

FBD-24-F
FBD-24-R
FBD-T168V-F
FBD-T168V-R
PET24-F2
PET24-R2
FTP1-F
FTP1-R
FTP2-F
FTP2-R
Duet-MCS2-F
Duet-MCS2-R

5-3 sequence

GCGCCCATGGGACAATCGGTTGATTACAAGGGAATC
GCGCCTCGAGTAAATCGTAAGGGTTGGCCCATTG
ACGGTAACAGGTTCAGTAGTGTCGTCACATGCT
AGCATGTGACGACACTACTGAACCTGTTACCGT
GGTGATGTCGGCGATATAGG
CGTTTAGAGGCCCCAAGG
GCGCCATATGAATGGGAAACCTGTACAACAG
GCGCCTCGAGATCTTTGACGAATTCGTACTC
GCGCCATATGTTGTCTGCAGAGACCAAGG
GCGCCTCGAGTTTGCTTTCTGGGGAAGGTGTC
TTGTACACGGCCGCATAATC
GCTAGTTATTGCTCAGCGG

Features

Neol site
Xhol site
Thr-Val
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Sequencing
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(Sub) Phylum Class To STK SK MPf Representative species in the clone library

D1 090 o1 D90 o1 090 D1 D90

Aphaprotecbacteria Rhizobieles 24 o 21 185 o 10 0 67 Uncultured Hyphomicrobium sp.
Rhodobacterales o o 43 74 30 o 31.0 10 Thiodlava sp.
Rhodospirilales 21 a7 o o 30 50 o o Unaultured Rhodovibrio sp.
Sphingomonadales o o 0 o o o o 67 Uncultured Sphingomonadales bacterium
Undlassifiec-alpha 4 o 4 4 0 o 0 0

Betaproteobacteria Burkholderiales. o o 0 74 o o 172 10 Relstonia sp.
Rhodocyclles 21 185 0 0 o 0 172 o Denitromonas indolicum
Nitrosomonadales o ° o ° 0 o 34 ° Thiobacills thioparus

Deftaprotecbacteria “Desulobacterales 104 74 85 o 30 o o a3 Uncultured Desulfobacteraceae bacterium
“Desuifuromonadales 63 o 21 o o o o 33 Uncultured Desufuromonas sp.
“Myxococcales a2 ° o ° 30 o 0 33 Uncultured Myxococcales bacterium
Syntrophobacterales 211 o 24 o 30 o o 0 Uncultured Syntrophaceae bacterium
Unclassified-delta 21 o 43 o 30 o o o

Gammaprotecbacteria Chromatiales 21 259 64 74 124 0 138 o Ectothiorhodospiraceae bacterium
Celvibrionales 21 o 43 o 30 ° o 0 Haliea sp.
Legionelales o o 21 a7 30 o o o Legionella sp.
Thiohalophilus. o 37 o o 30 o o o Thiohalophius thiocyanatoxydans
Thiotrichales 0 0 o 0 30 o 0 0 Candidatus Thiopilula aggregata
sultur-oxidizing o 37 o o o o o o
symbionts
Unclassified-gamma 83 o 64 o 61 o 0 o

Chioroflexi Anaerolineae 42 o o o 30 o o 10 Uncultured Anaerolineaceae bacterium
Caldiineae o o 0 o o 0 o 67 Uncultured Caldiinea sp.
*Dehalococcoidetes o o 0 o o 0 o 33 Dehalogenimonas lykanthroporepellens
Sphaerobacteridae o o o o o o o a3 ‘Sphaerobacter thermophius
Unclassifiec- Chioroflexi 21 o 128 o o 50 o 67

Fimicutes. Bacillales o o 21 74 30 0 172 0 Bacilus sp.
“Clostidia o " 21 74 61 30 o o Clostridiaceae bacterium
Unclassiflec-Fimicutes 21 0 o o o o o 67

Overal relative abundance of the entire 52.1 740 506 704 606 550 100 80

bacterial community

“The class harboring the pure isolates of the known OHRB (Atashgahi et al., 2016). " http://www.ncbinim.nih.gov
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Predicted T-RF length Observed T-RF length (bp) Phylogenetic group Dominant in Closest match from the clone
(bp) libraries constructed in this
study

Dominant at Day 1 ~ Day 30

68 67 Gammaprotecbacteria Al Uncultured gamma proteobacterium
(AM259852.1), 99%

208 208 Deltaproteobacteria Saline? Uncultured delta proteobacterium
(EFO61950.1), 98%

206 206 Deltaproteobacteria STK, TO Uncultured delta proteobacterium
(DQ395025.1), 97%

237 238 Deltaproteobacteria SK Uncultured delta proteobacterium
(EF655671.1), 96%

257 257 Firmicutes; Clostridia Saline Uncultured Clostridiacea bacterium
(F4425601.1), 96%

270 2717272 Firmicutes; Clostridia STK, TO, TK, K Akaliphilus peptidofermentans
7-7036 (EF382660.1), 91%

224 205/224 Chloroflexi; MP Uncultured Anaerolineaceae

Anaerolineae bacterium (JFB06903.1), 97%
Anaerolineae

221 220 Chloroflexi MPf Uncultured Chloroflexi bacterium
(FM242343.1), 95%

Dominant at Day 60 ~ Day 90

231 231 Actinobacteria STK Uncultured Actinobacteridae
bacterium (FN582328.1), 98%

195 193 Gammaproteobacteria STK Uncultured gamma proteobacterium
(JF344548.1), 96%

196 194 Deltaproteobacteria MPf, NSW Desulfovibrio sp. enrichment culture
clone (HQ108128.1f°

266 266 Firmicutes; Clostridia To Clostricium algidicarnis NCFB 2931
(X77676), 95%

199 198 Betaproteobacteria STK, TO Uncultured beta proteobacterium
(AM713401.1), 100%

316 314/316 Firmicutes TO, TK, HC Uncultured Firmicutes bacterium
(AM745203.1), 94%

192 192 Alphaproteobacteria TO, TK, HC Pseudoruegeria aquimaris
(NR_043932.1), 92%

254 253/254 Alphaproteobacteria TK, HC Uncultured alpha proteobacterium
(FJB66151.1), 90%

260 261 Candidate division OP8 SK Uncultured candidate division OP8
(DQ811949.1), 97%

414 411 Bacteroidetes SK Uncultured Bacteroidetes bacterium
(JF344262.1), 95%

310 306 Firmicutes; Bacilli MP, MPf Bacilus sp. G11001 (AB531397.1),
99%

215 215 Deltaproteobacteria MP, MPf Uncultured delta proteobacterium

(JF344345.1), 98%

4Saline sediments refer to all mangrove and marine sediments. ®The underfined closest match is from the reference species rather than from the clone libraries in this
study.
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Compound Half Reaction eeq/mol compound Reference

Ferrous iron Fed* + e~ = Fe?*+ 1 Picardal et al., 1995
Sulfides 80427 + 9H* + 86~ = HS™ + 4H,0 & Flynn et al., 2014
Methane GH3COOH = GHjz + CO2 & Ferry, 1992;

COp + 8H* + 86~ = CHy + 2H,0 Liu and Whitman, 2008
TeCP® CeClsOH + H* + 26~ = CgHCI4OH + CI 2 Kenneke and Weber, 2003
Topd GsClsOH + 2H* + 4e~ = CgHaClsOH + 201~ 4

2Based on the assumption that the final reduction products during SO42~ reducing process are entirely existed in —2 valence; ®Calculated with an average electron
equivalents that required by one mole methane from acetate metabolism; “The electron equivalents from PCP transformation were calculated from the concentration
changes of the main products of TeCP and TCP that generated from PCP dechiorination.
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Property

Molecular weight
Color

Physical state
Melting point

Boiiing point
Densiy (@/mL)

Solubility:
- Water

~ Organic solvent(s)

Partition coefficients:
- Log Kow
- Log Koo

Vapor pressuro

Henry’s Law constant (atm-m>3/mole)

Penta-BDE

Mixture

Clear, amber to pale yellow
Highly viscous liquid

=7 10 =3°C (commercial)

>300°C (decomposition
starts above 200°C)
2281 26°C; 2.25-2.28

13.3 ng/L (commercial)
24p01L
(pentabromodipheny ether
component);

109 pgll
(tetrabromodiphenyl ether
component)

10 g/kg methanol; miscible in
toluene

6.64-6.97; 6.57 (commercial)
4.89-5.10

22 x 107755 x 1077 mm
Hg at 26°C; 35 x 1077 mm
Hg (commercial)

12 % 1075; 1.2 x 1076;
35x 1076

Adapted from ATSDR (2017); * From Chen et al. (2016).

Octa-BDE

Mixture
Off-white

Powder

85-89°C (commercial); 200°C
(range, 167-257); 79-87°C;
170-220°C

Decomposes at >330°C
(commercial)

2.76; 2.8 (commercial)

<1 ppb at 25°C (commercial);

1.98 pg/L (heptabromodiphenyl
ether component)

Acetone (20 g/L); benzene (200
9/L); methanol (2 /L) —all at
25°C

6.29 (commercial)

5.92-6.22

9.0 x 10710-1.7 x 10~ mm
Hg at 25°C; 4.9 x 10-8 mm Hg
at 21°C (commercial)

7.5 x 107826 x 1077

Deca-BDE

959.22
Off-white
Powder
290-306°C

Decomposes at >320, >400,
and 425°C

30,325

<0.1ugll

dHimonene (0.1823 9/100g
solvent); n-propanol (0.1823
9/100g solvent)—allat 20°C *

6265
6.8
3.2 x 108 mm Hg

162 x 1076;1.98 x 1078; 1.2
x1078;,4.4 x 1078
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Pure cultures.

Mixed Cultures.

Microcosms.

Sample ID Source deca-BDEs octa-  penta-BDEs
BDEs
Dehalococcoides mecartyi  Anaerobic sewage digestor  TOE No hopta-  NA.
19 sludge through
tetra-
Dehalococcoides mecartyi  Isolate from G TCE NA. penta- tetra-
oG tetra-
Acetobacterium sp. AG Isdlate from G Lactate NA. penta-  penta-
tetra- through
d-
Dehalococcoides mccartyi  Saale river sediment nZvi 20% conversionto N.A. NA.
CBDB/n-2V1 diphenyl ether
Dehalococcoides mecartyi Isolate from co-culture, GY2, No NA. NA. Dipheny!
GY50 sand, and silt near Lianjiang ether
River
Dehalococcoides mecartyi  Variant of GYS0 after No NA. NA. Di-
G52 consecutive transfer in TCE
Desulitobacterium 23-GP dehalogenating 3-chloro-4- Similr debromination profle as ANAS195
chlororespirans Co23 compost soil hyxdroxybenzoate (data not shown)
Desulitobacterium Freshwater sediments-pond  3-chloro-d- Similar debromination profle as ANAS195
halogenans JW/U-DC hydroxphenylacetate (data not shown)
Desulitobacteriun frappieri A mixture of pentachiorophencl NA. hepta-  penta99to
PCP-1 pentachiorophenol hexa- tetra, i, i
contaminated soll and penta-  tetad7toti
‘anaerobic sewage sludge and di
Dehalobacter restrictus Anaerobic Rhine river PCE NA. hepta-  penta®to
PER-K23 sediment and ground hexa-  tetras
anaerobic granular sludge penta-  tetrad7 totri
and di
Sulturospirilum mulivorans  Activated sludge. TCE Oota- Hepta- No NA.
DSM12446
Culture G Sol samples from a river bank TCE NA hexa-,  penta-
in Wisconsin penta-,  through
tewa-  di-
(dominant),
tri,
EC195 Highly enriched 195 TCE No hepta-  NA.
‘containing autotrophic culture hexa-
penta-
tetra-
di-
ANAS195 An enrichment culture with  TCE No hepta-  NA.
strain 195 through
di-
EC195+BAV1 EC195 with strain BAV1 TCE No tetra- NA.
ti-
di-
Plug-flow bioreactor with No NA. NA NA.
colonization water from wetland
near munition dump
‘Sewage sludge from mesophiic 4-bromabenzoic acid,  Nona- NA. NA.
digester in Dubendor, 2,6-dibromobiphenyl,  Octa-
Suitzerland tetrabromobisphenyl A,
hexabromocyclododecan,
and decabromobipheny!
Loam sediment from Celey Bog Methanol and dextrose  Nona- NA Tetra-
Park, West Lafayette, IN, USA through Tii-
Hexa-
Afew sols and sediments from No NA Hexa-  NA.
muliple locations in China, Penta-
Singapore, and US Tetra-
TCE NA Hexa-  NA
thvough
di-
Sediments at the riverside of No Nona- through NA. NA
Lianjang Rriver, Guiyu, i-BOE
E-recycling town in China.
Afew sediment slurries from No No NA. Hexa 153 to
mangrove, fresh water ponds, hexa-, penta-,
and marine subsurface
sediments, Hongkong SAR
River sediment from Erren River, No Nono-thvough NA
Taiwan (heavily contaminated mono-BDE
rivers)
Wastewater siudge samples, No Arelative distribution of individual congeners
Hrade Kralove and Bmo changed with a signficance increase of tetra 49
E-waste contaminated sols Lactate Deca-209 and tetra 47 decrease while penta-99,
hexa-154, 158, and hepta 183 increase at
signiicant levels
Mangrove sediment from No Nona-throughdi-  NA. NA
Guandu and Bali, Taiwan
Subsurface sediment from No NA NA. Tetra- 47 to
mature mangrove forest in i, di-

Meipo, Hongkong SAR

Remarks Duration  Citation

6months  He et al., 2006

Minimal conversion; Lost Octa-BDEs 5 Ding et al.,

octa-BDE debromination months; 2013
activity of parent culture,  penta-BDES
G, whichcanonlybe 1 month
resumed by
co-cuitivating AG
and DG;
No debromination of 1 month Xuetal, 2014
deca-BDE by CBDB1 Yang, 2017
‘without addition of n-ZVi;
the role of CBDBH in this.
study is uncertain due to
PH and unbalanced
hydrogen consumpion.
GY2 share the same. 2 weeks Leeetal.,
debromination activity 2011; Ding
with its isolate GY50; etal, 2017
Complete debromination;
Ortho-removal preferred;
identified PBDE RDases,
PorA1, PorA2, Por3
Agenomo isiand where 2 weeks
PpbrAT and pbrA2 locate
vias deloted from GYS0
NA. Robrock et al.,
2008
NA. Robrock et al.,
2008
Debromination pathways 3 months Robrock et al.,
were identified by spiking 2008
individual congeners;
para- and meta-removal
i preferred;
debromination for higher 3 months  Robrockot al,
brominated BDES are Lt
slower;
2 months He et al., 2006

Para- and meta-removal octa-BDEs 5 Ding et al.,

preferredin octa-BDEs ~ months; 2013
debromination; penta-BDEs
Penta-BDEs 1 month
debromination similar as
AG, strictly para-removal
Additional one hexaand 3 months  He et &l 2006
two penta, as wel as
tetra and di congeners
produced compared with
strain 195
Faster and more 3months  Heetal, 2006
extensive debromination
‘compared with strain195
BAV1 shows no 3months  He etal., 2006
debromination on deca-
or octa-BDES. More.
extensive debromination
compared with EC195
suggests BAV1 can
debrominate lesser
brominated PBDEs
D-BDE 15 to mono-BDE 12%and  Rayne et al.,
3anddiphenylether  61% 2003
conversion
with HRT
3.4hand
6.8h,
respectively
Para- and meta-removal 238days  Gerecke etal.,
preferred 2005

Para-removal preferred 8 months for Tokarz et al

penta-and 2008

tetra-BDES,

3.5 years for

deca-BDE
Dehalococcoides existin 2months  Lee and He,
11 out of 14 active 2010

microcosms; more
extensive debromination
was observed with TCE
as ausdiary substrate

Too ambitious to
correlate Pseudomonas
with PBDE
‘debromination simply by
DGGE study in original
microcosm
Para- removal preferred, 90 days for
followed by meta-and tetra 47; 7.6
ortho-removal to 165 days
for hexa 163

3months  Qiuetal, 2012

Zhueetal., 2014

Smonths  Huang etal.,

2014

A mixture of
mono-through hepta
BDES was spiked.
PBDES contamin
already exist in solls
samples; ron-reducing
conditions

15 months  Stiborova et al.,
2015

Para- removal preferred, 75 days
followed by meta- and
ortho-removal;

Debrominating

populations were tried to

be idenified through

‘analysis of microbial
communities; 2V can

enhance debromination

Yang etal.,
2017

Biochar accelerates
PBDES' reductive
debromination in electron
transfer among microbial
populations. Abundance
of dehalogenating
populations were
i

20weeks  Chenetal.,
2018
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Water content (%)
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Crude fiber (g/kg)
Crude protein (g/kg)
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C (%)
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N (%)

C/N

79.08 + 1
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9.26

0.6
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E2
+0.02
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Treatment?

Original sail
Control

20 mM Na,MoQOy4
5 mM NaySOy4
20 mM Nap SOy
5 mM NaNOg

10 mM NaNO3

OoTU

4362
4407
4349
4553
4378
4396
4390

Shannon index

6.32
6.46
6.38
6.51
6.24
6.53
6.44

20riginal soil, sample was on day O; other treatments, samples were on day 40.
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Calculated parameters Treatments

Control 20mMNa;MoO; ~ 5mMNa,SO;  20mMNa;SOs  5mMNaNO; 10 mM NaNO;

802~ reduction a2 5.91 - 9.90 23.85 6.11 6.44
b? 9.03 - 50.71 37.91 10.37 17.52
K (d) 0.21 - 0.35 0.24 0.23 0.21
Vimax (MM d~") 0.31 - 0.87 1.43 0.35 0.34
e (@) 10.48 - 1.22 15.15 10417 13,63
R? 0.98 - 0.99 0.97 0.98 0.99

Feflll reduction a 119.74 86.85 120.76 133.17 109.36 101.27
b 179.09 37.79 10.09 12.14 11.78 19.21
k(@) 0.76 0.65 0.29 0.32 0.40 0.49
Vimax (MM d~1) 22.75 14.11 8.76 10.65 10.94 12.41
e (@) 6.83 559 7.97 7.80 6.17 6.03
R? 0.99 0.99 0.99 0.99 0.98 0.99

PCP degradation a 149.61 146.70 151.48 151.42 149.36 148.63
b 170.26 38.71 120.02 225.02 364.05 262.50
k(@) 052 0.31 0.42 045 054 0.50
Vinax @M d~") 19.45 11.37 15.91 17.03 20.16 18.58
ey (@) 9.88 11.79 11.40 12.04 10.92 1114
R? 1.00 0.99 1.00 1.00 1.00 1.00

aThe parameter values for model variables represent best-fit values. ®Not suitable to be calculated with the tested modeling.
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Treatment Electron equivalents (eeq, mmol) used for

Eeq® added Fe(lll) reduction NO; reduction S03%" reduction Dechlorination Eeq consumed
Control 3.60 1.65 0 0.72 0.021 2391
20 Mm NaoMoO; 3.60 1.22 0 0.24 0.021 1.481
5 Mm Na;SO4 3.60 1.78 0 1.26 0.020 3.060
20 Mm NapS04 3.60 1.91 0 2.84 0.020 4.770
5 Mm NaNO; 360 1.65 0375 075 0021 2.796
10 Mm NaNO3 3.60 1.56 075 0.76 0.022 3.002

aFeq, electron equivalents.
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Sample No.  Sludge/sediments source Sludge/sediments Form  Bioreactor type Dehalococcoides occurrence  Dechlorination activity

1 Vitamin-C Industry Granules UASB - -
2 Petrocherical Industry Granules UASB + +
3 Brewery Industry Granules UASB - -
4 Paper mill Industry Granules UASB - -
5 Coke Industry Flocs Anaerobic digester - -
6 Acryiic textile Industry Flocs Anaerobic digester - -
7 Textile-dyeing Industry Flocs Anaerobic digester - -
8 WAS Anaerobic digestion Industry ~ Flocs Anaerobic digester - -
9 Black-odorous River A Flocs NA. + +
10 Black-odorous River B Flocs NA. + +
1 Black-odorous River Flocs NA. + +
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Co-culture Dechlorination rate  CBDB1 cell yield P-value
(wmol CI~ day=1) (cells pmol=1 CI~ day~1) (T-test)

DSV/CBDB! 059 0,05 3.7 (£0.3) x 108 0.0005
SFO/CBDB! 039  0.12" 2.7 (0.1) x 108 0,048
GBL/CBDB1  0.45 0,09 3.8(£0.8) x 108 0.003
cBDB1 023 +0.04 2.3 (+0.3) x 108

P-values for rates. Significantly higher than CBDBI culture alone at P < 0.05, P < 0.01,
P < 0.001. Values are given as means + the standard deviation from triplicate cultures.
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D. vulgaris with  G. lovleyi S. fumaroxidans with

strain CBDB1 on  with strain strain CBDB1 on
lactate cBDB1 propionate
on acetate

Total number of 241x 108 1.34x 108 6.89 x 107
cells/mi @
Mean cell-cell 16.8 195 244
distance (um) ©
Maximum 178 101 186
interspecies

distance for Hy
transfer (um) ©

(e) Total cell number for strain CBDBT and syntrophic partners in co-cultures using 168
copies as proxy; (b) Calculated using 163 copies as a proxy for cellnumber; (¢) Calculated
using Fick's diftusion law for Hp transfer from syntrophic partners to strain CBDB.
Detaied calculations for these values can be found in the Supplementary Materials
Table S1.
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+2H,

GH3CHaCO0™ + 8 HpO — CHZC00™ +HCO;  AGY = +76.1 kjreaction
+3Hy

CH3000™ +2Hp0 — 2HCOZ +4Hp +H*  AGY = + 1046 ki/reaction

CClg + Hp = CgHCls + H +CI~ AGY = — 171.4 ki/reaction
CgClg + 4 Hp = CgHyClp + 4 HY +4CI~ AGY = — 447 kJ/reaction
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CP000027, Dehalococcoides mecartyi 195 ) i
CP001827, Dehalococcoides mecartyi VS | Chloroflexi; Dehalococcoidaceae
CP000688, Dehalococcoides mecartyi BAV1
MG251551, Clone 72PHB

U43492, Denitrobacterium detoxificans
FJ554832, Coriobacterium glomerans . . . .

MG251553, Clone 74PHB Actinobacteria; Coriobacteriaceae
LC107512, Aeribacillus pallidus
MG251541, Clone 15PHB Firmicutes; Bacillaceae
CP003639, Desulfosporosinus acidiphilus
MG251535, Clone 4PHB

BBYI01000012, Lentimicrobium saccharophilum
MG251545, Clone 61PHB
MG251513, Clone 6PHB
LGIA01000015, Sunxiuginia dokdonensis
JX624250, Sunxiuginia sp. CAU1234
KC121358, Sunxiuginia sp. JNU-J035 .
GQ200190, Sunxiuginia elliptica Bacteroidetes

AY918928, Prolixibacter bellariivorans S
MG251548, Clone 66PHB } Prolixibacteraceae

:| Lentimicrobiacea

MG251540, Clone 14PHB
MG251534, Clone 3PHB
AB021304, Thermodesulfovibrio islandicus
AB231857, Thermodesulfovibrio thiophilus
AB021302, Thermodesulfovibrio aggregans
AB231858, Thermodesulfovibrio yellowstonii
EF081294, Thermodesulfovibrio hydrogeniphilus
MG251555, Clone 76PHB

CP000252, Syntrophus aciditrophicus -
MG251558, Clone 81PHB:| Syntrophaceae

Nitrospirae; Nitrospiraceae

MG251539, Clone 12PHB
— L07834, Geobacter metallireducens
MG251559, Clone 85PHB | Geobacteraceae

MG251557, Clone 80PHB
AY653549, Geobacter psychrophilus
AY914177, Geobacter lovleyi .
,: MG251538, Clone 7PHB Deltpproteobacteria

4{:/\!1230530, Desulfovibrio dechloracetivorans -
MG251544, Clone 59PHB Desulfovibrionaceae
M

51549, Clone 70PHB
E AY835389, Desulfuromonas svalbardensis Desulfuromonadaceae
U23140, Desulfuromonas acetexigens
MG251542, Clone 52PHI

DQ991964, Pelobacter seleniigenes
X70955, Pelobacter acetylenicus
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SandTrap harvest

Centrifugation steps

Solubilization

BN-PAGE

Caloulated amounts if no

loss ocourred during
extraction

Mass spectrometry

2see also Table 2.

Experimental parameter

Culture name

&™-Acoeptor

Reducing agent

Culture volume (mL)

Culture cell number (cells mL™
SandTrap size

Volume after SandTrap.

Cell number after SandTrap (cells
mL=1)

Centrifugation condition

olume after concentration (mL)

Cell number after concentration
(cells mL=")
Extraction mode

Extraction procedure

Total volume added to each lane
(8]

Volume of cel extract added per
fane (uL)

Cells per lane

Protein per lane (1g)
Measured total area counts of
detected proteins®

Complexome analysis 1

1B9%

HoB
L-Cysteine

700

27E407
SandTrap GL32
25mL
13E+08

6x centifugation each 6,000 g,
1h, 16°C; ~50% of the SN
removed

o1
1.4E+09

1
“whole-cell DDM extraction”

Complexome analysis 2

LB104c
12,4,5TeB8
L-Cysteine

400

7.0E407
SandTrap GL25
9mL

7.0E+08

4x centrifugation each 6,000 g,
1h, 16°C; ~60% of the SN
removed

025
BAE+10

2

“membrane fraction DDM
extraction”

Complexome analysis 3

LBoSH

HoB
Titanium(ljcitrate
650

6.7E407
SandTrap GL32
30mL

1.3E+08

2x centrfugation each 6,000 g,
1h, 16°C; ~50% of the SN
removed

0.85
3.0E+09

3
“disrupted cell DDM extraction”

beat-beating and solubilization

35
25

75E+07

23

solubilization beat-beating then
ultracentrifugation then
solubilization
During solubilization an unknown amount of cells/protein is lost
35 2
25 18.125
35E+07 5.6E408
11 169
39E+10 1.9E+10

1.8E+10
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Sum of all detected
proteins
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HupS CbdbA130
HupX CbabA131
OmeA CbdbA195
OmeB CbdoA193
RdhB CbcbB3
RdhA CbabABO
RdhA CbdbAB4
RdhA CbabABS
RdhA ChdbA1453
RdhA CbdbA1455
RdhA ChdbA1588
RdhA CbabA1618
RdhA ChabA1638

Extraction  Extraction Extraction
mode 1 mode 2 mode 3
108 23 116
3.9E+10 1.9E+10 1.8E+10
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N o
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The color code for proteins is the same as elsewhere in this study. Protein abundance
values are highlghted by gray shading comesponding to abundance values in each
extraction mode (highly abundant, gray; lowly abundant, white).
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PCB experiments

PCB experiments

No PCB controls

Sterile controls
(Killed controls)
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H-1-Fe

G-2-Fe

H-1
G-1
H-2
G2

PCB, polychlorinated biphenyl.

Sediment

Hudson

Grasse
Hudson
Grasse

Hudson
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Hudson
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Hudson
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Hudson

Grasse
Hudson
Grasse

Spiked PCBs

PCB Mixture 1

PCB Mixture 1
PCB Mixture 2
PCB Mixture 2

PCB Mixture 1
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PCB Mixture 1

PCB Mixture 2

No Carbon

49.1 4
48.9 4
2.97 4

Sediment Incubation Time
Hudson 36 weeks

51 weeks
Grasse 36 weeks

51 weeks

aData were present by mean A

2.28 4

£0.12
£0.2

E0.41
E0.41

Acetate

49.1 4
42.3 4
2.10 4

£ 0.3
£ 4.3
£0.13

0.98 4

£ 0.03

Fatty Acid Mix

48.9 4
46.8 4

£0.2
£0.1

210+ 0.04

1.00 4

£ 0.07

No Carbon

49.0 4
49.0 4
2.27 4
1.34 4

£ 0.1
£0.2
E0.19
£ 0.05

Acetate

49.1 4
47.6 4

£0.1
£0.3

2.00+0.22

1.08 4

£ 0.07

Fatty Acid Mix

45.9 4
40.2 4
2.08 4
1124

L standard deviation. ? Dechlorination was very prevalent in one of the triplicate microcosms. PCB, polychlorinated biphenyl.

b 5.3°
E11.1P
£ 0.15
= 0.06
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Relative amount in treatments
G-1/G-2 < G-1-Fe/G-2-Fe

G-1/G-2 = G-1-Fe/G-2-Fe
G-1/G-2 > G-1-Fe/G-2-Fe

PCB, polychlorinated biphenyl.

PCB congeners

PCB 5(23-CB), PCB 12 (34-CB), PCB 71(26-34-CB)
PCB 64(236-4-CB), PCB 82(234-23-CB), PCB 97(245-23-CB), and PCB 99(245-24-CB)
PCB 105(234-34-CB), PCB 114(2345-4-CB), PCB 144(2346-25-CB), PCB 149(236-245-CB),
PCB 153(245-245-CB), PCB 170(2345-234-CB)

Duration

3-51 weeks
15-51 weeks
18-36 weeks





