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Editorial on the Research Topic 


Diversity and stability in aquatic plant communities


Freshwater ecosystems represent a small proportion of the terrestrial surface but host a very high proportion of biodiversity (Dudgeon et al., 2006). Nonetheless, these are facing a high rate of decline, both in biodiversity and in area (Zelnik and Germ, 2023). Biodiversity increases the temporal stability of communities and characteristics of the ecosystems through multiple mechanisms (Downing et al., 2014). Aquatic plants are fundamental for aquatic ecosystems (Zhou et al., 2023) and often govern the diversity and functionality of rivers, lakes, and wetlands (Figure 1). The mentioned issues can be found in the papers gathered in this Research Topic. Their findings deepen our understanding of freshwater ecosystem responses to environmental factors at different scales and gather important knowledge about management and climate change effects on the aquatic plant communities, their diversity and stability, protection and biological control of alien species.
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Figure 1 | Diverse community of aquatic plants in the Struga river.

Yang et al. showed temporal niche partition and traits tradeoff theory as primary strategies. The majority of the species pairs were niche partitioned and occurred either in spring or autumn. An approach using functional diversity provides quantitative information to explain macrophyte ecology more effectively than traditional methods based on taxonomy (Dalla Vecchia et al., 2020), since it is more resistant to environmental variations (Liu and Wang, 2018). The importance of functional diversity of aquatic plant communities in freshwater monitoring and conservation plans was highlighted by Stefanidis et al., quantifying this for Greek rivers while examining relationships with ecological factors. Growth forms and light preference were important traits that explained a large share of the total variance of functional composition. Functional richness was significantly higher at fine substrate systems and deep waters with low flow habitats.

Analogously, He et al. investigated the composition and diversity relationships between bacteria, fungi, and plant communities along a successional gradient behind receding glaciers. Taxonomic groups predicted the community composition more accurately than environmental factors, unlike taxa diversity, suggesting that the composition of one taxonomic group is not a strong driver of the diversity of another group. Additionally, Toth investigated the effect of epiphyton on foliar traits of a submerged rooted macrophyte Potamogeton perfoliatus, in a shallow lake, showing that epiphytic algal biomass influenced photophysiological traits of submerged macrophyte leaves. The complex interactions between epiphytes and submerged rooted macrophytes play an important role in habitat variability and overall ecosystem stability in littoral zones and should be considered in lake management. Klančnik et al. (2015) also showed the important role of the epiphytic diatoms in the prevention of adverse effects of short-wave radiation on submersed leaves of Potamogeton perfoliatus.

Furthermore, the spatiotemporal variability of the communities’ dynamics also influences coexistence, providing a biodiversity increase in variable conditions (Hallett et al., 2023). Xing et al. monitored the spatiotemporal changes in average wetland Normalised Difference Vegetation Index (NDVI) during the annual growing season in the Amur River basin for four decades, analysing wetland vegetation responses to climatic change. Under climate warming scenarios, the NDVI of a wetland will continue to increase, often resulting in lower diversity of plant communities. This is of great applicability as NDVI has been widely utilized for monitoring wetland vegetation vitality and distribution (Ojdanič et al., 2025).

Various factors shape the structure and diversity of aquatic plant communities, including several anthropogenic pressures, and should be considered in restoration planning. For instance, Svitok et al. explored the diversity of aquatic plants in rivers, streams, ponds and ditches in Central Europe and observed that ponds and ditches support higher macrophyte diversity than running waters. This highlights the conservation value of such artificial habitats and underscores the need to prioritize small waterbodies in conservation strategies. Another example is the effect of light conditions in the distribution of macrophytes (Liu et al., 2016), or water depth, determined by Yu et al. as the best predictor of nutrient threshold of submerged macrophytes collapse and recovery in lakes, further interacting with turbidity. Canopy-forming submerged macrophyte Myriophyllum spicatum had a higher resistance to high nutrients and turbidity, whereas submerged macrophyte species richness had a significantly negative response to water depth. These results might provide quantitative guidance for lake restoration of diverse water depths.

Finally, environmental conditions changes influence the coexistence of plants, as Edwards et al. observed with the two common European wetland species Carex acuta and Glyceria maxima. Specifically, C. acuta was more affected by hydrologic changes, growing better in dry and saturated conditions, while G. maxima had a more positive response to fertilization. This confirms that it is crucial to maintain stable and diverse wetland plant communities to sustain ecosystem services like carbon sequestration and water purification. Furthermore, Toth recorded gradual changes within a season in the common reed Phragmites australis photosynthetic traits, comparing degraded and stable stands, suggesting a universal response to changing environmental conditions. Reed plants exposed to different levels of degradation showed comparable physiological plasticity, without a difference in trait variability between stands. This is likely to contribute to the resilience of reed plants by providing a wider range of adaptive traits under different conditions. The common reed is a very adaptable perennial grass growing in different wetlands, developing dense stands that enable soil stabilization and habitat provision (Ojdanič et al., 2025). Its dieback is a worldwide phenomenon occurring mainly due to water regulation and inadequate reed management practices.

Sediment accretion and nutrient addition also influence the growth of wetland plants and vegetative propagation, as Guo et al. observed, studying Phalaris arundinacea within a Carex thunbergii stand in the Yangtze River. An increased sedimentation rate facilitated the invasion of P. arundinacea into Carex stands, further enhanced by nutrient enrichment. Accordingly, management measures should consider sediment loads and nutrient inputs to prevent species invasion and maintain the ecological function of floodplain wetlands.

In conclusion, this Research Topic underpins the key role of aquatic plants in ecosystem stability and support of diversity in other biotic communities (O’Hare et al., 2018). Maintaining the diversity and stability of aquatic plant communities is paramount for the sustainability of freshwater ecosystems, and river restoration actions should not disregard this.
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Receding glaciers create virtually uninhabited substrates waiting for initial colonization of bacteria, fungi and plants. These glacier forefields serve as an ideal ecosystem for studying transformations in community composition and diversity over time and the interactions between taxonomic groups in a dynamic landscape. In this study, we investigated the relationships between the composition and diversity of bacteria, fungi, and plant communities as well as environmental factors along a successional gradient. We used random forest analysis assessing how well the composition and diversity of taxonomic groups and environmental factors mutually predict each other. We did not identify a single best indicator for all taxonomic and environmental properties, but found specific predictors to be most accurate for each taxon and environmental factor. The accuracy of prediction varied considerably along the successional gradient, highlighting the dynamic environmental conditions along the successional gradient that may also affect biotic interactions across taxa. This was also reflected by the high accuracy of predictions of plot age by all taxa. Next to plot age, our results indicate a strong importance of pH and temperature in structuring microbial and plant community composition. In addition, taxonomic groups predicted the community composition of each other more accurately than environmental factors, which may either suggest that these groups similarly respond to other not measured environmental factors or that direct interactions between taxa shape the composition of their communities. In contrast, diversity of taxa was not well predicted, suggesting that community composition of one taxonomic group is not a strong driver of the diversity of another group. Our study provides insights into the successional development of multidiverse communities shaped by complex interactions between taxonomic groups and the environment.
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1 Introduction

Local microclimatic conditions, soil properties as well as the tight interactions between plants and belowground microbes shape the communities in natural ecosystems (Zak et al., 2003; Mouhamadou et al., 2013; Navratilova et al., 2019; Harrison et al., 2020; Ohler et al., 2020). pH, temperature and soil chemical properties have been shown to affect the plant and microbial composition by defining the niches available in a given location (Darcy et al., 2018; Dastogeer et al., 2020; Harrison et al., 2020; Davison et al., 2021; Junker et al., 2021). Additionally, the interactions between bacteria, fungi and plants strongly affect local communities. The interactions between plants and microbes, for instance, are mediated through plant root exudates and litter input that offer the carbon sources and provide various niches for microbes (Knelman et al., 2012; Lopez-Angulo et al., 2020). Likewise, microbes decompose the carbon and affect plants through the supply of available soil nutrients to plants such as nitrogen fixation (Schmidt et al., 2008; van der Putten et al., 2013) and the interplay of mutualistic and antagonistic effects determine if they will maintain plant community diversity or cause community convergence (Wardle et al., 2004; Bever et al., 2012; van der Putten et al., 2013; Teste et al., 2017; van der Putten, 2017). The outcome of pairwise interactions between bacterial, fungal and plant species is highly context dependent and may be modulated by the presence of other taxa as well as environmental conditions (David et al., 2020; Raza et al., 2020). For instance, environmental conditions such as temperature and soil moisture affect plant and microbes and can regulate plant-microbe associations (Rasmussen et al., 2019; Rudgers et al., 2020; Robroek et al., 2021), and increasing environmental stress alters microbial facilitation of plant germination or biomass production (David et al., 2020). This may complicate predictions on the composition and diversity of communities based on the knowledge of other taxa or environmental factors in natural ecosystems where environmental conditions strongly vary and thus may modulate the interactions between taxonomic groups. Nonetheless, the interdependencies between plants, bacteria and fungi may leave a signal in community composition and diversity within the taxonomic groups and thus these properties may be mutually predictable (Horn et al., 2017; Leff et al., 2018).

Successional gradients with considerable variation in soil properties and climatic conditions are an ideal study system to reveal how the interdependences between taxonomic groups change along a temporal and environmental gradient (Cannone et al., 2008; Walker et al., 2010; Chang & HilleRisLambers, 2016). Glacier forefields are prime examples of primary successions and for studies on the assembly of multidiverse communities (Ficetola et al., 2021; Hanusch et al., 2022). Receding glaciers provides barren substrates waiting for the successive colonization of organisms such as plants and soil biota (Bernasconi et al., 2011; Burga et al., 2010; Ficetola et al., 2021). The time for space substitution of chronosequences allows to track soil development and the processes that shape biotic communities (Walker et al., 2010; Chang & HilleRisLambers, 2016). Multiple studies described the successional trajectories of plant, bacteria and fungi communities and the development of soil conditions along glacier forefields (Bernasconi et al., 2011; Zumsteg et al., 2012; Buma et al., 2017; Buma et al., 2019; De Vries et al., 2021). However, these studies usually focus on one or rarely two specific taxonomic groups (Ficetola et al., 2021), thus a full consideration of multidiverse communities and environmental conditions may facilitate a general evaluation of associations between different biotic and abiotic parts. In this context, we applied random forest analysis to evaluate the interdependences between taxonomic groups and with environmental conditions to reveal the strength of mutual influences along a successional gradient. Machine learning algorithms have been increasingly applied for predictions using complex ecological data. For instance, random forest analysis has been used to explore the links between soil bacterial community composition and environmental factors (Hermans et al., 2020) and in predictions of species interactions based on traits for understanding interaction networks (Pichler et al., 2019). The high performance of machine learning algorithms and especially random forest is obtained by their ability to model non-linear combinations of numerical and categorial data without complex transformations resulting in estimates of the accuracy of predictions (Breiman, 2001; Ghannam & Techtmann, 2021; Goodswen et al., 2021).

Empirical studies have shown that plants and abiotic factors affect microbial communities at the same time but in different ways: they explain different parts of variation in soil microbial communities and different studies have shown contrasting results with either plants or environmental factors being more important in shaping microbial communities (Mitchell et al., 2011; Kruger et al., 2017; Leff et al., 2018; Reese et al., 2018; Cheng et al., 2020). In addition, plant species composition, functional identity, Shannon and phylogenetic diversity have been reported to show different associations with microbial communities (Dassen et al., 2017; Chen et al., 2018; Leff et al., 2018) and the relationships may change at different successional stages (Porazinska et al., 2018; Hanusch et al., 2022). Along the successional gradient of Ödenwinkel glacier forefields in the Austrian Alps, we considered a range of taxonomic groups (bacteria, fungi and plants) and environmental variables (plot age, temperature, and soil pH) to determine how well bacteria, fungi, and plant communities as well as environmental conditions serve as indicator for the composition and diversity of other taxonomic groups as well as environmental factors at different successional stages. We used multivariate datasets on plant species, bacterial operational taxonomic units (OTU), and fungi OTU composition as well as several environmental factors as explanatory variables. These variables were used to predict univariate data informing about the composition, functional composition and Shannon diversity of plant, bacteria, fungi, plant phylogenetic diversity, plant functional diversity and environmental factors. We aim to address the following three questions: 1) Are bacterial, fungal, and plant communities as well as environmental conditions good predictors for the composition and diversity of the other taxonomic groups or environmental factors? 2) Is the accuracy of prediction variable along the successional gradient? 3) Are there single most important predictors for all taxonomic groups? Our study will reveal the relative importance of interactions across taxa and abiotic factors in shaping the diversity and composition of multidiverse communities along a successional gradient and will thus motivate future studies on the mechanisms underlying community assembly.



2 Materials and methods


2.1 Data collection

Plots set up - Our study site is located at the forefield of the Ödenwinkelkees glacier (Stubachtal valley, Hohe Tauern National Park, Austria; Dynamic Ecological Information Management System – site and dataset registry: https://deims.org/activity/fefd07db-2f16-46eb-8883-f10fbc9d13a3, last access: August 2021) (Junker et al., 2020). The Ödenwinkelkees glacier was covered by ice at the latest glacial maximum in the Little Ice Age (LIA; around 1850) but the glacier retreat released a transect of around 1.7 km long with the elevation between 2070 and 2170 m. In summer 2019 (26 June - 16 September), we established 135 permanent plots that were evenly distributed between the LIA glacier maximum and the current extent of the glacier (glacier tongue) within the glacier forefield, representing a chronosequence of succession with high temporal resolution. Each plot is a square with 1 m side length (resulting in an area of 1 m2) and a ground anchor is marking the center of the plot. Plot age was estimated according to its relative position compared with historical records of eight deglaciating periods (year 1850, 1890, 1929, 1969, 1977, 1985, 1998, 2013) (Junker et al., 2020).

Plant survey and functional traits - We identified all vascular plant species (n = 99) occurring at every plot and recorded the coverage of every species. We measured the plant height, leaf area, leaf weight and calculated the specific leaf area (SLA) for those 48 plant species that occurred in 10 or more plots. For three focus species we phenotyped up to three individuals on every plot where they occurred: Oxyria digyna as representative of early succession, Trifolium badium as representative of late succession, and Campanula scheuchzeri which occurred all along the successional gradient. For the other n = 45 species, up to five individuals per plot were phenotyped on the youngest, the oldest, and the intermediate plot where they occurred. Additionally, we obtained the functional traits of the plant species from Biolflor database (https://www.ufz.de/biolflor/index.jsp) for 92 species out of 99 plant species occurring in the field. We used nine functional traits which have been shown to be response traits to environmental changes at the community level (Kahmen & Poschlod, 2004; Bernhardt-Römermann et al., 2008; Aguiar et al., 2013; Hintze et al., 2013), including reproduction, diaspore type, leaf persistence, life form, life span, pollen vector, strategy type, type of reproduction, dispersal of diaspores.

Soil bacteria and fungi sampling and sequencing - We also characterized the soil microbiome (bacteria and fungi) of each of the plots. We sampled soil from each plot at two locations at a depth of 3cm, soil from two locations per plot were pooled to one sample for further analysis. We extracted microbial DNA from soil samples following the protocol of the ZymoBIOMICS DNA Miniprep Kit (Zymo Research, D4300). Microbiome analysis was performed by Eurofins Genomics (Ebersberg, Germany) using the company’s standard procedure. Sequencing was done using Illumina MiSeq and the sequenced regions were V3-V4 region of the 16S rRNA gene to identify bacterial OTUs and the ITS2 region for fungal OTUs following the standard procedure “InView - Microbiome Profiling 3.0 with MiSeq” (for detailed methods see Junker et al., 2020). Abundances of bacterial and fungal taxonomic units were normalized using lineage-specific copy numbers of the relevant marker genes to improve estimates (Angly et al., 2014). Prior to the random forest analysis of microbial communities, we performed a cumulative sum scaling (CSS) normalization (R package metagenomeSeq v1.28.2) on the count data to account for differences in sequencing depth among samples.

Soil temperature and pH - To record the seasonal mean temperature, we buried temperature loggers with a resolution of 0.5°C (MF1921G iButton, Fuchs Elektronik, Weinheim, Germany) 10 cm north of each plot center, at a depth of 3 cm below ground (Junker et al., 2020; Ohler et al., 2020) during field work in 2019. The thermo loggers were set to start on 13th August 2019 and were stopped on 9th August 2020 with a total of 2048 measurements recorded on 362 days. Seasonal mean temperature was calculated on the basis of the recordings between 13th August to 16th of September 2019 and 26th June to 9th August 2020 representing the period in which the plots were free of permanent snow cover before and after the winter 2019/2020. In 2020 (25 July - 21 August), we took additional soil samples from all plots to measure soil pH. Samples were sent to AGROLAB Agrar und Umwelt GmbH (Sarstedt, Germany) for analysis.



2.2 Data analysis

To test the predictability of the diversity and composition of each of the taxonomic group by the composition of other taxonomic groups as well as by environmental parameters, we used the machine learning algorithm random forest with R package randomForest (Liaw and Wiener, 2002). We used the 4 sets of variables as explanatory variables: community tables of plants, bacteria, and fungi with plots as rows and the abundance of the species or OTUs as columns (Supplementary Table S1, S2, S3), and environmental conditions of each plot with plots as rows and environmental variables as columns (Supplementary Table S4). As dependent variables we used univariate variables including the composition (principal components PCs), functional composition (PCs) and Shannon diversity of plant, bacteria, fungi, plant phylogenetic diversity, plant functional diversity as well as soil seasonal mean temperature, pH, plot age, resulting in 20 variables in total (Supplementary Table S5; Supplementary Figure S1, S2). Each set of explanatory variables were used separately to predict the variables related with other taxonomic groups or environmental factors. As random forest analysis can only deal with univariate dependent variables, we conducted the principal component analysis (PCA) using R package vegan (Oksanen et al., 2013) and used the first two PC axis which carry most information of the composition to refer to plant species composition (15.3% + 11.2%), bacteria composition (6.4% + 4.6%) and fungi composition (4.1% + 3.2%). Plant functional composition matrix includes the categorical functional traits obtained from BiolFlor database and the community weighted means of filed measured traits (plant height, leaf area, leaf weight and SLA) (Supplementary Table S6). For each category of each categorical trait, we calculated the total coverage of species belonging to the category, and this was done for all the 9 traits and all 9 traits were merged to a single table, thus generating the functional composition table with plots name as rows and 39 trait categories as columns, i.e. each categorial trait had two or more categories resulting in a total of 39 categories. Plant functional composition was represented by the first two PCAs, too (63.1% + 12.1%). Plant Shannon diversity was calculated from the compositional dataset using the R package vegan. Plant phylogenetic diversity was calculated using the R package picante (Kembel et al., 2010). We extracted a phylogenetic tree using the R package pez (Pearse et al., 2015) for species existing in our field site from a dated molecular phylogeny tree (32,223 species) for land plants (Zanne et al., 2014). In cases where species were not included in the tree, it was substituted by species from the same genus. Among 99 species existing in our plots, we were able to match and build a tree with 96 species and we used it for the calculation of phylogenetic diversity. We used ‘Functional dispersion’ calculated from the R package FD (Laliberte & Legendre, 2010) as the index for plant functional diversity. The BiolFlor traits and field measured traits of every species were used for the trait table identically for every plot, and for the community table the species with a low occurring frequency along the successional gradient (not included in the 48 species with traits measured) were ignored in the calculation of functional diversity. For bacteria and fungi, the Shannon diversity was calculated based on the OTU composition (without CSS normalization) after rarefying the data to the minimum number of reads (bacteria: 2117; fungi: 1420) available in the samples (repeats = 999). Additionally, we obtained bacteria functional composition represented by MetaCyc pathway abundances with PICRUSt2 (Langille et al., 2013), and fungi functional composition with FUNGuild to assign fungal OTU to different functional groups (Nguyen et al., 2016). Bacteria functional composition (Supplementary Table S7) was represented by the first two PCAs (78.0% + 7.2%), and fungi functional composition (Supplementary Table S8) was represented by the first two PCAs (33.2% + 17.0%), too.

Using all combinations of explanatory and dependent variables, we performed random forest analyses with 10-fold cross validations to quantify the performance of the predictive model, a total of 60 models. Specifically, for each prediction, 80% of the plots were randomly selected as the training dataset and the remaining 20% of the plots were used as test dataset. The predictive model resulting from the training dataset was applied to the test data and the predicted values of the plots in the test dataset were correlated with the observed values of these plots. This process was repeated for ten times, and then we defined the mean Pearson’s r-value of ten correlations as ‘accuracy of prediction’ and used the proportion of statistically significant correlations (p-value < 0.05) out of the 10 correlations as ‘significance frequency’. Additional to random forest analysis using all the plots for a global impression on the predictability of dependent variables, we also employed a moving frame approach to detect how the predictabilities change along the successional gradient. With the 135 plots, we grouped every 45 plots into one frame and used the median plot as identifier of the frame. Thus, the first frame included plots 1 to 45, the second 2 to 46, and so forth. This approach led to a set of 91 moving frames whose identifiers ranged from plot 23 to plot 113. Using the same proportion of training and test dataset, for every 45 plots in each frame, data of 36 (80%) randomly selected plots was used as training dataset, and the other 9 (20%) plots were used as test dataset. The accuracy of prediction and significance frequency were calculated for every frame as stated before. We fitted a linear or quadratic regression with the accuracy of prediction of every variable along the successional gradient as independent variable and the frame number as explanatory variable. The model with a higher r2 value was chosen and the statistically significant relationships were shown as a regression line. We compared for each group how well they predicted every variable as well as for each variable how well they were predicted by every other taxonomic group or environmental factors along the successional gradient (except for the group that was considered in the dependent variable) using the Tukey Test. Note that our results do not imply a direction of effects in the sense that the dependent variable is affected by the explanatory variable. For instance, if bacterial communities statistically predict soil temperature it does not mean bacterial communities affect the soil temperature but rather are affected by this environmental parameter.




3 Results

In total we obtained soil bacteria and fungi composition data from n = 127 and 130 plots after excluding the plots with missing data, respectively; n = 4986 bacteria OTUs and n = 5701 fungi OTUs were detected in all the soil samples. A total of 99 plant species were identified from 133 plots as plot 1 and plot 6 were unvegetated. Raw sequences of next-generation 16S rRNA gene amplicon sequencing are available at the NCBI Sequence Read Archive (SRA) under the BioProject accession PRJNA701884 and PRJNA701890. The mean accuracy of prediction of each pair of explanatory variables and dependent variables did usually not strongly differ between the global analysis considering all plots and the mean values of the frame-wise analyses, indicating the validity of using moving frames for random forest predictions. Most of the predictions fit a quadratic regression, indicating a non-monotonic change of the accuracy of prediction along the successional gradient (Figures 1–4).


[image: A series of scatter plots showing accuracy of prediction against the frame for various variables. The variables include plant species and functional composition, phylogenetic diversity, fungal composition and diversity, plot age, temperature, and pH. Each plot features color-coded lines indicating trends: green for plant variables, orange for fungal variables, and blue for environmental variables. Data points vary in darkness, representing significance frequency. The legend indicates significance frequency using a grayscale gradient.]

Figure 1 | Random forest predictions using the community table of soil bacterial communities (OTU table) as explanatory variable to predict seven variables of plant (green), five variables of fungi (orange) as well as three variables of environmental factors (blue) as dependent variables. The prediction was done both using all the 135 plots and using a moving frame approach. For the moving frame approach, every 45 plots were grouped into one frame and the median plot was used as identifier of the frame. Thus, the first frame included plots 1 to 45, the second 2 to 46, and so forth. The x axis represents the median plot of every frame whose identifiers ranged from plot 23 to plot 113 (i.e. from young successional plots to old plots). The colored circles at the left of each plot denote the mean ± standard deviation of the accuracy of prediction (Pearson’s r) using the full dataset (results of 10-fold cross validation), and the black circles denote the mean ± standard deviation of the accuracy of prediction for all the frames. Each grey to black circle on the right of each plot represents the mean accuracy of prediction of each frame and the color gradient is showing how many correlations of the 10-fold cross-validation were significant with lighter colors indicating less frequent significant predictions. A quadratic or linear regression (the model with higher adjusted r2 value) is fit for the gradient if it is significant, showing a change of the accuracy of prediction along the successional gradient.




[image: Scatter plots display the accuracy of prediction against frame for various ecological variables, including plant species composition, bacterial composition, plot age, temperature, and pH. Each plot shows data points in varying shades of gray, with fitted curves representing trends. Colored diamonds indicate variable categories: green for plant, red for bacterial, and blue for environmental variables. A significance frequency scale is provided on the right.]

Figure 2 | Random forest predictions using the community table of soil fungal communities (OUT table) as explanatory variable to predict seven variables of plant (green), five variables of bacteria (red) as well as three variables of environmental factors (blue) as dependent variables. The prediction was done both using all the 135 plots and using a moving frame approach. For the moving frame approach, every 45 plots were grouped into one frame and the median plot was used as identifier of the frame. Thus, the first frame included plots 1 to 45, the second 2 to 46, and so forth. The x axis represents the median plot of every frame whose identifiers ranged from plot 23 to plot 113 (i.e. from young successional plots to old plots). The colored circles at the left of each plot denote the mean ± standard deviation of the accuracy of prediction (Pearson’s r) using the full dataset (results of 10-fold cross validation), and the black circles denote the mean ± standard deviation of the accuracy of prediction for all the frames. Each grey to black circle on the right of each plot represents the mean accuracy of prediction of each frame and the color gradient is showing how many correlations of the 10-fold cross-validation were significant with lighter colors indicating less frequent significant predictions. A quadratic or linear regression (the model with higher adjusted r2 value) is fit for the gradient if it is significant, showing a change of the accuracy of prediction along the successional gradient.




[image: Graphs show prediction accuracy across ten plots for bacteria and fungi compositions, functional compositions, and diversity, as well as plot age, temperature, and pH. Lines depict trends for bacterial (red), fungal (yellow), and environmental (blue) variables with significance frequency encoded by grayscale.]

Figure 3 | Random forest predictions using the community table of plant communities as explanatory variable to predict five variables of bacteria (red), five variables of fungi (orange) as well as three variables of environmental factors (blue) as dependent variables. The prediction was done both using all the 135 plots and using a moving frame approach. For the moving frame approach, every 45 plots were grouped into one frame and the median plot was used as identifier of the frame. Thus, the first frame included plots 1 to 45, the second 2 to 46, and so forth. The x axis represents the median plot of every frame whose identifiers ranged from plot 23 to plot 113 (i.e. from young successional plots to old plots). The colored circles at the left of each plot denote the mean ± standard deviation of the accuracy of prediction (Pearson’s r) using the full dataset (results of 10-fold cross validation), and the black circles denote the mean ± standard deviation of the accuracy of prediction for all the frames. Each grey to black circle on the right of each plot represents the mean accuracy of prediction of each frame and the color gradient is showing how many correlations of the 10-fold cross-validation were significant with lighter colors indicating less frequent significant predictions. A quadratic or linear regression (the model with higher adjusted r2 value) is fit for the gradient if it is significant, showing a change of the accuracy of prediction along the successional gradient.




[image: Bar plot displaying prediction accuracy of bacterial, fungal, plant communities, and environmental factors. Different variables such as composition and diversity are measured, with color-coded bars: red for bacterial, green for fungal, yellow for plant, and blue for environmental variables. Each panel (A-D) represents a different community or factor, indicating the accuracy across various predictors.]

Figure 4 | Summary of the accuracy of prediction using taxonomic groups (bacteria (A), fungi (B), plant (C)) and environmental factors (D) to predict variables from the other three groups along the successional gradient. Variables from each group are color-coded (red: bacteria, orange: fungi, green: plant, blue: environment) and ranked by the mean accuracy of prediction.



Bacterial communities as predictors (Figures 1, 5A) – Bacterial communities (quantitative OTU tables) most accurately predicted the taxonomic composition of fungal communities (PC1 and PC2), followed by plant functional composition. Among the environmental parameters, plot age was most accurately predicted by bacterial communities, followed by pH and temperature. Fungi Shannon diversity and plant functional diversity were least accurately predicted among all the variables. Accuracy of prediction by bacterial communities of target variables associated with plant communities mostly decreased with plot age, whereas accuracy of prediction of fungi and most environmental target variables were less variable along the successional gradient or even increased along the age gradient in most cases.

Fungal communities as predictors (Figures 2, 5B) – Fungal communities (quantitative OTU tables) most accurately predicted the functional composition of bacterial communities (PC2), followed by bacterial taxonomic composition (PC1 and PC2) and plant functional composition (PC1). Plot age was the environmental factor most accurately predicted by fungal communities, followed by pH and temperature. Bacteria Shannon diversity was least accurately predicted among all the variables. Accuracy of prediction of target variables associated with plant communities mostly decreased with plot age, and variables associated with bacterial communities mostly remained constant or decreased, whereas accuracy of prediction of environmental target variables increased along the age gradient in most cases.

Plant communities as predictors (Figures 3, 5C) – Plant communities (quantitative plant community table) predicted fungi composition (PC1) most accurately, followed by plot age, bacteria functional composition (PC2) and bacteria composition (PC1). Bacteria and fungi Shannon diversity were least accurately predicted among all the variables. The predictions of variables concerning bacteria and fungi were mostly decreasing with increasing plot age. For environmental variables, the accuracy of prediction for temperature and pH increased and for plot age slightly decreased along the successional gradient.

Environmental factors as predictors (Figures 4, 5D) – Environmental factors (multivariate table of environmental parameters) predicted the fungi composition PC1 and bacteria composition PC1 with the highest accuracy, followed by bacteria functional composition (PC2) and plant species composition (PC2). Fungi Shannon diversity and fungi functional composition (PC1) was least accurately predicted among all the variables. Accuracy of prediction for plant and bacterial variables were often decreasing along the gradient, and for fungal variables they mostly increased with plot age.


[image: Scatter plots showing the accuracy of prediction against frame numbers for different ecological variables. The charts illustrate plant species, phylogenetic diversity, functional diversity, bacterial composition, and fungal composition across principal components and Shannon diversity. Trend lines in green, red, and yellow represent plant, bacterial, and fungal variables, respectively. A legend indicates significance frequency, with color coding and a grayscale bar.]

Figure 5 | Random forest predictions using all the environmental factors as explanatory variable to predict seven variables of plant (green), five variables of bacteria (red) as well as five variables of fungi (orange) as dependent variables. The prediction was done both using all the 135 plots and using a moving frame approach. For the moving frame approach, every 45 plots were grouped into one frame and the median plot was used as identifier of the frame. Thus, the first frame included plots 1 to 45, the second 2 to 46, and so forth. The x axis represents the median plot of every frame whose identifiers ranged from plot 23 to plot 113 (i.e. from young successional plots to old plots). The colored circles at the left of each plot denote the mean ± standard deviation of the accuracy of prediction (Pearson’s r) using the full dataset (results of 10-fold cross validation), and the black circles denote the mean ± standard deviation of the accuracy of prediction for all the frames. Each grey to black circle on the right of each plot represents the mean accuracy of prediction of each frame and the color gradient is showing how many correlations of the 10-fold cross-validation were significant with lighter colors indicating less frequent significant predictions. A quadratic or linear regression (the model with higher adjusted r2 value) is fit for the gradient if it is significant, showing a change of the accuracy of prediction along the successional gradient.





4 Discussion

Our results showed that the composition and diversity of plant, bacteria, and fungi is overall well predicted by the composition of the respective other taxonomic groups as well as by environmental factors. The accuracy of prediction, however, varied along the successional gradient of the forefield of the Ödenwinkelkees glacier.

Taxonomic groups and environmental factors differed in the ability to accurately predict the composition of the respectively other taxonomic groups. Bacterial and fungal community compositions was the best predictor for each other’s composition, while plant community composition was well predicted both by microbial community composition and environmental factors. In addition, plot age was best associated with plant community composition, followed by fungal and bacterial composition (Supplementary Figure S3). This confirms that plant communities represent an ecological succession with age-specific composition, while microbial communities may be predominantly shaped by biotic interactions that are modulated by community age to a lesser extent. In addition, although the PC axes of community composition do not represent the full composition of a taxonomic group, the successful mutual prediction between bacteria and fungi does show that the PC axes are containing a signal of the effects of other taxonomic groups. As stated above, our approach is not implying a direction of effects, which means that it is more likely that the environmental factors affect the composition and diversity of the taxonomic groups and not vice versa. Our predictive models may either indicate direct interactions between taxa or common other effects on taxa, as statistical associations between taxa may also suggest that both taxa respond similarly to a third taxonomic group or an environmental factor (Blanchet et al., 2020). In our case, the two environmental factors pH and temperature both have strong associations with all the taxonomic groups after plot age, suggesting their role as important environmental factors defining the community composition of all the taxonomic groups. In addition, temperature was equally well associated with all the taxa and pH had better association with bacterial and fungal composition than with plant composition (Supplementary Figure S3), indicating that pH is affecting soil microbes more than plants, which coincides with previous studies illustrating the importance of pH in affecting microbial communities (Knelman et al., 2012; Glassman et al., 2017; Shen et al., 2020). The decrease in soil pH with increasing successional age at our study site confirms similar patterns in other earlier deglaciation chronosequences, where this soil acidification mainly results from increased soil organic matter degradation and the associated leaching of organic acids in late succession (Bernasconi et al., 2011). Compared with the studies conducted in other similar glacier forefields such as Morteratsch glacier and Damma glacier in Switzerland (Burga et al., 2010; Bernasconi et al., 2011), Rotmoosferner glacier in Austria (De Vries et al., 2021), or Hailuogou glacier in China (Jiang et al., 2018), our study aimed at considering the interplay between plants, bacteria, and fungi as well as environmental factors to detect mutual influences in the assembly of multidiverse communities.

Despite the strong associations between pH and temperature with all the taxonomic groups, predictions between the composition of taxonomic groups usually showed better performance than environmental factors. This suggests that apart from the common influence of abiotic factors in affecting the occurrence of different organisms, there is a strong effect of direct interactions between bacteria, fungi and plants which leads to high mutual predictabilities between the taxonomic groups. The importance of biotic interactions in the successional assembly of multidiverse communities is confirmed by previous findings where soil microbial composition was more closely associated to plant communities than to environmental factors (Knelman et al., 2012; Junker et al., 2021). In addition, we found that bacterial and fungal composition serve as better predictors for plant functional composition than for plant species composition, which supports the notion that the functional composition of plant communities strongly impacts its biotic environment (Dassen et al., 2017). Meanwhile, bacterial functional composition was also well predicted by plant and fungi composition, and these together suggest the important role of functional properties for both plant and microbial community.

Predictabilities for biotic and environmental variables varied with successional age. Among all the environmental factors, the associations between pH and temperature with bacterial, fungal and plant community composition changed in a consistent pattern along the successional gradient (Supplementary Figure S3). This suggests that in the successional stages where these environmental factors were accurately predicted by all the taxonomic groups, they may have strong positive or negative effects on the occurrence of species of different taxonomic groups, while at the stages where they are not important predictors, other factors may act as the main drivers shaping the communities. Under the dynamic environmental conditions, the mutual predictabilities between plant and microbes at early and late successional stages clearly differed. Plant taxonomic and functional composition were well predicted by bacteria and fungi at early while not at late succession. The change of predictive signal may be caused by the increasing complexity of late successional communities, which may prevent the detection of predictabilities between plants and microbes as noise increases in the data. In our previous study at the same site we found a stronger interdependence between taxonomic groups at late succession (Hanusch et al., 2022), in accordance with an earlier study showing that microbial communities utilize mainly ancient carbon in the first decades after deglaciation while plant-derived carbon becomes a major source for microbes after 50 years of succession (Bardgett et al., 2007). These results suggest that in early successional stages, plants may directly leave a signal of bacterial communities that consume plant derived carbon next to those consuming ancient carbon, which infers the importance of species interactions (Ficetola et al., 2021). In later successional stages, further carbon sources such as decomposed soil organic matters may accumulate, which sustains microbial communities not directly related to plant species diversity and composition, resulting in a decreasing signal of interactions between plants and microbial species pairs with a poor prediction, and this is consistent with the results of glacier succession of Green Lakes Valley in Colorado, USA (Porazinska et al., 2018). Finally, age (inferred from distance to glacier) is not the only factor that is affecting the successional age of plots in glacier forefields, instead allogenic factors may reset successions or at least slow down successional progress in community development (Wojcik et al., 2021). These allogenic factors, such as geomorphic events, accumulate over time and thus may lead to outliers in community composition. If these outlier plots are part of test dataset but not the training dataset, they cannot be predicted on models as predictions are only possible in the range of the training dataset.

Variables describing the composition of taxonomic groups (e.g. PC axis of community composition) were mostly more precisely predicted by other taxonomic groups than diversity indices. Particularly, the community composition of bacteria and fungi mutually predicted each other most precisely, which confirms previous studies demonstrating the interdependences between bacteria and fungi (Miransari, 2011; Deveau et al., 2018). Fungal composition was better predicted by plant composition than bacterial composition, which may reflect the tight interaction between plants and fungi, especially mycorrhiza (Millard & Singh, 2009; Horn et al., 2017; Sweeney et al., 2021). In contrast to the high mutual predictabilities of the composition between the taxonomic groups, the Shannon diversity of all the taxa and the phylogenetic and functional diversity of plants were not well predicted by the composition of other taxonomic groups, suggesting that diversity is not a direct function of community composition. Though plants or microbes may affect the diversity of each other by facilitative or antagonistic effects, the interactions may be regulated by environment and the existence of other taxa as was shown in previous studies (Bennett et al., 2017; Teste et al., 2017; van der Putten, 2017; Raza et al., 2020). In the soil environment multiple bacterial, fungal and plant species interact at the same time with different environmental conditions, and the interplay of these interactions may lead to a hardly predictable complexity of interdependencies and influences between the diversity and composition of different organisms.

Our results demonstrate the concerted development of plants and microbial communities regulated by environmental factors along an alpine glacier chronosequence. We identified how environmental factors define the niches of the organisms at different successional stages and the strongest biotic relationships between taxa in primary succession, revealing the strong interdependencies between taxonomic groups and the dynamic importance of biotic and abiotic factors in shaping natural communities. Our approaches to identify indicators and environmental variables that inform best about the diversity and composition of ecosystems may stimulate the exploration of mechanisms underlying community assembly in future studies, generate hypothesis that can be tested in lab experiments and facilitate monitoring and conservation efforts.
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In addition to quantifying the taxonomic diversity of aquatic communities, understanding the patterns of alpha functional diversity (α-diversity) and exploring changes in functional dissimilarity (β-diversity) can improve our understanding on how ecosystems respond to environmental changes. In this study, we quantified functional alpha (α) and beta (β) diversity of macrophytic assemblages from river sites in Greece and then, examined relationships with water quality parameters and hydromorphological factors. We assigned 6 traits (Ellenberg nutrients indicator, Ellenberg light indicator, growth form, leaf size, leaf type, fruit size) to a total of 36 hydrophyte species and calculated three indices of functional diversity (functional richness, functional dispersion and functional evenness). We also estimated the total β-functional diversity and its’ main components, turnover and nestedness. To assess the effects of water quality (including physical and chemical variables) we used Generalized Additive Models (GAM) for alpha functional diversity indices and Generalized Dissimilarity Models (GDM) for beta functional diversity. We performed Kruskal-Wallis tests and permutational multivariate analysis of variance (PERMANOVA) to search for significant variations of α- and β-diversity among the hydromorphological factors. Our results showed that macrophyte growth form and light preference were important trait characteristics that explained a large share of the total variance of functional composition. We also found relatively low taxonomic and functional richness, whereas taxonomic and functional dissimilarity were mostly attributed to species turnover, which expresses the changes in taxonomic and functional composition. We found significant relationships between functional dispersion and functional evenness with pH and oxygen saturation, whereas functional dissimilarity was driven only by geographic distance, although the GDM explained a small portion of the total variance. Functional richness, dispersion and evenness were significantly higher at systems with fine substrates and deep waters with low or high flow compared to systems with coarser substrates and riffle habitats. We also found significant variation in functional dissimilarity among the hydromorphological factors, although much of the total variance remained unexplained. Overall, our study highlights the importance of considering the functional diversity of aquatic plant assemblages within the frame of freshwater monitoring and conservation plans.
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Introduction

Aquatic macrophytes provide numerous functions in lotic ecosystems. For instance, plants that grow within the channel and along the banks are known to mediate nutrient and sediment transport from the land into the watercourse (Valkama et al., 2019; Walton et al., 2020), while at the same time they stabilize the channel and the banks preventing erosion. Most importantly, aquatic plants can provide foraging and reproduction habitats for fish, amphibians and invertebrates (Lind et al., 2019; Cole et al., 2020). They can also influence the physical, chemical and flow characteristics within the channel (Gurnell, 2015; Preiner et al., 2020), which in turn may affect fish and invertebrate communities.

Because of their importance for stream and riverine ecosystems, aquatic macrophytes have been widely used as indicators of ecosystem health and ecological integrity (Aguiar et al., 2014; Rodrigues et al., 2019; Szoszkiewicz et al., 2020). Aquatic macrophytes are one of the four biological quality elements that are used for the assessment of ecological status of streams and rivers of Europe, following the implementation of the Water Framework Directive 2000/60, and several national assessment approaches have been developed by the EU Member States (Birk and Willby, 2010). Most ecological assessment schemes consider the composition of aquatic macrophytic communities (Szoszkiewicz et al., 2020; Stefanidis et al., 2022) since the increased occurrence and abundance of certain plants is related with environmental factors that indicate anthropogenic degradation of aquatic ecosystems (e.g. eutrophication and hydromorphological alteration) (Szoszkiewicz et al., 2014; Stefanidis and Papastergiadou, 2019; Manolaki et al., 2020; Stefanidis et al., 2021). However, there are studies that have shown that the responses of macrophytes to environmental gradients can be complex and difficult to decipher (Steffen et al., 2014; O’Hare et al., 2018; Son et al., 2018; Gyosheva et al., 2020). Thus, freshwater ecologists have shown increased interest in studying multiple facets of aquatic biodiversity, including aquatic macrophytes (Fu et al., 2014a; Schneider et al., 2015; Alahuhta et al., 2017; Elo et al., 2018; Son et al., 2018; Stefanidis et al., 2019).

The functional diversity which Tilman (2001) defined as ‘those components of biodiversity that influence how an ecosystem operates or functions’, has emerged as a facet of biodiversity and a step beyond species richness. It has become a powerful tool to link community composition to ecosystem properties and then to ecosystem services by quantifying the value and range of functional characteristics and thus ecosystem functioning (Díaz et al., 2007). In addition, the impact of the global loss of biodiversity is increasingly attributed to the loss of functional rather than taxonomic groups (Bellwood et al., 2002). Further, species are not equal in their effects on ecosystem functioning since their functional traits matter to ecosystem processes (Mouchet et al., 2010). The study of trait distributions can be used as a more powerful conceptual model for understanding broad-scale patterns in assemblage structure since organisms with similar traits will share similar niche requirements and will select the same habitat (Olden et al., 2010).

Besides species richness (alpha diversity) and changes in species composition among communities (beta diversity), investigating patterns of functional alpha (α) and beta (β) diversity may provide invaluable information and a better understanding on how environmental gradients affect aquatic biodiversity processes (Zhang et al., 2018; Wang et al., 2021). Considering that assembly processes influencing natural communities may differ depending on the spatial scale considered, separating functional diversity in within-community (α) and among-community (β) components will improve the detection of all processes influencing community assembly. Furthermore, trait-based approaches are more likely to indicate an early response to environmental change than community-based approaches because a change in the functional structure is easier to detect than a change to community composition (Degen et al., 2018). In addition, such approaches can be applied to all species regardless of geographic region and location (Dolédec et al., 2006).

Previous studies have linked morphological and life history traits of aquatic plants with ecological and biogeochemical processes showing the response of aquatic plant functional structure to eutrophication and other environmental changes (Fu et al., 2014b; Baattrup-Pedersen et al., 2016; Stefanidis and Papastergiadou, 2019). Therefore, exploring the patterns of functional trait composition in relation to environmental change is crucial for a better understanding of the response of aquatic communities to pressure and identifying key trait characteristics that can serve as indicators of anthropogenic pressures. Although there is a general consensus that taxonomic diversity is shaped by environmental filters, including anthropogenic changes (Bornette and Puijalon, 2011; Dybkjaer et al., 2012), there are relatively few studies that have explored the patterns of functional α- and β- diversity of aquatic macrophytes in lotic ecosystems.

The main objective of this study is to investigate the patterns of functional alpha and beta diversity of aquatic macrophytic assemblages in Greek lotic ecosystems and to assess whether these patterns are subject to environmental change. Our hypotheses are that a) indices of a- functional diversity decline with increased levels of nutrient pollution and degraded water quality, b) the change of functional compositional structure increases with water quality impairment and c) α- and β- functional diversity show significant variations among different types of hydromorphological conditions and different degrees of hydromorphological modification.





Material and methods




Macrophyte samplings

Field samplings were conducted in summer of 2021 and 2022 as part of the ecological monitoring program for the assessment of the ecological status of rivers of Greece in line with the EU Water Framework Directive (WFD) (Skoulikidis et al., 2021). We used presence-absence data of hydrophytes, plants that grow exclusively in water, from 74 river sites that belong to the national monitoring network for the ecological quality assessment of inland waters. The sampled sites extend across several biogeographic regions of Greece ranging from 37°N to 41°N and 20°E to 25°E and at altitudes spanning from sea level to 765 m a.s.l (Figure 1).
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Figure 1 | Map showing the location of sampling sites (N=74) of the National Monitoring network, across running waters of mainland Greece.



Macrophytes were sampled in accordance with national protocols harmonized with European standards (CEN, 2003; CEN, 2006). Sampling was conducted by wading into the water, following a zigzag pattern upstream for a 100 meter-long section of the river channel. Unidentified specimens were collected and transferred at the laboratory for identification.





Environmental parameters

We used geographical variables (latitude, longitude and altitude), physical and chemical parameters (electrical conductivity, total dissolved solids, pH, dissolved oxygen concentration, dissolved oxygen saturation and biochemical oxygen demand, nitrate, nitrite, ammonium, total nitrogen and total phosphorus) and hydromorphological characteristics in order to identify links between facets of plant diversity and environmental characteristics. Water physicochemical parameters and water samples for the determination of nutrients were obtained during samplings that were conducted during the same period with the macrophyte surveys. Hydromorphological features (e.g. type of channel substrate, effects of hydrological and morphological modifications, bed stability, channel shade) were assessed during the plant sampling according to Stefanidis et al. (2022). A description of the environmental variables that were considered in this study is listed in Table 1. For further details on field samplings, characteristics of river reaches, macrophyte identification and quantification of physicochemical and geomorphological variables see our publications (Stefanidis et al., 2021; Papastergiadou, 2022; Stefanidis et al., 2022).



Table 1 | Details and brief description of the environmental variables that were considered in this study.
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Trait-based analysis and calculation of functional diversity indices

Patterns of functional composition and diversity of aquatic macrophytes were investigated following a methodological framework that is based on the construction of multidimensional functional space using community and trait data (Magneville et al., 2022). First, we created a matrix with presence-absence data of macrophyte species for the 74 river sites. Then, we constructed a matrix with functional community characteristics based on six nominal and ordinal plant traits allocated to a total of 36 hydrophyte species (Table 2). The traits that we used were the Ellenberg indicator values for nitrogen and light preference (Tichý et al., 2023), the life-form according to Wilby et al. (Willby et al., 2000), the leaf size and fruit size classified into three categories (small, moderate, and large) (Willby et al., 2000), and the leaf type classified into three types (entire, capillary and tubular) (Willby et al., 2000). Table 3 includes a list with the allocated traits that we used.



Table 2 | List of aquatic macrophyte species considered in the present study.
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Table 3 | Overview of the aquatic macrophyte traits used in the present study.

[image: Table detailing trait codes, names, categories, and values. Codes include EIV N, EIV L, GF, LS, FS, and LT. Traits cover preferences and morphology, with values indicating nutrient levels, light, growth forms, and sizes.]

A functional distance matrix that contains the functional distances for each pair of species was calculated using the Gower distance, since all traits are categorical. Then, a hierarchical cluster analysis was conducted on the distance matrix to obtain groups of plants with similar functional assemblages. Following Kelley et al. (1996), we employed the Kelley–Gardner–Sutcliffe penalty function (KGS) to identify distinct clusters of the dendrogram. This method maximises differences between groups and cohesiveness within groups. The minimum of the KGS function corresponds to the optimal number of clusters. Functional space was then constructed based on the functional dissimilarity matrix using a principal coordinates analysis (PCoA) and functional diversity indices were calculated using the species coordinates on the first three principal components (Maire et al., 2015). Correlations between traits and the functional axes were identified with a Kruskal-Wallis test to help understand how plant groups are distributed across the functional space with regard to their trait composition.

Concerning the functional indices, Mouillot et al. (Mouillot et al., 2013) has proposed the use of several indices that act complementary and can provide useful insights about the functional community structure. Here we calculated three of these indices. Functional dispersion, which shows the deviation of species traits values from the center of the functional space filled by the assemblage, the functional richness which represents the amount of functional space occupied by a species assemblage, and the functional evenness which corresponds to how regularly species abundances are distributed in the functional space (Mason et al., 2005; Mouillot et al., 2013).

Beta (β) diversity was assessed as differences between all pairs of sites using the Sørensen index (βsor). The taxonomic and functional β dissimilarities are consistent with two additive components: the turnover component (replacement of species or functional space not shared by communities) and the nestedness-resultant component (difference in species or functional space filled by communities) (Baselga, 2010; Villéger et al., 2013). The turnover (βsim) and nestedness (βsne) components were quantified in accordance with the β-diversity partitioning framework proposed by Baselga (2010) and Villéger et al. (2013). The indices of β-diversity were calculated using the R package betapart (Baselga and Orme, 2012). These indices range from 0 to 1, where higher values indicate greater dissimilarities among sites.

By examining both taxonomic and functional β-diversity we intended to draw useful conclusions about the changes in taxonomic and functional composition and to associated them further with environmental characteristics. For the calculation of all functional diversity indices, we used the package “mFD” in R environment (Magneville et al., 2022). The correlations between taxonomic and functional β-diversity as well as between their respective components were tested using Mantel permutational tests.





Functional diversity and environmental parameters

We used Generalized Additive Models (GAM) to investigate the relationships between the alpha functional diversity indices, taxonomic diversity (species richness) and the water quality predictors (physical and chemical). GAMs have been commonly used in ecology for fitting non-linear relationships between species and environmental predictors (Guisan et al., 2002; Leathwick et al., 2006). Models were fitted with the “mgcv” package in R environment (Wood, 2020) using cubic smoothing splines. In order to assess the variation of alpha diversity indices among the levels of hydromorphological factors, we conducted Kruskall-Wallis tests.

Prior to the model fitting, predictors were tested for collinearity by calculating the variance inflation factor (VIF) with the vifstep function of the “usdm” package (Naimi et al., 2014) in R environment. Environmental variables with VIF > 3 were excluded from further analysis (Vittinghoff et al., 2012). The other variables were used for fitting full models with functional richness, functional dispersion and functional evenness as response variables. Then, using the dredge function from package “MuMIN” (Barton, 2020), the model with the lowest Akaike information criterion (AICc) value was selected as the final model.

Furthermore, we calculated Moran’s coefficients based on the geographical coordinates of the sites, to evaluate the spatial autocorrelation in each final model. Calculations were made with R package “ape” (Paradis and Schliep, 2019).

To investigate how β-diversity changes across water quality gradients, we used Generalized Dissimilarity models. Generalized Dissimilarity Models (GDMs) model the dissimilarity in species composition as a function of environmental and geographical parameters using dissimilarity matrices (Fitzpatrick et al., 2013). In our analysis, we used the default three I-spline basis functions per predictor was used and we plotted the I-splines to visually assess how magnitudes and rates of the total functional dissimilarity, functional turnover and nestedness change along the environmental gradients. The variable importance and significance of each environmental predictor were estimated based on matrix permutation. Specifically, the environmental data were permutated 50 times and for each permutated matrix a new model was fitted. The model significance was estimated by comparing the global deviance of the GDM fit to un-permutated data with that of permutated data. Then the same process was repeated for each predictor separately to assess the variable significance and importance. The GDMs were fitted with the package “gdm” in R environment (Fitzpatrick et al., 2020). Finally, we conducted a permutational multivariate analysis of variance (PERMANOVA) to assess whether functional dissimilarity differs among levels of hydromorphological factors. PERMANOVA was run with the adonis2 function of the “vegan” package in R environment.






Results




Patterns of trait composition

The hierarchical cluster analysis based on the functional distance matrix revealed five distinct groups of plants (Figure 2). The first group (I) consists of nine species of macrophytes, four of which are rooted floating leaved, another four are rooted submerged and one (Sparganium emersum) can be found with either emergent leaves or floating on the surface. The second (II) functional group of macrophytes consists of four species that are exclusively free-floating and Trapa natans which is a floating-leaved plant usually anchored at the sediment. The third group includes emergent macrophytes growing their stems and leaves above the water surface (e.g. Alisma plantago-aquatica, Mentha aquatica, Veronica anagalis-aquatica). The two remaining groups (IV, V) include submerged species that seem to vary because of their leaf type. Group IV consists of plants that are fine-leaved (e.g. Myriophyllum spicatum, Ranunculus trichophyllus, Ceratophyllum demersum), whereas Group V is characterized by a mix of aquatic macrophytes that can have submerged leaves (fine-leaves or entire leaves), floating leaves or both.


[image: A phylogenetic tree displays five groups, labeled Group I to Group V, illustrating evolutionary relationships. Each group branches into various species, denoted by abbreviations like "Pot.per" and "Cal.sta." Group I is green, Group II is brown, Group III is red, Group IV is blue, and Group V is purple, highlighting distinct clusters for each group. The x-axis shows a scale from 0 to 3, representing genetic divergence.]

Figure 2 | Dendrogram obtained from hierarchical clustering based on the species distances. Colors correspond to the five functional groups (I, II, III, IV, V) derived after the calculation of the Kelley-Gardner-Sutcliffe penalty.



The first two principal components of the PCA performed on trait data accounted for more than 60% of the variance among species characteristics (Figure 3). The first component (PC1) explained 53% of the total variance of the data, while the PC2 contributed with another 15%. Based on the boxplots of Figure 4, the first PC is mostly related with the traits Ellenberg light (EIV L), growth form (GF), leaf type (LT) and leaf size (LS), whereas the second PC is correlated significantly with Ellenberg light (EIV L), growth form (GF) and fruit size (FS), (Figure 4). Hence, the position of aquatic plants and functional groups along the two axes can indicate a strong affinity with specific functional traits and reflect specific ecological preferences. Plants that are more shade tolerant (lower values of EL) are positioned across the right part of the PCA plot (Groups IV and V) whereas plants that prefer good light conditions are clustered across the left part of the PC1 (mostly Group III), Figure 3. Macrophytes from Groups IV and V are also characterized by small and fine leaves opposed to Group III which consists of plants that have larger leaves and can be either emergent or floating-leaved. The position of the macrophytes across PC2 appears to relate mostly with the fruit size and the floating-leaved growth form, since macrophytes with floating leaves and larger fruits are positioned at the top part of the plot (Figures 3, 4).


[image: Scatter plot showing data points categorized into five groups, represented by different colors and shapes: green squares (Group I), orange crosses (Group II), red triangles (Group III), blue circles (Group IV), and purple diamonds (Group V). Axes labeled Dim1 (53%) and Dim2 (14.8%). Data points are labeled with abbreviated scientific names.]

Figure 3 | Principal component analysis plot of the species scores for the first two components. Colors correspond to the five functional groups (I, II, III, IV, V) derived after the calculation of the Kelley-Gardner-Sutcliffe penalty.




[image: Boxplot grid showing the relation between traits and PCoA axes across PC1, PC2, and PC3. Each row represents a PCoA axis, while columns compare different categories or traits, like AFL, SMALL, CAP, etc. Data points are marked, with some plots highlighted and others faded.]

Figure 4 | Boxplots show the relationship of the macrophyte species traits (EIV L: Ellenberg Light, GF: Growth Form, LS: Leaf Size, LT: Leaf Type, FS: Fruit Size) with the first three principal components. Dark blue plots indicate significant relationships (p ≤ 0.05).







Alpha (α-) and beta (β-) functional diversity patterns

Species richness was relatively low, ranging by a minimum of 4 to a maximum of 15 species per site. Alpha functional diversity was described by three indices: functional richness, dispersion and evenness. The average value of functional richness for all sites was 0.11, with a maximum of 0.39. Functional dispersion and evenness were higher ranging from 0.23 to 0.6 and 0.38 to 0.71 respectively. Additionally, we found that functional diversity was positively correlated (r=0.72) to taxonomic diversity (Figure 5). However, we have to note here that this result was influenced by a community found in a relatively pristine site, which showed remarkably higher species and functional richness than most communities. Excluding this community from our dataset yields a correlation coefficient r=0.59 (significant at p-value ≤ 0.001), which is still relatively high, but considerably lower than 0.72.


[image: Scatter plot showing the relationship between functional richness (x-axis) and species richness (y-axis) with a blue trend line and a shaded confidence area. R-squared value is 0.52, indicating moderate correlation.]

Figure 5 | Linear relationship between functional and taxonomic macrophyte species richness among sites.



Taxonomic β diversity ranged from 0.08 to 1 with a mean value of 0.72 (± 0.19). The turnover (βsim, 0.65± 0.23) was higher than the nestedness-resultant component (βsne, 0.07). Functional dissimilarity based on Sørensen among the aquatic plant communities was high (0.85 ± 0.20), with the functional turnover (i.e. the communities host different functional strategies) accounting for 62% (0.62 ± 0.34) and dissimilarity due to difference in functional richness (nestedness) accounting for 23% of the total variation.

Functional β diversity was significantly correlated with taxonomic β diversity (Mantel test, r = 0.48, p < 0.001), with functional turnover and taxonomic turnover being also strongly correlated (r = 0.54, p < 0.001). Nestedness-resultant components of taxonomic and functional β diversity were also correlated (r = 0.48, P < 0.001).





Relationships between functional diversity indices and environmental descriptors

We tested for relationships between α functional diversity indices and water quality variables with the use of GAMs (Figure 6). The results of the best model fits showed that a relatively small share of variance of functional dispersion and functional evenness (25.6 and 25.3%) was explained by environmental variables. For functional richness the percentage of variance explained by the environment was even lower (approximately 11%). The best model for functional dispersion retained four predictors, with altitude, pH and oxygen saturation being significant (Table 4). For functional evenness the model retained five predictors with pH and oxygen saturation being significant (Table 4). The best model for functional richness, which had the lowest R2 among the three functional indicators, retained two variables (altitude and BOD) with neither being statistically significant.


[image: Five line graphs displaying relationships between environmental factors and biodiversity metrics, with shaded confidence intervals. (A) Functional dispersion vs. pH shows a nonlinear trend. (B) Functional evenness vs. pH shows a positive relationship. (C) Functional dispersion vs. saturation shows a negative trend. (D) Functional evenness vs. saturation also shows a negative trend. (E) Functional dispersion vs. altitude shows a negative trend.]

Figure 6 | Fitted functions of functional dispersion (A, C, E), and functional evenness (B, D) to partial effects of statistically significant environmental variables. Line represents GAM smoothing curve while the grey area depicts the standard error.





Table 4 | Summary of GAMs fitted to the functional richness, functional dispersion, functional evenness and species richness.

[image: Table showing various response variables with their adjusted R-squared values, percentage of deviance explained, retained explanatory variables, and significance p-values. Functional richness has an adjusted R-squared of 0.11 and 14.9% deviance explained. Functional dispersion shows 0.26 and 34.1%. Functional evenness is 0.25 and 31.8%. Species richness is 0.08 and 11.5%. Variables include BOD, altitude, pH, ammonium, oxygen saturation, turbidity, and TDS. Significance ranges from less than 0.001 to 0.275.]

The results of the Kruskal-Wallis tests indicated significant variations of α functional diversity indices (Table 5) among the channel bed stability (stable, solid, soft, unstable) and habitat type (pool, rifle, run, slack) (Figure 7). In addition, functional evenness and functional dispersion showed statistically significant differences among the channel substrate and the degree of hydrological alteration respectively. Concerning the species richness, we found less significant differences (p ≤ 0.1) among the habitat type, the adjacent land uses and the effect of water abstraction (Table 5).



Table 5 | Results of Kruskal-Wallis tests showing significant differences (values in bold) of the functional diversity indices among the levels of hydromorphological factors.

[image: Table showing the significance levels of various environmental factors on functional richness, functional dispersion, functional evenness, and species richness. Significant values are highlighted, with bed stability affecting all but species richness, habitats influencing all categories, and water abstraction affecting species richness. "NS" indicates non-significance.]


[image: Three box plots labeled a, b, and c show functional metrics across four habitat types: Pool, Riffle, Run, and Slack. Plot a) displays functional richness; Run and Slack have the highest values. Plot b) shows functional dispersion; Pool and Slack have wider distributions. Plot c) presents functional evenness, with Pool and Slack having similar medians. Each plot highlights variability among habitats.]

Figure 7 | Boxplots of (A) functional richness, (B) dispersion and (C) evenness among river habitat types.



The results of the generalized dissimilarity modelling showed that geographical distance was the sole significant predictor for the Sørensen functional dissimilarity, although the model explained just the 8.5% of the total deviance. The models for the components turnover and nestedness explained even lower shares of total deviance (3.9 and 2.1) with none of the environmental variables being significant. We found similar results for the taxonomic dissimilarity with geographic distance being a significant predictor for Sørensen dissimilarity and the turnover component, but both models explained 6.9 and 7.4 of the total deviance respectively. The GDM for the taxonomic nestedness explained 3.2% of the total deviance, with none of the environmental variables being significant.

PERMANOVA showed significant variations of the Sørensen functional dissimilarity and the turnover component among most hydromorphological factors (p ≤ 0.1), but with low R2 ranging between 0.05 and 0.15 (Table 6).



Table 6 | Results of PERMANOVA showing significant variations of the functional dissimilarity matrices among the levels of hydromorphological factors.

[image: Table showing the relationship between different environmental factors and three metrics: Total Sørensen dissimilarity, Turnover, and Nestedness. For Total Sørensen dissimilarity and Turnover, P-values and R squared values are provided for factors such as Channel substrate, Bed stability, and others, with most results being statistically significant (P<0.05). Nestedness is consistently marked as non-significant (NS).]






Discussion

The study of plant ecomorphological traits attempts to link morphological characteristics (e.g. habitus size, shape and morphology) with species functions. In this article, we assessed functional diversity patterns and changes of functional composition of aquatic macrophytic communities of riverine ecosystems in Greece. We identified notable variations of the functional composition in terms of key trait characteristics, such as life growth form and preference to light conditions. We also managed to distinguish a few significant relationships between functional diversity (alpha and functional dissimilarity) and environmental variables.

Our results indicated that growth form and light preference are key trait characteristics that grouped the aquatic macrophytes into five discrete groups based on their functional trait composition. Macrophytes were distinguished along a gradient that reveals light availability as a key driver that shapes macrophytic communities in the investigated river reaches. The PC1 has a high affinity with rooted submerged macrophytes and macrophytes with high EIV L value (which indicates preference to higher light intensity) and thus plants that were positioned at the left part of the PCA plot are those that could require waters with high clarity and undisturbed conditions (e.g. oxygenated waters and less turbidity). Previous studies have highlighted the role of light availability as an important environmental filter that restricts certain functional traits of aquatic macrophytes (Fu et al., 2014b; Su et al., 2019) and promoting others that can help plants to persist to the environmental conditions. However, when we examined the relationship between functional diversity indices and environmental variables, including water quality features that are related with light availability (e.g. turbidity and nutrient concentrations), we did not find evidence that could explain a possible effect of water clarity on functional diversity. Specifically, we did not find any significant effect of water quality parameters on functional richness, but only a significant effect of pH and oxygen saturation on both functional dispersion and evenness. Similarly, we did not find any significant effect of water quality variables on the taxonomic richness. Previous studies in Greek rivers have noted relatively moderate and high levels of nutrients in several sites, indicating signs of eutrophication (Stefanidis et al., 2021). Narrow gradients of nutrient concentrations and high occurrence of macrophytes that can be found in a wide range of trophic conditions (e.g. Myriophyllum spicatum, Potamogeton nodosus, Stuckenia pectinata) may explain the difficulty in finding specific patterns of responses along water quality gradients. These results are similar with those published by Zelnik et al. (2021), who also found Myriophyllum spicatum as the most common aquatic macrophyte species in watercourses in Slovenia, despite relatively different environmental conditions from those in Greece. Among the submerged macrophytes or macrophytes with floating leaves, the most common species were: Myriophyllum spicatum, Potamogeton nodosus, Potamogeton perfoliatus, Elodea canadensis, Potamogeton crispus, Stuckenia pectinata. This is another evidence for wide ecological amplitudes of these species, which make the interpretations more difficult. Furthermore, excessive nutrients are related with eutrophication processes that reduce light availability and may have substantial effects on taxonomic and functional diversity in standing waters (Stefanidis and Papastergiadou, 2019; Lindholm et al., 2020). However, water transparency in rivers can be affected by geohydromorphological factors such as erosion, sediment load, geology, land uses and rainfall intensity (Chalov and Prokopeva, 2022; Lu et al., 2023) that are not necessarily related with water chemistry (e.g. nutrients). Our findings also showed a significant differentiation of the functional diversity indices among the types of bed stability (stable, solid, soft and unstable) and the types of habitat (pool, rifle, run and slack), which suggests that hydromorphological conditions (e.g. substrate rigidness, depth and flow type) are important drivers of certain plant traits. Functional richness, dispersion and evenness were higher at slack and run habitats, which are characterized by deeper waters and slow or fast water flow respectively. All three indices were also higher at soft substrates (mostly sand, silt and mud) than more stable substrates (e.g. bedrock, gravel, cobbles and boulders). Similarly, functional evenness was higher at fine substrates (p=0.002) which confirms a possible association of increased functional diversity with soft and fine river substrates. Previous studies have shown that geomorphological features such as river bottom type, substrate structure and riverbank stability are important factors for explaining macrophyte composition in lotic ecosystems (Peternel et al., 2022). Rooted aquatic plants in particular, prefer fine sediments (Willby et al., 2000; Hrivnák et al., 2010) while bryophytes usually occur at coarser substrates, such as boulders and cobbles. Thus, life forms are differentiated among various types of substrates. Moreover, macrophytes are considered to be ecological engineers because macrophyte assemblages have a positive impact on fine sediment accumulation on the river bottom, modifying the channel bed and facilitating plant colonization (Jones et al., 2012). We did not find any other significant differentiation of α diversity indices among the remainder hydromorphological factors, except for a significant effect of hydrological alteration and water abstraction on functional dispersion and evenness respectively. Although aquatic plants are known to respond to hydromorphological changes (Szoszkiewicz et al., 2014; Baattrup-Pedersen et al., 2016; Turunen et al., 2016; Birk et al., 2020; Gyosheva et al., 2020), only a few studies have highlighted the role of hydromorphology as an important driver of aquatic macrophytic diversity, including functional diversity (Manolaki et al., 2020; Stefanidis et al., 2021; Vukov et al., 2022). Besides substrate, hydrology plays a major role in promoting species with traits that enable them to persist droughts and low flow conditions in Mediterranean rivers (Manolaki et al., 2020). In our case, we used nominal and ordinal hydromorphological variables that limited our capability to fully explore how functional diversity changes across hydromorphological gradients (e.g. hydrological alteration). Still, we were able to capture the effect of different substrates and river habitats and extract useful conclusions on the conditions that favor increased functional diversity.

Another issue that might explain why we did not find significant relationships between certain environmental parameters and diversity indices, is the intraspecific trait variability that many plants exhibit, including aquatic plants (Fu et al., 2014b). Some plants may show high phenotypic plasticity that provides them with various adaptations to large environmental changes (Fu et al., 2018; Lindholm et al., 2020). For instance, a submerged macrophyte in China, Potamogeton maackianus, can form large monospecific beds across wide environmental gradients (Fu et al., 2018). Similar macrophyte assemblages with a few species that occur across wide ranges of nutrients and physico-chemical gradients are common in Greece (Stefanidis et al., 2019), such as Myriophyllum spicatum and Potamogeton nodosus. Other plants can show adaptations to water level fluctuations showing various growth forms (e.g. emergent, rooted with floating-leaved plants, or rooted submerged) that can help them offset environmental limitations such as limited light availability. It is likely that the inclusion of intraspecific trait variability in trait-based studies could further elucidate the functional responses to environment gradients.

An additional finding of the current research concerns the relationship between taxonomic and functional diversity. The relationship between taxonomic and functional richness has been previously used to investigate the functional redundancy of communities (Ricotta et al., 2016; da Silva Camilo et al., 2018). In this study, we found a positive significant relationship between functional and taxonomic richness that indicates low functional redundancy. This means that the loss of a few species from the macrophyte communities is more likely to lead to loss of certain functions that are strictly related with those species. This finding is particularly important for conservation scientists and environmental managers because it emphasizes the need to include the monitoring of functional diversity (besides taxonomic diversity) in order to better assess the impact of environmental changes (Ricotta et al., 2016; Biggs et al., 2020).

Separating turnover and nestedness-resultant contributions to the overall β-diversity could provide further insights into mechanisms shaping community composition with respect to β-diversity. We found that the taxonomic β-diversity was mainly governed by turnover, i.e., replacement of disappearing species by new emerging species along the gradient, which is a typical finding in freshwater studies (Perez Rocha et al., 2019). Studies that explore the relationship between taxonomic and functional beta diversity in freshwaters are not common, and their results are rather ambiguous (Perez Rocha et al., 2019; Teittinen and Virta, 2021). In the current research, we found that functional β-diversity was higher than taxonomic β-diversity. The high functional dissimilarity may partly stem from low number of taxonomic species versus considerably higher number of functional traits or functions. A discrepancy was also revealed in the decomposition of functional β-diversity, where the higher levels of functional β-diversity were mainly due to a higher nestedness-resultant component compared to taxonomic β-diversity decomposition, where the taxonomic and functional β-diversity turnover were at similar levels. Thus, replaced species in functionally poor assemblages held traits already included in the functional space of functionally rich ones, resulting in increased functional nestedness. The results of the GDM did not show strong indications of environmental effects on the taxonomic and functional dissimilarity rate and thus our study does not provide support for the role of environmental filtering as a driver of neither functional nor community dissimilarities. The PERMANOVA results showed significant variation of the overall β-diversity and the turnover among the majority of hydromorphological factors but the R2 values were quite low indicating a large share of unexplained variation. It is likely that regional spatial processes (dispersal limitation with increasing geographic distance) are more important factors than local environmental descriptors for aquatic macrophyte taxonomic and functional composition changes among sites (Oikonomou and Stefanidis, 2020; Stefanidis et al., 2021).





Conclusions

This article provides new information filling the gap of knowledge of the functional responses of aquatic macrophytic assemblages to environmental gradients in an extended network of running waters from mainland Greece. With this article we quantified the a- and β- functional diversity of aquatic macrophytic communities of river reaches and we attempted to look for significant responses to environmental parameters related with water quality gradients and hydromorphological factors. We found that the trait characteristics that contributed most to explaining the total variance of the functional space were the macrophyte growth form and the preference to light conditions which indicates that light availability plays a major role in filtering traits of aquatic plants. We did not find any clear indication of strong relationships between functional diversity and water quality gradients. We found significant variations of alpha and beta functional diversity among hydromorphological factors - mainly substrate and river habitat - which suggested that lotic systems with fine substrates and deep waters (run and slack habitats) promoted functional diversity. We consider likely that further studies to explore the effects of additional hydromorphological gradients could reveal significant responses of functional plant communities. An important finding was the positive relationship between species richness and functional richness which implies that the loss of taxonomic richness could lead to a loss of functions. Overall, our study provides useful insights and recommendations concerning the study of functional diversity of aquatic plant assemblages within the frame of freshwater monitoring and conservation.
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Climate change affects wetland vegetation dramatically in mid- and high- latitudes, especially in the Amur River basin (ARB), straddling three countries and distributing abundance wetlands. In this study, spatiotemporal changes in average normalized difference vegetation index (NDVI) of wetland during the annual growing season were examined in the ARB from 1982 to 2020, and the responses of wetland vegetation to climatic change (temperature and precipitation) in different countries, geographic gradients, and time periods were analyzed by correlation analysis. The NDVI of wetland in the ARB increased significantly (p < 0.01) at the rate of 0.023 per decade from 1982 to 2020, and the NDVI on the Russian side (0.03 per decade) increased faster than that on the Chinese side (0.02 per decade). The NDVI of wetland was significantly positively correlated with daily mean temperature (p < 0.05, r = 0.701) and negatively correlated with precipitation, although the correlation was not significant (p > 0.05, r = −0.12). However, the asymmetric effects of diurnal warming on wetland vegetation were weak in the ARB. Correlations between the NDVI of wetland and climatic factors were zonal in latitudinal and longitudinal directions, and 49°N and 130°E were the points for a shift between increasing and decreasing correlation coefficients, closely related to the climatic zone. Under climate warming scenarios, the NDVI of wetland is predicted to continue to increase until 2080. The findings of this study are expected to deepen the understanding on response of wetland ecosystem to global change and promote regional wetland ecological protection.




Keywords: wetlands, vegetation change, NDVI, climate change, Amur River basin




1 Introduction

Vegetation responded dramatically to global climate change in terrestrial ecosystems (Cramer et al., 2001). Wetlands, one of the most important ecosystems, are critical to biodiversity conservation, carbon sequestration, and hydrological and climate regulation (Mao et al., 2021; Salimi et al., 2021). In addition to various ecological functions, wetlands also have certain socioeconomic and cultural values, such as recreation, tourism, and scientific research (Pedersen et al., 2019). However, wetlands are the most vulnerable ecosystems and changes in hydrology, soils, climate, and anthropogenic disturbances all affect the ecological stability of wetlands (Bansal et al., 2019). Wetland vegetation, the main component of wetland ecosystems, is particularly susceptible to dramatic global climate change (Erwin, 2009). Compared with vegetation in other ecosystems, the unique growth environment of wetland vegetation results in obvious differences in the responses of wetland vegetation to climate change (Pang et al., 2017; Boulanger et al., 2018; Shen et al., 2022). Therefore, understanding how wetland vegetation changes in response to climatic change is essential for the adaptive management and conservation of wetlands.

Climate change affects the growth of wetland vegetation especially at the mid- and high-latitudes (Peng et al., 2020; Yuan et al., 2020). The global climate is undergoing a change characterized mainly by warming. Specifically, warming climate has advanced spring phenology and delayed autumn phenology, thereby extending the growing season of wetland vegetation (Herfindal et al., 2012; Crabbe et al., 2016). Although increases in precipitation can increase photosynthetic activity and promote wetland vegetation growth (Peng et al., 2013; Chen et al., 2020), seasonal increases in precipitation can adversely affect the reproduction of wetland vegetation by raising water levels and submerging vegetation (Bardecki, 1991). In previous studies, changes in wetland vegetation in response to climate change in several regions of the Northern Hemisphere were examined by using vegetation indices (Herfindal et al., 2012; Liu et al., 2022; Ren et al., 2022), such as normalized difference vegetation index (NDVI) and enhanced vegetation index. However, due to geographical differences, global climate change is spatially heterogeneous, and different climatic factors have varying impacts on wetland vegetation (Shen et al., 2022). Because of the heterogeneous response of wetland vegetation to climate change, additional research is needed that focuses on detailed analyses in order to develop adaptive management and future conservation strategies, especially in mid- and high latitudes.

As an important indicator of wetland vegetation health and growth, NDVI has been widely used in regional monitoring of changes in wetland vegetation and vegetation feedback on regional climate (Di et al., 1994; Meneses-Tovar, 2011; Wei et al., 2022). Because climate change is a long-term process, applying long time series data to investigate the responses of wetland vegetation to climate change can benefit understanding of processes of change in wetland vegetation and future wetland adaptive management (Hasselmann et al., 2003). Currently, data from sensors such as the Advanced Very High Resolution Radiometer (AVHRR) onboard the National Oceanic and Atmospheric Administration (NOAA) and Moderate Resolution Imaging Spectroradiometer (MODIS) are widely used in analyzing the NDVI of wetland dynamics (Fensholt and Sandholt, 2005; Albarakat and Lakshmi, 2019). Due to the limitation of data sources, in previous studies based on MODIS NDVI, changes in wetland vegetation in response to climate change were analyzed from 2000. However, it is difficult to fully understand longer term changes in wetland vegetation on the basis of those studies (Wang et al., 2020; Chen et al., 2023). Continuous long time series of NDVI can accurately reflect long-term trends in changes in wetland vegetation and abrupt changes (Guo et al., 2021). The longest time series is the NOAA Climate Data Record (CDR) of AVHRR NDVI data set, which is therefore the most suitable data source to analyze wetland vegetation change at both large scale and long time series (Peng et al., 2012). Moreover, with advantages such as free, huge computing power and rapid batch processing of data, the Google Earth Engine (GEE) cloud platform allows acquisition and rapid processing of large-scale long time series NDVI data sets. (Liu et al., 2018; Phan et al., 2020). Therefore, the use of NOAA CDR of AVHRR NDVI data set and GEE processing platform provides a possibility for long-term large-scale wetland analysis.

The Amur River basin (ARB), the world’s ninth largest river basin, is an area of wetland concentration in mid- and high-latitude zones, where wetlands are particularly sensitive to global climate change (Wang et al., 2019; Han et al., 2020). Compared with North America and Europe in the same latitudes, wetland research is limited in the ARB (Wang Y. et al., 2020; Mao et al., 2021). China has higher temperatures and less precipitation, but more anthropogenic activity than Russia, and as a result, responses of wetland vegetation to climate change also differ (Chu et al., 2019). Nevertheless, there is a lack of comparative studies that explore changes in wetland vegetation and its response to climate change on Chinese and Russian sides of the ARB. A comparative analysis of environments in China and Russia would help provide a more comprehensive understanding of wetland changes in the ARB and support wetland conservation policies in both countries. In addition, temperature data show faster warming during the night than during the day in the past few decades in the ARB (Peng et al., 2013), and asymmetric effects of monthly average daily maximum temperature (TMX) and monthly average daily minimum temperature (TMN) on the NDVI of wetland were observed on Songnen (Wang Y. et al., 2020) and Sanjiang plains (Liu et al., 2022), which are part of the basin. However, the asymmetric effects differed on these plains. The NDVI of wetland was negatively correlated with TMX and positively correlated with TMN during the growing season on Songnen Plain (Wang Y. et al., 2020), but increasing TMN was more effective in promoting wetland vegetation growth than increasing TMX on Sanjiang Plain (Liu et al., 2022). Until recently, previous studies have been limited to small-scale analyses, and it has remained unclear whether there are long-term asymmetric effects of diurnal warming on wetland vegetation in the entire ARB. To accurately predict future changes in wetland vegetation, it is also necessary to explore the responses of wetland vegetation to changes in diurnal temperatures.

In this paper, therefore, the heterogeneous responses of wetland vegetation to climate factors in the ARB were examined from 1982 to 2020. The specific objectives were to (1) explore spatiotemporal changes in wetland vegetation in the ARB during the growing season from 1982 to 2020; (2) examine the responses of wetland vegetation to climate change in different countries, geographic gradients, and time periods; and (3) predict the effects of future climate change on wetland vegetation in the ARB. The study is expected to provide theoretical support for the conservation and restoration of wetlands.




2 Materials and methods



2.1 Study area

The ARB spans latitudes from 41.72°N to 55.90°N and longitudes from 108.05°E to 141.13°E. It is a transboundary region of three countries (Figure 1), with 48% of the basin in Russia, 43% in China, and 9% in Mongolia, and a total area of 2.08 million km2 (Mao et al., 2021). The Greater Khingan Mountains divide the ARB into two relatively different climates. The western ARB is relatively dry, with annual precipitation of only 250 mm–400 mm, whereas the eastern ARB is relatively wet, with annual precipitation of 400 mm–700 mm. The ARB passes through humid, semi-humid and semi-arid zones, with boundaries between the three zones at 130°E and 120°E, respectively, which is continental monsoon climate. Annual average temperature is between −8°C and 6°C, decreasing gradually from south to north, with clear spatial variability. The basin straddles two temperature zones from south to north, mid-temperate and frigid-temperate zones, with the boundary between the two zones at 50°N. There are many rivers and developed water systems that crisscross the basin, interacting to form the Songnen and Sanjiang plains in the east, with lower elevations than those of the mountains in the east. The ARB has a large wetland area that is relatively concentrated in the Greater Khingan Mountains and Songnen and Sanjiang plains. The main wetland vegetation types common in this basin are Typha orientalis, Phragmites australis, and Scirpus triqueter, and the water level of suitable wetlands is gradually declining. The wetlands provide important resting places for multitudes of migratory waterfowl on the East Asian–Australasia flyway (Jia et al., 2020). The total wetland area of the ARB is 0.17 million km2, accounting for 8.1% of the ARB (Yang et al., 2020). However, there were fewer wetlands located in Mongolia, and almost no unchanged wetlands, extracted by the wetland data, were located in Mongolia, so we mainly analyzed the changes of wetlands in the Chinese and Russian sides.
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Figure 1 | Location of the Amur River basin and its spatial terrain pattern.






2.2 Data source



2.2.1 NDVI data

The NOAA CDR of AVHRR NDVI version 5 was used in this study. The resolution was 0.05°, and the interval was 1 day. Free images were collected in the growing season (May–September) from 1982 to 2020 on the GEE cloud platform (https://earthengine.google.com/). Monthly NDVI data were obtained by the maximum value composite method, which chose the largest value of each pixel in the multitemporal data to reduce the interference of atmospheric and solar zenith angle (Wang et al., 2005), and projection processing and clipping were processed on GEE.




2.2.2 Climatic data

Climatic data were acquired from the monthly gridded Climatic Research Unit Time-Series Data version 4.05(CRU TS 4.05, available at https://crudata.uea.ac.uk/cru/data/hrg/). The CRU TS data were produced by the CRU at the University of East Anglia with a resolution of 0.5° and a long time series from 1901 to 2020. The data have been widely used in studies on climate change and on vegetation growth (Chu et al., 2019; Meng et al., 2019). In this study, four types of climatic factors acquired from CRU TS 4.05 were used to analyze the effect of climate on wetland vegetation change, including daily mean temperature (TMP), TMX, TMN, and precipitation (PRE). To study asymmetric effects of diurnal warming on wetland vegetation in the ARB, TMX and TMN were used to represent daytime and nighttime temperatures, respectively. To coordinate data sets, the spatial resolution of temperature and precipitation data was resampled to 0.05° by using the nearest neighbor method.




2.2.3 Wetland data

Wetland distribution data were extracted from up-to-date land cover data in the ARB in 1980 and 2016 (Mao et al., 2020). Natural wetlands in this study were vegetated wetlands, including marsh, swamp, bog, and fen. Land cover data were classified from Landsat TM/OLI images by an object-based image analysis and hierarchical decision–trees classification method, including multi­resolution segmentation, designing place-based hierarchical decision trees, and rule-based object identification (Mao et al., 2020). The data were obtained from the Northeast branch of the National Earth System Science Data Center (http://wetland.igadc.cn/). Accuracy of the data was verified by field investigations and Google Earth images with overall classification accuracy values larger than 90% (Mao et al., 2021), which showed that the wetland data were reliable to explore the responses of wetland vegetation to changes. For the analysis of NDVI trends and its relations with climatic factors, wetlands existing both in 1980 and 2016 were extracted as unchanged wetlands from 1980 to 2016 in the ARB, with a total area of 0.12 million km2.




2.2.4 Future climate data

The future temperature and precipitation data used in this study were produced from the CNRM–ESM2–1 global climate model of the Scenario Model Intercomparison Program (ScenarioMIP) under International Coupled Model Intercomparison Program Phase 6 (CMIP6, available at https://esgf-node.llnl.gov/search/cmip6/). The CNRM–ESM2–1 model provided by CMIP6 was derived from the French National Meteorological Center, with a spatial resolution of 1.4° × 1.4°. The combination scenarios of Shared Socioeconomic Pathways (SSPs) and Representative Concentration Pathways (RCPs) incorporates the impact of socioeconomic development (Su et al., 2021), which are widely used in regional climate change prediction (Yang et al., 2020; Ren et al., 2023). SSP1–RCP2.6 is a low-forcing scenario, and SSP5–RCP8.5 is a high-forcing scenario.





2.3 Methods



2.3.1 Sen+Mann–Kendall method

In this study, we have used Sen+Mann–Kendall method based on the R 4.2.1 to analyze trends from 1982 to 2020 for the NDVI of wetland vegetation and four climatic factors (PRE, TMP, TMX, and TMN). Due to the strong resistance to measurement errors and abnormal data, the Sen+Mann–Kendall method has been increasingly used to analyze trends in long term series data for vegetation (Li et al., 2021; Wu et al., 2021), (Li et al., 2021).

Theil–Sen median trend analysis is a non-parametric statistical trend calculation method (Sen, 1968). The formula is as follows:

[image: \( X(t) = Qt + B \) appears in the image, representing a linear equation with variables \( t \), \( Q \), and \( B \).]	

where X(t) is the time series data of climate and NDVI, Q is the slope of the data, and B is a constant.

[image: Formula displaying \( Q_{\text{median}} = \text{Median} \left( \frac{X_j - X_i}{j - i} \right) \).]	

where Qmedian is the median of Q sorted from smallest to largest. When Qmedian > 0, the climate or NDVI time series has an increasing trend, whereas when Qmedian< 0, a decreasing trend is indicated.

The Mann–Kendall trend test is a non-parametric statistical test method that determines the significance of trends (Kendall, 1948). The formula is as follows:

[image: The image shows a mathematical formula: S equals the sum from i equals 1 to n minus 1, and the sum from j equals i plus 1 to n, of the sign function applied to the difference between X sub j and X sub i.]	

where n is the length of the time series (39 years in this study), and sgn(Xj–Xi) is the sign function, defined as follows:

[image: The formula defines the sign function for \( X_j - X_i \). It equals \(-1\) if \( X_j - X_i < 0 \), \(0\) if \( X_j - X_i = 0 \), and \(1\) if \( X_j - X_i > 0 \).]	

For the time series data X(t), the statistic Z is defined as follows:

[image: Mathematical formula for Z shown in three cases: Z equals (S plus 1) divided by the square root of Var(S) if S is less than zero; Z equals zero if S equals zero; Z equals (S minus 1) divided by the square root of Var(S) if S is greater than zero.]	

where [image: The formula for the variance of S: Var(S) equals [n times (n minus 1) times (2n plus 5)] divided by 18.] . When Z > 0, the variable shows an upward trend; when Z< 0, the variable shows a downward trend. In addition, when |Z| > 1.96, the time series has significant variation at the level of 0.05 (Liu et al., 2019). According to the significance of trends, variations in NDVI trends were classified into three types: significant increase (slope > 0, p < 0.05), significant decrease (slope< 0, p < 0.05), and nonsignificant change (p > 0.05).




2.3.2 Hurst exponent

We have used Hurst exponent to investigate whether trends of the NDVI of wetland vegetation was sustainable in the ARB from 1982 to 2020. The method was proposed by Hurst (1951) in the analysis of hydrological data and then improved by Mandelbrot and Wallis (1969). The method has been successfully applied in studies investigating vegetation changes (Jiang et al., 2017). The basic calculations are as follow:

1) Divide the time series [image: {NDVI(τ)}(τ = 1, 2, ..., n), representing a sequence of NDVI values over time periods τ, where τ ranges from one to n.]  into [image: Lowercase Greek letter tau, resembling a T shape with a curved right tail, set against a plain white background.]  sub series X(t), for each series [image: \( t = 1, 2, \ldots, \tau. \)] .

2) Define the mean sequence of the time series,

[image: Equation showing the average of NDVI over time \( \overline{NDVI}_{(t)} = \frac{1}{\tau} \sum_{i=1}^{\tau} NDVI_{(t)} \), where NDVI represents the normalized difference vegetation index.]	

3) Calculate the accumulated deviation,

[image: Equation showing the calculation for \( X_{(i)} \), where \( X_{(i)} \) is the sum from \( i = l \) to \( r \) of the difference between \( NDVI_{(i)} \) and the average \( NDVI_{(i)} \) over the range \( 1 \leq l \leq r \).]	

4) Create the range sequence,

[image: R of tau equals the maximum of X subscript i to tau for i less than or equal to s less than or equal to tau, minus the minimum of X subscript i to tau for i less than or equal to s less than or equal to tau, where tau equals one, two, up to n.]	

5) Create the standard deviation sequence,

[image: The equation shows \( S_{(\tau)} = \sqrt{\frac{1}{T} \sum_{t=1}^{T} (NDVI_{(t, \tau)} - NDVI_{(\tau)})^2} \). It defines the standard deviation of the normalized difference vegetation index over time \( \tau = 1, 2, \ldots, n \).]	

6) Calculate the Hurst exponent

[image: The equation shows the ratio of \( R_{\tau} \) to \( S_{\tau} \) equals \((c\tau)^H\).]	

The value of H is obtained by fitting the equation [image: The equation shows: log(R/S) sub n equals a plus H times log(n).] , which can be used to determine whether the time series [image: The image shows a mathematical expression: {NDVI(τ)}.]  is completely random or persistent. According to previous studies, the value of the Hurst exponent, ranging from 0 to 1, is classified into three types. When 0.5 < H< 1, the trend of change in NDVI in the future will be consistent with that in the past. When H = 0.5, the NDVI time series is random and there is no long-term correlation. When 0 < H< 0.5, the trend in the future will be the opposite of that in the past.




2.3.3 Sequential Mann–Kendall test

The sequential Mann–Kendall (SQMK) test was used to identify the change point of NDVI of wetland vegetation and four climatic factors (PRE, TMP, TMX, and TMN) from 1982 to 2020. The SQMK test, developed by Sneyers (1991), is used to detect abrupt change points in long-term data series. The steps of the SQMK test are the following:

1) For a time, series with n sample sizes X {X1, X2,…, Xn}, a rank sequence is constructed as follows:

[image: Summation formula: \( S_k = \sum_{i=2}^{k} R_i \) where \( k = 2, 3, \ldots, n \).]	

where Ri is the cumulative number of samples when [image: \( X_i > X_j, (1 \leq j \leq i) \).] .

2) Under the assumption of random independence of time series, the statistics are defined as follows:

[image: The formula shows \( UF_k = \frac{S_k - E(S_k)}{\sqrt{Var(S_k)}} \) where \( k = 1, 2, \ldots, n \).]	

where UF1 = 0, E(Sk) and Var(Sk) are the mean and variance of the cumulative number Sk, respectively. When X{X1, X2,…, Xn} is independent of the others and has the same continuous distribution, [image: Mathematical expression showing the expected value of \( S_k \) as \( E(S_k) = \frac{n(n - 1)}{4} \).] , and [image: The image shows a mathematical formula for variance: \( \text{Var}(S_k) = \frac{n(n-1)(2n+5)}{72} \).] . For a given significance level α, UFk > UFα indicates a significant trend change in the sequence of X.

3) The time series data are arranged in reverse order, and the above calculation is repeated to obtain UBk, indicated as follows:

[image: The equation shows \( UB_k = -UF_k \).]	

4) When the significance level α is set to 0.05, as in this study, the value of U1-α/2 is ± 1.96 (Wang R. et al., 2020). The intersection points of UF and UB curves indicate the abrupt change year in a time series trend (Mosmann et al., 2004).




2.3.4 Correlation analysis method at the scale of pixels

A correlation coefficient method at the scale of pixels was used to evaluate correlations between NDVI and climatic factors (TMP, TMX, TMN, and PRE) from 1982 to 2020. The method was processed in ArcGIS based on the ArcPy tool, which can investigate possible effects of climate change on NDVI. The formula is as follows:

[image: Formula for the Pearson correlation coefficient, \( r_{xy} \), showing a fraction. The numerator is the sum of products of differences of each \( x_i \) and \( y_i \) from their means. The denominator is the product of square roots of sums of squared differences from their means.]	

where rxy is the correlation coefficient between variables x and y, ranging from −1 to 1, n is the number of years, xi is the value of the NDVI for year i, yi is the value of the climatic factors (TMP, TMX, TMN, and PRE) for year i, and [image: The image shows the lowercase letter "x" with a tilde symbol above it.]  and [image: A small black and white illustration of the Arabic script letter "ya" with a diacritic mark above it.]  are the averaged NDVI and the mean of the climatic factors, respectively, which were obtained from the averages of all pixels assigned to wetlands (Chen et al., 2018). When rxy > 0, the NDVI of wetland vegetation and the climatic factors were positively correlated. When rxy < 0, the two variables were negatively correlated.

Moreover, the correlations of NDVI with climatic factors were classified into four major categories: significant positive correlations (p < 0.05), nonsignificant positive correlations (p > 0.05), significant negative correlations (p < 0.05), and nonsignificant negative correlations (p > 0.05). In addition, we considered the lag effects of precipitation, so we calculated the correlation coefficients between the NDVI of the current year and the precipitation of the previous year and the previous 2 years.




2.3.5 Partial correlation analysis

Partial correlation analysis was used to calculate the partial correlation coefficients between PRE, TMP, and NDVI, respectively, to examine interaction term between temperature and precipitation. When the dependent variable is correlated with two or more independent variables, partial correlation analysis is used to investigate the correlation between one independent variable and the dependent variable by excluding the influence of another independent variable (Cao et al., 2014).

The formula is as follows:

[image: Formula representing the partial correlation coefficient: \( r_{xy \cdot z} = \frac{r_{xy} - r_{xz}r_{yz}}{\sqrt{(1 - r^2_{xz})(1 - r^2_{yz})}} \).]	

where rxy, rxz, and ryz is the correlation coefficient between variables x and y, x and z, and y and z, respectively, ranging from −1 to 1, rxy.z is the partial correlation coefficient between rxy and rxz fixed ryz. The value of the partial correlation coefficient ranges from +1 to −1.






3 Results



3.1 Spatiotemporal changes in the NDVI of wetland in the ARB

At the basin scale, the mean NDVI of wetland in the growing season showed a significantly increasing trend (p < 0.01) from 1982 to 2020 with a growth rate of 0.023 per decade, although there was a minimum value in 2003 (Figure 2A). At the pixel scale, relatively large the NDVI of wetland values were mainly distributed in the eastern and central parts of the ARB, such as the Greater and Lesser Khingan mountains and the eastern Russian side. Relatively small NDVI values were mainly distributed in the southwestern part of the basin.


[image: Map series showing NDVI data across four panels (A-D). Panel A illustrates NDVI values with a trend chart, indicating a positive correlation. Panel B shows NDVI trends per decade with a pie chart highlighting changes, including areas with significant increase and slight changes. Panel C depicts changes as significant increase and nonsignificant change, with corresponding pie chart percentages. Panel D illustrates the Hurst exponent, showing stability and variability with a pie chart reflecting proportions of the data. Each map includes a scale bar and color-coded legend.]

Figure 2 | Spatial pattern of wetland normalized difference vegetation index (NDVI) in the Amur River basin from 1982 to 2020. (A) Spatial distribution of the average NDVI of wetland during the annual growing season, inset shows the temporal changes of NDVI; (B) spatial pattern in temporal trend (per decade) of NDVI; (C) spatial distribution of trend types; (D) spatial pattern in Hurst exponent of NDVI. The pie charts illustrate the area percentage of NDVI trends and sustainable characteristics.



According to Sen+Mann–Kendall analysis, variations in the NDVI of wetland from 1982 to 2020 in the ARB had apparent spatial heterogeneity (Figure 2B). With the Greater Khingan Mountains as a border, the NDVI of wetland primarily decreased in the relatively dry western region but increased in the relatively wet eastern region. In the ARB, 89.85% of pixels experienced significant increases (p < 0.05) in NDVI in the growing season (Figure 2C).

The mean value of the NDVI Hurst index for wetland vegetation was 0.71. As shown in Figure 2D, the Hurst index exceeded 0.5 in much of the ARB. Pixels with Hurst index values between 0.5 and 0.7 and greater than 0.7 accounted for 25.58% and 74.21%, respectively.

On the Chinese side of the ARB, the average the NDVI of wetland was 0.59, the trend of increase in average NDVI was 0.02 per decade, and the average Hurst index was 0.68. However, on the Russian side, the average the NDVI of wetland was 0.65, the trend of increase in average NDVI was 0.03 per decade, and the average Hurst index was 0.73. Thus, in the comparative analysis of Chinese and Russian sides, values on the Russian side were all higher than those on the Chinese side.

According to the SQMK test, the NDVI of wetland values in the ARB from 1982 to 2020 changed abruptly in 2000 (Figure 3A). During 1982–2000, the average NDVI fluctuated between 0.55 and 0.65, and the trend in the NDVI of wetland in the ARB was clearly one of increase. However, during 2000–2020, although the average NDVI fluctuated between 0.60 and 0.70, no significant trend of increase was observed (Figure 3B).


[image: Panel A shows a line graph with two lines representing UB (red) and UF (black) from 1980 to 2020. UB declines while UF rises, intersecting around 2000. Panel B displays a second graph with a dashed line illustrating value changes from 1980 to 2020, with a red line indicating a positive trend from 1982 to 2000 and a blue line showing minimal change from 2000 to 2020. Equations and R-squared values indicate statistical details.]

Figure 3 | Abrupt and temporal changes in wetland normalized difference vegetation index (NDVI) in the Amur River basin (ARB) from 1982 to 2020: (A) abrupt change of the NDVI of wetland using SQMK test. Dotted horizontal straight lines indicate the lower limit and upper limit of 95% confidence interval. (B) temporal changes of the NDVI of wetland in the ARB during 1982–2000 and 2000–2020. p < 0.05 and p < 0.01 indicate significance at the 95% and 99% levels.






3.2 Spatiotemporal change in climatic factors in the Amur River basin

From 1982 to 2020, increasing trend of PRE, TMP, TMX, and TMN were observed at different levels (Figure 4). The PRE had a growth rate of 1.5 mm per decade, and temperature (TMP, TMX, and TMN) increased significantly with a growth rate of 0.2°C per decade. In terms of spatial changes, PRE showed a downward trend in the west, mainly in the Songnen Plain, but an upward trend in the east, mainly in the Sanjiang Plain, with the reversal line at approximately 130°E. The temperature increase was higher in the western ARB than in the eastern ARB. On the Chinese side, PRE showed a downward trend, whereas on the Russian side, it showed an upward trend, indicating clear spatial heterogeneity. The magnitude of temperature increase in China was significantly higher than that in Russia.


[image: Four-panel map showing climate trends across a geographic region from 1980 to 2020. Panel A displays precipitation trends (mm/decade) with colors from brown to blue, indicating ranges from -4.50 to 6.50 mm/decade. Panel B shows temperature trends (°C/decade), with a red line indicating an increase, ranging from 0.10 to 0.50. Panel C illustrates maximum temperature trends with similar color coding, showing a range from 0 to 0.50 °C/decade. Panel D depicts minimum temperature trends using a similar color scale. Each panel includes a graph with a red trend line and statistical details.]

Figure 4 | Spatiotemporal changes in (A) precipitation (PRE), (B) daily mean temperature (TMP), (C) monthly average daily maximum temperature (TMX), and (D) monthly average daily minimum temperature (TMN) in the Amur River basin from 1982 to 2020. p < 0.05 and p < 0.01 indicate significance at the 95% and 99% levels.



From 1982 to 2020, an SQMK test revealed the abrupt change point in PRE occurred in 2019 (Figure 5). During the 4 decades, two break points in TMP occurred in 2000 and 2019, one break point in TMX occurred in 1998, and three break points in TMN occurred in 2006, 2018, and 2019.


[image: Eight panels display various climate data trends from 1980 to 2020. Panels A, C, E, and G show UF versus UB metrics, with differing trends in each. Panels B, D, F, and H depict data on precipitation (PRE), temperature (TMP), maximum temperature (TMX), and minimum temperature (TIN), respectively. Each graph includes two trend lines for periods 1982-2000 and 2000-2020, with PRE and TMP in millimeters and degrees Celsius. Dashed lines show annual data points, and solid lines indicate trend lines.]

Figure 5 | Abrupt change in (A, B) precipitation (PRE), (C, D) daily mean temperature (TMP), (E, F) monthly average daily maximum temperature (TMX), and (G, H) monthly average daily minimum temperature (TMN) in the Amur River basin.



Because abrupt changes in both NDVI and TMP occurred in 2000, the interannual variation in each climatic factor was analyzed in two stages separated by 2000 (Figure 5). Precipitation showed an overall decreasing trend from 1982 to 2000 but an increasing trend from 2000 to 2020. Daily mean temperature exhibited an increasing trend from 1982 to 2000 but a decreasing trend from 2000 to 2020. The trends in TMX were almost the same as those in TMP, but the trend in TMN was continuous increase in both periods.

According to the CNRM-ESM2-1 model, the climate will become warmer and drier under the SSP126 scenario (low-emission scenario) in the ARB in the growing season from 2021 to 2080, but under the SSP585 scenario (high-emission scenario), it will become warmer and wetter (Figure 6). In addition, the growth rate in TMN will be higher than that in TMX under the SSP585 scenario, whereas the difference will be not obvious under the SSP126 scenario.


[image: Two bar charts labeled A and B show projected temperature and precipitation from 2021 to 2080. Chart A displays temperature, with bars for TMP, TMX, and TMN. Chart B shows similar data with an emphasis on precipitation, represented by a blue line. Each chart spans three time periods: 2021-2040, 2041-2060, and 2061-2080. Values indicate slight increases in temperature and precipitation over time.]

Figure 6 | Future climate under (A) SSP126 and (B) SSP585 scenarios in the growing season from 2021 to 2080 in the Amur River basin.






3.3 Spatiotemporal patterns of correlations between the NDVI of wetland and climatic factors

Table 1 shows the correlations between the NDVI of wetland and the four climatic factors throughout the ARB. In terms of temporal correlation, the NDVI of wetland in the ARB was significantly and positively correlated with TMP, TMX, and TMN (p < 0.05) and negatively correlated with PRE (p > 0.05). The highest correlation was with TMP (r = 0.701). On both Chinese and Russian sides of the ARB, the NDVI of wetland was significantly and positively correlated with temperature (p < 0.05) but negatively correlated with PRE. In addition, partial correlation analysis revealed that TMP remained significantly and positively correlated with NDVI, while PRE was negatively correlated with NDVI except for Chinese side. In terms of the lag effects of precipitation and NDVI, the correlation coefficients between the NDVI of the current year and the precipitation of the previous year and the previous 2 years were −0.7 (p > 0.05) and 0.157 (p > 0.05), respectively.



Table 1 | Pearson correlation coefficients between NDVI and temperature (daily mean temperature, TMP; monthly average daily maximum temperature, TMX; monthly average daily minimum temperature, TMN) and precipitation (PRE) and partial correlation coefficients between NDVI and TMP and PRE in the Amur River basin and different nations during 1982–2020.

[image: Table displaying Pearson and partial correlation coefficients for three study areas: ARB, Chinese side, and Russian side. The values show correlations between R_NDVI and PRE, TMP, TMX, and TMN, with significance at the 0.05 and 0.01 levels indicated by asterisks.]

Spatially, there was a weak negative correlation between the NDVI of wetland and PRE in the central ARB, whilst the NDVI of wetland was positively correlated with PRE in the eastern and western ARB (Figure 7). At the pixel scale, 86.66% of the ARB showed significant positive correlations between the NDVI of wetland and TMP (p < 0.05), distributed throughout the ARB except in the west. Positive correlations between NDVI and TMX and between NDVI and TMN were mainly in the central and eastern ARB. On the Chinese side of the ARB, correlations between the NDVI of wetland and PRE were primarily negative, whereas on the Russian side, there were both positive and negative correlations between the NDVI of wetland and PRE. The NDVI of wetland was significantly and positively correlated with temperature on both Chinese and Russian sides of the ARB.


[image: Four maps labeled A, B, C, and D show different correlation types across a region with pie charts indicating the percentages. Map A highlights significant positive, positive, and negative correlations, with a majority yellow (negative, 54.40%) and green (positive, 36.63%). Map B is predominantly dark green (significant positive, 86.66%). Map C shows majorly green (significant positive, 58.18%) and dark green (positive, 38.25%). Map D shows significant positive (62.79%) and positive correlations (31.75%), primarily in dark green. Each map includes a scale bar of 500 kilometers.]

Figure 7 | Spatial patterns of correlations between normalized difference vegetation index (NDVI) and (A) precipitation (PRE), (B) daily mean temperature (TMP), (C) monthly average daily maximum temperature (TMX), and (D) monthly average daily minimum temperature (TMN) in the Amur River basin during 1982–2020. The pie charts illustrate the area percentage of different spatial patterns of the correlations.



According to the analysis of the two stages with 2000 as the node, correlations between the NDVI of wetland and the four climatic factors varied in different time periods and different countries (Table 2). There was a weak asymmetric effect of diurnal warming on wetland vegetation in the ARB during 2000–2020, which means Pearson correlation coefficients between NDVI and TMX and TMN are smaller than 0.2 and significances are greater than the 0.05 level. The NDVI of wetland was positively correlated with daily maximum temperature but negatively correlated with daily minimum temperature. On Chinese and Russian sides of the ARB during the two periods, the NDVI of wetland was primarily negatively correlated with PRE and significantly and positively correlated with TMP (p< 0.01). Nevertheless, on the Russian side, NDVI and PRE were positively correlated during 1982–2000, and NDVI and TMP were negatively correlated during 2000–2020.



Table 2 | Pearson correlation coefficients between normalized difference vegetation index (NDVI) and four climatic factors in different regions during two periods.

[image: Table showing climate data for different study areas from 1982 to 2020. For 1982–2000, ARB has temperature (TMP) of 0.642 and maximum temperature (TMX) of 0.302. Chinese side has TMP of 0.602 and TMX of 0.325. Russian side has TMP of 0.622 and TMX of 0.27. For 2000–2020, ARB has TMP of 0.351 and TMX of 0.14. Chinese side has TMP of 0.259 and TMX of 0.07. Russian side has TMP of -0.011 and TMX of 0.15. Significance levels indicated by asterisks.]

Pronounced latitudinal and longitudinal zonal variability was observed among correlation coefficients (Figure 8). With an increase in latitude, correlation coefficients between NDVI and TMP increased before decreasing, whereas those between NDVI and PRE decreased before increasing. However, in the longitudinal direction, trends in correlation coefficients between NDVI and TMP and PRE were opposite to those in the latitudinal direction. Notably, 49°N and 130°E were apparent points for the change between increasing and decreasing correlation coefficients.


[image: Graphs A and B show the correlation coefficients between Temperature (TMP) and NDVI, and Precipitation (PRE) and NDVI. Graph A plots the coefficients against Latitude, while Graph B plots them against Longitude. Blue dots and lines represent TMP and NDVI, with trend lines shown as blue dotted lines. Yellow dots and lines represent PRE and NDVI, with trend lines shown as red dotted lines. Each graph includes polynomial trend equations and R-squared values.]

Figure 8 | Changes in correlation coefficients between normalized difference vegetation index (NDVI) and temperature and precipitation (PRE) in (A) latitudinal and (B) longitudinal directions.







4 Discussion



4.1 The NDVI of wetland dynamics and its relations with climatic factors

The NDVI of wetland showed a significant upward trend during 1982–2020, which was primarily attributed to increases in temperature and precipitation. A warm and humid environment is conducive to the growth of wetland vegetation (Burkett and Kusler, 2000). Higher temperature can increase greater photosynthetic intensity, which played an important role for the growth of vegetation (Sharma et al., 2020). The percentage increase in the NDVI trend and the Hurst index indicated good overall growth of wetland vegetation during the four decades examined in this study. In addition, according to the results of Hurst exponent, the predicted future change in the NDVI of wetland trend in the ARB was consistent with that of the past trend (Figure 2D). The minimum point of the NDVI of wetland occurred in 2003 but temperature, affected vegetation growth strongly, was not the lowest value, and precipitation was not strongly correlated with wetland vegetation. However, the minimum point of precipitation occurred in 2001, so we considered whether the minimum NDVI in 2003 could be caused by the lagging effect of precipitation and spring drought led to a large reduction. The correlation coefficients were −0.7 (p > 0.05) and 0.157 (p > 0.05), respectively, which indicated that there were lag effects of PRE on the NDVI of wetland in the ARB.

According to the SQMK test, average the NDVI of wetland in the ARB increased after 2000. The increase in average NDVI was probably attributed to recognition of the importance of wetlands beginning in the late 1990s and China’s promulgation of the China Action Plan for Wetland Conservation in 2000 (Chen et al., 2018). In addition, Northeast China responded positively to the national policy. For example, Heilongjiang Province promulgated the Decision on Wetland Protection in 1998 and the Heilongjiang Wetland Protection Regulations in 2003 (Cui, 2006). However, the rate of increase in the NDVI of wetland slowed after 2000, which was likely associated with the decline in TMP during 2000–2020. The global warming interruption from 1999 onward resulted in a weak cooling trend in TMP (Fyfe et al., 2013; Karl et al., 2015), also called the warming interval (Li et al., 2015). Because the abrupt changes in both NDVI and TMP occurred in 2000, it also confirmed that the NDVI of wetland in the ARB was mostly influenced by TMP. Increases in temperature lead to increases in photosynthetic intensity of plants (Sharma et al., 2020), thus promoting the growth of vegetation in the growing season, according to Yang et al. (2020). In further analysis of the relations between NDVI and daytime and nighttime temperatures in the ARB, weak asymmetric effects of diurnal warming on wetland vegetation were detected during 2000–2020. The growing season NDVI of wetland vegetation was positively correlated with TMX and negatively correlated with TMN, which is consistent with the Peng et al. (2013). Wetland vegetation perform photosynthesis during the daytime, and increasing TMX can enhance photosynthetic enzyme activity and carbon dioxide concentration, thus promoting vegetation growth (Lucht et al., 2002; Beer et al., 2010). Respiration in plants occurs mainly at night, via enhanced autotrophic respiration and produced a compensatory stimulation of photosynthesis the next day (Wan et al., 2009), which could partly explain the positive correlation between NDVI and TMN.




4.2 Wetland vegetation changes in response to climate change at multiple scales

The growing season trends in the NDVI of wetland and its responses to climate change on Chinese and Russian sides of the ARB had obvious spatial heterogeneity. The NDVI of wetland was primarily negatively correlated with PRE and significantly positively correlated with TMP on the Chinese and Russian sides. Nevertheless, PRE had a positive effect on the NDVI of wetland in Russia during 1982–2000, possibly because adequate water promoted wetland vegetation growth. Russia is geographically closer to the sea than China; affected by the position of sea and land, there was more precipitation in Russia, especially in the east of Russia (Figure 4). During 2000–2020, the NDVI of wetland and TMP were negatively correlated on the Russian side, which might be associated with permafrost degradation under a warming climate. Permafrost covers 60% of the entire basin (Avis et al., 2011), and many wetlands in cold regions live in symbiosis with permafrost. Permafrost prevents precipitation and runoff from percolating into the ground, and excessive surface moisture inhibits aerobic bacterial activity, and promotes peat accumulation, which contributes to the growth of wetland vegetation (Jin et al., 2008). China is located in a mid-temperate region with higher temperature, which is the strong climatic factor affecting vegetation growth. However, the growth of wetland vegetation on the Russian side was better than that on the Chinese side. This discrepancy could be attributed to not only the influence of climate but also the different intensity of human activity (Mao et al., 2021). In addition, over-cultivation of rice in northeastern China, an important grain production base, competes with wetlands for water (Zou et al., 2018). Surface water is reintroduced from the subsurface to irrigate farmland in some areas due to excessive oxidative enrichment, resulting in a decline in wetland water levels (Zhou et al., 2021).

Notably, correlation coefficients between NDVI and PRE and TMP in the ARB were zonal in latitudinal and longitudinal directions, and 49°N and 130°E were the apparent turning points between increasing and decreasing correlation coefficients. In the latitudinal direction, 49°N is roughly consistent with the boundary between mid-temperate and frigid-temperate zones (Wang et al., 2021). In the frigid-temperate zone, relatively high temperatures are associated with increases in effective soil nitrogen, which promote wetland vegetation growth by increasing photosynthetic intensity of the vegetation (Amundson et al., 2003). In addition, increases in rainfall are associated with an increase in cloud cover and a decrease in sunlight, which may limit vegetation growth (Mao et al., 2012). In the longitudinal direction, 130°E is roughly consistent with the boundary between humid and semi-humid zones (Zhang et al., 2019). The eastern part of the ARB is primarily in the humid region, whereas the western part is in the semi-humid region. In semi-humid areas, wetland vegetation is hydrophilic, and PRE is the main factor influencing its growth (Li et al., 2013). However, with an increase in longitude in the humid area, excessive PRE leads to the drowning and death of some wetland vegetation (Figure 9), including Phragmites australis and Scirpus triqueter, which are the dominant wetland vegetation in the ARB (Xie et al., 2008). Except for the drowning of wetland vegetation, the increase of clouds and the reduction of sunshine caused by excessive PRE inhibits the growth of wetland vegetation (Yang et al., 2020). Therefore, correlation coefficients between PRE and NDVI decreased, and TMP was a major factor affecting vegetation growth.


[image: Panel A shows two individuals walking on a flooded path, sharing an umbrella, surrounded by grass. Panel B depicts a marshland with green and brown grass, and several birds visible in the vegetation.]

Figure 9 | Excessive PRE condition in the ARB (A) and the brown parts indicate the death of the wetland vegetation (B).






4.3 Projection of future climate change effects on wetland vegetation in the Amur River basin

The warming and wetting in the ARB during the 4 decades of this study are consistent with results of previous researches (Yu et al., 2013; Chu et al., 2019). According to the observations and the analysis of data by various organizations, global climate change is dramatic (IPCC, 2007; Potter et al., 2017). In the future, the climate warming trend will continue in the Northern Hemisphere (Salinger, 2005). In the ARB, temperature and precipitation are predicted to increase by the end of the 21st century under the SSP585 scenario (Yang et al., 2021), and the area of marshland is predicted to increase on the Songnen and Sanjiang plains (Chen et al., 2018). Compared with Canada in the same latitudes, the future warmer and wetter climate will favor increased wetland abundance in the western prairies (Zhang et al., 2021). Future climate change (i.e., warming, variation in precipitation) will affect the growth of wetland vegetation through photosynthesis, respiration and transpiration. In order to predict future climate change conditions, CMIP6 developed different emission scenarios to simulate different possible socioeconomic developments (O'Neill et al., 2016). SSP–RCP was widely used in regional climate change prediction (Yang et al., 2020; Ren et al., 2022). To further explore the future growth of wetland vegetation in the entire ARB, the NDVI of wetland from 2021 to 2080 was predicted selecting SSP1–RCP2.6 (SSP126) and SSP5–RCP8.5 (SSP585).

Under the SSP126 scenario, warming in the future will increase the NDVI of wetland (Sharma et al., 2020), and the relatively dry but still humid conditions will encourage growth of wetland vegetation in the future (Xie et al., 2008). Under the high-emission scenario, the NDVI of wetland will also show an upward trend from 2021 to 2080, because temperature will have a greater effect on the growth of wetland vegetation than that of precipitation in the ARB (Table 1). Notably, in the humid area, an increase of precipitation will cause a decrease in NDVI (Mao et al., 2012). In terms of diurnal temperature, the negative effect of the rapid rise in TMN on the NDVI of wetland will gradually increase and might even exceed the positive effect of TMX in the future.





5 Conclusions

Based on NDVI and CRU data, this study investigated spatiotemporal changes in the NDVI of wetland and its responses to climate change in the ARB during 1982–2020 in different countries, geographic gradients, and time periods. From 1982 to 2020, the NDVI of wetland increased significantly (p < 0.01) at the rate of 0.023 per decade, but the increasing rate gradually slowed. Approximately 89.85% of the total basin experienced significant increases in the NDVI of wetland in the growing season (p < 0.05). Correlation analysis and SQMK method both indicated that the NDVI of wetland responded most strongly to TMP. Asymmetric diurnal warming was detected during 2000–2020 by comparing the trend in TMX with that in TMN. The NDVI of wetland was positively correlated with TMX (r = 0.14, p > 0.05), but it was negatively correlated with TMN (r = −0.012, p > 0.05). The influence of PRE on wetland was weak and not significant. In addition, correlations between the NDVI of wetland and climatic factors were zonal in latitudinal and longitudinal directions. Under the SSP126 and SSP585 scenarios, the climate will become warmer, and the NDVI of wetland in the ARB is predicted to increase until 2080. Note that the negative effect of the rapid rise in TMN on the NDVI of wetland will gradually increase and might even exceed the positive effect of TMX in the future. The climatic factors affecting wetland NDVI are not only temperature and precipitation, but also solar radiation and wind speed et al. In addition to climate factors, human activities also have a great impact on wetlands, and human factors were rarely discussed in this study. The findings of this study are expected to provide support for wetland conservation and sustainable management in the ARB.
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Sediment accretion (burial) and nutrient enrichment may exert a synergistic influence on the growth and distribution of macrophytes in floodplain wetlands; however, this phenomenon has rarely been examined. In this study, we investigated the effects of sediment accretion and nutrient enrichment on the growth and vegetative propagation of Phalaris arundinacea within a Carex thunbergii stand (one P. arundinacea ramet within 25 C. thunbergii ramets) using a factorial sediment burial (0, 3, and 6 cm) and nutrient addition (low, medium, and high) experimental design. High sediment burial (6 cm) without nutrient addition decreased the aboveground and total biomass of C. thunbergii but did not affect P. arundinacea, indicating that P. arundinacea is more tolerant to sediment burial than C. thunbergii. Moderate sediment burial (3 cm) with nutrient addition enhanced the aboveground and total biomass of P. arundinacea but did not affect C. thunbergii, indicating that P. arundinacea may gain a growth advantage over C. thunbergii under moderate sedimentation. High sediment burial with nutrient addition increased the number of rhizomes and ramets produced by P. arundinacea but did not affect C. thunbergii, indicating that the relative abundance of P. arundinacea may increase within the Carex community under high sedimentation conditions. Based on these results, it can be concluded that an increased sedimentation rate facilitates the invasion of P. arundinacea into Carex grasslands, and this invasion is further enhanced by nutrient enrichment. Therefore, management measures should be taken to reduce the sediment load and nutrient input to prevent Carex grasslands invasion by P. arundinacea and maintain the ecological function of floodplain wetlands.




Keywords: Carex grasslands, floodplain wetlands, macrophyte distribution, sediment deposition, vegetative propagation




1 Introduction

Macrophyte vegetation in floodplain wetlands plays crucial ecological roles such as controlling sediment nutrients and providing food sources and habitats for wildlife (Dar et al., 2020; Dou et al., 2023). Macrophytic species are typically distributed along hydrological gradients and exhibit dynamic zonal patterns (Zhang et al., 2020). Hydrological conditions and sediment properties influence their growth and distribution, thereby influencing the ecological function of floodplain wetlands (Chen et al., 2014; Liu et al., 2018; Zhang et al., 2020; Jing et al., 2021; Moritz et al., 2022).

Flood regimes and sediment properties have changed considerably in many freshwater environments because of climatic changes and anthropogenic activities, which may influence the distribution patterns of macrophytes (Blakey et al., 2017; Chen et al., 2018; Ji et al., 2021; Huang et al., 2022). In floodplain wetlands, sedimentation co-occurs with flooding (Maun, 1998). After flooding, sediments are deposited on floodplain wetlands, ranging in depth from a few millimeters to several centimeters per year (Ou et al., 2019; Baniya et al., 2020; Geng et al., 2021; Kretz et al., 2021; Huang et al., 2022; Zeng et al., 2023). Wetland macrophytes with different growth forms respond differently to sediment accretion and have evolved various morphological and physiological strategies to acclimate to sediment burial stress (Li et al., 2015). Caulescent macrophytes, such as Phalaris arundinacea and Polygonum hydropiper, elongate the internode length, release dominant buds on their stems, and increase stem biomass to escape sediment accretion (Chen et al., 2014, 2017a). Non-caulescent macrophytes, such as Carex brevicuspis and Vallisneria natans, may not respond as successfully to sediment accretion as caulescent macrophytes (Pan et al., 2012). Thus, the differential responses to sediment accretion among macrophyte species may alter macrophyte distribution (Owen et al., 2004).

Nutrients in floodwater, such as nitrogen and phosphorus, may be retained in the sediment after flooding, facilitating the acclimation of wetland macrophytes to sediment stress (Ou et al., 2019; Huang et al., 2022; Zeng et al., 2023). Nutrients in the sediment may play an important role in stimulating plant growth following sediment burial. However, their effects on macrophyte growth vary from positive to negative, particularly following deep sediment burial (Chen et al., 2017b). Therefore, the effects of sediment nutrient enrichment on growth and vegetative reproduction may differ among macrophyte species.

Moreover, sediment accretion and nutrient enrichment are concurrent processes that may exert a synergistic influence on the growth and distribution of macrophytes but have rarely been examined. In this study, we investigated the effects of sediment accretion and nutrient enrichment on the growth and propagation of Phalaris arundinacea in a C. thunbergii stand. Carex is the dominant species in the floodplain wetlands of the Yangtze River basin, with P. arundinacea sparsely distributed within the Carex vegetation (Jing et al., 2017). Recently, the abundance and distribution of P. arundinacea has increased, especially in lacustrine wetlands with considerable sedimentation (Nelson and Anderson, 2015). Sediment accretion and nutrient enrichment are potential drivers of these changes, although empirical evidence supporting this is limited. We tested two hypotheses: (1) P. arundinacea can tolerate higher sediment accretion than C. thunbergii because it can escape sediment burial more efficiently than C. thunbergii, and (2) P. arundinacea may benefit more from nutrient enrichment than C. thunbergii because it can utilize nutrients more efficiently than C. thunbergii (Wetzel and van der Valk, 1998; Nelson and Anderson, 2015).




2 Materials and methods



2.1 Study site

Shengjin Lake (30°15′-30°30′N, 116°55′-117°15′E), located in the lower reaches of the Yangtze River, was listed as an internationally important wetland in 2015 (Wang et al., 2018). Influenced by the subtropical monsoon climate, wetlands tend to be inundated from June to October and are exposed from November to May. Carex thunbergii is the dominant plant community in the water-level fluctuation zone of this wetland.




2.2 Study species

Carex thunbergii is a rhizomatous sedge widely distributed in lakes and wet grasslands of eastern Asia (Dai et al., 2010). The pseudoculms of C. thunbergii have overlapping sheaths and are usually 40–100 cm high. Carex thunbergii often forms a monodominant community with a coverage of approximately 100% (Jia et al., 2020). The aboveground shoots of C. thunbergii are submerged and decompose during the flooding season, and new shoots emerge from the belowground rhizome buds immediately after the floodwaters recede (Chen et al., 2014).

Phalaris arundinacea is widely distributed in riparian and lacustrine wetlands in the subtropical and temperate regions of the Northern Hemisphere (Wu and Phillips, 2006). The erect culms are reed-like and 60–150 cm in height. They produce extensively spread rhizomes, enabling them to reproduce vigorously and spread aggressively (Wu and Phillips, 2006; Chen et al., 2017a). In the Carex community, P. arundinacea is a commonly observed companion species; however, its relative abundance and importance have increased considerably in recent times, which may affect the structure and function of Carex grasslands (Chen et al., 2017a).




2.3 Experimental design

The experiment was conducted at the Shengjin Lake Station for Wetland Ecosystem Research, Dongzhi County, Anhui Province, China (Figure 1). Before the experiment, we surveyed the ramet density of P. arundinacea in Carex grasslands in Shengjin Lake. The ramet density of P. arundinacea ranges from 1 to 112 ramets m-2, and density of C. thunbergii ranges from 400 to 2240 ramets m-2. Then, young ramets with soil from the Yaozui section of the lake were dug up and transported to the research station on April 3, 2023. Ramets were cultivated in a nursery bed containing a 10 cm soil/sand mixture (1:1 v/v) sourced from the Shengjin Lake. On April 10, one P. arundinacea ramet and 25 C. thunbergii ramets of similar heights (4–6 leaves and 14–20 cm in height) were planted in plastic buckets containing wetland soil 15 cm deep (each plastic bucket was 20 cm in diameter and 30 cm in height). There are many small holes (< 3 mm) at the bottom of the buckets, which allowed water to penetrate. The densities of C. thunbergii and P. arundinacea in the experiment were 796 and 32 ramets m-2, respectively, which were within the density range observed in the field.


[image: Map showing the Shengjin Lake area in Anhui Province. The left side displays Anhui with a highlighted section linked to a larger detailed map on the right. The map includes water bodies in blue, a sampling site marked with a blue circle, Shengjin Lake Station indicated by a red triangle, and the lake boundary outlined in green. A legend clarifies these symbols. Coordinates and a scale bar are provided for reference.]

Figure 1 | Study area and locations of sampling sites in Shengjin Lake, China.



The experimental design was a randomized block with five replicates (Figure 2). The experiment was conducted in separate outdoor water tanks (98 × 76 × 68 cm). Three sediment burial depths (0, 3, and 6 cm) and three levels of nutrient addition (low, medium, and high) were used in the experiment. The low-nutrient sediment was sand collected from Shengjin Lake, which contained 0.03 mg kg-1 total nitrogen, 0.02 mg kg-1 total phosphorus, and 0.48 mg kg-1 total potassium. The medium- and high-nutrient sediments were created by mixing lake sand homogeneously with 1 or 2 g of Osmocote slow-release fertilizer (501 Osmocote Plus [N-P-K, 15-10-12 + 2 MgO + TE ICL], Belgium N.V.). For the 3 and 6 cm sediment accretion with nutrient addition treatments, medium- or high-nutrient sand was added to the container to the corresponding depth. For the 0 cm sediment accretion with nutrient addition treatment, 1 or 2 g of slow-release fertilizer was added to the soil surface and covered with a thin layer of sand (< 0.2 cm). The water level in the tanks was maintained at 15 cm (0 cm for each plant) during the experiment. Plants were monitored weekly, and new ramets were marked with plastic labels.


[image: A diagram of nine circles, each labeled "C, P," representing 25 Carex thunbergii ramets and 1 Phalaris arundinacea ramet. The circles are arranged in three rows and columns. Each circle is further labeled with combinations of S1, S2, S3 for burial depths (0 cm, 3 cm, 6 cm) and N1, N2, N3 for nutrient levels (low, medium, high).]

Figure 2 | Schematic plan of the experimental design.






2.4 Harvest and measurement

Plants were harvested on August 29, 2023, 20 weeks after treatment. The plants were carefully removed from the plastic containers to ensure the integrity of the aboveground and belowground parts. The plants were washed with tap water to remove attached sediment. Ramet height, root length, and number of ramets and rhizomes of each P. arundinacea parent ramet were measured. We also measured the number of rhizomes and ramets produced by each C. thunbergii parent ramet in the plastic containers. We then selected five C. thunbergii parent ramets from each container to measure the ramet height and root length. The ramets of P. arundinacea and C. thunbergii were separated into roots, shoots, and leaves. The biomass of each plant part was measured after drying at 85°C for 48 h in an oven.




2.5 Data analysis

Two-way ANOVA was performed to evaluate the main effects and interactions of sediment burial depth and nutrient addition levels on biomass accumulation, biomass allocation, ramet height, root length, and the number of new ramets and rhizomes. Multiple comparisons of the means were performed using Tukey’s test at a significance level of 0.05. Data were log10-transformed, if necessary, to reduce the heterogeneity of variance, and homogeneity was confirmed using Levene’s test. All analyses were performed using the “car” and “multcomp” package in R program (v. 4.1.2; R Core Team 2020).





3 Results



3.1 Biomass accumulation and allocation

Aboveground, belowground, and total biomass of P. arundinacea were significantly affected by burial depth and nutrient levels (P < 0.01; Table 1). Sediment accretion increased the aboveground, belowground, and total biomass of P. arundinacea growing in medium- and high-nutrient sediments (Figures 3A–C). Nutrient addition increased the aboveground and total biomass of P. arundinacea growing in the 3 and 6 cm sediment burial treatments (Figures 3A, B).



Table 1 | Summary of two-way ANOVA (F-values) for total biomass, aboveground biomass, belowground biomass, ramet height, root length, and number of rhizomes and ramets in Phalaris arundinacea and Carex thunbergii grown at three sedimentation depths and three nutrient levels.

[image: Comparison table showing the effects of burial depth and nutrient level on various growth parameters for Phalaris arundinacea and Carex thunbergii. Parameters include total biomass, aboveground and belowground biomass, ramet height, root length, number of rhizomes, and number of ramets. Significance levels are denoted by asterisks: *** for P < 0.001, ** for P < 0.01, * for P < 0.05, and ns for P > 0.05.]


[image: Bar charts illustrating biomass measurements for *Phalaris arundinacea* and *Carex thunbergii*. Panels A, B, C show total, aboveground, and belowground biomass for *Phalaris arundinacea* across low, medium, and high nutrient levels at 0, 3, and 6 cm. Panels D, E, F represent the same for *Carex thunbergii*. Nutrient levels significantly influence biomass, with asterisks indicating statistical differences.]

Figure 3 | Biomass accumulation in Phalaris arundinacea and Carex thunbergii at three sediment burial depths with three nutrient levels. Total biomass, Aboveground biomass and Belowground biomass of Phalaris arundinacea (A–C), Total biomass, Aboveground biomass and Belowground biomass of Carex thunbergii (D–F). Different lowercase letters indicate significant differences among burial depth treatments at the same nutrient level (P < 0.05). * indicates significant differences among different nutrient level treatments at the same sediment burial depth (P < 0.05).



The total and belowground biomass of C. thunbergii were only affected by the nutrient levels (Table 1). Nutrient addition increased the total and belowground biomass of C. thunbergii growing in the 6 cm sediment burial treatment (Figures 3D, F). The aboveground biomass of C. thunbergii was significantly affected by burial depth and nutrient levels (P < 0.05; Table 1). When growing in low-nutrient sediment, the aboveground biomass of C. thunbergii was higher in the 3 cm sediment layer than in the 6 cm sediment layer (Figure 3E). Nutrient addition increased the aboveground biomass of C. thunbergii growing in the 6 cm sediment burial treatment (Figure 3E).

The ratio of shoot biomass of P. arundinacea to the shoot biomass of C. thunbergii ranges from 9.04% to 48.47% across treatments (Figure 4A). The ratio of root biomass of P. arundinacea to the root biomass of C. thunbergii ranges from 2.23% to 7.28% across treatments (Figure 4B). The ratio of total biomass of P. arundinacea to the total biomass of C. thunbergii ranges from 5.17% to 28.78% across treatments (Figure 4C). The ratios of the shoot, root, and total biomass of P. arundinacea to the shoot, root, and total biomass of C. thunbergii were higher in the 6 cm sediment burial treatment with high nutrient addition than that in the 0 cm burial depth treatment without nutrient addition (Figures 4A–C).


[image: Bar charts labeled A, B, and C depict biomass ratios. Chart A shows shoot biomass ratio, Chart B displays root biomass ratio, and Chart C illustrates total biomass ratio. Two plant species, *Phalaris arundinacea* (white bars) and *Carex thunbergii* (gray bars), are compared across different conditions: 0L, 0M, 0H, 3L, 3M, 3H, 6L, 6M, 6H. Data labels a, b, and ab indicate statistical differences.]

Figure 4 | Shoot, root, and total mass ratio of Phalaris/Carex at three burial depths and three nutrient levels (A–C). Different lowercase letters indicate significant differences among the treatments (P < 0.05). Treatments: 0 cm burial depth with low nutrients (0, L); 0 cm burial depth with medium nutrients (0, M); 0 cm burial depth with high nutrients (0, H); 3 cm burial depth with low nutrients (3, L); 3 cm burial depth with medium nutrients (3, M); 3 cm burial depth with high nutrients (3, H); 6 cm burial depth with low nutrients (6, L); 6 cm burial depth with medium nutrients (6, M); and 6 cm burial depth with high nutrient levels (6, H).






3.2 Ramet height and root length

The ramet height of P. arundinacea was affected by burial depth and nutrient levels (P < 0.05; Table 1). When growing in high-nutrient sediments, the ramet height of P. arundinacea increased with sediment depth. Nutrient addition increased the ramet height of P. arundinacea in both the 3 and 6 cm burial depth treatments (Figure 5A). The ramet height of C. thunbergii was affected by burial depth and had a significant interaction with nutrient levels (Table 1). Without nutrient addition, the ramet height of C. thunbergii was shorter in the 6 cm burial depth treatment than that in the 3 cm burial depth treatment (Figure 5C). At a sediment burial depth of 6 cm, addition of nutrients increased the ramet height of C. thunbergii (Figure 5C).


[image: Bar graphs comparing the effects of nutrient levels and burial depth on ramet and root growth in Phalaris arundinacea and Carex thunbergii. Graph A and B show ramet height and root length of Phalaris arundinacea. Graph C and D show ramet height and root length of Carex thunbergii. Each graph presents data for low, medium, and high nutrient conditions across different burial depths. Measurements are indicated in centimeters, with significant differences marked by asterisks and letters indicating statistical groups.]

Figure 5 | Ramet height and root length of Phalaris arundinacea (A, B) and Carex thunbergii (C, D) growing at three sediment burial depths with three nutrient levels. Different lowercase letters indicate significant differences among burial depth treatments at the same nutrient level (P < 0.05). * indicates significant differences among different nutrient level treatments at the same sediment burial depth (P < 0.05).



The root length of P. arundinacea was affected by burial depth and nutrient levels (P < 0.05; Table 1). Without nutrient addition, the root length of P. arundinacea was greater in the 6 cm sediment burial treatment than that in 0 cm burial depth treatment (Figure 5B). Without sediment burial, nutrient addition increased the root length of P. arundinacea (Figure 5B). The root length of C. thunbergii was only affected by nutrient levels (Table 1). At a sediment burial depth of 6 cm, nutrient addition increased the root length of C. thunbergii (Figure 5D).




3.3 Number of rhizomes and ramets

The number of rhizomes produced by P. arundinacea was significantly affected by the sediment burial depth, with significant interactions with nutrient levels (P < 0.05; Table 1). When grown under medium nutrient conditions, P. arundinacea produced more rhizomes in the 6 cm burial depth treatment than in the 0 cm burial depth treatment (Figure 6A). Nutrient addition increased the number of rhizomes produced by P. arundinacea when subjected to 3 and 6 cm sediment burial (Figure 6A). The number of rhizomes and ramets produced by C. thunbergii was neither affected by burial depth or nutrient levels (Figures 6C, D).


[image: Four bar charts display the effects of varying nutrient levels and distances on the number of rhizomes and ramets produced by Phalaris arundinacea and Carex thunbergii. Charts A and B show Phalaris arundinacea with increased rhizomes and ramets in high nutrients, especially at 6 cm. Charts C and D depict Carex thunbergii with more consistent numbers across nutrient levels, showing no significant difference. Error bars and significance stars indicate variability and statistical relevance.]

Figure 6 | The number of rhizomes and ramets of Phalaris arundinacea (A, B) and Carex thunbergii (C, D) growing at three sediment burial depths with three nutrient levels. Different lowercase letters indicate significant differences among burial depth treatments at the same nutrient level (P < 0.05). * indicates significant differences among different nutrient level treatments at the same sediment burial depth (P < 0.05).



The number of ramets produced by P. arundinacea was significantly affected by burial depth and nutrient levels (P < 0.05; Table 1). With the addition of nutrients, the number of ramets produced by P. arundinacea was higher in the 6 cm burial depth treatment than in the 0 cm burial depth treatment (Figure 6B). At a burial depth of 6 cm, addition of nutrients increased the number of ramets produced by P. arundinacea (Figure 6B). The number of ramets produced by C. thunbergii was neither affected by burial depth or nutrient levels (Table 1; Figure 6D).





4 Discussion



4.1 High sediment accretion inhibited C. thunbergii growth but did not affect P. arundinacea

In our study, 6 cm sediment burial without nutrient addition decreased the aboveground and total biomass of C. thunbergii but had no effect on P. arundinacea (Figures 3A–D). As a non-stem sedge, C. thunbergii can escape sediment burial by producing spreading ramets via rhizome elongation (Li et al., 2015). However, projecting new ramets onto a sediment surface consumes large quantities of carbohydrate reserves (Pan et al., 2012; Chen et al., 2017b). Consequently, the biomass of C. thunbergii decreases with heavy sediment burial. In contrast, P. arundinacea can escape sediment burial through rapid stem growth and internode elongation (Chen et al., 2014, 2017a). Therefore, P. arundinacea can tolerate higher sediment accretion than C. thunbergii, which is consistent with hypothesis 1. Hypothesis 1 was also supported by the higher proportional biomass of P. arundinacea to C. thunbergii in the heavy sedimentation treatment (Figure 4C).




4.2 Moderate sedimentation enhanced P. arundinacea growth but did not affect C. thunbergii

Our results showed that moderate sediment burial with nutrients enhanced the aboveground and total biomass of P. arundinacea but had no effect on C. thunbergii. Studies have indicated that moderate sedimentation stimulates macrophyte growth (Maun, 1998; Gilbert and Ripley, 2010; Chen et al., 2017a; Fan et al., 2018). For example, moderate sedimentation increases the growth of Spartina patens, Scirpus mariqueter, and S. alterniflora (Halun et al., 2002; Matzke and Elsey-Quirk, 2018; Xiao et al., 2023). The stimulation of macrophyte growth upon sedimentation may be attributed to increased soil volume, nutrients, moisture, and microbial activity (Maun, 1998). For P. arundinacea, increased nutrient availability may have been the primary contributor stimulating growth during sediment burial (Katagiri et al., 2011; Chen et al., 2017a).

Nevertheless, we did not observe a stimulatory effect of moderate sedimentation on C. thunbergii growth. Non-caulescent Carex species adapt to sedimentation by changing their clonal growth from economically clumped ramets to costively spreading ramets (Bernard, 1990; Chen et al., 2010; Li et al., 2015). Even with moderate sediment burial (3 cm), the proportion of spreading ramets produced by C. brevicuspis increased significantly, indicating that Carex species were sensitive to sediment burial. Furthermore, the increased growth of P. arundinacea after sediment deposition may have suppressed the growth of native species through light interception (Kercher and Zedler, 2004). Phalaris arundinacea can effectively utilize resources such as light and sediment nutrients to produce additional ramets, enhancing its competitive capacity (Martina and von Ende, 2012; Chen et al., 2017a; Winikoff et al., 2020). Therefore, P. arundinacea may have a growth advantage over C. thunbergii under moderate sedimentation conditions.




4.3 Nutrient enrichment increased the vegetative propagation of P. arundinacea but not C. thunbergii

Our results indicated that high sediment accretion with nutrients increased the number of rhizomes and ramets produced by P. arundinacea but did not affect C. thunbergii. This result is consistent with hypothesis 2: P. arundinacea benefits more from nutrient enrichment than C. thunbergii does. Other studies also found that nutrient addition increased the abundance and production of P. arundinacea in wet prairie assemblages during P. arundinacea invasion (Kercher and Zedler, 2004; Weston et al., 2021). As an opportunistic invader, P. arundinacea may efficiently utilize fluctuating resources and produce additional ramets to occupy its habitat (Davis et al., 2000; Kettenring et al., 2019). In contrast, Carex species may adopt a conservative reproductive strategy to manage resource availability, that is, produce a relatively constant number of rhizomes and ramets but change individual size (Chen et al., 2016). Therefore, with increasing nutrient input in floodplain wetlands, the abundance of P. arundinacea may increase in Carex grasslands.





5 Conclusion

Our study indicated that high sediment accretion inhibited the growth of C. thunbergii but had no effect on P. arundinacea. Moderate sedimentation enhanced the growth of P. arundinacea but did not affect C. thunbergii. Nutrient enrichment of sediments increased the vegetative propagation of P. arundinacea but did not affect C. thunbergii. From these results, we inferred that in floodplain wetlands, P. arundinacea may increase in abundance and coverage when growing in Carex grasslands subjected to sediment accretion and nutrient enrichment. Therefore, to maintain the ecological function of floodplain wetlands, management measures should be implemented to reduce sediment load and nutrient input to protect Carex grasslands from P. arundinacea invasion.
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Common reed (Phragmites australis) is a cosmopolitan species, though its dieback is a worldwide phenomenon. In order to assess the evolutionary role of phenotypic plasticity in a successful plant, the values and plasticity of photophysiological traits of Phragmites australis were investigated in the Lake Fertő wetlands at 5 sites with different degrees of reed degradation and along a seasonal sequence. On the one hand, along the established ecological degradation gradient, photophysiological traits of Phragmites changed significantly, affecting plant productivity, although no consistent gradient-type trends were observed. Gradual changes within a season in the values of photosynthetic traits were observed that were recorded in both degraded and stable stands, suggesting a universal response to seasonally changing environmental conditions that could not be overridden by the ecological gradient. On the other hand, reed plants exposed to different levels of degradation showed comparable physiological plasticity; there was no difference in trait variability between stable and degraded stands. This relatively uniform plasticity is likely to contribute to the resilience of reed plants by providing a wider range of adaptive traits under different conditions. In contrast, the 150-200% gradual change in photophysiological trait plasticity with senescence in Phragmites was also demonstrated, reflecting a more dynamic response of the photosynthetic apparatus to seasonal changes. Senescence affected the plasticity of plant traits independently of their degradation status, suggesting a more universal nature of seasonal changes. This research shows that under conditions of conservative resource use determined by stressful habitats, trait values respond to conditions, while trait plasticity shows minimal changes. Furthermore, phenological sequence significantly influenced both the values and the plasticity of the photosynthetic traits studied. Our results underline the impact of ecological degradation on reed physiology and highlight the importance of understanding both trait values and plasticity in plant responses to environmental and seasonal change.
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1 Introduction

The natural world exhibits considerable temporal and spatial variability, and in order to be successful organisms must evolve the ability to adapt to these changing conditions. Common reed (Phragmites australis (Cav.) Trin ex Steud – referred to in this text as Phragmites and reed), is a widespread perennial emergent aquatic plant that can dominate vast areas by forming extensive monocultures in its habitats and can be found in wetland and aquatic habitats around the world. Its cosmopolitan distribution highlights its remarkable ability to acclimate and adapt to a wide range of environmental conditions, from pristine wetlands to anthropogenically altered ecosystems. Phragmites not only possesses a wide range of competitive traits (Kettenring et al., 2012; Eller et al., 2014), but also a significant plasticity of these traits that determines the success of the species under very different environmental conditions (Vretare et al., 2001; Mozdzer and Zieman, 2010; Eller et al., 2017). This success of the common reed in different habitats underlines the importance of understanding the trait variability of successful species in relation to environmental gradients and developmental stages (Clevering and Lissner, 1999; Meyerson et al., 2016; Eller et al., 2017), thus making it an interesting subject to study the adaptability of plants as well as facilitating its effective conservation and management.

While genetic diversity remains the key component of biodiversity, structuring, functioning and stabilising ecosystems (Salo and Gustafsson, 2016; Carvalho et al., 2019), knowledge of the effects of phenotypic plasticity (trait variability) on growth and functioning of wetland plants remains limited (Chambers et al., 2008). The plastic response of Phragmites to various extreme conditions serves to increase the success of the species (Clevering et al., 2001; Vretare et al., 2001; Engloner, 2009), although the functional value of this plasticity, its evolutionary role, has not been fully explored and thus understood. The importance and role of phenotypic plasticity in organismal adaptation to environmental change is probably related to its dynamic nature. Researchers have investigated various mechanisms underlying phenotypic plasticity, and experimental evidence has shown that phenotypic plasticity can enable organisms to adjust their morphology and physiology in response to environmental cues, thereby enhancing their fitness and survival (Ghalambor et al., 2007; Valladares et al., 2007; Nicotra et al., 2010).

Although phenotypic plasticity is intrinsic to organisms, it is not static and can be modulated by various factors. Research has shown that phenotypic plasticity can change over time, even within weeks, with factors such as senescence or seasonal variation influencing its expression (Nicotra et al., 2010; Stotz et al., 2021). Studies have shown that as organisms age, their capacity for phenotypic plasticity may decrease due to physiological changes or reduced environmental sensitivity. In addition, phenotypic plasticity can vary within a year in response to seasonal cues such as changes in temperature, photoperiod or resource availability (Nicotra et al., 2010; Stotz et al., 2021). These environmental fluctuations can trigger phenotypic adaptations, resulting in temporal shifts in the expression of plastic traits. Thus, phenotypic plasticity exhibits a dynamism that is shaped by both intrinsic and extrinsic factors, highlighting its adaptability in facilitating organismal responses to changing environmental conditions.

Studying functional traits and their plasticity in an otherwise successful plant could be useful in unravelling the mechanisms behind its adaptability and ecological success (Ackerly et al., 2000; Reich et al., 2003). Photosynthesis is a fundamental physiological process that directly influences plant growth and productivity, and patterns of intraspecific trait variation could provide valuable insights into the role of photosynthetic traits in evolutionary adaptation (Arntz and Delph, 2001; Maire et al., 2015). By studying how photosynthetic traits vary along ecological gradients and across phenological sequences, we can gain insights into the adaptive strategies used by populations to cope with different environmental challenges (McKown et al., 2013; Fajardo and Siefert, 2016).

Understanding the dynamics of photosynthetic traits in Phragmites australis populations with different ecological and phenological backgrounds contributes to the understanding of how divergence in photosynthetic traits could lead to evolutionary advantages for species and, consequently, have broader ecological and conservation goals (Lessmann et al., 2001; Mészáros et al., 2003; Tóth, 2016). Common reed has been shown to be able to adapt to very different environments by maintaining a higher photosynthetic capacity in different habitats compared to other species (Lessmann et al., 2001; Engloner, 2009; Eller et al., 2017). This higher rate allows reeds to fix more carbon, giving them a significant advantage in terms of biomass production and species expansion. Chlorophyll fluorescence techniques are convenient, fast and important tools in plant physiology studies, as they provide a non-invasive way to monitor the photosynthetic performance of plants (Roháček et al., 2008; Kalaji et al., 2016; Tóth, 2018; Tóth et al., 2019). As an early indicator of stress manifestation in plants, it can be used to determine and understand heterogeneity in leaf photochemical efficiency (Li et al., 2004; Stratoulias et al., 2015; Tóth, 2016, 2018) and can provide useful information on leaf photosynthetic performance.

The phenomenon of reed die-back has been observed across numerous lakes throughout Europe, with over 35 cases documented (Ostendorp, 1989; van der Putten, 1997), though some areas of North America experiencing similar phenomena (Reed and Cahoon, 1992; Visser et al., 1999). The die-back was primarily attributed to human interventions that altered the natural environments of these aquatic ecosystems. The common reed has experienced large-scale declines, especially in areas where hydrological regimes, water quality, or land use have been modified by anthropogenic activities. The most pronounced impacts have been observed in lakes that have undergone water-level regulation, eutrophication, and habitat fragmentation, with reed beds breaking up, reduced vitality, and eventual loss of large sections of reed cover.

In response to the alarming prevalence and severity of reed die-back, the European project EUREED was initiated (van der Putten, 1997; Brix, 1999). The project’s objective was to analyse the mechanisms regulating the growth dynamics and stability of reed-dominated ecosystems, develop models and predictions of the impact of human activities and climate change, and devise management strategies for reed die-back (van der Putten, 1997; Brix, 1999). The project identifies a number of factors contributing to the dieback of Phragmites in Europe, including eutrophication, water management practices, genetic diversity constraints, mechanical disturbances, pollution and climate change. It seems important that these factors are addressed through integrated management strategies if reed ecosystems across the continent are to be conserved and restored (van der Putten, 1997; Brix, 1999, 1999; Čížková et al., 2000).

Hungarian lakes have not been exempt from the die-back tendency, as Lake Fertő and other lakes and wetlands in Hungary experienced significant reed disappearance during the same period (Dinka et al., 2010; Tóth, 2016). Human activities, including water regulation, urbanisation and inadequate reed management practices, have been identified as contributing factors for Hungarian lakes too. The loss of reed stands in these areas has not only resulted in a reduction in habitat availability for a diverse range of species, thereby impacting the ecosystem services they provide, but it remains a significant challenge for the conservation of European wetlands. This research aimed to understand changes in photosynthetic traits along an ecological gradient and developmental stages within a season. This study proposes a hypothesis that differences between the studied reed stands (ecological gradient) will have a significant effect on the values (a1) and plasticity (a2) of the studied photosynthetic traits. It further hypothesised that seasonal changes (phenological sequence) will have a significant effect on the values (b1) and plasticity (b2) of the studied photosynthetic traits.




2 Materials and methods



2.1 Study area

Lake Fertő/Neusiedl is a large water body (309 km2) on the border of Hungary and Austria (N47.71, E16.73 - Figure 1). It is an endorheic lake with a relatively small catchment area of 1120 km². The lake is shallow: the average depth is 0.7 metres, while the average depth of the pelagic parts is 1.4 metres. Lake Fertő can be divided into two distinct parts: the pelagic (open water) zone and the wetland area; the water quality and environmental conditions in each zone are unique. The 85% of the Hungarian part of the lake is covered with reeds, although the overall coverage of the lake is lower (55% or about 170 km2). Over time, the ecological status of the reed beds has deteriorated, particularly in the Hungarian section (Dinka et al., 2004, 2010). This deterioration has been caused by both natural and anthropogenic factors. Natural causes include senescence (most reed stands are more than a decade old and may be subject to dieback), zonation related to water depth (areas of waterlogged reed stands without direct freshwater inflow often have high dissolved organic matter content) and successional changes (drying up of parts of the wetland and transition to grassland). However, anthropogenic factors such as inappropriate reed management practices and infrastructure development are likely to be the main drivers of this degradation.


[image: Map split into two sections. Section A shows parts of Europe with a focus on the highlighted area in Germany. Section B provides a detailed view of a lake region in Germany with green land and blue water, marked with red points labeled F1 to F5. A scale indicates distances in kilometers.]

Figure 1 | (A) Location of Lake Fertő (blue polygon) in Central Europe between Hungary (grey colour) and Austria. (B) Position of sampling points in the reed beds (green colour) of Lake Fertő. The numbering indicates the degree of degradation of the reed stands: F1 - stable site, F2 - terrestrial stable site, F3 - moderately degraded site, F4 - severely degraded site, F5 - dieback site. The artificial canal structure of the wetland is indicated by blue lines within the green reed stands.



Over the past 20 years, local water authorities have attempted to rehabilitate the reed stands by reconstructing canals within the wetlands to improve water supply to isolated reed stands (Figure 1). Unfortunately, the technology used in these reconstructions has been ineffective. The combination of these factors has resulted in significant habitat variability, with reed stands in the Hungarian part of Lake Fertő now showing varying degrees of degradation.

The aim of this manuscript is not to detail the factors causing this degradation, but rather to quantify its effects using Phragmites morphology as a proxy to encapsulate the effects of degradation. Although the quality of the reed beds has changed over the study period, the data presented are of scientific value not only at a local scale but also to macrophyte ecologists worldwide.




2.2 Macrophyte morphology and study site characterisation

To accurately categorise the selected sites ecologically, the morphological characteristics of the reed plants at each site were assessed during the peak vegetation period of the previous year (August 2019) and used as a proxy to describe the degree of degradation at these sites. At each sampling site 15 Phragmites plants were randomly collected cutting them either at water surface or sediment level. Stem height was determined from cut surface to the tip of the top leaf with a measuring tape. Water depth was measured at each site and added to plant height. Diameter in the middle of the basal internode of each reed stem was measured with a vernier calliper, green and dry leaves of each plant were counted, number of nodes was determined. Plant density was measured three times at each site using a 50 x 50 cm quadrat. The initial point of quadrat placement was randomly selected and subsequent quadrats were placed at 6 m intervals along a marked rope. All green Phragmites plants within each quadrat were counted.

Based on these data and experience of previous years reed stands of Lake Fertő were divided into 5 degradational categories (F1-F5) described as follows:

	The stable reed stand (F1) in Lake Fertő was highly monospecific, with vegetation that was tall, dense, and homogeneous (Figure 1). The stand was continuously exposed to wave action. The water depth on the water side of the stand ranged from 50 to 100 cm, and new reed vegetation grew vigorously along the water’s edge.

	The sampling site at the terrestrial edge of Lake Fertő’s wetland (Figure 1 - F2) contained approximately 5-10% non-Phragmites species. The reed plants within this stand exhibited significant height, density, and uniformity. The water depth throughout the extent of the reed stand at the sampling site was uniform, ranging from 10 to 30 cm.

	The mildly degraded sampling site F3 was located in the centre of the wetland of Lake Fertő and was characterised by its monospecific nature, consisting mainly of Phragmites species (Figure 1). The reed plants within this stand exhibited remarkable height and density. However, small patches with no reed growth were observed in the otherwise homogeneous reed stand. The landscape was further marked by the construction of water management canals by the water authorities around the sampling site. At the sampling site, the reed stand maintained a consistent water depth of 0-20 cm throughout its extent.

	The moderately degraded sampling site F4 was situated in the centre of the wetland of Lake Fertő and had a species composition of 5-10% other than Phragmites (Figure 1). Within this stand, the reed plants were smaller and thinner, and the area was less densely populated, with frequent 10-20 square metre patches without vegetation. Water management canals were also present in the vicinity of the site. The water depth at the site ranged from 20-40 cm.

	The die-back reed stand of the wetland of Lake Fertő (Figure 1 - F5) was result of a high level ecological degradation. Approximately 70% of the area was without any vegetation (0 plants m-2), while the remaining area was covered by 0.1-0.5 m2 patches of clumped reeds of extreme density of approximately 300-400 individuals per square metre. The reed plants within these patches were small and thin. Near the sampling site, artificial canals were reconstructed 10 years ago to rehabilitate the area, and the water depth remained consistently low, ranging from 0 to 30 cm throughout the affected area.






2.3 Macrophyte photophysiological measurements

Using the above site categorisations, chlorophyll fluorescence parameters were measured in 2020 and 2021 using a chlorophyll fluorometer (PAM-2500, Heinz Walz GmbH, Germany) between 9:00 and 15:00. Measurements were performed at least once a month between April and October. Plants were randomly selected using a marked rope with evenly spaced knots at 3 metre intervals, and a plant was selected nearest to the knot. However, preference was given to selecting average looking, intact plants. For sites F1-F4, measurements were taken along the waterward part of the reed stand, ~4 metres into the stand. At site F5, the reeds were clumped at varying distances, so it was decided to select the six closest clumped reeds within a manageable distance (less than 30 by 30 metres). The study areas at each site were deliberately minimised to reduce environmental variability and ensure more uniform conditions. At each site chlorophyll fluorescence measurements were made on the youngest, largest intact leaves. During this, light response curves [i.e., the electron transport rate (ETR) of the photosystem II (PSII) as a function of photosynthetically active radiation (PAR)] were measured. After dark adaptation (20 minutes), emitted initial fluorescence yield (Fo) and maximal fluorescence yield (Fm) resulting from a pulse of a saturated light (630 nm, intensity 3000 μmol m−2 s−1) were determined. From these, the photochemical PSII efficiency (Fv/Fm), coefficient of photochemical quenching (qP), and coefficient of non-photochemical quenching (qN) were calculated (Table 1). The measured leaves were exposed to 11 actinic lights for a duration of 15 seconds, at 630 nm, with an intensity of between 5 and 787 μmol m−2 s−1, and the ETR values were measured after each illumination step with a new pulse of saturated (3000 µmol m-2 s-1) light. Exponentially saturating curves (Eilers and Peeters, 1988) were fit to the light response data, and the maximum ETR (ETRmax), theoretical saturation light intensity (Ik), and maximum quantum yield for whole chain electron transport (α) were retrieved using formula from this study (Genty et al., 1989).



Table 1 | Fluorescence parameters derived from PAM fluorometry, including equations for minimum (F0) and maximum (Fm) fluorescence yields, apparent (Fs) and maximum (Fm′) fluorescence values, irradiance (I) and empirical absorption factor (AF=0.84).
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2.4 Statistics

Several statistics were used in this study using R statistical software (R Development Core Team, 2012). Descriptive statistics, including means, standard deviations and ranges, were calculated to provide a general overview of the data. One-way ANOVA was used to compare the means of photosynthetic traits between reed stands classified into different degradation levels (F1-F5). The assumptions of normality and homogeneity of variances were tested using Shapiro-Wilk and Levene’s tests. Two-way ANOVA was used to analyse the effects of two factors (e.g. degradation level and seasonality) on photosynthetic traits. The assumptions of normality and homogeneity of variances were also tested using Shapiro-Wilk and Levene’s tests. Pearson product-moment correlation was used to examine relationships between photosynthetic traits and their plasticity, and between site degradation eigenvalue and month of the year, assuming normality of residuals (tested with the Shapiro-Wilk test) and homoscedasticity (checked visually with residual plots). Where assumptions of ANOVA or Pearson correlation were violated, log transformations were used to normalise the data and stabilise variances.

The plasticity of photophysiological responses in this study was quantified using the coefficient of variance (CV), which is a statistical measure of the relative variability of a parameter. The CV expresses the extent of variability in relation to the mean of the parameter. For each photophysiological trait measured at a specific spot (F1-F5) on a given date (month), the CV was calculated as follows:

[image: Coefficient of Variation (CV) formula is shown as a fraction where sigma over mu is enclosed in parentheses.]	

where σ - is the standard deviation of the measured parameters, while µ - is the mean value of the measured parameter (Schlichting and Levin, 1984).





3 Results



3.1 Site characterisation

The selected reed stands of Lake Fertő were arranged along a degradation gradient based on their morphological parameters (Table 2; Figure 2). Some of the recorded traits showed clear signs of Phragmites degradation, especially height, diameter, biomass and leaf biomass (Table 2), while other parameters were not affected by degradation. The changes in morphological parameters across the degradation gradient were not equidistant or linear, as F1, F2 and F3 showed significant similarity, whereas F4 and F5 were more affected by degradation. For example, the average stem height of reeds in F1, F2 and F3 stands was 326, 295 and 280 cm respectively, while plants in degraded (F4) and dieback (F5) stands were 34% and 48% smaller than those in F1 (Table 2). Similar trends were observed for basal diameter, number of nodes, and average plant biomass (Table 2).



Table 2 | Biometric properties of Phragmites australis plants from the studied reed stands in Lake Fertő in August of 2019 (n=15).

[image: Table comparing various plant characteristics across five stands (F1 to F5), including water depth, height, diameter, green leaf area, node number, biomass, and leaf biomass percentage. ANOVA results are shown with F and P values for each characteristic. F1 and F2 are stable stands, F3 and F4 have varying degradation, and F5 is a die-back stand.]
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Figure 2 | Principal components analysis of morphological traits of studied reed stands from August of 2019. Convex hulls show the data distribution at each study site (F1 – stand is a stable stand, F2 – semi-terrestrial stand, F3 and F4 – degrading sites, F5 – is the die-back site), percentage of explained variation are shown on the graph axis, biplots (green lines) represent a projection of the original, morphological axes (variables) onto the scattergram.



The variation in plant density between sampling sites also reflected the response of plants to the different ecological conditions of their stands. Higher densities (F1 = 67 plants m-2, F2 = 79 plants m-2) indicated optimal conditions and more established stands, whereas the lower densities of site F3 (61 plants m-2) indicated an established, but slightly disturbed and less dense reed stand compared to F1 and F2. The F4 and F5 sites (48 and 7 plants m-2, respectively) indicated that reed plants were responding to developing challenges and significant ecological degradation.

The dry biomass of green Phragmites plants in the wetlands of Lake Fertő varied significantly between 0.2 and 1.9 kg m-2. Higher biomass values (F1 = 1.6, F2 = 1.9, F3 = 1.8 kg m-2) indicate more productive areas in the favourable conditions of the stable stands, while in the degraded and dieback areas of F4 and F5 the lower values (0.7 and 0.2 kg m-2, respectively) indicated a substantial decrease in the overall productivity of the plants due to the suboptimal conditions.

The principal component analysis showed that the reed stands at sampling sites F1, F2 and F3 were grouped together, while F4 and F5 were separated from this group to varying degrees, although only sampling site F5 exhibited difference (Figure 2). The eigenvalues using Component 1 of the PCA of each site with the assigned degradation level (F1 - stable reed stand, etc., F5 - dying reed stand) were used in the correlation analysis (Figure 2; Table 3).



Table 3 | Pearson product moment correlation (correlation coefficient and its significance - rp) between the studied photophysiological parameters (data) of Phragmites australis plants and their variability (cv) with the site eigenvalue (site, n=84) and the month of year (n=12).

[image: A table compares data and CV of various parameters for "Site" and "Month." Parameters include alpha (α), maximum electron transport capacity (ETRmax), theoretical saturation light intensity (Ik), photochemical quenching (qP), non-photochemical quenching (qN), and maximum quantum efficiency of PSII (Fv/Fm). Values are as follows: α: 0.366, -0.74, -0.767, 0.758; ETRmax: 0.892, -0.968, 0.713, 0.691; Ik: 0.486, -0.978, 0.872, 0.964; qP: 0.484, -0.927, 0.718, 0.898; qN: -0.783, 0.891, 0.539, -0.841; Fv/Fm: -0.090, -0.809, 0.375, 0.866. The text notes the significance of these correlations for Phragmites australis plants.]




3.2 Photophysiology data

The photophysiological traits of Phragmites plants were significantly affected by both their ecological (level of degradation) and phenological status, as well as their interaction (Figure 3; Tables 3, 4). The studied photophysiological traits described the potential photosynthetic efficiency of reed plants from different stands as it was affected by the process of reed degradation: minor, though significant effects were connected to the degradation of the reed stands (Figure 3; Supplementary Figure S1; Table 4), suggesting a reduction in the efficiency of light absorption and electron transport and resulting in lower potential photosynthetic rates. Parallel to this, gradual increase in qN (non-photochemical quenching) showed the increased disbalance in photochemical and non-photochemical processes of the degraded stands, for example increased intensity of photoprotection processes (Figure 3D).


[image: Six heat maps display different environmental data across months April to October, labeled A to F. Each map analyzes a distinct parameter: A shows alpha values, B shows ETR_max, C shows I_k, D shows qN, E shows qP, and F shows F_v/F_m. The y-axis represents five sites labeled F1 to F5. Color gradients range from blue (low) to red (high) for each map, with specific scale bars indicating separate value ranges.]

Figure 3 | Expression of photophysiological traits of Phragmites australis in Lake Fertő during the study period (2020-2021) at sites with different degrees of degradation (F1 - stable to F5 - dying reeds). The figure shows the monthly averages of twelve measurements per site. Panel (A) shows the photosynthetic efficiency of photosystem II (α, the initial slope of the light curve), (B) shows the maximum electron transport rate (ETRmax), (C) shows the light saturation point (Ik, the light intensity at which ETRmax is reached), (D) shows the non-photochemical quenching (qN, indicating thermal dissipation of excess light energy), (E) shows photochemical quenching (qP, reflecting the fraction of open reaction centres), and panel (F) shows the maximum quantum yield of photosystem II (Fv/Fm, a measure of photosynthetic performance and stress level).





Table 4 | Two-way ANOVA of photophysiological traits of Phragmites australis plants in the wetlands of Lake Fertő.

[image: Table displaying F-test values and significance for various measured traits in Phragmites plants, categorized by Site, Month, and Interaction. Traits include maximum electron transport capacity (ETRmax), theoretical saturation light intensity (Ik), photochemical quenching (qP), non-photochemical quenching (qN), and maximum quantum efficiency of PSII (Fv/Fm). Asterisks indicate significance levels: *p<0.05, **p<0.01, ***p<0.001. Main factors considered are site degradation level and months.]

The photophysiological parameters also exhibited significant seasonal changes that exceeded the effects caused by degradation (Figure 3; Supplementary Figure 2; Tables 3, 4). Except for qN, all major photophysiological parameters started from high values in spring and gradually decreased towards the end of the season, as seasonal senescence caused a decrease in light absorption and electron transport efficiency of the plants (Figures 3B, C, E). Specifically, ETRmax, Ik and qP decreased by 57%, 51% and 45%, respectively, regardless of the ecological status of the reed stands (Figures 3B, C, E; Supplementary Figure 2; Tables 3, 4). The likelihood of experiencing oxidative stress increased with plant age, resulting in a decrease in the maximum quantum efficiency of PS II (Fv/Fm) from 0.80 to 0.76 (a 5% decrease) (Figure 3F). To protect against this oxidative stress and to mitigate the excess energy absorption resulting from the decreased light absorption efficiency, non-photochemical quenching (qN) increased by approximately 23% (Figure 3D).




3.3 Plasticity of photophysiological data

Plasticity of the studied photophysiological traits (Figure 4; Supplementary Figure S3; Table 5) were not affected by the different degradation level of the reeds stands. Generally, sites F1, F2 and F3 exhibited the highest variability in most cases, while plants in the degraded reed stands (F4 and F5) had the lowest variability (Figure 4). It is worth noting that ETRmax and Ik exhibited the highest variability overall, at approximately 0.3, while Fv/Fm showed the lowest variability, at approximately 0.05.


[image: Six contour plots labeled A to F show different parameters across sites F1 to F5 and months 4 to 10. Colors range from blue to red, indicating low to high values. Plot A shows parameter α, plot B ETR_max, plot C I_k, plot D qN, plot E qP, and plot F F_V/F_M. Each plot has a distinct legend indicating value ranges.]

Figure 4 | Plasticity of photophysiological traits of Phragmites australis in Lake Fertő during the study period (2020-2021) at sites with different degrees of degradation (F1 - stable to F5 - dying reeds). Plasticity was calculated as coefficient of variation (cv). Figures show average of 2 sets of measurements (2020 and 2021) per site per month. Panel (A) shows the cv of the photosynthetic efficiency of photosystem II (α, the initial slope of the light curve), (B) shows the cv of the maximum electron transport rate (ETRmax), (C) shows the cv of the light saturation point (Ik, the light intensity at which ETRmax is reached), (D) shows the cv of the non-photochemical quenching (qN, indicating thermal dissipation of excess light energy), (E) shows the cv of photochemical quenching (qP, reflecting the fraction of open reaction centres), and panel (F) shows the cv of the maximum quantum yield of photosystem II (Fv/Fm, a measure of photosynthetic performance and stress level).





Table 5 | Two-way ANOVA of plasticity of photophysiological traits of Phragmites australis plants in the wetlands of Lake Fertő.

[image: Table showing plasticity coefficients for various traits in Phragmites plants. Traits include α, ETR_max, I_k, qP, qN, and F_v/F_m, with coefficients measured across both site and month factors. Significant correlations (p<0.05) are marked with an asterisk.]

The plasticity of the photophysiological traits mostly showed an increasing seasonal trend (Figure 4; Supplementary Figure S4; Table 5). In most cases, trait variability within the season nearly doubled, although the increase in photochemical quenching and the maximum quantum efficiency of PS II was even higher (qP – 172%, Fv/Fm – 143%). The plasticity of non-photochemical quenching (qN) decreased, indicating a significant reduction in variability of this parameter by the end of vegetation season (Figure 4D). In the background of majority of temporal variability were the seasonal changes of ETRmax, qP, Ik and qN (Supplementary Figures S5–S9). The stability in annual mean photophysiological traits is shown on Supplementary Figure S10.





4 Discussion

The symptoms of reed dieback around the world are very similar, i.e. retreat from deep water, increased inhomogeneity and clumping, reduction in stem density, size and diameter, and premature senescence of plants (Armstrong et al., 1996; van der Putten, 1997; Armstrong and Armstrong, 1999; Brix, 1999; Tóth, 2016). In this work, the studied reed stands of Lake Fertő were categorised into stages of degradation based on their morphological appearance, plant density and stand homogeneity. The result of the categorisation was not equidistant, as e.g. the stable (F1 - deep water stand and F2 - terrestrial stand) and the moderately degraded (F3) reed stands were somewhat similar and were grouped in a related ecotype. The F3 stand provided an excellent example of the resilience of Phragmites, i.e. how reed stands can recover under the right conditions: the previously degraded (inhomogeneous, smaller) F3 reed stand changed its appearance due to the low water levels of Lake Fertő in 2020 and 2021. This led to an improvement of the ecological conditions in the surroundings of F3 and consequently to an improvement of the photophysiological parameters measured. Although these environmental conditions led to an improvement in the moderately degraded reed stands, the degraded (F4) and dying (F5) stands were not affected and showed no signs of regeneration in 2020 and 2021.

Along the established ecological gradient, photophysiological traits of Phragmites changed in a well-defined pattern making a1 hypothesis supported. The differences between sites were significant, but not equidistant, thus no prominent trends along the studied ecological gradient were identified, except for maximum electron transport capacity (ETRmax). This apparent stability of photophysiological traits and their independence from reed stand degradation may be due to the large genetic variation of the Phragmites (Lambertini et al., 2008; Engloner and Major, 2011; Eller et al., 2017) paired with a high trait plasticity of plants (Clevering et al., 2001; Eller and Brix, 2012; Tóth, 2016), while data of the research suggest also a compensatory effect of phenological changes in reed populations.

On the contrary, notable seasonal variations in the photosynthetic traits were recorded (b1 - supported), and these trends were consistent both in degraded and stable reed stands. Along the growing season, significant decrease (or increase in the case of non-photochemical quenching - qN) in monthly averages, regardless of degradation level were observed, suggesting a universal response of reed photophysiological traits to changing seasonal environmental conditions. Although Phragmites plants in the Fertő wetlands have been exposed to very similar dynamic changes in environmental conditions from April to October for millennia, the autumn changes cause stress that is compensated by adjustments in photosynthetic parameters in all reed stands regardless of the degree of degradation. The pattern of changes may be driven by seasonal shift of environmental factors such as temperature, light quantity and quality, etc., which have a strong influence on photophysiological traits.

Despite differences in habitat quality and structural characteristics between degraded and stable stands, reed plants of Lake Fertő exhibited considerable and comparable photophysiological plasticity (a2 – not supported), allowing them to adapt to different environments and maintain a relatively constant level of photosynthetic performance under changing ecological conditions. The photophysiological plasticity of Phragmites plants often involves mechanisms such as altering photosynthetic rates and/or modulating enzyme activities to optimise resource use efficiency (Lessmann et al., 2001; Pagter et al., 2005; Tóth, 2016, 2018). In addition, it cannot be excluded that genetic diversity within the reed population of Lake Fertő may increase resilience by providing a wider range of adaptive traits. This genetic variation allows some clones to possess traits that confer resilience to specific environmental stressors associated with degradation, such as changes in sediment redox potential, permanent inundation, or other stresses.

A significant increase in the plasticity of photophysiological parameters with seasonal senescence in Phragmites plants in Lake Fertő suggests a dynamic response of the photosynthetic apparatus and makes the b2 hypothesis of this study true. Senescence is a natural physiological process in plants in which older tissues degrade or transform during the later stages of the plant life cycle (Gan and Amasino, 1997; Liu et al., 2016; Woo et al., 2019). During senescence, stochastic changes may occur in the chloroplasts and photosynthetic system of older leaves, leading to the increased plasticity in photochemical parameters observed in this study, although the nature of the observed trend in plasticity (Supplementary Figure S4) may imply an unknown deterministic background. This, combined with seasonal changes in environmental conditions (such as lower temperatures in autumn and changes in optical properties), may contribute to the increased plasticity observed with senescence. Meanwhile, other environmental, plant physiological, genetic and phenotypic factors that may be associated with degraded Phragmites stands do not significantly affect the plastic response of reed plants. This suggests a very specific mechanism of regulation of Phragmites plasticity, primarily driven by plant senescence and independent of the degradation status of reed stands.




5 Conclusion

It is consistent with the literature suggesting that certain groups of Phragmites are able to acclimate to specific environmental changes due to the increase of their phenotypic plasticity (Eller et al., 2017; Ren et al., 2020). The data from the study showed that the values of the studied photosynthetic traits of reed were indeed lower in the degraded and die-back sites. The observed reduction of photosynthetic trait values in degraded reed stands underlines the detrimental effects of ecological degradation on plant physiological processes. Contrary to the initial hypothesis, the analysis showed that the plasticity of the traits studied were not statistically significantly different between the degraded and more stable reed stands. The lack of significant differences in plasticity between degraded and stable reed stands suggests that phenotypic flexibility may not vary significantly with ecological stability. These findings highlight the refined responses of common reed to ecological gradients, and emphasise the importance of considering both trait values and plasticity in understanding plant responses to environmental change.
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Introduction

The nutrient threshold of collapse and recovery of submerged macrophytes have been widely reported for shallow lakes. However, understanding the threshold variation for lakes with water depth (Z) gradients remains limited.





Methods

In this study, based on a field investigation of 9 lakes with varying water depths and nutrient levels in the Yunnan Plateau, southwest of China, we integrated water depth to predict the nutrient threshold of collapse and recovery of submerged macrophytes in lakes.





Results

Our results showed that: 1) Canopy-forming submerged macrophytes, i.e. Potamogeton pectinatus and Myriophyllum spicatum, had a higher resistance to high nutrients and turbidity; 2) Submerged macrophyte species richness had a significantly negative response to water depth, while biomass did not; 3) A multiplication of turbidity (Turb) with water depth provided the best explanation for the collapse and recovery of submerged macrophytes for lakes with large depth gradients compared to the single variables; 4) The thresholds of ZSD/Z were 0.06 for the collapse of submerged macrophytes and 0.53 for the recovery of submerged macrophytes; the corresponding thresholds were 81.6 and 9.92 NTU m for Turb*Z, respectively.





Discussion

Our findings on the thresholds of macrophyte collapse and recovery are expected to provide quantitative guidance for lake restoration of diverse water depths.





Keywords: submerged macrophytes, thresholds, water depth, nutrient, turbidity, transparency




1 Introduction

The extinction of submerged macrophytes in lakes has become a global ecological problem (Dakos et al., 2019; Carpenter et al., 2022), and the explored triggering factors varied from nutrient loading (Ibelings et al., 2007; Shang et al., 2023), fish introduction (Zambrano et al., 2001; Hobbs et al., 2016), changes in hydrological regime (Søndergaard et al., 1992; Wu et al., 2013), to climate changes (Scheffer et al., 2001b; Moss et al., 2011; Zhang et al., 2021). The disappearance of submerged macrophytes is often unpredictable, catastrophic, and irreversible (Scheffer et al., 2001a; Dakos et al., 2015; Janssen et al., 2021), posing a great threat to water quality and the survival of other aquatic organisms for a long time (Carpenter and Lodge, 1986; Jeppesen et al., 1998; Scheffer and Carpenter, 2003).

The growth of submerged macrophytes is often affected by multiple factors (Middelboe and Markager, 1997; Azzella et al., 2014; Zhang et al., 2017; Ren et al., 2022). Light has been most frequently reported as the main limiting factor affecting submerged macrophyte growth (Madsen et al., 2001). Generally, submerged macrophytes can only survive at depths where light intensity reaches at least 1% of that on the water surface (Sculthorpe, 1967). In many eutrophic lakes, the lack of light at the lake bottom and competition for light in the water column by phytoplankton resulted in the disappearance of submerged macrophytes (Blindow et al., 2006). Water depth affected the distribution of submerged macrophytes (May and Carvalho, 2010). Many studies have shown that deep water can attenuate underwater light intensity and inhibit the growth and spread of submerged macrophytes (Søndergaard et al., 2013). The abundance and maximum distribution depth of submerged macrophytes in deeper lakes were strongly related to light conditions (Chambers and Kalff, 1985; Sand-Jensen and Madsen, 1991). Besides, submerged macrophytes with different morphologies and physiologies are distributed in different water depth ranges (Fu et al., 2014; Wen et al., 2022). Excessive nutrient input caused the overgrowth of phytoplankton. The latter reduced the underwater light through the shading effect, thus impeding the survival of submerged macrophytes (Madsen et al., 2001; Sayer et al., 2010; Yu et al., 2015; van Wijk et al., 2023).

The nutrient thresholds of collapse and recovery of submerged macrophytes were originally proposed and widely studied for shallow lakes. Studies included multi-lake comparison (Jeppesen et al., 1990; Kosten et al., 2009; Wang et al., 2014), long-term monitoring (Jeppesen et al., 1999; Ibelings et al., 2007), and paleolimnological studies (Yang et al., 2006). A long-term observation of Lake Veluwe in the Netherlands showed that the coverage of aquatic plants decreased gradually when the total phosphorus (TP) increased to 0.15 mg L-1, and disappeared completely at a TP concentration higher than 0.20 mg L-1 (Ibelings et al., 2007). Data on water parameters and biotic factors from the 1950s to 2009 in Lake Dianchi identified that the TN and TP concentration thresholds at which the collapse of submerged macrophytes occurred were 1.2 mg L-1 and 0.13 mg L-1, respectively (Wang et al., 2018). A multi-lake analysis including empirical data from subtropical lakes on the Yangtze floodplain found that the TP thresholds of collapse and recovery of submerged macrophytes were 0.08-0.12 mg L-1 and 0.04-0.06 mg L-1, respectively (Wang et al., 2014). Besides, other factors, such as transparency and water depth, also had limited impact on submerged macrophytes. An empirical model between submerged macrophytes and the ratio of Secchi depth (ZSD) to mean depth (ZM) in Yangtze lakes found that when the ZSD/ZM threshold was less than 0.45, the disappearance of submerged macrophytes may occur (Wang et al., 2005). Although most of these thresholds were widely based on shallow lakes, understanding of nutrient thresholds for lakes with large depth gradients is still very limited.

Studies based on simulation models suggested that thresholds of nutrients and critical turbidity for the thresholds of collapse and recovery of submerged macrophytes generally decreased with water depth (Genkai-Kato and Carpenter, 2005; Scheffer and van Nes, 2007; Janse et al., 2008). An empirical study based on multi-lake comparison and long-term monitoring for the Yangtze shallow lakes revealed that TP thresholds vary little at moderate depths, with an assumed notable decrease when depth exceeds a level of probably 3-4 m (Wang et al., 2014). The distribution and growth of submerged macrophytes are closely linked to water depth, it normally acted together with underwater light conditions and nutrients to influence the growth of submerged macrophytes (Middelboe and Markager, 1997; Baastrup-Spohr et al., 2016; Chou et al., 2022; Zhang et al., 2022a). At specific eutrophication status, deeper distribution means stronger stress of light limitation on submerged macrophytes (Chen et al., 2023). Therefore, compared to the single variables of nutrient or light conditions, an integration with water depth may provide a better explanation on changes in the collapse and recovery of submerged macrophytes for lakes with large depth gradients.

To explore the thresholds of the collapse and recovery of submerged macrophytes for lakes under large depth gradients, nine lakes with a wide range of water depth and nutrient status in Yunnan Plateau, southwestern China, were investigated. Our purposes were fourfold: 1) To compare the responses of submerged macrophyte biomass and species richness to single variables of nutrients (or turbidity) or transparency and their integration with water depth; 2) To compare the single variable of nutrients (or turbidity) or transparency, a multiplication of nutrients (or turbidity) with water depth and a division of transparency by water depth on the explanation of changes in submerged macrophytes species richness and biomass for lakes with large depth gradients; 3) To explore the thresholds of collapse and recovery of submerged macrophytes for lakes with large depth gradients. The findings of this study can provide threshold conditions for lake managers to restore submerged macrophytes for lakes with large depth gradients.




2 Materials and methods



2.1 Study area

The Yunnan Plateau is located in the southwest of China, dominated by a subtropical highland monsoon climate with an average annual temperature of 15-18 °C and an annual precipitation of 1,000-1,200 mm. Nine plateau lakes (Lake Luguhu, Lake Chenghai, Lake Yangzonghai, Lake Erhai, Lake Dianchi, Lake Fuxianhu, Lake Xingyunhu, Lake Qiluhu, and Lake Yilonghu) (Figure 1) were investigated from October to November (a season with high biomass), 2021. The total water area of these nine plateau lakes is approximately 1,021 km2, and the total drainage area is 8,110 km2. The lake area and mean water depth rangefrom 31.7 to 297.9 km2 and 2.2 to 38.6 m, respectively. The area of Lake Dianchi, Lake Fuxianhu, and Lake Erhai are larger than 200 km2, and the remaining 6 lakes are smaller than 80 km2. Besides Lake Luguhu and Lake Chenghai, all the other lakes have inflowing and outflowing rivers (Yang et al., 2023; Fan et al., 2023).


[image: Map of Yunnan Province on the left with marked locations of lakes: Lugu, Chenghai, Erhai, Dianchi, Yangzonghai, Fuxianhu, Xingyunhu, Qilu, and Yilong. The right side displays individual outlines of each lake with labels. A scale is provided for distance reference.]

Figure 1 | Locations of the studied lakes.






2.2 Field sampling and analysis

The field survey included 226 sampling sites, ranging from 17 to 50 for each lake according to their surface area. Water temperature (WT), dissolved oxygen (DO), conductivity (Cond), and pH were measured in situ using a YSI Pro Plus (Yellow Spring Inc, USA). Turbidity (Turb) was measured using a turbidimeter (2100 Q, HACH, Loveland, CO, USA). Water depth (Z) was measured using a depth sounder (Speedtech, SM-5A, USA). Transparency was measured with a Secchi Disc. Depth-integrated water samples were taken from three layers (surface, middle, and bottom water depth) within each site using a 5 L polymethyl methacrylate water sampler and then pooled into a bucket. One liter of well-mixed water was taken back to the laboratory and stored at 0°C for analysis of TN, TP, and phytoplankton Chlorophyll a (Chl a). TN was determined by using an alkaline potassium persulfate digestion-UV spectrophotometric method, and TP was determined through an ammonium molybdate-UV spectrophotometric method (PERSEE, TU-1810, Beijing, China) (Huang et al., 1999). Chl a was extracted in 90% acetone at 4°C for 24 h after filtering the water sample through GF/C filters (Whatman, GE Healthcare UK Limited, Buckinghamshire, UK) (Huang et al., 1999). The absorbance values of the acetone extract were then measured at 665 nm and 750 nm by employing a spectrophotometer, both before and after acidification with 10% HCl. Main limnological characteristics (mean ± SD) of the sampling sites with and without macrophytes were showed in Supplementary Table A1.

Submerged macrophytes were randomly collected (2-4 replicates) with a grab-type sampler (0.2 m2 in sampling area). Samples were rinsed to remove extraneous material such as sticks, macroinvertebrates, and substrates, and the macrophytes were identified to species and counted, to obtain the species richness (SR). The water on surface was wiped off, and the wet weight was measured. All the samples were immediately brought back to the lab for further analysis.




2.3 Data processing and analysis

The biomass of submerged macrophytes (BMac) was expressed by the dry biomass of leaves and stems for vascular plants (known as above-ground biomass). To prevent invalid values when taking logarithms, 0.1 was added to the biomass and species richness of submerged macrophytes (Bachmann et al., 2002). The ‘diffslope’ function of the ‘Simba’ package in R was used to calculate the differences in slope and intercept between the two linear regressions of sites with and without macrophytes (Nekola and White, 1999). Mantel tests were used to explore the potential link between the submerged macrophyte biomass and species richness and nutrients or light conditions and their multiplication with water depth. Spearman’s correlation analysis identified the relevance between nutrients, light conditions, and their multiplications with water depth. Analysis of these processes was completed through the ‘linkET’ package in R. Redundancy discriminant analysis (RDA) and Monte Carlo permutation tests (permutations = 999) were used to analyze the effects of environmental factors on submerged macrophyte biomass and species richness using the ‘vegan’ package (Oksanen et al., 2016). All data analyses were conducted in R 4.1.3 (R Core Team, 2021).





3 Results



3.1 Environmental variables and submerged macrophytes

The nutrient concentrations of the studied lakes formed a clear gradient (Table 1). The water depth of the sampling sites ranged from 1.8 m to 24.2 m. Submerged macrophytes occurred in 74 of the 226 sampling sites. In total 17 species of submerged macrophytes were identified (Figure 2), with 8 species having a frequency higher than 20 and 4 lakes with ≥ 10 species, Charophyta the highest (33) while Utricularia aurea the lowest (1) according to their occurrence frequency of sampling sites. The occurrence frequencies of canopy-forming submerged macrophytes were higher than others. Species richness of submerged macrophytes in deep lakes was higher than that in shallow lakes. According to the numbers of distributed lakes, Potamogeton pectinatus and Myriophyllum spicatum were most widely distributed in 8 lakes (Figure 2).



Table 1 | Main limnological characteristics (mean ± SD) of the sampling sites in nine studied lakes.

[image: Table displaying data of nine lakes, including area in square kilometers, maximum and minimum water depths in meters, mean water depth, total nitrogen and total phosphorus in milligrams per liter, chlorophyll a in micrograms per liter, and turbidity in NTU. The lakes listed are L. Fuxianhu, L. Luguhu, L. Chenghai, L. Yangzonghai, L. Erhai, L. Dianchi, L. Xingyunhu, L. Yilonghu, and L. QiluHu.]


[image: Bar and dot plot depicting the occurrence frequencies of submerged macrophytes in various lakes. The bar plot categorizes species into "canopy-forming" and "other growth forms" with occurrence on the y-axis. The dot plot shows species distribution across specific lakes. Two legends indicate growth form with color and lake type with pattern.]

Figure 2 | The occurrence frequencies of identified submerged macrophytes in the nine studies lakes (The points indicate the presence of submerged macrophyte species in the lakes. U. aurea, Utricularia aurea; P. crispus, Potamogeton crispus; P. perfoliatus, Potamogeton perfoliatus; Eg. Densa, Egeria densa; El. Canadensis, Elodea canadensis; N. marina, Najas marina; N. minor, Najas minor; P. lucens, Potamogeton lucens; O. acuminata, Ottelia acuminata; P. wrightii, Potamogeton wrightii; H. verticillata; Hydrilla verticillata; P. maackianus, Potamogeton maackianus; P. pectinatus, Potamogeton pectinatus; C. demersum, Ceratophyllum demersum; M. spicatum, Myriophyllum spicatum; V. natans, Vallisneria natans).






3.2 The environment ranges of eight frequent submerged macrophytes

The distribution of submerged macrophytes is wide across environmental gradients. The maximum growing depth of Charophyte was the deepest (12.5 m) and the distribution was the widest (0.48-12.5 m), there were no significant differences for other species (Figure 3A). Besides, the maximum transparency of the distribution of Charophyte was the largest and the distribution range was also the widest. However, when integrated with water depth, the maximum ZSD/Z of the distribution of Potamogeton wrightii was the largest among the eight frequent submerged macrophytes and the distribution range of P. pectinatus along the gradients of ZSD/Z was the widest range (Figures 3B, C). In general, the distributions of the canopy-forming submerged macrophytes, i.e. Potamogeton pectinatus and Myriophyllum spicatum had larger and wider range of Turb, TN, and TP, which were the lowest for Charophyte. When integrated with water depth, the distribution range of the eight frequently submerged macrophytes along the gradients of environmental factors changed greatly. For example, When ZSD was combined with water depth, the distribution range of Potamogeton maackianus along the ZSD/Z gradients expanded notably. Conversely, when Turb, TN, and TP were integrated with water depth, this range contracted significantly. Vallisneria natans had no greater changes when ZSD integrated with water depth, but increased a lot when Turb, TN, and TP integrated with water depth (Figure 3).


[image: Nine plots labeled A to I represent various relationships between factors like depth (Z), Secchi depth (Z_SD), turbidity (Turb), total nitrogen (TN), and total phosphorus (TP) against plant species. Each plot shows a different combination of variables with color-coded dashed lines indicating different species, such as Charophyta and C. demersum. Axis scales vary to depict changes in the relationships across the individual plots.]

Figure 3 | The distribution ranges of the eight frequent submerged macrophytes along the gradients of (A) water depth, (B) transparency, (D) turbidity, (F) TN - total nitrogen, (H) TP - total phosphorus and along most of them integrated with water depth e.g., (C) transparency, (E) turbidity, (G) TN, (I) TP (C. demersum, Ceratophyllum demersum; V. natans, Vallisneria natans; H. verticillata; Hydrilla verticillata; M. spicatum, Myriophyllum spicatum; P. wrightii, Potamogeton wrightii; P. pectinatus, Potamogeton pectinatus; P. maackianus, Potamogeton maackianus).






3.3 Relationships of Turb, ZSD, and Chl a with nutrients for sampling sites with and without macrophytes

The ecosystem states, i.e. Turb, ZSD, and Chl a, all showed significantly positive relationships with TN and TP for sampling sites with and without macrophytes (p < 0.001). Besides, Turb and ZSD also showed significantly positive relationships with Chl a (p < 0.001). But there were no notable differences in the relationships between sampling sites with and without macrophytes, only found significant difference in the relationship of Turb with TN between sampling sites with and without macrophytes. The scatterplots for sampling sites with and without macrophytes overlapped along the full gradients of x-variables; the pairs of sampling sites mixed together for the relations of log10Turb, log10ZSD, and log10Chl a against the nutrients and the relations of log10Turb and log10ZSD against log10Chl a (Figure 4).


[image: Eight scatter plots labeled A to H, showing relationships between different log-transformed environmental variables. Blue and red data points indicate the presence or absence of macrophytes, respectively. Each plot displays a regression line with correlation coefficients (R) and p-values, demonstrating significant relationships between variables like turbidity, total nitrogen, total phosphorus, secchi depth (Z\_SD), and chlorophyll a (Chl a). The correlations are strong, with coefficients ranging from -0.92 to 0.90, all with p-values less than 0.001.]

Figure 4 | Relationships of Turb (A, B), ZSD (C, D), and Chl a (E, F) with TN and TP and relationships of ZSD (G) and Turb (H) with Chl a for sampling sites with (Blue points) and without macrophytes (Red points).






3.4 Relationships between submerged macrophyte biomass, species richness and environmental factors

Mantel analysis showed that the biomass of submerged macrophytes (BMac) had highly positive correlations with Z and negative correlations with TN, TP, and Chl a (p < 0.05, Figure 5), while the species richness of submerged macrophytes (SR) indicated positive correlations with ZSD/Z and negative correlations with Z, TN*Z, TP*Z, and Turb*Z (p < 0.05, Figure 5).


[image: A correlogram depicting the relationships between various log-transformed environmental variables. The color scale indicates Spearman's correlation coefficients ranging from -0.5 to 0.5, with red indicating negative correlations and blue for positive. Different line colors represent Mantel's p-values, highlighting significance levels (<0.01 in tan, 0.01-0.05 in blue, >=0.05 in gray). Squares illustrate Mantel's r-values, with darker shading denoting stronger associations. Variables include total nitrogen (log₁₀TN), total phosphorus (log₁₀TP), turbidity (log₁₀Turb), Secchi depth (log₁₀Z_SD), chlorophyll a (log₁₀Chl a), and several interaction terms.]

Figure 5 | Pairwise correlations of environmental factors are shown with a color gradient denoting Spearman’s correlation coefficient. Submerged macrophytes biomass (BMac) and species richness (SR) were related to each environmental factor by Mantel tests (The size of the square stands for the size of the Spearman’s correlation coefficient).



As for regression analysis, the biomass of submerged macrophytes increased remarkably with increasing ZSD (p < 0.05, Figure 6), while decreased significantly with growing Turb, TN, and TP (p < 0.05, Figure 6). However, it showed no relationships with Z. The biomass of submerged macrophytes also indicated same trends with multiplications of nutrient concentrations (or turbidity) with water depth and a division of transparency by water depth, although only obvious relationships were found with TN*Z and TP*Z (p < 0.05, Figure 6). The species richness of submerged macrophytes showed no relationships with ZSD, Turb, TN, and TP, while increased significantly with growing ZSD/Z (p < 0.01, Figure 6) and saw a notable decline with increasing Z, Turb*Z, TN*Z, and TP*Z (p < 0.01, Figure 6).


[image: Scatterplots show relationships between various log-transformed variables with correlation coefficients and p-values. Two bar charts display correlation coefficients for B_Mac and SR, indicating positive and negative associations with different variables.]

Figure 6 | Linear regressions between submerged macrophyte biomass (BMac) and species richness (SR) and ZSD, Turb, TN, TP, ZSD/Z, Turb*Z, TN*Z, and TP*Z. Histograms showed the values of correlation coefficient (R) of biomass (BMac) and species richness (SR) with ZSD, Turb, TN, TP, ZSD/Z, Turb*Z, TN*Z, and TP*Z.



The histograms showed the correlation coefficient (R) of biomass and species richness with Z, ZSD, Turb, TN, TP, ZSD/Z, Turb*Z, TN*Z, and TP*Z. The absolute values of R between BMac and ZSD, Turb, TN, and TP were higher than that when ZSD, Turb, TN, and TP integrated with water depth, however, the absolute values of R between SR and ZSD, Turb, TN, and TP were less than that when ZSD, Turb, TN, and TP integrated with water depth (Figure 6).

The redundancy analysis revealed that 48.07% of the overall variability was explained by the first two principal components (RDA1 and RDA2) (Figure 7). Among the assessed physicochemical factors, Z was the most significant variable that influenced submerged macrophyte biomass and species richness (p < 0.001).


[image: Biplot showing redundancy analysis with two axes, RDA1 and RDA2, representing 40.27% and 7.8% of variation, respectively. Arrows indicate variables: SR, BMac, TN, TP, Turb, Z, Z_SD, Z_SD/Z, and their interactions with Z. Arrows suggest direction and strength of relationships.]

Figure 7 | Redundancy analysis (RDA) of environmental factors and submerged macrophyte biomass (BMac) and species richness (SR).






3.5 The thresholds of collapse and recovery of submerged macrophytes

When plotting the submerged macrophyte biomass and species richness against ZSD and Turb, no folded bifurcation was found. The scatterplots for sampling sites with and without macrophytes overlapped along the full gradients of x-variables (Figures 8A, C, E, G). While multiplying ZSD and Turb by water depth, a clear folded bifurcation emerged for their relations with log10(BMac+0.1) and log10(SR+0.1) (Figures 8B, D, F, H).


[image: Scatter plots labeled A to H with regression lines show relationships between various logarithmic transformed variables: Bₘₐc, SR, TN, TP, TN×Z, and TP×Z. Correlation coefficients and p-values indicate the strength and significance of these relationships, with varying degrees of correlation strength identified across the plots.]

Figure 8 | Relationships between log10TN (A, C), log10(TN*Z) (B, D), log10TP (E, G), log10(TP*Z) (F, H) with log10(BMac+0.1) and log10(SR+0.1) (Blue points indicate the sampling sites with macrophytes, red points indicate the sampling sites without macrophytes).



The thresholds of collapse and recovery of submerged macrophytes in lakes with large water depth spans were 0.06 and 0.53 for ZSD/Z, 81.6 and 9.92 NTU m for Turb*Z, respectively.





4 Discussion

The study found that Potamogeton pectinatus and Myriophyllum spicatum were most widely distributed in the investigated lakes, with a larger nutrient and turbidity ranges. In other words, they had a higher resistance to high nutrients and turbidity, which was consistent with other survey (Li et al., 2017). Potamogeton pectinatus and Myriophyllum spicatum both belongs to canopy-forming submerged macrophytes with long branches and vigorous crown. Due to the high growth rate, canopy-forming submerged macrophytes can concentrate at or near the water surface and have strong competition ability for light and space (Chambers and Kalff, 1987; James et al., 2004). Compared with other growth forms, canopy-forming macrophytes have a high tolerance to eutrophication (Zhang et al., 2022b). As a result, when the water quality deteriorates, canopy-forming submerged macrophytes gradually replace other growth forms as the main dominant species (Jeppesen et al., 2000; Sand-Jensen et al., 2017; Murphy et al., 2018).

Our study further found that submerged macrophyte species richness was more susceptible to the combinations of nutrient (or turbidity) or light conditions with water depth than single variables of nutrient or light conditions, while biomass showed the opposite patterns. The main reason is that water depth had a substantial negative effect on species richness, with no impact on biomass, which was in accordance with other previous study (Fu et al., 2014). Water depth can more directly bring about light reduction and the stress of water pressure of submerged macrophytes (Schwarz et al., 1996; Søndergaard et al., 2013). With the increase of water depth and the attenuation of light, canopy-forming species, i.e. P. pectinatus and P. maackianus with higher light demand cannot survive and are replaced by bottom-dwelling and rosette-forming species with low light requirement. In our study, Charophyta was the only taxon where the water was deeper than 7 m. Due to the absence of competition from other species for space and light in deep water, charophytes were able to proliferate in large numbers and formed dense and extensive “underwater meadows” with enormous biomass (Middelboe and Markager, 1997). Therefore, although the numbers of species in submerged macrophyte community decreased as the water depth increased, the overall biomass showed no obvious reduction.

Our study found that the thresholds of collapse and recovery of submerged macrophytes in deep lakes were 0.06 and 0.53 for ZSD/Z, 81.6 and 9.92 NTU m for Turb*Z, respectively. Compared to Yangtze River Plain lakes, the thresholds for ZSD/Z of collapse of submerged macrophytes in Yunnan Plateau lakes were much lower than that in Yangtze River Plain lakes (Yunnan Plateau lakes: 0.06 and Yangtze River Plain lakes: 0.45). It seemed that the submerged macrophytes in Yunnan Plateau lakes had a higher resistance to low light than those in Yangtze River Plain lakes. The higher stoichiometric characteristics of submerged macrophytes in Yunnan Plateau lakes can best explain it (Xing et al., 2013; Li et al., 2017). For instance, the contents of C, N, and P of M. spicatum in Yangtze River Plain lakes were 359.87, 12.09, and 2.92 mg g-1, respectively, while the contents were 425.11, 22.84, and 3.06 mg g-1 in Yunnan Plateau lakes. The similar values were also found for P. malaianus (Xing et al., 2013; Li et al., 2017). Under stresses, plants can produce various kinds of primary and secondary metabolites, i.e. enzyme to protect themselves, while, C, N, and P are the basic elements for the synthesis of various enzymes. Submerged macrophytes may accumulate additional C, N, and P to improve their resistance to low light. Besides, the difference in the UV part of the spectrum between the Yunnan Plateau and Yangtze plain may also influence the distribution of submerged macrophytes. UV-B radiation, which is harmful to organisms, can penetrate several meters or even tens of meters into the water column (Smith et al., 1992). Due to the negative effects of strong UV-B on the physiological characteristics of submerged macrophytes, macrophytes may shift to greater depths to avoid damage (Yuan et al., 2019). Therefore, the collapse thresholds for ZSD/Z of submerged macrophytes in Yunnan Plateau lakes were much lower than those in Yangtze River Plain lakes.

Previous studies on the thresholds of disappearance of submerged macrophytes was commonly focused on shallow lakes (Bayley and Prather, 2003; Ibelings et al., 2007; Wang et al., 2014). It had been identified turbidity and transparency as key environmental factors, which influenced the survival of submerged macrophytes in shallow lakes (Scheffer et al., 1993; Wang et al., 2014; van Wijk et al., 2023). However, due to nonnegligible effect of water depth on the survival of submerged macrophytes in deep lakes (Jeppesen et al., 2007; Kosten et al., 2009), the thresholds in deep lakes were different from shallow lakes (Jeppesen et al., 1990; Bachmann et al., 2002; Kosten et al., 2009; Wang et al., 2014), which may mainly depend on the differences of lake morphometry (Genkai-Kato and Carpenter, 2005; Kosten et al., 2009). For instance, the average water depth in this study was 10.03 m (1.79-24.19 m), which is much deeper than other lakes such as Lake Væng (1.2 m), Lake Veluwe (1.5m), and Lake Baoan (1.9 m) (Jeppesen et al., 1999; Ibelings et al., 2007; Wang et al., 2014). Because of the good variation of BMac along the gradients of ZSD/Z and Turb*Z (contrary to the situation when water depth was removed), the thresholds of collapse and recovery of submerged macrophytes in deep lakes had a great dependence on the water depth. However, there was also a certain relevance between the thresholds for the two types of lakes. Turb and nutrients (promoted the growth of phytoplankton and then had a shading effect) can affect underwater light conditions and thus affect the distribution of submerged macrophytes (Schelske et al., 2010; Arthaud et al., 2012; Olsen et al., 2015; Zhang et al., 2016), but water depth can more directly bring about light reduction and the stress of water pressure (Schwarz et al., 1996; Søndergaard et al., 2013). It seemed that underwater light conditions were the most important factors affecting the survival of submerged macrophytes. Turb, ZSD, Chl a, nutrient, and water depth all restricted the maximum growing depth of submersed macrophytes (Chambers and Kalff, 1985; Søndergaard et al., 2013). Therefore, the survival of submerged macrophytes in lakes with different depths mainly depended on the demand of light.




5 Conclusions

In the present study, we found that: 1) Canopy-forming submerged macrophytes, i.e. Potamogeton pectinatus and Myriophyllum spicatum, were most widely distributed in the investigated lakes, with a higher resistance to high nutrients and turbidity; 2) Submerged macrophyte species richness had significant negative response to water depth, while biomass did not; 3) Compared to the single variables, a multiplication of turbidity and a division of transparency with water depth provided a better explanation on predicting the thresholds of collapse and recovery of submerged macrophytes for lakes with large depth gradients.; 4) The thresholds of ZSD/Z were 0.06 for the collapse of submerged macrophytes and 0.53 for the recovery of submerged macrophytes; the corresponding thresholds were 81.6 and 9.92 NTU m for Turb*Z, respectively. Our findings demonstrate that the role of water depth should be taken into account when restoring submerged macrophytes in the management of lakes with large depth gradients.
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Freshwaters are among the most threatened ecosystems globally, with biodiversity declining at far greater rates than the biodiversity of the most affected terrestrial ecosystems. There is an urgent need for accurate information on spatial patterns of freshwater biodiversity, a first step in effective conservation planning and management of these ecosystems. We explored patterns of aquatic macrophyte diversity in four waterbody types, rivers, streams, ponds and ditches, across three Central European regions. By analyzing local (α), among-site (β) and regional (γ) diversity, we assessed the roles of these ecosystems as biodiversity hotspots, particularly for red-listed species. Sampling 220 sites across Slovakia and Slovenia, we recorded 113 macrophyte taxa (31% of which were red-listed), with ponds and ditches consistently supporting higher α and γ diversity than running waters. β diversity was primarily driven by species turnover, with ponds displaying high heterogeneity linked to environmental variability. Our findings highlight the conservation value of artificial habitats like ditches and ponds, harbouring significant macrophyte diversity, including unique and threatened species. These results underscore the need to prioritize small waterbodies in biodiversity conservation strategies within agricultural landscapes.
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Introduction

Freshwaters are among the most threatened ecosystems on Earth (Dudgeon et al., 2006). Intensification of land use, eutrophication, flow modification, expanding hydropower exploitation, pollution, changes in biotic interactions due to the introduction of invasive alien species, and climate change are the main direct drivers of freshwater degradation (Sala et al., 2000; Millennium Ecosystem Assessment, 2005; Williams-Subiza and Epele, 2021). The degradation and loss of freshwater habitats occur more rapidly than in other ecosystems, and the adverse effects of these changes on freshwater biodiversity are considerable (Dudgeon et al., 2006; Lacoul and Freedman, 2006; Reid et al., 2019). As a result of all these impacts, freshwater biodiversity is declining at far greater rates than the biodiversity of the most affected terrestrial ecosystems, and this trend is expected to continue (Ricciardi and Rasmussen, 1999). There is an urgent need for accurate information on freshwater biodiversity, as the state of knowledge regarding biodiversity threats is unsatisfactory for many freshwater habitat types (Millennium Ecosystem Assessment, 2005), and inventories of freshwater biodiversity are far from complete in many regions (Dudgeon et al., 2006).

While preserving intact freshwater ecosystems and their biodiversity remains a conservation priority, the call for recognition of the important potential of human-modified habitats to maintain freshwater biodiversity appeared relatively recently (Dudgeon et al., 2006). Regardless of habitat type, identifying biodiversity hotspots is still mandatory for effectively protecting freshwater biodiversity. Early studies in the United Kingdom compared freshwater biodiversity across various waterbodies, from natural to human-modified and even artificial (Williams et al., 2004; Biggs et al., 2007). Davies et al. (2008a, b) expanded the geographic scope by comparing aquatic diversity in agricultural landscapes across Denmark, France, Germany and the United Kingdom. The results of recent studies highlight the role of small waterbodies as hotspots for plant and macroinvertebrate biodiversity (Biggs et al., 2017; Zelnik et al., 2018). In particular, ponds have been shown to support more rare and red-list species than other waterbody types. The high biodiversity values of both natural and artificial ponds have also been demonstrated by other studies (e.g., Boix et al., 2012; Lukács et al., 2013; Bubíková and Hrivnák, 2018a). However, ponds remain a low priority in national and international conservation and environmental legislation in most countries (Hill et al., 2018, 2021).

In addition to ponds, ditches − shallow channels found in agricultural landscapes − can play a key role in preserving biodiversity in human-dominated environments (Svitok et al., 2016; Bubíková and Hrivnák, 2018b). Historic ditches can contribute to cultural heritage and biodiversity conservation (Lin et al., 2020). These habitats are also considered hotspots for macrophyte diversity (Verdonschot et al., 2011; Dorotovičová, 2013; Clarke, 2015). However, other specific habitat type, lakes, can have higher or equal alpha diversity in landscapes with various dominant land use compared to ponds, canals and ditches (Law et al., 2024). Given the importance of spatial processes in community structuring (Wiens et al., 1993), it is unlikely that findings from a limited number of case studies can be easily extrapolated to other geographical and ecological contexts. The diversity of local communities is influenced by the regional species pool, local biotic interactions and abiotic factors, with different environmental variables potentially controlling community structure in different regions. Specifically, freshwater diversity patterns are regionally context-dependent (Heino, 2011). In macrophyte communities, where the significance of spatial processes and environmental factors can vary unpredictably by location, it may be unwise to draw broad conclusions from a few geographical regions (Alahuhta and Heino, 2013; Alahuhta et al., 2017).

In this study, we assessed patterns of macrophyte diversity across a range of aquatic ecosystems in three Central European regions, which primarily differ in altitude and associated climate but share a large majority of species. Compared to studies conducted in Western Europe, these Central European regions were historically shaped by socialist-style agriculture characterized by large-scale monocultural farming and state-directed practices that frequently neglected ecological considerations (Bezák and Mitchley, 2014). Information on the comparative diversity of macrophytes in Central Europe is limited; there is only one study from the Váh River Valley in Slovakia (Bubíková and Hrivnák, 2018b).

The geographic proximity of these regions and the strong dispersal abilities of aquatic plants are advantageous, as they significantly reduce the effect of dispersal limitation on our results. Specifically, we aimed to compare local (α), among-site (β), and regional (γ) diversity of aquatic macrophytes in ponds, ditches, streams, and rivers across Slovakia and Slovenia. More broadly, we tested the generality of conclusions from previous comparative diversity studies within a Central European context. Based on earlier research (e.g., Williams et al., 2004; Davies et al., 2008a; Bubíková and Hrivnák, 2018b), we hypothesize that ponds and ditches serve as hotspots of macrophyte biodiversity in these Central European regions, despite their artificial origin.

To inform conservation planning, we specifically focused on the diversity of red-list species. Aquatic macrophytes are of particular conservation importance, as they include many threatened species (Bilz et al., 2011; Bolpagni et al., 2018) and are relatively easy to identify, making them a valuable proxy group of organisms that are less challenging to distinguish (Gioria et al., 2012; Law et al., 2019). Despite these advantages, aquatic macrophytes remain insufficiently studied across large spatial scales (Alahuhta and Heino, 2013). We believe this research will help establish practical conservation priorities for freshwater habitats in Central Europe.





Study sites

The comparative diversity study was conducted in three model regions of Central Europe: the Turčianska kotlina Basin (TKB) in northern Slovakia (centered around 48.988°N, 18.883°E) within the Continental biogeographical region (see Cervellini et al., 2020; hereafter referred to as bioregion), the Borská nížina Lowland (BNL) in south-western Slovakia (~48.490°N, 17.072°E) within the Pannonian bioregion, and Northeast Slovenia (NESLO, ~46.566 N, 16.002 E), which lies at the transition between the Pannonian and Continental bioregions (Figure 1). These model areas mainly differ in altitude (mean altitude: TKB 437 m, min–max 383–576; BNL 161 m, 142–233; NESLO 226 m, 164–374) and associated climate. The mean annual temperature is lowest in TKB (7.4°C, 6.7–7.8), while the other two regions have the same temperature of about 9.8°C (BNL 9.3–10.1 and NESLO 9.2–10.3. Mean annual precipitation totals increase in the following order: BNL (695 mm, 641–823), TKB (805 mm, 794–838) and NESLO (944 mm, 772–1097). Additional details are given in Supplementary Table S2.
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Figure 1 | Location of the three studied regions in Central Europe and the positions of individual waterbodies within these regions.







Methods




Sampling

Four types of aquatic ecosystems were explored within the studied regions: rivers, streams, ditches and ponds. We used classification criteria for waterbody types similar to those in previous studies on comparative diversity (Williams et al., 2004; Bubíková and Hrivnák, 2018b) (for details, see Supplementary Table S1). A total of 220 sites were randomly selected from all potential sites. Sampling sites were stratified by region (80 in Slovakia and 60 in Slovenia) and waterbody type (20 sites per waterbody type in Slovakia and 15 in Slovenia). Waterbodies were sampled for macrophytes during the early summer (June) and late summer (August and September) of 2011 in Slovakia and 2016 in Slovenia to minimize the effect of vegetation seasonality.

At each sampling site, an area of 100 m² was assessed, and the presence of all macrophytes (cf. Janauer and Dokulil, 2006) was recorded by walking or boat. The sampling area in rivers, streams and ditches was determined by the length × width of the watercourse. In ponds, the area was approximately triangular, with the apex at the centre of the waterbody and the base following the waterbody's margin. The smallest lentic waterbodies were excluded from potential sampling sites based on the specified sampling area (cf. Williams et al., 2004).

For the identification of red-list species, we used the lists published by Eliáš et al. (2015) for Slovakia and those presented in “https://www.uradni-list.si/files/RS_-2002-082-04055-OB~P001-0000.PDF” for Slovenia. Species nomenclature was standardized according to the Euro+Med PlantBase (https://europlusmed.org; for full names see Supplementary Table S3).





Data analyses

Plant incidence data were summarized in species presence/absence matrices. We compared the diversity across the four waterbody types mentioned above within the three regions, examining three spatial scales: local (α) diversity, among-site (β) diversity, and regional (γ) diversity (Magurran, 2003). We conducted separate analyses on matrices for all recorded macrophyte species (total species), true aquatic plants (hydrophytes) and species of conservation concern (red-listed species).




Local (α) diversity

This study defined α diversity as the species richness within individual waterbodies. Differences in local diversity were assessed using generalized linear models (GLMs) with a Poisson error distribution and a logarithmic link function (McCullagh and Nelder, 1989). The GLMs included fixed effects for waterbody type (four levels: river, stream, ditch and pond), region (three levels: TKB, BNL and NESLO) and their interaction (waterbody × region). Model assumptions were examined using residual diagnostics. Due to considerable overdispersion, GLMs were refitted using a negative binomial distribution for overall α diversity and α diversity of hydrophytes (Hilbe, 2011). Statistically significant results from the overall GLM tests were followed by pairwise Tukey-type comparisons (Lenth, 2016).





Among-site (β) diversity

We defined β diversity as a variation in the species composition among particular sites. However, two different ecological phenomena can produce differences in species composition among sites: spatial turnover of species and nestedness of assemblages (Baselga, 2010, 2012). Species spatial turnover implies the replacement of species by others from site to site due to environmental sorting or spatial and historical constraints. In contrast, nestedness of species assemblages occurs when the species composition of poorer assemblages are nested subsets of richer assemblages as a consequence of various processes (e.g., Wright et al., 1997; Ulrich et al., 2009; Leprieur et al., 2011). Thus, we disentangled the turnover and nestedness component of β diversity following Baselga (2010, 2012). Specifically, we calculated Sørensen dissimilarity among sampling sites and additively partitioned this total dissimilarity measure (βSOR) to dissimilarity due to species replacement (a turnover component of dissimilarity: βSTU) and dissimilarity due to nestedness (nestedness-resultant component of dissimilarity: βSNE). Differences in the total, turnover and nestedness-resultant components of β diversity among habitats within regions were assessed using distance-based tests for homogeneity of multivariate dispersion with 10,000 permutations (Anderson, 2006). Pairwise Tukey comparisons followed significant overall tests.





Regional (γ) diversity

We expressed γ diversity as the total number of species per habitat within each region. Randomization tests were employed to assess the null hypothesis that there are no differences in the total number of species among waterbody types within a given region. We used the differences in total species counts as the test statistic, comparing the observed values against a null distribution generated from 10,000 randomly reshuffled datasets (Manly, 2007). We calculated the probabilities of detecting differences greater than or equal to the observed value from these comparisons. Due to the unequal number of sites sampled in Slovakia (n = 20 per habitat) and Slovenia (n = 15), we employed sample-based rarefaction analysis to estimate the total number of taxa expected across fifteen sites per habitat and region. Ninety-five percent confidence intervals for each estimate were calculated using the analytical formulas provided by Colwell et al. (2004).

Analyses were performed in R (R Core Team, 2022), using the libraries betapart (Baselga et al., 2023), ggplot2 (Wickham, 2016), emmeans (Lenth, 2023), iNEXT (Hsieh et al., 2022), MASS (Venables and Ripley, 2002) and vegan (Oksanen et al., 2022).







Results

Altogether, 113 macrophyte taxa were identified across the study regions. Vascular plants comprised 86.1% of these taxa, followed by bryophytes – Fontinalis antipyretica, Rhynchostegium riparioides and Riccia fluitans – at 2.7% and macroscopic algae (identified to genus level as Chara and Nitella) at 1.8%. The highest number of macrophytes was detected in NESLO (94 taxa), followed by BNL (51) and TKB (43). All three regions had similarly high numbers of hydrophytes NESLO (24), THB (26) and BNL (22). The number of red-listed plants was comparable across the regions, with NESLO having 24, TKB 19 and BNL 17. The studied waterbodies were relatively species-poor, with macrophyte counts ranging from 0 to 22 in NESLO, 0 to 14 in BNL, and 0 to 10 in TKB. The most common plants in TKB were hydrophytes, with Fontinalis antipyretica at 30% and Myriophyllum spicatum at approximately 22%. In BNL, hydrophytes were also most frequent, with Lemna minor at around 42% and Ceratophyllum demersum at about 29%. In contrast, helophytes were most prevalent in NESLO, where Phalaris arundinacea reached 55% and Agrostis stolonifera approximately 37%. The most frequently found red-listed species were Ranunculus aquatilis in TKB (21%), Potamogeton nodosus in BNL (20%) and Myriophyllum spicatum and Carex riparia in NESLO (each at 25%).

Each waterbody type supported unique species that were not found in any other type, with the highest numbers in ponds and ditches and considerably fewer in streams and rivers. The number of species unique to ponds, ditches, rivers and streams was as follows: TKB – 13, 10, 3, 0; BNL – 7, 7, 2, 2; NESLO – 13, 11, 6, 6 (Supplementary Table S4). Ponds played an especially important role in supporting unique red-listed species. We recorded 4, 5 and 7 unique threatened species in TKB, BNL and NESLO ponds, respectively. Other aquatic ecosystems supported substantially fewer unique red-list species: in TKB, ditches had 2, rivers 3 and streams none; in BNL 3, 0 and 1; and in NESLO 2, 1 and 1 (for details see Supplementary Table S4).




Local (α) diversity

We did not find evidence for a general pattern of differences in α diversity among the aquatic ecosystems across the studied regions, as indicated by a significant interaction between region and habitat for all species (χ² = 19.7, df = 6, p = 0.003), hydrophytes (χ² = 21.2, df = 6, p = 0.002) and red-listed species (χ² = 30.5, df = 6, p < 0.001). Regarding all macrophyte species, ditches in NESLO supported significantly more species than rivers (Figure 2a). In TKB, rivers had significantly fewer species than the other waterbodies, while in BNL, streams had significantly fewer species than ditches and ponds.
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Figure 2 | Comparison of macrophyte α diversity among aquatic ecosystems in the studied regions. Mean species richness values for all taxa (a), hydrophyte species (b), and red-listed species (c) are displayed (circles) along with 95% confidence intervals (error bars). Different lowercase letters indicate significant differences among habitat means within each region.



For hydrophytes, no significant differences were observed in NESLO (Figure 2b). However, in TKB, ponds supported significantly more species than streams, while in BNL, ponds and ditches hosted more hydrophytes than rivers.

The diversity of red-listed species was comparable among the waterbodies in NESLO (Figure 2c). Nevertheless, rivers and streams harboured significantly fewer species of conservation concern than the other aquatic ecosystems in BNL and TKB, respectively.





Among-site (β) diversity

For all macrophyte species, total β diversity was statistically comparable among habitats in NESLO (pseudo-F = 0.36, p = 0.78), BNL (pseudo-F = 2.15, p = 0.086), and TKB (pseudo-F = 2.08, p = 0.107) (Figure 3a). A more detailed examination of β diversity through additive partitioning revealed marginally significant differences in the turnover component in TKB (pseudo-F = 3.04, p = 0.031), where ditches and ponds showed greater heterogeneity due to species replacement compared to rivers (Supplementary Figure S1a). No significant differences were detected in the turnover components of β diversity for NESLO (pseudo-F = 0.50, p = 0.685) and BNL (pseudo-F = 2.73, p = 0.053), nor were there significant changes in the nestedness-related components of β diversity (NESLO: pseudo-F = 2.01, p = 0.119; BNL: pseudo-F = 2.01, p = 0.126; TKB: pseudo-F = 0.45, p = 0.731) (Supplementary Figure S1b).
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Figure 3 | Comparison of macrophyte β diversity among aquatic ecosystems in the studied regions. Total β diversity (βSOR) of whole communities (a), hydrophytes (b) and red-listed species (c) is displayed as distance to centroids in multivariate space (circles), along with 95% bootstrap confidence intervals (1,000 resamples). Different lowercase letters indicate significant differences among habitat means within each region. Results for the turnover and nestedness-resultant components of β diversity are given in Supplementary Figure S1.



We found significant differences in total β diversity among aquatic ecosystems in BNL (pseudo-F = 3.04, p = 0.033), TKB (pseudo-F = 4.78, p = 0.011) but not in NESLO (pseudo-F = 0.15, p = 0.926). In BNL, hydrophyte communities in ditches were significantly more homogeneous than those in ponds and streams (Figure 3b). In contrast, streams in TKB exhibited lower β diversity than ditches and ponds, while pond communities were more heterogeneous than rivers. This overall pattern of hydrophyte β diversity was driven by species turnover among waterbodies rather than by community nestedness (Supplementary Figures S1c, d).

The analysis of red-listed species revealed significant differences among aquatic ecosystems in TKB (pseudo-F = 5.07, p = 0.008) but not in BNL (pseudo-F = 0.57, p = 0.637) and NESLO (pseudo-F = 0.32, p = 0.818). Ponds in TKB showed significantly higher heterogeneity of red-listed species than rivers and streams (Figure 3c). Again, these differences in total β diversity were driven by species turnover among individual waterbodies, not by nestedness (Supplementary Figures S1e, f).





Regional (γ) diversity

Ditches supported significantly more macrophyte species than rivers across all studied regions, with a similar trend observed in ponds, except in BNL (Figure 4a). Also, streams in NESLO and BNL harboured a high number of species, but their γ diversity was very low in TKB.
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Figure 4 | Comparison of aquatic macrophyte γ diversity among aquatic ecosystems in the studied regions. Overall γ diversity (a), γ diversity of hydrophytes (b) and γ diversity of red-listed species (c) are estimated as the expected number of species in 15 sites. The estimates (circles) are shown along their 95% confidence intervals (error bars). Different lowercase letters indicate significant differences among habitat means within each region.



We did not find any significant differences in hydrophyte regional diversity among habitats in NESLO and BNL. In TKB, ponds supported significantly more species than the other habitats, while rivers and ditches hosted more hydrophytes than streams (Figure 4b).

Although the total number of red-listed species was similar across aquatic ecosystems in NESLO, ponds and ditches harboured more species of conservation concern than streams in TKB and rivers in BNL, respectively (Figure 4c). The relative importance of streams and rivers interchanged between TKB and BNL.






Discussion




Local (α) diversity

Ponds and ditches exhibited higher α diversity than running waters across all regions, while the role of streams and rivers varied geographically. Ponds are generally known to support the high local diversity of macrophyte species (Williams et al., 2004; Biggs et al., 2005, 2007, 2017; Oťaheľová et al., 2007; Davies et al., 2008a, b; Fernández-Aláez et al., 2020). Based on these studies, local macrophyte diversity appears to decline in the following order: ponds (lakes) > rivers > streams > ditches. However, a comparative study of macrophyte richness across various waterbody types in Central Europe found that ditches, followed by rivers, exhibited species richness comparable to that of ponds (Bubíková and Hrivnák, 2018b). We conducted a meta-analysis using a random-effects model to synthesize findings from multiple comparative studies on macrophyte local diversity. The results indicate that ponds have significantly higher local diversity than both ditches and streams (Figure 5). No strong evidence was found for differences in local diversity among the other waterbody types. However, all comparisons exhibited considerable heterogeneity, as shown by significant Cochran’s Q-test results (all p-values < 0.01), elevated heterogeneity indices (all I2 values > 50%) and broad prediction intervals for effect sizes that included zero, suggesting a wide range of possible outcomes in future studies comparing the local diversity of these waterbodies. All studies confirmed higher diversity in ponds than in streams, but the comparison between ponds and ditches varied geographically. Ponds in Western Europe exhibited generally higher diversity than ditches (but see Law et al., 2024), while in Central and South-Eastern Europe, ditches had similar or even slightly higher diversity than ponds (see Figure 2; Bubíková and Hrivnák, 2018b). Our results and the meta-analysis highlight the role of ponds as macrophyte local diversity hotspots. High local diversity, along with a significant number of threatened species and species uniquely found in ponds – both in Central Europe and other regions (e.g., Linton and Goulder, 2000; Rhazi et al., 2012; Fois et al., 2024; Germ et al., 2024) – makes ponds habitats of high conservation priority within the European agricultural landscape.
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Figure 5 | Forest plots showing differences in local (α) diversity of aquatic macrophytes among various habitats in Great Britain (GB), Denmark (DK), France (FR), Germany (DE), Slovenia (SL) and Slovakia (SK). Squares indicate the mean difference for each study, with their size proportional to the study's weight in the meta-analysis. Diamonds represent pooled estimates of mean differences based on random-effects models. Blue horizontal error bars and the sides of the diamonds denote 95% confidence intervals for individual studies and pooled estimates, respectively. Orange error bars indicate 95% prediction intervals for the random-effects models. Pooled estimates of mean differences (Δ) and their 95% confidence intervals (in square brackets) are displayed above each plot, along with the test results (p-values) for each meta-analytical model. Note that in Davies et al. (2008a), standard deviations were approximated from ranges using the normal distribution (two standard deviation rule, Higgins and Green, 2011).



We found that ditches supported the greatest number of macrophyte species recorded at individual sites in the studied regions. The high macrophyte diversity in ditches observed here and in Bubíková and Hrivnák (2018b) deviates markedly from the findings of many other comparative studies reporting lower macrophyte diversity in ditches and higher diversity in rivers (e.g., Williams et al., 2004; Biggs et al., 2007; Davies et al., 2008a). Moreover, the number of species unique to studied ditches was relatively high in all three regions. What explains the high diversity observed in artificial, man-made habitats such as ditches? In Central Europe, many ditches are historical structures built primarily in lowlands and basins during the intensification of agriculture and industrialization in the former Austro-Hungarian monarchy at the turn of the 19th to 20th century. These ditches were used for flood protection, agricultural drainage and/or as irrigation channels and are typical for relatively large size and permanent water levels (Dulovičová and Velísková, 2010). Due to political and economic changes in post-communist countries at the beginning of the 1990s, the current use of agricultural landscapes is much less intensive. Extensive soil fertilization and herbicide application were economically constrained, and many ditches were left to undergo the process of succession in areas of de-intensified or abandoned land (Bezák and Mitchley, 2014). As a result, these ditches have become species-rich habitats, supporting a relatively high proportion of endangered macrophyte species (Oťaheľová and Valachovič, 2002; Sipos et al., 2003; Dorotovičová, 2013). Other studies from European regions have shown that ditches can be diverse and provide exceptional conditions for aquatic plants (e.g., Armitage et al., 2003; Milsom et al., 2004; Biggs et al., 2007; Law et al., 2024). However, in several regions of Western Europe, ditches are often small, highly seasonal, located away from floodplain areas and close to intensively cultivated agricultural land. Using agrochemicals, such as herbicides, in these areas is likely to reduce macrophyte richness. Suboptimal hydrological conditions due to low water retention capacity and huge differences in run-off from cultivated areas, siltation and intensive agriculture may result in low biodiversity in these ditches (Williams et al., 2004; Davies et al., 2008a). Nevertheless, ditches have been shown to provide valuable wet, vegetated, non-cultivated habitats for both aquatic and terrestrial taxa, offer food resources and facilitate connectivity within the broader landscape (Herzon and Helenius, 2008). Despite their artificial origin, ditches play an important role in maintaining aquatic macrophyte diversity and supporting a large number of unique species in otherwise dry and intensively cultivated agricultural landscapes.

The comparison of local macrophyte diversity between and within regions revealed that diversity patterns are region-specific. The diversity trends in NESLO and BNL are similar, while they differ in TKB, particularly in streams. This pattern was observed across all studied species groups (Figure 2). Carpathian streams (TKB), in contrast to (sub)Pannonian streams (NESLO, BNL), retain a near-natural character but their macrophyte diversity is not equally high. Higher flow velocity, dominance of coarse sediments and heavy shading from riparian vegetation likely contribute to the naturally lower macrophyte species richness in these streams (Svitok et al., 2016). In general, only bryophytes and a few vascular aquatic plants are adapted to the conditions of European (sub-) mountain streams (Baattrup-Pedersen et al., 2006; Hrivnák et al., 2010).





Among-site (β) diversity

Ponds consistently showed high β diversity, while the contribution of other aquatic ecosystems varied idiosyncratically across studied regions. In general, β diversity, or the differences in community composition among sites, increases either with dispersal limitations along spatial gradients or with species sorting along environmental gradients (Heino, 2011). Given the strong dispersal abilities of aquatic macrophytes (Santamaría, 2002) and considering that, despite several artificial barriers (Jones et al., 2020), the flat landscapes of the studied regions (max. altitudinal range of sites < 200 m) and relatively short distances between sites within regions, it is unlikely that contrasting β diversity patterns result from different dispersal processes between regions. Presumably, the contrasting patterns between regions are linked to habitat heterogeneity, often considered a key driver of β diversity (Suurkuukka et al., 2012; Astorga et al., 2014; Hamerlík et al., 2014). Most biotic communities are strongly influenced by environmental factors, and thus, habitat heterogeneity and the associated species sorting dynamics are thought to be the dominant mechanisms structuring communities (Cottenie, 2005). Based on the test of homogeneity of multivariate dispersion, the variability of habitat characteristics was comparable among waterbodies in NESLO (pseudo-F = 0.05, p = 0.99), while TKB and BNL exhibited significant heterogeneity (pseudo-F = 4.77, p = 0.007 and pseudo-F = 6.68, p = 0.002, respectively). These differences in habitat heterogeneity result in macrophyte communities with varying similarities, a pattern reflected in the differing β diversity among regions. Our findings suggest that β diversity patterns depend on region-specific environmental heterogeneity, precluding broader generalizations of the comparison.

In TKB, ponds exhibited a higher turnover component of β diversity than streams and rivers, regardless of whether the analysis included entire communities or focused on subsets such as hydrophytes and red-listed species. This pattern aligns with similar findings from other Western and Central European studies (Williams et al., 2004; Davies et al., 2008a; Bubíková and Hrivnák, 2018b). The consistency of these results suggests that common factors may sustain the high β diversity observed in ponds. The underlying mechanisms are likely related to habitat heterogeneity and connectivity, with plausible explanations of turnover species-sorting and patch-dynamics (Leibold et al., 2004; Fernández-Aláez et al., 2020). Ponds often have small catchment areas (Novikmec et al., 2016), resulting in highly variable physicochemical conditions that can differ significantly even across short distances (Svitok et al., 2011; Hamerlík et al., 2014). In contrast, rivers and streams typically have larger catchments, and the homogenizing effect of flowing water generally leads to more stable physical and chemical conditions than ponds. Analysis of physicochemical data from the TKB showed that ponds have significantly higher environmental heterogeneity than rivers (p = 0.004) and streams (p = 0.023). Sufficient dispersal within a heterogeneous environment and associated niche differences are expected to promote species sorting along resource gradients (Cottenie, 2005). As a result, this environmental heterogeneity may exert a niche-related influence on macrophyte communities, helping to sustain the high β diversity observed in ponds. Jeffries (2008) demonstrated that deterministic (i.e., niche-related) factors affecting macrophyte community variability are relevant even at very small spatial scales (much smaller than those investigated here), with the immediate surroundings of ponds playing a crucial role in shaping pond communities.

Spatial isolation may also contribute to the high β diversity of macrophytes in ponds. Unlike rivers and streams, which are highly connected water bodies where species dispersal is facilitated by fluvial action, ponds are more isolated, reducing species exchange and potentially enhancing β diversity. We observed a trend of increasing β diversity from fast-flowing to stagnant waters for all species and hydrophytes. However, this pattern was not evident for red-listed species, which were relatively scarce in the studied habitats (Figure 2 and Figure 3). This is consistent with previous studies showing that high connectivity of lotic waterbodies may lead to more uniform vegetation and overall lower diversity of macrophytes (Tockner et al., 1998; Bornette et al., 1998, 2001). In contrast, small lentic habitats like ponds scattered within a hostile terrestrial matrix face a higher risk of local extinction and a lower likelihood of colonization (Wright et al., 1997). These stochastic processes are thought to contribute to the high heterogeneity observed in pond communities (Williams et al., 2004; Scheffer et al., 2006). However, empirical evidence directly linking isolation to increased variability in wetland plant communities remains limited. In fact, the effect of connectivity is one aspect of more complex metacommunity dynamics where habitat patches undergo both stochastic and deterministic extinctions that are counteracted by dispersal and where the environmental heterogeneity and inter-specific interactions shape species composition (Leibold et al., 2004; Scheffer et al., 2006). Even within strictly controlled experimental microcosms, aquatic plant communities did not display entirely deterministic behaviour, exhibiting a strong stochastic component in community assembly (Weiher and Keddy, 1995). We suggest that greater environmental heterogeneity and the small size and spatial isolation of ponds likely contribute to their elevated β diversity.

We demonstrated that macrophyte β diversity was predominantly driven by species turnover rather than nestedness. Our findings are consistent with global patterns in the β diversity of lake macrophytes, suggesting that natural environmental heterogeneity is the primary influence on macrophyte β diversity, with nestedness accounting for only a small fraction of the overall β diversity (Alahuhta et al., 2017). Nestedness, where communities with fewer species are subsets of richer communities, may arise due to factors like habitat size and isolation but these effects are often weak in freshwater systems (Heino, 2011). Given the strong dispersal abilities of macrophytes and the relatively small spatial scales explored in our study, it is unsurprising that species turnover is the dominant component of β diversity.





Regional (γ) diversity

We have found that ponds and ditches harboured a high γ diversity of macrophytes, including red-listed species, across all studied regions, while the relative importance of ponds was especially pronounced in hydrophytes. The high regional diversity observed for ponds and ditches is likely related to their relatively high β diversity caused by higher heterogeneity of their environmental conditions and stochastic events (see above). Ponds, for example, often have small catchment areas (Novikmec et al., 2016), with great differences in land use, bedrock, management, and purpose resulting in significant gradients of physical and chemical conditions across the region (Svitok et al., 2011) that may promote greater biodiversity at the regional scale (Williams et al., 2004; Zelnik et al., 2012). Compared to other aquatic ecosystems, ponds have been shown to support the highest plant γ diversity across Europe (e.g., Williams et al., 2004; Biggs et al., 2005; Davies et al., 2008b; Lukács et al., 2013). In contrast, identifying ditches as the habitats with the highest regional diversity in Central Europe contradicts findings from Western Europe, where ditches differ in ecological characteristics, history and land use, leading to divergent results (Williams et al., 2004; Dorotovičová, 2013; Bubíková and Hrivnák, 2018b). Nevertheless, ponds exhibited the highest regional diversity of hydrophytes and red-listed plant species, highlighting their role as biodiversity hotspots with significant conservation value.

Regarding ponds, our results fully confirm the importance of these habitats for the maintenance of macrophyte diversity in Europe (Biggs et al., 2005, 2017). In contrast, ditches, which are considered relatively poor for plant species in Western Europe (Williams et al., 2004; Davies et al., 2008a), are among the richest in Central Europe for both wetland and Red List species (see also Bubíková and Hrivnák, 2018b).






Conclusions

Ponds and ditches are critical habitats for biodiversity conservation within the European agricultural landscape. Despite their artificial origins, these small aquatic habitats support high local diversity, host a significant number of threatened and regionally unique species, and serve as vital refuges in predominantly dry and intensively cultivated areas. Ponds, in particular, stand out as biodiversity hotspots due to their high regional diversity of hydrophytes and red-listed plant species. Their small size, spatial isolation, and environmental heterogeneity likely contribute to their elevated β diversity, underscoring the importance of maintaining a network of these habitats to promote ecological connectivity and species persistence. Given their conservation value, creating, protecting and restoring ponds and ditches should be prioritized in agricultural land management strategies to preserve aquatic macrophyte biodiversity and the ecosystem services they provide.
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Background

Niche partition and traits tradeoff theory were primary strategies for plants coexistence. However, specific strategies of plants remained to be verified to guide community configuration and biodiversity maintenance in ecological restoration.





Methods

The variation of plants composition and niche breath were utilized to examine the temporal and spatial niche partition strategies, respectively. Meanwhile, the chi-square (χ2), Spearman rank correlation coefficient (rij), Ochiai index (OI) were employed to analyze the interspecific relationship of 30 predominant species from species pool of 220 vascular plants. Besides, the Lotka-Volterra model was utilized to reveal the traits tradeoff strategies of predominant species from five vegetation formations.





Results

About 62.41% pairs of wetland species were niche partitioned while 37.58% of species pairs were niche overlapped. In temporal scale, 60.5% of species occurred either in spring or autumn while 39.5% occurred in both seasons. Meanwhile, significant change of relative height (RH) and relative coverage (RC) were observed in constructive species and auxiliary species. Height tradeoff strategy ([image: The mathematical expression shows the fraction ΔRH over ΔRC greater than one.] ), coverage enlarge strategy ([image: \(\frac{\Delta RH}{\Delta RC} < 1\).] ), or both strategies ([image: Mathematical expression showing the ratio of ARH to ARC equals one.] ) observed in wetland plants.





Discussion

Our finding testified that the temporal niche partition and traits tradeoff strategies are objectively observable in wetland plants. These findings on coexistence strategies can be used in the configuration of plants communities and the biological control of alien invasive plants.





Keywords: interspecific competition, coexisting strategies, niche partitioning, traits tradeoff, vascular plants




1 Introduction

Restored or created wetlands have been established globally to promote biodiversity conservation, but often end up with undesirable outcomes due to unpredictable ecological succession trajectories in changing environments (Baumane et al., 2021; Funk and Wolf, 2016; Jenkins et al., 2021; Salaria et al., 2018). For these factors such as biological invasions, unreasonable configuration and interspecific competition between native and non-native species can lead to the exclusion of less competitive species (Adler et al., 2018; Carboni et al., 2021; Tilman, 1990). The exclusion of species is mainly attributed to the competition for resources such as light, nutrient, and water (Silvertown, 2004). Traditional theories about the mechanisms of species coexistence include environmental heterogeneity, niche and resource partitioning (Adler et al., 2013; Aguiar et al., 2001; Fargione and Tilman, 2005; Gaudet and Keddy, 1988; Meilhac et al., 2019). The partition of different species depended on fluctuation of plants population densities and resource in space and time (Chesson, 2000). Besides, the phenology as the avenue of niche partition supplemented the high biodiversity of wetlands (Levine et al., 2022; Pak et al., 2023). Although the mechanisms for plants coexistence had been developed, the processes and strategies of plants in managing interspecific competition among heterospecific species remained unclear.

Previous studies assumed that coexistence functioned in two ways: the decrease of fitness difference or the increase of negative intraspecific interactions (Chesson, 2000). The fitness of plants could be revealed by its functional traits which were highly correlated with its competitive ability (Gaudet and Keddy, 1988). These traits of plants including canopy height, leaf size, growth rate, plant lifespan, aboveground and belowground biomass that could be employed to assess plant competitiveness (Adler et al., 2013; Grime, 1974; Lhotsky et al., 2016; Puglielli et al., 2024). In natural wetlands, the environmental heterogeneity acted as environmental filter that leaded to the convergence of plants traits between native and exotic species (Cleland et al., 2011). On the contrary, niche-based community theory predicted that competitive exclusion contributed to the divergence of traits between species pools (Cleland et al., 2011). Trait-based community assembly theory suggested that plants functional traits could be used to reveal the biotic and abiotic processes of plant coexistence (de Bello et al., 2012).

But there remained challenges in how to quantify the variance of trait-based characters. In stabilizing process, species inclined to offset disadvantages or enhance certain traits to protect themselves from being excluded by intraspecific competition (Adler et al., 2013; Chesson, 2000; Leibold et al., 2022). The trait-based tradeoff strategies of plant can provide insights into plant behaviors when competing with neighbor species (Cleland et al., 2011; de Bello et al., 2013; Kempel et al., 2011; Puglielli et al., 2024). Additionally, mathematical methods like interspecific correlation index and Lotka–Volterra competition models had been developed to quantify the competition between heterospecific species (Broekman et al., 2019; Chesson, 2000). However, the variables in the Lotka-Volterra competition model were morphologically, physiologically and behaviorally unrealistic (Tilman, 1990). Thus, simplified and easy measured variables are urgently needed to explain the mechanism underlying plant coexisting.

Light, as an essential resource for plant photosynthesis, tended to be the primary limiting factor for plant coexistence when nutrient supply was relatively constant in the same macrohabitat (Eskelinen et al., 2022). The functional traits of plants are primarily linked to their competitive abilities for light (Gaudet and Keddy, 1988). As plant competitiveness for light and soil space is often size-asymmetric, morphological traits can be used to understand plants’ strategies (Aschehoug et al., 2016; Craine et al., 2013; Öpik et al., 2013). For example, the alien invasive plant species (Solidago canadensis, Bidens frondose and Erigeron canadensis) obtained greater phenological plasticity like phenology and reproduction than native species (Cao et al., 2018; Ren et al., 2023). Thus, morphological parameters such as plants’ phenology, relative height, and coverage can be utilized as proxies to quantify the variation plants traits under interspecific competition (Aschehoug et al., 2016).

To deepen our understanding of the impacts of interspecific competition on plant diversity and coexistence, empirical studies on plants coexisting strategies are necessary. This involves analyzing pairwise interactions between native and non-native species within regional species pools among 19 lakeside wetlands. Additionally, spatial and temporal niches, along with phylogenetic information, are studied to uncover niche partitioning strategies. Morphological metrics are also incorporated into Lotka–Volterra competition models to visualize the tradeoff strategies of plants in competitive environments. The results of this study can provide a theoretical basis in the guide of plants conservation in restored or created wetlands.




2 Materials and methods



2.1 Study regions

This study focused on plants diversity and stability of aquatic communities in 19 restored lakeside wetlands of Chaohu Lake which is the fifth largest freshwater lake in China (Chen et al., 2023). The studied 19 restored lakeside wetlands located in the First Level Protected Area (FLPA) with a scope of 1 kilometer extended the shoreline of Chaohu Lake. The completed date of the 19 restored wetlands was listed in Supplementary Table S1. This region experiences a subtropical monsoon climate, with an annual precipitation of 1,124.4 mm and a temperature of 16.7°C (Yang et al., 2024). Meanwhile, the studied 19 restored lakeside wetlands encompassed a variety of microhabitats such as plains, hills, marshes, and ponds (Figure 1). The combination of diverse geological conditions and suitable climate in this area facilitated the colonization of abundant vascular plants. According to the lifeform and ecological types of vascular plants, lakeside wetlands vegetation was classified into five vegetation formations, including upland plants, wet grasslands, emergent plants, floating-leaved plants, and submerged plants (Jenkins et al., 2021; Yang et al., 2024).


[image: Map of Chaohu Lake in China, highlighting various features: wetlands, rivers, and forests. It includes color-coded areas such as emergent and submerged plants, farmland, roads, and residential areas. Insets show the location in China and elevation data. A legend explains symbols and colors.]

Figure 1 | Location of studied 19 restored wetlands in the lakeside of Chaohu Lake basin. (A, B) Geographical position of Chaohu Lake Basin.






2.2 Data sources

To reveal plants coexisting strategies, a number of 19 sampling transects were conducted among 19 lakeside wetlands of Chaohu Lake in the spring (April 20th to May 12th) and autumn (September 23rd to October 12th) of 2023. Each sampling-transect of restored wetland traversed five vegetation formation with a length ranged from 0.5 to 2 kilometers that was positively correlated with the width of wetland. Meanwhile, a number of 8-15 herbaceous plant quadrats (1×1m) were set at each transect and a total of 427 samples were conducted in this study. Plant characteristics including abundance, height, coverage, phenology, above ground biomass of plants were recorded to analyze the spatial niche and interspecific competition among vascular plants (Yang et al., 2024). Additionally, 10 traits encompassing functional, morphological, and phenological parameters of plants were examined to elucidate the competitive strategies of plants (Wang et al., 2012). Specifically, the content of the 10 traits were listed in Supplementary Table S2. The data of morphological, and phenological parameters of vascular plants were collected from field observation and Flora of China (Wu and Zhou, 2001).




2.3 Data analysis

The chi-square (χ2) statistics were utilized to examine the interspecific associations of functional groups (Hurlbert, 1969). The χ2 value was calculated according to the following formula (Gu et al., 2017; Jin et al., 2022).

[image: Chi-squared equation: χ² equals the square of (ad minus bc minus 0.5N), multiplied by N, over the product of (a plus b), (a plus c), (b plus d), and (c plus d). Equation number one.]

Where a represents the number of quadrats where both species i and j occurred. b represents the number of quadrats where only species i occurred. c represents the number of quadrats where only species j occurred. d represents the number of quadrats where neither species i nor j occurred, and N represents the total number of quadrats. When χ2 < 3.841, there is no interspecific association between species; when 3.84 ≤χ2 ≤ 6.635, there is a moderate association between species; and when χ2 > 6.635, there is significant association between species (Gu et al., 2017).

The Ochiai index (OI) was used to assess the degree of isolation between species. The OI index was calculated according to the following equation (Hu et al., 2022).

[image: Equation showing \( OI = \frac{a}{\sqrt{(a+b)(a+c)}} \) labeled as equation (2).]

Where the value of a, b, and c in Equation 2 are the same as those in Equation 1. When OI value is 0, indicating that the species are completely independent. The closer the OI value is to 1 and χ2>0, the higher the probability of two species cooccur in the same habitat.

The Spearman rank correlation coefficient (rij) was used to assess the level of linear correlation between independent species (Gauthier, 2001). The calculation of rij was based on the following equations:

[image: The formula for the Pearson correlation coefficient, \( r_{ij} \), is shown. It is the sum of the product of deviations \((x_{ik} - \bar{x}_i)(x_{jk} - \bar{x}_j)\) divided by the square root of the product of the sum of squares of deviations for \(x_i\) and \(x_j\).]

[image: The image shows a mathematical formula for the Spearman rank correlation coefficient, denoted as \( r_{(ij)} = 1 - \frac{6 \sum_{k=1}^{N} d_k^2}{N^3 - N} \), labeled as equation (4).]

[image: The equation shows \( d_k = X_{ik} - X_{jk} \), labeled as equation (5).]

Where [image: Equation representing the variable \( r \) with subscript \( (i, j) \).]  is the rank correlation analysis between species i and j. N is the total number of quadrats. [image: Mathematical notation showing the variable "X" with subscripts "i" and "k".]  and [image: Variable \(X_{jk}\) with subscript \(jk\).]  are the rank vector of i and j that were converted from the quantity of species i and j in kth quadrat. dk is the difference of the rank vector of species i and j. The value of r(i,j) is ranged from -1 to 1. If r(i,j) > 0, the species have a positive correlation, and if r(i,j) < 0, species have a negative correlation.

The niche breadth (B) was utilized to analyze the niche of plants (Colwell and Futuyma, 1971; Jin et al., 2022).

[image: Mathematical equation labeled as formula six. It shows B equals one divided by the sum of P sub j squared, which equals N sub f squared divided by the sum of N sub j squared.]

The NT is the total number of species i among five vegetations formations while Nj is the number of species i in each vegetation formation.

Morphological traits of vascular plants, such as relative average height (RH), relative coverage (RC), and relative abundance (RA), were used to assess plant competitiveness. The important value (IV), calculated as the average of relative abundance (RA), relative frequency (RF), and relative coverage (RC), was used to determine species significance in wetland ecosystems. Dominance (D) was employed to indicate plant prevalence among numerous species. These traits were calculated as the following equations (Gu et al., 2017; Jin et al., 2022).

[image: RH equals \( H_i \) divided by the sum of \( H_i \) from i equals 1 to n, multiplied by 100 percent. Equation number 7.]

[image: The formula shown represents a percentage calculation: \( RC = \frac{C_i}{\sum_{i=1}^{s} C_i} \times 100\% \), numbered as equation eight.]

[image: Formula for relative abundance: \( RA = \frac{A_i}{\sum_{i=1}^{S} A_i} \times 100\% \) displayed with an equation number (9) on the right side.]

[image: The formula for relative frequency (RF) is depicted as RF equals F sub i divided by the sum from i equals 1 to S of F sub i, multiplied by one hundred percent. It is marked as equation ten.]

[image: Formula showing relative weight calculation: \( RW = \frac{W_i}{\sum_{i=1}^{5} W_i} \times 100\% \). Labeled as equation number 11.]

[image: The formula shown is IV equals the sum of RA, RC, and RF, divided by 3. This is equation number 12.]

[image: Equation labeled as (13) showing D equals the sum of RH, RC, RA, RF, and RW, divided by 5.]

The height of individuals of the ith species is represented by Hi. Ci signifies the total coverage of the ith species, while Ai represents the total number of individuals of the ith species. S indicates the total number of species in the quadrat, and Fi denotes the total number of quadrats in which the ith species appears.

The variation of relative height (ΔRH) and relative coverage (ΔRC) were used to evaluate the growth rate of plants. The calculation of ΔRH and ΔRC was based on the following equations:

[image: Equation showing the change in relative humidity: ΔRH equals RH sub 2 minus RH sub 1, labeled as equation fourteen.]

[image: Equation showing ΔRC equals RC at time 2 minus RC at time 1, labeled as equation 15.]

Where [image: The text "RH" followed by a subscript "2".]  is the relative height of plants at time t2. [image: The text "RH" followed by a subscript "t1".]  is the relative height of plants at time t1. Analogously, [image: The text reads "RC subscript t2".]  is the relative coverage of plants at time t2 while [image: The text "RC" with a subscript "t1".] is the relative coverage of plants at time t1.

All the data were calculated with Excel and analyzed via Origin 2024 pro.





3 Results



3.1 Species pool in this region

A total of 220 vascular plants from 64 families and 168 genera were identified in 19 restored wetlands around Chaohu Lakeside (Figure 2). The proportion of local species in the regional species pool varied among different plant taxa. Among them, the species from Poaceae, Asteraceae, Cyperaceae, Polygonaceae, and Fabaceae contributed to15%, 10.91%, 5.91%, 5.45%, and 4.55% of the total species, respectively. Poaceae, particularly annual and biennial weeds, were more dominant than forbs in wetlands, that embraced 33% of richness and 38.76% of abundance (Sutherland, 2004). Poaceae, Cyperaceae, and Polygonaceae were major contributors to the weed list in this region, characterized by fast growth rate, high adaptability, and rapid reproduction (Baker, 1974).


[image: Circular heatmap with a phylogenetic tree at the center, depicting various plant species. The outer ring includes species names, while the inner circle shows colored segments from blue to red, indicating data values ranging from 0.01 to 8.00. A color gradient scale on the right provides a reference.]

Figure 2 | The phylogenetic tree (n=220 species) was derived from the sequence number of species in Flora of Anhui Province. Cells from the inside to the outside of the phylogeny are plant parameters: RA, relative abundance; RH, relative height; RC, relative coverage; RF, relative frequency; D, dominance; IV, important value; and RW, relative weight.



Annual species primarily propagated through seeds, while most perennial species spread through asexual reproduction. The total mass of annual species’ seeds was twice as much as that of perennial plants in the soil of emergent communities (Drahota and Reichart, 2015). Aquatic vegetation restoration provided high-energy food sources (seeds, tubers, and submerged aquatic plants) tend to enhance waterfowl diversity of wetlands (Lishawa et al., 2020; Zhou et al., 2020). Species like Beckmannia syzigachne (B. syzigachne) and Echinochloa caudata (E. caudata), prevalent in abandoned farmland, were often used as pioneer species for wetland restoration (Yan et al., 2023). However, perennial species such as S. canadensis, P. australis, and T. angustifolia are not edible by birds, and their proliferation can reduce bird diversity in restored wetlands. This condition can be revised by controlling invasive plants (Lishawa et al., 2020).

The predominant species of upland vegetation formation was mainly originated from the Asteraceae and Fabaceae families, such as Solidago canadensis (S. canadensis), Erigeron canadensis (E. canadensis), Sonchus oleraceus (S. oleraceus), Glycine soja (G. soja) and Vicia sativa L (V. sativa). S. canadensis was initially introduced as an ornamental plant, but escaped and became pervasive in wetlands (Wang et al., 2021). The shading tolerance capacity of S. canadensis enabled it adapted to various environmental variables (Wu et al., 2020). On the other hand, G. soja, a native species under state protection (category II), is known for its climbing and strangling behavior towards other species. While Cyperaceae and Polygonaceae were mainly obligate or facultative wetland species like Bolboschoenus planiculmis, Cyperus difformis, Persicaria lapathifolia, and Persicaria orientalis which mainly distributed in wet grassland and emergent vegetation formations.

According to the plant source, the proportion of native species, artificially planted species, alien species, and alien invasive species accounted for 63.64%, 21.82%, 3.18%, and 11.36%, respectively. The top five native species with higher important value were Phragmites australis (P. australis), Paspalum distichum (P. distichum), Cynodon dactylon (C. dactylon), Potamogeton crispus (P. crispus), and T. angustifolia, with IV of 0.054, 0.043, 0.042, 0.030, and 0.026 respectively. Among many invasive plants, A. philoxeroides, S. canadensis, and E. canadensis tended to be more pervasive and predominant in lakeside wetlands with IV values of 0.064, 0.029, and 0.026, respectively. A. philoxeroides, as an invasive species, can spread quickly through vegetative propagation and adapt well to diverse habitats under different light regimes conditions (Pan et al., 2006). S. canadensis exhibits high drought stress tolerance, low nutrient stress tolerance, high fecundity, and diffusion ability, making it the most threatened invasive species in wetlands (Wang et al., 2023). Another invasive species Erigeron canadensis (E. canadensis) with high growth rate that can secrete allelochemicals to inhibit the growth of neighboring plants (Yan et al., 2020).




3.2 Interspecific correlation of plants

To determine interspecific relationship among vascular plants, a total of 30 predominant species and 435 pair of relation were analyzed in the spring and autumn, respectively (Figure 3). In spring, alien invasive plants such as A. philoxeroides, G. carolinianum, E. canadensis, and S. canadensis exhibited higher dominance. A. philoxeroides, as semiaquatic species showed a positive correlation with hydrophyte and macrophyte like Rumex japonicus (R. japonicus), Leersia japonica, and T. angustifolia with OI exceed 0.35. Conversely, A. philoxeroides exhibited a negative correlation with xerophytes and mesophytes like G. carolinianum, E. canadensis, and S. oleraceu, with OI value of 0.31, 0.07, and 0.03, respectively. On the other hand, G. carolinianum, E. canadensis, and S. canadensis are xerophilous or mesic plants mainly found in upland vegetation formation. Furthermore, the G. carolinianum and E. canadensis showed positively correlated with most xerophilous or mesic species in spring but negative correlations in autumn. Specifically, S. canadensis exhibited a positive correlation with vine and herbaceous plants with larger size while it obtained a negative correlation with herbaceous plants with smaller size.


[image: Two diagrams titled "Spring" and "Autumn" depict species interaction matrices and networks. Panels A and B are heat maps showing correlation values between plant species, with colors ranging from red to blue indicating strong to weak correlations. Panels C and D are circular network diagrams illustrating species interactions, with connecting lines representing correlation strengths.]

Figure 3 | Interspecific relationship among the top thirty predominant species in the regional species pool of the Chaohu lakeside wetlands. (A, B) Ochiai index. From up to bottom and left to right, species quoted by its frequency from high to low. (C, D) Spearman rank correlation coefficient (rij) of species in the spring and autumn, respectively. The purple curve represents positive correlation while the black curve represents negative correlation. The absolute value of rij under 0.1 were neglected.



The dominant native species identified in this study were P. australis, Vicia sativa, and T. angustifolia. Among them, P. australis showed a positive interspecific correlation with T. angustifolia, with an OI of 0.34 and χ2 of 13.64, indicating a significant overlap in their ecological niche. Both P. australis and T. angustifolia, known as obligate wetland species, are widely utilized in wetland restoration projects. The positive correlation observed in invasive plants suggested their superior competitive ability over native species. Furthermore, the intensity of interspecific competition between invasive and native plants was more intense than that among different invasive species. Interestingly, xerophilous or mesic species such as Humulus scandens (H. scandens), Nelumbo nucifera Gaertn (N. nucifera) and Hydrilla verticillate (H. verticillate) showed no correlation with macrophytes, for that most macrophyte were monocultured. Additionally, the presence of hydrophytic habitats have effectively restricted the spread of xerophilous and mesic invaders (Dou et al., 2022).




3.3 Niche partition of plants

The strategies employed by plants to alleviate competition involves niche partitioning in both space and time (Figure 4). The distribution of vascular plants within various vegetation formations such as upland plants, wet grassland plants, emergent plants, floating-leaved plants, and submerged plants was 51.36%, 31.36%, 8.64%, 4.55%, and 4.09%, respectively (Yang et al., 2024). As shown in Figure 4C, the average niche breadth upland plants, wet grassland plants, emergent plants, floating-leaved plants, and submerged plants were 1.28 ± 0.36, 1.53 ± 0.52, 1.67 ± 0.60, 1.48 ± 0.52, and 1.58 ± 0.49, respectively. This result supported the hypothesis that the niche of functional groups in wetlands was predominantly influenced by hydrological conditions (Deane et al., 2017). Meanwhile, species of wet grassland and emergent vegetation formations usually obtained higher tolerance to hydrological changes. Specifically, species like A. philoxeroides, N. nucifera, and Rumex japonicus exhibited wider niche breadth exceeding 2.85 compared with S. canadensis of 1.34. Due to the coexistence of these adaptive species that contributed to the ecotone’s higher biodiversity (Yang et al., 2024).


[image: A set of graphs and a pie chart analyze plant population dynamics across seasons for different habitats. Graph A shows population size by season and habitat type. Graph B depicts population size distribution. Graph C illustrates niche breadth for each habitat in spring and autumn. Graph D examines species abundance and dominance through a line graph. A pie chart labeled E indicates seasonal distribution: 0.5% spring, 29.5% autumn, and 69.9% consistency.]

Figure 4 | The temporal and structural niche of 220 vascular plants among 19 lakeside wetlands ((A) plants phenology; (B) population size of species; (C) spatial niche; (D) temporal niche; (E) partitioning of temporal niche).



Another factor that influences species fluctuations is the annual climate variability. A previous study by Zheng et al. (2024) highlighted the significant impact of temporal shifts and functional traits on grassland productivity. In contrast, Usinowicz et al. (2017) found that the benefits of asynchronous coexistence were more pronounced in tropical and subtropical forests compared to temperate forests. Figure 4D illustrates the explicit partition of plants’ temporal niche. The result indicated that 160 species were observed in spring and 148 species in autumn. The distribution of species along the X-axis indicates that 33.6% of investigated species occurred in spring, 26.8% in autumn, and 39.5% in both seasons. Wang et al. (2012) noted that 25.45% of species matured from late spring to summer, with 8.18% achieving the highest biomass in early spring and 4.09% maintaining consistent biomass throughout the year. Additionally, 62.27% of plants matured in early autumn (Figure 4A). The partition of plants reproductive phenology can effectively enrich the seed bank of wetland as well as facilitate the survive rate of plants.

According to the reproductive capacity of plants, annual species generally embraced shorter germination times compared to perennial species (Shipley and Parent, 1991). In lakeside wetlands, the species pool consisted of 97 annual plants (44.09%) and 123 perennial herbs (55.91%). Spring-dominant species were typically annual herbs with smaller size and biomass, such as Azolla pinnata, Spirodela polyrhiza, and Galium spurium. Annual herbs tend to spread quickly due to shorter generation times or higher fecundity, giving them a selective advantage over biennials and perennials (Sutherland, 2004). On the other hand, perennial hygrophytes like Phragmites, Typhaceae and Cyperaceae embrace well-developed rhizomes or corms that provide flooding tolerance (Wang et al., 2022). In the initial stages of wetland restoration, annuals typically dominate the species composition, but there is a gradual shift towards perennials in long-term succession (Jenkins et al., 2021).

Species predominant in autumn were mainly from the Poaceae family, such as Echinochloa colona, E. caudata, and Setaria viridis, with seeds maturing in autumn. These species were often accompanied by planted species like N. nucifera, Nymphaea tetragona, and T. angustifolia. Notably, G. carolinianum matured in spring and completed its life cycle in summer. While most species withered in autumn, Panicum bisulcatum bloomed and outperformed others in terms of height and coverage. Species coexisting in spring and autumn were characterized by perennial macrophytes with greater competitiveness in terms of height and biomass. Additionally, species with wider temporal niche tended to possess higher niche breadth as well (Figure 4D).




3.4 Traits tradeoff of plants

Ultimately, the interspecific competition among plants is a competition for resources. The competitiveness of plants is usually size asymmetric that the larger plants typically receiving a greater share of light resources which may suppress neighboring plants’ fitness (Aschehoug et al., 2016). In this study, relative height (RH) and relative coverage (RC) were introduced into the Lotka-Volterra model to assess the competitiveness and strategies for plant coexistence in a large community (Silvertown, 2004; Tilman, 1990). Because majority (62.27%) of plants in this region reached maturity in the autumn, leading to the use of autumnal traits to determine stability conditions, while variations of traits between spring and autumn were used to assess the strategies of plants (Chesson, 2000).

The coverage and height tradeoff are the most common strategies for plant coexistence in the presence of interspecific competition. If [image: Fraction with numerator delta R H and denominator delta R C is greater than one.] , the species is determined by the height tradeoff strategy. If [image: Fraction \(\frac{\Delta RH}{\Delta RC}\) is less than \(1\).] , the species is determined by the coverage tradeoff strategy. When [image: The mathematical expression shows the fraction \(\frac{\Delta RH}{\Delta RC}\) approximately equal to \(1\).] , the species is determined by both coverage and height tradeoff strategies. When the [image: Text with the letters "ARH" on top and "ARC" below it, in a classic serif font.]  is negative, the equation is substituted by [image: Text "RH" over "RC" with a horizontal line separating them, suggesting a ratio or fraction.] . Plants applied height tradeoff strategy are these species like E. canadensis, Miscanthus lutarioriparius, E. caudata, and N. nucifera, while the coverage tradeoff strategy is observed in G. carolinianum, A. philoxeroides, Trapa natans, and P. crispus (Figure 5).


[image: Six charts illustrate relationships between Relative Importance Index (RII) and Relative Coverage (RC) for various aquatic plant species in different seasons. Panels A to E depict RII-RC plots with different colored areas representing species. Panel F shows three line graphs comparing percentage changes for spring and autumn based on RA, RII, and RC. Each chart uses distinct colors to represent different species and seasons, with arrows indicating specific data trends.]

Figure 5 | Variation of plants functional traits in different vegetation formations: (A) upland vegetation formation; (B) wet grassland vegetation; (C) emergent plants; (D) floating-leaved plants; (E) submerged plants; (F) seasonal change of plants’ traits; RA, relative abundance; RH, relative height; RC, relative coverage; The red arrows mean the expansion of traits while the black arrows represent the shrink of traits.



Our results indicated that plants in different vegetation formations may adopt disparate strategies. In upland vegetation formation, S. canadensis was predominant by height and coverage while E. canadensis and G. carolinianum were driven by height and coverage strategies, respectively. Additionally, plants in different habitat may also adopt different strategies. For example, P. australis adopted coverage strategy in hygrophilous habitat while it employed height strategy in aquatic habitat. According to the Lotka-Volterra model, species with trading strategies tend to coexist, while non-trading strategy species are more likely to be excluded by competitive species (De Mazancourt and Schwartz, 2010). The weaker competitors increase their fitness via traits trade off while stronger competitors are suppressed by their conspecific neighbors (Stoll and Prati, 2001). The increase in dominance of a species in one resource comes at the expense of competitiveness in another resource.





4 Discussion

Plant strategies in coping with competition can be summed up as spatial and temporal niche partitioning and trait tradeoffs (Figure 6). Temporal niche differentiation is primarily achieved through phenology partitioning, which reduces competition intensity and promotes species coexistence (Pak et al., 2023). As the resources including light, water, soil nutrient availability variate during the year, the partitioning of plant phenology allowing competitors to coexist (Chesson, 1994). Short-lived species tend to complete their life cycles under favorable environmental conditions to avoid dreadful environment (Hereford et al., 2017). Our findings revealed that 33.6% of species occurred in spring, 26.8% in autumn, and 39.5% in both seasons. Specifically, 25.45% of species matured in early summer, while 62.27% matured in autumn. Species that matured in early spring were typically small-sized, such as Vicia hirsuta and Medicago polymorpha, with lower competition, leading to variations in plant maturity timing. Notably, the endangered fern Ceratopteris chingii completed its life cycle in autumn (Guan et al., 2019). Special attention should be given to these annual species with specific and narrower temporal niches.


[image: Diagrams labeled A to D show changes in tree size from spring to autumn alongside graphs illustrating resource conditions (RC) and resource hierarchies (RH). Panel A shows a tall tree dominating in autumn, with a graph where RH over RC is greater than one. Panel B has medium-sized trees, with a graph where RH over RC is less than one. Panel C depicts dense tree growth, with RH over RC equal to one. Panel D shows varied tree growth, with a graph comparing spatial and temporal niches.]

Figure 6 | The strategies of plants coexistence under competition: (A) height tradeoff strategy; (B) coverage tradeoff strategy; (C) height and coverage tradeoff strategy; (D) niche partitioning strategy; RH, relative height; RC, relative coverage; ΔRH, variation of relative height; ΔRC, variation of relative coverage.



Among the five vegetation formations of restored wetlands, emergent plants had the widest niche breadth of 1.67 ± 0.60, while upland vegetation species had the lowest niche breadth of 1.28 ± 0.36. The emergent plant vegetation formation was predominantly composed of facultative species that can survive in both upland and wet grassland of wetlands. On the other hand, upland vegetation was dominated by xerophyte and mesophyte species, resulting in higher plant richness of 81 species but a lower niche breadth of 1.28. There was no correlation between upland species and most hygrophytes, indicating that habitat heterogeneity promoted vegetation partitioning. The vegetation formations in wetlands were primarily influenced by soil moisture, with the wetland hydrology regime playing a key role in regulating plant communities (Regmi et al., 2021). In particular, the inundation time of wetlands was found to influence species niche differentiation in wetlands (Foti et al., 2012). By managing the hydrological regime of seasonal flooding lakeside wetlands, it was possible to control the spread of xerophytic invasive species such as G. carolinianum, E. canadensis, and S. canadensis.

Traits tradeoff in height and coverage were primary strategies of plants to acquire more resources under interspecific competition. The established species like P. australis, T. angustifolia, and S. canadensis are usually taller in the communities, while subordinate species inclined to pursue for a height tradeoff to compete for light resources when there was little height difference. Less competitive species turned to pursue for a coverage tradeoff, investing more nutrients in their leaves to maximize light absorption. For instance, plants with high specific leaf area tended to occupy areas with higher resources, whereas those with lower specific leaf area tended to establish in areas with lower resources (Adler et al., 2013). Plants adopting coverage tradeoff strategy are prostrate plants like Trifolium repens, H. scandens, Kummerowia striata, Actinostemma tenerum, Causonis japonica which incline to expand their coverage when competed with other species (Eskelinen et al., 2022). However, the pervasive of these species may lead to the exclusion of other species due to light shading effects. Another way for plants to alleviate interspecific competition is the tradeoff height and coverage strategies. This strategy was mainly achieved through the increase in individual numbers, which could, in turn, intensify intraspecific competition. Species commonly found in this scenario are most Cyperaceae, Poaceae, and Juncus species like Carex brachyathera, Cynodon dactylon, P. distichum, and Juncus effuses.

To recover and maintain plant diversity in restored wetlands, wetland conservators can adopt the following strategies: Firstly, protect annual species and control perennial plants to ensure the sustainability of annual species propagule. Secondly, clear invasive species or replace them with native plants which have highly competitive capacities that can coexist with alien invasive plants through height, coverage tradeoff strategy, or both of it. Thirdly, establish a biological defense line by safeguarding the hydrology regime and reducing the diffusion risk of non-native species (Deane et al., 2017; Raulings et al., 2010). In general, priority should be given to plant functional traits, landscape configuration, and hydrology regime in the restoration and maintenance of wetlands.




5 Conclusion

To investigate the coexistence mechanisms and strategies of plants under interspecific competition, a comprehensive study was conducted among 220 vascular plants from 19 restored wetlands. The OI index indicated that 62.41% of species pairs embraced a negative correlation while 37.59% species pairs were positive. Notably, invasive species such as A. philoxeroides, G. carolinianum, S. canadensis, and E. canadensis, along with native species like V. sativa and S. viridis, embraced higher competitiveness than neighboring species. The primary strategies for different plant coexisted including spatial and temporal niche partitioning, as well as tradeoffs in height and coverage. Emergent plants obtained a wider niche breadth of 1.67 ± 0.60 compared to upland species with the narrowest niche of 1.28 ± 0.36. In temporal scale, species occurred in spring, autumn, and both spring and autumn reached 33.6%, 26.8% and 39.5%, respectively. Phenology character of plants indicated that the proportion of species matured in spring, summer and autumn accounted for 8.18%, 25.45% and 62.27%, respectively. Height tradeoff strategies were predominantly observed in communities of P. australis, T. angustifolia, and S. canadensis, while coverage tradeoff strategies were more prevalent in Trifolium repens, H. scandens, and Kummerowia striata communities. Overall, the coexistence strategies including spatial and temporal niche partitioning, as well as tradeoffs in height and coverage traits among vascular plants that hold promise for biodiversity conservation and the management of alien invasive species.
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This study investigated the effect of epiphyton on foliar traits of a submerged rooted macrophyte, Potamogeton perfoliatus, in a shallow freshwater lake, highlighting its influence on the ecological dynamics of littoral zones in aquatic ecosystems. It was shown that the limnological characteristics of the sampling sites (water chlorophyll-a, total suspended matter and coloured dissolved organic matter content) had no significant effect on the average values of epiphytic algal content found on pondweed leaves, while influencing the plasticity of these data. The responses of morphological and physiological traits of submerged macrophytes to accumulated epiphyton demonstrate the complexity of their relationship: epiphyton colonisation had no relevant effect on leaf morphology (except leaf length) and leaf pigment content (except Chl-a/Chl-b ratio), however, this study highlights the significant influence of epiphytic algal biomass on photophysiological traits of submerged macrophyte leaves, as 5 out of 6 photophysiological traits were affected. The results highlight the importance of considering epiphyte colonisation when seeking to understand the ecological functioning of littoral aquatic ecosystems. Furthermore, the complex interactions between epiphytes and submerged rooted macrophytes should be considered in integrated lake management and environmental protection policies. These interactions play an important, though ambiguous role in shaping habitat variability and overall ecosystem health in littoral zones.
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 1 

Introduction

The dynamic relationship between epiphytes – a community of algae, microbes and fungi that colonise macrophyte surfaces – and submerged macrophytes is complex, and goes beyond the simple competition (Sand-Jensen and Søndergaard, 1981; Köhler et al., 2010; Wijewardene et al., 2022). It affects the structure and functioning of the littoral zone and can even influence the balance of the whole aquatic ecosystem, especially in shallow lakes. While both macrophytes and the autotrophic part of the epiphytic community play key roles by contributing to primary production, nutrient cycling, and habitat complexity (McAbendroth et al., 2005; Kovalenko et al., 2012; Tóth, 2024), their coexistence is often characterised by competition, notably for light (Sand-Jensen and Søndergaard, 1981; Vis et al., 2006; Sultana et al., 2010). Light is a primary resource required for photosynthesis, and in aquatic systems, it becomes increasingly limited with depth, turbidity, abundance of phytoplankton, epiphytes and macrophytes (Wetzel, 1975; Kirk, 1994; Tóth, 2013, 2024). Within macrophyte stands, light is attenuated by several factors (Kirk, 1994; Hill, 1996; Wijewardene et al., 2022). In particular, a significant proportion of the light attenuation reaching the leaf surface of submerged macrophytes is attributed to epiphytic algae (Tóth, 2013). Furthermore, the pigment systems of periphytic algae not only absorb light, thereby altering its quantity, but also do so selectively at specific wavelengths, thereby affecting the quality of the optical environment (Tóth, 2013, 2024; Klančnik et al., 2015; Tóth and Palmer, 2016). Individually, these phenomena could alter the morphology and physiology of aquatic plants, but their combined effects have the potential to induce significant phenotypic variability. Epiphytes often form dense layers on the leaves and stems of submerged plants, reducing the amount and quality of light reaching the macrophytes’ photosynthetic tissues, leading to physiological and morphological adjustments to compensate for these changes (Asaeda et al., 2004; Tóth, 2013, 2024).

For epiphytes, submerged macrophytes are primarily a substrate that maintains the community in an optimal environment, as aquatic plants provide essential habitat and structural complexity for various aquatic organisms (Kuczynska-Kippen, 2008; Thomaz et al., 2008). The presence of epiphytes on macrophyte surfaces further increases habitat complexity by providing additional food sources for micro- and macro-organisms (McAbendroth et al., 2005; Kovalenko et al., 2012; Tóth, 2013). However, when epiphyte growth becomes excessive, it can negatively affect macrophytes and reduce their capacity to perform their ecosystem services (Strand and Weisner, 1996; Köhler et al., 2010; Tóth, 2013) and thus could play a pivotal role in determining water clarity (Takamura et al., 2003; Thomaz, 2023). While macrophytes help to maintain clear water by reducing wave action, stabilising sediments, and sequestering nutrients (Søndergaard et al., 2010; Blindow et al., 2014), the weakened aquatic plants due to excessive epiphyte growth could disappear (Tóth, 2013; Wijewardene et al., 2022), and, over time, shift ecosystems towards a turbid, phytoplankton-dominated state (Scheffer et al., 1993; Scheffer and van Nes, 2007). Under conditions of nutrient enrichment, such as those seen in eutrophic systems, the increased growth of epiphytes can tip the balance against macrophytes, resulting in a shift towards degraded ecosystem states (Duffy et al., 2007; Özen et al., 2018). Conversely, stable macrophyte populations can help buffer ecosystems against the effects of eutrophication by sequestering nutrients and maintaining water clarity, demonstrating their role in ecosystem resilience (Duffy et al., 2007).

Competition between these two groups of autotrophs (epiphytes and submerged macrophytes) is particularly complex (Liboriussen and Jeppesen, 2006; Dos Santos et al., 2013; Tóth and Palmer, 2016), and while both require light and occupy nearly the same niche, the epiphytes have a significant advantage. The epiphytes can quickly respond to nutrient pulses and proliferate within days, while macrophytes, due to their complex structure and morphogenesis are slower to adjust to the changing conditions (Worm and Sommer, 2000; Yuan et al., 2023). There is an additional element to the temporal aspect of the interaction between macrophytes and their epiphytes. As epiphytic colonisation is a time-consuming process (the average colonisation time in Lake Balaton is around 8-9 days), the younger parts of the macrophytes are largely free of epiphytic cover (Tóth, 2013). Consequently, leaf morphogenesis in submerged macrophytes is initiated without the influence of epiphytes, and only gradually, over a period of time, does the epiphyte biomass begin to affect plant development. As epiphytes accumulate on the adaxial surface of leaves, their presence reduces the quantity and changes the quality of light to the photosynthetic tissues of the aquatic plant. To compensate for these changes, macrophytes may adjust their leaf morphology, physiology and resource allocation, potentially altering their vertical structure by promoting vertical expansion and branching in the apical parts (Tóth, 2024). In nutrient-rich conditions, where epiphyte loads are higher, macrophytes may show even more drastic changes, leading to the deterioration of basal parts of the plant.

Light perception involves different parts of the plant (Neff et al., 2000; Kami et al., 2010). However, the local information about the exact quantity and quality of light is perceived, expressed and only affects the growth and morphogenesis of the corresponding plant module at the specific leaf that sensed it (Quail, 2002; de Kroon et al., 2005; Tóth and Palmer, 2016). Consequently, submerged rooted macrophytes develop a morphological and physiological profile typical for their specific environment (Tóth, 2024).

The reduction in macrophyte abundance due to epiphyte overgrowth can have cascading effects on ecosystem services (Strand and Weisner, 1996; Köhler et al., 2010; Tóth, 2013). Submerged macrophytes play a critical role in stabilising sediments, enhancing water clarity, and providing habitat for a range of aquatic organisms. Their decline can lead to increased turbidity, altered nutrient cycling, and the loss of biodiversity, further pushing the system towards a turbid, phytoplankton-dominated state - a hallmark of advanced eutrophication.

Studying the interactions between epiphytes and macrophytes, therefore, provides insight into the broader processes that drive aquatic ecosystem change. As climate change exacerbates eutrophication by increasing nutrient loads and altering hydrological regimes, the need to understand these interactions becomes more urgent. By examining how epiphytes affect macrophyte foliar traits, physiological processes, and ecosystem functions, researchers can identify key factors that influence the resilience of aquatic plant communities. This knowledge is crucial for developing effective management strategies aimed at mitigating the impacts of eutrophication, preserving aquatic biodiversity, and maintaining the ecosystem services provided by submerged macrophytes.

Understanding the response of this underwater biotic framework (scaffold) to environmental conditions is crucial not only for comprehending the resilience and survival of macrophytes but also for understanding the ecology, interaction and phenology of organisms connected to these macrophytes. In order to assess the effect of epiphytic algae on the foliar traits of Potamogeton perfoliatus L. and their plasticity, the morphological and photophysiological characteristics of leaves at a certain depth were determined in different parts of Lake Balaton with different water quality parameters. The main questions were

 	 a) which morphological leaf traits of P. perfoliatus are affected by epiphytic algae? 

	 b) which photophysiological leaf traits of P. perfoliatus are affected by epiphytic algae? 

	 c) how do studied limnological parameters affected leaf traits of P. perfoliatus? 





 2 

Materials and methods


 2.1 

Lake Balaton

Lake Balaton ( Figure 1 ) is a large (596 km²), shallow (mean depth 3.7 m) freshwater lake located in Central Europe (N 46.83°, E 17.71°). Due to its prevailing length (78 km), the lake can be divided into four basins, each of which has different limnological characteristics. The westernmost, Keszthely basin, historically has experienced eu-hypertrophic conditions at the end of summer, mainly due to considerable nutrient loading in the past. The easternmost, Siófok basin, is predominantly meso-oligotrophic. The prevailing north-westerly wind direction makes the southern shore exposed to waves, while the northern shore remains relatively calm. For convenience and feasibility of the sampling, observations and measurements were made in calm weather with only moderate wavelets on Lake Balaton.


[image: Map labeled A and B. A shows a political map of Europe with a small region highlighted in Hungary. B is a detailed topographic map of a lake and surrounding region with green and brown terrain. It marks five locations with red dots and numbers along the lake's edge, indicating significant points of interest. A scale and compass rose are present for reference.]

Figure 1  |   (A) Map of Europe showing Hungary (dark grey) and Lake Balaton (black polygon). (B) Topographic map of Lake Balaton and its surroundings, with sampling sites (red dots) along the northern shore. Green areas represent lowlands, yellow areas represent highlands, and brown areas represent mountains. Small tributaries of the lake are shown with white lines. The bathymetric areas of Lake Balaton are depicted with a 1-meter step. The darkest blue polygon in the easternmost part of the lake represents an area with waters deeper than 5 meters.  





 2.2 

Study areas

Experiments were conducted at five sites on the northern shore of Lake Balaton ( Figure 1 ) at the phenological peak of the dominant species of Lake Balaton, the claspingleaf pondweed, Potamogeton perfoliatus L. (second half of July) in 2022. Site 1 is located in the easternmost meso-oligotrophic basin of Lake Balaton. Sites 2 and 3 are situated in the oligotrophic middle basin of the lake, while sites 4 and 5 are located in the eutrophic western and westernmost basins of the lake.



 2.3 

Water chemistry analyses

From each site, in the close vicinity of the studied pondweed stands depth-integrated water column samples were collected into one-litre bottles (3 from each site). The bottles were kept in a cooling box to maintain their original temperature and brought to the laboratory for further analysis within 20 minutes.

Total suspended matter (TSM) was measured gravimetrically after filtering the water through a previously dried and pre-weighed GF-5 fibreglass filter (nominal pore size = 0.4 µm), drying for 2 h at 105°C, then weighing again and subtracting the filter weight from the total weight. TSM concentration was calculated based on the predetermined volume of the filtered sample.

Coloured dissolved organic matter (CDOM) concentration was measured spectrophotometrically at 440 nm (Hitachi, U-2900) after filtering the water through a cellulose acetate filter (pore size 0.45 μm), and was expressed as Pt (platinum) units (mg Pt l-1) (Cuthbert and Del Giorgio, 1992).

Chlorophyll-a of the water column was determined from freshly collected samples. 1 litre of sampled water was filtered through Whatman GF-5 filter papers, and pigments were analysed following extraction in 60°C methanol and clarification by centrifugation (10 000 rpm for 10 min) (Iwamura et al., 1970).



 2.4 

Plant measurements

To ensure that the plants collected were of similar ecological status and age, a number of criteria were considered during sampling. At each site, 3-4 relatively large monospecific patches of clasping-leaf pondweed were selected along a 100-metre shoreline. To avoid self-shading, only patches with low to moderate densities (~5-6 plants per m²) were selected. Also, all selected stands were located in wave-exposed areas to reflect typical lake conditions. Sampled plants were located near the maximum depth of colonisation (1.8 m) and to maintain uniformity in plant age, all sampled pondweeds were 1.8 m long, i.e. their apical parts were at the water surface. Only individuals that were at least 1 metre from the edge of their macrophyte patch were sampled.

The sampling was caried out on foot. At each sampling site (as shown in  Figure 1B ), ~ 20 intact plants were chosen. One intact leaf was carefully collected from each of these P. perfoliatus plants at a depth of approximately 35 cm, roughly corresponding to the apical 25th leaf.

Leaves at a depth of 35 cm were chosen to ensure consistency of developmental stage and to minimise confounding variables related to plant physiology and environmental exposure. At this depth, the leaves sampled were among the youngest mature leaves, not yet entering senescence, but old enough for epiphytic algae to influence their morphological properties during morphogenesis. Previous experience in Lake Balaton has shown that epiphytic colonisation and foliar morphogenesis occurs in the same time: although epiphytic colonisation peaks after about 8 days (Tóth, 2013), leaves at 35 cm depth are 2 weeks old, i.e. biofilm accumulation was in its early stages, and these leaves were without epiphyton for part (probably half) of their development. Furthermore, the selected leaves were not deep enough to be affected by plant self-shading, ensuring that light availability remained a constant factor.

The stem was cut under and over the leaf, and the leaf then was carefully placed in a 20 ml glass vial not fully filled with purified water and sealed tightly. The vials were transported to the laboratory within an hour in the dark.

Upon arrival, in the laboratory, to remove any epiphyton adhering to the leaf surfaces the vials were shaken for 15 minutes. The leaves were then additionally gently washed and then transferred to 20 ml vials filled with filtered Lake Balaton water. The epiphyton removed from the leaves was filtered onto GFC filters (Whatman, USA). The filters were cut into small pieces to enhance the effectiveness of epiphytic algae pigment extraction. Epiphyton pigments present on these filters were extracted with an 80% acetone solution overnight at 4°C. To ensure that all pigments were removed from the filters, two additional extractions were performed in the morning. The supernatant’s absorbance was measured with a Shimadzu UV1600 spectrophotometer from Japan, and pigment concentrations were calculated using empirical equations (Wellburn, 1994).

The cleaned leaves were used first for photophysiological measurements and latter to determine their morphological properties. Chlorophyll fluorescence measurements were performed on these leaves within 1 hour of arrival to the laboratory. During this time the leaves were mostly kept in darkness. It started with the determination of the minimum fluorescence yield (F0) of the dark-adapted leaves. Subsequently, the maximum fluorescence yield (Fm) was determined in leaves exposed to pulse-saturated light (λ=630 nm, Is=3000 μmol m-2 s-1) using a chlorophyll fluorimeter (PAM-2500, Heinz Walz GmbH, Germany). Following this initial assessment, each leaf was exposed to a sequence of 11 actinic illumination of known intensity ranging from 5 to 787 μmol m-2 s-1 (t=15 s, λ=630 nm). After each illumination step, both the apparent (Fs) and light-adapted maximum (Fm′) fluorescence values were measured with a new saturation pulse (λ=630 nm, Is=3000 μmol m-2 s-1). The apparent electron transport rate (ETR) was then calculated from the data obtained ( Table 1 ) (Bilger and Schreiber, 1987; Schreiber et al., 1995; Schreiber, 1998).



Table 1  |  Fluorescence parameters calculated from PAM fluorometry.  

[image: Table showing parameters related to photosynthesis measurement. "Fv/Fm" indicates maximum quantum efficiency of PSII, with equation (Fm-F0)/Fm, reference Schreiber, 1998. "qP" is photochemical quenching, equation (Fm'-Fs)/(Fm'-F0'), references Bilger and Schreiber, 1987. "qN" is non-photochemical quenching, equation 1-(Fm'-F0')/(Fm-F0), same reference. "ETR" represents electron transport rate, equation (Fm'-Fs)/(Fm·I·AF^0.5), reference Schreiber et al., 1995. Bottom text explains variables and recommends referenced literature for more information.]

Following the fluorescence measurement, each leaf was digitised using a scanner (CanoScan LiDE 60). Subsequently, from each digitised leaf, a 1 cm (diameter) disc was excised using a core borer. Leaf pigments were then extracted from the leaf discs, utilizing an 80% acetone solution overnight at 4°C. To ensure that all pigments were removed from the leaf disc, two additional extractions were performed in the morning. The absorption of the resulting supernatant was quantified using a spectrophotometer (UV1600, Shimadzu, Japan), and pigment concentrations were calculated by using empirical equations (Wellburn, 1994). The digital scans were processed to extract morphological traits of the leaves. This was done using ImageJ software (http://rsbweb.nih.gov/ij/), during which the length, width, area, perimeter, and circularity (ranging from 0 for an infinitely elongated polygon to 1 for a perfect circle) of the leaves were determined.



 2.5 

Mathematical and statistical analysis

The light response of the ETR was modelled with an exponential saturation curve (Eilers and Peeters, 1988). From the fitted model, the maximum electron transport capacity (ETRmax ), the theoretical saturation light intensity (Ik ) and the maximum quantum yield for the entire chain of electron transport (α) were retrieved.

The coefficient of variation was calculated for each specific trait at each sampling site to estimate trait plasticity. This parameter was considered equally important as the trait mean, as it provides insight into the extent of phenotypic flexibility, which is a crucial characteristic from an evolutionary perspective.

Statistical analyses were conducted using the R programming environment (R Development Core Team, 2012). Pearson product-moment correlation was applied to evaluate linear correlations between normally distributed variables, following the verification of normality through Shapiro-Wilk tests, with epiphytic algal chlorophyll concentration as an independent variable and morphological (length, width, area and circularity of leaves), photophysiological (ETRmax , Ik , α, Fv/Fm, qP and qN), and pigment (total chlorophyll concentration, chlorophyll a to b ratio, total chlorophyll to carotenoid ratio) parameters as dependent variables. When necessary, transformations were applied.

In preparing the Principal Component Analysis (PCA) plot, the data were first checked for normality and then normalised by centering each variable on its mean and scaling to unit variance. Following this normalisation, PCA was performed to extract the principal components that captured the majority of the variance in the data set. The first two components were then plotted in a biplot to visually represent the relationships between the morphological, photophysiological, pigmentation and limnological parameters. This procedure ensured that the influence of variables with different scales was minimised, thus accurately reflecting the inherent structure of the data.

Generalized additive models (GAM) were used to determine the effects of explanatory variables on epiphyton biomass. For one of the explored relationships the dependent variable was foliar epiphyton, while water chlorophyll-a, TSM, CDOM, and their interaction were used as continuous independent variables. For another explored relationship epiphyton (epi-chla), water chlorophyll-a content (w-chla), water total suspended matter (w-TSM), and water coloured dissolved organic matter (w-CDOM) were the independent, while leaf area, perimeter, circularity, length and width of leaves, the maximum quantum yield for whole-chain electron transport (α), maximum electron transport capacity (ETRmax), the theoretical saturation light intensity (Ik), maximum quantum efficiency of PSII (Fv/Fm), non-photochemical quenching (qN), photochemical quenching (qP), total chlorophyll (total chl), chlorophyll a to b ratio (chla/chlb), total chlorophyll to carotenoid ratio (chl/car) were the dependent variables. The models used identity link functions with a Gaussian error distribution, as the data did not exhibit linear relationships. The Gaussian distribution was chosen to account for the continuous nature of the response variables, while allowing flexibility to capture non-linear patterns in the data (Hastie and Tibshirani, 1987; Wood, 2017). Prior to conducting the tests, normality of the data was assessed using the Shapiro-Wilk test. When necessary, transformations were applied. GAM was executed using the mgcv package (Wood, 2017).




 3 

Results


 3.1 

Effect of limnological parameters on epiphytic algal content

The water quality of the studied areas, including the amount of phytoplankton, had no significant effect on the amount of epiphytic algal biomass found on P. perfoliatus leaves ( Table 2 ,  Figure 2 ). Each parameter had a non-linear, bitonic relationship with the epiphytic algal content, with the highest epiphytic chlorophyll-a content measured at 10.8 µg l-1 water chlorophyll-a content, at 12.6 mg l-1 total suspended matter and 10.7 mg l-1 coloured dissolved organic matter ( Figure 2 , white circles).



Table 2  |  Summary results of the generalized additive models (GAM) for amount of epiphyton (epiphytic algal chlorophyll-a) in the studied sites described by chlorophyl-a content (chl-a), total suspended matter (TSM), and coloured dissolved organic matter (CDOM) of the water.  

[image: Statistical table from a generalized additive model showing estimates, standard errors, t-values, and p-values for predictors: Intercept, s(chl-a), s(TSM), s(CDOM). Intercept estimate is 4.6313 with significant p-value. Effective degrees of freedom, reference degrees, F-values, and p-values are listed for each predictor. Adjusted R-squared is 0.18, deviance explained is 21.1 percent, and GCV score is 8.4228. GCV is the minimized generalized cross-validation score.]


[image: Box plots illustrate the relationship between epiphytic chlorophyll-a (chl-a) and three variables: A) water chlorophyll-a, B) total suspended matter, and C) coloured dissolved organic matter. Each plot features a CV (coefficient of variation) indicated by red squares. Y-axes show epiphytic chl-a concentration, while x-axes display varying concentrations of the respective independent variables. Black dots represent outliers. Horizontal lines within boxes indicate medians, and the vertical lines depict ranges.]

Figure 2  |  Effect of (A) phytoplankton (water chlorophyll-a), (B) total suspended matter and (C) coloured dissolved organic matter on the epiphytic content of Potamogeton perfoliatus leaves collected from 35 cm water depth. Data are shown with boxplots, while plasticity of data (cv - coefficient of variation) is shown as red squares.  



Contrary to this, plasticity of the epiphytic algal content showed monotonic relationship with the studied limnological parameters ( Figure 2 , red squares). The highest plasticity of the epiphytic algal content was recorded at the lowest values of the studied limnological parameters and the plasticity was gradually decreasing with increase of every studied limnological parameter resulting in Pearson product-moment correlation of r=-0.94 (p=0.019), r=-0.84 (no significance), and r=-0.97 (p=0.005) for water chlorophyll-a content, total suspended matter and coloured dissolved organic matter, respectively ( Figure 2 , red squares).



 3.2 

Effect of epiphytic algal biomass on foliar traits

The coefficient of variation (CV) data obtained from the samples were very different, providing some background information on the relationship between the epiphyton and the morphological and photophysiological parameters studied. The chlorophyll-a content of the epiphyton had the highest CV (67.2 ± 14.4%), indicating considerable plasticity in the epiphytic algal biomass within the study sites, while the morphological, photophysiological and pigment parameters varied much less. The morphological parameters showed the lowest CV (17.6 ± 5.8%) plasticity, indicating a more stable response, a consistent structural development across sampling sites, regardless of the differences in epiphytic biomass. The physiological parameters, with a CV of 18.8 ± 8.4%, showed a similar plasticity as the morphological characteristics. Foliar pigment parameters had a CV of 25.3 ± 7.5% (mainly due to the high plasticity of the chlorophyll:carotenoid ratio (~32%). This suggests that pigment adjustments, possibly related to changes in light conditions due to epiphyton shading, were somewhat variable, but less so than the periphyton biomass itself.

Epiphyton biomass accumulated on the of P. perfoliatus leaves had little effect on leaf morphology ( Figure 3 ,  Table 3 ). The data indicate a moderate positive linear relationship between epiphyton biomass and leaf length in P. perfoliatus (Pearson product moment correlation coefficient r=0.397, p<0.001), resulting in 23% increase of leaf length, suggesting that the conditions of epiphyton biomass accumulation are also favourable for leaf longitudinal growth, while other morphological parameters (leaf width, leaf area, leaf circularity and leaf perimeter) were not affected in the same way ( Figure 3 ).


[image: Scatter plot matrix showing relationships between epiphytic chl-a concentration and four variables: length, width, leaf area (LA), and circularity. Each plot has green data points. The top left plot shows a positive correlation between length and chl-a with r=0.397 and P<0.001.]

Figure 3  |  Effect of epiphyton content on the foliar morphology of Potamogeton perfoliatus collected from 35 cm deep water. The numbers within the graph show the Pearson product moment correlation and its significance. Correlations and significance levels are given for significant relationships (p<0.5).  





Table 3  |  Summary results of the generalized additive models (GAM) for the foliar morphological and photophysiological properties of Potamogeton perfoliatus at 35 cm depth affected by the amount of epiphyton (epi-chla), water chlorophyll-a content (w-chla), water total suspended matter (w-TSM), and water coloured dissolved organic matter (w-CDOM) of the studied sites.  

[image: Table displaying t-values and significance levels for various leaf parameters across different variables: intercept, epi-chla, w-chla, w-TSM, and w-CDOM. Parameters include leaf area, perimeter, circularity, and others. Significance is denoted by asterisks: * for p < 0.05, ** for p < 0.01, and *** for p < 0.001.]

The results suggest that epiphyton biomass had a significant, but moderate effect on several aspects of the photophysiology of P. perfoliatus leaves, affecting the initial slope of the photosynthesis-light curve (α), the minimum saturation irradiance (Ik) and the maximum relative electron transport rate (ETRmax), the maximum efficiency of PSII (Fv/Fm) and the photochemical quenching (qP) of PSII ( Figure 4 ,  Table 3 ). ETRmax, Ik and qP were negatively correlated, indicating a decrease in maximum electron transport rate (37.5%), minimum saturation irradiance (62.7%) and photochemical quenching (59.4%) with increasing epiphyton biomass. Meanwhile, α and Fv/Fm showed a positive increase of 24.5% and 9.7%, respectively, with an increase in leaf epiphyton biomass ( Figure 4 ).


[image: Scatter plots showing relationships between epiphytic chlorophyll-a concentration (µg cm²) and six different photosynthetic parameters: ETRmax, α, qP, Ik, Fv/Fm, and qN. Each plot includes a trend line and correlation statistics with significant p-values.]

Figure 4  |  Effect of epiphyton on the photochemical properties of Potamogeton perfoliatus collected from 35 cm deep water. The numbers within the graph show the Pearson product moment correlation and its significance. Correlations and significance levels are given for significant relationships (p<0.5).  



Epiphyton biomass exhibited a low, though statistically significant negative correlation (Pearson product moment correlation: r=-0.294, p=0.002) with the Chl-a/Chl-b ratio in P. perfoliatus leaves, indicating a decrease in the ratio of chlorophyll-a to chlorophyll-b with higher epiphyton biomass ( Figure 5 ,  Table 3 ). Removing the outliers (chl a/b > 4.5 and < 1.5) did not substantially reduce the Pearson product-moment correlation, which remained significant (r = -0.246, p = 0.015). However, epiphyton biomass did not show a statistically significant effect on total chlorophyll content or the chlorophyll:carotenoid ratio in the data set examined.


[image: Three scatter plots display relationships between epiphytic chlorophyll a and three variables: total chlorophyll, chlorophyll a to b ratio, and chlorophyll to carotenoid ratio. Each plot shows data points and a trend line. The middle plot includes a correlation coefficient of negative 0.294 and a p-value of 0.002.]

Figure 5  |  Effect of epiphyton on the pigment content of Potamogeton perfoliatus leaves collected from 35 cm deep water. The numbers within the graph show the Pearson product moment correlation and its significance. Correlations and significance levels are given for significant relationships (p<0.5).  



Principal component analysis ( Figure 6 ) revealed that the differentiation between sampling sites was primarily driven by differences in periphyton biomass, total suspended matter (TSM) and coloured dissolved organic matter (CDOM). These factors had the greatest influence on site separation. In addition, physiological parameters such as maximum electron transport rate (ETRmax), light saturation point (Ik) and photochemical quenching (qP), as well as pigment properties, in particular the chlorophyll a:b (Chl-a/Chl-b) ratio and the chlorophyll:carotenoid ratio, contributed to the differentiation. These physiological and pigmentary traits, although secondary in influence to periphyton and limnological parameters, also played a role in the observed separation of the sites, indicating their relevance in characterising foliar traits and environmental conditions across sites ( Figure 6 ).


[image: Biplot depicting two principal components with five polygons labeled 1 to 5. Vectors represent variables like LA, width, ETR_max, and periphyton. Component 1 accounts for 28.1% and Component 2 for 21.8% of the variance.]

Figure 6  |  Principal component analysis (PCA) biplot of all parameters determined from the Lake Balaton sampling. Data from each site are grouped into a convex hull (data points not shown) and marked with a red number. The biplot is shown in green. The biplot shows the studied limnological (wTSM – total suspended matter of the water, wCDOM – coloured dissolved organic matter of the water, wchl-a – chlorophyll-a content of the water), morphological (length, width, LA – area, perim – perimeter and circ - circularity of the leaves), photophysiological (ETRmax - the maximum electron transport capacity, Ik - the theoretical saturation light intensity, the α - maximum quantum yield for the entire chain of electron transport, Fv/Fm, - maximum quantum efficiency of PSII, qP - photochemical quenching, qN - non-photochemical quenching), pigment (totchl - total chlorophyll concentration, chla/chlb - chlorophyll a to b ratio, chl/car - total chlorophyll to carotenoid ratio) and periphytic (periphyton – epiphytic chlorophyll-a content) parameters.  



The PCA performed only on the morphological, photophysiological and pigment content parameters of the studied P. perfoliatus leaves did not significantly distinguish the studied sites in Lake Balaton ( Figure 7 ), suggesting that the lack of territorial response shows a core species-level response to epiphytic colonisation.


[image: Biplot of components one and two, accounting for 34.7 percent and 21.7 percent of variance, respectively. Five overlapping polygons are numbered one to five. Green vectors represent variables like chl/car, chl_a/chl_b, F_v/F_m, circularity, and more. Axes indicate component contributions.]

Figure 7  |  Principal component analysis (PCA) biplot of the determined foliar morphological, photochemical and pigment parameters collected from Potamogeton perfoliatus plants at 35 cm deep waters of Lake Balaton. Data from each site are grouped into a convex hull (data points not shown) and marked with red number. Trait biplot show in green colour. The biplot shows the studied morphological (length, width, LA – area, perim – perimeter and circ - circularity of the leaves), photophysiological (ETRmax - the maximum electron transport capacity, Ik - the theoretical saturation light intensity, the α - maximum quantum yield for the entire chain of electron transport, Fv/Fm, - maximum quantum efficiency of PSII, qP - photochemical quenching, qN - non-photochemical quenching) and pigment (totchl - total chlorophyll concentration, chla/chlb - chlorophyll a to b ratio, chl/car - total chlorophyll to carotenoid ratio) parameters. No significant differences detected (P>0.05).  



The relations shown on  Table 3  suggest that epiphyton accumulated on the leaf surface of P. perfoliatus is associated with certain aspects of leaf morphology (weakly positive with leaf length and area). Certain photophysiological parameters (positive with alpha, Fv/Fm and negative with ETRmax, Ik and qP) and certain parameters of leaf pigment content (negative with Chl-a/Chl-b ratio) were also associated by the GAM with epiphyton biomass ( Table 3 ).




 4 

Discussion

From a meteorological and limnological point of view, the study year (2022) at Lake Balaton was not considered exceptional. No local algal blooms were observed at the study sites in the weeks prior to the survey, and no major storms occurred in July. While environmental background of epiphyton accumulation is complex and is often influenced by factors such as nutrient levels, light availability, and the composition of dissolved organic matter (DOM) (Aizaki and Sakamoto, 1988; Frost et al., 2007), this work found no significant correlation between the major limnological parameters, including the amount of phytoplankton in the water, and epiphytic algal biomass in the studied sites of Lake Balaton. This lack of relationship further confirmed the non-linear association between water quality and periphyton accumulation as previously reported (Hansson, 1992; Lowe, 1996; Liboriussen and Jeppesen, 2003). At low values of the limnological parameters studied, the amount of epiphytic algae remained low and increased only up to a certain threshold (water chl-a at 18 µg l-¹, TSM at 15 mg l-¹ and CDOM at 14 mg l-¹), beyond which other factors, such as light attenuation, influenced the relationship and changed its nature.

For the epiphyte, the submerged macrophyte is mostly a substrate, an available and useful structure to be exploited. The accumulation of epiphyton on the surface of broad-leaved submerged macrophyte leaves can have both direct (light attenuation, nutrient competition) and indirect (community restructuring, light quality filtering, etc.) effects (Brandt and Koch, 2003; Tóth, 2013; Tóth and Palmer, 2016; Wijewardene et al., 2022). Although only one component of the epiphyton, the epiphytic algae, was quantified in this study, the relatively young age of the leaves was chosen on the assumption that only algae had colonised the leaves. In reality, no prior information on this aspect was available at the time, as studies on the dynamics of epiphyton accumulation in Lake Balaton are still lacking. Nevertheless, this study showed direct evidence that epiphytic algal content is affecting foliar traits of pondweeds in Lake Balaton. Although the observed relationships were weak, some correlations were as high as 0.45 and explained nearly 25% of variance, a clear association between epiphytic algal content and the studied leaf traits of pondweed was evident.

It was shown that, apart from contributing to an increase in leaf length, epiphytic biofilms had no significant effect on the leaf morphology of the studied pondweeds. This finding is partially consistent with previous studies indicating that low light conditions can induce compensatory changes in leaf morphology (Goldsborough and Kemp, 1988; Tóth et al., 2011). The robust and time-intensive nature of leaf photomorphogenesis may underlie this phenomenon, as the younger, developing leaves - located at the apical part of the pondweed - were able to respond to changing environmental conditions. Over time, epiphyte colonisation probably altered the initial conditions, leading to secondary morphogenetic transformations. These secondary changes may have counteracted the primary responses, ultimately resulting in the observed weak correlations between epiphyton density and leaf morphological traits.

Pigment photomorphogenesis is a rapid but long-lasting (from days to weeks) response to various environmental signals (Barko and Filbin, 1983; Horppila et al., 2022; Tóth, 2024): chlorophyll molecules are continuously synthesised and degraded within chloroplasts, while their lifetime depends on factors such as light exposure, temperature and plant age. This study found no correlation between the amount of epiphytic algae and the total chlorophyll content or chlorophyll to carotenoid ratio of the leaves. However, a weak negative correlation was observed between the epiphyton found on the leaves and the Chl-a/Chl-b ratio of these leaves: the leaves with no, or minimal epiphyton had 25% more chlorophyll-a molecules, compared to leaves with high epiphytic algal biofilm. This response mechanism of leaf pigments to epiphyton could be connected to adaptive biochemical adjustments in pigment composition as a response to spectral changes of light reaching the photosystem of leaves (Tóth and Palmer, 2016; Tóth, 2024), since in low light environments, plants often increase the size of their light-harvesting antennae to capture more light, thereby adjusting the chlorophyll a:b ratio (Dale and Causton, 1992; Murchie and Horton, 1997; Beneragama and Goto, 2010).

Changes in foliar photophysiological traits require several complex metabolic pathways, but are easily reversed and thus may be part of the short-term, fast-response acclimation tactics of submerged macrophytes. The photophysiological responses to epiphytic algae were more pronounced, as 83% of the traits studied showed a relationship to epiphytic algae, whereas only 40% of morphological and 33% of pigment traits responded to the same conditions, although it cannot be excluded that these effects result from the combined influence of the entire epiphyton community. The negative correlations observed for ETRmax, Ik and qP and the positive correlations observed for α and Fv/Fm suggest that higher epiphyton biomass may affect the photosynthetic efficiency and capacity of leaves, possibly due to light attenuation. Not only the magnitude of photophysiological responses (83%) to epiphyton was substantial, but the photophysiological traits studied also showed high plasticity of responses (27% on average) to epiphytic algal content compared to the plasticity of morphological (11% on average) and pigment (13% on average) traits, demonstrating the immediate involvement of the Photosystem II complex in the process. Therefore, the morphological and pigment responses could be estimated to be used as an adaptive response of plants, whereas photophysiological responses are faster, more plastic and cost-effective way to acclimate to changing environmental conditions. The whole framework for understanding the differential responses of macrophytes to epiphytic algal abundance is based on the interplay between immediate plasticity and strategic adaptive responses in shaping macrophyte fitness and ecological resilience.

Regarding the mechanism of action, in the case of submerged rooted macrophytes, which take up nutrients mainly from the sediment and where the effect of epiphyton on the nutrient content of the foliage could be considered negligible, the primary mechanism of action of epiphyton in the case of pondweeds is through reduced light penetration, potentially limiting the photosynthetically available leaf area, limiting gas exchange and affecting photosynthesis in general (Tóth, 2013; Klančnik et al., 2015). Epiphyton especially its algal component can impair leaf physiology, thus changing the survival strategies of macrophytes, and could be the first factor resulting in the disappearance of macrophyte during eutrophication (Scheffer and van Nes, 2007; Tóth and Palmer, 2016). Epiphyton may also affect macrophytes by altering the spectral composition of light reaching the macrophyte leaf surface. Biofilm structure and pigmentation selectively filter incident light, potentially attenuating more ultraviolet (UV) radiation while allowing the transmission of photosynthetically active radiation (PAR) (Tóth, 2013). This selective filtering could act as a protective mechanism, reducing photoinhibition and photodamage under high light conditions, which may be relevant in shallow and near-surface waters. In addition to modulating light availability, epiphytes may also influence the local availability of inorganic carbon to macrophytes. The presence of epiphytic biofilms could modify the local carbon environment by affecting diffusion dynamics and altering the carbonate balance at the leaf surface. This modification could occur through metabolic activities such as respiration and photosynthesis within the biofilm matrix, which could create microgradients of dissolved inorganic carbon (DIC) (Sand-Jensen et al., 1985; Madsen et al., 1993). These complex interactions should also be considered when assessing the ecological role of epiphyton in macrophyte physiology and growth.

This study investigated the effect of epiphyton on foliar characteristics of submerged rooted macrophytes. Despite the influence of other seemingly more important factors such as herbivory, light availability, water clarity, species composition and macrophyte biomass, the weak but significant effects of epiphyton on plant physiology and morphology highlight its importance in the functioning and biodiversity of the littoral zone. Although epiphyton encompasses more than photosynthetic algae, this study specifically assessed the effects of epiphytic algae and may have underestimated the wider importance of epiphyton. It was shown that aquatic plants can employ a wide range of adaptive responses to ensure their survival, depending on the prevailing conditions. The response to epiphyton colonisation varied from significant to negligible, highlighting the need to consider this interaction to fully understand the littoral zone. These results highlight the importance of integrated lake management and environmental protection strategies that take into account the complex interactions between epiphytes and submerged rooted macrophytes. Recognising the dynamic nature of these interactions and their effects on habitat structure, biodiversity and ecosystem functioning could guide management efforts to mitigate anthropogenic impacts and enhance the resilience and sustainability of aquatic environments.
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Introduction

Maintenance of species coexistence is an important and on-going subject of plant ecology. Here, we aimed to determine how Carex acuta and Glyceria maxima, two common, co-occurring plant species in European wet grasslands, respond to changing environmental conditions and what these changes portend for coexistence of these two species. Such studies are important for predicting and modelling the effects of management and climate change on wet grassland plant species composition and for maintaining the ability of wet grasslands to provide their important ecosystem services including carbon sequestration and water purification. Based on past studies, we hypothesized that both species would be affected by hydrologic changes but that these effects would be modified by nutrient conditions with fertilization having a more positive impact on G. maxima. 





Methods

We established a mesocosm to distinguish the effect of hydrology and nutrients on the biomass allocation patterns of these two species to determine how environmental conditions may impact the life history traits of these two species, which would influence their ability to co-exist. Plants were grown in pots from late May to early September 2019 and subjected to two nutrient and three water level treatments. Half of the plants were harvested in July while the other half were harvested in early September and their biomass allocation patterns calculated. Univariable and multivariable analyses were conducted to determine the effects of the environmental treatments on the measured parameters. In addition, we determined the phenotypic plasticity of the two species and whether these showed allometric relationships to plant size. 





Results and discussion

C. acuta was affected more by hydrologic changes, growing better in dry and saturated conditions, while fertilization had a more positive effect on G. maxima. Both species were stressed when flooded, but C. acuta more so than G. maxima. Contrary to our predictions, C. acuta produced more ramets and was taller than G. maxima. Both species showed plastic responses to changing nutrient and water conditions, but only some were related to plant size. Our results indicate that C. acuta and G. maxima are more likely to co-exist in oligo- to mesotrophic wet grasslands with fluctuating water levels. 





Keywords: allometry, biomass allocation, coexistence, niche differences, phenotypic plasticity, wet grasslands




1 Introduction

Wet grasslands are semi-natural, graminoid-dominated habitats that are maintained through some sort of disturbance, usually grazing or mowing (Tallowin and Jefferson, 1999; Joyce, 2014). These grasslands can be highly diverse ecological systems that usually are found in agricultural landscapes, especially in Europe (Garcia, 1992; Klimkowska et al., 2007; Zelnik and Čarni, 2013). Both natural wet grasslands, such as those associated with prairie potholes, or those created and maintained by human activities, have similar hydrologic characteristics, being flooded periodically or having a high-water level, which influences their plant species composition (Joyce et al., 2016). Mowing provides not only fodder or bedding for livestock (Tasset et al., 2019), but, with the removal of plant biomass, allows for less-competitive plant species to survive and co-exist with more competitive species (Berg et al., 2012; Tardella et al., 2020).

Wet grasslands provide many important ecosystem services including nutrient removal, carbon sequestration, various hydrologic services such as flood attenuation and groundwater recharge, being important bird habitats (Joyce, 2014; Manton and Angelstam, 2021), as well as having a special microclimate that, through the cooling effect of evapotranspiration, can impact on the local and regional climate (Harding and Lloyd, 2008; Dietrich and Behrendt, 2022).

Native to Europe and Asia, Carex acuta and Glyceria maxima are two common plant species in Central European wet grasslands (Grootjans and ten Klooster, 1980; Hroudová et al., 1988; Nurminen, 2003; Tylová-Munzarová et al., 2005). G. maxima is considered to be an invasive species in North America, Australia and New Zealand, and South Africa (Mugwedi et al., 2014) where it may suppress native wetland plant species and affect the hydrology of whole wetland ecosystems (Sorrell et al., 2012). Therefore, it is important to study changes to the life history characteristics of these two plant species in more detail to understand how they spread, co-exist or outcompete other plant species.

Both species are emergent macrophytes which can form extensive, monospecific stands on gleyed clays or waterlogged organogenic soils (Hroudová and Zákravský, 2002). C. acuta is considered to be a slower growing, more conservative species which allocates more biomass to belowground structures, while growth of G. maxima is more in keeping with a competitive strategy, seemingly doing better in nutrient-richer conditions and allocating more biomass to aboveground structures. Both species are tolerant of moist conditions, as indicated by them having mean Ellenberg indicator values for moisture of 8 (Chytrý et al., 2018), but the species differ in their response to nutrient conditions, with G. maxima being associated with nutrient-rich wetland habitats while C. acuta is restricted to nutrient-poorer areas (mean Ellenberg nutrient values of 9 and 4, respectively). Prach (1993, 2008) found that C. acuta will replace C. nigra in formerly oligotrophic wet grasslands subject to fertilization, but it is outcompeted by reeds, including G. maxima, with increasing eutrophication, in agreement with the Ellenberg values.

However, there are situations when these two species can co-exist in the field (De Deyn, 2017; Edwards and Čížková, 2020; Glocker et al., 2024). Under what environmental conditions such long-term co-existence can arise and be maintained, and how changes in life history characteristics underlie this co-existence, is an important and on-going topic of plant ecology (Chesson, 2018; Bowler et al., 2022). Co-existence is thought to occur when two or more species occupy different niches, which may arise due to the partitioning of resources or by spatial and/or temporal heterogeneity (Chesson, 2000; Silvertown, 2004; Adler et al., 2010).

Edwards and Čížková (2020) proposed that spatial and/or temporal differences in site hydrology and nutrient availability would likely lead to C. acuta and G. maxima co-existing in wet grasslands. These authors predicted that co-existence of C. acuta and G. maxima would occur under moist, but not long-term flooded, conditions or in nutrient-rich but dry (un-flooded) habitats (Edwards and Čížková, 2020). However, it is difficult to separate the effect of these environmental factors in the field. In addition, their study only considered aboveground production and nutrient contents, but did not include belowground structures, nor did they take into account biomass allocation patterns or phenotypic plasticity, two parameters that are important in determining a species niche (Bowler et al., 2022).

Here, we established a mesocosm experiment to determine the effects of different nutrient and water level conditions on the growth of C. acuta and G. maxima, in particular the biomass allocation patterns of the two species. Our study thus expands on the study by Edwards and Čížková (2020) in order to answer some of the open questions left by their earlier, more limited study. In addition, we wanted to determine whether this plasticity is related to plant size, in other words whether there was an allometric relationship inherent in the observed biomass allocation patterns and vegetative spread of these clonal species (Jameson et al., 2022). Based on the literature and our past results (Edwards and Čížková, 2020), we predicted that 1) G. maxima plants would have greater biomass in nutrient-richer conditions, with greater allocation to aboveground structures, compared to C. acuta but 2) that this nutrient effect would be altered by hydrology thus indicating important interactive relationships between these two environmental factors. Additionally, 3) allocation patterns and vegetative reproduction would be dependent on plant size with larger plants having a greater number of new daughter shoots, being most notable in G. maxima. Therefore, based on these predictions, 4) G. maxima should be the more plastic species compared to C. acuta and should be favored over a wider range of environmental conditions.




2 Methods



2.1 Mesocosm set-up

Details of the mesocosm set-up are given in Glocker et al. (2024). Briefly, plants of C. acuta and G. maxima were collected from monospecific patches in the same wet grassland that was the focus of the study by Edwards and Čížková (2020). Plants, consisting of 2-3 shoots with attached roots, were transplanted into pots (9×9×14 cm; L×W×D) which were filled with a 2:1 sand/peat (by volume) mixture. Soil inocula were added to each specific pot using soil collected from patches of the two species which were assumed to contain the soil microbiome for each species. Pots with plants were then randomly distributed to different basins (187×120×45 cm; L×W×D) in order to better control water and nutrient levels. Thus, a basin would contain either C. acuta or G. maxima but never both.

The experiment consisted of a split-plot design with water levels nested within the nutrient treatment. Nutrient treatments were assigned randomly to each basin. Pots within a basin either received no added nutrients or were fertilized with 350 kg NPK fertilizer ha-1 yr-1 of an inorganic solution (Lovofert 15:15:15 NPK, Lovochemie, a.s.), added in two half-doses (mid-May and mid-July). The amount of added nutrients is the mid-point of the fertilizer application range recommended by the agri-chemical company. A micronutrient solution (“BioNova MicroMix”, BIONOVA, CR) was applied to the leaves of all plants at two-week intervals to insure that there was no micronutrient limitation. To minimize the chance of nutrient leakage from the pots, all pots were maintained at the low water level for three days to allow for nutrient mineralization and plant uptake. Also, past studies with C. acuta (Edwards et al., 2023, 2025) found rapid nutrient uptake by the plants. Therefore, any nutrient leaching from the pots to the water was assumed to be minimal. The pots within each basin were then subjected to three different water levels (dry = -15 cm below the soil surface; saturated = water level maintained at the soil surface; flooded = 15 cm above the soil surface) using wooden constructions. Overall, there were eight pots with plants per basin for each water level treatment for a total of 24 pots per basin. There were three replicate basins for each treatment combination (species × nutrient with water level nested within each basin).




2.2 Plant measurements

The plants grew from late May to early September 2019. During this time, plant height (height of longest leaf) and shoot number were measured at two-week intervals. Half of the plants were harvested in mid-July while the remaining pots were harvested in early September. Aboveground structures of the harvested plants were divided into leaves and stems, while belowground structures were carefully cleaned of soil and then separated into roots, rhizomes and rootstocks. In this case, rhizomes represent underground stems which lead to the production of new aboveground shoots, while the rootstocks are the belowground portions from which aboveground shoots arise, but not including the underground stems. Rhizomes were separated from the rootstock since rhizomes may be important storage structures which may have different nutrient composition than roots or rootstocks (Lubbe et al., 2023). All plant structures were placed into separate labelled paper bags, dried at 65°C for at least 48 hours and weighed. From these, we calculated dry weight (g, DW) of each plant part per pot. These data were then used for the subsequent analyses.




2.3 Data analyses

To answer the first two questions, we ran split-plot ANOVAs to test the effect of nutrient addition and water level on maximum plant height, plant modular dry weight (DW) (leaves, stems, roots, rhizomes and rootstocks) as well as the respective biomass allocation ratios (plant structure DW/total plant DW) and shoot number, following natural logarithmic or square root transformations if needed. These analyses were conducted in R v 4.4 (“Puppy Love”) using the nlme (Pinheiro et al., 2016), car (Fox and Weisberg, 2023) and emmeans (Lenth, 2024) packages. Nutrient, water level, species and time period (biweekly for shoot number and plant height; month of harvest for the DW measures) were the fixed effects while basin was considered as a random factor. In all cases, there was never a significant basin effect thus only the results of the linear models are shown.

In addition, changes in the mean DW of each plant module across the nutrient and water level treatments were determined as mean reaction norms. From these, we calculated whether these reaction norms followed linear or non-linear (power equation) trajectories (Gomulkiewicz and Stinchcombe, 2022). Since there were only two nutrient level treatments, these automatically followed a linear path. Thus, any analysis incorporating non-linear equations could only be conducted on the water level treatment data. These analyses were run in R v. 4.4 using the nlme package (Pinheiro et al., 2016).

Changes in plant biomass allocation patterns may be actual responses to different environmental conditions (real phenotypic plasticity) but may also only be related to changes in plant size (allometric relationship = apparent phenotypic plasticity; Weiner, 2004). We followed the procedure outlined by Jameson et al. (2022) to determine whether biomass allocation was related to plant size. First, we performed the traditional size-independent analysis determining the effect of the treatment factors on the biomass allocation ratios. For this, we conducted the aforementioned split-plot analyses on leaf, stem and root weight ratios (LWR, SWR, RWR, respectively). Then we conducted size-dependent analyses, for which the DW of the particular plant structure was divided by the total DW of the plant minus the DW of that structure, for example, LWR = leaf DW/(total plant DW- leaf DW) since using total plant DW would result in loss of independence between the tested factors (Jameson et al., 2022). For this analysis, we compared both methods of calculating the biomass allocation ratios.

Size-dependent allocation relationships were analyzed by fitting three possible allometric equations to the data relating plant structure DW to plant size based on graphical inspection of this relationship. The three models used were:

	1) an isometric equation (R=cV, where R = plant structure DW, V = total plant DW excluding the DW of the particular plant structure, c = a scaling factor).



A good fitting isometric model would indicate that the allometric relationship is not affected by changing environmental conditions. In addition, we used two non-linear allometric models:

	2) a power equation (R=cVα, where α is an allocation coefficient that is influenced by the treatment conditions) and

	3) a hump equation (R=cVαV) (Oddi et al., 2019; Jameson et al., 2022).



For comparison, we also included a non-allometric, null model (R=c; Equation 4) in which plant size was not included. Analyses of these models were run in R v 4.4 using the nls function in the nlme package (Pinheiro et al., 2016) following natural logarithmic or square root data transformations based upon the results of bivariate normal analyses (Legendre, 2022).

Species plasticity was determined using the mean ratio values for each nutrient and water level combination separately for the July and September harvests. Plasticity was determined by subtracting the ratio values of the unfertilized samples from those that were fertilized within each water level. A positive value would show an increase in allocation to that particular structure while a negative value would indicate decreased allocation. The percent change was calculated by dividing that difference by the unfertilized value and then multiplying by 100 (Jameson et al., 2022).

Because none of our plants flowered, we were limited to using a measure of vegetative reproduction to describe the treatment effects on plant fitness (Shipley et al., 2016). Since both species are capable of producing ramets, we used shoot number as this measure. Treatment effects on the biweekly measures of shoot number were analyzed in the same manner as for the other data (split-plot ANOVA; the size-dependent models). In the case of the size-dependent analyses, we analyzed the relationship between shoot number and total plant DW.





3 Results



3.1 Environmental effects on plant biomass and allocation ratios

As expected, plant height and total biomass increased throughout the growing period, with maximum plant height occurring in late July, followed by a slight decrease to the end of the experiment. Biomass, especially root DW and total belowground biomass, reached their peak in September compared to July (Figures 1, 2). Ramet production, our measure of vegetative reproduction, was greatest at the end of the experiment with C. acuta producing more new shoots than G. maxima (Figure 3). There was a significant basin effect (p < 0.001) with this spatial effect being greater earlier in the growing season but disappearing by the time of the two harvests. The production of new shoots had a linear relationship over time for both species but showed a significant increase for C. acuta while G. maxima had a more constant number of ramets except when fertilized or under dry conditions (Figure 3).


[image: Line charts labeled A and B show plant height over time, in centimeters, with various treatments. Chart A includes lines for CarUF, CarF, GlyUF, and GlyF. Chart B shows CarDry, CarSat, CarFl, GlyDry, GlySat, and GlyFl. Height generally increases and then declines across both charts.]

Figure 1 | Mean maximum plant height (± 1SE) for Carex acuta (Car) and Glyceria maxima (Gly) in relation to (A) nutrient addition and (B) water level over the experimental growing period, early June to early September. Treatments: Nutrient addition – UF=unfertilized; F = fertilized (350 kg NPK ha-1 yr-1)/Water level - Dry=15 cm below the soil surface; Sat=saturated (water level at the soil surface); Fl=flooded (15 cm above the soil surface).




[image: Four bar graphs labeled A to D compare dry weight (DW) components of plant species under different treatments in July and September. Graphs A and C show absolute DW values in grams per cubic meter, while B and D show DW proportion. Components include roots, rootstock, rhizomes, stem, and leaf, distinguished by color. Graphs indicate variations across treatments: Dry, Saturated (Sat), and Flooded (Fl) under unfertilized (UF) and fertilized (F) conditions for Carex acuta and Glyceria maxima.]

Figure 2 | Plant module dry weights (DW; A, C) and DW proportions (B, D) for Carex acuta (A, B) and Glyceria maxima (C, D). Treatments: Month = harvest times/Nutrient addition – UF=unfertilized; F = fertilized (350 kg NPK ha-1 yr-1)/Water level - Dry=15 cm below the soil surface; Sat=saturated (water level at the soil surface); Fl=flooded (15 cm above the soil surface).




[image: Line graphs labeled A and B show shoot number trends over dates. Graph A compares CarUF, CarF, GlyUF, and GLYF treatments, with CarF and GLYF showing higher shoot numbers. Graph B compares CarDry, CarSat, CarFl, GlyDry, GlySat, and GlyFl treatments, with CarDry exhibiting the highest values. Error bars indicate variability in data.]

Figure 3 | Mean shoot number (± 1SE) for Carex acuta (Car) and Glyceria maxima (Gly) in relation to (A) nutrient addition and (B) water level over the experimental growing period, early June to early September. Treatments: Nutrient addition – UF=unfertilized; F = fertilized (350 kg NPK ha-1 yr-1)/Water level - Dry=15 cm below the soil surface; Sat=saturated (water level at the soil surface); Fl=flooded (15 cm above the soil surface).



Nutrient addition resulted in taller plants (Figure 1) while, except for roots, the mass of all plant parts were significantly greater with fertilization (Figure 2; Table 1). This positive nutrient effect was seen for both species, which is counter to our first prediction, but it also depended on the particular plant part. G. maxima had greater stem biomass, both in absolute (stem DW) and relative (SWR) terms in agreement with our first hypothesis. However, C. acuta had significantly more leaf DW and a greater allocation to leaves (LWR), especially in September (Figure 4B). In fact, C. acuta live leaf mass did not differ between July and September while there was a large decrease for G. maxima by September, which coincided with a significant increase in dead leaf DW for the latter species (Table 1), indicating that leaf senescence in G. maxima was greater and started earlier than in C. acuta. Also, in keeping with our first hypothesis, live leaf DW for G. maxima was greater in fertilized conditions in September while there was no such nutrient effect on C. acuta (month * species * nutrient interaction, p < 0.01). Because of these between-species differences in leaf and stem biomass, the species had similar total live aboveground biomass (Table 1). Also, due to greater rhizome and rootstock masses, G. maxima plants allocated more biomass belowground (higher live belowground DW and R:S ratio), also opposite to what we predicted (hypothesis 1), even though C. acuta allocated more biomass to roots (Table 1; Figures 4, 5). Overall, there was little evidence that fertilization favored G. maxima, which would be noted as a significant species * fertilization interaction and which was found only for rhizomes.



Table 1 | Results of split-plot ANOVAs (F statistic) determining the effect of the experimental treatments on (A) plant module dry weight (DW) and (B) shoot number and plant height.

[image: Two tables labeled A and B outlining statistical data on plant parameters. Table A includes factors like leaf dry weight, stem dry weight, root dry weight, and more, analyzed by month, species, fertilizer, and water effects, and their interactions. Significant effects are marked with asterisks. Table B focuses on shoot density and plant height, analyzed by time, species, fertilizer, and water. Significant effects are similarly indicated. Both tables provide insight into plant growth responses under different conditions, with notations for statistical significance levels.]


[image: Graphs A to F show dry weight (DW) measurements in leaves, stems, and roots under different conditions. Graphs A and B illustrate leaf DW, C and D display stem DW, and E and F depict root DW. Each graph compares two sets of data over different months and treatment conditions, with error bars indicating variability. Graphs utilize both solid and dashed lines to represent different treatments such as unfertilized (UF), fertilized (F), dry, saturated (Sat), and flooded (Fl) conditions across July and September.]

Figure 4 | Mean reaction norms (± 1SE) of leaf (A, B), stem (C, D), and root (E, F) dry weights for Carex acuta (blue circles) and Glyceria maxima (open black squares) in relation to nutrient addition (A, C, E) and water level (B, D, F) for the July (solid lines) and September (Sept; dashed lines) harvests. Treatments: Nutrient addition – UF=unfertilized; F = fertilized (350 kg NPK ha-1 yr-1)/Water level - Dry=15 cm below the soil surface; Sat=saturated (water level at the soil surface); Fl=flooded (15 cm above the soil surface).




[image: Graphs A to H show the dry weight (DW) in milligrams per square meter and root-to-shoot ratios across different conditions and times. Graphs A, C, and E compare unfertilized (UF) and fertilized (F) treatments in July and September, highlighting increases in DW from UF to F. Graphs B, D, and F illustrate variations under dry, saturated (Sat), and flooded (Fl) conditions in July and September, showing diverse trends. Graphs G and H depict root-to-shoot ratios, indicating changes across treatments and conditions. Overall, data displays complex interactions between nutrients, water conditions, and plant growth over time.]

Figure 5 | Mean reaction norms (± 1SE) of aboveground (A, B), belowground (C, D) and total plant (E, F) dry weights (DW), and the root-to-shoot (R:S) ratio (G, H) for Carex acuta (blue circles) and Glyceria maxima (open black squares) in relation to nutrient addition (A, C, E, G) and water level (B, D, F, H) for the July (solid lines) and September (Sept; dashed lines) harvests. Treatments: Nutrient addition – UF=unfertilized; F = fertilized (350 kg NPK ha-1 yr-1)/Water level - Dry=15 cm below the soil surface; Sat=saturated (water level at the soil surface); Fl=flooded (15 cm above the soil surface).



While leaf DW was affected more by fertilization (Table 1; Figures 4A, B), water level had a greater impact on both stem and root DW (Figures 4E, F). Of the three water level treatments, flooding appeared to be the more stressful condition, while results were similar for the dry and saturated treatments. Flooding led to greater stem growth, but significantly diminished ramet production in G. maxima (species × water interaction, p < 0.001; Figures 4C, D) while it resulted in decreased root mass in C. acuta (Figures 4E, F). There were fewer new shoots when no additional nutrients were applied (nutrient × water interaction, p < 0.001) as predicted (hypothesis 2). As a result, more biomass was allocated aboveground when the plants were flooded, especially in September (Figure 5H). Also, there was little evidence to support our contention that hydrology would alter any nutrient effect on biomass and the allocation pattern (second hypothesis) with only rhizome DW and RWR having significant nutrient * water interactions (Table 1).




3.2 Allometric relationships

Both species showed positive plastic responses to fertilization, with the exceptions of root DW in July and C. acuta leaf and root DWs in September (Figure 4), and to changing hydrology with C. acuta having greater plasticity in belowground structures (Figure 5D), and possibly leaf DW, while there was larger plasticity in aboveground structures shown by G. maxima (Figure 5B). Further analyses were then conducted to determine whether this plasticity was only due to changes in plant size.



3.2.1 Size independent analyses

Overall, the allocation ratios and non-linear power models gave the best results, based on AIC, while the null and isometric models never fit well with the data (Supplementary Table S1). All of the experimental factors (month, species, water level, nutrient addition) significantly affected the biomass allocation ratios, usually singly although there were important month × species interactions especially with LWR and RWR for C. acuta plants in July and September respectively, while G. maxima SWR was much greater in July compared to the other combinations (Table 2). For both species, nutrient addition tended to positively affect LWR and SWR plasticity but had a negative impact on RWR plasticity.



Table 2 | Results of size-independent split-plot ANOVAs (F values) determining the effect of the experimental treatments on the biomass allocation ratios.

[image: Table showing significant effects for different parameters: LWR, SWR, RWR, StockWR, RhizWR, across factors of Month, Species, Fertilization, and Water levels, with interaction effects. Includes AIC values. Notable effects are marked with significance indicators. Abbreviations explained: Carex acuta (Car), Glyceria maxima (Gly), fertilized (F), unfertilized (UF), dry (D), saturated (S), flooded (Fl). Significance levels: plus for less than 0.10, asterisk for less than 0.05, double asterisk for less than 0.01, triple asterisk for less than 0.001.]

Both species showed high plasticity for the size-independent analyses, but this depended on season as well as plant part. Both species had similar leaf plasticity in July, with leaf DW increasing with fertilization, with maximum leaf plasticity occurring in the saturated treatment for C. acuta but dry conditions for G. maxima (Table 3). Fertilization had a negative impact on leaf DW for C. acuta in September while it still had a positive effect on G. maxima. Overall, G. maxima was the more plastic species for stem and root DW, consistent with our prediction (hypothesis 4). The plasticity of vegetative reproduction was also positively impacted by nutrient addition in all water level treatments with the exception of flooded G. maxima plants in July (Table 3).



Table 3 | Plasticity in allocation of plant modular structures measured as the difference in mean allocation ratios (Ratio) for Carex acuta (Car) and Glyceria maxima (Gly).

[image: Table displaying data on leaf weight ratio (LWR), stem weight ratio (SWR), root weight ratio (RWR), and shoot number for two species, Car and Gly, under different water conditions (Dry, Sat, Flood) for July and September. Values are given for fertilized versus unfertilized treatments, showing changes in F-UF and percentage change. Notable differences include: Car in September, Dry condition shows a -11.02% change in RWR; Gly in July, Sat condition shows an 88.64% change in SWR; Car in September, Sat condition shows a 64.18% change in shoot number.]




3.2.2 Size-dependent analyses

Similarly as with the size independent analyses, leaf, stem and root masses were significantly affected by all of the treatment factors (Table 4). The main difference was that there were more treatment interactions in the size dependent analyses, notably species × water interactions. For example, C. acuta leaf and root DWs, as well as stem number, were greater than those of G. maxima especially in dry and saturated conditions. On the contrary, G. maxima had the highest stem DW when flooded while that of C. acuta was the lowest in dry and saturated conditions. In addition, the water level effect on stem and root DWs differed between July and September (season × water interaction) with stem DW being the lowest under dry conditions in September while it was greater when flooded in both months. Likewise, root DW was the highest in September, especially in dry conditions, but the lowest when flooded in July.



Table 4 | Comparison of three size dependent (1: isometric; 2: power; 3: hump) equations and a size-independent null model (4) for shoot number as a measure of vegetative reproduction.

[image: Table displaying Akaike Information Criterion (AIC) values for different plant equations under three water conditions: Dry, Saturated (Sat), and Flood. Columns represent two periods, July and September, for two species, Carex and Glyceria, with two treatments: unfertilized (UF) and fertilized (F). Equations include R=cV, R=cV^α, R=cVe^αV, and R=c. AIC differences are in parentheses showing model comparisons. Notable entries show varied results depending on species, water condition, and fertilization status. Footnotes provide context for water levels and terms used.]

Contrary to our third hypothesis, we found no consistent indication for allometric effects in any of the measured parameters (Supplementary Tables S2-S4). Stem DW and number had the fewest such relationships especially when flooded (Table 4; Supplementary Table S3). Leaf DW also showed no allometric relationships in September for both species, notably when saturated or flooded (season × water interaction; Supplementary Table S2). However, allometric relationships were most common for root DW (Supplementary Table S4), especially for C. acuta in July, in which all three size-dependent models could sufficiently represent the results, while this was the case for G. maxima only in July under dry conditions. This differed in September, when the power and hump models (Equations 2, 3; Supplementary Table S4) could adequately express the root DW to total plant weight minus root weight relationship.






4 Discussion

The aim of our study was to describe the niches of two common wet grassland species, C. acuta and G. maxima, by investigating changes in their life history characteristics as a result of changing environmental conditions (fertilization, water level). Determining how the species respond to these environmental changes, and where and by how much their respective niches may overlap, would help us to understand how these two species can sometimes co-exist in wet grasslands. Our initial hypotheses could be divided into two groups, the first dealing with nutrient and water level effects on plant growth and biomass allocation patterns (hypotheses 1, 2) while the second group of hypotheses were more concerned with whether the observed phenotypic plasticity followed an allometric relationship (hypotheses 3, 4). While some of our results supported our hypotheses, many other results were quite the opposite of what was expected.



4.1 Environmental effects greatly impact plant traits

According to the “fast-slow” plant economic spectrum (Reich, 2014), more competitive plant species should dominate in higher resource conditions, having faster growth and more biomass allocated to aboveground structures, while stress tolerators should have traits indicative of the conservative plant strategy, namely slower growth with greater biomass allocation to belowground structures (De Deyn, 2017). At the onset of our study, we considered G. maxima to be the more competitive species since it is often found in nutrient-richer habitats. The high nutrient contents found in its plant structures indicate a high uptake of available nutrients, which make it a valuable fodder plant (Lamber, 1947; Mugwedi et al., 2014). These traits have also resulted in G. maxima becoming a very invasive species not only in areas outside of its native range in temperate Europe and Asia (North America, Australia, New Zealand, South Africa) but even in more northern locations in Europe (Ireland and Scandinavia; Mugwedi et al., 2014; NOBANIS, 2018). Therefore, we expected that G. maxima would act more like a competitive species, having greater growth in fertilized conditions with more biomass allocated to aboveground structures, with a concomitant lower R:S ratio, than C. acuta, which should have features characteristic of stress-tolerators (Menges and Waller, 1983; Edwards and Čížková, 2020). Our results only partially supported our first hypothesis. As predicted, the C. acuta plants in our study had greater root DW than G. maxima, while the latter species had greater aboveground biomass when fertilized. However, contrary to the first hypothesis, total live belowground DW was greater in G. maxima, due to this species having significantly larger rootstock and rhizome masses. This resulted in G. maxima having larger R:S ratios, notably in unfertilized conditions (Table 1). Nutrient addition did result in greater allocation of biomass to aboveground structures in G. maxima compared to unfertilized plants (Table 1), while there was no nutrient effect on the R:S ratio of C. acuta. This greater impact of fertilization on G. maxima is in agreement with the first hypothesis. Overall, however, these biomass allocation results only partially support our first hypothesis.

Also contrary to expectations, C. acuta produced a greater number of new ramets, having a more compact growth form than G. maxima, which produced fewer but more spatially separated ramets, by which it could grow into bare areas within or between C. acuta clumps (Glocker et al., 2024). Since shoot density is a proxy measure of plant fitness (Shipley et al., 2016), the greater number of ramets would indicate that C. acuta is more fit especially in dry and saturated conditions. In addition, the greater production of ramets by C. acuta later in the growing season is likely the reason why live leaf DW did not differ between July and September for this species, even though the amount of dead leaf DW did increase near the end of the growing season. Thus, G. maxima starts to die back and senesce earlier than C. acuta. Both species were stressed when flooded, with C. acuta and G. maxima responding to prolonged flooding by increasing their allocation to stem and leaf growth, which is a well-known response of wetland plants (Pezeshki, 2001). However, counter to expectations, this increase in shoot height was much greater for C. acuta than that of the supposedly more competitive species. Plant height has often been linked to competitive ability (Tilman, 1982; Givnish, 1982), thus, by that metric, C. acuta should be considered as the better competitor than G. maxima if only above ground structures are considered. However, a different picture emerges when belowground structures are included. The R:S ratio decreased in both harvests for both species when flooded (Figure 5H), but this reduction was due to different growth patterns in the two species, especially at the peak time of the growing season in July. At that time, leaf and stem growth increased for C. acuta, but the overall mass of the aboveground structures remained the same. This stability is likely associated with the smaller number of ramets produced by C. acuta when flooded so that, on an area basis, there were larger but fewer leaves, which led to the stable aboveground biomass unaffected by water level changes. Concurrently, root growth decreased in C. acuta which, associated with the lack of change in aboveground DW, resulted in the decreased R:S ratio. G. maxima showed the opposite trends at the same point of the growing season, with this species allocating more biomass to above ground structures while allocation to root mass was unaffected by flooding. Also, while the new ramet production by G. maxima was reduced when flooded, it was not as affected by changing water level conditions as C. acuta. By September, both species responded in a similar manner, with both allocating more mass to above ground and less to below ground structures. These results indicate that C. acuta will be more stressed under prolonged flooding thereby likely reducing its competitive ability. Unfortunately, direct competition between the two species was not measured in our study so we cannot categorically state whether C. acuta may be able to outcompete G. maxima under the experimental conditions used here.

Two or more plant species may co-exist if they inhabit different niches (Silvertown, 2004). In turn, biomass allocation patterns are influenced externally by these environmental factors and internally by the life history strategy of the particular species (Metcalf et al., 2006; De Deyn, 2017). While there are areas of overlap in the niches of the two species (similar total above and belowground live DW), there are also important differences (allocation ratios, stem number, height) which would make co-existence more likely under certain environmental conditions (Chesson, 2000). Future studies incorporating direct species interactions are needed to test this idea.

Our results indicate that G. maxima should dominate in nutrient-rich wet grasslands and at times of prolonged flooding and in slight depressions, while C. acuta would be favored at times of lower water levels regardless of the nutrient condition of the site, which is, in fact, the zonation observed in the field (Hroudová et al., 1988; Edwards et al., 2024). This prediction differs from that of Edwards and Čížková (2020), who predicted that, while G. maxima should dominate in nutrient-richer conditions as in our study, flooding would favor C. acuta. This discrepancy in the results of the two studies may be due to the fact that Edwards and Čížková (2020) only considered net annual aboveground production of these two species in years differing in hydrologic conditions, but did not incorporate belowground biomass as we did here. As stated above, even in our study, flooding led to greater leaf and shoot growth in C. acuta, which likely led to the greater above ground production noted by Edwards and Čížková (2020). Therefore, our results emphasize the importance of including belowground plant structures in such studies (also see De Kroon et al., 2012; Bardgett et al., 2014).




4.2 Possible allometric relationships

Phenotypic plasticity is the ability of a plant to produce different phenotypes under changing environmental conditions (Pigliucci, 2001), with plant modular units being the level at which plasticity is expressed and analyzed (De Kroon et al., 2005). Biomass allocation ratios and reaction norms are common methods for analyzing phenotypic plasticity. Here, both species showed plastic responses to changing nutrient and water level conditions, which was opposite of what we initially predicted (hypothesis 4), with these changes having a seasonal aspect. However, while some of these changes were also related to plant size (Schneider, 2022; Gomulkiewicz and Stinchcombe, 2022), our overall results were inconsistent with other responses having no allometric relationship. Therefore, our third hypothesis that most of the plastic responses would be attributed to changes in plant size cannot be supported.


Counter to our prediction, in only a few cases there was a clear relationship between the production of new ramets and plant size, with the fewest occurring when the plants were flooded. Most such relationships were found for C. acuta (Table 4). This is in contrast to Jameson et al. (2022) who found a larger number of size-dependent relationships. However, these authors used sexual reproduction as their measure of fitness. Given that none of our plants flowered, we had to use vegetative spread as our measure of fitness. Therefore, it is not known whether sexual reproduction would show such allometric relationships.

A similar lack of an allometric relationship was noted in the size-dependent model analyses for leaves and stems but such relationships were more common with roots. Again, C. acuta had more size-dependent relationships than G. maxima. In addition, time of the growing season determined whether size-dependent relationships were possible. For example, the response of leaf DW to flooding did show a clear allometric relationship in July for both species, but this had largely disappeared by September, notably for C. acuta, likely reflecting plant development patterns in that the plants had begun to senesce by early September (Schneider, 2022). However, there was no such seasonal effect for G. maxima (Supplementary Table S1). In fact, while leaf DW decreased from July to September, nutrient addition maintained these structures, likely prolonging the C. acuta growing season.





5 Conclusions

In our study, C. acuta and G. maxima did not behave as expected according to the general predictions about conservative and competitive species. We found that:

	as predicted, G. maxima was more affected by fertilization than C. acuta. However, counter to our prediction, G. maxima allocated more biomass to below ground than above ground structures having higher R:S ratios than C. acuta. Therefore, our results emphasize the importance of including belowground plant structures in such studies;

	counter to our second hypothesis, changes in site hydrology affected C. acuta more than G. maxima, especially regarding stem DW, plant height and ramet production. In addition, water level had a stronger effect on the R:S ratio than fertilization in both species with below ground biomass decreasing for both species when flooded as compared to drier conditions;

	both species showed plastic responses to changing environmental conditions but only some were related to plant size. C. acuta produced more daughter shoots than G. maxima. Thus, we could only partially support our last two predictions that phenotypic plasticity followed an allometric relationship (hypotheses 3) and G. maxima was the more plastic species (hypothesis 4);

	C. acuta would likely be favored in drier, lower nutrient habitats while G. maxima would prefer growing in wetter, nutrient-rich sites. With warmer and drier conditions predicted for central Europe because of climate change (IPCC, 2023), such a future would favor C. acuta to the detriment of G. maxima.



This information may be important for predicting possible sites that would be prone to G. maxima invasion as well as developing management and control plans to combat the spread and establishment of invasive populations of this species (Mugwedi et al., 2014). Overall, the allocation patterns and vegetative reproduction of the two species were often different than expected, with both species having characteristics of both the conservative and competitive plant functional types (De Deyn, 2017). Our results imply that C. acuta and G. maxima may be able to co-exist in oligo- to mesotrophic wet grasslands with fluctuating water levels as well as more heterogeneous habitats. Further studies including direct species interactions would be needed to determine the validity of this conjecture. Still, our study provides important information which would be useful for predicting and modelling the effects of management and climate change on wet grassland plant species composition as well as maintaining the ability of wet grasslands to provide their important ecosystem services.
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Area, the area of the studied lakes; Zyy, the mean water depth; Zyax, the maximum water depth; Zysin, the minimum water depth; TN, total nitrogen; TP, total phosphorus; Chl a, phytoplankton

chlorophyll a; Turb, turbidity.
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Channel profile
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Ceratophyllum demersum L.
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Data showed the t value of the test and its significance. The shown parameters are the leaf area, perimeter, circularity, length and width of leaves, the maximum quantum yield for whole-chain
electron transport (o), maximum electron transport capacity (ETRpmax), the theoretical saturation light intensity (I), maximum quantum efficiency of PSII (F,/Fy,), non-photochemical
quenching (gN), photochemical quenching (qP), total chlorophyll (total chl), chlorophyll a to b ratio (chl,/chly), total chlorophyll to carotenoid ratio (chl/car). The significance of the GAM tests:

* - p<0.05,** - p<0.01, *** - p<0.001.
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The GCV score is the minimised generalised cross-validation (GCV) score of the GAM fitted.
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F,/F,, maximum quantum (F,n = Fo)/E,p, (Schreiber, 1998)
efficiency of PSII

qP photochemical (F,»—F,)/ (Bilger and
quenching (F,n—Fy) Schreiber, 1987)

qN non- 1-(F,—Fy)/ (Bilger and
photochemical (Fn=Fp) Schreiber, 1987)
quenching

ETR electron transport rate (Fp—F5)/ (Schreiber

(F)LAF0.5 | et al, 1995)

The equations contain the minimum (F,) and the maximum (F,,) fluorescence yields, the
apparent (F;) and maximum (F,) values of fluorescence, the irradiance value (I), and

empirical absorption factor (AF=0.84). For more information please see referenced literature.
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Phalaris arundinacea Carex thunbergii

Burial depth (B)  Nutrient level (N) B x N Burial depth (B) Nutrient level (N) B x N

Total biomass 28.117%%* 26.301** 5.864" 2.337" 4.662* 1.286™
Aboveground biomass 28.059** 22.675** 5.937%* 5.659* 10.340% 3.042%
Belowground biomass 13.392%%% 23.024** 2.726* 1.091™ 6.220 1.369™
Ramet height 14.2910* 9.566"** 1.807™ 4.715* 0.459™ 3.889*
Root length 5.606"* 4.095% 0.998™ 0.592" 13.204%* 0.514"
No. of rhizomes 5.283" 2.768™ 3.013* 3.766* 0.265™ 0.089"
No. of ramets 10.088*** 111927 5.672% 1.027™ 0.995™ 0.501"

P < 0.001; **P < 0.01; *P < 0.05; ™P > 0.05.
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* and ** represent significance at the 0.05 level and the 0.01 level, respectively.
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o 051 1.26
ETR na 055 357+
I 133 3.12¢

qP 032 2.87*

qQN 1.74 485
Fy/Fy 1.73 501*

Plasticity was calculated as coefficient of variation. Main factors: sites (degradation level,
n=84) and months (n=12). F-test values and significance are shown (E®). The measured traits
are the maximum electron transport capacity (ETR,,), the theoretical saturation light
intensity (Ii), the non-photochemical quenching (qN), the photochemical quenching (qP),
maximum quantum efficiency of PSII (F,/F,,) of Phragmites plants. The significance of the
correlations: *P<0.05.
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Name Equatioi Reference
E,/Fyy maximum quantum efficiency of PSIT (Fn — Fo)/Fp, (Schreiber, 1998)
qP photochemical quenching (Fw—FJ/(Ey—Fp) (Titus and Adams, 1979)
qN non-photochemical quenching 1~(Fw=Fo)/(F,u=Fo) (Titus and Adams, 1979)
ETR electron transport rate (Fo—=EJ/(Fy) IAF0.5 (Schreiber et al., 1995)

Further details can be found in the cited literature.
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Water Height (cm) Diameter Green leaf Biomass (g) Leaf

depth (cm) (mm) biomass (%)
Fl 74+ 13 2527 £ 17.1 72+18 116 + 0.6 206+ 54 23.5+34 321+08
P2 27434 2686 + 44.5 7.7+ 06 95427 197 + 8.1 241£52 27.5+50
F3 £7 269.9 + 57.5 76111 124 £ 43 220 + 49 294 +11.6 314 +3.1
F4 23+18 190.2 £ 16.7 71104 125+38 191 £ 52 143 +£39 321+58
F5 6+8 163.05 + 8.1 5106 11.0 £ 26 169 + 4.5 96 +20 29.6 £4.9
ANOVA
| F 306 | 158 | 24 16 251 32
P <0.001 <0.001 0.059 0.180 <0.001 0019

F1 and F2 are stable aquatic and terrestrial stands, F3 and F4 are stands at different degree of degradation, while F5 is a die-back stand.
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Data

Month
o | 0366 -0.74 -0.767 0.758
ETRpmax | 0.892 -0.968 0.713 0.691
Ik 0486 -0.978 0.872 0.964
qP | 0484 -0.927 0.718 0.898
QN | -0.783 0.891 0.539 | -0.841
F,/F, | -0.090 -0.809 0.375 0.866

The shown parameters are the maximum electron transport capacity (ETR ), the theoretical
saturation light intensity (Ii), the non-photochemical quenching (gN), the photochemical
quenching (qP), maximum quantum efficiency of PSII (F,/Fy,) of Phragmites australis plants.
The significance of the correlations.
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Site Month Interaction
o 817 11.88%%¢ 4,120
ETRpax | 8.30%%¢ 88.98% 2,79
I 10.13%%* 59,56+ 2.15%
qP | 320 90.60*** 2.16*
gQN | 7.5 14.58%%¢ 1.92*
F/Fm | 415 9.35% 1.91%

F-test values and significance are shown (FF). The measured traits are the maximum electron
transport capacity (ETRmay), the theoretical saturation light intensity (Iy), the non-
photochemical quenching (qN), the photochemical quenching (qP), maximum quantum
efficiency of PSII (F,/Fy,) of Phragmites plants. The significance of the correlations: *p<0.05,

**p<0.01, ***p<0.001.
Main factors: sites (degradation level) and months.
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Equations July September

UF UF
Glyceria Carex Glyceria Carex Glyceria Glyceria

Dry 1) R=cV/ 7.67 (6.15) 2.40 (0.42) 6.14 (5.30) 3.51 1546 1.18 (0) 0 6.82

2) R=cV* 152 (0) 1.98 (0) 085 (0) 052 0 1.92 (0.74) 144 0

3) R=cVe®” 343 (191) 223 (0.25) 141 (0.57) 0 1744 1.90 (0.71) 144 NA

4) R=c 0 0 0 0.77 16.84 0 Lan 4.75
Sat 1) R=cV 5.18 0.78 215 247 (1.55) 1089 2163 6.26 (4.40) 269

2) R=cV* 0 0 0.01 | 1.02 (0.10) 0.79 485 1.98 (0.13) 0

3) R=cVe®V 271 0.48 0 0.92 (0) 0 0 1.86 (0) 0.16

4) R=c 377 4.58 1.47 0 18.32 9.50 0 0.17
Flood 1) R=cV 061 307 (122) 532 (3.91) 0 324 (1.60) | 470 (3.86) 0 422 (247)

2) R=cV* 0 1.84 (0) 142 (0) 1.95 1.64 (0) 0.84 (0) 1.60 175 (0)

3) R=cve®” 052 1.79 (0.05) » 248 (1.07) 1.95 189 (0.24) | 203 (1.19) 1.61 202 (0.27)

4) R=c LIS [ 0 | 0 0 568 0 0 3.03 0

Differences in Akaike information criteria (AIC) values are shown. Equations with a zero value had the lowest AIC score. Values in parentheses represent AIC differences when comparing the
three size-dependent models only. Comparisons > 2 are significantly different. Equations: R = shoot number; V = plant dry weight; ¢, o = scaling factors. Nutrient addition: UF = unfertilized; F =
fertilized (350 NPK kg ha™! yr'')/Water level: Dry = 15 cm below the soil surface; Sat = saturated (water level at the soil surface); flood = 15 cm above the soil surface. NA = samples which did not
converge with the model. Based on Oddi et al. (2019) and Jameson et al. (2022).
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Ratio pecies Water UF

LWR July Car Dry 0.021 9.06
Sat 0.055 26.61

Flood 0.006 179

Gly Dry 0.038 23.48

Sat 0.028 17.40

Flood 0.012 576

September Car Dry 0.009 5.57

Sat -0.044 -22.80

Flood -0.002 -0.79

Gly Dry 0.027 4038

Sat 0.024 38.30

Flood 0.023 2492

SWR July Car Dry -0.004 -7.78
Sat 0.017 31.07

Flood 0.035 19.58

Gly Dry -0.005 -5.07

Sat 0.082 88.64

Flood 0.052 23.98

September Car Dry 0.023 68.89

Sat 0.009 29.27

Flood 0.021 20.24

Gly Dry 0.006 18.32

Sat -0.002 -2.81

Flood -0.028 -14.32
RWR July Car Dry -0.130 -10.36
Sat -0.259 -16.21
Flood -0.200 -23.36
Gly Dry -0.275 -31.84

Sat -0.305 -34.61
Flood -0.087 -13.22

September Car Dry -0.266 -11.02

Sat 0.206 » 9.63
Flood -0.307 -17.60
Gly Dry -0.880 -45.57

Sat 0.056 392
Flood -0.174 -17.69

Shoot No July Car Dry 12.417 34.98
Sat 1.000 3.18

Flood 6.583 27.53

Gly Dry 6.500 36.79

Sat 4917 ' 28.37

Flood -0.083 -0.52

September Car Dry 25.083 64.18

Sat 10.667 26.28

Flood 9.667 46.40

Gly Dry 13333 62.26

Sat 12.583 81.18

Flood 6.667 51.95

Differences between the two nutrient treatments (UF = unfertilized; F = fertilized (350 NPK kg ha! yr") calculated for month (July, September), species and water levels (Dry = 15 cm below the
soil surface; Sat = saturated (water level at the soil surface); flood = 15 cm above the soil surface). LWR, leaf weight ratio; SWR, stem weight ratio; RWR, root weight ratio; Shoot No, shoot density.
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Parameter/ Species

Factor

LWR 147.01 *** 134.61 *** 531°% 191743 16.70 *** -444.64
J>S Car > Gly F>UF F>S$>D

SWR 49,12 *% 1937205 4.34% 72:90%%¥: 4.03 * -308.18
J>S Gly > Car F>UF F>S>D

RWR 296.42 ¥ 189.52 *** 16.62 *** 49.84 ¥ 823 4.40* -475.78
$>] Car > Gly UF > F S>D>F

StockWR 47.35 2 6.95** 2.87 + 181.66
J>s F>UF D>F>S$§

RhizZWR 403.74 *** 10:3574%% 5.16* -253.68
Gly > Car D>S>F

Only significant effects shown. Treatments: Month (M): July (J); September (S). Species (S): Carex acuta (Car); Glyceria maxima (Gly). Fert (F): nutrient addition = unfertilized (UF); fertilized (F
=350 kg NPK ha' yr'"). Water (W): water level = dry (D = 15 cm below the soil surface); saturated (S = at the soil surface); flooded (Fl = 15 cm above the soil surface). LWR, leaf weight ratio;
SWR, stem weight ratio; RWR, root weight ratio; StockWR, rootstock weight ratio; RhizWR, rhizome weight ratio; AIC, Akaike information criteria. P values: + < 0.10; * < 0.05; ** < 0.01; ***
< 0.001.
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Parameter/Factor ‘ Month Species ‘ Fert Water ‘ M*S
Leaf DW - live 3.92* 17.50 *+* 12.85 ** 458 + 18.83 *+*
]>8 Car > Gly F> UF F>D>S
Leaf DW - dead 239.87 *** | 227.73 %% 6.72% 6.11*
S=] Gly > Car F>UF
Stem DW 4139 >+ 1349 % | 10120 *** 4.61*
Gly > Car F>UF F>$>D
Root DW 249.53 *** 333+ 40.96 ***
S$>] Car > Gly D>S>F
Rootstock DW 4.61* 14.66 ***
Gly > Car F> UF
Rhizomes DW 346407 39182 6.12% 10.23 ** 15.77 *+*
S>] Gly > Car F> UF D>S>F
Above DW 495* 42.84 0% 50.65 *** 2635 **
]>8 F>UF F>$>D
Below DW 19659 *** | 17.76 *** 23.44 0% 19.86 ***
S>] Gly > Car F>UF D>S>F
RS 112,00 *** 351+ 258 + 17256 ** | 18.99 ***
S>7] Gly > Car UF>F D>S>F
Parameter/Factor ‘ Time Species ‘ Fert Water ‘ iLtS
Shoot Density 43017 | 13518 %% 27.03 ** 14151 *** 10.37 *
Car > Gly F> UF D>S>F
Height 5316 ** 47.70 >+ 7.95 % 180.61 ¥ | 109.95 ***
Car > Gly F>UF F>$>D

iE ‘ W SEE S*W W
3393+ 49.01 *** 21.99 ** 12,59 **
67,114 70

Only significant effects shown. Treatments: Month (A): July (J); September (S). Species: Carex acuta (Car); Glyceria maxima (Gly). Fert: nutrient addition = unfertilized (UF); fertilized (F = 350
kg NPK ha™ yr'!). Water: water level = dry (D = 15 cm below the soil surface); saturated ($ = at the soil surface); flooded (Fl = 15 cm above the soil surface). Time (B): biweeKly intervals. R:S, root-

to-shoot ratio; P valug < 0.10; * < 0.05; ** < 0.01; *** < 0.001.
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sponse variable % Retained explanatory variables i cance (p value)

Functional richness 0.11 14.9 BOD 0.075

Altitude 0.062
Functional dispersion 0.26 34.1 Altitude 0.001
pH 0.020
Ammonium 0.060
Oxygen saturation 0.042
Functional evenness 0.25 31.8 Turbidity 0.076
Oxygen saturation 0.004
pH <0.001
BOD I 0.198
TDS 0.275
Species richness 0.08 115 Ammonium 0.054
‘ TDS 0.069

The retained explanatory variables for each model along with p-values are shown. Adjusted R? and percentage of deviance explained are also shown.
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Functional richness

Functional dispersion

Functional evenness

Species richness

Channel substrate NS NS P=0.002 NS
Bed stability P=0.037 P=0.034 P=0.006 NS
Shade NS NS NS NS
Habitats P <0.001 P <0.001 P=0.078 P=0.053
Land Uses NS NS NS P=0.067
Channel profile alteration NS NS NS NS
Morphology alteration NS NS NS NS
Habitat alteration NS NS NS NS
Stream hydrology alteration NS P=0.019 NS NS
Water abstraction NS NS NS P=0.037
Dykes (flood protection) NS NS NS NS

NS, non-significant.
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