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Editorial on the Research Topic
 Ecosystem services, biodiversity, and water quality in transitional ecosystems




Transitional ecosystems, including estuaries, lagoons, and coastal lakes, are complex human-environmental systems that offer a wide range of societal benefits, including both commercial and non-commercial values. This book sets the stage for significant advances in several aspects of transitional ecosystem research and management.

Climate change shifts in temperature, precipitation, storminess, and sea levels affect the evolution of transitional ecosystems, including the functioning of ecosystem processes, and alterations to species biodiversity. Long-term coastal observations and historical reconstructions can thus provide valuable insights into the consequences of global change on transitional ecosystems (Newton et al.).

The complexity of transitional ecosystems is further increased by the activities of economic sectors that take place in them, acting as drivers of change with different degrees of (un)sustainability. The most important sectors are tourism, fishing, aquaculture, salt mining, industrial activities, maritime shipping and ports, development of urban areas, and related activities, and agriculture. These complex, coastal zones are therefore subject to various social and environmental pressures, including changes in land use, hydrology, and sedimentology, as well as the extraction of mineral resources such as salt and sand. These pressures can lead to changes in the physical environment, including variations in geomorphology or salinity and dissolved oxygen levels, and can also result in the loss of biodiversity and the decline of important ecosystem services, such as coastal protection and seafood. The combination of past interventions, physical forcing functions and present activities is responsible for the numerous pressures and issues that threaten transitional ecosystems (Newton et al.). Understanding the causes and consequences of these anthropogenic pressures helps to identify effective management strategies that minimize negative consequences and promote the sustainable use of valuable resources. By understanding the drivers of change and the impacts of human activities, managers can work toward the sustainable use and conservation of these important systems. This may involve a range of measures, such as the regulation of freshwater inflows and connectivity, the implementation of best management practices and the designation of protected areas.

Environmental, economic and social issues call for new integrated management perspectives. The need for systematic conservation planning has further motivated the analysis of patterns and processes at regional scales. Social-environmental analysis is a useful tool to inform management of coastal lagoons. El Mahrad et al., shows this for 11 lagoons in North Africa by applying an adaptive management framework (Drivers-Activities-Pressures-State Change-Impact-Responses), to provide a structured approach for the social-ecological analysis of coastal lagoons systems to identify potential management measures as responses to address negative impacts.

Human activities and pressures, such as land use change and pollution, can also have significant consequences on the biodiversity and water quality of transitional ecosystems. The implementation of environmental policies, such as Natura 2000 and the Water Framework Directive (WFD), provide a legal framework for improving water quality, ecological status and biodiversity. Picone et al., using the polychaete worm Hediste diversicolor, show the biota itself can be used to monitor contaminant levels in the environment. In this example, Hediste diversicolor bioaccumulates polychlorinated dibenzo-p-dioxins (PCDDs) and dibenzofurans (PCDFs).

Biodiversity and water quality are important aspects of the functioning and value of transitional ecosystems, to both human and animal populations, such as birds. The distribution and abundance of water birds can also be used as indicators of ecosystem health and water quality, as many species are sensitive to changes in their habitat and can be affected by pollution and other forms of human disturbance (Maneas et al.).

Coastal lagoons and other transitional ecosystems thus provide a range of valuable goods and services that support human wellbeing and economic development. Ecosystem services, including both commercial and non-commercial values, can be important considerations in the management and conservation of transitional ecosystems. Coastal management approaches that consider the full range of ecosystem services can help to ensure sustainable use of these systems. These ecosystem services offer a wide range of societal benefits. Key ecosystem processes, such as nutrient cycling and primary production, can support the biological resources that underpin these industries. In addition, these ecosystems play a critical role in the regulation of environmental processes, such as the purification of water, the sequestration of carbon, and the protection against storms and erosion. Some are commercial and can be readily valued in monetary terms, for example shellfish and finfish harvested for human consumption, as well as timber and medicinal plants (Afonso et al.).

The ecosystem services approach values the ecosystem by a variety of means, including monetary, non-monetary and ecological. There is also a need for more research on the spatio-temporal evolution of the ecological services provided by mangroves and salt marshes in transitional ecosystems. Practical methodologies can be used to quantify the variability of limiting factors that impact the provision of these services, as shown by the literature review of Carrasco. Such studies can help to identify the key drivers of change and inform the development of effective conservation and management strategies to maintain the resilience of these ecosystems and the benefits they provide to humans. Furthermore, the use of modeling, to better understand the consequences of human activities combined with climate change, provide the knowledge-base necessary to identify potential methods to improve the functioning of coastal lagoons and restoration options.

Effective conservation and management of transitional ecosystems is essential to maintain and enhance the goods and services they provide. Coastal management strategies and decisions should also consider the social, cultural, and historical values of these ecosystems, as well as the interconnections between lagoons and other marine protected areas (De Wit et al.). Transitional ecosystems may also be connected to marine protected areas (MPAs), and the interplay between these systems can be important in terms of conservation and sustainable use. This may involve a range of approaches, such as the identification and protection of key habitats, the restoration of degraded areas, and the implementation of best management practices, such as nature-based solution, for example using reed-beds (Karstens et al.).

Transitional ecosystems also offer potential opportunities for sustainable use, such as the exploitation of macroalgal biomass as a tool for the recovery of these systems (Sfriso et al.). The use of green and blue infrastructures, such as mangroves and salt marshes and reed beds, can provide multiple benefits, including the enhancement of biodiversity, the protection of coastal communities from storms and erosion, and the provision of recreational and cultural services (Afonso et al.; Karstens et al.). In addition to the traditional goods and services provided by transitional ecosystems, there is also potential to produce energy and the development of blue growth and blue infrastructure. The storage of blue carbon in aquatic, riverine, and underwater ecosystems, such as seagrasses, can also have significant economic value.

Overall, transitional ecosystems provide a range of valuable goods and services, and the management and conservation of these systems should consider the full range of these values. For example, unsustainable fisheries and aquaculture activities can also affect transitional ecosystems, requiring strategies and methodologies for adopting sustainable practices in these economic sectors. Transitional ecosystems can also have impacts on human health and wellbeing, both directly and indirectly. For example, the provision of clean water, food, and recreation can all contribute to human health and wellbeing. Nevertheless, transitional ecosystems can also be affected by human activities, such as pollution and contamination, which can have negative impacts on human health. The full range of impacts on human health and wellbeing should be considered when managing and conserving transitional ecosystems. Effective governance and decision-making processes are critical for the sustainable management and conservation of transitional ecosystems. This may involve the participation of a range of stakeholders, including local communities, government agencies, and industries. Inclusive and transparent decision-making processes can help to ensure that the needs and values of all stakeholders are considered.

There are still many questions and challenges to be addressed in the study and management of transitional ecosystems. Future research may focus on improving our understanding of the impacts of human activities and climate change on these systems, as well as developing and testing new management and conservation approaches (Newton et al.). It will also be important to continue to engage with stakeholders and decision-makers to ensure that the needs and values of all interested parties are considered in the management of transitional ecosystems. The economic value of ecosystem services provided by transitional ecosystems, such as coastal lagoons, is often undervalued and not fully recognized. This can lead to the under investment in their conservation and management. More research is needed to better understand the economic impact of these ecosystems and to develop mechanisms for the valuation and payment of ecosystem services. This could include the use of economic instruments, such as the creation of markets for carbon credits or the development of compensation schemes for the provision of ecosystem services. The potential economic impact of blue carbon stocks, such as those found in mangroves, saltmarshes and seagrasses, is an area of growing interest and could provide a valuable source of funding for the conservation and management of these valuable ecosystems.
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A number of previous research studies have addressed the enormous role played by biodiversity and ecosystems in human well-being and have placed particular emphasis on the consequences of the reduction or loss of these services. A handful of studies have implemented practical methodologies to quantify the variability of limiting factors leading to reductions in these ecological services. The aim of this article is to document the limited number of studies that have analyzed coastal ecosystem services and acknowledge the impacts of physical changes in habitat provision. In one example, it is clear that the maintenance of salt marshes depends on sedimentary supply and consequent morphological variability in spite of the fact that there is usually no recurrent integration of habitat time-space dynamics (sediment availability) during the quantification and monetization of marsh services (i.e., monetary valuation of salt marsh services). This means that one key challenge facing the analysis of salt marsh (or other ecosystem) services in a global climate context is to predict future value, based on past trends, while at the same time guaranteeing conservation. Research in this field has been very broad and so the use of long-term evolutionary datasets is proposed here to explain future habitat provision. An empirical approximation is also presented here that accounts for service provision and enables time-space analysis. Although improvements will be required, the equation presented here represents a key first step to enable managers to cope with the constraints of resource limitations and is also applicable to other habitats.

Keywords: ecosystem services, time, physical changes, conservation, salt marsh


INTRODUCTION

Coastal and terrestrial ecosystems all provide a number of fundamental life-supporting services (i.e., natural capital, namely varied benefits that humans freely gain from the nature; Costanza et al., 2017) and societal goods (i.e., that benefits the largest number of people in the largest possible way; Daily, 1997; Costanza et al., 2017) on which human welfare is dependent (Millennium Ecosystem Assessment, 2005; Carpenter et al., 2006). de Groot et al. (2002) explains the assessment of ecosystem goods and services has involving the translation of the ecological complexity (structures and processes) into a number of ecosystem functions (i.e., the capacity of natural processes and components to provide goods and ecosystem services) that satisfy human needs, directly or indirectly (in agreement with Daily, 1997; Balmford et al., 2002).

Significant research has therefore been devoted to explaining declines in services and the survival rates of coastal ecosystems over the last two decades. A brief history of ecosystem services and natural capital can be found in Costanza et al. (2017). In previous research, Costanza et al. (1997) and others have presented interesting perspectives about how the world economy would come to an abrupt stop if such ecosystems and their services were to cease to exist (e.g., Turner et al., 2003; Palmer et al., 2005; Carpenter et al., 2006). Ecosystem services can be particularly important at a national and sub-national scale, if they play an effective role in making informed decisions about the use and management of the planet's resources, especially when trade-offs and synergies need to be taken into account (Balvanera et al., 2017). However, although recent scientific efforts have focused on quantifying current ecosystem service provisions in detail (e.g., Barbier et al., 2011; de Groot et al., 2012; Costanza et al., 2014), much less attention has been paid to the evolution of these variables in time and space, especially in light of future climatic adjustments (Greenberg et al., 2006). This lack of information can be filled with an increase in the number of conservation studies advising that ecosystem service provisions are limited in time, and they should be predicted based on prediction of spatial changes (Koch et al., 2009). Moreover, natural processes are characterized by thresholds and limiting functions (Koch et al., 2009), and ecosystem provision may sometimes not occur linearly.

The representation of the temporal dynamics of ecosystem services is a crucial research frontier in the field of ES modeling (e.g., Rova et al., 2019). Thus, it is clear that enhanced research on the spatio-temporal dynamics of ecosystems is likely to contribute to reductions in the cost of coastal conservation actions given the ongoing effects of climate change. A time-space-evolutionary analysis therefore purports to past information about physical changes through time (e.g., via morphology, morphodynamics, or morphometric analysis) within a given coastal ecosystem and can therefore help to predict the temporal functionality of such a system (scenarios).

The aim of this perspective is to express concerns about the need for a more compelling and integrative approach that triggers the analysis of variation in temporal (and spatial) coastal ecosystem services. A reminder is presented here that ecosystem service provision analysis should couple both current ecological state (i.e., flow or actual ecosystem service use) with morphological variability in order to enable more effective and sustainable ecosystem management. The morphological variability of a given ecosystem determines stock, or the potential provision of ecosystem services. Salt marshes are very commonly cited examples in ecosystem research, and so these habitats (i.e., natural environment supporting functional and structural functions) are discussed here in an attempt to express the degree of relationship between the various factors affecting given system variability as well as their expected impact on the services provided.



FREQUENT USE OF THE TERM “MORPHOLOGICAL VARIABILITY” IN COASTAL ECOSYSTEM SERVICES ARTICLES

The Thomson Reuters Web of ScienceTM database (WoS; web of science core collection) was mined in this analysis to compile articles in English purporting to relate coastal ecosystem services with morphological variability. This approach enabled an understanding of just how detached the two processes remain from one another in the recent scientific literature. The scientific terms used in each search have a cross-disciplinary relationship between them. This allows us to understand the evolution of a topic in a scientific domain; thus, strings and terms were defined on an author-by-author basis after reviewing articles about ecosystem services and the most relevant keywords. Papers were automatically identified by searching the terms throughout the published text. All output results were generated by WoS and utilized the same result exploitation search strategy as used in other studies (e.g., Chang et al., 2017; Walls, 2018; Wang et al., 2018; Zhao et al., 2018).

The Boolean search operators “ecosystem services” and “coast” were used for the first level of search in January, 2019 (Indexes=SCI-EXPANDED, SSCI, A&HCI, CPCI-S, CPCI-SSH, ESCI, CCR-EXPANDED, IC Timespan=All years); this approach led to the identification of 1,920 English articles from 108 different countries around the world published over the last 20 years to acknowledge coastal ecosystem services. This first level of search allowed the establishment of a starting sample universe and also limited the output of ecosystem services in relation to coastal domain context. The articles output from this search were distributed within five main WoS categories encompassing environmental sciences and ecology, marine and freshwater biology, oceanography, water resources, science technology, and other topics (Figure 1). Each of these subject categories contained at least 10% of the total number of search records; those referring to coastal ecosystem services (including the terms “ecosystem services” and “coast”) can be shown to decrease in number from environmental and biological sciences into their physical counterparts, including oceanography and other topics with less outputs (Figure 1). This result suggests that most research to date has been concentrated within ecology and on conservation issues.
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FIGURE 1. Above, records reporting coastal ecosystem services, morphology analyses, and salt marsh strings obtained for the last 20 years, for the four levels of search, distributed within the five main WoS categories; below, comparison between the number of records obtained for the last 20 years in the first level of search and in the fourth level of search.



The second level of search undertaken here was aimed at validating the dependence between coastal ecosystem services studies and morphological variability. Thus, the terms “ecosystem services,” “coast,” and “morphology” (including “morphodynamics” or “morphometric”) where searched in this case but led to the identification of just 35 published articles to acknowledge the morphological variability of coastal ecosystem services, albeit in increasing numbers over the last 4 years. As this comprises just 2% of total records output across the broad field of coastal ecosystem services (i.e., from a total of 1,920), it is clear that morphological variability analysis has not often been included in ecosystem services articles. A coupling between coastal ecosystem services and morphological variability is most frequent in marine biological and oceanography research categories (Figure 1).

The terms used in the first and second levels of search were defined based on the key concepts of the discussion herein presented, the topic- “ecosystem services,” the domain—“coast,” and the analysis—“morphology.” There was no manipulation of the generated output results and, as initially preconized, they express the content of all publications in natural sciences, conducted in the last decades. The majority of authors of the different works used the same terms to express different conclusions on the same topic and/or domain.



FREQUENT USE OF THE TERM “MORPHOLOGICAL VARIABILITY” IN SALT MARSH ECOSYSTEM SERVICES ARTICLES

The WoSwas then searched at a third level to compile studies relating coastal ecosystem services and the morphological variability of salt marshes. With the introduction of the third level of search, it is possible to limit output results to a specific subject. The terms “ecosystem services,” “coast,” and “salt marsh (or saltmarsh)” were considered here and led to the identification of 247 articles that acknowledge the ecological value of salt marsh systems, mostly in environmental and biological sciences, and oceanography (Figure 1). The fourth search level also considered the terms “ecosystem services,” “coast,” “salt marsh” (or “saltmarsh”), and “morphology” (including “morphodynamics” and “morphometric”) but led to the identification of just 15 articles (i.e., 37% of 247 acknowledging “salt marsh ecosystems”) establishing a connection between salt marsh evolution and morphological variability (Figure 1). As the records output from this fourth level search are distributed between biological and physical categories, a recognition of the importance of morphological variability on salt marsh services assessment was also performed, but only for the last 10 years (Figure 1). Therefore, questions remain regarding whether current assessments of salt marsh ecosystem provision are incomplete and regarding how morphological variability, a factor not included very often in salt marsh (ecosystem) services, should be studied.



PHYSICAL PROCESSES LEADING TO CHANGES IN SALT MARSHES

Salt marshes are one of the most productive ecosystems on Earth (e.g., Caçador et al., 2015). Thus, if these ecosystems are left to migrate and adapt unimpeded (Kirwan et al., 2016b), such marshes may lessen the adverse impacts associated with sea level rises, including increases in coastal flooding, storm surges, and erosion (Bouma et al., 2014). Salt marshes also act like sponges, absorbing excess water, and reducing flooding, but persist as a delicate balance between their own growth and changing sea levels (Schile et al., 2014). Projecting future changes in salt marshes is a crucial step toward planning for and mitigating the impact of climate change on marsh biodiversity, as well as for detect early warning tipping points in these complex systems (Crosby et al., 2016).

Marsh coastal areas have been squeezed due to sea level rises and erosion, both primary threats to these ecosystems around the world (Torio and Chmura, 2013). Although sea level rise can pose a serious threat to the survival of salt marshes, there is growing evidence that as long as sediment supply is sufficient, vegetation-sedimentation feedback enables these ecosystems to vertically accrete in concert with sea level change (e.g., Redfield, 1972; Kirwan and Temmerman, 2009; IPCC, 2013; Carrasco et al., 2016; Kirwan et al., 2016a).

Sea level rise has been portrayed as creating accommodation space within which fine-grained sediments can settle (sediment supply rate); this increases in concert with the rate of sea level rise and theoretically can lead to concomitant changes in mineral sediment deposition (Carrasco et al., 2016); given high rates of sea level rise, however, alongside an insufficient supply of sediment and organic material, salt marsh inundation is likely to occur. In contrast, if the rate of sediment supply is much higher than that of sea level rise, silting-up will dominate, a marsh will shift toward a different environment and ecosystem, and areal losses should be expected (e.g., Schile et al., 2014; Carrasco et al., 2016). The overall morphological stability of salt marsh ecosystems in response to rising sea level depends on the present elevation of the marsh community in relation to its depth-response curve and the local mean sea level (e.g., Morris et al., 2002).

All of these outcomes suggest that the future of salt marshes and their services should be founded on an understanding of temporal and spatial morphological variability as well as via the identification of different target states. Although recent scientific efforts have been focused on quantifying salt marsh ecosystem provisions (Chmura, 2012; de Groot et al., 2012; Ouyang and Lee, 2014) as well as in determining the effect of sediment supply on the growth of marshes (e.g., Lovelock et al., 2011; Rizzetto and Tosi, 2012; Kirwan et al., 2016b; Müller-Navarra et al., 2019), the two approaches remained detached and so less attention has been paid to spatio-temporal service dynamics and will require adjustments. The result of this analysis therefore advances the conclusion that the maintenance of ecosystem services and the assessment of future salt marsh services provision in a global climate change context (as well as in other coastal ecosystems) should be based in the analysis of long-term physical datasets (e.g., Barbier et al., 2008). As it is essential that natural variability and cumulative effects be considered in the valuation of ecosystem services (Koch et al., 2009).

A number of previous studies, although not exclusively investigating ecosystem services, have nevertheless demonstrated the importance of past trends in coastal decision making and planning (e.g., Baily and Nowell, 1996; Murray et al., 2014; Chang et al., 2018; Wu et al., 2018). In terms of coastal planning efficiency and effectiveness variables considered by policy-makers over recent decades, emphasis has been placed on long-term trend analyses of hydro forcing mechanisms and their spatial distribution with a view to formulating climate change and sea level rise management plans. In previous work, Santana-Cordero et al. (2016) also demonstrated the key role of historical datasets to understanding socio-ecological dynamics and ecosystem services within a Mediterranean coastal landscape, as well as for prioritizing conservation tasks and formulating governance. Although previous researchers have illustrated these variables in practical terms, any relationship must encompass time-space dynamics and the amount of service provision. Just a handful of studies have so far been able to demonstrate the impact of long-term datasets on ecosystem-based approaches (e.g., Rieb et al., 2017), or in the modeling of the dynamics of multiple services (e.g., Rova et al., 2019), and so a framework is therefore proposed here (Figure 2) for the future analysis of ecosystem services. This framework suggests that the cumulative changes observed in the past (clock time in Figure 2) should be contained and serve as limitation to predictions of the provision rate; this rate encompasses an open boundary (dashed line) in the broad context of ecosystem service assessments, conservation, and the surrounding environment (Figure 2). In a first hand, the amount of physical variation in time (Figure 2) shown by a given ecosystem can be used to predict the rate of service provision; and in a second hand, the changes in time in the rates of provision can be used to schedule conservation measures distributed in time. Indeed, by including a time-space analysis (e.g., ecosystem growth or reduction tendency), it is possible to predict different scenarios for future services provision. Although modest, this is a reasonable assertion in coastal areas and in the framework of climate change. The framework proposed here is nevertheless sustainable and can be adapted via other ecosystem-based approaches.


[image: image]

FIGURE 2. A framework for ecosystem service analysis based on physical changes through time and space; the dashed white line in this figure limits the conservation dimension that should be taken into account alongside temporal variability in physical changes (brown line coupled with a clock symbol) for a certain ecosystem (green ellipse).





IMPROVING ECOSYSTEM SERVICES CONSERVATION EFFECTIVENESS UNDER MORPHOLOGY ANALYSIS

A detailed time-space analysis includes lifetime features (e.g., the presence or absence of environments) and volumetric tendencies and is based on ecological dynamics (e.g., vegetation types and canopy) and their relationship with human alterations. It is therefore vital to understand both past and current ecosystem behaviors in this context; examples of morphological variables that be useful in predicting changes in marsh provision include cartographic variables (i.e., spatial length and width) as well as sediment accumulation rates (e.g., at different marsh zones), amongst others.

Analytical timeframes for time-space consideration should be established according to available datasets, while at the same time bearing in mind that longer-term analyses enable more adequate predictions for future evolution. This means that, depending on existing datasets, variables can be coupled, or separately applied, to predict service provision volumes. In one example, salt marsh past horizontal evolution (e.g., shape variability) and sediment accumulation rates can usefully be integrated, marsh morphological evolution, for a given time period (dt), and then multiplied by the current provision (Pcurrent) to predict service provision, ESPmarsh, for a given future time period (time = i; Equation 1), as follows:

[image: image]

Thus, over a 100 year time period from present (I = 100), the marsh provision of a certain service ESPmarsh (100) can be determined by multiplying current provision, Pcurrent, with the rate of morphological change over recent years [f(marsh)]. The latter incorporates both time and space dimensions, i.e., as erosion, accretion, growth, reduction, increase, decrease, amongst others. ESPmarsh is thus a predictor of evolution that accounts for the ecosystem cumulative changes over time.

Equation (1) can be individually applied for each service as Pcurrent (and the rate of morphological change over recent years) is dependent on the type of positive service provided. The total value of each offered service (i.e., Provision services, Regulation services, Habitat services, and Cultural services; Costanza et al., 1997) per habitat in monetary units (de Groot et al., 2012) can also be subsequently determined. Thus, Equation (1) also enables different provision rates for services to be distinguished as well as across analytical periods. This approach also enables a time-provision curve to be completed for a given habitat, and assists coastal stewards to more accurately put habitat conservation in place. This also leads to enhanced plasticity during the construction and discussion of morphological change scenarios. The equation is of a simple application by a non-expert public (e.g., coastal decision making). The multifactorial interaction (or non-linearities in ecosystem) could be part of an improved formula version, but it would depend very much on the type of the ecosystem, besides having direct site-specific limitations.



SUMMARY

Although the dependence between ecology and geophysics for coastal and marine sciences has been well-described in the literature, the same relationship needs to be better described within the context of ecosystem services analysis. Significant research over the past two decades has therefore been devoted to explaining the importance of coastal ecosystem services, but just a few have described the available methodologies to access the factors limiting and affecting its evolution.

This work advances that the future maintenance of coastal ecosystem services, including increases and decreases in service provision, necessitates the study of time-space variability. A strong connection between the amount of services provided and the habitat morphological changes was underlined. This should be valid for other coastal systems, salt marsh being an example.

It is concluded that long-term spatial analyses should become one of the most important prerequisites when predicting the amount of services provided. The benefits of long-term predictions in the provision of services will enable the maximization of effective conservation, value maintenance and optimized opportunities vs. minimized risk, in the event that services are lost.
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A characteristic feature of lagoons and estuaries along the Baltic Sea is the dominance of reed (Phragmites australis) along their coasts. Reed wetlands are ecologically valuable ecosystems and play an important role for nutrient and matter cycling as well as for biodiversity. They provide a broad spectrum of ecosystem services and have been utilized by humans already for centuries. We assess the ecosystem service provision of reed wetlands and analyze how this is affected by different management scenarios and how the results of an expert-based ecosystem service assessment can be used in practice. Because of strong internal gradients and interactions with the surrounding, coastal reed belts show a higher ecosystem service provision compared to homogeneous inland reed. The three different coastal management scenarios are (1) winter harvest of reed, (2) summer harvest of reed, and (3) grazing by livestock. According to the views of 18 involved experts from Lithuania, Poland, and Germany, winter harvest is regarded as the scenario with the lowest conflict potential between nature protection and reed utilization. Experts expect no changes or even slight increases for regulating and cultural services. However, experts see the need to establish a sustainable and regionally anchored winter harvest concept. Summer harvest and grazing entail the risk to change the ecosystem structure and could lead to a shift in vegetation pattern toward short salt marsh grassland. Experts expect a slight decrease in regulating services. In particular, erosion control, biodiversity, and nutrient sequestration are rated controversially. To our experience, these expert-based ecosystem service assessments can support policy implementation (e.g., NATURA 2000, European Water Framework Directive or Marine Strategy Framework Directive). It can serve as a tool that allows stakeholders to visualize trade-offs, analyze patterns and processes at regional scales, and hence facilitate decision-making.

Keywords: Phragmites australis, CICES, transitional waters, ecotones, expert-based assessment, Baltic Sea


INTRODUCTION

Historically, wetlands along the Baltic Sea used to be very heterogeneous with a wide range of species due to strong gradients in salinity, climate, or water level fluctuations (Dijkema, 1990). The biodiversity also resulted partly from human interventions: Many Baltic coastal wetlands were traditionally grazed, mown for hay-making, or harvested for construction material. Since the decline of such activities due to economic reasons or nature protection goals, common reed [Phragmites australis (Cav). Trin. ex Steud]. has replaced other halophytes in many wetlands and expanded heavily (Dijkema, 1990; Jutila, 2001; Köbbing et al., 2013). Phragmites is a perennial grass (family Poaceae) that can grow up to 4 m and overtops most other emergent macrophytes in wetlands such as Typha, Scripus or Spartina (Cronk and Siobhan Fennessy, 2001). Although reed is principally a freshwater plant, it is well-adapted to brackish water conditions because it is able to cope with a wide range of salinities (Karsten et al., 2003; Meriste et al., 2012; Altartouri et al., 2014). Reed wetlands act as bio-engineers of their own environment: They can grow vertically and horizontally by litter accumulation and can trap sediments by buffering wind and wave energy. Reed has thus the potential to sequester nutrients or heavy metals, to stabilize soils, or to provide habitats in urban or industrial areas where many plants would not thrive otherwise (Kiviat, 2013; Karstens et al., 2016). However, reed also tends to form near-monocultures with only few accompanying species and thereby limits biodiversity at the landscape scale (Prach and Pyšek, 1994; Wanner, 2009; Sweers et al., 2013).

The benefits that reed systems deliver to human well-being can be regarded as ecosystem services (ESs). ESs are defined as the tangible and intangible goods from nature's processes and functions to humans (Millennium Ecosystem Assessment, 2005). The concept has been increasingly used as a holistic approach to support management and decision-making processes (Baker et al., 2013; Posner et al., 2016; Bouwma et al., 2018; Geneletti et al., 2018). ES analysis allows one to disentangle complex interdependencies in socio-ecologic systems (Bouwma et al., 2018) and brings a more sustainable perspective into decision-making and policy outputs (Geijzendorffer et al., 2017). To achieve both human well-being and nature conservation, it is important to understand the dynamics and relationships (trade-offs) of ESs (Raudsepp-Hearne et al., 2010; Daw et al., 2015; Renard et al., 2015; Geneletti et al., 2018). In particular, the analysis of trade-offs has gained attention in policy and decision-making processes (Bennett et al., 2015; Bennett and Chaplin-Kramer, 2016). To assess the impact of management options in ESs provision, expert-based matrix approaches (e.g., Burkhard et al., 2012; Schernewski et al., 2018) can be used for their simplicity. Such approaches can easily be integrated in a stakeholder meeting, and the results can be used as a starting point to extract valuable information that can eventually influence the implementation and design of policies and management approaches. While ES provision is fairly well-studied in seagrass meadows, mangroves, or freshwater wetlands (e.g., Bowden, 1987; Moore et al., 1994; Ewel et al., 1998; Reddy et al., 1999; Moberg and Rönnbäck, 2003; Holmer et al., 2006; Deborde et al., 2008; Delgard et al., 2013), very few studies have addressed ESs in coastal wetlands colonized by Phragmites, and to our knowledge, no studies so far investigated the impact of different management options (e.g., grazing, reed harvest) on ES provision.

Main research questions for this study are as follows: (1) How does ES provision differ in transitional and homogeneous reed systems? (2) How do different management scenarios impact the ES provision in reed wetlands along the Baltic Sea? In order to approach these questions, different methods were applied: In a first step, the ESs based on the CICES v5.1 were assessed for homogeneous reed wetlands around shallow inland waters and transitional reed belts along coastlines (e.g., Baltic Sea) by the authors. In a second step, an expert-based ES assessment was applied in order to evaluate changes in service provision due to three different management scenarios: (1) winter harvest, (2) summer harvest, and (3) grazing. Both steps were accompanied by an extensive literature study to allow a diverse discussion of the authors' and experts' assessments. This study shall test whether ES assessments can be applied in facilitating and visualizing management decisions in transitional systems like coastal reed belts.



MATERIALS AND METHODS


Study Site: Transitional Reed Wetlands Along the Southern Baltic Sea

Large areas of the southern Baltic coastline are dominated by P. australis (Cav). Trin. ex Steud (Figure 1). These coastal reed wetlands are transitional systems that possess stronger internal gradients than homogeneous reed areas around shallow inland waters (see Figure 2). Various abiotic stress factors impact ecological gradients and thus vegetation patterns, inter alia salinity, flooding, desiccation, erosion, ice scouring, nutrient availability, or human activities such as livestock grazing in wetlands (Wanner, 2009). Several studies showed that flooding seems to be the most controlling factor for species distribution and diversity (Gough et al., 1994; Sanchez et al., 1996; Grace and Jutila, 1999; Jutila, 2001). The interior zone of reed wetlands that borders the hinterland is rarely flooded, and Phragmites is often accompanied by plant species such as Calystegia, Urticaceae, Trifolium fragiferum, or Crataegus monogyna. In wetter and more saltwater influenced areas, Aster tripolium, Carex spp., or Bolboschoenus maritimus occurs besides Phragmites. In the fringe zone with permanent high water levels, submerged macrophytes such as Stuckenia pectinata, Potamogeton spp., and Chara sp. can grow alongside Phragmites. The zone in between interior and fringe is often characterized by dense monocultures of Phragmites (www.umweltkarten.mv-regierung.de; Paulson and Raskin, 1998; Berthold et al., 2018). Values for salt tolerance of P. australis vary in different studies, e.g., up to 6%0 (Raabe, 1981; Jeschke, 1987), 13%0 (Ranwell, 1972), 15–20%0 (Esselink et al., 2000), 5–25%0, and even up to 60%0 for individual clones (Lissner and Schierup, 1997). However, even if low salinities are not limiting Phragmites occurrence, it still affects productivity and plant performance (Hellings and Gallagher, 1992) and above salinities of 5%0 growth rates and leaf production decline (Lissner and Schierup, 1997). Besides salinity, limiting factors for reed along the southern Baltic coast are waves and other mechanical stressors such as ice scouring or wild boar grubbing and deer grazing (Krisch, 1989, 1992; Dijkema, 1990; Puurmann et al., 2002; Wanner, 2009).
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FIGURE 1. Lagoons, estuaries, and coastal lakes along the southern Baltic coastline are dominated by Phragmites australis (Cav). Trin. ex Steud. (common reed). (Background data ESRI Topo Map).
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FIGURE 2. Schematic representation and photos of transitional reed wetlands along coastlines (a,c) and homogeneous reed wetlands around shallow inland waters (b,d). (Drawing by Ronja Trübger, with permission).





Comparison of Ecosystem Service Provision in Different Reed Wetland Types

Most studies about ES provision in reed wetlands focus firstly only on inland reed wetlands, and secondly, they cover mainly regulating services such as erosion control or nutrient dynamics, but do not take into account cultural services such as the role of reed to coastal heritage, the landscape aesthetics, and values for tourism and recreation. As a consequence, we included not only all sections (regulating–provisioning–cultural) in our study but compared also the ESs potential and use for two different reed wetland types: homogeneous reed wetlands around shallow inland waters (e.g., Neusiedler See) vs. transitional reed belts along coastlines (e.g., Baltic Sea; Figure 1). An extensive literature research about ES provision in transitional reed wetlands along coastlines was conducted to allow a complex discussion of the results.

According to Burkhard et al. (2012), ES potential refers to the maximum potential yield of an ES in a spatial unit. ES use (generally known as flow) is the actual use of ES over a period of time. Our aim is to evaluate whether differences in ES potential exist between these two types of reed. We chose a qualitative matrix-like approach similar to Burkhard et al. (2012), common and widely used in the research field of ES, to assess potential and use of ES. To define which services to tackle, we screened through the new version of the Common International Classification on Ecosystem Services, CICES v5.1 (Haines-Young and Potschin, 2018) and discussed based on our background knowledge and the conducted literature study which ESs are relevant in reed wetlands. The CICES classification was chosen for its wide use in ES assessments and because it is the “official” classification used in EC. Services such as cultivated terrestrial plants grown for nutritional purposes were excluded, and the CICES list was narrowed down to 30 ESs relevant for reed wetland (see Table 1). Each service was then assessed by us regarding the potential (in percentage) of ES provision for the two reed types (transitional and homogeneous). We used six categories: 0% (no potential), 1–20% (slight potential), 21–40% (considerable potential), 41–60% (medium potential), 61–80% (high potential), and 81–100% (very high potential). The highest potential (100%) was defined having in mind an ecological system that could deliver the maximum provision of each service. The last step was then to assess the real use of each ES also for the two reed types. The use is defined as a percentage of the potential that is currently being exploited: 0% (no use), 1–20% (slight use), 21–40% (considerable use), 41–60% (medium use), 61–80% (high use), and 81–100% (very high use). We, the authors, belong to different institutions and have distinct academic backgrounds ranging from geography, marine ecology, marine biology and conservation, economics, and coastal and marine management. Working in different fields of research, we have different expertise in the topic of ES.



Table 1. Results of the authors' ecosystem service assessment for regulating services in transitional and homogeneous reed wetlands.
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Expert-Based Ecosystem Services Assessment

To understand how different management scenarios could potentially influence the provision of ES, an expert-based approach was used, similar to Schernewski et al. (2018). During the cross-border workshop “Coastal biomass: Combining nutrient reduction in coastal waters with blue-growth opportunities” (14th of November 2018, Wieck, Germany) a total of 18 invited experts from the field of coastal management were asked to conduct an ES assessment. The Baltic Lagoons Network (BALLOON, www.balticlagoons.net) as well as a stakeholder mapping conducted within the Interreg South Baltic Project LiveLagoons helped to identify relevant stakeholders. Invited experts were representatives of science institutions (10), state authorities (3), and NGOs (5) and came mostly from Germany (7), Poland (6), or Lithuania (4). Three scenarios were presented to the expert audience: (1) winter harvest in coastal reed wetlands, (2) summer harvest, and (3) grazing by livestock. Reed is a wetland plant that has been utilized by man since ancient times. Harvested reed can be used for a variety of products, inter alia as insulation material for walls or as roofing material when harvested in winter, as energy source (combustion, biogas, biofuel), or as fodder and fertilizer when harvested in summer (Köbbing et al., 2013). However, harvest and grazing activities are declining nowadays due to economic reasons or nature protection (Wanner, 2009; Köbbing et al., 2013). In nature conservation, two diverging concepts exist: the “wilderness” concept, where no human intervention shall take place, vs. the “biodiversity” concept, where human management aims at reaching pre-fixed goals such as high species richness or maintaining target communities (Kiehl and Stock, 1994; Bakker et al., 1997; Wanner, 2009). We asked ourselves whether a conflict between reed utilization and nature protection exists per se.

The experts were asked to give their opinion on how the different management scenarios [(1) winter harvest, (2) summer harvest, and (3) grazing] impact the ES provision in reed wetlands along the Baltic Sea. Information regarding background knowledge on wetland functioning and nationality were collected from the experts and included in the results (see Tables 4–6). In order to reduce the duration of the assessment during the workshop to < 2 h and thereby ensure the motivation of participants, the number of services was shortened to a total of 14 services (see Table 4). The services were described using a less technical and more user-friendly language, and indicators were used to give examples for each service. Each management scenario (winter harvest, summer harvest, and grazing) was presented with one PowerPoint slide describing the process and subsequent utilization of reed. Photos were shown additionally to visualize management scenarios (e.g., harvest machinery). The experts were asked to choose a category regarding the changes that each management scenario might have on ES provision compared to an unmanaged coastal reed wetland. The scale ranges from −3 to 3 where −3 (high), −2 (medium), and −1 (low) represent a decrease in services provision, 0 no change in provision and +3 (high), +2 (medium), and +1 (low) represent an increase in services provision.




RESULTS AND DISCUSSION


Comparison of Ecosystem Services Provision by Transitional and Homogeneous Reed Wetlands

Regulating Services

The potential of most regulating services is considered to be higher in transitional reed wetlands than in homogeneous reeds (Table 1). Our views did not differ significantly and standard deviation was low.

The potential for the regulation of baseline flows and extreme events (e.g., erosion control) is regarded as high in transitional reed, while in homogeneous wetlands, it is only considerable to medium (Table 1). This is supported by the scientific literature that emphasizes the capability of coastal wetlands to reduce impact forces at the sea and land side (Möller et al., 2011; Duarte et al., 2013; Karstens et al., 2015a,b). Reed stems are flexible, and their “bending stiffness” (Ostendorp, 1995) enables the plant to cause high drag forces and attenuate waves (Möller et al., 2011). How the plants impact erosion regulation depends strongly on the location within the wetland: Dense Phragmites stands in the interior zone effectively suppress particle transport even during heavy winter storms. Wind attenuation profiles in coastal reed beds showed that wind speed at the sediment surface was < 10% of that measured at 2-m height (Karstens et al., 2015b). In the fringe zone bordering the sea, waves and water flow are the dominant impact forces. Möller et al. (2011) compared wave height attenuation in a sheltered reed site at the southern Baltic Sea (attenuation of 2.6% at the transition from open water to reed vegetation) with an exposed site (attenuation of 11.8%) and showed that reed plant morphology and stem density are important. Vegetation density and stem width were also responsible for the reduction of turbulent kinetic energy from the sea toward the inner part of reed wetlands (Karstens et al., 2015a). Also, the large reed rhizome network supports shoreline stabilization (Ostendorp, 1993), but the ability to trap and accumulate sediment and thereby to change the bathymetry is of higher importance for shoreline protection (Duarte et al., 2013).

Also, the potential for the mediation of wastes or toxic substances and the regulation of soil quality is assumed to be higher in transitional reed areas than in homogeneous areas (Table 1). Processes such as filtration, sequestration, storage, accumulation, decomposition, and fixing by plants and microorganisms in transitional reed wetlands are important ESs. Nutrient uptake in Phragmites is larger than in many other wetland plants due to the high biomass (Wanner, 2009; Berthold et al., 2018). During growth in spring and early summer, large amounts of nutrients are incorporated in the aboveground biomass (Schieferstein, 1999; Berthold et al., 2018). In autumn, the majority of nutrients is transported back into the rhizomes and stored belowground during winter (Ostendorp, 1993). Peat formation is an important contribution to nitrogen and phosphorus deposition, and for the coastal Phragmites peatland Karrendorfer Wiesen in Mecklenburg-Vorpommern, a nitrogen deposition of 80 kg N ha−1 year−1 at a predicted peat growth of 1.5 mm year−1 was calculated (Lampe and Wohlrab, 1996; Wanner, 2009). Also, carbon burial in peat is an important contribution to the reduction of atmospheric CO2 (Succow and Joosten, 2001; Chmura et al., 2003; Choi and Wang, 2004; Andrews et al., 2006). Buczko et al. (under review) measured carbon stocks down to 1-m depth in two coastal Phragmites wetlands at the southern Baltic Sea, and values ranged from 10 to almost 60 kg C m−2, with lowest carbon contents in the fringe zones due to lower biomass production. Averaged over all wetland zones, carbon stocks were 16 and 39 kg C m−2 at the two wetland sites and comparable to the worldwide average for salt marshes of 25 kg C m−2 (Pendleton et al., 2012). Lampe and Wohlrab (1996) calculated a carbon fixation of 5.1 t CO2 ha−1 year−1 for the de-embanked coastal peatland Karrendorfer Wiesen in Mecklenburg-Vorpommern, which is dominated by Phragmites. However, the authors did not include the possible emission of CH4 in their net carbon sequestration estimations, which can occur under anaerobic conditions in waterlogged soils (Succow and Joosten, 2001; Wanner, 2009). While in many terrestrial wetlands, carbon sequestration is partially offset by methane emission from plant decomposition, methanogenesis can be inhibited by sulfates in coastal wetlands, thus reducing greenhouse gas emissions (Howe et al., 2009).

In our view, the potential to maintain habitats and nursery populations is high in transitional reed belts, whereas it is only considerable in homogeneous inland reed areas (Table 1). In homogeneous wetlands around shallow inland waters, reed tends to form near monocultures with only few accompanying species. In transitional systems, habitat gradients are more pronounced and Phragmites might be accompanied by Calystegia, Urticaceae, T. fragiferum, or C. monogyna in the interior zone or by submerged macrophytes such as S. pectinata, Potamogeton spp., and Chara sp. in the fringe zone. However, the zone in between is also often characterized by dense reed monocultures (Paulson and Raskin, 1998; Berthold et al., 2018). Coastal Phragmites wetlands are important (breeding) habitats and refugees for birds such as bittern (Botaurinae), red-necked grebe (Podiceps), reed warbler (Acrocephalus scirpaceus), or water rail (Rallus aquaticus); for insects such as the Flame Wainscot (Senta flammea), large copper (Lycaena dispar), or dragonflies (Aeshna isosceles); and for mammals such as water shrew (Neomys fodiens), otter (Lutrinae), raccoon dogs (Caninae), deer (Dama dama), or wild boars (Sus scrofa) [LUNG (Landesamt für Umwelt, Naturschutz und Geologie Mecklenburg-Vorpommern), 2003].

The actual use of the potential of the abovementioned regulating services was seen as mostly high in the homogeneous reed wetlands, with some even very high (Table 1). This shows that although reed wetlands offer a high potential for regulating services, the demand can exceed a sustainable supply.

Provisioning Services

The highest potential has the utilization of reed stems for direct use or processing (e.g., roof thatching, insulation material) in homogeneous reed wetlands. Also, the potential to use reed as an energy source (e.g., combustion, biofuel, biogas) is considered higher in homogeneous than in transitional reed wetlands (Table 2). In homogeneous areas, harvest with heavy machinery is easier than in transitional systems with stronger gradients regarding water level as well as species composition.



Table 2. Results of the authors' ecosystem service assessment for provisioning services in transitional and homogeneous reed wetlands.
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A medium potential exists for the use of wild animals for nutritional purposes (Table 2). Currently, mainly wild boars are hunted in reed wetlands along the Baltic Sea. Wild boars are omnivores and find plenty of food there, e.g., young reeds, insects, or small animals. During summertime, they benefit from the shading and cooling effects inside the dense reed stands. Hunters report that they often find the nests for the young boars, indicating that reed areas are also a popular place for birth (Task force “sustainable stock reduction wild boars Greifswald-Vorpommern”, personal communication). In some regions, wild boars have become a nuisance, causing major destructions to agriculture and infrastructure. As a response, nature conservation authorities have revised the permit procedure and now allow the cutting of “hunting aisles” into reed wetlands to facilitate the hunt on wild boars (Merkblatt Schussschneisen StALU Vorpommern).

All provisioning services are currently only slightly or considerably used, some even not at all (Table 2). This was different in the past, where harvest of reed stems or grazing of cattle in wetlands was very common (Köbbing et al., 2013). Reed-thatched houses are still popular, but the majority of the reed for roof thatching is currently imported [LUNG (Landesamt für Umwelt, Naturschutz und Geologie Mecklenburg-Vorpommern), 2017]. The underutilization of the potential can be explained by the strict nature protection status of reed wetlands in Germany and also in other countries along the Baltic Sea. They are legally protected biotopes. Reed harvest, grazing activities, or other interventions in the ecosystem have to take into account biodiversity concerns and require specific approvals from the responsible federal nature conservation authority [LUNG (Landesamt für Umwelt, Naturschutz und Geologie Mecklenburg-Vorpommern), 2003].

Cultural Services

The potential of cultural services is considered to be higher in transitional than in homogeneous reed wetlands (Table 3). Reed has a great cultural importance in the Baltic Sea region and its utilization has a long tradition, explaining that the authors valued the importance for heritage as high (Table 3). Roofs thatched with reed are characteristic in the coastal regions. Locals appreciate the use of reed as construction material, and it forms part of their regional identity (Stoll-Kleemann, 2015).



Table 3. Results of the authors' ecosystem service assessment for cultural services in transitional and homogeneous reed wetlands.
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However, not only the utilization of reed as a resource has a cultural value, but also the landscape itself. The recreation potential through passive or observational activities is regarded as high in transitional systems while only a medium potential exists in homogeneous reed wetlands (Table 3). Bird-watching and active interactions such as fishing and canoeing along coastal Phragmites wetland are popular recreational activities. However, reed wetlands are considered less aesthetic than salt meadows (Stoll-Kleemann, 2015). Semistructured interviews and group discussions in 2012/2013 with people living at the Darss-Zingst Bodden Chain showed that reed areas were only considered as “beautiful” when growing in moderation. If they expand and become dominant, e.g., due to mowing and grazing prohibitions, people start to perceive only the negative aspects such as hindering the view to the bay, reducing biodiversity, and increasing the abundance of wild boars (Stoll-Kleemann, 2015). However, perceiving something as aesthetically pleasant is very subjective and individualistic. This is also reflected in our assessment, where one author regards the aesthetic potential as very high, whereas the other two authors viewed it as only moderately aesthetically pleasant.



Expert-Based Ecosystem Service Assessment of Different Management Scenarios

In transitional reed wetlands along coastlines, the potential for regulating and cultural services is regarded as moderate to high while the potential for provisioning services remains between slight to medium. According to Burkhard et al. (2014) the provision of crops, bioenergy, or fibers is not relevant in marshes. The potential is low, as well as the current use, which is based on the fact that nature conservation agencies heavily restrict the utilization of coastal reed. For harvest or grazing activities, specific approvals are needed. This was different in the past when not only summer and winter harvest but also grazing by cattle was very common in Baltic wetlands (Wanner, 2009).

Scenario 1: Winter Harvest

For the winter harvest scenario in reed wetlands, experts expected the highest increases for biomass utilization (e.g., reed as construction material, insulation material, pulp, or paper), for bioenergy, and for culture and heritage (Table 4). Assessments in the section “regulation and maintenance” reflected the very contrasting views of different experts (ranging from −2 to +3) but were less negative than for the summer harvest scenario (Annex I). During the discussion, the experts pointed out that for the assessment of regulating services, it is important to have more detailed information about the winter harvest scenario, e.g., the exact time of harvest or the machinery used. Harvest in November before the winter storm season could lead to a decrease in erosion control and mass stabilization, while harvest in February would not impact service provision in their eyes.

Winter harvest has a long tradition along the Baltic Sea (Köbbing et al., 2013). The amount of harvested reed during winter time ranges between 3.6 and 15 t dry mass h year−1 (Rodewald-Rudescu, 1974; Knoll, 1986; Timmermann, 2009; Dahms et al., 2015). Most commonly, winter reed is used for roof thatching. First references for the use of reed for roof thatching along the coast of the North and Baltic Sea date back to the last ice age (Schaatke, 1992). Along the coast, reed and straw were often the only materials available for roofing until the late 1800s (Iital et al., 2012). With the yield from 1 ha reed wetland, approximately up to 100 m2 of roof can be thatched (Schaatke, 1992; Haslam, 2009). Today, the annual reed demand for thatching often exceeds the supply (Köbbing et al., 2013) and 80% of the reed for roof thatching is currently imported [LUNG (Landesamt für Umwelt, Naturschutz und Geologie Mecklenburg-Vorpommern), 2017]. Reed can be used as an industrial material, such as for the construction of garden fences and indoor furnishings (such as blinds, floor, and wall coverings), as an insulation material, and for bio-based plastics or the cellulose for pulp and paper production (Köbbing et al., 2013). Some utilizations of harvested reed have become almost forgotten and less popular today, e.g., the manufacture of schnapps, coffee, and boats (Holzmann and Wangelin, 2009; Köbbing et al., 2013).

Harvest during winter compared to summer harvest reduces conflicts with nature protection (e.g., bird breeding), and harvest costs are lower when the wetland soils are frozen (Köbbing et al., 2013). Winter cutting can increase culm density and overall aboveground biomass production of Phragmites in the following vegetation period (Ostendorp, 1999). Also, Hansson and Graneli (1984) and Huhta (2009) noted an increase in reed vitality after winter harvest. According to Günther et al. (2015), reed harvest has no negative effect on greenhouse gas balances on a timescale of a few years; however, the long-term effects are still under investigation, and once results are available, they should be incorporated into the sustainable harvest concept for coastal wetlands. Reed harvest diminishes insect and fungus populations and decreases oxygen consumption by decomposer organisms due to the biomass removal (Hansson and Graneli, 1984; Brix, 1988; Schäfer and Wichtmann, 1999; Hansson and Fredriksson, 2004; Kask et al., 2007; Köbbing et al., 2013). However, nutrient removal efficiency is minimal during winter harvest with phosphorus concentrations in the aboveground plant material with 1,100 mg P m−2 in November down to 100 mg P m−2 in March (Berthold et al., 2018). This is reflected in the experts' results, which show a higher increase regarding nutrient accumulation for the summer harvest scenario than for the winter harvest scenario (Table 4 vs. Table 5). Reed harvest impacts cultural, social, and economic aspects. In particular, Lithuanian experts expect a high increase (+3) for culture and heritage (Table 4). Roofs thatched with reed are characteristic along the Baltic coast. Many of those houses are even under historic preservation underlining their cultural importance (FAZ, 2016).



Table 4. Mean values and standard deviation (SD) of expert assessments of the changes in ecosystem service provision for management scenario 1: Winter harvest.
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Table 5. Mean values and standard deviation (SD) of expert assessments of the changes in ecosystem service provision for management scenario 2: Summer harvest.
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Scenario 2: Summer Harvest

Reed harvested during summer has a higher nutrient content than winter biomass, and it is usually utilized as fodder or fertilizer or for biogas production with the advantage that the land of coastal reed wetlands seldom competes with food production (Köbbing et al., 2013). Productivity surveys showed that 6.5–23.8 t dry mass ha−1 year−1 of reed could be harvested during summertime (Steffenhagen et al., 2008; Schulz et al., 2011). It is thus not surprising that the questioned experts of this study saw the highest provision increases for the following services: agriculture (e.g., harvested amount of reed as fodder, straw for stables, fertilizer, or compost) and filtration, sequestration, accumulation, and storage of nutrients (Table 5). The assessment of changes in the section “regulation and maintenance” was again very heterogeneous, ranging from −3 to +3 for services such as erosion control, maintaining nursery populations and habitats or local climate regulation (Annex I). On average, a low decrease of mass stabilization and local climate regulation is predicted by the experts. Regarding cultural services, on average, no or only low changes were expected for the summer harvest scenario. Experts with only a moderate knowledge on reed wetland functioning saw a higher increase of agricultural services for the summer harvest scenario compared to the assessment of experts with excellent or good knowledge on reed wetlands (Table 5).

During the discussion, the experts pointed out that a shift in vegetation patterns and thus ecosystem structure and functions can be introduced by continuous summer harvest over several years. In some areas along the Baltic coast, summer harvest is applied as a nature conservation measure, for example, for the promotion of ground-nesting birds (Köbbing et al., 2013). The possible shift in ecosystem structure made it difficult for the experts to assess the expected increases or decreases in service provision. This is especially true with regard to maintaining nursery populations and habitats as it really depends on target species. Thus, expert ratings were ambiguous regarding habitats and biodiversity (Annex I).



Scenario 3: Grazing

For the grazing scenario, an increase in livestock and maintenance of nursery populations and habitats was expected by the experts, as well as an increase in health, recuperation, or enjoyment and in scientific and educational services (Table 6).



Table 6. Mean values and standard deviation (SD) of expert assessments of the changes in ecosystem service provision for management scenario 3: Grazing.
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Grazing has a long tradition in the Baltic Sea region, and until the 1940s, coastal wetlands were usually used for livestock (Wanner, 2009). Continuous grazing in coastal reed wetlands can lead to a shift in vegetation pattern toward short salt marsh grassland, which is preferred by ground-nesting birds (Jeschke, 1987; Esselink et al., 2000; Jutila, 2001; Bernhardt and Koch, 2003; Rannap et al., 2004; Burnside et al., 2007; Wanner, 2009). Once grazing activities stop, reed will quickly re-dominate the area, which often results in a loss of biodiversity and habitats (Esselink et al., 2000; Rannap et al., 2004; Burnside et al., 2007; Wanner, 2009). However, the use of common cattle for reducing spread and growth of reed is only successful, when grazing pressure is kept high (Vulink et al., 2000). This contradicts the nature conservation goal to keep cattle stocking densities low. Further, high grazing intensities might also threaten the nesting success of waders (Müller et al., 2007). A moderate grazing pressure with mosaics of intensively and moderately grazed patches often provides the highest biodiversity benefit (Doody, 2008).

Regarding regulating services, the experts' views were again very contrasting; for example, for the service “maintaining nursery populations and habitats,” the individual assessments ranged from −3 to +3 (Annex I). This is comparable to the results for the summer harvest scenario. The experts pointed out that more details about temporal and spatial scales are important to evaluate whether the provision of regulating services increases or decreases. Information about grazing pressure (length of grazing season, livestock unit per hectare) and the type of livestock (cattle, sheep, horses, water buffaloes) impact the reed wetland structure (Scherfose, 1993; Kiehl et al., 1996; Kiehl, 1997; Kleyer et al., 2003; Rannap et al., 2004; Doody, 2008; Wanner, 2009). In scientific literature, water buffaloes with their wetland-adopted hooves and grazing behaviors are described as most suitable for conservation purposes (Georgoudis et al., 1999; Wiegleb and Krawczynski, 2010; Wichtmann, 2011; Sweers et al., 2013). A grazing study in brackish coastal reed wetlands by Sweers et al. (2013) showed that grazing by water buffalos successfully reduced the reed dominance and led to a shift toward salt marsh grassland with higher species diversity. Water buffaloes carry out this transformation process already at lower livestock densities than common cattle (Sweers et al., 2013). This supports the observations by Georgoudis et al. (1999), Wiegleb and Krawczynski (2010), and Wichtmann (2011) that water buffaloes have a greater preference for wetland plants. Therefore, they are suitable animals for wetland management especially when it aims at shifting reed monocultures into diverse salt marsh grassland.

Similar to maintaining habitats and nursery populations, the expert assessment was very heterogeneous for the service “filtration/sequestration/storage/accumulation,” ranging from −3 to +3 (Annex I). Also, the scientific literature offers no clear results whether nutrient retention and peat growth are enhanced or reduced by different grazing regimes (Wanner, 2009). On one hand, reed contributes to peat formation and nutrient accumulation (Schieferstein, 1997; Mitsch and Gosselink, 2000; Succow and Joosten, 2001; Meuleman et al., 2002). A shift from reed wetlands toward salt grasslands could potentially release accumulated nutrients (Huhta, 2007). Also, sedimentation rates are usually lower in intensively grazed salt marshes with shorter vegetation, and thus nutrient deposition would be lower in salt marshes than in reed wetlands (Andresen et al., 1990; Bakker et al., 1997; Kiehl, 1997; Stock et al., 1997; Esselink et al., 1998; Neuhaus et al., 1999). On the other hand, biomass and thus organic matter are directly removed by livestock, and some authors argue that grazing has the potential to increase carbon and nutrient sequestration (Jones and Donnelly, 2004). Furthermore, soil compaction as a result of grazing pressure may lead to more waterlogged soils, resulting in higher denitrification rates of grazed salt marshes (Jensen et al., 1990).




SYNTHESIS AND CONCLUSIONS

Coastal reed belts are transitional systems with pronounced gradients from land to sea. The resulting higher heterogeneity of abiotic factors, such as vegetation structure, salinity, or topography, and a higher spatial biodiversity lead to an increased provision of regulating and cultural ESs, compared to reed wetlands surrounding inland waters. This study deals with the impacts of three different habitat management scenarios on ES provision in coastal reed wetlands: (1) winter harvest, (2) summer harvest, and (3) grazing. If reed utilization—and thus an increase in provisioning services—conflicts with nature protection depends strongly on (a) spatial and temporal scales as well as on (b) the pre-defined set of nature protection goals. For the latter, Natura 2000 management plans with its prefixed target species and habitats are a good example, e.g., designated areas in the Curonian Spit National Park (Lithuania) as well as in the Western Pomerania Lagoon Area National Park (Germany) are supposed to serve as habitats for ground-nesting birds (see Figure 1). To restrict the reed dominance in these areas, management intervention that leads to a shift in vegetation toward salt marsh grasslands is necessary. This can be achieved by grazing or by summer harvest of reed. However, the temporal scale determines the success of the intervention: Only if grazing or harvest is carried out continuously every summer for several years can reed be restrained.

Our study contributes to an enhanced knowledge with respect to reed wetland ecosystem functioning. Further, the assessments allow the identification of trade-offs between ESs. These trade-offs serve as a basis to explore the impact of multiple management options. For example, grazing with livestock leads to a reduction of reed area. As a consequence, the provision of regulating services like erosion control and cultural services like heritage (e.g., loss of reed for roof thatching) would decrease. This is just one example of a trade-off that was identified by the ES assessments. The identification of trade-offs is considered as beneficial for decision-making processes (e.g., Seppelt et al., 2013; Howe et al., 2014; Bennett et al., 2015; King et al., 2015). Further, the communication of anticipated trade-offs resulting from different management options is an important prerequisite for successful ecological governance. An example is the Natura 2000 site management: Based on a social network analysis, Manolache et al. (2018) show that productive collaboration between various actors (e.g., law enforcement agencies, NGOs, enterprises) is still low, regardless by whom the protected areas are governed. Simply delegating administration of protected areas to NGOs in order to increase collaborations proved to be insufficient (Manolache et al., 2018). Our evaluation of ES provision under different management regimes can increase the information flow between different actors and thereby improve their cooperation. The inclusion of stakeholder views at an early state can help to identify conflicts and thus contributes to a better acceptance of the taken decisions (Hauck et al., 2013; Ruiz-Frau et al., 2018). Our assessment approach can be easily transferred to other situations, ranging from specific local management demands to conceptual management consideration within an international policy implementation context. An assessment not necessarily results in consensus on management decisions, but the tool highlights topics that are controversial and allows more focused discussions between stakeholders. An example is the need to reduce nutrient loads into coastal waters according to the European Water Framework Directive. Compared to winter harvest, our experts expect a higher nutrient removal efficiency for the summer harvest scenario, due to the higher nutrient concentration in reed biomass. However, if harvest is carried out in summer instead of winter, the experts also assume a decrease with respect to mass stabilization and erosion control. Stronger erosion could lead to a sediment transport into the coastal water and counteract nutrient removal. As our methodological framework relies on a tier-1 ES (qualitative) approach, the results reflect the expert views. For a more comprehensive understanding, specific analysis of regional patterns and processes would be beneficial. This would require the use of more sophisticated tier-2 or tier-3 ES (quantitative) approaches.

Cultural and regulating services are regarded as more important in coastal reed belts than provisioning services. This does not mean per se that reed utilization has to be in conflict with nature protection or diminish the other services. For the winter harvest scenario, experts expect no changes or even slight increases for regulating and cultural services. Roofs thatched with reed have a long tradition along the Baltic Sea and are part of the regional identity and heritage. However, most of the reed used for roof thatching has to be imported nowadays. The regional supply of winter reed for roof construction could enhance the regional bond and offer an income opportunity in economically weak regions. Winter harvest can be in line with nature protection goals and can be carried out in a sustainable way: A rotating system should be applied, where each year another area is harvested. A “greenbelt” between the terrestrial hinterland and the coastal wetland without harvest should always remain to maintain the erosion control also immediately after cutting in wintertime. Sensitive areas (e.g., steep topography and vulnerable to erosion) should remain untouched. Timing of harvest should take into account the regional climate (e.g., in February after winter storms). A transferability of this recommendation to other areas outside the Baltic Sea is difficult because reed-thatched houses are part of the regional identity and markets for harvested reed biomass might not exist in other regions. However, the tool itself—the assessment of ESs under changing management scenarios—is transferable and universally applicable.
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Aquatic angiosperms favor the development of ecosystems services, the welfare of marine organisms and people. Generally, the presence of angiosperms in transitional water systems (TWS) are indicators of good ecosystem status. Presently, these environments are densely populated and often are so highly degraded that angiosperms have almost disappeared, replaced by tionitrophilic macroalgae responsible of anoxic events that deteriorate the environment furtherly. Although this trend is hardly reversible because the anthropogenic impact is increasing and the restoring of damaged environments within a reasonable time is difficult, recent studies have shown that by managing the harvesting of the natural algal species of commercial interest a progressive environmental recovery is achievable. Biomass-harvesting can contribute both to the removal of high amounts of nutrients and the generation of economic revenues for a sustainable, self-financed environmental restoration. In fact, unlike clam-farming which destroys the seabed and re-suspends large amounts of sediments, the proper management of the macroalgal biomass, can favor the nutrient abatement and the recolonization of aquatic angiosperms which help restore the conditions necessary for the conservation of the benthic and fish fauna and birds, and produce valuable economic resources.
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INTRODUCTION

Primary producers in transitional water systems (TWS) are mainly represented by macrophytes: aquatic angiosperms and macroalgae. The former usually prevail over the others, but that depends on the ecological status of the study area. Aquatic angiosperms are considered the most important producers under pristine conditions (Orfanidis et al., 2001; Sfriso et al., 2007; Viaroli et al., 2008). They colonize environments with a low trophic status and provide a variety of ecosystem services (ES) whose most common meaning is:


• The benefits people obtain from ecosystems (Millenium Ecosystem Assessment, 2005);

• Natural processes and components that benefit human needs directly or indirectly (Nordlund et al., 2016).



A conceptual framework for ES classification was established in the studies of the Millennium Ecosystem Assessment and the Economics of Ecosystems and Biodiversity (Arico et al., 2005; Barker et al., 2010) that define four major classes, inclusive of numerous subclasses, based on the kind of service provided by ecosystems for human well-being (Liquete et al., 2013; Hattam et al., 2015; Haines-young and Potschin, 2018), i.e., Regulation services, Habitat services, Provisioning services, and Cultural services.

The ES supplied by the macrophytes, both aquatic angiosperms and macroalgae, may belong to all those categories. In fact, aquatic angiosperms reduce sediment resuspension, favor clear waters, contrast sediment erosion, and contribute to permanent CO2 sequestration (Regulation services); provide shelter and nursery areas for benthic and fish fauna and pasture areas for birds (Habitat services); increase recreational activities (Cultural services); and sustain traditional fishing activities (Provisioning services) as a consequence of a general improvement of the environment. In contrast, macroalgae are an important source of biomass which is exploitable for the production of compost, fertilizer, human and animal food, pharmaceuticals, and cosmetics (Provisioning services). In pristine environments the calcareous species trap CO2, whereas in degraded environments other taxa accumulate nutrients (Sfriso and Marcomini, 1994; Sfriso et al., 1994) and contaminants (Maroli et al., 1993) (Habitat services).

Recent studies have shown that macrophytes can be used as water quality indicators and bio-ecological sentinels. They play a key role in the indices of ecological status set up for the assessment of TWS (Ecological Evaluation Index continuous – EEI-c, Orfanidis et al., 2011; Macrophyte Quality Index – MaQI, Sfriso et al., 2014) and coastal areas (Posidonia oceanica Rapid Easy Index – PREI, Buia et al., 2003; EEI-c, Orfanidis et al., 2011; CARLIT, Ballesteros et al., 2007; Sfriso and Facca, 2011) according to the requirements of the Water Framework Directive (2000/60/EC) (European. Union [Eu], 1992; European Union [Eu], 2000).

Terrados and Borum (2004) estimated that environments colonized by aquatic angiosperms produced a minimum revenue of US$ 15,837 ha–1 y–1, which is nearly twice the revenue from croplands. Costanza et al. (1997) have come to the same conclusions estimating for these plants a revenue of US$ 19,002 ha–1 y–1. Generally, nutrient recycling and water quality were the most important ES considered by those authors. However, the economic value calculated per single ES is also very important. By considering the value of large-sized, commercially targeted, fish species Tuya et al. (2014) estimated the areas covered by Cymodocea nodosa in Canary islands to be worth €866 ha–1 y–1. Other researchers as Guerry et al. (2012) reported that the value of multiple services resulting from seagrass beds reached €4228 ha–1 y–1. If we consider the carbon storage and sequestration both in the aquatic plants and surface sediments, the ES is worth ca. US$ 30.5 ha–1 y–1 (Barbier et al., 2011); but even more important is the organic-rich materials which favors the rise of the seafloor at rates from 0.6 to 6 mm y–1 (Duarte, 2013) and can be preserved over millennia.

However, the increase of anthropogenic impacts worldwide has led to a progressive degradation of the marine coasts, especially transitional areas where human pressure is remarkable (Sfriso et al., 2017a) with the consequence that often aquatic angiosperms have been replaced by fast-growing macroalgae (Morand and Briand, 1996; Ménesguen, 2018). The same changes have been observed in the Italian TWS where in the worst conditions phytoplankton or cyanobacteria blooms have prevailed (Sfriso and Facca, 2007; Cecere et al., 2009; Munari and Mistri, 2012). Under eutrophic conditions, the benefits due to the presence of aquatic angiosperms are lost, but recent studies focused on the production of macroalgae for food, cosmetics, or pharmaceuticals (Francavilla et al., 2013, 2015; Sfriso and Sfriso, 2017; Sfriso et al., 2017b) showed that the management of the biomass of some macroalgae may be economically very interesting and provide more ES (in terms of nutrient abatement and commodities) than aquatic angiosperms. In addition, the harvesting of macroalgae, which in eutrophic areas accumulate high amounts of phosphorus (P) and nitrogen (N) (Sfriso and Marcomini, 1994; Sfriso et al., 1994), may contribute to the reduction of nutrients in the environment attenuating eutrophication. By the present paper the authors intend to show that highly degraded TWS dominated by macroalgae can be recovered by a good management, and the cause of degradation transformed into a valuable resource for both the environment and people welfare, notwithstanding the fact that it is not always possible to reduce the trophic status of a water body in a short time. The studied areas are the lagoons of the Po Delta, some chocked areas of the Venice Lagoon and Pialassa della Baiona where trophic conditions are high and suffer from intense clam-farming and/or a rich growth of macroalgal biomass.



MATERIALS AND METHODS

The data on macroalgal distribution come from researches carried out in various Italian TWS (Figure 1) over the last 10 years for different purposes: to apply the Water Framework Directive (2000/60/EC) (European. Union [Eu], 1992; European Union [Eu], 2000) in the lagoons of Venice (114 sites), Pialassa della Baiona (three sites) and the Po Delta (21 sites); and to study the macroalgal production of some Gracilariaceae and Ulva rigida C. Ag. over 1 year (Sfriso and Sfriso, 2017; Sfriso et al., 2017a) as part of the COST Action FA1406 (2015–2019) (Phycomorph, 2015).


[image: image]

FIGURE 1. Map of the studied lagoons in North-western Adriatic Sea.


The information obtained by those studies allows to assess the water surfaces colonized by aquatic angiosperms or macroalgae, and the areas which are potentially exploitable for macroalgal harvesting and nutrient abatement following the removal of the biomass.

In addition, a comparison between the potential revenue from macroalgal harvesting and the one from clam breeding/harvesting, which is a highly destructive activity for the environment (Pranovi and Giovanardi, 1994; Sfriso et al., 2005), highlights the benefits that might come from a sustainable management of the environment.


Study Areas

The Venice Lagoon is the largest TWS of the Mediterranean Sea. It has a surface of ca. 549 km2, which totals 432 km2, if islands, fishing ponds, and salt marshes are excluded. It is a very polyhedral shallow (mean depth ca. 1.2 m) environment with wide areas colonized by five different aquatic angiosperms and an almost equivalent surface colonized by a biomass of macroalgae among which Gracilariaceae, Ulvaceae, and Cladophoraceae prevail. For a more complete representation of the environmental variability of the Venice Lagoon, 114 sampling sites were selected among the 118 identified by the Regional Agency for Environmental Prevention and Protection of Veneto (ARPAV) for macrophytes monitoring according to WFD (2000/60/EC).

The Po Delta exhibits a high number of lagoons and ponds scattered on a surface of 204 km2. The environment is eutrophic, macrophyte biodiversity is low and aquatic angiosperms are missing, whereas macroalgae, especially Gracilariaceae, Solieriaceae, and Ulvaceae are abundant. These rather uniform lagoons were studied by monitoring 20 sites. Pialassa della Baiona in the Emilia Romagna Region is a small eutrophic lagoon of ca. 11 km2 which is mainly colonized by Gracilariaceae and aquatic angiosperms are absent. Its variability was tested by monitoring three sites. The sites selected in the Po Delta and Pialassa della Baiona Lagoons were also the same monitored by the Regional Agencies for Environmental Prevention and Protection of Veneto and Emilia Romagna.

On the whole, these TWS have a surface of 764 km2 and represent ca. 76% of TWS of the Northern Adriatic Sea (1008 km2) and ca. 55% of the total TWS in Italy (1398 km2, Sfriso et al., 2017a).



Macroalgal Composition Analysis

Samples of three Gracilariaceae: Agarophyton vermiculophyllum (Ohmi) Gurgel, J. N. Norris et Fredericq; Gracilaria gracilis (Stackhouse) Steentoft, L. M. Irvine & Farnham; and Gracilariopsis longissima (S. G. Gmelin) Steentoft, L. M. Irvine & Farnham (12 samples per 4 species) were collected monthly for chemical analyzes from March 2014 to February 2015 in two stations of the Venice Lagoon choked area, one with clear waters (st. a) and the other with turbid waters (st. b). Macroalgae were wet weighed, lyophilized, and re-weighed to calculate the dry weight and to determine the dry/wet-weight ratio. Ashes were measured after 2 h combustion at 440°C. The organic matter content was calculated by weight difference. The mean and standard deviation values determined in the two stations were presented.


Nutrient Analysis in Algal Tissues

The concentration of P was determined by applying the phosphomolybdenum blue method according to Strickland and Parsons (1972) after a 2 h digestion of 0.3 g of dry biomass in teflon bombs at 130°C with 4 ml of Milli-Q, 3 ml of HNO3, and 3 ml of HClO4 (Kornfeldt, 1982). Analyzes were replicated in different days and the result uncertainty was <5%. The total N was determined by using a Flash 2000 CHNS Elemental Analyzer of Thermo Fisher Scientific (Monza, Italy). Measurements were replicated in different days and precision was >3%.



Polysaccharide Determination

The native sulfated agar was extracted from a 50 mg algal sample using 10 ml of Milli-Q water at 100°C for 2 h, vortexing for few seconds every 15 min for 1.5 h. The extracts were analyzed only after the solution became clear by the colorimetric method of Soedjak (1994), adding a methylene blue solution to a diluted hydrocolloid shifting absorbance to 559 nm. The calibration curves were calculated from the native sulfated agar of the respective algae after they had been purified using the method of Gonzalez-Leija et al. (2009). This native sulfated agar can be converted to a valuable commercial agar by means of pre-treatments that removes the sulfated groups and reduces the yield by approx. 55% (Wakibia et al., 2001) improving the chemical and physical properties of the gel. All reagents were purchased from Sigma–Aldrich, SRL, Milano (Italy). All the chemical analyzes were done in triplicate and repeated until the analytical reproducibility (coefficient of variation) was within 5%.



Biomass Harvesting and Production

The biomass level recorded during a sampling period must be taken into account before selecting the areas intended for production. The highest yield of Gracilariaceae is obtained from a biomass of approx. 3–4 kg fw m–2 (Friedlander and Levy, 1995; Sfriso and Sfriso, 2017). Accordingly, in the areas where Gracilariaceae prevail it is important to keep the biomass around that value by collecting only the exceeding macroalgae every 7–15 days, depending on the season and growth rate. In addition, the biomass should be hand-harvested, since bottoms are usually lower than 1 m on the mean tide level. Flat boats should be used to avoid sediment re-suspension and reduce impacts on the environment. A similar procedure was followed in the 1980s when up to 7000 tonnes y–1 of Gracilariaceae were harvested in the Venice Lagoon for agar production (Orlandini and Favretto, 1987; Sfriso et al., 1994).

In our production measurements 200 g of A. vermiculophyllum, G. gracilis, and G. longissima were inserted in green plastic-coated cubical wire-cages (25 × 25 × 25 cm with 1-cm net mesh), one species per cage. Two cages per species were placed on the bottom where, seasonally, other species could be present. On the whole, between March 2014 to February 2015, 39 sampling campaigns were carried out. The sampling interval ranged between 7 and 11 days, depending on the weather conditions. On each sampling day, in-cage biomass was collected, dripped with a salad spinner to remove excess water (ca. 10 s), and weighed (precision: 1 g). Then, the in-cage biomass was restored to 200 g in order to obtain productions suitable to be compared with the samples from the other campaigns. The biomass of 200 g per cage used to estimate algal production throughout 1 year was selected by comparison with the mean biomass present in the two areas during preliminary surveys (ca. 3 kg fw m–2). This value was in the optimal range (3–4 kg fw m–2) for intensive Gracilaria production (Friedlander and Levy, 1995).

The relative growth rate (RGR) between two consecutive sampling days was calculated using the formula reported by Lignell et al. (1987): %RGR = 100 × [(Bt/Bo)1/t−1] where B0 = initial biomass, Bt = final biomass at time t expressed in days.



RESULTS


Macrophyte Cover

The macrophyte distribution in the studied lagoons showed that their diversity was strongly related to the ecological conditions of the considered areas. By considering the Venice Lagoon, aquatic angiosperms colonized 23 stations out of 114 (20.2% of the total), accounting for ca. 87 km2. Conversely, the number of stations with a mean macroalgal biomass ≥3 kg fw m–2 was 18 out of 114 (16% of the total), accounting for a surface of ca. 68 km2. The lagoons of the Po Delta showed 3 stations out of 20 with a biomass ≥3 kg fw m–2, accounting for ca. 30.6 km2.

Pialassa della Baiona showed two stations covered with a high macroalgal biomass, but excluding salt marshes and canals only ca. 3 km2 showed a biomass ≥3 kg fw m–2. The dominant species was the non-indigenous species (NIS) A. vermiculophyllum.



Macroalgal Composition

The concentration of nutrients in the macroalgal tissues of the dominant taxa was studied in many areas of the Venice Lagoon (Sfriso and Marcomini, 1994; Sfriso et al., 1994). The attention was particularly focused on U. rigida and G. gracilis that represented a large portion of the lagoon biomass (Sfriso and Facca, 2007). The nutrient concentrations in tissues were strongly related to the sampling areas and seasons; the highest values were recorded in eutrophic areas where the trophic level was high and the biomass abundant (Sfriso et al., 1994). Table 1A shows the nutrients and carbon content of G. gracilis found in three very different areas in 1994, Table 1B the composition of different species of Gracilariaceae recorded in the choked area in 2014.


TABLE 1. Composition of Gracilariaceae in different areas of the Venice Lagoon: (A) composition of Gracilaria gracilis found in 1994 in three very different areas: st. 1 (high water renewal area), st. 2 (watershed area), and st. 3 (choked area) (Sfriso et al., 1994); (B) mean composition of different Gracilariaceae recorded at sts. a and b in the choked area.

[image: Table 1]The dry weight/wet weight (dw/wt) ratio of Gracilariaceae was approximately 15%, ranging between 14.2 (Table 1A) and 15.5% (Table 1B). The ash percentage fluctuated around 30% whereas, on average, the organic matter was approximately 70%. The tissue concentrations of P and N were significantly affected by the harvesting area. At st. 3 (choked area, Table 1A) Gracilaria P and N concentrations were ca. 4.43 and 41.2 mg g–1, respectively (high water renewal area), i.e., ca. 8 and 0.5 times higher than those recorded at st. 1, respectively. No significant differences were found by considering the three Gracilariaceae. The native agar concentration of these species recorded in 2014, on average, was 27.1% of the dry weight (Table 1B), with slightly higher, values in G. longissima (31.5%) accounting for a commercial (desulfurized agar) of ca.14–17% dw (Sfriso et al., 2017b).

The annual net biomass production of the three Gracilariaceae ranged from 9.0 to 12.8 kg fw m–2 y–1 in very turbid waters, accounting for 24.7–35.2 g fw m–2 d–1 and a percent growth rate of 0.77–1.10 d–1. The highest net production was recorded in clear waters with 21.9–28.2 kg fw m–2 y–1 (Table 2).


TABLE 2. In field annual net production and growth rate of some macroalgae in the Venice Lagoon.

[image: Table 2]The potential economical value of these biomasses is reported in Table 3 together with the estimation for the ecosystems colonized by clams and aquatic angiosperms. The potential revenue of the raw macroalgal biomass, in accordance with the estimate made by Food Agriculture Organization of the United Nations Food and Agriculture Organization of the United Nations [FAO] (2012) in 35 countries (US$ 0.35 kg–1 of fresh biomass) could vary between US$ 31,500 and 98,000 ha–1 y–1, depending on the biomass production. Specifically, if we consider the production of commercial agar and the price of US$ 11–17 kg–1, the revenue can vary from US$ 45,100–124,100 ha–1 y–1. This value is very similar to that obtained from clam production which ranged between US$ 40,000 and 120,000 ha–1 y–1. Instead the revenue obtainable from ecosystems colonized by aquatic angiosperms ranged between US$ 15,837 and 19,002 ha–1 y–1 (Costanza et al., 1998; Terrados and Borum, 2004).


TABLE 3. Economical value of ecosystems colonized by aquatic angiosperms, macroalgae and clams.

[image: Table 3]Table 4 shows an estimation of the amount of nutrient abatement due to Gracilariaceae harvesting in the considered lagoons. These amounts are between 1521–4737 tonnes y–1 for N and 198–615 tonnes y–1 for P.


TABLE 4. Estimate of the potential nutrient removal by macroalgal harvesting taking into account the mean nutrient concentrations.

[image: Table 4]Finally, the potential revenue obtainable from the production of agar in areas predominantly covered by Gracilariaceae is reported in Table 5. In a total lagoon surface of approx. 3682 ha prevalently colonized by Gracilariaceae, approx. 14,985–26,731 tonnes of commercial agar per year could be produced with a total potential revenue ranging from US$ 165 to 454 million. However, this potential profit should be evaluated taking into account the production costs that have been calculated from the literature and can vary greatly depending on various factors that must be taken into due consideration.


TABLE 5. Estimate of the potential revenue obtainable from the production of agar in areas with Gracilariaceae biomass >3 kg m–2.

[image: Table 5]


DISCUSSION

Pristine TWS are predominantly colonized by aquatic angiosperms which have a high ecological value and affect people’s recreational activities and their life positively. Unfortunately, most TWS are strongly eutrophic and plants have been replaced by opportunistic fast-growing macroalgae such as Ulvaceae, Cladophoraceae, Gracilariaceae, and Solieriaceae.

In some cases, especially in wide TWS, pristine and eutrophic conditions can coexist in the same basin and its surface is year by year sensitive to changes related to the weather variations or different anthropogenic impacts. The efforts of local administrations, national environmental agencies, and the European Community (see LIFE projects) aim at the recovery and conservation of natural and semi-natural habitats, wild flora and fauna (Habitat Directive 92/43/EEC, water Directive 2000/60/EC). However, it is not always possible to bring back pristine conditions and/or the efforts to do that are judged economically unreasonable. In Italy, there are many deltaic systems or confined areas such as the Po Delta, some areas of the Venice Lagoon, Pialassa della Baiona, and the “Valli di Comacchio” in the Veneto and Emilia-Romagna Regions where the ecological conditions are strongly eutrophic and the abatement of nutrients has not been successful. Under such conditions aquatic angiosperms have disappeared, clam farming (breading or free harvesting of Ruditapes philippinarum Adams & Reeve) activities are intense and macroalgae grow massively, often triggering dystrophic conditions (Morand and Briand, 1996; Ménesguen, 2018).

Despite the situation an alternative to reduce the trophic level and at the same time have an economic return is possible. Although the estimation of ES provided by aquatic plants is high (Costanza et al., 1997; Terrados and Borum, 2004; Short et al., 2011) the value of eutrophic environments employed for clam-farming or macroalgal harvesting is considered higher especially in terms of provisioning services at the expense of regulation and habitat services. Additionally, the well-being produced from an environment of high ecological quality cannot always be easily estimated in economic terms.

In 2011 the production of macroalgae in 35 countries worldwide was estimated to be 21 million tonnes fresh weight, corresponding to US$ 7.35 billion revenue, that is US$ 0.35 per kg (Food and Agriculture Organization of the United Nations [FAO], 2012). In 2016 the production increased to 31.2 million tonnes (Food and Agriculture Organization of the United Nations [FAO], 2018) showing the importance of this resource. Recent studies on the natural productivity of the most common macroalgae carried out in the Venice Lagoon (Sfriso and Sfriso, 2017) showed that the annual net production of Gracilariaceae ranged between 9.0 and 28 kg fw m–2 y–1, depending on water turbidity (Table 2). According to FAO quotation this biomass would account from US$ 31,500 to 98,000 ha–1 (Table 3).

Significant results may be also obtained by the production of commercial agar as it occurred in the Venice Lagoon in the 1980s where up to 7000 tonnes of Gracilariaceae were collected to produce this phytocolloid (Sfriso et al., 1994). In the following years the biomass of macroalgae declined in the whole lagoon (Sfriso and Facca, 2007) and the harvesting of Gracilariaceae was no longer economically feasible. Currently, Gracilariaceae biomass has increased significantly, also thanks to the introduction of the NIS A. vermiculophyllum which prefers degraded environments, and the harvesting of these species for agar production could be re-evaluated.

A study by Sfriso et al. (2017b) showed that the production of native agar by Gracilariaceae ranged between 7.4 and 13.2 tonnes ha–1 y–1, accounting for 4.07–7.26 tonnes ha–1 y–1 of commercial product (desulfurized agar). By considering that the price of this product can vary between US$ 11 kg–1 (FAO) and US$ 15–19 kg–1 with a mean value of US$ 17 kg–1 (mean of 50 suppliers in “Alibaba Group Holding Limited” a Chinese multinational holding specialized in e-commerce1), the potential revenue from one ha of lagoon surface is similar to or even higher than the revenue obtainable from the raw biomass (Table 3).

In addition, taking into account the mean nutrient concentrations in the dry biomass recorded in Sfriso et al. (1994) (on average 30.6 and 3.98 g kg–1 dw for N and P, respectively) in the choked area (mean of sts. a and b) of the Venice Lagoon, the amount of nutrients that could be removed by macroalgal harvesting ranges between 413–1285 and 54–167 kg ha–1 y–1 for N and P, respectively (Table 4). These amounts account for a removal of 1521–4732 tonnes y–1 of N and 198–615 tonnes y–1 of P if related to the entire harvesting area of 3682 ha. In the case of the Venice Lagoon, the nutrients removed would be almost equal or even higher than the nutrients released into this basin on a yearly basis (Solidoro et al., 2010). However, the continuous supply of nutrients both from the rivers that flow into this area and from the urban centers of Mestre and the historic center of Venice would guarantee long-term production.

The potential revenue of macroalgal-harvesting is about the same as clam-farming by considering a clam yield of 2–6 kg m–2 during a 2-year period, as it occurs in the most productive environments such as some areas of the Venice Lagoon and the Po Delta2 (Orel et al., 2000).

However, in both cases the economical assessment didn’t consider the harvesting and processing costs therefore the final profit would be actually lower. But, while the activities of clam-farming and clam-harvesting are highly destructive and endangers the environment (Sfriso et al., 2005), the macroalgal harvesting can be managed without risks favoring a constant improvement of the environment through the removal of considerable amounts of nutrients.

Pialassa della Baiona, with a surface of 11 km2 out of whom ca. 3 km2 are colonized by a dense biomass of Gracilariaceae, especially A. vermiculophyllum, is the smallest TWS, but its potential yield ranges between 1099 and 1960 tonnes of commercial agar accounting for US$ 12.1–33.3 million (Table 5), depending on nutrient availability and water transparency. Sacca di Goro, which is invaded by the same species, shows a similar revenue (US$ 13.4–37.0 million) whereas in the Veneto lagoons of the Po Delta the potential revenue reaches US$ 40.3–111.1 million. This value could be reached in only 7% (ca. 30 km2) of the Venice Lagoon surface in the areas prevalently colonized by Gracilariaceae [especially: A. vermiculophyllum, G. gracilis, Gracilaria bursa-pastoris (S. G. Gmelin) P.C. Silva and G. longissima], where a minimum of 9002–16,058 tonnes of commercial agar could be produced achieving a potential revenue in the range of US$ 99–177 million. The four considered environments have altogether a surface of ca. 37 km2 (3682 ha) suitable for algal exploitation where no aquatic angiosperms are present or clam-harvesting can occur. These areas have a potential yield of ca. 15–27 ktonnes y–1 of commercial agar, accounting for US$ 165–454 million, depending on the different market surveys.

As for clams, this analysis does not take into account the production costs, which can be very variable, and depend on the location, the size of the plant, the costs of the biomass production/harvesting and processing, and the country tax rates.

Herrera-Rodriguez et al. (2018) by a techno-economic analysis of industrial agar production from Gracilaria sp. in North Colombia pointed out the role of plant size for a profitable agar production. They found that for a plant with a processing capacity of 8,640 tonnes y–1 and life of 15 years, the break-even production capacity was around 4,200 tonnes of red algae per year.

Delgado et al. (2018) analyzed two different routes (freeze-thaw and evaporation) for agar extraction at industrial scale in order to select the process that offers greater profitability under defined criteria. The effect of raw material cost and plant location on profitability of both routes was also evaluated through sensibility analysis. It was found that evaporation route showed a higher profitability due to its lower fixed capital, operating and utilities costs. But they indicated that raw material cost as the most influential factor in seaweed profitability and this depended on plant location and total tax rate applied by the Government to the industrial sector.

On the other hand, an analysis of costs for clam production in the lagoon of Venice and the Po Delta showed that the revenue depended on the type of company, the means used: small boat, fishing gear with vibrating rake or manual rake. For example, a company that harvest 100 kg of clams per day with a small boat selling them at 3 euros per kg would reach the break-even production after 186 days of work, while a fishing gear with vibrating rake that collects 150 kg per day would reach a balance after 139 days. In the Po Delta the clam fishing with manual rake that harvests 25 kg of clam per day selling them at 4 euros per kg would reach the break-even production after 119 days (Mauracher et al., 2011).

Therefore, in both cases: macroalgal and clam exploitation, the net gain depends on many factors which are difficult to predict as they depend on the environment considered. However, these sources, if adequately managed, can guarantee a profitable exploitation of these eutrophic environments, especially the abundant macroalgal biomass naturally produced in the lagoons of the Northern Adriatic Sea, whose oculate exploitation can promote environmental recovery with nutrient abatement. Indeed, the management of Gracilariaceae (Sfriso and Sfriso, 2017; Sfriso et al., 2017b), but also of invasive allochthonous Laminariales such as Undaria pinnatifida (Harvey) Suringar and Fucales such as Sargassum muticum (Yendo) Fensholt (Armeli-Minicante et al., 2016; Sfriso et al., 2020) that have colonized the lagoon of Thau (France, Verlaque, 2001) and the lagoon of Venice (Italy, Sfriso and Facca, 2013) could be a sustainable solution to restore the environment and at the same time complement traditional fishing or replace mollusk-farming which has severe environmental impacts. In addition, the biomass control could help avoid anoxic crises and their environmental and socio-economic repercussions (Morand and Briand, 1996; Ménesguen, 2018). Even though, harvest should be conducted under strict protocols to avoid environmental impacts as sediment disturbances and resuspension, as well as other disturbances on aquatic flora and fauna.



CONCLUSION

Transitional water systems have a significant impact on the quality of life, the well-being, and the economy of riparian populations. However, environmental quality is often in strong contrast with anthropogenic activities that affect it and trigger negative effects also of an economic nature. The high economic value provided by ES of poorly impacted basins colonized by aquatic angiosperms is well known. However, degraded environments characterized by a significant macroalgal biomass, if carefully managed, could provide and create complementary resources, even higher value than aquatic angiosperms do. They could integrate the revenues from other activities such as traditional fishing, a good cultural heritage to maintain, or progressively replace clam harvesting/farming activities which are negative for the environment, and at the same time contributing to the recovery of eutrophic areas by self-financing the removal of high amounts of nutrients.
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FOOTNOTES

1
https://www.alibaba.com/showroom/prices-agar-agar.html. (last access March 10, 2019).

2
http://www.gral.venezia.it/attachments/159_Piano_uso_sostenibile.pdf (last access March 10, 2019).
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This study provides an overview of 11 lagoons in North Africa, from the Atlantic to the Eastern Mediterranean. Lagoons are complex, transitional, coastal zones providing valuable ecosystem services that contribute to the welfare of the human population. The main economic sectors in the lagoons included fishing, shellfish harvesting, and salt and sand extraction, as well as maritime transport. Economic sectors in the areas around the lagoons and in the watershed included agriculture, tourism, recreation, industrial, and urban development. Changes were also identified in land use from reclamation, changes in hydrology, changes in sedimentology from damming, inlet modifications, and coastal engineering. The human activities in and around the lagoons exert multiple pressures on these ecosystems and result in changes in the environment, affecting salinity, dissolved oxygen, and erosion; changes in the ecology, such as loss of biodiversity; and changes in the delivery of valuable ecosystem services. Loss of ecosystem services such as coastal protection and seafood affect human populations that live around the lagoons and depend on them for their livelihood. Adaptive management frameworks for social–ecological systems provide options that support decision makers with science-based knowledge to deliver sustainable development for ecosystems. The framework used to support the decision makers for environmental management of these 11 lagoons is Drivers–Activities–Pressures–State Change–Impact (on Welfare)–Responses (as Measures).

Keywords: coastal lagoons, North Africa, water management, environmental assessment, adaptive management frameworks, social–ecological systems, DAPSI(W)R(M) a modified DPSIR, ecosystem services


HIGHLIGHTS


- A social–environmental analysis of 11 North African coastal lagoons.

- The behavior of users is similar across North African lagoons.

- Responses (as measures) to problems are identified.

- Adaptive management of coastal lagoons can deliver more ecosystem services.





INTRODUCTION

Coastal lagoons are important zones for life between the land and the sea. They are one of the most productive environments and deliver ecosystem services (ES) that provide many ecological, cultural, and socioeconomic benefits, supporting a range of natural services that are highly valued by society (Gönenç and Wolflin, 2005; Newton et al., 2018). In the specific case of North Africa, coastal lagoons have a wide geographical distribution extending from the Atlantic Ocean along the western coastline of Morocco to the southern coastline of the Mediterranean Sea through Morocco, Algeria, Tunisia, Libya, and Egypt. In common with other regions of the world (Newton et al., 2014), the terminology used for North African lagoons varies from country to country and even among different regions in the same country that use different dialects and languages. These differences in terminology complicate research into historical knowledge about these lagoons systems. Nonetheless, it has been possible to identify most of the terms needed for this study (see section “Discussion”).

Areas surrounding lagoons in North Africa have a long history of human occupation and utilization (Ramdani et al., 2001; Thompson and Flower, 2009; Trigui et al., 2012). These important social–ecological systems (SESs) continue to be heavily impacted by human activities, such as extraction of freshwater and urbanization, as well as the development of economic sectors, for example, fisheries, agriculture and tourism. Many of these SES are provided with some legal protection through international conventions, particularly for the protection of bird communities, in the case of Ramsar sites (Ramdani et al., 2009a; Sayoud et al., 2017). However, current levels of exploitation are unsustainable, and there is an increasing need for an integrated, basin-wide approach to the management of water resources and aquatic ecosystems in the region (Thompson and Flower, 2009). Indeed, there have been recent research projects to improve the understanding of these lagoon ecosystems and their surrounding resources (see section Supplementary Material).

The variety of issues in North African coastal lagoons (ecological functioning, biodiversity, productivity, human uses) requires conceptual models to organize, understand, and clarify issues and recapitulate information in a standard, logical, and hierarchical method (Patrício et al., 2016). The DAPSI(W)R(M) [Drivers-Activities-Pressures-State Changes–Impacts (on Welfare)–Responses (as Measures)] framework (Elliott et al., 2017) is the conceptual model that has been followed for the social environmental analysis of coastal lagoons in North Africa. In the context of this study, State refers to environmental state (e.g., water quality), ecological state (e.g., biodiversity), and consequently state of ES. This analysis enables local planners and state regulators to identify management solutions and measures for adaptation to changes in the lagoon ecosystems. An important aspect of these measures is the maintenance and improvement in the ES that these lagoons provide for human welfare.



MATERIALS AND METHODS


Study Sites: Distribution of North African Lagoons

North Africa is defined as the Southern Mediterranean Region or the North of the African Sahara (Desert). It is an area surrounded by the Atlantic Ocean to the west of Morocco, by the Mediterranean Sea to the north of Morocco, as well as the coast of Algeria, Tunisia, Libya, and Egypt, and by the Red Sea to the east of Egypt (Figure 1).
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FIGURE 1. Location of North African lagoons. The lagoon names in white on a black background* were analyzed in detail; those in black on white** were not analyzed. The dots show the lagoons in Morocco (red), Algeria (green), Tunisia (blue), Libya (yellow), and Egypt (purple).


There are 22 lagoons in North Africa, 4 along the Atlantic shore of Morocco and 18 along the South Mediterranean Region. They are shallow systems, permanently linked to the sea and regulated by tidal exchanges and fluxes at the sediment interface.

Eleven lagoon sites were selected on the basis of available data and literature; the importance of their social ecological and economic roles in the chosen countries; and their different key environmental characteristics in terms of basin surface, land use distribution, typology, lagoon size, the adjacent sea (Atlantic, Mediterranean), dynamics, and climate. The 11 coastal lagoons include Khenifiss and Oualidia (Morocco) along the Atlantic shore, and Nador (Morocco), El Mellah (Algeria), Bizerte (Tunisia), Tunis (Tunisia) and Boughrara (Tunisia), Farwa (Libya), Marsa Matrouh (Egypt), Bardawil (Egypt), and Burullus (Egypt) along the Mediterranean shore (names in white on black background, Figure 1).



Data Sources and Collection

The data were found in web-based searches using Web of Knowledge (ISI Web of Science), Science Direct (Scopus), Google Scholar, and Google searches. Searches were constrained to the period from 2000 to 2018 to focus on the most recent publications (531 articles). This identified peer-reviewed articles in ISI journals (e.g., 89 for Nador), as well as a significant body of “gray” literature (106 reports), such as reports by Environmental agencies or Ministries (e.g., 15 for Nador). There was considerable variation in the number of sources available for the different systems (e.g., 104 for Nador, only 24 for Kenifiss).

The search words were applied in English, French, and Arabic. Most of the articles listed in the References are from peer-reviewed literature in English and French, published for an international audience. There is also a substantial literature in Arabic and French, which is used in the North African countries for reports, which was consulted for this review, but this is not listed in the References.

The search keywords that were used, both singly and in combination, were as follows: “name” of the lagoon, including local variations on their names, see section “Confusion About Nomenclature of Lagoons in the Context of North African Lagoons”; “lagoon, lake, lac, lagune”; “country,” also in the different languages.” The studies identified were selected in a systematic manner based on title and abstract eligibility according to keywords, and then the full texts were screened. Many studies were removed because of missing data (313 articles and reports).

We then extracted information about the lagoons in relation to the drivers, activities, pressures, state changes, impacts, humans, and welfare issues as identified by Elliott et al. (2017) (e.g., agriculture, pH change, and underwater noise). The reported presence and absence of various activities/pressures/state changes/impact (on welfare) in the studied lagoons were extracted and tabulated, with some quantitative and qualitative details mentioned in each result section, if data were available (e.g., number of catches, number of boats, input of pollutants).



Analytical Framework

DAPSI(W)R(M), a social–ecological framework for adaptive management from Elliott et al. (2017), was used for the analysis of the lagoons. This framework has evolved from earlier versions (Gari et al., 2015) starting with the PSR (Pressures–State–Response) framework proposed by Rapport and Friend (1979) and then developed and supported by the Organization for Economic Cooperation and Development (OECD) to organize its work on environmental policies and reporting (OECD, 1994). A later version is the DPSIR [Drivers–Pressures–State–Impacts (on Welfare)–Responses (as Measures)] used by, among others, the US Environmental Protection Agency (EPA, 1994), the United Nations Environment Programme (UNEP, 1994), the European Environment Agency (EEA, 1995), and the European Commission (EU, 2000). Patrício et al. (2016) and Elliott et al. (2017) highlight the anomalies and focus on the confusions of each component of DPSIR as a reason for improving the framework; for practicable management purposes, they advocate an extension of the framework to DAPSI(W)R(M). In this version, Drivers or driving forces indicate the basic needs of humans (Maslow, 1943), such as food, transport, and goods. These needs are addressed by society through socioeconomic Activities, such as fishing, aquaculture, and building infrastructure that have effects that produce Pressures, such as overextraction of resources, input of nutrients and/or heavy metals, pH changes, and so on. These effects lead to State changes on the ecology of the environment, as well as on the intermediate and final ES (Elliott et al., 2017). These changes have Activities (on human Welfare), such as provisioning services (e.g., fish food), regulating services (e.g., healthy climate), and cultural services (e.g., tourism). Responses (as Measures) to changes resulting from drivers, activities, and pressures require scientific knowledge to produce appropriate laws for governance, as well as a range of economic mechanisms and technologies to implement the appropriate management (Wolanski and Elliott, 2015; Elliott et al., 2017).



RESULTS


Drivers of Changes in North African Lagoons

Societal Drivers in relation to North African lagoon context are outlined below:

Stage 1_basic biological and physiological needs: these are fundamental necessities for all humans such as food, drink, shelter, and so on.

Stage 2_safety needs: these include protection from inclement natural phenomena, such as storms, droughts, and floods; law and order; allowing for the use of goods and services from lagoons; political stability; and allowing North African populations to live without fear.

Stage 3_love and belonging needs: these represent interpersonal relationships among North Africans; friendship, trust, and acceptance; receiving and giving affection and even love. At the scale of an individual, this involves belonging to a group, having friends, and creating a family. It also includes the behavior of stakeholders (e.g., fishers, farmers, workers), citizenship, and being part of society.

Stage 4_esteem needs: these are represented by an individual’s achievements, self-respect, and status that are part of the common culture among North African people. For instance, men (e.g., fishers) are still the main wage earners of the household with their work providing them self-respect and the respect of others in the context of the local culture.

Stage 5_self-actualisation: the final stage is represented by realizing personal fulfillment. For example, the decision makers responsible for the Nador lagoon are trying to provide economic growth for the region based on sustainable management of the goods and services. By ensuring successful management of this type of ecosystem, they are setting an excellent case study not only for North Africa but also for the other countries in Africa and elsewhere.



Activities Associated With North African Lagoons

The assessment based on the human activities associated with North African lagoons is related mainly to general activities associated with major sectors rather than individual, specific activities. Table 1 summarizes some of the more important activities (adapted from Smith et al., 2016) occurring in these lagoons that are presented in more detail in the following sections.


TABLE 1. The major economic sectors and activities in North African lagoons: “X” represents documented, and “?” undocumented* activities.

[image: Table 1]As far as possible, a common style and content has been used for the description of these activities, but there are big differences in the content and quantity of data that are available for the different lagoons.


Extraction of Living Resources and Aquaculture


Fishing

Artisanal fisheries have been identified as common activity in all lagoons, which has increased in the last decades due to growth in local demand linked to urban growth. The fisheries activities use small fishing boats because the lagoons are shallow waters (only a few meters). The boats are called “feluccas” in Morocco, Algeria, and Tunisia or “marceb” in Libya and Egypt.

Khenifiss lagoon (Morocco), an ecosystem protected from UNESCO World Heritage, has few fishing and aquaculture activities at present. Fisheries are more developed in Nador lagoon, where the tonnage of the fish catches increased from 480 tons in 2001 to 1,157 tons in 2012, which represents an increase of 241%. The monthly net profit per boat is approximately 222 Euros (2,465 Moroccan Dirhams). Overall, the main fish catches are eel (i.e., Anguilla anguilla), bream (i.e., Sparus aurata), and gray and red mullet (i.e., Mullus barbatus). Other catches include cuttlefish, octopus (i.e., Octopus vulgaris), and shrimp (i.e., Penaeus japonicus). The 887 fishers of this lagoon are all male with an average age of 41 years (including sailors), while boat owners are of an average age of 48 years. For 46% of fishers, fishing is their only economic activity, whereas the others work seasonally in agriculture or small commerce (Najih et al., 2015).

The Mellah lagoon (Algeria) is also well known for its artisanal fishery activities with an annual average fish production of approximately 40 tons. The production comprises eels (58%), followed by mullet (31%) represented by Mugil cephalus, Liza aurata, Liza saliens, Liza ramada, and Chelon labrosus. There is also harvesting of mollusks including clams (i.e., Ruditapes decussatus) and cockles (i.e., Cerastoderma glaucum) (Chaoui et al., 2006). The only available data about fishers are from 1982, with 13 fishers supervised by the Enterprise Nationale Algérienne de Pêche-Unité Aquacole; they are all male with an average age of 44 years, supporting a total of 67 children (Food and Agriculture Organization, 1982).

The catch from Farwa lagoon (Libya) is 26 tons annually, mainly fish, shellfish, and octopus, but there are no available data about numbers of fishers (Banana and Mohamed, 2016).

Fishing production in Egypt has increased from an annual production of 140,400 tons in 1980 to 1,079,500 tons in 2009, with 934,000 tons coming from inland areas. This is an important sector for the country, representing 2 billion Euros in income. Egyptian lagoons represent 27.8% of total fisheries production in the country and are mostly for crab (El Nahas et al., 2017).

The reason for the large variation in the number of fishers and catches among North African lagoons depends on the size of the lagoon (both area and depth), as well as the population surrounding the lagoon.



Aquaculture

Moroccan aquaculture started in the 1950s with the launch of shellfish farming in the Oualidia lagoon, with a pilot project for breeding oysters. Currently, a dozen farms continue to operate at this lagoon. Oyster production reached 60 tons in 2011, with shell fishing representing 15% of total production in the region (Maanan et al., 2014).

Shellfish production in Tunisia started in 1964 in Bizerte lagoon (Ghribi et al., 2016) and included mussels, oysters, and clams (Fertouna-Bellakhal et al., 2014; Turki et al., 2014). Current production is more than 100 tons per year.

In Libya, mussel and oyster cultivation is ongoing at aquaculture farms on Farwa lagoon.

In Egypt, fish farms have been developed along the lagoon shores of Burullus. The annual production is approximately 52,000 tons (Eid and Shaltout, 2014). Bardawil lagoon (Egypt) is a rich environment for the extraction of living resources. The production of high-quality fish is mainly exported to Europe, enabling an increase in economic development (El-Kassas et al., 2016). This activity produces approximately 80% of the exported fish and crustacea from Egyptian lagoons (El-Kassas et al., 2016; Nassar et al., 2018).



Agriculture and Golf

Agricultural practices have a high impact on lagoons environments. In North Africa, many lagoons are surrounded by agriculture and, in some cases, have been modified by land reclamation, draining, and infilling to enable agriculture (e.g., Burullus in Egypt). In recent years, some areas around lagoons have been converted to golf courses, although the actual locations and environmental impacts have yet to be fully analyzed.

In Morocco, an area of 92 km2 surrounding the Nador lagoon is agricultural, most of which is irrigated (El Yaouti et al., 2008; García-Ayllón, 2017). There is intensive cereal production to the south of the lagoon (Giuliani et al., 2015a), with barley occupying 56% of total area, olive trees nearly 22%, and other crops approximately 22%. Fishing activities, agriculture, and livestock production employ up to 46% of the working population in the region (Najih et al., 2015). There are intensive agricultural activities for vegetables and use of fertilizers (Maanan et al., 2014) in the area surrounding Oualidia lagoon (Morocco), which have expanded in area from 10.52% in 1946 to 40.15% in 2006.

Only 9% of the watershed for the El Mellah lagoon (Algeria) is agricultural with an area of 7.34 km2, of which 1.30 km2 is dedicated to livestock, mainly cattle and goat production (Melouah, 2013).

The Bizerte lagoon (Tunisia) has a catchment area of 480 km2, of which agricultural activities cover 117 km2 area, with 78, 34, and 5 km2 dedicated to cereal culture, horticulture, and arboriculture, respectively (Garali et al., 2009).

The cultivated area around Burullus lagoon (Egypt) has increased by 68.7%, from 231.31 km2 in 1984 to 336,60 km2 in 2015 (Husain et al., 2016). This lagoon receives approximately 4 billion m3 of water per year of drainage water from a catchment area of approximately 403 km2 of the agricultural land in the Nile Delta (El-Amier et al., 2017; Orabi et al., 2017).



Tourism and Recreation

Lagoons ecosystems are attractive to tourism for both scenic and cultural characteristics. The most popular touristic lagoons in North Africa are Nador and Oualida in Morocco, Marina, and Marsa Matrouh in Egypt.

In Morocco, the Oualidia lagoon provides many touristic activities including sailing, bathing on beaches, bird watching, and nature watching. The seaside resort has a diversity of landscapes, and in summer, the population increases by 54,0001 with a daily capacity of 30,000 people. Tourism activities have also been developed around the Nador lagoon, particularly in the northeastern part of the lagoon with new residential complexes, resorts, villas, marinas, restaurants, riads, and a golf academy. This ecosystem has 20 km of coastline comprising the Boqueronisa and Arkman beaches. The new Med Marchica project aims to provide 101,200 beds and seven marinas and to employ 80,000 people by 2020.

The Farwa lagoon in Libya is well known for kitesurfing, which attracts tourists during the windy season, from November to March.

The Marsa Matrouh is a coastal lagoon area in Egypt where tourism is expanding. There are 10 beaches that extend for a distance of 7 km, five of them are situated in the lagoon (Abdel, 2015). In summer, up to 450,000 visitors enjoy the attractive, white, sandy beaches and turquoise seawater (Khaled et al., 2014). Because of these ecosystems services, 25 hotels have been established surrounding the lagoon and employ 7,000 workers (Mulazzani et al., 2017).



Extraction of Non-living Resources and Land-Based Industries

Many lagoons in North Africa are used for extraction of non-living resources, such as mining activities, and are also associated with industrial areas.

Nador lagoon in Morocco has several industrial activities, including mining and metallurgy, such as iron, pyrite, pyrrhotite, and chalcopyrite. The industrial effluent from the Selouane industrial zone is discharged into the lagoon during the wet season (Piazza et al., 2016).

The Bizerte lagoon (Tunisia) has been the site of industrial development since the 1950s. There are industrial complexes of approximately 130 factories located in the towns of Bizerte, Zarzouna, Menzel Abderrahmn, Menzel Jemil, and Menzel Bourguiba. The first and biggest was a cement factory (1950), followed by the “El Fouled” steelworks (1967). Other factories are for metallurgy, electronic industries, textiles, chemical production, petrochemicals including oil refineries, agro-alimentary production, cement manufacturing, and fish processing.

The GCCI (General Company of Chemical Industries) industrial complex is located in the east part of the Farwa lagoon (Libya) at Abu-Kamash. This complex was opened in the 1970s, containing three units with an annual production of 104,000 tons of ethylene dichloride, 60,000 tons of polyvinyl chloride, 50,000 tons of caustic soda, and 45,000 tons of chlorine, as well as the production of sodium carbonate, sodium hypochlorite, and hydrochloric acid (Banana and Mohamed, 2016). These industrial processes also lead to the discharge of mercury into the lagoon ecosystems (Banana and Mohamed, 2016).



Urbanization, Land Reclamation, and Coastal Infrastructures

Intensive urbanization has occurred around North African lagoons. Essentially, these areas are attractive for both residents and visitors, with increasing land reclamation and construction of a coastal infrastructure, which enables the development of new urban areas. Thus, these regions are now highly populated, with numbers increasing annually.

Over the past 50 years, the population around the Oualidia lagoon (Morocco) has rapidly increased by 240% from 7,741 inhabitants in 1971 to 18,616 inhabitants in 2014. The expansion of the city has modified some sedimentary forms especially the dunes on the east side of the lagoon (Yamna et al., 2014). However, the most populated lagoon in Morocco is Nador, with an increase in inhabitants from 683,914 to 859,590 between 1994 and 20142. Recently, the Moroccan government through the “Marchica agency” has invested 4 billion Euros in seven new projects: Cité Atalayoun, Cité des 2mers, Nador new city, fisherman’s village, Baie des Flamants, Marchica Sport, and Les Vergers de Marchica, which are destined as houses, apartments, a harbor, and a research center and natural park for resident and touristic growth; some are constructed already, and some are still under construction.

The inlet located at the center of the Nador lagoon has been modified many times during the last decades (Raji et al., 2013). In 2011, there was an enlargement of the inlet to a width of 300 m and a depth of 6 m to improve circulation and shipping. This included the 1,450-m east breakwater and the 1,350-m west breakwater (Daghor et al., 2016).

Monastir lagoon (Tunisia) has been transformed by port structures, marinas, hotels, golf courses, and an airport. This lagoon has been completely drained and has not been included in the list of North African lagoons (Figure 1). Tunis lagoon (Tunisia) is the most urbanized lagoon in North Africa. The population had doubled from 887,803 (2004) to 1,507,000 inhabitants (2014)3. The largest airport in Tunisia (Tunis–Carthage Airport) and military airbase have also been constructed from land reclaimed from the lagoon. Furthermore, the lagoon has been split by the construction of a road “La Goulette,” dividing the lagoon into a northerly and a southerly section.

Bizerte lagoon (Tunisia) has four harbors (Harbor of Bizerte, Menzel Abderrahmane harbor, Menzel Bourguiba, and The Carrier bay harbor parked) (Abidli et al., 2016).

Marsa Matrouh is an important city along the 500 km Mediterranean coast between Alexandria city and the Libyan border in the north part of Egypt. It has 193,000 inhabitants, which represent a density of 0.9 inhabitants km–2 (Khaled et al., 2014). The area has many five-star hotels.



Transport and Shipping

North Africans societies have used and are still using lagoons for transport and shipping activities by developing harbors and marinas for commercial purposes. The shipping includes oil tankers, passenger cruise liners, packet boats, container ships, and military vessels, as well as smaller boats for artisanal fishing.

In the Nador lagoon (Morocco), the number of “feluccas” for artisanal fishing increased by 30% from 300 to 390 between 2001 and 2012.

In the Tunisian lagoon of Bizerte, there were 997 boats in 2010, including 490 fishing boats, and 507 commercial vessels from passenger cruise liners, oil tankers, bulk carriers, container ships, and gas and oil tankers, as well as military vessels. The Menzel Bourguiba harbor receives approximately 542 boats annually including 480 fishing “feluccas”, as well passenger cruise liners, commercial ships, ferries, and military vessels. There is also a shipyard that provides shipbuilding, maintenance and painting. The Menzel Abderrahman harbor has approximately 181 artisanal fishing boats (Abidli et al., 2016; Lahbib et al., 2018). The Tunis lagoon has a commercial harbor at Rades-La Goulatte used by 2,902 merchant ships, including “feluccas”, passenger cruise liners, packet boats, and container ships (Lahbib et al., 2018). The Boughrara lagoon has 50 “feluccas” in the Boughrara harbor and approximately 100 in Adjim harbor (Lahbib et al., 2018).

The Marsa Matrouh lagoon (Egypt) has 66 “feluccas” with no motors, 6 “feluccas” with outboard motors, and 17 with inboard motors that are used for fishing with trammel nets and long lines. The small “feluccas” contribute 20% to the fishing activity production, whereas larger boats contribute 80% within an annual production of approximately 272 tons (Mulazzani et al., 2017). In the Bardawil lagoon, 1,235 “feluccas” of 4 to 6 m are used for fishing activity. The Burullus lagoon has 2,098 boats where 2,049 are small “feluccas” (4–6 m), 41 are medium boats (6–8 m), and eight are large boats (>8 m).



Pressures on North African Lagoons

In the context of North African lagoons, there are multiple pressures that have different forms originating from the variety of economic activities (Tables 1, 2). The distribution of these pressures among the 11 selected lagoons is shown in Table 2, and more details about specific pressures are described below.


TABLE 2. The existing pressures on North African lagoons: “X” represents documented and “?” represents undocumented pressures.

[image: Table 2]
Pressures From Agricultural Effluents

Agriculture in the drainage basins along the coast of North Africa is responsible for contaminating lagoons with agrochemicals such as fertilizers, pesticides, and herbicides. Additionally, there are pressures from the manure derived from animal rearing.

The main pressure from the high nutrient inputs to the Oualidia lagoon in Morocco is from surface and groundwaters that drain from the cultivated areas that cover 78% of the catchment (Damsiri et al., 2015, 2017) and where nitrogen and phosphate fertilizers are applied (Maanan et al., 2014). These nutrients promote a significant increase in chlorophyll a within the lagoon ecosystem (El Asri et al., 2017a). Another Moroccan example of pressures from agrochemicals is an irrigated agricultural area of 92 km2 around the Nador lagoon (Re and Sacchi, 2017).

In the case of Algeria, many studies describe the effect of agricultural pollutants and livestock manure (Nadira, 2008) from the two rivers “R’kibet and El Mellah” (Chaoui et al., 2006; Magni et al., 2015) on fish, mollusks, and crustaceans (Mebarki et al., 2015) in the El Mellah lagoon.

The pressure from runoff draining the agricultural areas around Bizerte lagoon (Tunisia) increases with rainfall in winter. Runoff contains various contaminants and pollutants including nutrients, pesticides and heavy metals (Kamel et al., 2014). The increase in nutrient concentrations, especially during the wet season, stimulates phytoplankton blooms (Béjaoui et al., 2017).

One of the most heavily polluted lagoons in North Africa is Burullus on the Nile delta in Egypt. Nutrient, pesticide, and metal inputs come from eight streams and a canal draining from the adjacent watershed (Orabi et al., 2017). In the southern area, there are high concentrations of tin (144 ppm) and of arsenic (44 ppm), far exceeding the World Health Organization guidelines for arsenic in soil (1.5 ppm) (El-Monsef et al., 2017).



Pressures From Extraction of Living Resources

There are multiple pressures from the extraction of living (e.g., fishing, shellfish harvest) and non-living resources (e.g., dredging and quarrying for sand). These result in selective extraction of species, death or injury of fauna, introduction and translocation of non-indigenous species, substratum loss, abrasion and resuspension of sediment, smothering, nutrient mobilization, and underwater noise (Table 2).

The Oualidia lagoon is an ecosystem with high pressure from the extraction of living and non-living resources such as traditional fisheries (fish and molluscs), oyster aquaculture (Bocci et al., 2016), seaweed harvesting, and sand extraction (Beryouni et al., 2012; Maanan et al., 2014; El Asri et al., 2015). These activities have led to pressures such as input of organic matter from aquaculture and blooms of phytoplankton (Damsiri et al., 2017). Nador lagoon is also known for its aquaculture activities and fishing. The use of small mesh sizes has exerted a pressure on the fish population.

There are pressures on El Mellah lagoon (Algeria) from aquaculture with organic matter enrichment of sediment (Embarek et al., 2017).

Pressures on the Boughrara lagoon (Tunisia) include organic matter from the introduction of non-indigenous species, such as the invasive species polychaete Branchiomma bairdi McIntosh (1885), which settles in high densities (up to 35 m–2) on buoys and hulls of vessels (Khedhri et al., 2017b).

There is little information about Farwa lagoon (Libya). However, one resulting pressure of the fishing activity is underwater noise pollution (Essghaier et al., 2013).

The fishing, harvesting, and aquaculture extraction of living resources from Bardawil lagoon (Egypt) exert significant pressures on this ecosystem (i.e., overfishing).



Pressures From Urban and Industrial Effluents

There are three types of effluent affecting lagoons including (i) urban sewage untreated or through a wastewater treatment plants (WWTP); (ii) urban wet weather discharges including rainwater, runoff water, and discharges from separated stormwater system outfalls resulting from rainfall in an urbanized catchment; these flow into the lagoons without passing through a wastewater treatment system (Gooré et al., 2015); and (iii) the industrial effluents through a local or common WWTP. These pressures increase from both urban growth and climate change effects and can lead to a state change by contamination and pollution.

Some of the lagoons (Nador in Morocco, El Mellah in Algeria, Tunis in Tunisia, and Burullus in Egypt) are enriched with nutrients from agriculture (Table 1), but there are additional pressures from urban and industrial effluents (Oczkowski et al., 2008; Tlig-Zouari and Maamouri-Mokhtar, 2008; Nassar and Gharib, 2014; Alves Martins et al., 2015; Derradji et al., 2015; Bocci et al., 2016; Daghor et al., 2016; Hammani et al., 2016; El Asri et al., 2017b; El-Zeiny and El-Kafrawy, 2017; Khedhri et al., 2017a).

The increasing tourist development activities around lagoons in North Africa have also increased pressures from domestic effluents due to the seasonal increase of population, especially during the summer.

Oualidia lagoon (Morocco) is located between two cities “El Jadida” and “Safi,” adjacent to one of the biggest phosphate mines in the world and fertilizer plants. Indeed, the surface water of the lagoon is phosphate enriched (Damsiri et al., 2017). Furthermore, this lagoon is known also for touristic activities and a population increase by a factor of four times during summer time. This overwhelms the capacity of the WWTP, increasing the nutrient pressures. The WWTP of Nador city was built in 1980 and expanded in 1990, but it has become inadequate due to urban growth (Ruiz et al., 2006). Two new WWTP were constructed in 2010; the Grand Nador WWTP is an activated sludge plant with a daily treatment of 14,000 m3, and El Aroui WWTP is a natural lagoon with a treatment capacity of 2,500 m3 per day. These treatment plants are undersized; thus, there are pressures from effluent into the lagoon, as well as anaerobic microbial degradation (Giuliani et al., 2015b). Furthermore, there is industrial effluent coming from the Selouane industrial area that is discharged into the lagoon during the wet season. The pressures from industrial effluent (Nador lagoon) include inputs of pollutants, such as polychlorinated biphenyls (PCB), polycyclic aromatic hydrocarbons (Giuliani et al., 2015b), and increasing inputs of polybrominated diphenyl ethers (Piazza et al., 2016).

The effluent from industries around Bizerte lagoon (Tunisia) has only primary wastewater treatment (Barhoumi et al., 2014; Hammani et al., 2016). SACEM (electrical transformers) uses 900 tons of PCB (Barhoumi et al., 2014). These activities have led to chemical contamination of mussels (Barhoumi et al., 2014).

The Tunis lagoon is vulnerable to pressures from industrial effluent and domestic sewage due to the doubling of the local resident population during the last 10 years.

Marsa Matrouh lagoon (Egypt) is contaminated by pressures from metal pollution (Abdel, 2015) and inadequate sewage treatment due to high tourist influx (Gharib et al., 2011).



Pressures From Civil Engineering Projects

Infrastructure for the management of the lagoons’ ecosystems includes artificial channels for maritime navigation of harbors and ports. Examples include the modification of inlets at Moulay Bousselham and Nador in Morocco, El Mellah in Algeria, Boughara in Tunisia, and Bardawil in Egypt.

Nador lagoon (Morocco) has had a new inlet since 2011 that was made to increase water exchange with the sea (Bocci et al., 2016). Most of the modern centers of Tunis city have been built on land reclaimed from the Tunis lagoon (Thornton et al., 1980). A comparison between aerial photographs and topographic maps produced between 1902 and 2002 shows the pressures of coastal infrastructure and the expansion of the city at the northern and southern limits of the lagoon (Chouari, 2015). The eastern inlet (El Kantra Channel) of Burullus lagoon (Tunisia) has been enlarged from a narrow passage of 12.5 m across in 2004 to 160 m in 2007. This has increased the daily water exchange with the sea from 0.8 million m3 to 6.9 million m3 per day (DGPA, 2001). The choking of the inlets in Bardawil lagoon (Egypt) has led to pressures such as siltation of the ecosystem that has increased significantly. It has also changed the water exchange between the sea and the lagoon, causing sedimentation at the entrance to the inlets (Nassar et al., 2018).



Pressures From Transport and Shipping

Pressures from transport and shipping activities were found in all North African lagoons. These include (i) underwater noise from motorized ferries, vessels, and yachts; (ii) hydrocarbons from accidental oil spills from motorized boats; and (iii) antifouling agents that are based on organic diluters mixed with highly concentrated toxic metals such as copper and zinc (Guerra-García and García-Gómez, 2005) or tributyltin (TBT) compounds.

These multiple pressures often result from conflicting interests among stakeholders, as well as from previous development and management measures for the lagoons (Lillebø, 2015). The pressures (Table 2) result in a state change of the environment such as symptoms of eutrophication in the lagoons (e.g., Nador in Morocco, Bizerte and Tunis in Tunisia, Bardawil in Egypt). These changes affect ES (Newton et al., 2018) and can lead to an impact on human welfare.



State Change in North African Lagoons

Human activities and modifications to North African lagoon ecosystems and their catchment areas have resulted in increased pressures that have modified the state of these ecosystems. The change of state can be at the environmental, ecological, and/or ecosystem level. Table 3 shows the state changes in lagoon ecosystems (components and processes), intermediate services (supporting and regulating services), and the final ES (provisioning, regulating, and cultural) of the lagoons. No state changes have yet been detected for the protected Khenifiss lagoon, an almost pristine lagoon.


TABLE 3. The state change in North African lagoons: “X” represents documented and “?” undocumented state change.

[image: Table 3]The changes to the inlets of Nador lagoon (Morocco), especially the most recent ones in 2011, have altered the hydrological processes and nutrient condition of the ecosystem. Eutrophication has stimulated algal blooms of Caulerpa prolifera, Gracilaria bursa-pastoris, and Colpomenia sinuosa. These changes have modified the state of ES components, intermediate services, and regulating and supporting services, as well as final ES (El Asri et al., 2017c).

The environmental state of El Mellah lagoon (Algeria) has been degraded by the presence of contaminants and pollutants, such as heavy metals and neurotoxic pesticides (Benradia et al., 2016). The application of pesticides from agricultural activities and pressures from inputs of organophosphates affects the ecological state of the benthos, for example, the toxic effect of malathion on clams (Nadji et al., 2010). As this is a species of economic value, the delivery of provisioning ES has declined. Furthermore, the change in salinity, due to aquaculture activities, has caused a decline in bird species diversity (2013−2017) degrading cultural services, such as bird watching (Telailia et al., 2017).

The intensive use of fertilizers on agricultural activities in the catchment area of Bizerte Lagoon (Tunisia) has modified an intermediate service through increased pressures from high inputs of nitrogen and phosphorus that have altered the state of nutrient condition and the state of phytoplankton biomass and primary production (Béjaoui et al., 2017), especially in the inner part of the lagoon. Another state change is in the hydrography and water cycling (intermediate service) of the Bizerte lagoon with an estimated deficit of -7.5 Mm3 of the lagoon’s annual water flowing into the Mediterranean sea (Béjaoui et al., 2017).

The subsidence land rate around Tunis lagoon (Tunisia) is 22 mm year–1, which may lead to state change through marine submersion and flooding hazards (Ennesser et al., 2011). The enlargement of the eastern inlet of Boughrara lagoon (Tunisia) has not improved the environmental state or ecological state. Harmful algal blooms (HAB) have increased organic matter accumulation and stimulated the growth of the polychaete population (Khedhri et al., 2017a), changing the state of regulating and supporting services.

Pressures from the industrial wastewater of a chemical company have affected the environmental state of Farwa lagoon (Libya) that has been highly contaminated by mercury, during the period January to August 2014 (Banana and Mohamed, 2016). Marine flora (fish, cuttlefish, and oyster) and fauna of the lagoon have been contaminated as high concentrations of mercury were found in different species (Banana and Mohamed, 2016), impacting the provisioning and regulating services.

The Egyptian lagoons are the most affected by human activities, and resulting pressures have led to significant changes in their state of environment. For instance, the large increase of water inflow from agricultural freshwater drainage (from 81.7% in 1971 to 98.18% in 2003) has changed the hydrological state of Burullus lagoon (El-Adawy et al., 2013). The decrease in the environmental state of salinity has led to a change in intermediate services and final ES. The provisioning services of total marine fish decreased from 15.99 to 1.81% by weight (El-Adawy et al., 2013). Inflow of contaminants changed the state of Burullus lagoon (Orabi et al., 2017), where symptoms of microbial anaerobic degradation have been observed from agricultural input (Giuliani et al., 2015a). A further, devastating pressure is the destruction of the dune barrier system to use the sediments for reclamation purposes (El-Asmar et al., 2013). Marsa Matrouh lagoon (Egypt) is contaminated by metals (Abdel, 2015) and domestic sewage (Gharib et al., 2011) that promote phytoplankton blooms.

Sedimentation in front of the inlets of Bardawil lagoon (Egypt) has changed the environmental state by restricting the exchange of water between the sea and the lagoon (Nassar et al., 2018), which could lead to changes in the provisioning of final ES such as fishing activities. Meanwhile, the ecological state has changed because of overfishing pressures during recent decades. For instance, the crab landings increased from 754.2 tons in 2000 to 2,053.1 tons in 2009 and then decreased to 518.7 tons in 2014, followed by an increase to 1,973.4 tons in 2015, which represents 42% of total production. There are also changes in ecological state due to a new invasive species of crab, Callinectes sapidus (Abdel Razek et al., 2016), which affects nets and netted fish. The armored dinoflagellate Alexandrium species, which is a toxic species, now accounts for 17% of total Dinophycae taxa (El-Kassas et al., 2016).

The environmental state of sediments in Marsa Matrouh lagoon (Egypt) has deteriorated with contamination and pollution from the trace metals vanadium, aluminum, tin, arsenic, and selenium (Abdel, 2015). This deterioration in sediment quality affects the regulating and provisioning final ES; for example, high concentrations of aluminum (100 μg g–1; wet weight) have been observed in the fish Pagellus erythrinus and may damage its liver (Abdel, 2015).



Impact (on Human Welfare) in North African Lagoons

Human activities and resulting pressures that cause the degradation of the environmental state, the ecological state, and the delivery of ES of coastal lagoons may ultimately impact on human welfare (Table 4). For example, lagoons are nursery habitats for juveniles of commercial species; therefore, changes in the state of the environment and ecology lead to a loss of this nursery service that supports fisheries and thus provisioning ES. Impacts on human welfare are detected in most of the North African lagoons, except the Khenifiss lagoon (Morocco), which is not impacted at present. Other impacts result from toxins in HAB and the contamination of seafood by chemicals.


TABLE 4. Summary of Impacts on human welfare in North African lagoons: “X” represents documented and “?” undocumented impacts on human welfare.

[image: Table 4]Civil engineering and infrastructures that modify the connectivity of most of the lagoons in the study can change the wave exposure on part of the shoreline and cause erosion. This can lead to negative impacts on the shoreline protection of the lagoon with an increased risk of flooding or storm damage to the human population due to the erosion or removal of sediment, which can aggravate conflicts among stakeholders (Conde et al., 2019; Table 4).

The Marsot aquaculture activities in Nador and Oualidia lagoons (Morocco) started in 2005 but ceased in 2010 due to environmental problems. This impacted local jobs and the availability of seafood. The presence of highly persistent pollutants, such as PCB and PAH in Nador lagoon (Morocco), has contaminated seafood and is a risk to human health (Giuliani et al., 2015a). The harvesting and selling of oysters from the breeding site of Oualidia lagoon were prohibited in March 2017 by the Department of Marine Fisheries of Morocco (Huffpostmaghreb, 2017) because of possible impacts on human health. The welfare of fishers of Nador lagoon was impacted by the loss of catches, leading to protests in 2018.

The degradation of environmental state due to organic overenrichment of sediments of El Mellah lagoon (Algeria) has decreased the biodiversity and the availability of seafood in some areas, especially during the summer of 2015 (Magni et al., 2015).

The pollution in Bizerte lagoon (Tunisia) affects not only the aquatic organisms but also impacts human health. For example, the mollusc disease “Marteiliosis” that is caused by the protozoan parasite Marteilia species has infected Mytilus galloprovincialis, which has impacted provisioning services of a commercial species (Elgharsalli et al., 2016). Furthermore, the high concentrations of TBT in seafood, such as commercial species of bivalves (R. decussatus, C. glaucum, P. nobilis, and M. galloprovincialis), have impacted both revenues and seafood provision (Abidli et al., 2016).

The increased loading of organic matter and the presence of HAB in Boughrara lagoon (Tunisia) have caused high fish mortality and thereby an impact on food provisioning (Khedhri et al., 2017b).

The mercury contamination from the GCCI company detected in the fish, oysters, and cuttlefish in Farwa lagoon (Libya) may represent a health risk to people living in the area (Kim et al., 2016; Ha et al., 2017).

The high concentrations of metals detected in fish from Marsa Matrouh lagoon (Egypt) impact both the provision of seafood and are a risk to human health (Abdel, 2015).

The chemical pollutants and salinity changes in Burullus lagoon (Egypt) have had an effect on fish diversity that has declined from 32 to 25 species (Fadili et al., 2016). This impacts the provision of commercial fish species (El-Zeiny and El-Kafrawy, 2017) to people living in the region (Orabi et al., 2017). Furthermore, modifications to the inlet can increase the recession rates of the shoreline, which impacts the security of the inhabitants by decreasing the sea defenses (supporting service) and their livelihoods from tourism revenue (cultural service) (Nassar et al., 2018).

The revenues from fisheries in the Bardawil Lagoon (Egypt), food provision, and public health are threatened by HAB (Abdel Razek et al., 2016; El-Kassas et al., 2016).



DISCUSSION

North African lagoons provide many supporting, regulation, provisioning, and cultural services. Nevertheless, they are subject to numerous activities that represent sources of conflict among the different users (Newton et al., 2014; Dolbeth et al., 2016; Newton and Elliott, 2016; Lillebø et al., 2017) producing multiple pressures that represent a negative state change on the environment and impact human welfare.

Most drivers, activities, pressures, state change, and impacts (on welfare) in North African lagoons are similar to those identified in European lagoons (Newton et al., 2014; Dolbeth et al., 2016), because of similar activities and behavior of the stakeholders using lagoons ecosystems.

There have been several, past management responses in North Africa aimed at reducing nutrient and phosphorus enrichment, protection of the aquatic resources, and developing environmental regulation to control aquaculture industries in the lagoons. These include building sewage treatments plants, improving aquatic resources, providing technical support, and monitoring and scientific research.


Past Management Measures

The construction of domestic sewage treatment plants has been the main management measure in the past. Nevertheless, sewage treatment is still non-existent or inadequate for many North African lagoons.

Morocco launched a National Plan of Sanitation in 2005. As a result, Nador lagoon has two UWWTP, Moulay Bousselham and Oualidia have one, but Sidi Moussa has none. Morocco also created the National Agency for Aquaculture Development in 2011, which has developed environmental measures that should be followed by the aquaculture industries. The National Agency for Aquaculture Development is the leading actor for the aquaculture industry to promote the development of sustainable aquaculture along the Moroccan coast, including lagoons.

Algeria built a UWWTP behind El Mellah lagoon, but the water quality is still poor with respect to fecal microbes (Kherifi and Bousnoubra-Kherici, 2016). There is an unresolved conflict between the managers of the El Kala National Park and the inputters to this lagoon, mainly industries and farmers (Telailia et al., 2017).

Urban WWTP were built in the lagoons of Bizerte, Tunis, Boughrara, and Ghar El Melh (Tunisia) because of sewage contamination. Tunis lagoon was the worst affected by the contamination, but there was a restoration project in 1985 to stop pollution and eutrophication (Vandenbroeck and Rafik, 2001), and the conditions were improved by collecting waste and algae around the margin and dredging. However, the long-term monitoring plan has not been continuously maintained for nutrients and total suspended solids, but only for water temperature and salinity. Nevertheless, it highlighted sudden meteorological events (rainfalls) and/or unpredictable accidental pollution (Trabelsi et al., 2013).

No data about environmental management responses in Libya have been found in this study.

The Ministry of Environment of Egypt updated the National Biodiversity, Strategy and Action Plan for the years 2015−2030 (Temraz et al., 2016). This includes wetland habitats in Egypt. The targets are to reduce the rate of wetland loss by 50% by 2021, improve water efficiency in farming by 50%, and develop inland water ecosystems (Finkl, 2017).



Policy Instruments With Respect to North African Lagoons

North African lagoons are important at the local, national, and regional scale to achieve sustainable development. Regulatory authorities are responsible for monitoring programs to protect biodiversity and ES of the lagoons. This can be achieved by policy instruments to protect these ecosystems.

At the national level, Morocco implemented new legislation (Conseil Economique, Social et Environnemental, 2014) in 2014 for the protection of coastal areas, without a specific mention of lagoons. For instance, the law prohibits building on a strip of land 100 m wide, adjacent to the shoreline. The new law also prohibits the discharge of wastewater, waste, and any pollutants in the coastal area without specific authorization and respecting specific limits for discharges (Conseil Economique, Social et Environnemental, 2014). Another law that is under development calls for the conservation of fisheries ecosystems and the protection of the marine environment against pollution (Secrétariat Général du Gouvernement Marocain, 2017). Morocco has created a special planning agency for the Nador Lagoon, the Agence d’Amenagement de la Marchica.

In 2002, Algeria passed legislation (Journal Officiel de la Republique Algerienne, 2002) for the protection and development of the coastal areas. The law includes lagoons as ecosystems, but uses the term “lido,” which can be confused with coastal lakes.

Tunisia has created a special agency, named Agence de protection et d’aménagement du littoral4, for the planning and the protection of coastal areas including lagoons.

Libyan authorities issued legislation (no. 14) for marine protected areas in 1992 that specifies sites that include lagoons, based on the biological, physical, and socioeconomic universal criteria (Haddoud and Rawag, 1995).

The Egyptian environmental affairs agency implemented Law 4 for the protection of the environment Amended by Law 9/2009 (Egyptian Environmental Affairs Agency, 2009) to ensure the environmental protection in coastal zones as an Integrated Environmental Management of Coastal Zones without defining lagoons specifically but including them within wetlands.

At the Mediterranean region scale, there are a number of policies relevant to lagoons in the context of the management of coastal areas. These include the Ramsar convention for wetlands; the Barcelona Convention (1975) aimed at the protection of the marine environment and the coastal region of the Mediterranean; and the Integrated Coastal Zone Management “ICZM” Protocol signed by most Mediterranean countries, except Egypt and Libya. The action plan for the ICZM protocol was implemented for the period 2011–2019, to strengthen capacities for the use of ICZM policies, instruments, tools, and processes, as well as promoting the protocol within the region and worldwide.

At the global level, the United Nations defined 17 Sustainable Development Goals (SDGs) and 244 indicators to be met individually and collectively by the signatory states, including North African countries (UN, 2015). Four SDGs are relevant to lagoon ecosystems both directly and indirectly. The most relevant to lagoons is SDG 14 “Life below Water” followed by SDG 6 “Clean Water and Sanitation,” The SDG 15 “Life and Land,” and the SDG 13 “Climate Action.”



Options for Management Measures

Identifying the sensitive and vulnerable zones in the lagoons allows managers to prioritize immediate measures for water bodies at risk (Ferreira et al., 2006). This knowledge also allows managers to protect specific habitats, such as seagrass beds, and specific, keystone species that provide supporting and provisioning ES (e.g., food).

Once the management options have been identified, these should be checked to see whether they follow the 10-tenet approach (Elliott, 2013; Barnard and Elliott, 2015; Elliott et al., 2017), to be both successful and sustainable. The measures should include both short- and long-term plans that can deliver immediate, positive results, as well as mitigate and prevent future issues. One of the main short-term measures is the construction of UWWTP in some lagoons, for example, Farwa and Ain Zaina in Libya and Sidi Moussa in Morocco. The capacity of existing UWWTP is insufficient because of the seasonal increase of population due to visiting tourists. This occurs mainly summer when temperatures are high and oxygen solubility is low. Existing UWWTP can be increased in capacity or upgraded from primary to tertiary treatment, for example, Oualidia and Tunis lagoons, and the installation of nutrient removal ponds using plants such as reed beds. These measures will reduce the organic and nutrient loading into the lagoons and improve their oxygen conditions to mitigate future eutrophication. As the Mediterranean climate is hot and dry in summer, eutrophication increases during the summer and algal proliferation reaches its maximum. Effluent from UWWTP can be reutilized as a fertilizer for some crops, for example, fruit trees. The use of UWWTP effluent for irrigating lawns and golf courses can improve the sustainability in arid countries.

Another possible management measure is the construction of belt canals around the lagoons within small areas in order to intercept and divert rainwater and agricultural runoff. Moreover, increasing green areas in cities and villages and constructing uncemented cobblestone roads instead of concrete-asphalt streets can help increase the infiltration rate of rain into the soil (Rocheta et al., 2017).

Additional management measures can be implemented to restore water and sediment fluxes, especially for the lagoons with dams in the catchment and/or with inlet modifications, for example, Moulay Bousselham in Morocco, Bizerte and Boughrara in Tunis, and Marina in Egypt.

Another effective measure is monitoring and protecting surface water and groundwater from pollution sources surrounding the lagoon. This includes protecting water resources from excessive extraction, as well as contamination and pollution from runoff of agrochemicals, industrial effluents and emissions.

Management measures to reduce litter include conveniently located bins, environmental notices targeting the tourists, litter collection, and cleaning of lagoon beaches in summer, for example, Marsa Matrouh in Egypt and Oualidia and Nador in Morocco.

Land subsidence and increased risk of flooding in the area surrounding the lagoon can be avoided by an urbanization and land use plan to avoid overconstruction and establish setback lines, for example, Tunis lagoon.

Different types and intensity of monitoring programs, surveillance operational and investigative monitoring (EU, 2000), can be implemented as a response to different risks. The monitoring plans should consider seasonality and hydrological, physiochemical, biological, and ecological aspects of the lagoons, and not focus on only one aspect, such as the concentration of a pollutant.

Awareness raising campaigns, especially for the inhabitants of the lagoon area, can be very effective. Managers can work with the local schools to organize educational field trips around the lagoons. The research group for the protection of birds in Morocco previously organized guided tours for individuals, local associations, and local schools in the Oualidia lagoon to educate and raise awareness regarding the importance of lagoons ecosystems. During 2017, 1,863 students and professors were introduced to the value of lagoons by this research group5.

Conflict management can be improved by organizing a stakeholder forum with timely stakeholder consultation to reach agreement on how to manage these ecosystems (Newton and Elliott, 2016). In Nador lagoon (Morocco), civil society confronted the Marchica development project, which led to protesters questioning administration decisions regarding the prohibition of access to certain sites, the protection of local properties, and the inclusion of management processes.

Measures to protect culturally important areas are essential to reduce conflict between the local community and visitors. Cross-cultural sensitivity is necessary to maintain respect for local cultures and populations (e.g., typical seafood such as “Mussel Tagine,” and typical design of traditional boats). Cultural erosion can be mitigated through cultural adaptation, for example, using traditional boats for tourism around the lagoon. The gondolas of Venice lagoon are an example of this, as are the moliceiros of Aveiro lagoon.

Economic instruments (fines, taxes, subsidies) can also be used in management. The “polluter pays” principle advocated by the OECD can be used so that economic sectors are held to account if they exceed emission standards, especially for pollutants. Aquaculture, textile, and oil industries are all examples of polluters within these lagoon systems.

A policy response focused on the lagoons ecosystems may result in new regulations to reduce the impact of activities and pressures from the surrounding areas.

Supporting sustainable investment by lowering taxes in order to balance economic growth, environmental awareness and actions, food security, and social development can lead to new blue economy activities such as bioagriculture, ecotourism, ecological shipping, and organic aquaculture. This could ensure an increase in blue growth related to North African lagoons.



Confusion About Nomenclature of Lagoons in the Context of North African Lagoons

The terminology used for coastal lagoons is extremely varied throughout the world, and it hampers the transfer of knowledge (Newton et al., 2014). The vocabulary also changes among North African countries even if they are using the same language (Arabic, Amazigh, and the two official foreign languages, French in Morocco, Tunisia and Algeria, and English in Libya and Egypt). “Lagune” is the most common French term used in Maghreb countries. Moroccan Arabic dialect includes “Merja” as in Merja Zerga Moulay Bousselham and sometimes the term “sebkha.” Others names include “Mar Chica” for Nador lagoon, a remnant of Spanish colonization. In Algeria, “Lac,” which means lake, is used, for example, “Lac El Mellah,” and also “Ildo” for coastal lakes. Tunisia also uses the French term “lac” such as “lac de Tunis,” “lac Bizerte.” “Bouhaira” is the Arabic term. Farwa “Island” is the term used for “Farwa lagoon” in Libya or “Jazirat Farwa,” which means an island. The term “Bouhaira” is used in most of the Egyptian lagoons, “Bihira” in the eastern part and sometimes using even “Bouhaira El Malha,” which means “Salted lake,” but in English, lagoons are still referred to as “lake” such as Burullus or Manzala lake. Moreover, Libya has used “lagoon” for four ecosystems, of which only two can be considered lagoons as Ain Ghazala and El Burdi are coastal inundations.



Knowledge Gaps in North African Lagoons

The analysis carried out in the present study revealed the lack of interdisciplinary studies on lagoons. Most studies are in specific areas, mostly in natural sciences such as biological, physicochemical, environmental, and hydrological studies with a few geological studies (Ayache et al., 2009; Flower et al., 2009; Ramdani et al., 2009b; Thompson et al., 2009; Raji et al., 2018).

North African countries need targeted but interdisciplinary studies about coastal lagoons to provide more information and knowledge in order to better understand the issues and provide more appropriate management measures. For instance, Libya has some literature reviews completed through international collaboration (Essghaier et al., 2013; Mahmoud Khamis and El-Sayed El-Sayed, 2015; Banana and Mohamed, 2016), but lacks a governmental platform to provide data about the lagoons.

More data are needed for all North African lagoons, especially on the relationship between the water catchment and the lagoons that can provide more knowledge about pressures. Social, economic, and even cultural studies about coastal lagoons are generally not available. These can provide more knowledge about the ES and the impact on human health and human welfare.



CONCLUSION

The information about North African lagoons is diffuse and heterogeneous, and the terminology is often confusing. North African coastal lagoons are complex, social–ecological environments; thus, an interdisciplinary approach is needed for their analysis and management. The DAPSI(W)R(M) approach used in the research (Elliott et al., 2017) has evolved from the previous applications of DPSIR approach for lagoons analysis (Newton et al., 2014; Dolbeth et al., 2016).

The research mapped the existing North African lagoons, and 11 of 21 coastal lagoons were analyzed. The most common economic sectors and human activities are the extraction of living resources (mostly fishing and aquaculture) followed by agriculture, transport and shipping, land-based industries, coastal infrastructure, and urbanization as secondary major activities in most of the North African lagoons.

The most common pressures in North African lagoons are underwater noise, introduction of synthetic (e.g., pesticides) and non-synthetic compounds (e.g., heavy metals), and input of organic matter (e.g., sewage), as well as nutrient and phosphorus enrichment (e.g., fertilizers).

The least affected of the lagoons is Khenifiss lagoon, an almost pristine system, because it is a protected area and listed as a world heritage site for UNESCO. However, in the remaining North African lagoons, there are many state changes on the environment. These affect lagoon hydrology, salinity, connectivity, erosion and accretion, nutrient and chemical contamination, dissolved oxygen, and redox potential to varying degrees. There are also many state changes in the ecology of coastal lagoons both from the ecological components and ecosystem processes, which include intermediate services (supporting and regulating services) and the final ES (provisioning, regulating, and cultural). These changes have led to an impact on human welfare, especially in provisioning services (e.g., revenue from catches and provision of food) and other impacts on human welfare such as health (contaminated seafood).

Lack of knowledge about the value of lagoon ES and the impacts on human welfare hampers the sustainable management of North African lagoons. Some immediate responses as management measures, such as improving UWWTP, could be implemented by North African countries. The complexity of the lagoon systems also calls for the adoption of participatory methods that include all stakeholders in order to manage the multiple issues affecting the social and economic services and ES of these important environments. This can foster a more transdisciplinary approach and improve the implementation of policies aimed at coastal protection and improving ES. An investment in sustainable extraction of resources, bioagriculture, tourism, ecological transport and shipping, and raising awareness could ensure the blue growth of the lagoons in North Africa benefiting both the surrounding population and the ecology.

In summary, DAPSI(W)R(M) is an adaptive management framework for social–ecological systems that could provide options for supporting decision makers in North Africa with science-based knowledge to deliver sustainable development to the North African lagoons.
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By the end of the 20th century, many of the coastal lagoons along the French Mediterranean coast showed insufficient water quality and degraded ecosystem states due to anthropogenic impacts. Among these, nutrient over-enrichment, resulting in eutrophication, has been a major concern. The EU Water Framework Directive (WFD) has initiated public action to improve their water quality and ecosystem state using an approach rooted in restoration ecology. Here we analyze how this has been applied for the coastal lagoons in South France, considering eutrophication as an example of ecosystem degradation and oligotrophication as the corresponding trajectory for ecological restoration of the eutrophied coastal lagoons. Oligotrophication trajectories, initiated by the reduction of external nutrient loading, have resulted in a quick recovery (i.e., within 3 years) of integrative water column variables (Chlorophyll a, total N and P) and phytoplankton. Starting from hypertrophic systems, the oligotrophication trajectory is described by a sequence of three ecosystem states dominated respectively by (i) phytoplankton with bare non-vegetated sediments, (ii) opportunistic macroalgae, (iii) angiosperm and perennial macroalgae, punctuated by regime shifts between these ecosystem states. Nevertheless, the latter regime shift has not been observed for the most degraded ecosystems after 10-years oligotrophication. The N and P accumulated in sediments during eutrophication may also retard the ecological restoration. In shallow freshwater lakes, the phytoplankton-dominated and the angiosperm-dominated states are also characteristic for highly degraded and fully restored ecosystems states, respectively. In contrast, opportunistic macroalgae do not bloom in these systems. Hence, the alternative stable state model, used successfully for these lakes, cannot be applied straightforwardly for coastal lagoons. To be successful, ecological restoration should consider the legislative and societal questions as according the DPSIR framework it typically is a response of society. The conservation-oriented Habitats Directive systematically applies to coastal lagoons and the Birds Directive in some cases as well. The WFD approach is complementary to these more conventional nature conservation approaches. Collectively, local citizens and highly involved stakeholders strongly value the coastal lagoons and attribute very high importance to their regulating ecosystem services (ESs), while differences between stakeholder profiles are related to different perceptions and appreciations of cultural ESs. Hence, coastal lagoon ESs are very important for the different stakeholders and public policies aiming at the ecological restoration of these ecosystems may count on public support.

Keywords: restoration ecology, ecological restoration, water quality, WFD, ecosystem trajectories, DPSIR, conservation, ecological indices


INTRODUCTION

The EU Water Framework Directive 2000/60/EC (WFD) presents a highly integrated approach focused on water quality, which according Voulvoulis et al. (2017) is widely accepted as the most substantial and ambitious piece of European environmental legislation to date. Interestingly, the major aim of this directive is to improve the ecological status of water bodies, which calls for a pro-active approach rooted in the theory of restoration ecology. In general, a difference is made in the literature between restoration ecology and ecological restoration; the latter is the process of assisting the recovery of an ecosystem that has been degraded, damaged, or destroyed (Society for Ecological Restoration International Science and Policy Working Group, 2004), The former, restoration ecology, is a scientific discipline, a field within ecology, focused on studying the concepts, experiences and practices of ecological restoration (Clewell and Aronson, 2013). Both restoration ecology and the WFD advocate that the approaches for ecological restoration should be based on (i) the identification of a reference state, (ii) a description of a desired state that is quite close to the reference state, and (iii) the development of a roadmap, which specifies how the ecosystem trajectory should converge toward that desired state. For restoration ecology, the reference state is a historical reference state referring to the ecosystem state before it was degraded by human impacts (Clewell and Aronson, 2013). The reference state according the WFD is the ecosystem state in conditions of minimal anthropogenic impact. Hence, for a degraded aquatic system considered for ecological restoration, this implies that such conditions of minimal anthropogenic impact occurred in the past and the reference state can thus be considered as a historical reference state sensu restoration ecology.

The Ecosystem state of many coastal lagoons worldwide has been degraded as a result of anthropogenic impacts comprising nutrient over-enrichment leading to eutrophication (Zaldívar et al., 2008), habitat destruction (De Wit, 2011; Newton et al., 2018), contaminant inputs (Covelli, 2012; Munaron et al., 2012). Environmental awareness of citizens, the practice of Integrated Coastal Zone Management (ICZM), and specific legislation derived from the EU, i.e., the WFD mentioned above together with the EU Habitats Directive 1992 (Council Directive 92/43/EEC) and the EU Birds Directive (2009) (Directive 2009/147/EC), have triggered public policies in the EU member states that value these ecosystems and aim to protect and improve their water quality, protect public health issues, conserve their biodiversity and develop their ecological potential for the delivery of ecosystem services. The WFD considers the ecological functioning of the aquatic ecosystems, including coastal lagoons, and formulates its main objectives as conserving and achieving “good ecological status” of water bodies. Therefore, the WFD is particularly important for biodiversity conservation in the EU and it has been stated that:

“the legislative framework in place to achieve the Biodiversity Strategy in aquatic ecosystems (in the EU, sic) can be linked to a complex array of interlinked policies, of which the most far-reaching ones are the Birds and Habitats Directives, Water Framework Directive, and Marine Strategic Framework Directive”

(Rouillard et al., 2017).

The latter has fewer implications for coastal lagoons, for which the water quality regulations are derived from the WFD. Coastal lagoons are listed as a priority habitat in the Habitats Directive and many coastal lagoons are particularly important for waterfowl and concerned by the Birds Directive (Dolbeth et al., 2016). Article 6 of the WFD requests member states to establish a register of areas which have been designated as requiring special protection under specific Community legislation for the conservation of habitats and species directly depending on water and WFD Annex IV explicitly links this requirement to the Natura 2000 sites designated according the Habitats and Birds Directives.

In this article, we use eutrophication as an example of ecosystem degradation, and oligotrophication as the corresponding trajectory for the ecological restoration of eutrophied lagoons. The many actions employed in South France to combat eutrophication of coastal lagoons and induce their oligotrophication thus represents an interesting study case for assessing ecological restoration according the theoretical framework of restoration ecology. We believe that such an analysis should particularly address the issues to which coastal lagoon managers are confronted in their daily practice. Therefore, first we propose a conceptualization placing the ecological restoration in societal context and adapt the conceptual scheme in such a way to accommodate the specificities of the WFD. Secondly, our study includes an analysis of the technical and natural science aspects of the ecological restoration practice as well as important questions concerning the societal context. Therefore, we have formulated the following three main questions (Figure 1):
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FIGURE 1. The Water Framework Directive (2000/60/EC) through its transposition into national laws [in France: Loi n° 2006–1772 du 30 décembre 2006 sur l’eau et les milieux aquatiques (French law)] has resulted in South France in ecological restoration practice to improve the ecological status of coastal lagoons. A particular focus has been on reducing nutrient loading to combat eutrophication and thus induce oligotrophication of coastal lagoons. In this article this practice has been analyzed according the theoretical framework of restoration ecology and three main questions have been formulated for this assessment.



1. Do scientific concepts and theories provide guidance for the ecological restoration practice and are their theoretical predictions of ecosystem trajectories supported by empiric ecological knowledge?

2. Is the ecological restoration practice congruent with other type of legislation, or do conflicts arise as a consequence of different objectives and concepts?

3. How is the ecological restoration practice valued by human populations and particularly by stakeholders; what are their perceptions and wishes for desired states of the ecosystem?



Ecological restoration of coastal lagoons has started around 2000 and is, therefore, quite novel in contrast to the ecological restoration of water quality in freshwater lakes initiated since the 1980s (Marsden, 1989; Gulati and Van Donk, 2002; Jeppesen et al., 2002). For providing scientific guidance for the technical aspects, we consider if the lessons learned from the ecological restoration of freshwater lakes can be applied to the brackish to saline coastal lagoons located at the interface between the land and the sea. A general model of alternative stable states was developed originally for shallow freshwater lakes (Scheffer et al., 1993), with a transparent water state dominated by submerged aquatic vegetation (SAV) and a turbid state dominated by phytoplankton. Hence, here we evaluate whether this model can also be applied to shallow coastal lagoons. In addition, we consider the sediment compartment as a possible internal source for nitrogen and phosphorus that could retard the oligotrophication process as has been observed in shallow freshwater lakes (Marsden, 1989; Søndergaard et al., 2003; Jeppesen et al., 2005). We report the different approaches for coastal lagoons in the WFD and the Habitats Directive and discuss the challenges faced by the managers of these ecosystems to cope simultaneously with the requirements of both directives. Concerning the social aspects, we study whether the normative approach for water quality imposed by the WFD is accepted by the local populations and stakeholders by studying their perceptions of water quality and their preferences for ecosystem services.



STUDY SITES AND METHODS

The study sites comprise the shallow coastal lagoons (average depth <2 m, surface >50 ha) along the Mediterranean coastlines of continental France and the island of Corsica, which are shown in Figure 2. Deeper coastal lagoons (average depth >2 m, in gray in Figure 2) have been excluded from this analysis as deeper water bodies show different ecological structure and functioning. In addition, deep lagoons are often complex systems comprising both shallow and deeper parts that may interact in a complex way. The terminology based on their salinities follows the Venice System (1958) and was described based on monitored salinity values in Le Fur et al. (2018). The shallow lagoons in Figure 2 cover 396 km2. Coastal lagoons occupy about 50% of the coastline along the Gulf of Lion, are numerous in the delta of the Rhône River and less common on the Côte d’Azur. In Corsica, coastal lagoons are located on the Eastern littoral facing the Tyrrhenian Sea.
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FIGURE 2. Distribution of coastal lagoons, recognized for the WFD implementation in France, along the Mediterranean coastlines of continental France and the island of Corsica. In gray: deep lagoons (>2 m) not considered in this study. In blue: shallow (<2 m) oligohaline lagoons; in green: shallow (<2 m) mesohaline lagoons; in red: shallow (<2 m) poly- and euhaline lagoons. Triangles represent main urban centers (>40,000 inhabitants) in the proximity of the coastal lagoons.


Coastal lagoons are characterized by permanent or temporary connections with the adjacent sea, via one or several inlets (Kjerfve, 1994). Today, very few of the shallow lagoons shown in Figure 2 have natural moving inlets (i.e., La Palme, Ayrolle, Biguglia), which only for La Palme lagoon close off completely every year (Larue and Rouquet, 2016). The natural inlet of Biguglia also tends to fill in, although it is regularly dredged to keep a permanent connection with the sea. In many cases, inlets have been modified by humans by construction of hard-substrate artificial inlet banks and are being dredged regularly. This has fixed the locations of the inlets and resulted in a permanent connection of the lagoons with the sea. In some areas artificiality is even more striking. Some of the permanent lagoons in the deltaic setting have been separated from the sea several km’s by the progression of the delta; the connections with the sea are maintained through artificial canals (Scamandre, Crey, Charnier) or through a wetland complex protected by a dike (Vaccarès). The Palavas lagoon complex (PLC) (in French: complexe lagunaire Palavasien) close to the city of Montpellier currently comprises eight lagoons (Ingril Nord, Ingril Sud, Vic, Pierre Blanche, Prévost, Arnel, Méjean, Grec) that have been created through the compartmentalization of the original “lagune de Mergueil.” The creation of the Rhône-to-Sète canal since the 18th century has separated four permanent lagoons (Ingril Nord, Vic, Arnel, Méjean) from the coastline and exchanges of these lagoons with the sea occur through this canal.

To address the questions listed in Figure 1 and described in section “Introduction” we use a combination of studies. The natural science information in this article is based on reviewing and synthesizing our previous studies (see Table 1), literature review including some gray literature that has been complemented with some additional unpublished data from three Ph.D. thesis (Leruste, 2016; Le Fur, 2018; Sy, 2019) and additional monitoring data from monitoring programs extracted from the French data bases “Banque Hydro1,” Naïade2, and “Surval,” which among others hosts the data of the Réseau Suivi Lagunaire (RSL) monitoring program (Ifremer3). In the RSL, the total Nitrogen (TN) and Total Phosphorus (TP) data of the top 5 cm of the sediment (sampled at 6-year intervals) were expressed as N and P contents in g/kg dry weight of sediments. Due to variable water contents and densities of the sediments it is not possible to convert these values to an aerial basis. These values were converted to mmol/kg for a stoichiometric analysis.


TABLE 1. Scientific papers used to synthesize and review the information, which served to create the knowledge base about eutrophication gradients and oligotrophication trajectories in shallow Mediterranean coastal lagoons in South France.

[image: Table 1]The question of the congruencies between WFD and Habitats directives has been based on analysis of legal texts and technical documents of the European Commission. In addition to the previous studies on citizens and stakeholder perceptions and opinions reviewed in this article, it also includes new results from citizen workshops organized in 2017 and 2018 at two different places in the eastern and western vicinity of the PLC. Forty-three randomly selected citizens working or recreating in both parts of the lagoon complex participated in the workshops (see Supplementary Tables S1, S2 for details of the survey). The methodology was based on Sy et al. (2018) using Q-method to analyze consensus and diverging preferences of local citizens for ecosystem services provided by these lagoons. The results obtained for the citizens were compared with those obtained for the highly involved stakeholders (Sy et al., 2018).



RESULTS AND DISCUSSION


Concept of Ecological Restoration in the Frame of the WFD

Ecological Restoration is a human action focused on degraded ecosystems that can thus be taken into account by the DPSIR framework, as this framework aims at analyzing the interactions between humans and ecosystems. Accordingly, ecological restoration should be considered as a Response (see Figure 3). In general, responses in DPSIR can potentially target D (drivers), P (pressures), S (state), and I (impact), although for ecological restoration it is clear that drivers and impacts are not really pertinent targets. Acting on major drivers is beyond the scope of action for ecological restoration sensu stricto; i.e., increasing urbanization and intensification of agriculture are drivers that could potentially be changed by spatial planning and agricultural policies, respectively, but not directly by ecological restoration. As ecological restoration has the ambition to repair degraded ecosystems it does not make sense to target the impacts; this would correspond to combating the symptoms and thus completely neglects the major objectives set for ecological restoration. Hence, ecological restoration could target the P (pressures) and the S (state).
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FIGURE 3. Placing the Ecological Restoration practice in the D (drivers), P (pressures), S (state), I (impact), and R (response) framework. Accordingly, Ecological Restoration clearly is a societal response that targets 1) reducing the pressure on the ecosystem and 2) interfering directly with the ecosystem state through eco-engineering.


For the problem of eutrophication of coastal lagoons, the pressure corresponds most often to nutrient over-enrichment mainly caused by nutrient loadings from their watershed. Hence, targeting the pressure thus corresponds to reducing the nutrient loading into the coastal lagoons. This action induces the reverse of eutrophication, i.e., oligotrophication. However, there is some debate about terminology, e.g., the term re-oligotrophication has been coined to describe the trajectories for lakes (Jeppesen et al., 2002) and coastal lagoons (Le Fur et al., 2019). This latter term seems to imply that the eutrophied systems were originally oligotrophic and that the trajectory should lead to full oligotrophic conditions. As not all coastal lagoons were originally oligotrophic (Nixon, 2009), it is preferable to use the more neutral term oligotrophication, which designates a process of moving toward more oligotrophic conditions. Moreover, in some cases the term de-eutrophication has been used.

An example of targeting the state (Figure 3) is seeding or planting marine angiosperms (Orth et al., 2012, MEPS thematic section, Van Katwijk et al., 2016), which are indicator species for good ecological conditions in coastal lagoons. Nevertheless, it is obvious that such eco-engineering activities alone without tackling the pressures on the system is not sustainable and would most likely result in failure in the short or mid-term (Van Katwijk et al., 2009; Cunha et al., 2012), a conclusion that has been confirmed in a recent study (Van Katwijk et al., 2016). We differentiated between passive and active ecological restoration (De Wit et al., 2017). Accordingly, passive ecological restoration is defined by action focused on reducing and combating the pressure (1 alone in Figure 3) and relies on the spontaneous ecological processes in the ecosystem for a trajectory toward improved conditions. Active ecological restoration implies a combination of reducing the pressure on the ecosystem in conjunction with eco-engineering in situ to improve the state of the ecosystem directly. A pertinent example for active ecological restoration in coastal lagoons is to combine a reduction of nutrient loading with seeding or planting marine angiosperms.

Figure 4 is the conceptual presentation derived from restoration ecology (Clewell and Aronson, 2013) that can be used as a roadmap and has been adapted to accommodate the specific requirements of the WFD. In the WFD, ecological status is measured using indicators and calculated as an ecological quality ratio (EQR; Zaldívar et al., 2008), with EQR being equal to one for the reference state. Hence, the EQR measures the deviation from reference conditions. The reference state is then taken as the ideal target for the ecological restoration, which is considered according WFD as high ecological quality status. Nevertheless, the WFD is flexible and for achieving the target allows “low levels of distortion resulting from human activity,” which “deviate only slightly from those normally associated with the surface water body type under undisturbed conditions” (WFD, Annex V) and ecological quality status are characterized as good for these conditions. Hence good or high ecological status correspond to the “Desired state” of the system that should be achieved in the future before a given deadline. After reduction of the pressure it is presumed that the system will move gradually toward this desired state, probably passing through one or multiple transient states. The recovery can be speed up by combining the reduction of the pressure with additional eco-engineering measures. The trajectories in the context of this study correspond to the different oligotrophication trajectories for the different scenarios. Hence, scientific knowledge of oligotrophication processes in coastal lagoons is of paramount importance for managers.
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FIGURE 4. Roadmap for ecological restoration applied in the frame of the WFD. The ecosystem states are characterized by a set of biological quality elements (BQE, e.g., phytoplankton, macrophytes) used as indicators and expressed as an Ecological Quality Ratio (EQR) represented on the Y-axis, with their qualifications for the corresponding ecological status (color coding). A historical ecosystem state not impacted by human pressures is taken as the reference condition for the ecological restoration. The WFD allows a small deviation from these reference conditions by targeting good or high ecological status for the Desired State of the coastal lagoons. After reduction of the pressure it is presumed that the degraded ecosystem (in the example currently in bad ecological status) will move gradually toward the Desired State, probably passing through one or multiple transient states (passive restoration). The recovery can be speed up by combining the reduction of the pressure with additional eco-engineering measures (active restoration, cf. Figure 3).




Can Scientific Knowledge of Eutrophication and Oligotrophication Trajectories in Mediterranean Coastal Lagoons Be Used to Provide Guidance for Ecological Restoration Actions?


Nutrient Loading Into Coastal Lagoons

In general, the demographic developments in the coastal zone since the 1950s and the resulting increased urbanization with insufficient sanitation and sewage treatments were the main drivers for the nutrient over-enrichment in the shallow coastal lagoons, particularly for those close to the cities of Montpellier, Narbonne, and Perpignan (cf. Figure 2). The urbanization to the south of Bastia accelerated later and particularly increased during the first decade of the 21st century (Pasqualini et al., 2017). Subsequently, action has been undertaken in these areas to reduce the nutrient loadings by improved sanitation (Leruste et al., 2016; De Wit et al., 2017; Pasqualini et al., 2017; Derolez et al., 2019; Le Fur et al., 2019). The case of the PLC is described in more detail. In the coastal lagoons of this complex, the bulk of the nutrient inputs originated from the urban waste-water treatment plant (WWTP) of the Montpellier agglomeration that discharged its effluents in the Lez River. As a result, most nutrients entered these lagoons via the Lez River and the Rhône-to-Sète canal. In 2005, a major investment was realized of 150 Million€ to upgrade the waste-water treatment facility in Montpellier, and create an off-shore outfall (Leruste et al., 2016; De Wit et al., 2017). All eight lagoons of the PLC benefited from this investment. In 2009, the WWTP of the city of Palavas (a smaller facility) was connected to the main WWTP in Montpellier, which resulted in an additional major reduction of nutrient loading into the Grec lagoon (Le Fur et al., 2019).

The annual fluxes of N and P carried by the Lez River are presented in Figure 5. This complete charge does not enter the lagoons as part flows through the river mouth directly into the Mediterranean Sea. Nevertheless, the Lez River represent the major tributary to the coastal lagoons of the PLC and this Figure 5 gives therefore a good indication of the nutrient enrichment pressure on the system. From the Lez River, some water directly leaks into the Méjean and Arnel lagoons, but most enters the lagoons through the Rhône-to-Sète canal. As a result, the lagoon complex showed in the early 2000s an interesting gradient ranging from hypertrophic conditions in the lagoons close to the intersection of the Lez River and the canal to mesotrophic conditions in the two Ingril lagoons located farthest away (Bec et al., 2011; Souchu et al., 2010; Leruste et al., 2016; De Wit et al., 2017). Comparing the periods before (2003–2005) and after (2007–2012) showed decreases of 75 and 87% of total N and P, respectively (see Figure 5). Considering all other sources together with the major contribution from the Lez River it has been estimated that the intervention resulted in a reduction of the nutrient loadings from the watershed into the PLC of 83 and 73%, for total N and total P, respectively (Meinesz et al., 2013). Moreover, in the Lez River there was a strong shift in the relative proportions of NH4+ and NO3–, with NH4+ representing 79 and 20% of dissolved inorganic nitrogen (DIN), before and after, respectively. Before, organic nitrogen, i.e., the sum of dissolved and particulate organic nitrogen (DON and PON, respectively), represented 23% of total N and dropped to virtually 0 after the intervention (Figure 5).
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FIGURE 5. Annual fluxes of N and P compounds in the Lez River. Values can be read on both scales (left in millions of mols/year; right in metric tonnes/year for N and P, respectively). Source: “Banque Hydro” and “Naïade” (réseau de données eaufrance, DCE).




What Can Be Learned From Shallow Lakes for Succession Patterns of Primary Producers in Mediterranean Coastal Lagoons?

Decades before tackling the eutrophication problems in coastal lagoons, the ecological restoration of aquatic systems started with the oligotrophication of shallow freshwater lakes. Therefore, it is inspiring to review freshwater lake oligotrophication and tempting to use it as a guideline for the ecological restoration of coastal lagoons. Scheffer (2001) stated “Ponds and shallow lakes can be very clear with abundant submerged plants, or very turbid due to a high concentration of phytoplankton and suspended sediment particles.” This statement has been related to the alternative stable state theory (Scheffer et al., 1993). Accordingly, two attractors exist for these type of ecosystems, i.e., the SAV stable state attractor and the turbid stable state attractor, which dominate at very low and very high nutrient loadings, respectively. At intermediate nutrient loadings both attractors coexist and mathematically the ecosystem shows these two alternative stable states, which are each stabilized by a mixture of positive and negative feedback loops (Scheffer et al., 1993). Hence, a window of environmental conditions exists with alternative stable states in these aquatic ecosystems, where the actually occurring ecosystem state depends on the history of the system. Following the Scheffer model for shallow lakes, for environmental conditions within the window, the system can remain in the SAV state during increasing eutrophication until it reaches a critical turbidity, which is imposed by the minimum light requirements for growth and survival of the SAV. Above this threshold, the aquatic ecosystem shows a forward regime shift toward the turbid state. On the other hand, when nutrient loading is reduced in a turbid eutrophic lake, the system remains in the turbid state until the phytoplankton densities have decreased to such low values with a corresponding turbidity below the threshold. Hence, the model provides one possible explanation for hysteresis during eutrophication/oligotrophication trajectories. In addition, it can predict vulnerability of ecosystems states to perturbation, as for conditions within the window of two alternative stable states a perturbation may act to induce a regime shift (Beisner et al., 2003), e.g., a perturbation that causes a sudden die-back of SAV could result in a regime shift into the turbid state.

We may now ask the question, whether these two attractors and corresponding ecosystem states also exist for coastal lagoons? In general, the above-mentioned statement of Scheffer (2001) is pertinent for coastal lagoons as well. The clear water SAV dominated state in eu- and polyhaline lagoons is found under oligotrophic conditions and corresponds to the marine angiosperms, Zostera noltei Hornemann, 1832, Ruppia cirrhosa (Petagna) Grande, 1918, Ruppia maritima Linnaeus, 1753, Cymodocea nodosa (Ucria) Ascherson, 1870 and some slow-growing perennial macroalgae as e.g., Acetabularia acetabulum (Linnaeus) P. C. Silva, 1952, and Valonia aegagropila C. Agardh, 1823 (Le Fur et al., 2018, 2019). On the other hand, the highly turbid state is characterized by dense phytoplankton blooms often dominated by small phytoplankton (Bec et al., 2011; Leruste et al., 2016), belonging to picophytoplankton (<3 μm size; Bec et al., 2011) and ultraphytoplankton (>3 μm and <5 μm size; Li, 1995), with Chlorophyll a (Chl a) concentrations that may achieve several hundreds of mg/m3. Clear examples of the latter are Or lagoon and before 2005 Méjean lagoon as well. Both ecosystem states have similar positive and negative feedback loops as those observed for their freshwater counterparts that stabilize these ecosystem states (Maxwell et al., 2017; Le Fur et al., 2019).

The succession patterns of primary producers with increasing eutrophication in Mediterranean coastal lagoons (Le Fur et al., 2018) are different from that of freshwater lakes. Accordingly, Le Fur et al. (2018) observed that poly- and euhaline lagoons follow the same general pattern as described by Schramm (1999) for the shallow coastal zone; i.e., with increasing eutrophication four stages have been observed, comprising successively (i) healthy marine angiosperms and perennial macroalgae, (ii) declining angiosperms with increasing loads of epiphytes, (iii) opportunistic macroalgae, and (iv) phytoplankton and bare non-vegetated sediment. In contrast, oligohaline coastal lagoons are dissimilar, because no blooms of macroalgae do develop. Hence, shallow oligohaline coastal lagoons are more similar to freshwater lakes. The dominant SAV in the Mediterranean oligohaline lagoons are charophytes and the angiosperm Stuckenia pectinata (Linnaeus) Börner, 1912 (formerly Potamogeton pectinatus). The latter species form long stems allowing an important proportion of its leaves to float at the surface of the water. This way, this species escapes from competition with planktonic algae for light. Mesohaline coastal lagoons are intermediate between the oligohaline on one side and the poly- and euhaline lagoons on the other side. As in poly- and euhaline lagoons, opportunistic macroalgae develop at intermediate eutrophication levels. On the other side, Ruppia species are characteristic angiosperms in mesohaline lagoons, which like S. pectinata form long stems with floating leaves (Le Fur et al., 2018).

In conclusion, in meso-, poly-, and euhaline lagoons, the Scheffer model for shallow freshwater lakes is not directly applicable as a third group, i.e., opportunistic macroalgae, can dominate primary producer communities and as a rather persistent community represent a third stable state in addition to the angiosperms and planktonic algae stable states. By comparison, the stage of declining angiosperms with increasing loads of epiphytes appears as a transient state, that is not stable because the developing epiphytes weaken their own support. It thus appears that the opportunistic macroalgae occupy a niche in the window where bistability of the two end members could occur. However, so far no clear mathematical analysis allows to determine whether the opportunistic macroalgal states completely overrules the theoretical window of bistability, or whether multiple stability domains exist in coastal lagoons. Increasing eutrophication in these coastal lagoons is correctly characterized by regime shifts according to the Schramm scheme (Le Fur et al., 2018). Nevertheless, threshold effects and regime shifts do not necessarily imply multiple stable states, as very steep but continuous shifts in equilibrium states are also possible (Petraitis and Hoffman, 2010). Viaroli et al. (2008) suggested two possible mechanisms for the regime shift from angiosperms to floating macroalgae, i.e., either as the conventional mechanism based on continuous shift or on a so-called dynamic shift implying a domain of bi-stability. One conclusion from their work, i.e., “The alternative states which occur through the transition from pristine to modified primary producer communities can also be viewed as a sequence of stable states…….” (Viaroli et al., 2008) is a bit ambiguous in this respect. We think that modified primary producer communities along eutrophication gradients in coastal lagoons should indeed be viewed as a sequence of stable states, but that it remains so far, uncertain whether these represent continuous shifts in equilibrium states or whether it hides multiple stable state domains.



Oligotrophication Trajectories

Eight-year to seventeen-year time series from monitoring programs have been used to study the oligotrophication trajectories in the French Mediterranean coastal lagoons, which allowed to make comparisons before and after nutrient reduction measures (Leruste et al., 2016; Derolez et al., 2019; Le Fur et al., 2019). In addition, a longer time series of more heterogeneous observations was available for Biguglia lagoon (Pasqualini et al., 2017). The monitoring effort was concentrated during summer and based on three samplings in June, July, and August, successively. Water column variables, including nutrients (NO3–, NO2–, NH4+, PO43–, silicates), TN, TP, Chl a, and the pico- and nanophytoplankton cell abundances in 16 lagoons, including shallow and deeper lagoons, have been analyzed by a between-station principal component analysis (PCA). The trajectories of 14-year time series for some selected stations in shallow lagoons (Ayrolle, Bages, Méjean) have been plotted in the PCA plane (Derolez et al., 2019). The first axis of this PCA, which explained 81% of the variation, correlated mainly with Chl a, TN, TP, and dissolved inorganic phosphorus (DIP, i.e., PO43–), and was clearly interpreted as the main eutrophication axis. The second axis (11% of variance explained) was correlated to DIN. The station in Méjean lagoon, which was hypertrophic before 2005, moved toward oligotrophy, although it was still eutrophic in 2014. The station in Bages, which was eutrophic before 2004 also moved toward oligotrophy, albeit less abruptly than the station in Méjean. It was concluded that integrative water column variables (Chl a, TN, and TP) recover quickly, i.e., within 1–3 years after nutrient reduction measures (Derolez et al., 2019).

Changes in phytoplankton communities following nutrient reduction measures were studied for the coastal lagoons of the PLC (Leruste et al., 2016). The Chl a concentrations in the hypertrophic Méjean were 185 ± 131 μgL–1 before and dropped on average by one order of magnitude after the nutrient input reduction (cf. Figure 5), with a concomitant drop of autotrophic picoeukaryotes cell numbers. There was a shift from small diatoms that still dominated in 2006 to green algae. The other lagoons of the PLC also showed significant decreases in Chl a after nutrient input reduction and increases in the proportions of peridin-containing dinophytes (Leruste et al., 2016), probably related to their mixotrophic capacities (phagocytosis and osmotrophy). Oligotrophication in shallow freshwater lakes also results in a drop of Chl a concentrations and phytoplankton abundance with the species composition shifting toward diatoms, cryptophytes and chrysophytes (Jeppesen et al., 2005). It has been observed that summer phytoplankton communities in the Mediterranean coastal lagoons in South France are clearly limited by P under oligotrophic conditions and with increasing eutrophication level change through P/N co-limitation to N-limitation (Souchu et al., 2010). It appears that this tendency is maintained during the oligotrophication trajectories and perhaps even strengthened. Hence, during the summer of 2014, bioassay experiments showed that the phytoplankton community in Méjean lagoon was clearly N-limited. The ambient concentrations of DIN and DIP were around 1 and 2.5 μM, respectively, showing excess of DIP. In contrast, a co-limitation by N and P was observed in the eutrophic Biguglia, the mesotrophic Ingril and the oligotrophic Ayrolle lagoons (Figure 2); the latter was studied for comparisons. In the PLC, the phytoplankton communities of the Ingril and Méjean lagoons strongly responded to the experimental nutrient pulses, suggesting that despite their oligotrophication trajectories, these lagoons were still vulnerable to occasional eutrophication events (Leruste et al., 2019a, b).

The impact of the oligotrophication process on the macrophyte assemblages was studied in 21 poly- and euhaline lagoons, by comparing the taxonomic composition of the macrophytes sampled at different stations in the lagoons with variables characterizing the water column using 17 years of observations (Le Fur et al., 2019). The observations were again restricted to the summer period. The data comprised a series of paired data tables, i.e., for species and the other for the water column environmental conditions. Two axes were considered for the multivariate analysis (STATICO factor map); the first axis (88.5% of total variability explained) correlated with Chl a concentrations, turbidity, TN and TP, and was again interpreted as the main eutrophication axes. The second axis (9.5% of total variability explained) correlated with DIN and DIP concentrations. A general scheme was inferred for the changes in macrophyte assemblages during the oligotrophication process. Hence, when placing hypertrophic and oligotrophic conditions end to end, the oligotrophication trajectories were described by a sequence of three ecosystem states dominated by (i) phytoplankton with bare non-vegetated sediments, (ii) opportunistic macroalgae, (iii) seagrass and perennial macroalgae, punctuated by regime shifts between these ecosystem states. The regime shift from the phytoplankton-dominated state to opportunistic macroalgae was observed in Méjean lagoon, where Ulva rigida C. Agardh, 1823, dominated in 2009 after a strong decrease in Chl a (see above), followed by more diverse communities since 2012 with among others different Gracilaria spp. and Chaetomorpha aerea (Dillwyn) Kützing, 1849. However, during the 10-year period following the reduction of the nutrient loading, Méjean lagoon did not achieve the oligotrophic state dominated by seagrass and perennial macroalgae (Le Fur et al., 2019).

Interestingly, for primary producers, the oligotrophication trajectories in poly- and euhaline lagoons appear as the inverse of the eutrophication trajectories (cf. above, Schramm, 1999), with the exception of the transitional state occurring during eutrophication of angiosperms perishing under a high coverage of epiphytes. Again, during oligotrophication, opportunistic macroalgae, including Ulva intestinalis Linnaeus, 1753, U. rigida, C. aerea, and Gracilaria spp., occupy an intermediate domain between the two end members, i.e., ecosystem states dominated by (i) phytoplankton and (ii) seagrass and perennial macroalgae, at the hypertrophic and oligotrophic extremes, respectively. We have assumed that these three ecosystem states are the result of attraction basins reinforced by positive and negative feedback loops. Hence, these three attraction basins and the oligotrophication trajectories have been plotted graphically (Figure 6) and compared with the STATICO factor map (Le Fur et al., 2019). Despite representing the hypertrophic state, the attraction basin for phytoplankton-dominated systems is projected at low DIN and DIP levels, related to the high affinity uptake capacities of phytoplankton.


[image: image]

FIGURE 6. Illustration of ecosystem states and regime shifts along oligotrophication trajectories in Mediterranean coastal lagoons. The ellipses represent the three basins of attraction that were identified, i.e., three ecosystem states dominated by (i) phytoplankton with bare non-vegetated sediments, (ii) opportunistic macroalgae, and (iii) seagrass and perennial macroalgae. The small blue spheres represent the different ecosystem states and the stippled lines their trajectory according their chronology. Small pictograms courtesy of the Integration and Application Network, University of Maryland Center for Environmental Science (ian.umces.edu/symbols/). Creative Commons license, reproduced from Le Fur et al. (2019).




Sediment N and P

Figure 7 shows that the sediments of the oligotrophic lagoons La Palme and Ayrolle are characterized by low TP and low TN contents of approximately 7 and 50–80 mmol/kg, respectively. These values are roughly four times higher in the hypertrophic Méjean lagoon. The geometric mean regression shows for the poly- and euhaline lagoons a N/P molar ratio of 19.3, which is close to the Redfield ratio of 16. This suggests that during eutrophication, the sediments become enriched in N and P, probably largely due to the accumulation of organic matter. The regression line shows that on average 5.8 mmol/kg TP is predicted for TN = 0. Hence, even in the absence of organic matter, phosphorus is expected to be present, which can be explained by the presence of inorganic mineral forms like phosphoapatites and P sorbed on iron compounds. Søndergaard et al. (2003) stated that “Internal P loading originates from a pool accumulated in the sediment at high external loading, and significant amounts of phosphorus in lake sediments may be bound to redox-sensitive iron compounds or fixed in more or less labile organic forms.” In addition, the mineralization of the organic matter in the sediment provide inorganic N and P that could sustain a flux of DIN and DIP across the sediment-water interface, which represents thus another internal source for the water column.
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FIGURE 7. Graph of total nitrogen (TN) and total phosphorus (TP) contents of the top 5 cm of the sediments expressed per dry weight (DW) of sediments. Oligohaline lagoons in blue circles, mesohaline lagoons in green squares and poly- and euhaline lagoons in red triangles (cf. Figure 2). A geometric mean regression was calculated for the poly- and euhaline lagoons and depicted as a broken red line (TP = 0.0519 × TN + 5.752 (mol ⋅ kg–1), r = 0.494), corresponding to a N/P molar ratio of 19.27. Codes for sampling stations: AYR, Ayrolle; ARN, Arnel; BAN, Bagnas; PBL, Pierre Blanche; BIG, Biguglia; BOL, Bolmon; CAM, Campignol; CNN, CNS, Canet North and South stations, respectively; GRC, Grec; GRU, Gruissan; INN, Ingril Nord; INS, Ingril Sud; LAP, La Palme; LPS, La Palissade; MARN, La Marette; MED, Médard; MEE, MEW, Méjean, East and West stations, respectively; ORE, ORW, Or East and West stations, respectively; PAL, Palo; PRE, PRW, Prévost, East and West stations, respectively; RHO, Rhône de Saint Romans; SC, Scamandre; VAI, Vaïne; VDR, Vendres.




Coastal Lagoons in the Habitats Directive and Links With WFD Approaches

The scientific literature about coastal lagoons in Europe comprises numerous studies on the implications of the WFD, but to our knowledge very few studies have assessed the consequences of its co-implementation with the Habitats and Birds Directives for these ecosystems. While the WFD explicitly links the WFD with the Habitats and Birds Directives (WFD, Annex VI) in common day practice, coastal lagoon managers in the EU are systematically confronted with co-implementation of WFD and Habitats Directive, in some cases even together with the Birds Directive.

Coastal lagoons are considered in the WFD as transitional water bodies (TWB) together with river mouth ecosystems (water bodies in estuaries and deltas). For the WFD application in the French Mediterranean water basin, the coastal lagoons are considered as a subcategory within TWB, i.e., Mediterranean lagoons, which are non-tidal or nano-tidal. Moreover, the “Comité de Bassin Rhône Méditerranée” decided in 2009 to exclude ephemeral coastal lagoons as well as permanent coastal lagoons smaller than 50 ha. The Habitats Directive recognizes coastal lagoon as a priority habitat 1150, which has been defined (European Commission DG Environment, 2013) as “expanses of shallow coastal salt water, of varying salinity and water volume, wholly or partially separated from the sea by sand banks or shingle, or, less frequently, by rocks. Salinity may vary from brackish water to hypersalinity depending on rainfall, evaporation and through the addition of fresh seawater from storms, temporary flooding of the sea in winter or tidal exchange. With or without vegetation from Ruppietea maritimae, Potametea, Zosteretea, or Charetea (CORINE 91: 23.21 or 23.22).” The latter are vegetation units defined by phytosociology. Hence, the coastal lagoons listed in Figure 2 all belong to the priority habitat 1150 of the Habitats directive and have been included in Natura 2000 sites. In France, many temporal saline ponds along the Mediterranean coastline have also been included in the priority habitat 1150. In some cases, the temporal ponds are coastal lagoons according the definition of Kjerfve (1994), i.e., with a temporal inlet connecting with the sea. In such cases, during summer the inlet closes and the lagoon dries out completely. However, many of the temporal ponds that function as endorheic systems without direct connection to the sea, have also been included in habitat 1150. Nonetheless, such an approach is fully acceptable according the Interpretation Manual of European Union Habitats – EUR28 (European Commission DG Environment, 2013) as “the salt basins and salt ponds may also be considered as lagoons, providing they had their origin on a transformed natural old lagoon or on a saltmarsh, and are characterized by a minor impact from exploitation.” Many of the former salt-ponds in abandoned Salinas typically represent such a case (De Wit et al., 2019). In the PLC two Salinas have been abandoned, i.e., the Salins de Frontignan and Villeneuve, which have been included as peripheral wetlands in the Natura 2000 site of the “etangs Palavasiens” (FR9101410). In the Mediterranean climate, these temporal ponds are typically filled with water from rain and run-off after heavy rainfall in autumn and tend to dry out during late spring or the summer period. The salinity of the ephemeral water column, which originates in the endorheic systems from dissolving the salt in the soils, varies strongly during the year. The aquatic plants in these ephemeral ponds comprise species of the association of the angiosperm Althenia filiformis Petit, 1928 and the charophyte Lamprothamnium papulosum (K. Wallroth) J. Groves, 1916.

The Natura 2000 network is a network of protected areas designated according the Habitats directive [Site of Community Interest (SCI)] and the Birds Directive [Special Protection Areas (SPA)]. The member states have an obligation to report on the conservation status of habitats within Natura 2000 sites. It is a major challenge to combine the management and surveillance monitoring for the “ecological status” according the WFD with that for the “conservation status” of habitats and species according the Habitats Directive and extent these to the temporal lagoons.



Communication With Coastal Lagoon Stakeholders, Their Values, Perceptions, and Opinions

The normative approach of the WFD is based on the use of EQRs calculated for different biological quality elements (BQE, e.g., phytoplankton, macrophytes). Based on the EQR values classes are attributed using the qualifications Bad, Poor, Moderate, Good, and High, based on the deviation from the reference state corresponding to conditions of minimal anthropogenic impact. However, an aggregated qualification is attributed based on the principle “one out all out,” which means that the BQE with the lowest EQR determines the overall EQR and quality class, thus overruling all the others.

These aggregated qualifications are often restituted to the managers, policy makers and general public by using a color code. Accordingly, Figure 8 presents the color coding for the ecological status of the water column in the PLC restituted every year by the Lagoon monitoring network “RSL” (IFREMER, 2014).
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FIGURE 8. Color coding restitution of water quality by the Lagoon Monitoring Network for the lagoons of the PLC from 1999–2013 (Figure designed using Tableau 11.2, page 175 of IFREMER, 2014, Courtesy Ifremer).


Figure 8 shows that in general the water quality has improved from 2000 to 2013 for the lagoons of the PLC, although in 2013 only two (Ingril Nord and Ingril Sud) of eight lagoons had achieved “good” ecological status for the water column, while the rest was reported as poor or moderate. Social representation of water quality by the local populations was identified and compared to the water quality assessment carried out according to the French surveillance monitoring system (Audouit et al., 2019). More than half of the interviewees in the PLC considered water quality as moderate (40%) or good (26%). In 2013, only Ingril Nord and Ingril Sud lagoons were in a good status. Hence, social representation gave a higher score than the surveillance monitoring. Partly this difference could be attributed to the conservative scoring used in the WFD based on the principle “one out all out” (Audouit et al., 2019). Nevertheless, both the surveillance monitoring and the social perception of water quality explain a perception in society of the failure of achieving WFD goals for a large number of coastal lagoons. Interestingly, the social representation of the biodiversity of the coastal lagoons was much more positive than that of water quality, with 40% valuing as high and 40% valuing as good for the lagoons of the PLC. In general, interviewees judged that the current situation was better than in the past (Audouit et al., 2019), meaning that some positive impact of public policy and management has been perceived by the general public.

The lack of full restoration of water quality and of other aspects for qualifying as good ecosystem state (e.g., benthic macrophytes) raised the question whether the reduction of the nutrient loading should not be combined with additional eco-engineering measures (cf. Figures 3, 4, active restoration). Therefore, the hypertrophic Méjean and the mesotrophic Ingril Sud lagoons were compared. While it was considered that Ingril Sud lagoon was already on a trajectory for spontaneous recovery after the nutrient reduction (passive restoration), additional measures for active restoration were considered for Méjean lagoon. These measures comprise a first phase based on collection of macroalgae and their exportation from the lagoon followed by a second phase based on planting marine angiosperms. Based on these suggestions, four scenarios were defined for Méjean lagoon, ranging from passive to a high level of active ecological restoration and questionnaires were designed for residents and tourists and face-to-face interviews were performed. More than 85% of both residents and tourists expressed that they have a positive perception of the ecological and societal importance of coastal lagoons and of their ecological restoration. A willingness to pay for active restoration (i.e., additional costs for the eco-engineering measures on top of the 150 Million€ engaged for the improvement of the water quality, see above) was expressed by 70 and 60% of the resident and tourists’ respondents, respectively. The residents were willing to pay each about 25€ a year for the highest level of ecological restoration and willing to allocate a much smaller amount of about 5€ for the improvement of the infrastructure for visiting the site (De Wit et al., 2017).

The study of how stakeholders perceive ecosystem services of coastal lagoons and how they value them it is important to understand the benefits people obtain from these ecosystems and get insights on their expectations for the future. Hence, such an assessment of ecosystem services is very instrumental for ecological restoration projects to assess whether the project corresponds to the expectations and perceptions of the stakeholders. Monetary valuations of ecosystem services may present an obvious advantage for ecological restoration projects as it allows a straightforward cost-benefit analysis (De Groot et al., 2013; De Wit et al., 2017). Nevertheless, monetary approaches can be problematic when working with stakeholders as most of the ecosystem services provided by the coastal lagoons areas are non-market services and, stakeholders in general, tend to reject the monetary approaches. Therefore, we turned to non-monetary approaches and used the Q-method (Sy et al., 2018), which is based on a serious card game that allows to capture levels of consensus and divergence among participants. Thirty-one ecosystem services provided by the lagoons were selected by a focus group (see Table 2) and highly involved stakeholders were asked to rank these ecosystem services. The highly involved stakeholders were characterized by their strong involvement in following the management process and many of them were members of the Natura 2000 committee. They were grouped in seven categories, i.e., local government, private sector, NGOs, scientists, public and para-public sectors, managers, and local residents. Statistical analysis was improved by bootstrapping in order to obtain additional and more detailed measures of variability and thus help to better understand the data and the outcomes. Accordingly, three groups of these stakeholders, each sharing similar point of views the group, were extracted (Sy et al., 2018). Here, we complement this study with new data obtained through citizen workshops for local citizens (see Supplementary Table S2 for their sociodemographic composition). These local citizens can thus be considered as less-involved stakeholders (e.g., García-Nieto et al., 2015).


TABLE 2. Modified from Sy et al. (2018).

[image: Table 2]Forty-three citizens actively participated in these citizen workshops and completed the Q-method ranking of the same 31 ecosystem services (Table 2), ranked earlier by the highly involved stakeholders (Sy et al., 2018). The analyses again extracted three different groups which are listed in Table 3 with their most salient results (more detail in Supplementary Figures S1, S2). All three groups attributed high level of priority to regulation and maintenance services. Consensus among these citizens was particularly striking for providing protection against flooding and other extreme natural events. Biodiversity and nursery, water purification capacity and microclimate regulation were among the top of priorities for two or one of the groups, but the overlapping variability of the bootstrapped estimates indicated still a certain degree of consensus of their importance. There was also consensus on the most unimportant side, which was most likely based on mere rejection, i.e., for camping. Two of the three groups also seemed to reject waterfowl hunting. Group #1, which gave an absolute priority to regulation and maintenance services, was quite similar to the preferences of group #2 of the highly involved stakeholders of the PLC, characterized as “environmental and territorial approach” (Sy et al., 2018). Group #2 had a clearly naturalist profile, giving among the regulating services the highest priority to biodiversity and nursery services with strong preferences for cultural services as bird watching and esthetic value of species and habitats. This result was rather similar to group #1’s preferences (“environmental and hedonic vision” identified for the highly involved stakeholders (Sy et al., 2018). The hedonist aspect is also reflected by the importance group #2 attached to the sentiment of relaxation. A very small group #3 comprising only four persons, among which three from the eastern part of the PLC, was atypical, because it valued two provisioning services very high, i.e., (i) shellfish farming, developed in the Prévost lagoon and (ii) commercial inland navigation, related to traffic on the Rhône-to-Sète canal running through the lagoon complex. This group was hardly interested in naturalistic aspects, although it valued the esthetic value of the landscape very high. Perhaps this is related to a sensitivity for heritage aspects.


TABLE 3. Most salient results from analyzing the Q-sorts of the 43 participants in citizen workshops.
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GENERAL DISCUSSION AND SYNTHESIS

Restoration ecology of coastal lagoons should integrate solid knowledge of the biodiversity of the communities and ecosystem functioning. But, as it studies a human activity, i.e., ecological restoration, we argue that it should also take into account the pertinent aspects of legislation, as well as socio-economic aspects concerning perceptions by local stakeholders and their expectations for the future desired state of the ecosystems. Hence, restoration ecology, in addition to sound ecological knowledge, thus has to establish multidisciplinary collaborations with social sciences. In this study, we analyzed by such an integrated multidisciplinary approach, the practice of ecological restoration to combat eutrophication, which has been achieved by reducing the external nutrient loading to shallow Mediterranean coastal lagoons in South France. This action has resulted in oligotrophication of formerly eutrophied coastal lagoons.

When the reduction of nutrient loadings to shallow coastal lagoons was initiated in the early 2000s through the WFD, little scientific knowledge was available for predicting the ecosystem trajectories of shallow coastal lagoons during oligotrophication and ideas were inspired by the experience obtained for the oligotrophication of shallow freshwater lakes that had been initiated two decades earlier. The experience in South France was followed by intensive surveillance monitoring (RSL) and scientific studies (cf. Table 1) focused on improving the understanding of the eutrophication (Souchu et al., 2010, Bec et al., 2011; Le Fur et al., 2018) and of oligotrophication trajectories (Leruste et al., 2016; Pasqualini et al., 2017; Derolez et al., 2019; Le Fur et al., 2019). From this we have obtained a large body of understanding and empirical knowledge to guide the ecological restoration practice. We hereby summarize the main findings. Coastal lagoons show similar attractors at both extremes along the eutrophication gradient as described for freshwater lakes (cf. Scheffer, 2001). At the oligotrophic side, shallow poly- and euhaline lagoons show transparent water and are home to meadows of the marine angiosperms, Z. noltei, Ruppia spp. and C. nodosa together with some slow-growing perennial macroalgae as e.g., A. acetabulum (Le Fur et al., 2018). At the hypertrophic extreme, shallow poly- and euhaline lagoons show turbid water with dense phytoplankton (Bec et al., 2011; Leruste et al., 2016). However, in contrast to freshwater lakes, massive blooming of opportunistic macroalgae represents a third ecosystem state in shallow coastal lagoons (Valiela et al., 1997; De Wit et al., 2001; Viaroli et al., 2008; Le Fur et al., 2018, 2019) in between both extremes. The importance of this third attractor, implies that the attractive bistability scheme proposed by Scheffer for freshwater lakes does not apply straightforwardly for coastal lagoons. Nevertheless, for the poly- and euhaline lagoons, oligotrophication trajectories from hypertrophy to oligotrophy have now been described as a sequence from (i) phytoplankton with bare non-vegetated sediments, (ii) opportunistic macroalgae, and (iii) seagrass and perennial macroalgae, punctuated by regime shifts between the ecosystem states (Le Fur et al., 2019). At present, in these systems, it remains unclear whether domains of multiple stable states occur for the eutrophication – oligotrophication pathways or whether all the regime-shifts represent steep but continuous shifts in equilibrium states. The shift from the phytoplankton-dominated state to the macroalgal-dominated state occurs very quickly upon reduction of the external nutrient loading, i.e., within one or a couple of years (Le Fur et al., 2019), and it has been argued that water-column showed little hysteresis (Derolez et al., 2019). In contrast, ten years of oligotrophication of the hypertrophic lagoons did not yet result in the second regime shift from a macroalgal-dominated state into the SAV state (Le Fur et al., 2019), suggesting strong hysteresis for this final part of the trajectory. Such hysteresis may in part be explained by a time lag to re-establish the positive feedbacks (Maxwell et al., 2017) and mutualistic networks (Van der Geest et al., 2020) in the seagrass systems. Another source of hysteresis during oligotrophication may be due to time lags caused by internal loading from the biogeochemical sinks for nutrients accumulated during the eutrophication phase. Indeed, the poly- and euhaline lagoons showed concomitant increase of N and P with increasing eutrophication (see Figure 7) most likely related to the increase of the organic matter content (average N/P molar ratio of 19.3, which is close to the Redfield ratio). Benthic fluxes of N and P need to be measured (Ouisse et al., 2013) to provide more information on the role of internal loading in delaying oligotrophication. Inertia caused by internal loadings have also been described for the oligotrophication of shallow freshwater lakes, although the focus has been on P alone (Jeppesen et al., 2002), while for the lagoons we show that both N and P play a role.

We can conclude that scientific knowledge and empirical observations are nowadays operational for providing guidance for ecological restoration of the poly- and euhaline Mediterranean coastal lagoons. Nevertheless, insufficient knowledge is still available for the oligo- and mesohaline lagoons. The specific behavior of the aquatic angiosperms forming floating leaves (S. pectinata in oligohaline and Ruppia sp. in mesohaline lagoons) has to be taken into account. Another source of problem is the fact that for hypertrophic poly- and euhaline lagoons it is still not possible to predict whether a complete oligotrophication trajectory will occur and how long it may take. Many of these formerly hypertrophic lagoons appear to remain stuck in the macroalgal stage, even after 10 years of oligotrophication. This raises the question whether in such cases, the ecological restoration should become an active approach by combining the nutrient reduction with the active planting and seeding of the angiosperms (Orth et al., 2012; De Wit et al., 2017). Currently, such an approach is undertaken in Venice lagoon (Sfriso et al., 2019).

Ecological restoration is a human activity that is clearly identified as a Response in the DPSIR framework (see Figure 3). The link between DPSIR and ecological restoration has been invoked in studies focusing on the ecological restoration of rivers (Song and Frostell, 2012; Lalande et al., 2014) although their focus has been more upstream underscoring the importance of identifying drivers and pressures for designing ecological restoration rather than analyzing what is actually targeted by the different practices of ecological restoration. Collectively, these studies together with our study highlight the paramount importance of clearly identifying the pressures on aquatic ecosystems and that ecological restoration should target a reduction of these pressures in the first place. Hence improved sanitation and appropriate management of non-point sources of nutrient in watersheds is paramount for the ecological restoration of eutrophied lagoons. Ecological restoration measures only targeting the state of the ecosystems are not efficient without acting on the pressures.

Surveillance monitoring is a key aspect to follow the state of the ecosystem (S in the DPSIR). The principle “one out all out” was designed for surveillance monitoring of the ecological status of aquatic ecosystems in the WFD, particularly to check if a system is and remains in better than moderate, i.e., good or high conditions. The application of this principle is probably a reason why (i) the perception of local populations is more optimistic than that of WFD, (ii) the assessment systems have been judged by 8% of the interviewed managers as “overly strict to define success” (Carvalho et al., 2019), and (iii) it appears as particularly problematic for assessing the impact of specific actions as ecological restoration. For example, it does not identify correctly if variables move in the right direction (the aggregated score only moves until the worst valued has also moved in the positive direction). Thus, the surveillance monitoring that has been used in the frame of the WFD is very conservative and does not give a sufficient indication of minor to major advances in ecological status. Hence, it is important to introduce specific action monitoring for following the impact of ecological restoration that should be designed to detect more responsively (i) whether the ecosystem state moves in the right direction, (ii) identify possible transient states, and (iii) assess whether the different targets for the ecological restoration project have been achieved.

For the conservation and management of coastal lagoons, there is a clear need to study the juxtaposition particularly of the WFD and Habitats Directives, as well as the Birds Directive in some cases. Hence, complementarities and possible incongruences between these Directives should be identified and solutions proposed. For protected areas, the WFD approach has clear advantages with respect to more conventional nature conservation approaches, because it adopts the concept of the aquatic continuum, underscores importance of land-use in the watershed for ecological processes in the lagoon, explicitly considers chemical pollutants and provides a framework that accommodates the concepts of restoration ecology. This approach works well for addressing water quality and the aquatic biota. However, the WFD does not consider the terrestrial habitats as the coastal barrier with beaches and dune systems, the salt marshes and wetlands in its immediate surroundings, as part of the lagoon ecosystem. Moreover, in addition to nutrient reduction targeting oligotrophication, ecological restoration in coastal lagoons includes an array of different actions, e.g., including restoring the freshwater-salt water ecoclines and ecotones through hydrological measures (Yáñez-Arancibia et al., 2013; Feola et al., 2018), restoration of dune vegetation on the coastal barrier (Buisson et al., 2014) and the restoration of meadows of submerged marine angiosperms (Sfriso et al., 2019). In these cases, the Natura 2000 network offers workable sites comprising different habitats to pursue such management actions and the Life program a funding mechanism for ecological restoration demonstration projects. Hence, the ecological restoration projects that are being developed in coastal lagoon territories have to adapt to the Habitats Directive and for the aquatic compartment also to the WFD. This may represent a challenge as in the Habitats Directive, the assessment of the conservation status of priority habitats is very much rooted in phytosociological approaches, and the possibilities offered by more modern ecological approaches like restoration ecology need to be included more explicitly. While, the WFD promotes a highly integrated vision and is explicitly linked to the Habitats Directive, the differences of approaches and implementation by different public bodies in member states can result in rather sectorial approaches. Hence, WFD is not fully congruent with the Habitats Directive as a consequence of different objectives and concepts. Both have their advantages and inconveniences and an intelligent application of both should be based on integrative non-sectorial application of national legislation and pragmatic management. The active restoration of angiosperm meadows and ecological restoration of aquatic connectivity are examples where co-implementation of both Directives is particularly beneficial. We also recommend the integration of some of the valuable concepts of the WFD into the conservation management of temporal and smaller (i.e., in France <50 ha) lagoons requested by the Habitats Directive.

Knowledge of social representation of the ecosystem and perceptions of management actions are of paramount importance for managers engaged in ecological restoration projects. In fact, public understanding and appreciation lead to more legitimate and accepted public policies such as coastal lagoon ecological restoration projects. In contrast, a low level of congruency will imply a high risk of conflict for implementing such policies. Nevertheless, the results of our studies are encouraging as the ecological restoration practice is highly valued by human populations and stakeholders. Stakeholders have a positive perception of the ecological and societal importance of coastal lagoons and of the need of their ecological restoration, i.e., more than 85% of both residents and tourists close to Montpellier expressed this point of view (De Wit et al., 2017). However, the social representation of the lagoons is more focused on biodiversity aspects than on water quality sensu stricto (Audouit et al., 2019). There is consensus among both the highly involved stakeholders (Sy et al., 2018) and among the local residents, who participated in our citizen workshops, on giving highest importance to the regulation and maintenance ecosystem services. While primarily characterized by the consensus on the role of regulating services, stakeholder profile groups’ preferences mainly varied based on cultural services and more rarely on provisioning services. Many stakeholders have a sort of collective appreciation of the importance of these regulation and maintenance services for the local surrounding of the lagoons (territorial approach). Other enjoyments as a personal experience provided by contemplating nature, are also important wishes as e.g., the coastal lagoons should contribute to the sentiment of relaxation, the esthetics of species and landscapes, and possibilities for birdwatching. Some groups showing a more naturalist type of profile (citizens) compared to others with a more environmentalist profile (highly involved stakeholders). These studies allow to conclude that coastal lagoons ecosystem services are very important for the stakeholders and that public policies aiming at the ecological restoration of these fragile ecosystems may count on public support.
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Coastal wetlands, such as saltmarshes and mangroves that fringe transitional waters, deliver important ecosystem services that support human development. Coastal wetlands are complex social-ecological systems that occur at all latitudes, from polar regions to the tropics. This overview covers wetlands in five continents. The wetlands are of varying size, catchment size, human population and stages of economic development. Economic sectors and activities in and around the coastal wetlands and their catchments exert multiple, direct pressures. These pressures affect the state of the wetland environment, ecology and valuable ecosystem services. All the coastal wetlands were found to be affected in some ways, irrespective of the conservation status. The main economic sectors were agriculture, animal rearing including aquaculture, fisheries, tourism, urbanization, shipping, industrial development and mining. Specific human activities include land reclamation, damming, draining and water extraction, construction of ponds for aquaculture and salt extraction, construction of ports and marinas, dredging, discharge of effluents from urban and industrial areas and logging, in the case of mangroves, subsistence hunting and oil and gas extraction. The main pressures were loss of wetland habitat, changes in connectivity affecting hydrology and sedimentology, as well as contamination and pollution. These pressures lead to changes in environmental state, such as erosion, subsidence and hypoxia that threaten the sustainability of the wetlands. There are also changes in the state of the ecology, such as loss of saltmarsh plants and seagrasses, and mangrove trees, in tropical wetlands. Changes in the structure and function of the wetland ecosystems affect ecosystem services that are often underestimated. The loss of ecosystem services impacts human welfare as well as the regulation of climate change by coastal wetlands. These cumulative impacts and multi-stressors are further aggravated by indirect pressures, such as sea-level rise.

Keywords: coastal wetland, salt marsh, mangrove, seagrass, pressure, state and impact on human welfare, sustainability, climate change


INTRODUCTION

Transitional waters are naturally fringed by many types of coastal wetlands, such as tidal flats, seagrass meadows, saltmarshes and mangroves, that are an integral part of the transitional ecosystems (Perillo et al., 2019). The coastal wetlands covered in this article fringe river mouth systems, estuaries, deltas and other transitional waters, such as coastal lagoons and shallow, semi-enclosed, coastal systems, such as bays (Newton et al., 2013). They include a variety of habitats: mudflats, seagrass meadows, saltmarshes, and mangrove swamps. The article covers wetlands from the tropics, temperate zones and polar regions as examples to illustrate the main direct pressures (Figure 1 and Table 1). The wetlands have been chosen to give a broad range and variety, including very large wetlands (e.g., the Mekong Delta) and much smaller ones (e.g., Malanza).


TABLE 1. List of coastal wetlands used as examples in this article, with some of the descriptors.
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FIGURE 1. Map showing location of the coastal wetlands in the text. (Credit: Dylan Taille).


The range of population and human pressures also varies from sparsely populated, (e.g., Mackenzie-Beaufort), to very large populations, (e.g., Yangtze-Changjiang). Nevertheless, the resident population numbers are not always the best indicator of human pressure, for example, the Venice municipality has a low resident population (about 85,000), but a very large number of visitors (20 million y–1).

The examples chosen include some very well-known systems, such as the Chesapeake Bay, but an effort has been made to also include some less well-known systems, such as the mangroves of Gulf of Papua and Malanza. Many other systems could have been chosen, but there were limitations to the length of the article, so information on some additional examples is included only in Supplementary Tables S1–S5. There is also a recent review of coastal wetlands in North Africa by El Mahrad et al. (2020).

The human pressures on wetlands are both direct and indirect. An example of a direct pressure is the loss of connectivity and interruptions to sediment supply as a result of constructing a dam. Indirect, human pressures are mostly related to climate change and these include rising temperature, acidification, changes in precipitation/runoff, as well as sea level rise. The aim of this article is to give an overview of the multiple, anthropogenic, direct pressures on coastal wetlands resulting from human activities, the effect that these pressures have on the state of the wetland and ecosystem services, as well as the eventual impacts on human welfare.

There are many possible frameworks for analyzing Social-Ecological Systems such as coastal wetlands (Binder et al., 2013). The present analysis follows a ‘Activity-Pressure-State-Impact on Human Welfare’ approach, modified from the ‘Driver Pressure State Impact Response’ framework (DPSIR), (Gari et al., 2015; Patrício et al., 2016; Elliott et al., 2017). This approach has been selected because it is widely used in international studies by international organizations, (e.g., the Organization for Economic Cooperation and Development, the European Environment Agency, the United Nations Environment Programme, and the United Nations World Ocean Assessment). It was also recently applied to eleven coastal wetlands in North Africa, El Mahrad et al. (2020). The focus is on direct pressures that result from human activities (Elliott and Whitfield, 2011) and follows the typology proposed by Elliott et al. (2014).

The article focuses on Activities-Pressures-State-Impact and these are bolded in the text rather than sub-dividing the sections. The article also considers the effect of the change in state of the environment and the wetland ecosystem on the delivery of ecosystem services (ES). Ecosystem services provide an important link between the state of the natural system and human welfare. The are the answer to the questions ‘so what’? ‘why is this important’? In this review, we used the Millennium Ecosystem Assessment [MEA] (2005) classification of ecosystem services. There are more recent classifications of ecosystem services but the Millennium Ecosystem Assessment [MEA] (2005) is still widely used by international organizations, and there remain challenges to the valuation of ecosystem services in coastal wetlands (Newton et al., 2018).

At the end of each section, we have also included some brief comments about indirect pressures. Indirect pressures, such as climate induced sea-level rise, are uncontestably important to coastal wetlands. However, they are not the focus of the current article and thus not discussed at length. They are especially important in the wetlands where local population and the direct pressures are low, such as the Mackenzie-Beaufort polar wetland and the Gulf of Papua.



HUMAN ACTIVITIES AND ANTHROPOGENIC PRESSURES ON COASTAL WETLANDS


Polar Coastal Wetlands

Arctic and Antarctic coasts have low human population densities. The development, structure, and land use of northern Polar coastal wetlands has been reviewed by Martini et al. (2019). The inhabitants still carry out some traditional activities but there is an increase in economic activities. A large proportion of small settlements on the polar coasts of Alaska, northern Canada, Greenland and parts of Russia have mixed cash and subsistence economies, in contrast to northern Norway, Iceland, or large urban centers such as Murmansk (Jungsberg et al., 2019). Regions where economic activities are more developed have more extensive industrial infrastructure, such as the Prudhoe Bay oilfield on the Alaskan North Slope (Walker and Peirce, 2015). Past activities, such as dumping of mine tailings or encasement of drilling muds in permafrost, may still exert pressures on coastal wetlands, decades after the activity has stopped (Thienpont et al., 2013).

The low populations result in relatively low or localized anthropogenic, direct pressures on coastal wetlands. The loss of sea ice and resulting rapid increase in navigation along Arctic coasts will increase pressures from shipping, tourism, commercial fishing, hydrocarbon exploration and extraction, and mining activities. Economic investment from globalization has stimulated human activities and pressures that are increasing environmental state changes, with progressive reduction of sea ice, degradation of permafrost (Forbes, 2011). Many polar coastal wetlands exhibit relatively rapid state changes attributed to global and regional climate warming (Forbes and Hansom, 2011).

Where traditional activities remain important, e.g., subsistence harvesting, loss of ecosystem services may translate to impacts on welfare, food insecurity and affect cultural integrity, health, and wellbeing.

The negative effects may be magnified in the future because of indirect pressures that cause changes in key environmental variables, e.g., temperature, pH, and redox potential (Kokelj et al., 2010; Barkay et al., 2011; Grosse et al., 2016).


Mackenzie-Beaufort Coastal Wetland, Canada

The Mackenzie Delta covers an area of 13,000 km2 (∼60 km × ∼200 km) in the southeastern Beaufort Sea, on the western Arctic coast of Canada (Forbes, 2019). The Arctic tree-line bisects the delta, the southern part of which is forested. Slightly over 50% of the delta plain is occupied by sedge wetlands, channels, and over 49,000 lakes (Emmerton et al., 2007). Permafrost extends to about 60 m depth in Holocene delta sediments, with many thaw taliks beneath lakes or channels that do not freeze completely in winter (Todd and Dallimore, 1998). There is higher ground to the east and west of the outer delta, with permafrost extending to a depth of 500–700 m. Erosional breaching of thaw lake basins has created a highly indented coast with eroding bluff headlands, local dunes, low spits and barrier islands, and shallow estuaries with supratidal Puccinellia phryganodes flats and accumulations of driftwood from the Mackenzie River (Ruz et al., 1992; Forbes and Hansom, 2011; Forbes et al., 2014). The delta is micro-tidal (range <0.5 m), but storm surges of up to 2.5 m cause extensive flooding (Manson and Solomon, 2007; Lamoureux et al., 2015).

The human population in the region is small (Kokelj et al., 2012), consisting of the regional administrative, industrial, and transportation hub of Inuvik (2015 pop. 3265, 68% indigenous), the smaller delta settlement of Aklavik (2015 pop. 668, 94% indigenous), and the outer-coast community of Tuktoyaktuk (2015 pop. 965, 89% indigenous).

Some human activities are seasonal and intermittent, such as the extensive occupation of hunting and fishing camps throughout the delta and at seasonal traditional settlements along the outer coast (Lamoureux et al., 2015). Human activities of the Inuvialuit (western Arctic Inuit) and Gwich’in people include subsistence hunting and fishing as well as administration and public services. Land and resource uses are co-managed with federal and territorial government agencies under the Inuvialuit Final Agreement 1984, the Gwich’in Land Claim Settlement Act 1992, and fisheries and game co-management bodies. Subsistence food harvesting and hunting activities in the Inuvialuit Settlement Region includes berries, medicinal plants, fish including cisco (Coregonus spp.) and char (Salvelinus spp.), birds (especially geese and ducks), and mammals such as polar bear, caribou, moose, muskrat, beluga whale, bearded and ringed seal (Stephenson, 2004).

Human activities related to economic development in the wetland region include infrastructure development, such as construction of Distant Early Warning (DEW) line sites in the 1950s; establishment of the planned community of Inuvik in 1953–1960 to replace flood-prone Aklavik; roads, airports, and port facilities; fuel storage, electric generation and distribution infrastructure; freshwater and waste management systems; hydrocarbon exploration and production installations (well sites, mud sumps, other waste dumps, and camps); seismic cut-lines and degraded artificial islands on the inner shelf (Lamoureux et al., 2015). Road access to Aklavik (and until 2017 to Tuktoyaktuk) has been by winter ice road on delta channels, but the ice season is shortened by climate warming (Lesack et al., 2014; Lamoureux et al., 2015). Tuktoyaktuk is a regional shipping hub for remote community sea-lift operations and offshore hydrocarbon exploration activities. Artificial shore protection at Tuktoyaktuk has been partially successful at limiting erosion. There has been dredging in harbour approaches and to build artificial islands for drilling. Future activities such as infrastructure development, new travel routes, and growing tourism opportunities may impact cultural sites (Irrgang et al., 2019).

Direct pressures related to activities such as oil and gas exploration have ended with increased supply of low-cost natural gas. Oil exploration on the shelf and offshore supply activities in Tuktoyaktuk have also been suspended (Byers, 2016). These past activities still exert pressures on the environment. Contaminated hydrocarbon exploration waste, such as drilling fluids, was placed in sumps to be contained in permafrost. However, about 50% of legacy drilling mud and camp sumps in the delta have collapsed due to warmer temperatures (Kokelj and GeoNorth Limited, 2002).

These pressures affect the state of the environment. Dredging for artificial island construction in the past disturbed the state of the benthic habitat, but ubiquitous and perennial seabed scouring by ice causes more disturbance (Blasco et al., 2013). The changes in the state of the environment result in a loss of ecosystem services. The Mackenzie Delta and Kendall Island Bird Sanctuary are of international importance for the large numbers of migratory birds – particularly shorebirds, cranes, swans, geese, and ducks – that depend on the extensive staging and breeding habitat. The wetlands also provide critical habitat for fish and other wildlife. Regional (glacial-isostatic) and local (compaction) subsidence combined with climate-driven rising sea level causes the gradual inundation of outer-delta avian breeding habitat and low-lying tundra along the coast (Lamoureux et al., 2015; Forbes, 2019), and accelerating erosional retreat of the delta front and adjacent coast, increasing carbon inputs to the Arctic Ocean (Fritz et al., 2017; Couture et al., 2018; Tanski et al., 2019). The Tarium Niryutait Marine Protected Area was established in 2010 in three areas totaling 1,800 km2 of the outer Mackenzie Delta and estuary. One of the objectives was the conservation of one of the largest summering stocks of beluga whale (Delphinapterus leucas), anadromous fish, waterfowl, and their habitat. This preserves provisioning and cultural services as well as indigenous harvesting traditions1.

Loss of ecosystem services and localized contamination have negatively impacted the welfare of subsistence-dependent residents, with implications for community and household health and food security (Wesche and Chan, 2010). The leaching of contaminants, especially hydrocarbons, into the surrounding soil and groundwater has caused localized contamination of the wetlands, raising health concerns due to extensive fish consumption and impacts on human welfare.

Indirect pressures resulting from global emissions and climate change have much greater consequences in the Mackenzie-Beaufort region than direct pressures. These indirect pressures include: accelerated sea-level rise; reduced sea ice, increased open water in the Beaufort Sea; increased wave energy with expanded open-water fetch; increased frequency and reach of storm surges; and accelerated coastal erosion; reduced snowfall; earlier and more rapid ice breakup in the Mackenzie delta; lower peak water levels and reduced off-channel flooding in the delta; rising temperatures contributing to thaw subsidence; accelerated coastal erosion, and ecological change (Manson and Solomon, 2007; Barber et al., 2008; Burn and Kokelj, 2009; Lesack et al., 2013; Vermaire et al., 2013; Obu et al., 2016; Forbes, 2019).




Coastal Wetlands in North America (Excluding Arctic)


Chesapeake Bay Wetlands, United States

The Chesapeake Bay is a 320 km long, shallow, north-south estuary surrounded by the states of Maryland and Virginia on the east coast of the United States. Major tributaries supply freshwater to the bay, including the Susquehanna that supplies more than 50% of the freshwater, the Patuxent, Potomac, York, and James rivers. There were approximately 114,100 ha of tidal wetlands, consisting of saltmarsh and tidal fresh and saltwater wetlands in 2010, almost 37,200 ha of Submerged Aquatic Vegetation (SAV) in 2012, primarily eelgrass (Zostera marina) and widgeon grass (Ruppia maritima) (Chesapeake Bay Program [CBP], 2012).

The watershed is large, approximately 165,760 km2, including both heavily urbanized areas in and around the major cities, as well as large portions of distinctly rural, agricultural lands. It includes almost all the state of Maryland, and parts of Virginia, West Virginia, Delaware, Pennsylvania, and New York. Major cities include Washington DC, Baltimore, Richmond, Norfolk, and Harrisburg. The total watershed population is approximately 17.7 million people, (2012 census), expected to grow to 20 million by 2030. The increased spread of urban areas is expected to continue with population growth.

Human activities in the watershed that exert pressures on the Chesapeake wetlands include agriculture, land-use changes, shoreline modification and introduction of non-indigenous species. The watershed includes many thriving economic sectors such as sales, services, construction, manufacturing, government, agriculture and use of natural resources (McKendry, 2009). Activities such as hardening of shorelines are now strictly regulated. Nevertheless, existing shoreline modification and intense development along the shoreline can lead to wetland loss or prevent new wetlands from forming, blocking the migration of wetlands to upland areas as sea levels rise (Torio and Chmura, 2013; Raposa et al., 2016), a synergy of direct and indirect pressures.

A complex mixture of direct pressures result from intensive land-use and the introduction of invasive species. Nutria (Myocastor coypus, a South American rodent) was introduced in the late 1960s and displaced native species such as beaver, muskrat and otter. Nutria thrived on native marsh grasses, damaging thousands of hectares of wetland through destructive feeding (National Fish and Wildlife Service, 2016). In addition, the invasive common reed, Phragmites australis, grows rapidly to outcompete other wetland vegetation, such as native grasses (Chesapeake Bay Program [CBP], 2012). However, the main direct pressures to the overall condition of Chesapeake wetlands are now nutrient and sediments from intensive land-use, urban wastewater and atmospheric deposition of nitrogen (Zhang et al., 2015).

Pressures from intense land use activities directly and indirectly affects the state of Chesapeake wetlands. Excess nutrients result in areas of low dissolved oxygen and reduced water clarity (Kemp et al., 2005). This has affected the state of the submerged aquatic vegetation (SAV), and habitat for commercial species, including oysters (Crassostrea virginica), crabs (Callinectes sapidus), and bass (Morone saxatilis). Fishing pressure has also contributed to the decline in the state of these important species and may mask the signal from eutrophication effect (Kemp et al., 2005). Sediment inputs affect the benthic state, cover hard-bottom habitat, smother oyster reefs, increase turbidity, reducing light available for SAV (Lefcheck et al., 2017). Lefcheck et al. (2017) document a change of state, a 29% decline in eelgrass area from 1991 to 2016, primarily from decreasing water clarity increases and water temperature. Despite this degradation of the state, management measures to reduce nutrient pressures can increase SAV growth and area (Lefcheck et al., 2018). This is a positive sign that the state of ecosystems may recover after humans alleviate pressures put on sensitive habitats like SAV (Lefcheck et al., 2018).

Loss of ecosystem services include a decrease of Chesapeake wetland habitat for economically valuable species of fish and crabs, both of which are cultural keystones in the Chesapeake region (Paolisso, 2008). There is also a loss of storm surge mitigation, filtration of sediments and nutrients from urban and agricultural stormwater runoff, sequestration of organic carbon and opportunities for recreation (Costanza et al., 1989; Millennium Ecosystem Assessment [MEA], 2005). Tidal marshes are carbon, nutrient and sediment sinks, so the degradation of their state increases pressures from nutrient and sediment fluxes to Chesapeake Bay (Kemp et al., 2005).

The main indirect pressure on the Chesapeake wetland is from sea-level rise. Wetlands and marshes can increase elevation in response to indirect pressures, such as sea level rise, under favorable conditions of sediment supply, root growth, and litterfall (Becket et al., 2016). Mean sea level rise in Chesapeake Bay ranged from 2.7–4.5 mm y−1 from 1950 to 2000, faster than the global mean of 1.8 mm y−1, probably due to land subsidence. Predicted future rates of sea-level rise (about 6 mm y−1) will increase marsh loss rates and area (Cahoon, 2007), as sea levels are expected to rise by 0.4–1.6 m by 2100 (Rybicki and Landwehr, 2007; Najjar et al., 2010). In a conservative scenario of 60 cm sea-level rise by 2100, 65,000 ha of coastal marsh would be converted to brackish marsh and 11,735 ha of tidal swamp to saltmarsh or open water, which is less diverse. Chesapeake wetlands at risk from sea-level rise include Blackwater Wildlife Refuge, Tangier Sound, and Virginia’s Eastern Shore. Shifts in salinity will make the current marshes more favorable for certain species and less for others (Najjar et al., 2010).



Mississippi River Delta Coastal Wetlands, United States

The Mississippi River, the largest in North America, meanders across the coastline every 700–1,200 years, seeking the hydrologic path of least resistance to the sea. These cycles of delta growth and decay (Frazier, 1967) created 17,417 km2 of fresh to salt marshes in a micro-tidal regime, which represent 41% of the United States coastal wetlands. The soils alongside the main channel wetlands are mostly comprised of inorganic matter, and hurricanes deposit a considerable return flow of inorganics to the fringing coast (Tweel and Turner, 2014). In contrast, the wetland soils between the distributary levees are organic-rich. The rates of land loss rose in the 1930s, peaked in the between 1965 and 1986 (126 km2 y−1; 0.07% y−1) and the current rates are near zero (Couvillion et al., 2017). The cumulative losses in the last 100 years are about 25% of the original amount, but are expected to increase with the rate of sea-level rise (Strauss, 2013; Church et al., 2014). These losses are well-publicized through media campaigns to acquire restoration funding.

New Orleans is the main urban area and population center, (population 393,000 in 2017). New Orleans is vulnerable to natural disasters because it is built on land of low elevation, in an area of relatively frequent hurricanes as well as storm surges, and it has a weak evacuation strategy (Turner, 2007). There are multiple human activities by the approximately 2 million people who live in the twelve coastal parishes of the Mississippi River delta, such as: fishing, shellfish (e.g., oysters) and aquaculture (e.g., catfish); poultry rearing; agriculture (cotton, sugar, rice, corn, and soybean); oil and gas; shipping and ports; recreation (hunting, fishing, and tourism).

Anthropogenic pressures are well-documented. Sediment fluxes to the coastal zone have varied in the last 200 years. River-mouth wetlands expanded in the 1800s, when trees in the watershed were cut and soils were plowed, enhancing sediment delivery to the coastal zone (Turner and Rabalais, 2003; Tweel and Turner, 2012). Implementation of soil conservation measures trapped sediments behind dams, which decreased sediment loads after the 1930s. River-mouth wetland areas receded dramatically and are now close to the 1700s area (Turner, 2017). The dredging of canals for navigation and drilling for oil-gas exploration have left spoil banks of dredged material as a continuous, 20,000 km long levee that reaches 1–2 m in wetlands where the tidal range is only 20–30 cm. This presents a barrier to tidal water flowing in and out of wetlands, so canal density is directly related to land loss rates from 1900s to present throughout the deltaic plain (Turner and McClenachan, 2018). The Deepwater Horizon oil spill in 2010 released 5 million barrels of oil in 2010 with a surface slick covering 149,000 km2 of the Gulf of Mexico and oiling coastal marshes for decades (Turner et al., 2019). The nutrient pressure from the Mississippi River watershed has increased nitrogen and phosphorous loads in the last 100 years (Turner and Rabalais, 2003). This is a much greater nutrient pressure than the sewage and local runoff.

These pressures affect the state of the Mississippi wetlands. The contaminated sediments from the Deepwater Horizon oil spill (Rabalais and Turner, 2016) degraded the salt marsh vegetation, decreasing the cover of living marsh vegetation, covering and killing marsh fauna. Marsh shoreline erosion was 2.5 times higher after oiling and the marsh will not recover (Turner et al., 2016). Diversions of the Mississippi water to deltaic wetlands for restoration (a point-source) or cultural eutrophication (non-point source) increase the availability of nitrogen and phosphorous to the wetlands, contributing to general eutrophication of the delta, which also affects the state of the soils and causes carbon losses (Darby and Turner, 2008; Kearney et al., 2011; Deegan et al., 2012; Bulseco et al., 2019).

The delivery of ecosystem services is affected by the degradation of the wetland. This includes regulating services, such as protection from hurricanes, by increasing resistance and lowering storm surge height. The reduction in storm-surge height is ∼0.3 m per 1–2 km of wetland and the presence of vegetation is especially important (Barbier et al., 2008; Costanza et al., 2008; Gedan et al., 2011; Shepard et al., 2011). This contributes to the protection and restoration of coastal areas, which costs $50 billion in Louisiana (Coastal Protection Restoration Authority [CPRA], 2017). Furthermore, the wetland provides an important fish and shrimp habitat for juveniles (Turner, 1977) that become 25–35% of the United States commercial fish landings value and tonnage.

The loss of these ecosystem services can impact human welfare, including loss of life, public infrastructure and private property. A third (36%) of the land in the United States that is less than 3.5 m elevation is in coastal Louisiana and the height of a Category 3 storm-surge is at least 3 m. The slope (elevation gradient) is gradual and sediment supply has been reduced by flood protection levees. New Orleans is a ‘city below sea level’ in this vulnerable zone, seaward of the edge of the upland. Water does not drain out naturally when it rains but must be pumped out uphill. Urban expansion and construction consolidate and compact the fine-grained and highly organic sediments, squeezing out the water and resulting in soil subsidence. The structural integrity of foundations, levees, gas lines and roads are affected by the slow changes in soil oxidation, drainage, volume, settling and subsidence.

Future indirect pressures from sea level rise (SLR) rates will affect the vulnerability and sustainability of river deltas. The Mississippi delta formation began when SLR slowed about 8,000 years ago to around 5 mm y−1 or less (Turner and Rabalais, 2018; Turner et al., 2018). The rates were 5.6 mm y−1 from 1996 to 2016, which is at the limit of vertical accretion (Morris et al., 2016). Future estimates of SLR vary from an intermediate low rate of 5.6 mm y−1 to a high rate of 16 mm y−1 (National Research Council [NRC], 2010), reaching 8–16 mm y−1 by 2080–2100 (Church et al., 2014). The Mississippi River delta has been sustained and protected by substantial, compensating infrastructure and by multiple, short-term and energy-intensive strategies. This has lowered its vulnerability to risks and raised its sustainability relative to other deltas (Tessler et al., 2015). However, such energy-intensive interventions will become more expensive and less sustainable in a more energy-constrained future scenario. Sustaining the delta in the future will require long-term policies to develop, sustainability solutions (Tessler et al., 2015).




Coastal Wetlands in South America


Bahia Blanca Wetlands, Argentina

The Bahia Blanca is a temperate and mesotidal coastal wetland located in southwest of Buenos Aires Province, Argentina. Despite its size, most of the estuary is marine dominated (Perillo, 1995), with very little river input (Piccolo and Perillo, 1990; Perillo and Piccolo, 2020). The extensive coastal wetland is roughly triangular, about 90 km in length and 53 km wide at the mouth, about 3,000 km2, cut by NW-SE tidal channels and islands (Perillo and Piccolo, 1999, 2020). Large areas of tidal flats, as well as Spartina and Salicornia marshes, have developed, providing conditions for a rich benthic infauna that supports significant artisanal fisheries. This wetland includes both a provincial natural reserve that includes the whole estuary south of the Canal Principal and a municipal reserve of only 3 km2, SW of the city of Bahia Blanca (Perillo and Iribarne, 2003a, b). The wetland is part of the Western Hemisphere Shorebird Reserve Network since March 2016. To the north of Canal Principal, there are two major cities, Bahía Blanca, population 350,000, and Punta Alta, population 70,000, as well as several small towns, such as Villa del Mar, Ingeniero White and General Cerri. The total population around the wetland was estimated at 440,000 in 2016. There is no direct access or settlements on other parts of the wetland.

There are many important human activities in and around the wetland. The main economic sector is maritime transport and shipping, with construction and maintenance of port facilities providing one of the major activities. The largest and deepest harbor system in Argentina is on the coast of the Canal Principal, that exports industrial products and grain. There are oil transfer buoys in the harbors, a trading dock at the port of Rosales and a navy base at Puerto Belgrano. There are two ports further in the estuary, Ingeniero White that has an area devoted to grain and another for general merchandise (i.e., oil, containers, and petrochemical products), and Puerto Galván for oil and petrochemical products (Zilio et al., 2013).

Dredging is a significant human activity that keeps the port facilities accessible to large ships. The navigation channel was dredged to deepen it from 10 to 13.5 m during 1989–1991, which facilitated the development of one of the most important petrochemical complexes in Argentina (Zilio et al., 2013). The navigation channel was further deepened to 15 m depth at low tide during 2012–2014. Additionally, there is dredging of the piers for maintenance purposes. The port authorities are planning to further develop harbor facilities and the installation of new industries planned for 2020. Furthermore, the wetland is used for sewage disposal (Speake et al., 2020).

These activities exert anthropogenic pressures on the wetland along the northern coast of the Canal Principal. Pressures include pollution, harbor, and industrial development. The major Urban Waste-Water Treatment is not working properly and there are four untreated discharges of sewage into the wetland, two from Bahía Blanca City, one for Punta Alta City, and one for the navy base. Pollution is mainly due to sewage discharges, with minor industrial pollution from the industrial flares and deposition of airborne contaminants. These include Salmonella and Escherichia from sewage discharge and metals from industrial discharges (Simonetti et al., 2017; Severini et al., 2018). The material from the dredging has covered many tidal flats and marshes along the Canal Principal, in some cases forming new islands where the port authorities are planning to develop future harbor facilities.

These pressures have affected the state of the wetland environment and ecosystem. The estuary is eutrophic from the pressures of nutrients from untreated discharges (Freije et al., 2008) that may result in widespread eutrophication, if the flushing capacity of the estuary is exceeded. Nevertheless, pollution is low at present because of the strong currents and rapid mixing of the water in the Canal Principal (Botté et al., 2007). The disposal of dredged materials has affected the most important nesting area of the Olrog’s Gull (Larus atlanticus), which is an endangered species native of Argentina, Uruguay, and Brazil, of which 2/3 of the total population lives in the Bahia Blanca wetland.

This degradation of the state of the wetland environment and ecosystem leads to a loss of ecosystem services. The long-term effects of sewage pollution could be damaging to the regulating services of the wetland such as denitrification. Meanwhile, there is a decrease in the provisioning services of the wetland, i.e., the catch of prawns, shrimp and local fish. Nevertheless, there is little evidence at present that this reduction can be directly associated to pollution rather than large scale effects, such as Southern Oscillation events, especially during dry La Niña periods. However, artisanal fishers complain of the deformations of fish caught in the vicinity of effluent discharges and there maybe impacts on human welfare (Speake et al., 2020).

There are also indirect pressures from climate change. The islands in the wetland ecosystem are only 50 cm above spring high water levels. Mean sea level rise for Argentina is on the order of 1.6 mm y–1 (Lanfredi et al., 1988). However, the estimated global increase of about 83 cm by year 2,100 (Oppenheimer et al., 2019) would completely flood the estuary (Perillo and Piccolo, 2020), and overwhelm the wetland and islands. There is no practical way to mitigate this situation. There also appears to be changes in the typical wind regime. These are strong winds from the N-NW blowing about 40% of the time with average speeds of the order of 20 km h–1. These winds blow parallel to major channels affecting tidal prediction, navigation programming and the generation of large wind-tide interaction waves (Perillo and Sequeira, 1989; Perillo and Piccolo, 1991). However, in the last 5 years the number of calm days has increased significantly, which reduced the number of storm surge phenomena on the town of Ingeniero White from once a year to once every 2 or 2.5 years. That also changed the conditions in beaches just outside the estuary where there is a reduction of the appearance of jelly fishes (always associated to upwelling forced by N winds) during the summer months (Brendel et al., 2017).




Coastal Wetlands in Europe

Only two European case studies are presented in the text in order to reduce the length of the article. This is to provide examples of less well-known wetland systems, outside Europe. Nevertheless, some details of 12 further coastal wetlands in Europe are included in the supporting Supplementary Tables S1–S5. These European wetlands that are not represented in the text are shown in italics where they appear in a supporting table.


Ria Formosa Wetland, Portugal

The Ria Formosa wetland is part of a temperate, mesotidal, 80 km2 coastal lagoon, on the south coast of Portugal (Aníbal et al., 2019). The Gilão is the only permanent river flowing into the wetland that is connected to the Atlantic by several inlets. The wetland includes extensive areas of salt marsh (Arnaud-Fassetta et al., 2006) and seagrass meadows (Cabaço et al., 2009). There are three main towns in the catchment: Faro, the district capital (∼64,500); Olhão (∼45,000); and Tavira (∼26,000), as well as several smaller urban areas (population data from 2011 Census, Instituto Nacional de Estatistica2). The influx of visitors in the summer increases the population, in some cases several-fold, overwhelming infrastructure designed for the resident population, such as Urban Waste-Water Treatment facilities (Newton et al., 2013; Cravo et al., 2015; Veríssimo et al., 2019).

Multiple human activities cause pressures on the Ria Formosa wetlands. These include change of land-use, such as conversion of saltmarsh into salt-extraction pans (salinas), a historical activity. Some of these ponds have now been converted for aquaculture of fish (Cunha et al., 2013), and others have been converted into Urban Waste-Water Treatment ponds, e.g., near the airport (Veríssimo et al., 2019). Construction in the three towns (Faro, Olhão, and Tavira) has encroached on the surrounding wetlands as well as on the sand dunes of the barrier islands that separate it from the Atlantic. Construction includes groin to retain sand along beaches to the west of the lagoon, the creation of consolidated inlets, such as Barra do Farol (Carrasco and Matias, 2019). An airport, a port (Faro) and several marinas (Faro, Olhão, and Tavira) have been constructed from the wetland. The wetland channels are regularly dredged for sediment extraction and to keep the access to the ports and marinas navigable, since the mean depth is only 1.5 m. Several small, torrential streams (e.g., the Ribeira de São Lourenço and Gondra) were dammed with dykes to retain freshwater in the 19th Century, and some land was reclaimed from the wetland marshes for agriculture (e.g., Ludo). An artificial inlet, Nova Barra do Ancão, was opened in the western part of the lagoon in June 1997. Artisanal fishing and shellfish harvesting are important activities in the Ria Formosa and shellfish concessions are also in the wetland. Olhão is a large fishing port, but most of the catch comes from the adjacent coastal waters rather than the lagoon. The Campina de Faro in the watershed is the richest agricultural region of the Algarve. Intensive farming includes water cress and salads (Vitacress), fruit and vegetables in greenhouses, as well as orange groves. Some agricultural land has been converted to golf (e.g., Quinta do Lago). There are also intensive poultry farms (Ludo) and pig-farms in the catchment of the wetland. The area around the Ria Formosa is not industrial, although there are some food industries, such as fish processing in Olhão.

The various human activities in the catchment of the Ria Formosa exert multiple anthropogenic pressures on the wetlands. Foremost of these is the loss of habitat and associated biodiversity, especially the loss of seagrass meadows and saltmarsh, as well as dunes. The groin, impoundments, ponds, obstructed channels and dykes, represent a loss of connectivity of the wetlands that disrupt both the hydrology and the sedimentology. This has resulted in a saline intrusion and salinization of the western part of the wetland, ever since the 19th century. Overfishing, shellfish harvesting, illegal harvesting of sea-cucumbers (Holothuria arguinensis) and the attempted introduction of non-indigenous species (Manila clam, Ruditapes philippinarum; Japanese prawn, Penaeus japonicus; Pacific oyster, Crassostrea gigas) are further pressures on the ecosystem. The use of fertilizers in the agricultural zone and golf-courses around the Ria Formosa, manure from animal-rearing, and inadequate sewage treatment are all pressures that can lead to eutrophication (Newton et al., 2003) and microbial contamination (Cravo et al., 2015). Several studies have documented contamination and pollution of the Ria Formosa by metals and organic chemicals (Bebianno, 1997; Mudge and Duce, 2005; Bebianno et al., 2019; Moreira da Silva et al., 2019), despite the low industrial development around the wetland.

The deteriorating state of the environment and ecosystem has consequences on the ecosystem services provided by the Ria Formosa wetland (Newton et al., 2018). This has been most notable in the declining clam harvest (provisioning service). Decline in the coastal fisheries has also been attributed to the decline in seagrass (García-Marín et al., 2013) and nursery supporting services (Abecasis et al., 2009). The Ria Formosa is a popular destination for ‘beach and sand’ tourism (Zacarias et al., 2011; Semeoshenkova and Newton, 2015) as well as eco-tourism, thus contributing revenues to the local economy through cultural services. Perturbation of sediment fluxes and supply by construction on the dunes of the barrier islands, as well as the retention of sediment by dams in the catchment and groin to the west, make the wetland vulnerable to erosion (loss of regulating services) (Ceia et al., 2010) and storm surges. This threatens including important infrastructure, such as the international airport, thus potentially affecting tourism (cultural services).

The decline of ecosystem services has impacts on human welfare (Bebianno et al., 2019). Continued microbial contamination from sewage (Cravo et al., 2015) as well as algal toxins from HAB (Lage et al., 2014) and other public health issues (Bebianno et al., 2019) are related to the degradation of the wetland. The declining incomes of shellfish harvesters and artisanal fishers eventually make these culturally unique lifestyles unsustainable and fishers seek other sources of income and ultimately employment.

Like all coastal wetlands, the Ria Formosa is also threatened by indirect pressures such as sea-level rise and increased temperature (Brito et al., 2012), and storm surges. Violent Atlantic storms in recent years have frequently washed over the barrier islands (Almeida et al., 2012). So far, there has not been any loss of life, although infrastructure (airport) and housing has been affected by a tornado on 2011. These indirect pressures ultimately threaten the whole Ria Formosa wetland, which is constrained by urban development at its landward boundary.



Venice Lagoon Wetlands, Italy

The lagoon of Venice (Italy) is in the NW part of the Adriatic Sea and includes one of the largest Mediterranean wetlands. The lagoon is shallow (mean depth 1.5 m) and covers about 550 km2, of which 432 km2 are tidal. The mean tidal amplitude is about 0.6 m, with about 60% of water being renewed through three inlets every 12 h (Facca et al., 2014). Freshwater inputs are about 30 m3 s−1, delivered by small rivers and a network of artificial channels. The main rivers, Brenta and Sile, where diverted long ago in order to avoid the siltation of the lagoon (Solidoro et al., 2010).

Due to its complex morphology, the wetland includes subtidal flats, intertidal mudflats, saltmarshes, ‘valli da pesca’ (marginal areas close to tidal exchanges) and a network of relatively deep channels (Rova et al., 2015). Macroalgae and seagrasses account for most of the primary production. Besides the city of Venice, there are several small islands, such as Murano, Burano, Lido, S. Erasmo, which collectively host about 85,000 residents, according to Venice Municipality data. Venice and its lagoon are a highly attractive touristic venue and the numbers of visitors exceed the resident population.

Shipping and navigation, from small boat to large cruise ships, have always been important human activities for the islands of Venice lagoon, and tourism also increases the internal navigation. Shipping has entailed several modifications including rivers diversions and the construction of jetties at the inlets in the 19th and early 20th centuries. More recently, from 1927 to 1970, the navigation channels were dredged and enlarged for access to the main port facilities at Porto Marghera, which stimulated industrial development and activities around Mestre, affecting the wetlands. Clam dredging activities are now mostly illegal because of contamination. The catchment of the lagoon (Veneto) includes areas of market gardening, fruit-growing and vine-growing reclaimed from the wetland. Groundwater extraction in the 1960’s and 1970’s was excessive and contributed to the subsidence of the wetland.

Resulting direct pressures include disruption of hydrology, re-suspension of large amounts of sediment that exacerbate the erosion of the wetland, increased nutrient and organic matter supply, as well as inputs of industrial effluents and contaminants to the wetland. Nutrient run-off from agriculture represents the main source of Nitrogen and nutrient pressure to the wetland. Poorly controlled shellfish harvesting, Manila clam (Ruditapes philippinarum), has increased sediment disturbance and resuspension in the wetland. Resuspension is exacerbated by increased internal navigation, mainly linked to tourism. Sediment resuspension can release contaminants that were trapped in the sediment as a legacy of industrial pollution in the 20th century, especially in the central part of the wetland (O’Higgins et al., 2014; Giubilato et al., 2016).

The state of the water and wetland sediment quality have been degraded by industrial activities that heavily contributed to the pollution of the lagoon in the past. Both sediment budget and sediment transport processes have been heavily affected by anthropogenic interventions. The disruption of hydrology and sediment supply has resulted in subsidence. Eutrophication can cause macrophyte blooms (Ulva), localized anoxia in confined areas of the lagoon wetlands and loss of seagrass, as in 2013. However, concentrations of inorganic nitrogen and phosphorus is decreasing in the water and at the sediment surface (Facca et al., 2014). The loss of wetland habitat, especially the reduction of seagrass meadows, saltmarshes and associated biodiversity, as well as the introduction of exotic, invasive algal species are severe. The area of saltmarshes has halved from 68 to 32 km2 between 1927 and 2002, while the area of subtidal flats has increased from 88 to 206 km2. Overall, the average depth of the lagoon has increased from 0.62 m in 1927 to 0.88 m in 2002 (Sarretta et al., 2009).

Ecosystem services provided by the Lagoon of Venice are still being assessed (Rova et al., 2015; Newton et al., 2018). Overfishing has led to sharp decrease in clam yield, from about 40,000 tons in the 1990s to 2,000–5000 tons in 2016. Seagrass meadows have recently recolonized large areas of southern sub-basin, contributing to sediment bio-stabilization. Recolonization in the northern part is being stimulated by an EU funded LIFE project3.

Indirect pressures such as sea level rise are expected to worsen due to climate change. Thus, the conservation of the wetland islands and protection from acqua alta flooding is one of the main current issues, with disastrous floods in November 2019. This has led to the major infrastructural changes to the inlets, e.g., the MOSES flood barrier.




Coastal Wetlands in Africa

A DPSIR analysis of coastal wetlands in North Africa includes 11 systems from south west Morocco to Egypt (El Mahrad et al., 2020). Thus, only one North African example is included in the present review, because of its unique characteristics as a ‘double’ system, the Bizerte–Ichkeul wetlands.


Bizerte Lagoon and Ichkeul Lake Wetlands, Tunisia

Bizerte lagoon and Ichkeul lake are linked, coastal wetlands in Tunisia, where the climate is Mediterranean, semi-arid, with a hot, dry summer and mild, wet winter (MAERH, 2003). Bizerte lagoon, also known as ‘Lac de Bizerte’ or ‘Mezaouka’, has an area of 128 km2 and a mean depth of 7 m. A 6 km long inlet connects to the Mediterranean Sea and a 5 km long Tinja channel connects to Ichkeul lake (Béjaoui et al., 2008). Ichkeul is a brackish-freshwater lake with an annual depth variation of 1–3 m, low winter salinity (S = 3) and high summer salinity (S = 30–50), (Savoure, 1977; Hollis, 1986; Ben Rejeb-Jenhani et al., 1991; Tamisier et al., 2000). Rainfall during autumn and winter flows in through 6 wadis, seasonal rivers, some overflowing through the Tinja channel into Bizerte lagoon. The reverse happens in summer, when high evaporation lowers the water level in Ichkeul lake and water flows in from Bizerte lagoon through the Tinja channel (Casagranda et al., 2006). The exceptional salinity gradient (3–45) is a unique feature that gives Ichkeul lake and wetlands a rich biodiversity. The area comprises three units: the 89 km2 brackish water lake, 27 km2 marshes, and a 13 km2 isolated and wooded massif; Djebel Ichkeul (Trabelsi et al., 2012).

Few people (about 350 in 1999) work in the quarries and live in the Ichkeul reserve. Activities in the Ichkeul wetland include quarrying fishing, grazing of cattle, sheep and goats. Over-grazing is causing serious degradation and causing erosion, as well as affecting the water buffalo (Bousquet, 1988). Poaching, illegal hunting and overfishing are further activities in the Ichkeul wetland ecosystem. However, there is intensive agriculture, plowed land, orchards and pasture in both densely populated Ichkeul and Bizerte catchments, so the wadis have been dammed for freshwater (Koundouri et al., 2006).

The area around Bizerte lagoon is much more developed and densely populated. Economic sectors and activities include industry (petrochemical, metallurgical, textile, agro-alimentary, and cement), farming, animal rearing, aquaculture, fisheries, shipping and port, tourism.

These activities exert various direct, anthropogenic pressures on the lagoon and lake wetlands. Bizerte wetlands are affected by pressures from domestic sewage, industrial waste, atmospheric pollution, farmland runoff, effluents from fisheries and bivalve aquaculture (Béjaoui et al., 2010). The urban and industrial effluents are mainly discharged in the southeast, southwest and the north sectors of the lagoon wetlands. The southeastern sector is affected by the domestic and industrial effluent through the Guenniche River, the southwestern sector by the steel factory discharge, and the northern sector by urban wastes and sewage effluent. The mismanagement of the fisheries sector has resulted in an increase in the numbers of illegal fishing boats. The fishing pressure has decreased the stock to such a low level that the reproductive capacity is in peril (DGPA, 2012).

The main, direct, anthropogenic pressure on the Ichkeul wetland comes from the dams that have changed the hydrology and sediment supply to the lake. The dams have modified the connectivity and hydrology of both the Ichkeul and Bizerte wetlands. The changes in hydrology and freshwater supply in the lake and lagoon have altered the water equilibrium between the wetlands, rivers, lake, lagoon, and the sea (Smart, 2004; Saied and Elloumi, 2007). A lock on the Tinja channel was constructed in 1996 to control salinization and the decline of the high biodiversity (IUCN, 1994). Drainage canals have lowered water in the Ichkeul wetland, so livestock now graze formerly inaccessible reedbeds. Open cast quarrying threatens the wetland ecosystem and pollutes the lake water (Bousquet, 1988).

Direct, anthropogenic pressures affect the state of the environment and ecology of both wetlands. The dominant flora of Ichkeul wetlands was extensive meadows of Potamogeton pectinatus L., the major food source for wintering waterfowl (Bousquet, 1988), and Ruppia cirrhosa (Petagna Grande), (Hollis, 1986; Bureau Central d’Etudes pour les Equipements d’Outre-Mer [BCEOM], FresinusConsult, CESalzgitter, and STUDI, 1995; Tamisier et al., 2000) until the early 1990s. The area occupied by P. pectinatus varied both annually and seasonally, with a summer-autumn maximum and a late winter minimum (Hollis et al., 1977; Hollis, 1986). The annual yield of P. pectinatus was cropped largely by wintering birds. However, rising salinity now restricts the growth of this species (Zairi, 1997). The wetland marshes were famous for their variety of hydrophilic vegetation, especially Scirpus maritimus, important for geese (Anser anser), (Hollis et al., 1977; Hollis, 1986). Poaching, illegal hunting and overfishing have caused a decrease in biodiversity. The damming of the water supply to Ichkeul lake has led to evaporation of the Scirpus maritimus marshes, which have been replaced by invasive, annual weeds. Salt-loving plants have replaced fresh-water species in the wetland marshes. Industrial development in the catchment has contributed to the contamination and pollution of Ichkeul lake by organo-metals and organic chemicals (Zairi, 1997).

The pressures have also affected the state of Bizerte lagoon. Run-off of fertilizers led to eutrophication and increases in water temperature have stimulated microbial activity, hypoxia and eutrophication of Bizerte lagoon (Essid et al., 2008; Ben Omrane et al., 2010; Fertouna-Bellakhal et al., 2014). The relatively high levels of organic matter recorded in the wetland sediment caused a decrease in dissolved oxygen causing repeated fish kills (Béjaoui et al., 2008). Industrial contamination is the source of metal (Pb and Zn) in the sediments of Bizerte (Zaaboub et al., 2014), and accumulation of Zn may contribute to sediment toxicity. Increase of marine navigation contaminates the lagoon and wetlands with Polycyclic Aromatic hydrocarbons and Polychlorinated biphenyls. There are occurrences of harmful algal blooms (HAB) of species belonging to the genus Alexandrium in Bizerte lagoon (Turki et al., 2007, 2014; Sahraoui et al., 2009), possibly related to the increase in internal marine navigation and introduction of non-indigenous dinoflagellates from ballast water.

The degradation of the state of the environment has led to a loss of ecosystem services. The provisioning services of fishing and aquaculture of Bizerte lagoon and wetland are threatened by changes in salinity, pollution, harmful algal blooms and overfishing. The Tunisian government created Ichkeul National Park in 1977 as an internationally important wintering ground for waterfowl (Scott, 1980; Hollis, 1986). The lake and wetlands of Ichkeul are the most important stopping-over point in the Western Mediterranean basin for migrating birds (150,000–250,000), as recognized by the Ramsar Convention List, the MAB Biosphere Reserve, and the UNESCO World Heritage List (Hollis et al., 1977; Tamisier and Boudouresque, 1994; Casagranda et al., 2006). The deteriorating state of the environment and ecosystem has consequences on the supporting and regulating ecosystem services provided by the Ichkeul wetland, especially a decrease population of migratory birds such as ducks, geese, storks, and pink flamingoes. Important species are Anse ranser, Anas penelope, Aythya farina, and Fulica atra (Tamisier and Boudouresque, 1994; Tamisier et al., 2000). The degradation meant that Ichkeul National Park was placed on the list of World Heritage in Danger in 1996, while in 1998 data from IUCN showed that the increase in salinity threatened the value of the World Heritage site.

There are also impacts on human welfare such as food safety, public health, decreased fisheries and aquaculture revenues. Mussel production in Bizerte lagoon has decreased in recent decades due to harmful microalgae and mortality (Sahraoui et al., 2009; Turki et al., 2014) with considerable economic losses (Sahraoui et al., 2009; Turki et al., 2014) and this is an obstacle to the development of shellfish aquaculture industry. This has also been associated with increased bacterial activity (Sakka Hlaili et al., 2006, 2007; Essid et al., 2008; Ben Omrane et al., 2010; Fertouna-Bellakhal et al., 2014). The decrease of fish stock and diversity has also caused a decline in jobs of fishers and aquaculture farmers. Ichkeul Park is a popular destination for eco-tourism and cultural heritage, thus contributing revenues to the local economy through cultural services, although eco-tourism has decreased. Numbers of visitors were 23,000 in 1987 and 2,500 in a 6-week period of 1988 (IUCN, 1994). However, visitor numbers decreased by 2016, partly because of security issues in the tourism sector.

Indirect pressures on both wetlands are expected to increase with climate change. In particular, the hydrological imbalance between Lake Ichkeul and Bizerte lagoon (Tamisier and Boudouresque, 1994; Tamisier et al., 2000), initiated by the reduction in freshwater supply to the lake, will be aggravated by sea-level rise in the lagoon, (Casagranda et al., 2006; Koundouri et al., 2006; Béjaoui et al., 2008; Béjaoui et al., 2010).



Watamu, Mangrove Wetland of Mida Creek, Kenya

Mida Creek covers an area of 31.6 km2 at Watamu, on the Indian Ocean coast of Kenya (Dahdouh-Guebas et al., 2000). The climate is tropical with temperatures of 26–32°C. The monsoons bring two, distinct rainy seasons, in April/May and in October/November (Gang and Agatsiva, 1992). Mida Creek has habitats that include mangrove forest, rock outcrops, sandflats, seagrass beds, and coral reefs adjacent to deeper waters. The mangroves dominate the wetland occupying 1,746 ha, (Dahdouh-Guebas et al., 2000; Kairo et al., 2002). Seven of the nine mangrove species found in Kenya occur in Mida Creek with abundant Rhizophora mucronata, Avicennia marina, and Ceriops tagal and more sparsely distributed Sonneratia alba, Xylocarpus granatum, Bruguiera gymnorhiza, and Lumnitzera racemosa, (Kairo et al., 2002).

Mida Creek is part of the Watamu-Malindi marine protected area established in 1968 and was designated in 1979 as a Biosphere Reserve by UNESCO (Dahdouh-Guebas et al., 2000). Nevertheless, human activities continue in the national marine reserve, because traditional harvesting of resources, as well as research and tourism, are allowed. The traditional communities use the mangrove forest as a source of food (honey, crab, and fish), construction material, firewood, and medicinal purposes (Gang and Agatsiva, 1992; Dahdouh-Guebas et al., 2000). The population live in traditional villages around the administrative sub-locations Gede (∼29,600 people) and Matsangoni (∼16,000 people) and tourist developments around Watamu of ∼26,000 people (2009 census in KNBS, 2010). Associated activities include nature watching, recreational fishing and boating, scientific research and education (Frank et al., 2017; Owuor et al., 2017, 2019a). Farming activities include cultivation of coconuts, cashew nuts and mangoes. Artisanal fishing using traditional methods is also important activity (Gang and Agatsiva, 1992). Cultural shrines associated with the forest are important to the traditional communities in Mida Creek (McClanahanan et al., 2005).

The human activities exert direct pressures by the selective removal of specific species and the increasing encroachment of settlements, within the reserve. Other pressures are land derived pollutants from agricultural runoff, untreated sewage, litter and oil spills due the substantial increase in maritime activity (Lang’at and Kairo, 2008).

These pressures result in a degradation of state of the mangrove. This includes a decline in the mangrove cover and a change to the mangrove community structure (Owuor et al., 2017), contributing to the overall rate of decline in mangrove cover for Kenya of between 0.76% per year between 1985 and 2015 (Kirui et al., 2013). High sediment loads, due to poor agricultural practices in the hinterland, have been particularly destructive for mangroves, causing siltation of aerial roots during periods of flooding, such as during the El Nino years of 1997 and 1998 (Lang’at and Kairo, 2008). Oil spills have also contributed to damage of mangrove aerial roots.

Mida Creek provides important ecosystem services (ES) for provisioning timber and firewood, medicinal uses, and food products; whilst its cultural services are spiritual shrines, educational, recreational, and tourism (Owuor et al., 2017; Frank et al., 2017; Newton et al., 2018). The supporting and regulation services of the creeks are critical for providing shore protection, water filtration, pollution regulation, and habitat to many organisms (Frank et al., 2017; Owuor et al., 2017, 2019a,b). The mangroves provide an important habitat for fauna, including commercially important crabs and fish, as well as providing a breeding ground and nursery (Nagelkerken et al., 2000; Granek et al., 2009). Mangroves have a high capacity to sequester and store carbon (Alongi, 2014), which is an important ecosystem service contributing to mitigation measures such as Reduced Emissions from Deforestation and Degradation (REDD), (Webber et al., 2016).

Indirect pressures related to climate change and sea level rise (SLR) are not well studied for Africa (Ward et al., 2016). However, two studies in Kenya provide some idea what could happen to the mangroves of Mida Creek in the future, with Kebede et al. (2010) predicting an SLR of 1 mm.y–1, although Lang’at et al. (2014) observed an increase of 4.2 mm.y–1 in surface elevation in mangrove stands from Gazi Bay, approximately 150 km south of the Creek.



Malanza Wetlands, São Tomé and Príncipe

São Tomé is an equatorial island, west of Gabon with two main seasons, rainy September–May and dry June–September. The Malanza mangrove is only 0.7 km2, however, it is the largest in São Tomé and located in Obô Natural Park (PNOST), created in 2006. The wetland is constituted by a complex network of shallow, narrow, channels flowing to a central basin that is connected to the Atlantic through a constricted opening. The fringing vegetation is dominated by the black mangrove Avicennia germinans and the red mangrove Rhizophora racemosa.

There are two village communities, Malanza and Porto Alegre. Each village has a population of approximately 500 inhabitants who rely on coastal fisheries and agricultural activities. Fisheries inside Malanza lagoon include a high percentage of juveniles (Félix et al., 2017). The communities of Malanza and Porto Alegre organize boat tours that complement the income of local families.

The human activities exert several anthropogenic pressures on the wetland. A challenging pressure is the introduction of non-indigenous species, such as the tilapia Oreochromis mossambicus, which tends to be an aggressive invader (Canonico et al., 2005) in the wetland. The construction of a road-bridge that crosses the lagoon to give access to the village of Porto Alegre, severely restricts the flow of water and sediments (Félix et al., 2017). Agricultural intensification and oil palm monoculture threaten the natural wetland habitats and biodiversity.

The current state of the environment includes water column stratification and hypoxia/anoxia at the bottom and wetland sediments. Oxygen depletion can reduce vegetation and biodiversity, as well as affect fish and shellfish stocks. Inputs of nutrients from fertilizer run-off may also promote future eutrophication.

The state changes affect the provision of wetland ecosystem services. The local population is poor and very dependent on the natural resources available in the wetland. Provision of food (e.g., fish and shellfish protein) is affected by the current oxygen depletion at the bottom, with reports of declining fish populations and impacts on human welfare. The wetland also provides an opportunistic feeding ground for marine species and a nursery for the juveniles (Félix et al., 2017). Moreover, palm tree plantations have also reduced the land area available for local agriculture. On the other hand, recreational and cultural activities related to tourism have been increasing, providing a valuable contribution to local subsistence.

Indirect pressures from climate change and sea level rise will affect the future of this mangrove, since the whole system is only just above present sea level. In recent years, the ocean has been claiming a sand bar to the west of the system, near Praia Jalé. If this sand bar disappears, it may affect the entire dynamic of the region, effectively turning the southern tip of the island of São Tomé into an islet, with consequences for the ecology of the mangroves.




Coastal Wetlands in Asia


Vembanad Wetlands, India

Vembanad Lake is a RAMSAR site that spans three districts Alappuzha (Alleppey), Kottayam and Ernakulam, and comprises 4% of the state of Kerala, SW India. It is narrow (0.8–6.9 km), but the longest (96 km) and largest (area 1521.5 km2) wetland in India, running parallel to the coast and broadening in the south. Barrier spits separate the wetland from the Arabian Sea, to which it is connected by two tidal inlets, at Kochi (400 m) and further north at Azhikode (250 m). The wetland includes marshes, mangrove forests, a network of canals and backwaters, small islands and reclaimed land. The wetland has a freshwater southern zone and a saltwater northern zone. The total drainage area is 40% of the area of the State, and there are 10 main rivers draining into the wetland. The annual surface runoff is 2.19 × 1010 m3, nearly 30% of the surface water resource of Kerala (Anon, 2016).

The Vembanad wetland supports a diverse flora and fauna, including small, isolated patches of mangrove (e.g., at Kumarakom, Vypeen, Kannamali, and Chettuva), (Anon, 2016). The Vembanad wetland and the Kumarakom Bird Sanctuary on the east coast support waterfowl migrating along the Central Asian Flyway and a large wintering population (Narayanan et al., 2011). Fauna also includes a large variety of reptiles and commercial fish (mainly oligohaline), valuable crustaceans, (e.g., prawns), and molluscs, (e.g., clams).

The population density (1,103 km–2) in the 2011 census was almost three times the mean for India, (382 km–2). There are many human activities in settlements along the wetland, including shipping, agriculture, fisheries, aquaculture, shell mining for lime and houseboat tourism on the famous backwaters. The town of Alappuzha is sandwiched between the wetland, the lagoon and the Arabian Sea and famed for its large network of canals that meander through the town. The major shipping port of Kochi (Cochin) is located at one of the inlets to the Arabian Sea and recently, the new container terminal at Vallarpadam has been added4. The 1,252 m long Thanneermukkom salt-water barrier, the largest mud-regulator in India, is located where the lagoon is narrowest and has changed the hydrology of the wetland. Thanneermukkom barrage was built in 1976 to prevent saline ingression during the dry season in the low lying Kuttanad region, known as the ‘Rice bowl of Kerala.’ Shallow parts have been bounded for punja cultivation, Padasekharam/low lying rice fields. Rice cultivation is the main crop, with extensive plantations of coconut, banana, tapioca, cereals such as millet, pigeon peas, peanut, and pawpaw grown as intercrops (Planning Commission Government of India, 2008). Constructed infrastructure includes roads across drainage canals, as well as a network of roads and bridges in the Kuttanad region, and commercial developments. Fermentation of coconut husk for coir manufacture is carried out extensively on the surface waters of the lagoon (Kumar, 2018). The black clam Villorita cyprinoides is harvested by hand picking or using a canoe for its shell rather than as shellfish (Laxmilatha and Appukuttan, 2002).

Changes in land-use from reclamation is a major and growing direct, anthropogenic pressure. There are extensive encroachments changing the land-use of the wetland for agriculture, especially rice cultivation (Planning Commission Government of India, 2008). Excess fertilizers and pesticides used in agriculture drain into the wetland system. Another major pressure results from changes in hydrology for irrigation and hydroelectric schemes affecting the connectivity of wetlands and surface waters, tidal and inundation regimes, circulation and mixing patterns (Haldar et al., 2019). Untreated sewage is discharged directly into the lake from houses in the wetland, as well as from houseboats used by the tourism industry. Also, many rivers in the catchment area flow through industrial areas carrying polluted effluents to the wetland (Varkey et al., 2016). Indiscriminate exploitation of small-sized clams, closure of the Thaneermukkom Barrage, frequent dredging, pollution due to retting, effluents from shrimp processing plants/factories and extensive weed growth are major pressures on the wetland (Laxmilatha and Appukuttan, 2002).

The state of the environment and ecosystem of the wetland is affected by these pressures, especially south of the barrage at Thaneermukkom, which affects the distribution and ecology of the wetland. The area of Vembanad wetland has decreased by 465 ha from 2002 to 2014 (Varkey et al., 2016). Reduced connectivity and flushing has resulted in eutrophication (Varkey et al., 2016). It has also led to the proliferation of non-indigenous, invader species (Eichhornia crassipes and Salvinia molesta) from Latin America that are widely distributed and a threat to the wetland (Kumar and Rajan, 2012). The 2008–2011 fish count by the Ashoka Trust for Research in Ecology and the Environment (ATREE), recorded 67 species of fin fishes and 14 species of shellfish. Earlier studies indicated that the fish fauna of Vembanad was dominated by marine migratory species (56%), but the 2011 fish-count indicated that salinity-tolerant, freshwater species dominated (69%) and the marine migrants were reduced to 31% (Kumar and Rajan, 2012). Plastic bags, bottles and other wastes dumped in the wetland and lake settle to the bottom and adversely affect bottom feeders, e.g., gobids, and the fishes that attach their eggs to the benthic substratum, (Kumar and Rajan, 2012). A decline in carnivores and a dominance of omnivores (58%) followed by 6% herbivores, 6% larvivores, and 2% detritivores also indicates organic pollution (Kumar and Rajan, 2012). The discharges of industrial effluents contaminate and pollute the wetland. The pollution load index indicates that the sediment is heavily polluted in the north and moderately polluted in the extreme south port region (Selvam et al., 2012). For example, there is severe and moderately severe enrichment of Cd and Zn with minor enrichment of Pb and Cr in the north. Mercury contamination is also higher in the north (Mohan et al., 2014). The presence of high mercury concentration in the subsurface sediment indicates historic, industrial mercury deposition.

The degradation results in the loss of ecosystem services in the wetland. The Thaneermukkom barrage has affected the production of fish and shrimp from the lagoon but has been successful in keeping the Kuttanad water fresh for agriculture (Varkey et al., 2016). The estimated annual mean fishery catch (provisioning ecosystem service) is 4774.46 t, only 10.1% in the south and 89.9% in the north (Asha et al., 2015). The main commercial species are marine penaeid prawns, clams such as Villorita cyprinoides that represents 70% of the production, cyprinoid fish and Meretrix meretrix (Kumar and Rajan, 2012).

Furthermore, indirect pressures from climate change and rising sea levels are of concern as the entire wetland is low lying. Estimates indicate that a 1m rise in sea level will inundate about 169 km2 of the coastal region around Kochi, especially areas adjacent to the tidal creeks, backwaters and lakes reaching inland areas far from the coast (INCCA, 2010).



Sundarbans Wetlands, Bangladesh and India

The Sundarbans coastal wetland on the south coast of Bangladesh and northeastern India is fed by the river Ganges and hundreds of tributaries. It includes the largest, single tract, mangrove forest in the world with a total area of 10,000 km2, 62% in Bangladesh and 38% in India (Islam and Gnauck, 2009). This mangrove forest constitutes about 51% of the forest area of Bangladesh and about 50% of the revenue for the forestry sector (Islam and Gnauck, 2009). The Sundarbans wetland is famous for its diverse biodiversity, which includes about 334 species of plants, 282 bird species, 49 mammal species, 210 fish species, 63 reptile species, and 10 each of amphibians and molluscs (Rashid et al., 1994; Biswas et al., 2007). Several rare species such as the tiger (Panthera tigris), the dolphins (Platanista gangetica), and the crocodile (Gavialis gangeticus) are found in Sundarbans wetland (Gopal and Chauhan, 2006). Endangered species such as the tiger and dolphin epitomize the conflict between the loss of habitat (quantity and quality) and human activities in the Sundarbans wetland. In 1992, about 601,700 ha of forest reserve of the Sundarbans in Bangladesh, and in 2019, 423,000 hectares of the Indian Sundarbans were declared Ramsar sites5. In 1999, 32,400 hectares of the Sundarbans in Bangladesh part were declared a UNESCO World Heritage Site (Islam and Gnauck, 2009).

Human activities in the Sundarbans mangrove forest ecosystem exert multiple pressures on this coastal wetland and the over-exploitation of natural resources. Sundarbans has a population of over 3.5 million inhabitants, mostly living below the poverty level and heavily dependent on forest natural resources (e.g., fire wood, livestock fodder, timber, honey, and fishes) for their food and livelihood (Hoq, 2007; Ahmad et al., 2009). Households that are dependent on Sundarbans obtain important monetary benefits annually from capture fishery (U$ 976 ha−1), fuel energy (U$ 80 ha−1), honey (U$ 53 ha−1), and fodder (U$ 26 ha−1), (Rahman et al., 2018). Unplanned developments threaten this World Natural Heritage (Islam et al., 2018). Land-reclamation and polders in the 1960’s increased agricultural land. Aquaculture farms cleared large areas of mangrove for shrimp ponds, without considering the externalities such as the chemicals from the effluents. Poor people, especially women and children, use illegal, fine-meshed push nets to catch of wild post larvae (PL) of Penaeus monodon shrimp. Barrages in the catchment (e.g., the Farakka barrage in the river Ganges) have decreased the freshwater flux to the wetland, especially in dry season February–June (Hoque and Alam, 1995; Wahid et al., 2007; Islam and Gnauck, 2009; Bahar and Reza, 2010). Dykes to protect from coastal flooding have also been constructed in the SW of Bangladesh, further disrupting the natural hydrology. The construction of the Rampal power station (Bangladesh), a 1,300 MW, coal-fired power plant close to Sundarbans territory (Tamim et al., 2013; Islam and Al-Amin, 2019), has resulted in protest from environmentalist groups anxious about pollution of the Sundarbans wetlands. Consequences include atmospheric emissions and land storage of fly ash from the power plant (Tamim et al., 2013).

Human activities in the Sundarbans exert multiple pressures on this coastal wetland and the over-exploitation of natural resources. Pressures include modifications of hydrology, changes in land-use and encroachment into the forest, for example to construct aquaculture ponds, unsustainable harvesting of shrimp post-larvae, over-fishing and illegal logging. The balance of freshwater and seawater, to the mangrove wetlands (Islam, 2006) has been modified.

These pressures have affected the state of the environment and ecology of the Sundarbans wetlands (Islam and Gnauck, 2009; Rahman et al., 2010). Pressures such as oil pollution, metals and industrial waste, untreated sewage effluents degrade the environmental state (Iftekhar, 2004; Rahman et al., 2009; Islam et al., 2017; Ranjan et al., 2018). The water and soil salinity in Sundarbans area has increased due to low freshwater influx from upstream, which is the main cause of top-dying and die-back diseases of trees, especially the Sundari (Heritiera fomes) and Goran (Ceriops decandra), (Khan et al., 1994; Islam and Gnauck, 2009). The destruction of 9,500 ha of mangrove forest for shrimp cultivation has caused a dramatic decline in dominant mangrove species such as Excoecaria agallocha and Xylocarpus mekongensis (Iftekhar and Saenger, 2007) and widespread loss of biodiversity.

There is a loss of ecosystem services because of the degradation of the state of the wetland. The provisioning services that supply natural resources (mainly forest products) from the Sundarbans have declined since 1996 (Hossain et al., 2016). The reduction of fresh water flow from the river Ganges, the over-capture of wild shrimp post-larvae, the simultaneous bycatch of juvenile fish and crustaceans, salinity intrusion, uncontrolled tourism, inadequate planning and lack of ecosystem based management are effecting the biodiversity of Sundarbans ecosystems, hence affecting livelihood and food security of coastal community of Sundarbans region (Ahmed and Troell, 2010; Islam and Bhuiyan, 2018; Rahman et al., 2018; Islam, 2019). The collection of Penaeus monodon post-larvae destroys the larvae and juveniles of other shrimps, finfish, and other macro- zooplankton (Hoq et al., 2001). Therefore, the collection of shrimp PL from natural sources for aquaculture operations is directly influencing in reduction of wild fisheries (Primavera, 2006). The wild aquatic biodiversity (specially the benthic community) might be also in risk due to the toxicological effect of various chemicals used in shrimp ponds (Flaherty et al., 2000). The Sundarbans provide a regulating ecosystem service as a protective, natural boundary during cyclones, and in the last couple of decades it has protected over 10 million human lives from cyclonic storms (CEGIS, 2007). Clearing the mangrove for agriculture or aquaculture has a deleterious effect on this regulating ecosystem service.

With respect to indirect pressures, the population density and the susbsidence low-lying lands of the Sundarbans make them especially vulnerable to flood risk, whether from sea-level rise or cyclone storm surges (Brown et al., 2018). Like all coastal wetlands, the Sundarbans regions is at greatest risk due to global climate change, which will influence the distribution and productivity of Sundarbans resources and aquatic biodiversity (Loucks et al., 2010). An additional problem is the increased salinity of the wetlands that affects the distribution and survival of the mangroves (Dasgupta et al., 2017). The loss of the coastal protection ecosystem service of mangroves would only increase the vulnerability of the whole system (Barbier, 2016).



Huang He (Yellow River) Delta Wetland, People’s Republic of China

The coastal wetland of the delta of the Huang He (Yellow River) is near the city of Dongying, in the Shandong Province, China. The area of the wetland is 18,000 km2 with a population of 5.2 million. The continental monsoon climate is warm and temperate (Li et al., 2014) with a mean annual temperature range from 11.7 to 12.6°C and ∼200 frost-free days. The mean annual precipitation is 530–630 mm, with 70% of the rainfall during the wet, early summer from May to July (Li et al., 2014). The wetlands include various aquatic habitats such as rivers and channels, estuarine waters, coastal and salt lakes, ponds and reservoirs, shrimp and crab cultivation ponds (Cui et al., 2009). Migrating birds from northeast Asia and from the western Pacific rim use the wetland as an overwintering and breeding site.

The delta wetland is affected by huge pressures from several human activities especially agriculture, aquaculture of fish and petro-chemical industries (Li et al., 2014). Land-use changes have converted grassland and wilderness to cultivate salt-tolerant crops and grasses, clover, maize, cotton, and Chinese date. Shrimp ponds and saltpans have been constructed in large areas of the wetland (Zhang et al., 2011). There are also thousands of oil wells of the Shengli oilfield in the wetland.

These human activities exert direct pressures on the wetland. Intensive agriculture and the growth of urban areas have almost halved the area of natural wetlands from 1976 to 2008 (Chen et al., 2011). The construction of roads between the river and wetland has decreased the water supply to the wetland. The implementation of flow-sediment regulation has reduced connectivity and modified the hydrological conditions, hence the wetland landscape (Bai et al., 2012). River diversions for irrigation have altered the hydrology and decreased the river fluxes to the wetland (Ottinger et al., 2013). Over-extraction of deep groundwater causes land subsidence, which could accelerate local relative sea level rise, increasing the vulnerability to storm surge, flooding, saltwater intrusion and coastline erosion (Liu and Huang, 2013). Saline aquaculture may cause secondary salinization in the future. The oil exploration and flow-sediment regulation could cause contamination by petroleum hydrocarbon, polycyclic aromatic hydrocarbons, arsenic, and cadmium (Wang et al., 2009; Bai et al., 2012).

The state of the ecosystems in the wetland was seriously affected by the depleting water resources, degradation of soil quality, pollution, agricultural, and industrial activities (Zhang et al., 2016). Economic development has resulted in a decrease of the habitat for the red-crowned crane habitat by 5,935 ha from 1992 to 2008 (Wang et al., 2017). The coastal blue carbon storage in the delta has decreased by 10.2% during 1970–2010 due to land use change (Ma et al., 2019). Since 2000s, the implementation of a wetland restoration project and a water regulation scheme (WSRS) has significantly improved the structure and functions of the wetland ecosystem. However, the altered flux and grain-size composition of sediments due to the implementation of the WSRS may in turn aggravate elemental imbalance, impacting estuarine and coastal geochemical processes and the wider ecosystem (Li et al., 2019).

There are impacts on human welfare from the loss of wetland ecosystem services. The lost wetland area and the decreased water supply has degraded bird habitats. Construction of dams in the catchment perturbs sediment supply, making the wetland vulnerable to erosion. Houses and oil fields on the coast have been partly destroyed by storm surges and coastal erosion (Liu and Huang, 2013). The increased salinity level in groundwater and soils caused by seawater intrusion has decreased agricultural production. Potential heavy metals and oil contamination from agro-activities and oil exploration taint seafood and are public health issues.

Indirect pressures from sea-level rise also affect the Yellow River Delta wetlands. The topography is such that the river delta has changed position many times in the past but it is now constrained by engineering projects. The combined effects of these changes, subsidence and sea-level rise threaten the wetland habitat, highlighting the need for a social-ecological adaptive management plan (Zhang et al., 2016). Nevertheless, the Yellow River Delta is one of the few large deltas in the world that can offset Sea Level Rise by 2100 due to the huge sediment input from the Yellow River (Giosan et al., 2014).



Changjiang (Yangtze) Coastal Wetlands, People’s Republic of China

The Changjiang (Yangtze) River, the longest river in China, discharges into the East China Sea in a temperate climate zone near Shanghai. The Changjiang coastal wetlands are estuarine and meso-tidal. The wetland, including the intertidal land and the areas shallower than 6 m water depth, occupies an area of some 3,050 km2 at the beginning of the 21st century. There are saltmarshes, mudflats, and estuarine shoals (Li et al., 2009). The deltaic areas are extensive, with a total area of around 25,000 km2, and they are densely populated, with more than 1,000 million inhabitants. Shanghai had a population of 22.3 million (Statutory City = SC) to 34 million (Functional Urban Area = FUA) in 2010 (OECD, 2015). In addition, there are other large cities in the Changjiang River delta, such as Nanjing (7.2 million SC to 11.7 million FUA) as well as Suzhou, Wuxi, Nantong, Changzhou, Yangzhou, Taizhou, Jiaxing, and Huzhou. The area is experiencing rapid changes in response to both natural processes (e.g., shoreline hydrodynamics and sediment dynamics) and human activities (e.g., land reclamation). The shoreline is often hit by typhoon induced storm surges, which has a trend of enhancing intensity in response to sea level rise and the warming climate (Gao et al., 2019).

Intensive human activities exert direct pressures on the Changjiang coastal wetlands. The most important ones include: dam construction that causes modifications to hydrology and sediment dynamics; rapid urbanization in the catchment and increased pollutant discharges; land reclamation along the estuarine shoreline; artificial introduction of the Spartina alterniflora species into the region; and projects for water resource utilization. More than 50,000 dams have been built in the Changjiang catchment, of which the Three Gorges Dam is the largest. As a result, the sediment discharge has been reduced by up to 70% since the 1980s (Yang et al., 2005) and the suspended sediment concentration of the river water in the downstream section is significantly reduced (Yang et al., 2018). Land-reclamation for the urban development of Shanghai and Pudong has been an important activity up to the 1990s.

These activities have resulted in pressures on the wetland. Foremost are pressures on the hydrological system and delivery of sediments. Although the total water discharge remains almost the same, the timing of the delivery has changed with an increase in the dry seasons but a decrease in flood seasons. The Changjiang River delta reached the limits to its expansion after the construction of the Three Gorges Dam (Gao, 2007), and shoreline recession is now occurring in some places. Water supply to Shanghai is a critical issue. The treatment of the water from local small rivers is costly, and the main body of the estuary is affected by saline water intrusion. To solve this problem, reservoirs to store Changjiang freshwater have been built on deltaic islands such as Chongming (the largest) and Jiuduansha (newly formed). The largest reservoir, Qingcaosha, is on Changxing Island. It was completed in 2010 and provides some 7.2 million m3 of water per day, which is sufficient for 11 million people. Land reclamation has declined because the shoreline progradation has slowed down in response to the reduction of river sediment input. The rapid industrial, agricultural, and urban development has also resulted in increased pollutant discharges, including nutrients, heavy metals, pesticides and micro- plastic particles (Zhao et al., 2014). A non-indigenous species from North America, Spartina alterniflora, was artificially introduced into the wetland in the 1980s. It has expanded rapidly (Gao et al., 2014) since the 1990s and is now a dominant species in the Changjiang wetland (Li et al., 2009). The local nematodes and macrobenthic invertebrates have adapted to the S. alterniflora marsh, but the native marsh plants such Scirpus mariqueter and P. australis are affected (Chen et al., 2004, 2007; Zhao et al., 2009). S. alterniflora occupies a lower position in the tidal flat compared with the native species, so land reclamation is primarily of Scirpus mariqueter and P. australis marshes and these species have very limited space to expand outside the sea dykes. Ecological restoration has become a recent focus for regional development. Five Nature Reserves were established by the State Council in 2005 to protect the coastal wetlands, including the Chongming Dongtan National Nature Reserve. The Ramsar Convention listed it as a ‘wetland of international importance’ in 2002. New techniques and measures have been adopted to create wetland along the shorelines that are artificially modified. For example, underwater dykes are built parallel with the sea dykes to enhance the accretion rate and the area of intertidal zone, so that new marshes can be formed in front of the sea dykes.

The anthropogenic pressures from human activities have changed the state of the environment and ecosystem. Land reclamation, the reduction of riverine sediment input and decreasing deltaic shoreline growth have led to a large-scale decrease of coastal wetland area and loss of biodiversity. The wetland area in 2016 was less than half that of 15–20 years prior. The native saltmarshes are disappearing because of lack of space for expansion. Although some are conserved in the nature reserves, future morphological changes due to sediment accretion may eventually destroy these last refuges. The S. alterniflora marsh initially expanded, but now its area is also decreasing because of reclamation. If the wetland loss from reclamation is not compensated by the various ecological restoration schemes, future land use requirements for urban development will further reduce the area. Contamination and pollution of the estuary affect the ecosystem health. Water quality becomes a critical problem due to the enhanced input of heavy metals and organic chemicals (Cao et al., 2012). The contaminant concentrations are high in the wetland sediment of the estuary. The pressure from excessive loading of nitrogen from fertilizer, manure, sewage and aquaculture stimulate eutrophication, hence Harmful Algal Blooms and hypoxia events occur with an increased frequency of occurrence and spatial extent (Bianchi and Allison, 2009).

The present changes taking place in the wetlands have consequences on the ecosystem services. The loss of area decreases all the ecosystem services of the wetland such as coastal protection, denitrification and carbon sequestration. The wetland provided fish spawning grounds and a nursery feeding place for young fish. Thus, the life cycle of fish species in the 3 traditional fishing grounds near the Changjiang River mouth is affected. The loss of 71% loss of wetlands from 1990 to 2000 has caused an estimated loss of 62% of the total value of ecosystem services in the Chongming Dongtan Nature Reserve (Zhao et al., 2004). Although S. alterniflora marshes increased the primary productivity, some sea birds (e.g., Charadriidae and Scolopacidae) that need mudflats are affected, and the natives have insufficient space to grow (Ma et al., 2007, 2009; Li et al., 2009). How the ecosystem functioning is influenced by S. alterniflora needs further investigation.

Efforts have been made by the Shanghai government to reduce the negative effects of wetland changes on human welfare. One of the responses has been the establishment of nature reserves and areas for ecological restoration. The fishery catch is decreasing, partly because of the insufficient wetland space (Jin et al., 2007). The management response would be to maintain the stability of the native saltmarshes and simultaneously to use the S. alterniflora marsh as an ecological restoration tool. Soft engineering could be adopted to increase the space for wetland development, and pollutant input should be controlled to improve the water quality of the estuary. For these purposes, efficient management is required, in the context of the long-term climate and sea level factors and the short- term anthropogenic influences (Cheng and Chen, 2016; Ding, 2016).

Indirect pressures also affect the Changjiang (Yangtze), where a megacity is built on a low-lying, sinking deltaic wetland, in a zone prone to supertyphoons that is also very vulnerable to flooding and storm surges (Cui et al., 2015).



Mekong Delta Wetlands, Vietnam

The Mekong delta in the south of Vietnam includes 13 provinces occupying 40,600 km2 and is home to about 18 million inhabitants. Here, the Mekong drains via nine branches into the South China Sea. The subtropical delta undergoes distinct dry and rainy seasons. The delta includes temporarily inundated sandbars and mudflats, as well as several types of wetlands. These are: salt marshes; coastal mangrove ecosystems, such as Ca Mau National Park, Soc Trang, and Bac Lieu; reed wetlands, such as Ha Thien Plain and Tram Chim National Park (Plain of Reeds); and peat swamp wetlands, such as U Minh Thuong National Park. Several National Parks and nature reserves have been established in the Mekong Delta wetland. The area of mangrove in Mekong delta coast is 100,000 Ha. These mangrove forests are especially biodiverse with 98 species of trees, 36 species of mammal, 182 species of birds, 34 species of reptile, 6 species of amphibians, and 260 species of fishes. The main cities in the delta are Can Tho, Ho Chi Minh, Ca Mau, Bac Lieu, My Tho, Tra Vinh, Soc Trang cities and these are growing rapidly in population and area.

The main human activity is rice crop cultivation in rice paddy fields that are human controlled wetlands. Some are protected by complex diking systems and are intensively farmed, yielding 2, 3, and recently up to 4 harvests per year. Some paddies are under less intensive use and used as fishing grounds during the flooding season (Duy et al., 2015). Illegal clear cutting of mangroves continues in strictly managed and protected regions, such as the famous Can Gio Mangrove Biosphere reserve (Kuenzer and Vo, 2013). These illegal activities are hard to monitor and law enforcement is still weak. The overall socio-economic transformation, urbanization (e.g., the Delta Cities of Ca Mau, Soc Trang, Ben Tre, and especially Can Tho, just to name a few), and industrial expansion (petrochemical and coal/fuel) ongoing in the delta (e.g., sea-food processing and agro-industry especially around Can Tho and Long Anh) lead to a general overexploitation of resources, including overfishing (Pangasius, sting ray, catfish, and elephant fish to name only a few), unsustainable sand dredging, and the sale of topsoil. Economic activities are rice cultivation, animal husbandry (chicken, ducks, pigs, and cows) and aquaculture (especially shrimp and Pangasius). Extensive mangrove areas have been destroyed by the rapid expansion of coastal aquaculture (Kuenzer and Vo, 2013; Vo et al., 2015).

Many human activities exert direct pressures on these fragile wetlands. The construction of dykes, dams, urban, and industrial areas affect the hydrology and connectivity of the wetland. Coastal engineering activities are often driven by the hope for economic benefits and are executed for ministerial line agencies and related companies. These result in the ongoing closure of Mekong River main stem and tributary channels, decreasing connectivity. Wetland connectivity is decreased as the network of river branches and canals in the delta are increasingly obstructed by dykes, levees and sluice gates. The same applies to terrestrial ecosystem connectivity, which is decreasing due to fractionation by highways and roads. These are aggravated by the decrease in sediment loads from the upstream areas (Kuenzer et al., 2013).

These pressures affect the state of the wetlands, so that flora and fauna biodiversity is declining. The state of the water quality affected by fertilizer, pesticides and endocrine disruptors from rice farming, vegetable cultivation and animal husbandry. Furthermore, chemicals and antibiotics used in aquaculture ponds contaminate groundwater, soils, and the food chain (Ottinger et al., 2016). Elevated levels of pesticide have resulted in water pollution with traces detectable in ground, surface and even locally filled bottled drinking water (Toan et al., 2013). The area of area of mangrove in Mekong delta coast is decreasing with rate of 5% per year induced by human activities.

The deteriorating state of the wetland affects the delivery of ecosystem services. Healthy mangroves provide: provisioning services, e.g., fire wood, construction wood, medicinal products, honey, and fish; supporting, e.g., breeding grounds; protecting services, e.g., erosion and storm control; regulating services, e.g., water filtration and buffering capacities; cultural and recreational services, e.g., resting, eco-tourism, and spiritual activities (Vo et al., 2012, 2015; Kuenzer et al., 2013). The conversion of natural reed wetlands decreases their delivery of ecosystem services. These include a loss of provisioning ecosystem services, e.g., roofing and weaving material, fish supply; ecosystem services, e.g., water filtration and cleansing; and cultural- recreational ecosystem services (Vo et al., 2012, 2015; Kuenzer et al., 2013). Natural mangrove belts acted as barriers against high tides, storm surges and general sea level rise. The loss of these mangroves results in increased salt-water intrusion into the aquifers and soils of the delta.

The activities and related pressures exerted on the Mekong wetland have led to partially irreversible impacts on human welfare, especially affecting the rural poor who depend on natural resources for their livelihood. Artisanal fishers report a loss of fish species and decreased catch landings. Salt-water intrusion affects small-scale rice farmers. The rural population often drink untreated ground and surface water and suffer from intestinal problems and other health issues. Boat-dependent mobility is impaired by an increased regulation of water ways. Many typical, traditional lifestyles are likely to disappear in the next years, including floating markets, artisanal clam collection and fisheries, small-scale water transportation and complex, sustainable farming approaches, such as the multispecies duck-rice-vegetable agriculture. This will entail a loss of cultural values and an overall decrease of the unique character of the Mekong delta wetland.

Climate change and related sea level rise are the main causes of indirect pressures in the wetland, including coastal erosion and salt-water intrusion. Managing flood risks in the Mekong Delta is a serious challenge in the context of climate change and socioeconomic developments (Hoang et al., 2018).




Coastal Wetlands of Oceania


Mangrove Forests of the Gulf of Papua, Papua New Guinea

The Central Highlands of Papua New Guinea are drained by the rivers Purari, Kikori, and Fly that pass through regions of extremely high rainfall and into a complex of tide- and river-dominated estuaries, delivering (384 Mt a−1 of sediment and 470–690 km3 water into the Gulf of Papua) (Aller et al., 2008). The wetlands are dynamic, with accretion and erosion occurring simultaneously indifferent parts of the deltas, with delta-front erosion of up to 43 m per year over the period 1973–2002 (Shearman, 2010). There are 3,780 km2 of wetland mangrove on the Gulf of Papua (Bryan et al., 2015), the largest, virtually pristine mangrove forests in the Asia-Pacific Region (Cragg, 1983), and particularly diverse (Duke et al., 1998). Pioneering species, e.g., Sonneratia lanceolata dominate accreting shorelines. Mature forests with canopies of up to 30 m are dominated by Rhizophora and Bruguiera. Transitional forests occur at the boundary with freshwater habitats (Cragg, 1983). There are large areas of pure Nypa palm stands in low salinity parts of the deltas. The mangrove wetlands are nursery grounds for fish, crabs, and prawns, (Frusher, 1983). Offshore of the mangroves, there are feeding and breeding grounds for commercially harvested prawns (Gwyther, 1983), and rock lobster (Dennis et al., 2001).

Human activities in the immediate vicinity of this huge mangrove are remarkably small. Four to five hundred years ago, traditional trading Hiri voyages traversed the Gulf (Barker et al., 2015; David et al., 2015). There are no urban areas but some villages on sand bars at the seaward edge or just inland of the mangrove rather than within the mangrove (Cragg, 1983). The population is low, approximately 107,000, and relies on subsistence utilization of a range of mangrove resources: mangrove wood for poles for house construction, fuel and tools; edible mangrove fruits and palm hearts; medicinal uses and dyes (Liebezeit and Rau, 2006); thatching and basket weaving using Nypa fruticans fronds. Offshore there is one of the most commercially important fisheries in Papua New Guinea – the demersal prawn trawl fishery that gains an income of (US$3M per year through a local fishing fleet) (Kompas and Kuk, 2008; White et al., 2019).

The low population and subsistence utilization of mangrove resources represent only a low, local direct pressure at present. The estimated use of fuel wood is only 6.4 kg person−1 d−1 and construction wood at 0.6 m−3 household−1 a−1 (Page et al., 2016). The main pressures are from human activities elsewhere: the large, commercial logging concessions inland of the wetland (Bryan et al., 2015); the oil pipelines from the highlands at Kutubu through the mangrove forests to the Kumul Marine Terminal offshore; and the huge Ok Tedi open-pit gold and copper mine is in the watershed of the river Fly. Mine tailings have increased the sediment load at peak rainfall (Shearman et al., 2013), transporting copper in dissolved and particulate form (Bolton, 2009).

Direct pressures may increase as the area is further developed in the future. Logging inland of the mangroves is likely to increase sediment input to the wetland and may require construction of coastal log-loading facilities. The potential commercial exploitation of ethanol production from tapping Nypa syrup has been explored but not exploited. There have been evaluations of potential for pulp wood and wood chips, but the soft sediments make harvesting problematic. Bark from Rhizophora trees was used to produce tannin extract (cutch) in a factory that operated between 1954 and 1957, but this activity ceased due to competition from alternatives to cutch (Percival and Womersley, 1975). The construction of a hydroelectric dam on the Purari River (Wabo) has not yet taken place. A multidisciplinary environmental impact study of plans predicted a reduction in sediment load and increased predation on prawn larvae, but no significant effects on delta fertility (Cragg, 1983). A project to exploit natural gas envisages an additional pipeline from the highlands into the Gulf.

The effect of these pressures may affect the state of the wetland and will entail a loss of ecosystem services such as supporting services, e.g., the high primary production and the nursery function for fish and crustaceans. Unusually high bacterial decomposition rates of sediment organic carbon leads to close benthic-pelagic coupling supporting the Gulf of Papua prawn fishery (Alongi, 1995). The regulating services of the mangrove forests help to stabilize the sedimentation and erosion of the delta. Furthermore, the sequestration of carbon by the Papua New Guinea mangroves is a globally significant ecosystem service: 2.9% of global carbon stocks in mangroves is estimated to be in Papua New Guinea mangrove forests (Hamilton and Friess, 2018). This is the 5th most important mangrove ecosystem in the world, in terms of carbon stocks once the additional offshore sequestration is combined. Dead plant matter is rich in the lignocellulose complex, which is more resistant to break down than marine-generated particulate organic matter, particularly under anoxic conditions in sediments (Cragg et al., 2020). Part of the forest detritus and almost all subterranean roots are retained, accounting for the exceptionally high carbon sequestration capacity of mangrove wetlands, particularly in New Guinea (Sasmito et al., 2020). An estimated 1.7 × 109 kg a−1 of the organic carbon, derived from the vascular plants and plankton of the mangroves, is exported through the Fly delta to the Gulf of Papua and the Coral Sea Robertson and (Alongi, 1995). The residence-time of soil organic matter is longer in marine sediments (Goni et al., 2006), so 13–27% of the organic matter accumulates long-term offshore (Aller et al., 2008).

Indirect pressures from climate change may alter rainfall patterns, hydrology, intensity and frequency of storms affecting the delta region. Sea level rise is interacting with subsidence of the delta sediments in affecting mangrove distribution (Shearman, 2010).





SUMMARY OF THE MAIN DIRECT PRESSURES ON COASTAL WETLANDS AND CONSEQUENCES

The Millennium Ecosystem Assessment [MEA] (2005) identified that human population growth and economic development lead to the degradation and loss of coastal wetlands. Anthropogenic degradation and loss of wetland was mainly due to land-use changes, construction of infrastructure, water extraction, eutrophication and pollution, overharvesting of commercial species and overexploitation of natural resources, as well as the introduction of non-indigenous species (Millennium Ecosystem Assessment [MEA], 2005).

We identified that the most important human activities exerting anthropogenic pressures on coastal wetlands can be placed in 2 groups: (i) land reclamation and conversion to agriculture, aquaculture, ports, and urban areas; and, (ii) construction of dams, dykes, polders, drainage channels, dredging that modify the natural hydrology, connectivity, and sedimentology. Thus, the main anthropogenic pressures are land-use change and changes in hydrology, as well as connectivity. The main anthropogenic pressures on the coastal wetlands included in this overview are summarized in Supplementary Table S1. The relationship between these human activities in or around coastal wetlands and resulting anthropogenic pressures on the environment and ecosystem are summarized in Supplementary Table S2.

The anthropogenic pressures (direct and indirect) alter the dynamics of ecosystem function of the coastal wetlands. This affects the natural resilience of the systems and increases their vulnerability. This overview is summarized in Figure 2. Damming in the catchment disrupts the sediment fluxes to coastal wetlands. This leads to erosion and subsidence, (Syvitski and Saito, 2007; Syvitski et al., 2009). Wetlands are dynamic systems, illustrated by the ‘wandering mouths,’ of deltas, such as the Huang He (Yellow River) and Mississippi. In the case of dynamic, coastal lagoons such as the Ria Formosa, inlets open and close. Humans try to stabilize the position of river mouths and inlets for shipping, and channels are dredged to accommodate ships of increasing size. These modifications in the catchment and at the mouth cause changes to the sedimentology and hydrology. Over-extraction of water for agriculture is another common feature that changes the freshwater-saline water balance, so that wetlands that naturally vary from freshwater to saline become increasingly saline. The linked coastal wetlands of Bizerte lagoon and Ichkeul lake illustrate the dramatic effects of loss in connectivity. Changes in hydrology, flow rates and timing of freshwater inputs to estuarine wetlands affects the flora of the wetlands, whether it is seagrass, saltmarsh or mangrove. The vegetation is fundamental to the ecosystem services of the coastal wetlands and have dramatic impacts on human welfare, for example, provisioning services such as fish catch (Kennedy and Barbier, 2016). A holistic understanding of the interlinked hydrology, sedimentology and biology is fundamental for the management of estuarine systems such as coastal wetlands (Alber, 2002). This is particularly important for the assessment of diffuse sources, for example nutrient pressures from farming activities such as fertilizer application.
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FIGURE 2. Conceptual diagram summarising the findings, showing an estuarine wetland ecosystem in an unimpacted and impacted state. Symbols are courtesy of the Integration and Application Network, University of Maryland Center for Environmental Science (https://www.umces.edu/ian/search). (Credit: Sonia Cristina).


Another important and widespread anthropogenic pressure is the point source discharge of effluents by industry, farms and domestic sewage shown in Supplementary Table S3. Effluents, especially from industries, can contaminate and pollute wetlands, while eutrophication may result from the discharge of effluents that are rich in organic matter and nutrients shown in Supplementary Table S4.

Most of the anthropogenic pressures identified in this overview correspond to the types I to N of “anthropogenic hazards” from the typology of Elliott et al. (2014) and are summarized in Supplementary Table S5. The value of ecosystem services of a wetland, e.g., the mangroves of Papua Guinea can be globally significant, but the lack of understanding about the value of coastal wetland ecosystem services (Newton et al., 2018) continues to contribute to their degradation. Externalities and the long-term value of ecosystem services are often ignored, for short term, economic gain and/or development. Even when the knowledge exists, it may be disregarded, as in the case of the dredge spoil dumping onto the Abbot Point and Caley Valley wetlands in Australia, which is a habitat of more than 40,000 water-birds (Australian Marine Conservation Society, 2014), despite lessons learned in the Mississippi and other coastal wetlands.

Cumulative pressures change both the state of the environment (e.g., anoxia) and the state of the ecosystem (e.g., loss of saltmarsh, mangrove, and seagrasses). Coastal wetlands provide ecosystem services, such as regulatory services for water quality, coastal protection, carbon sequestration and denitrification, as well as supporting services such as habitat for a wide variety of fauna. The loss of vegetation of the coastal wetlands, represents a loss of a wide range of ecosystem services. There is a decrease in provisioning ecosystem services, e.g., timber from mangroves, seafood yield from the wetland, and also from the adjacent sea; supporting ecosystem services, e.g., oxygenation from seagrasses, nursery services, denitrification, carbon sequestration, and habitat for migrating wildfowl; regulating ecosystem services, e.g., water purification and natural hazard protection, e.g., floods, storm surge, and tsunamis cultural ecosystem services, such as loss of traditional lifestyles and artisanal fisheries.

However, there are some ‘bright-spots.’ Awareness and recognition of the value and importance of coastal wetlands is improving, and some nations are now developing ambitious management plans. In particular, the protecting ecosystem service of coastal wetlands gained recognition after the 2004 Banda Aceh tsunami (Spalding et al., 2014). Some of these efforts are transdisciplinary and bring together scientists, policy makers and environmental managers, as in the case of the Huang He (Yellow River) delta and coastal wetlands management plan (Wohlfart et al., 2016).

This is also the case for mangrove wetlands. Papua New Guinea is implementing the UN-REDD+ mechanism (the United Nations Reducing Emissions from Deforestation and forest Degradation plus Sustainable Forest Management, Conservation of Forests, Enhancement of carbon sinks), (Grussu et al., 2014). This aims to decrease emissions (e.g., from slash and burn deforestation) and enhance forest carbon-sequestration. The remote-sensing methodology detailed by Hamilton and Friess (2018), could be used for monitoring to support payment for ecosystem services such as REDD+.

The emphasis of this article has been direct pressures rather indirect, but both will affect the future of wetlands. Coastal wetlands, mangrove forests, saltmarshes and seagrasses are particularly effective at sequestering carbon, as illustrated by the Papua New Guinea mangroves. It is important to consider both historical and contemporary environmental factors to better understand this regulating ecosystem service of coastal wetlands (Witman, 2017). Marshes, seagrass meadows, and mangroves are some of the ecosystems that sequester carbon most efficiently and store large amounts of carbon dioxide as “blue” carbon (Lovelock and Duarte, 2019; Cragg et al., 2020). Conservation of coastal wetlands can therefore contribute to the mitigation and adaptation to climate change (Neubauer and Verhoeven, 2019; Serrano et al., 2019). However, the Blue Carbon potential of coastal wetland restoration varies with inundation and rainfall (Negandhi et al., 2019) as well as management approaches (O’Connor et al., 2020). Degraded coastal wetlands could potentially be re-naturalized to promote an increase in carbon sequestration, as well as additional and valuable ecosystem services, such as denitrification and halophyte cultivation, for example Salicornia.

We conclude this overview by highlighting the importance of coastal wetlands both ecologically and economically. They provide an important buffer between land and sea in the context of sea-level rise and climate change. They are important cogs in the biogeochemical cycles, providing exceptional services such as denitrification and carbon sequestration. The ecosystem services that they provide are consistently underestimated leading to irreversible land-use changes that ultimately destroy the wetlands and impact human welfare. The conservation and ecosystem-based management of coastal wetlands will contribute to several of the United Nations Sustainable Development Goals, SDG, in particular, 2, 3, 6, 12, 13, 14, 15 but also 1, 4, 8, 11.
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The effectiveness and reliability of the polychaete Hediste diversicolor (O.F. Müller, 1776) to bioaccumulate polychlorinated dibenzo-p-dioxins (PCDDs) and dibenzofurans (PCDFs) was assessed in an in-situ passive biomonitoring study. Field collected specimens were sampled in five sites within the Venice Lagoon (Italy), selected along a PCDD/F contamination gradient. The homolog profiles in the tissues of the common ragworm were considerably different from those observed in the sediments, independent of sediment contamination. Moreover, H. diversicolor accumulated preferentially the less chlorinated 2,3,7,8-TCDD, 2,3,7,8-TCDF and 2,3,4,7,8-PeCDF compared to the more chlorinated and hydrophobic hexa-, hepta- and octa-substituted congeners, as evidenced by the significant and linearly decreasing trend of the Biota-to-Sediment Accumulation Factor (BSAF) with the increasing lipophilicity of the congeners, expressed as the logarithmic form of the octanol/water partition coefficient (logKOW). The BSAFs for dioxins and furans were generally low compared to other organochlorine compounds such as polychlorinated biphenyls and organochlorine pesticides, suggesting that H. diversicolor may eliminate both dioxins and furans efficiently.
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INTRODUCTION

Polychlorinated dibenzo-p-dioxins (PCDDs) and dibenzofurans (PCDFs) are highly persistent, bioaccumulative and toxic contaminants not intentionally produced, but occurring in the environment as byproducts of chemical processes involving the use of chlorine (i.e., wood pulp and magnesium industries), as a result of combustion processes from both natural (forest fires) and anthropogenic sources (smoke from incinerators, car and boat exhaust fumes) or as impurities in chemicals (i.e., pesticides and herbicides) (Swerev and Ballschmiter, 1989).

Once released, PCDD/F enter the marine and coastal environments via atmospheric deposition, riverine inputs from the inland, and direct discharges of urban and industrial wastewaters into the coastal waters (Armitage et al., 2009).

In the marine environment PCDD/F are quickly adsorbed onto suspended matter, due to their high hydrophobicity, and then deposited onto the sediment where they accumulate over time, due to their persistence. As a consequence, sediment may act both as a secondary source of PCDD/F pollution for the water column (Khairy et al., 2016) and as a primary source of contamination for the benthic species living and/or feeding on sediment-bound contaminants (Pruell et al., 1993, 2000).

Polychaetes are a major component of the coastal and estuarine systems, where they may represent up to 40% of the taxa constituting the communities (Amiard-Triquet et al., 2013). Many species living in soft-bottom habitats are endobenthic and occupy several ecological niches, serving as relevant vectors for the recycling of the detritus, as primary consumers of benthic algae and predators of other invertebrates, and as food for the organisms at the top of the benthic and aquatic trophic webs (Scaps, 2002; Dean, 2008; Amiard-Triquet et al., 2013).

Close contact with the sediment as well as detritivorous habits of most species make polychaetes vulnerable to the uptake of contaminants through both contact with dissolved chemicals and ingestion of pollutants bound to sediment particles or adsorbed onto detritus particles (Dean, 2008). Consequently, contaminants accumulated into the tissues of the polychaetes may then be transferred to higher levels of the trophic web, leading to possible biomagnification phenomena (Ruus et al., 2012; Sizmur et al., 2013). For these reasons, polychaetes are often used in ecotoxicological studies to assess both early warning signals of chemical stress, by using relevant biomarkers, and the bioavailability of the contaminants (Durou et al., 2007a, b; Nesto et al., 2010; Ruus et al., 2012; Amiard-Triquet et al., 2013).

A commonly used polychaete species in ecotoxicological research is the common ragworm Hediste diversicolor (O.F. Müller, 1776). This burrowing polychaete is omnivorous, but also behaves as a deposit feeder, by collecting detritus near the opening of its burrows, and is widespread in the shallow marine and estuarine waters of the European coasts of the Atlantic, the Mediterranean Sea, the Black Sea and the Caspian Sea (Scaps, 2002). Its large dispersion into brackish waters has favored its frequent use as a biological indicator for assessing exposure and effects of sediment-bound contaminants in estuaries and coastal lagoons affected by pollution due to anthropogenic sources, including metals (Volpi Ghirardini et al., 1999; Berthet et al., 2003; Frangipane et al., 2005) and organic contaminants, such as polynuclear aromatic hydrocarbons (PAHs) – although the ability of polychaetes to biotransform PAHs was demonstrated (Jørgensen et al., 2008) – and polychlorinated biphenyls (PCBs) (Gunnarsson et al., 1999; Cornelissen et al., 2006; Langston et al., 2012). Nevertheless, the ability of H. diversicolor to also accumulate other persistent and bioaccumulative toxicants, as PCDD/F, has been rarely explored, although these polychlorinated compounds may accumulate in fish – and also humans (Raccanelli et al., 2007) – through the marine and estuarine trophic web, where H. diversicolor represents a relevant trophic link (Nunes et al., 2011).

The present study examined the effectiveness and reliability of H. diversicolor as an indicator of exposure for PCDD/F in an in-situ passive biomonitoring study, using field-collected polychaetes. The Venice Lagoon was chosen as a case study since sources, inputs and sediment concentration of PCDD/F have been extensively studied in the past decades (Fattore et al., 1997; Marcomini et al., 1997; Jimenez et al., 1998; Bellucci et al., 2000; Frignani et al., 2001a). The aims of the study were the assessment of possible bioaccumulation in tissues of H. diversicolor, the identification of the congeners with higher ability to accumulate into polychaete tissues, and the analysis of the possible relationships between accumulation and the lipophilicity (expressed as logKOW) of the 2,3,7,8 chlorinated congeners.

The results of this study, performed in 1998, are presented only now because we found that in the last 20 years no significant progress has been made in the field of bioaccumulation of organochlorine compounds in estuarine environments. Although they play a relevant role in the trophic webs of marine and estuarine environments, benthic infaunal organisms such as polychaetes, have been too often disregarded as bioindicators for bioavailability/bioaccessibility of PCDD/Fs, in favor of other species of greater commercial interest (fish and molluscs). The focal purpose of this paper is thus to underline how these organisms are suitable for studying bioaccumulation of organic contaminants (other than PAHs), as well as to promote a more widespread exploitation of polychaetes in monitoring programs.



MATERIALS AND METHODS


Study Area

The Venice Lagoon is one of the largest and relevant Coastal Transitional Ecosystems of the Mediterranean (Tagliapietra et al., 2009); it is about 50 km long and 10 km wide, accounting for a surface of about 550 km2. Out of them, 36 km2 are salt marshes, 30 km2 islands (excluding the barrier islands) and the rest is covered by water. The mean depth of the water column is about 1.2 m, with only 5% of the lagoon deeper than 5 m (Molinaroli et al., 2009). The volume of water contained in the lagoon is about 628 million m3, and according to Kjerfve (1994), the Venice Lagoon can be defined as a “restricted” coastal lagoon. The basin is connected to the Adriatic Sea through three inlets (Lido, Malamocco, and Chioggia) which allow tidal flushing twice a day (microtidal and predominantly semidiurnal tides) (Tagliapietra and Volpi Ghirardini, 2006). Every day the Venice Lagoon exchanges with the Adriatic Sea about 400 million m3 of water while the inflow from the inland through the rivers and subsoil averages 3.7 million m3 (Bernstein and Montobbio, 2011). The drainage basin is about 1850 km2, 40% of which is reclaimed land lying under the sea level.

The primary source of pollution is the Porto Marghera industrial district (Bellucci et al., 2000; Frignani et al., 2001a, b; Zonta et al., 2007). Other point and non-point sources of pollution flowing into the lagoon include also treated and untreated municipal wastewaters, streams, agricultural runoff, boat traffic and atmospheric deposition (Guerzoni et al., 2004; Secco et al., 2005; Volpi Ghirardini et al., 2005; Gambaro et al., 2009). The recorded pattern of pollution follows the urban and industrial development: evidence exists that contamination of waters and sediments started in 1920 with the development of the first part of the industrial area, then accelerated after 1933 and again after World War II (Frignani et al., 2001a, b). As a consequence, the contamination gradient was largely superimposed on the inland-sea transect (Picone et al., 2016, 2018).

The atmospheric and riverine inputs of PCDD/F into the Venice Lagoon has been estimated in the order of 2.2–195.7 g y–1 (Guerzoni et al., 2007) and 6.9 g y–1 (Bettiol et al., 2005), respectively; the contribution of treated and untreated discharges from the industrial district of Porto Marghera has been estimated in 0.10–0.26 g y–1 as toxicity equivalents (MAG. ACQUE-Uta, 2011).



Sediment and Polychaete Sampling

Sediment and polychaete samples were collected during summer 1998 from 5 sub-tidal shallows, selected along a gradient of chemical contamination and affected by different sources of pollution (Figure 1). Palude della Centrega (CE) is an inter-tidal mudflat in the northern basin of the Lagoon, chosen as possible reference site due to the low concentrations of contaminants characterizing the area (Volpi Ghirardini et al., 2005; Picone et al., 2008). Dese river (DE) and Osellino canal (OS) sites are two estuaries influenced by agricultural runoff; OS is also characterized by multi-sources pollution being affected by both urban and industrial discharges, due to the proximity to the urban area of Mestre and the illegal landfill of Campalto (Critto et al., 2003). Canale Industriale Sud (SA) and Canale Lusore-Brentelle (BR) are two industrial canals located within the Porto Marghera district; in particular, site BR is a polluted site both as concern metals and organic micropollutants (Volpi Ghirardini et al., 2005; Bellucci et al., 2009; Picone et al., 2018) catching also freshwater from the Naviglio di Brenta canal.
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FIGURE 1. Map of the sampling sites within the Venice Lagoon. CE = Palude della Centrega; DE = Dese river; OS = Osellino canal; SA = Canale Industriale Sud; BR = Canale Lusore-Brentelle.


Sediment sampling was performed following the integrated design and Quality Assurance/Quality Control (QA/QC) procedures reported in Volpi Ghirardini et al. (2005). Briefly, in each site, the sampling area was defined as a circle with a diameter of 30 m. Within this area, eight sediment cores (depth 0–20 cm, diameter 5 cm) were collected with a Plexiglas® corer and then pooled to obtain an integrated sample. This procedure was performed in triplicate in each sampling area. Sediment samples were stored in 2 l glass containers and kept refrigerated until their arrival in the laboratory. Samples were processed within 2 weeks, according to ASTM guidelines (ASTM, 2014).

Polychaetes were collected within sediment sampling areas using a box corer (14×14×16 cm). Sediments collected with the box corer were washed into polyethylene tanks and then the sediment slurry was poured into a 1 mm mesh size sieve and thoroughly washed in situ with seawater to separate the worms from the substrate. Once collected, the polychaetes were placed in 1 liter polyethylene containers filled with a layer of clean quartz sand (grain size approx. 60–100 μm) and natural seawater, in order to minimize the stress during the transport in the laboratory. A variable number of polychaetes was retrieved in each site, from 30 up to 80 depending on the population density in the area. Only for sites BR and OS it was possible to obtain three replicates with sufficient biological material for analysis; as a consequence, it was necessary to pool organisms collected in each site in order to have enough biological material for performing chemical analysis with an adequate limit of detection (0.25 pg g–1 dw).



Sediment Analysis

Total organic carbon (TOC) analyses were performed using a CHNS-O analyzer on aliquots of 10–20 mg of dry sediment acidified with 20-μL of 1N HCl solution and dried at 105°C for 15 min. Sediment grain-size was determined following a gravimetric procedure and was subsequently classified according to Shepard (1954). PCDD/F in the sediments were analyzed according to the procedure reported in Bellucci et al. (2000), based on the United States. EPA method 1613/94 for the determination of 17 congeners 2,3,7,8 substituted of dioxins and furans using gas chromatography-mass spectrometry (GC-MS). One composite sample (n = 1) per site was analyzed.



Polychaete Holding and Analysis

Once in the laboratory, the polychaetes were depurated for 4 days in small glass aquaria (20 × 20 × 15 cm) containing acid-washed quartz sand and artificial seawater (1:1 v/v sand/water ratio), to allow the elimination of the gut’s content. Then, they were transferred for 1 day in aquaria containing only artificial seawater, to remove also the quartz sand accumulated during depuration phase (Lobel et al., 1991; Volpi Ghirardini et al., 1999). Artificial seawater was prepared by dissolving an artificial sea salt mixture (Ocean Fish®, PRODAC International, Cittadella, Italy) in Milli-Q® purified water.

Depuration was carried out under constant aeration, at a temperature of 18°C and salinity of 20 psu; overlying water was renewed every 48-h and the fecal pellets were removed daily, to avoid the ingestion by the worms and the consequent failure of the gut cleaning. Temperature, salinity and ammonia were checked daily.

During the last day of depuration in seawater, glass tubes were introduced into the aquaria to allow polychaetes to individually settle in there, to avoid aggressive behavior, cannibalism and also damages due to the lack of substrate (e.g., autotomy). At the end of the depuration phase, animals were anaesthetized using a 10% ethanol solution in seawater 20% and individually checked for species confirmation under a dissecting microscope. After taxonomic confirmation and determination of biometric parameters (in order to select polychaetes of comparable age), pooled samples of 20–30 specimens per sampling site were frozen until the analysis. Taxonomic identification was performed in order to avoid mixing with specimens belonging to other species, such as Alitta succinea (Leuckhart, 1847) and Perinereis cultrifera (Grube, 1840), that may share the habitat with H. diversicolor (Volpi Ghirardini et al., 1999). PCDD/F in the tissues were analyzed using the same method reported for sediments; prior to analysis, the frozen polychaete samples were freeze-dried. One composite sample (n = 1) per site was analyzed.

Lipids were extracted by Accelerated Solvent Extraction (ASE) with 50 ml of n-hexane/dichloromethane 50/05 at 150°C, 1500 psi 7-min heat-up and two cycles of 5 min static time. The extracts were desiccated using an evaporator equipped with a vacuum controller. The lipid content was then determined gravimetrically using an analytical balance.



Data Elaboration and Analysis

Concentrations of PCDD/F in sediments and tissues were reported on dry weight (dw) basis. The dry weight concentrations were then also converted in 2,3,7,8-TCDD equivalents by multiplying the sediment concentrations by the toxic equivalency factors (TEFs) proposed by the World Health Organization (Van den Berg et al., 2006). Cluster analysis was used to categorize the homolog profile of PCDD/F in sediments and tissues; Euclidean distances and complete linkage were used as distance metric and joining rule, respectively. Before cluster analysis, sediment and tissue concentrations were transformed to per mil 2,3,7,8 chlorosubstituted homologs, by normalizing the sum of the isomers with the same degree of chlorination (i.e., PeCDD or HxCDD) to the sum of all dioxins and furans congeners with a concentration above the detection limit (Marcomini et al., 1997).

Spearman’s non-parametric correlation was applied to test for significant correlations between sediment and tissue concentrations of the 17 congeners of PCDD/F, whilst linear regression was used to verify the linkage between BSAFs and the octanol-water partition coefficients (KOW), after logarithmic transformation. LogKOW values were taken from Chen et al. (2001).

Biota-Sediment Accumulation Factors (BSAFs) were calculated for each sampling site as the ratio of contaminant concentration in tissues (pg g–1 dw) on the contaminant concentration in sediments (pg g–1 dw), normalized to the lipid content and to the organic carbon content, respectively (Burkhard, 2009). For the calculation of BSAFs, concentrations below detection limits were assumed to equal a value half of the detection limit used. Welch’s ANOVA and Games-Howell test were applied to the pooled BSAF data in order to check for the overall significant difference in the accumulation of the congeners of PCDD/F. Welch’s ANOVA was chosen as a parametric method for the analysis of variance since homogeneity of variances condition was not met also after logarithmic and square root transformations.

All the statistical analysis were performed using the StatSoft Statistica v8.0 (Spearman’s non-parametric correlation, linear regression) and IBM SPSS Statistics v.25 software (Welch’s ANOVA and Games-Howell post hoc test).



RESULTS


Sediment Chemistry

Total organic carbon in the sediments ranged from 1.88% (CE) up to 4.67% (OS); grain size was characterized by a prevailing fraction of silt, ranging from 52.9% (BR) up to 69.6% (SA). According to the ternary classification of Shepard (1954) samples CE, DE, OS, and SA were classified as clayey silts, whilst sample BR was classified sandy silt.

Sediment PCDD/F concentrations at the five study sites ranged between 73 and 6,621 pg g–1 dw. The sediments collected at site SA (6,621 pg g–1 dw) were the most contaminated being characterized by total concentrations (ΣPCDD/F) of 1 or 2 order of magnitude higher than the other samples (Table 1). As concern dioxins, the total sediment concentrations ranged from 24 pg g–1 dw (CE) to 677 pg g–1 dw (OS), with OCDD accounting for more than 75% of total dioxins in all samples; 2,3,7,8-TCDD occurred at concentrations above the detection limit (0.5 pg g–1 dw) only in sample SA (1 pg g–1 dw). With regard to furans, the highest concentration was measured in sample SA (6061 pg g–1 dw) whilst the reference sample collected in site CE was, as expected, the least contaminated one (47 pg g–1 dw); the congeners detected at highest concentrations were 1,2,3,4,6,7,8-HpCDF and 1,2,3,4,6,7,8,9-OCDDF.


TABLE 1. PCDDs and PCDFs concentrations in composite sediment samples, composite polychaetes samples and Biota-to-Sediment Accumulation Factors (BSAFs) calculated for the 17 congeners of 2,3,7,8 chlorosubstituted dioxins and furans.

[image: Table 1][image: Table 1a]The equivalent toxicity ΣTE (WHO-TEQ) in the sediment samples ranged from 2 pg g–1 dw (CE) to 60 pg g–1 dw (SA) and showed the same gradient as the total concentrations: CE < DE < BR < < OS < SA.

Homolog profiles in sediment showed different patterns among sites, especially as concern the contribution of OCDD and OCDF (Figure 2). In sample SA, the profile was dominated by OCDF and characterized by negligible contributions of the other homologs except for OCDD and HpCDF; in contrast, in samples BR and OS the profiles showed a dominance of OCDD over the more chlorinated furans. In DE and CE the profile was characterized by a gradient of increasing concentrations of PCDD/F with increasing degree of chlorination, but with a dominance of OCDF over OCDD and HpCDF. Cluster analysis confirmed this categorization of samples into three groups (Figure 3).
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FIGURE 2. Homolog profiles of PCDDs and PCDFs in sediments. Data are reported as per mil 2,3,7,8 chlorosubstituted homologs referred to the sum of all the isomers with concentration above detection limits.
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FIGURE 3. Cluster analysis on homolog profile in sediments (left) and tissues (right). Before analysis, data were transformed to per mil 2,3,7,8 chlorosubstituted homologs referred to the sum of all the isomers with concentration above detection limits.




Tissue Analysis

Polychaete tissues were characterized by a variable lipid concentration, ranging from 0.10 to 0.14 g g–1 of tissue, whilst organic carbon content averaged 0.53 g g–1 of tissue (range: 0.52–0.54 g g–1).

Real total concentration (ΣPCDD/F) in polychaete tissues ranged from 33 pg g–1 dw (DE) up to 300 pg g–1 dw (SA) (Table 1). The gradient of real total concentration was as follows: DE < CE < OS < BR < SA. The concentrations of dioxins were quite homogeneous among the samples, ranging from 13 pg g–1 dw (DE) to 30 pg g–1 dw (BR). In samples CE and DE only 1,2,3,7,8-PCDD, 1,2,3,4,6,7,8-HpCDD and OCDD occurred at concentrations above the detection limits (0.25 pg g–1 dw); this latter was also the congener exhibiting the highest concentration in all the samples. As observed in the sediments, 2,3,7,8-TCDD was detectable only in sample SA. Site DE also showed the lowest concentration of furans (21 pg g–1 dw), whilst the highest were detected in the tissues of the polychaetes sampled in the industrial canals BR (111 pg g–1 dw of furans) and SA (281 pg g–1 dw of furans). The congeners occurring at higher concentrations were 2,3,7,8-TCDF and 1,2,3,4,6,7,8,9-OCDF. Concentrations normalized to lipid content ranged from 268 pg g–1 lipids (DE) to 2111 pg g–1 lipids (SA).

The equivalent toxicity in the tissues ranged from 3 pg g–1 dw (DE) to 26 pg g–1 dw (SA); the gradient (DE < CE < BR < OS < <SA) was slightly different from the one for total concentrations, since OS showed higher equivalent toxicity with respect to BR (10 pg g–1 dw vs. 5 pg g–1 dw), despite lower total concentration (104 pg g–1 dw vs. 141 pg g–1 dw).

Cluster analysis on homolog profiles evidenced the occurrence of distinct patterns of accumulation in the tissue (Figure 3). At site BR the polychaetes accumulated mostly OCDF and secondarily OCDD and TCDF, whereas the polychaetes collected at sites SA and OS accumulated primarily furans (contributing up to 87% and 94% to ΣPCDD/F, respectively), with a prevalence of HxCDF, TCDF and PeCDF, over the other furans and OCDD. The samples with less accumulation, DE and CE, showed a more heterogeneous pattern, with an accumulation of OCDD and less chlorinated PCDF (DE) or OCDD and more chlorinated PCDF (CE) (Figure 4). In any case, differences in homolog concentrations in these samples are very low.
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FIGURE 4. Homolog profiles of PCDDs and PCDFs in tissues of H. diversicolor. Data are reported as per mil 2,3,7,8 chlorosubstituted homologs referred to the sum of all the isomers with concentration above detection limits.




Comparison Between Sediments and Tissues

No correlation was observed between PCDD congeners in the sediment and in the polychaete tissues (p > 0.05); in the case of furans, significant correlations (Spearman’s R > 0.9; p < 0.05) were found for the PeCDFs, HpCDFs and two congeners of HxCDFs (namely, 1,2,3,4,7,8-HxCDF and 1,2,3,6,7,8-HxCDF). Spearman’s correlation was not calculated for 2,3,7,8-TCDD and 1,2,3,7,8,9 HxCDD due to the large number of data below detection limits.

Sediment Accumulation Factors value ranged between 0.003 (OCDF in site SA) and 11.13 (TCDF in site BR). Hepta- and octachlorinated congeners showed a BSAF about one order of magnitude lower than the less chlorinated congeners (Table 1).

Linear regression revealed a significant relationship with a decreasing trend between logBSAF and logKOw (F1,83 = 43.878; r2 = 0.289; r = −0.539; p < 0.0001), indicating a tendency to accumulate preferentially the congeners with lower logKOW (Figure 5).
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FIGURE 5. Relationship between log KOW and log BSAF for the 17 congeners of 2,3,7,8 chlorosubstituted dioxins and furans. The solid line represents the linear regression log(BSAF) = 4.12–0.69 log(KOW) (r2 = 0.289), whilst broken lines indicate the 95% confidence interval.


Welch’s ANOVA highlighted significant differences among the BSAFs calculated for the congeners (F16,25 = 6.108, p < 0.001); Games-Howell test detected significant differences (p < 0.05) between 2,3,7,8-TCDF and several congeners (Figure 6).
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FIGURE 6. Biota-to-Sediment Accumulation Factors (BSAF) calculated for the 17 congeners of 2,3,7,8 chlorinated dioxins and furans. Boxes indicate mean ± standard error, whiskers mean ± standard deviation. Letter “a” identifies congeners with mean BSAF statistically different from 2,3,7,8-TCDF (after Kruskal-Wallis ANOVA and multiple comparison test).




DISCUSSION

The lack of replication did not allow to verify whether among-site differences are significant (especially for the less contaminated CE and DE samples) and may raise issues concerning the analytical variability of the data. However, specific contamination patterns emerged both in sediments and in polychaete tissues that are consistent with the underlying contamination gradient and other studies (Jimenez et al., 1998; MAG. ACQUE-Thetis, 2006, 2007; Picone, 2006), suggesting that analytical variability is of secondary relevance as compared with environmental variability of PCDD/F contamination in the Venice Lagoon.


PCDD/F in the Sediments

Sediment total concentrations and toxicity equivalents corroborated expectations for the underlying contamination gradient. The lowest concentration of PCDD/F were measured at the reference site CE and at the estuarine site DE located far from the industrial district, whilst the highest were observed within the industrial area (SA) and at the estuarine site OS located in the proximity of the illegal landfill and also receiving urban and industrial discharges.

A review of PCDD/F concentration in the sediments of the Venice Lagoon reported a mean value of 14,000 pg g–1 dw of ΣPCDD/F for the industrial channels and 1,000 pg g–1 dw of ΣPCDD/F for the inner lagoon (Guerzoni et al., 2007). These data are higher than those observed in the present study, both for the industrial district and the reference and estuarine samples; nevertheless, the comparison with literature data is often complicated by the different depth of the sediment core analyzed in the various studies. For the industrial district, many data refer to the first 2 cm of sediments, where concentrations in the range 67–13,642 pg g–1 for dioxins and 592–126,561 pg g–1 for furans were reported (Bellucci et al., 2000; Frignani et al., 2001a); other projects investigated the vertical profile of PCDD/F in industrial channels and reported concentrations up to 36,590 pg g–1 dw for dioxins in the layer 35–38 cm depth and up to 19,241 pg g–1 dw for furans in the layer 8–10 cm depth (Frignani et al., 2001a).

Later studies conducted by the Venice Water Authority investigated the top layer to a depth of 25 cm (MAG. ACQUE-Thetis, 2007) in the shallows of the inner lagoon facing the industrial district and reported concentrations in the range 13–8,312 pg g–1 dw of ΣPCDD/F and equivalent toxicity (WHO-TEQ) up to 112 pg g–1 dw. These data are in agreement with the concentrations observed in the present study, both for the industrial district (SA, BR) as well as the estuarine sample OS. At this latter sample, the measured concentrations (1,402 pg g–1 dw as ΣPCDD/F) were also higher than those reported in the literature (depth 0–20 cm) for the inner lagoon shallows opposite to the estuary and in the proximity of the illegal landfill of Campalto (120 pg g–1 dw as ΣPCDD/F) (Picone, 2006). These data suggest that the pollution of the area could be due mainly to the urban and industrial discharges upstream, rather than to leakages from the landfill.

Fewer data are available for the sites DE and CE. In surface sediment (0–5 cm) collected in the estuarine site DE, Jimenez et al. (1998) measured a total ΣPCDD/F concentration of 79 pg g–1 dw.

The profiles of the homologs and the cluster analysis evidenced three distinct patterns of PCDD/F at the five study sites, that may be related to different sources of contamination. In the sediment of the industrial area Bellucci et al. (2000) already identified three distinct type of homolog profiles that fit with the main local sources: (type 1) profile dominated almost entirely by OCDD, produced by combustion processes, untreated domestic sewage, urban wastes and boat engine exhausts; (type 2) profile with the dominance of OCDF (90%) and OCDD (10%) that could be ascribed both to the stripping of vinyl chloride monomer (Stringer et al., 1995) and to the accumulation of atmospheric contaminants caused by both the runoff from the industrial district and the wastes of a factory for the production of liquid gases (Frignani et al., 2001a); and (type 3) profile containing mainly furans, with a prevailing component of OCDF, probably due to the production of metals, coke and related chemicals in the industrial district.

Nevertheless, in the present study only the sample collected from Canale Industriale Sud (SA), showed a profile that could be categorized into one of the three types outlined by Bellucci et al. (2000) since the homologs provided a specific pattern of furans with a dominance of OCDF, attributable to industrial production of coke, metals and related manufactories (type 3), whilst contribution of dioxins in negligible. In the remaining four samples, the profiles did not allow for the identification of a prevailing source, but indicate the co-occurrence of multiple sources of contamination. Samples CE and DE were characterized by a pattern of PCDD/F, consistent with atmospheric deposition from industrial sources. However, their profiles showed also a noteworthy contribution of OCDD, suggesting a not-negligible contribution of combustion processes unrelated to industrial pollution and boat traffic. In contrast, in samples OS and BR the dominance of OCDD over OCDF and HpCDF suggested a major contribution of deposition due to combustion combined with untreated domestic sewage over the deposition of furans from industrial sources.



PCDD/F in Tissues

In general, very few data are available in the literature concerning the field bioaccumulation of PCDD/F in polychaetes, although ragworms and lugworms are widely used as a bioindicator for biomarker and bioaccumulation studies (Ruus et al., 2005; Durou et al., 2007a, b) and are a key component of the coastal and estuarine food webs. Studies on H. diversicolor were performed by Nunes et al. (2011), that reported a concentration in tissues of 1.38 pg g–1 ww of ΣPCDD/F (81.16 pg g–1 lipid) for the Mondego estuary, Portugal. These data were lower than the concentration normalized to lipids observed both in the industrial district and in the estuarine sites of the Venice Lagoon in the present study (269–2,111 pg g–1 lipid), and may be related to the different levels and kind of pollution sources affecting the two estuaries.

In the Venice Lagoon the bioaccumulation of PCDD/F from the sediments has been most often assessed by measuring tissue concentration in clams and fishes, and never in polychaetes. Various studies have focused on the concentrations of PCDD/F in the Manila clam (Ruditapes philippinarum) collected both in the industrial district and in the inner lagoon: Sfriso et al. (2014) measured concentrations in the range of 40–110 pg g–1 dw for the inner lagoon, corresponding to an equivalent toxicity (WHO-TEQ) of 0.49–1.46 pg g–1 ww; Raccanelli et al. (2004, 2008) reported for the industrial area an equivalent toxicity of 2–9 pg g–1 ww; MAG. ACQUE-Thetis (2006) reported concentrations in the range 40–717 pg g–1 lipid and 9–58 pg g–1 lipid for industrial area and inner lagoon, respectively. In this latter study also the levels of PCDD/F in the muscle of the grass goby Zosterisessor ophiocephalus were measured, ranging between 14 and 435 pg g–1 lipid for the inner lagoon and 78−640 pg g–1 lipid for the industrial area (MAG. ACQUE-Thetis, 2006). Tissue concentrations in gobies are in agreement with the observed concentrations measured in polychaete tissues in the present study. Other authors also reported data for the thicklip gray mullet Chelon labrosus (1.6−2.6 pg g–1 ww of Σ PCDD/F) and the crab Carcinus aestuarii, both in the industrial district (36 pg g–1 ww of Σ PCDD/F) and in the inner lagoon (1.5–5 pg g–1 ww of Σ PCDD/F) (Jimenez et al., 1998; MAG. ACQUE, 1999).

Homolog profiles indicated that the polychaetes accumulated OCDD preferentially as concern dioxins, whilst two different patterns are evident for furans: at sites CE and BR the dominant congener was the more chlorinated OCDF, whilst in samples SA, OS and also DE there was a relevant contribution of the less chlorinated congeners. In particular, there was a notable contribution provided by 2,3,7,8-TCDF, a typical marker of pollution due to chloralkali plants (Jimenez et al., 1998).



Comparison Between Sediments and Tissues

Sediment concentrations were higher than tissue concentrations for all the analyzed PCDD/F, apart from the less chlorinated furan 2,3,7,8-TCDF and 2,3,4,7,8-PeCDF, whose concentrations were higher in the tissues of H. diversicolor than in the sediments at the same stations. The differences were up to one order of magnitude for the hepta- and octa-chlorinated congeners, especially at sites DE, OS and SA, whilst the trend was less evident for the hexa-chlorinated congeners.

Homolog profiles and Spearman’s correlation showed a generally low association between congener concentrations in sediment and polychaete tissues, resulting in large variability among the corresponding BSAF values. On the other hand, the significant linear relation observed between logBSAF and logKOW, despite having a low coefficient of determination (r2 = 0.289), outlined polychaete’s tendency to take up preferentially the less chlorinated and less lipophilic congeners, characterized by lower logKOW, as also observed by Kono et al. (2010) in a laboratory study aiming to model the dioxin transfer from sediments to Perinereis nuntia. These authors also evidenced that bioaccumulation of PCDD/F in polychaetes follow similar characteristics to those observed in fishes (Sijm et al., 1993).

The congeners 2,3,7,8-TCDD and 2,3,7,8-TCDF are characterized by high bioaccumulation and low elimination; thus their BSAF tends to be higher than those of the more chlorinated congeners (Sijm et al., 1993; Kono et al., 2010). In the case of H. diversicolor this is evident for 2,3,7,8-TCDF, whose accumulation factors were the highest in all the analyzed sample (except CE) despite the low sediment concentrations; for 2,3,7,8-TCDD this trend is not tangible, probably due to the sediment concentrations below detection limits that impeded any further analysis. Preferential accumulation of tetrachlorinated congeners has also been observed by Pruell et al. (2000) for the Nereididae Alitta virens following 70-d laboratory exposure to contaminated sediments: in this case, polychaetes accumulated only 2,3,7,8-TCDD and 2,3,7,8-TCDF, although the sediments were characterized by a range of PCDD/F and also high concentrations of highly chlorinated congeners.

On the other hand, 1,2,3,4,6,7,8-HpCDD, HpCDFs, 1,2,3,4,6,7,8,9-OCDD and 1,2,3,4,6,7,8,9-OCDF are congeners characterized by low bioaccumulation, as applies to all the 1,4-substituted and/or 6,9-substituted PCDD/F (Sijm et al., 1993; Kono et al., 2010). Both low bioavailability and elimination may contribute to the low accumulation (and also BSAF) of highly chlorinated PCDD/F. Lipophilicity is a major contributor for determining the bioavailability of sediment-bound PCDD/F, as confirmed by the negative relationship of BSAF versus KOW in H. diversicolor (this study) and P. nuntia. However, contaminant molecular size and conformation (specifically planarity/nonplanarity), sediment characteristics and feeding habits may also play a significant role, as observed in oligochaetes (Lyytikäinen et al., 2003). Elimination of highly chlorinated PCDD/F in caddisfly larvae and oligochaetes fits a biphasic model (Loonen et al., 1997; Pastershank et al., 1999). A first, rapid depuration phase was attributed to the elimination of the gut content, facilitated by a low assimilation efficiency for highly chlorinated compounds, whilst the slower phase of the depuration was attributed to elimination from other body compartments. The elimination process in polychaetes has not yet been elucidated, but a significant correlation between the elimination constant (k2) and log KOW has been observed by Kono et al. (2010), supporting the hypothesis that more chlorinated and hydrophobic congeners do not bioaccumulate since they are quickly eliminated. In fish and oligochaetes the more rapid elimination of super-hydrophobic organics as OCDD compared to lower chlorinated PCBs, TCDD and TCDF – also observed in human blood (Flesch-Janys, 1996) – also suggests that OCDD in invertebrates is mainly associated with fast-clearing compartments as cell membranes or blood serum (Kono et al., 2010).

The BSAFs for PCDD/F observed in the present study with H. diversicolor (0.02–1.41 for dioxins; 0.01 – 11.13 for furans) are at least one order of magnitude higher than those measured in P. nuntia (0.00036–0.22 for dioxins and 0.0002–0.36 for furans) (Kono et al., 2010); moreover, the data are in agreement with the BSAFs reported for other polychaetes such as Nephtys sp. (McFarland et al., 1994) and A. virens (Pruell et al., 1993, 2000; Schrock et al., 1997). In all cases, the BSAF obtained with H. diversicolor for 2,3,7,8-TCDF is higher than those reported for other polychaete species, suggesting a specific ability of H. diversicolor to accumulate this congener. Since bioavailability is a crucial factor driving bioaccumulation, and digestive fluids are the primary factors driving solubilization of organic contaminants in polychaetes (Voparil and Mayer, 2000; Ahrens et al., 2001), differences in BSAFs for 2,3,7,8-TCDF among H. diversicolor and other polychaete species may be due to differences in gut digestive chemistry. Concentrations and properties of digestive fluids vary broadly among species and it may affect the assimilation efficiency for some substances (Ahrens et al., 2001; Mayer et al., 2001). When compared to other invertebrates, the BSAFs calculated for H. diversicolor are in agreement with data reported for the freshwater oligochaete Lumbriculus variegatus (0.024–2.54), the crustaceans Palaemonetes pugio and Callinectes sapidus (0.089–0.73 in the hepatopancreas), the bivalves Macoma nasuta and Corbicula japonica (0.004–0.22 for PCDD/F) (Pruell et al., 1993; Schell et al., 1993; Kang et al., 2002; Pickard and Clarke, 2008; Iannuzzi et al., 2011). Also in this case, similarities in BSAFs may be due to comparable efficiency of the digestive fluids in the solubilization of the contaminants, as shown by Mayer et al. (2001) for benzo[a]pyrene.

Sediment Accumulation Factor data suggest that H. diversicolor may accumulate PCDD/F significantly from the sediments and may serve as an indicator for the bioavailability of dioxins and furans from sediments to the polychaete community, especially as concerns the less chlorinated 2,3,7,8-TCDF, 2,3,4,7,8-PeCDF and 2,3,4,7,8-PeCDD. Nevertheless, the BSAFs for PCDD/F in polychaetes are generally low (BSAF < 1 or less) when compared to the BSAFs measured for other organochlorine contaminants (i.e., PCBs and organochlorine pesticides) in a number of species including A. virens, N. incisa, Glycera sp., Perinereis nuntia and also H. diversicolor (Lake et al., 1990; Brannon et al., 1993; Volpi Ghirardini et al., 2004; Kono et al., 2010; Nesto et al., 2010); this trend was also observed in fishes where the apparent lower bioaccumulation of PCDD/F was attributed to lower solubility in the lipids, reduced membrane transport and also biotransformation mediated by cytochrome P450 monooxygenase isozymes (Opperhuizen and Sijm, 1990; Sijm et al., 1993; van der Oost et al., 2003). Biotransformation of PCDD/F in polychaetes has been rarely studied, and no data are available concerning the possible mechanisms involved. Nevertheless, since cytochrome P450 isozymes are active also in polychaetes (Zheng et al., 2013), it cannot be excluded that the lower bioaccumulation of PCDD/F in ragworms could be due to the same causes already identified for fishes. Further studies are needed, however, to elucidate these possible mechanisms of biotransformation and elimination.



CONCLUSION

Total PCDD/F concentrations in sediments in Venice Lagoon showed a clear pollution gradient along the investigated sites, with higher levels of contamination in the samples collected in the industrial district (SA) and in the estuarine site receiving urban and industrial discharges from the area of Mestre and the illegal landfill of San Giuliano. Distinctly different homolog profiles discriminated between sites influenced by heterogeneous pollution sources (BR, OS, DE and CE) and the industrial site (SA), where a specific pattern of furans with a dominance of OCDF attributable to industrial production of coke, metals and related manufactories was observed.

In the ragworm tissues, the concentration pattern of the congeners is different from those observed in the sediments, especially with regard to furans: in sample CE and BR the polychaetes accumulated mostly 1,2,3,4,6,7,8,9-OCDF whilst in samples SA, OS and DE the major contribution was due to the less substituted congeners and principally 2,3,7,8-TCDF, recognized as a marker of possible contamination deriving from chloralkali industrial plants.

In general, H. diversicolor was a good indicator for assessing the transfer of PCDD/F from sediment to biota, but accumulated more efficiently the less chlorinated congeners with lower logKOW resulting in a negative correlation between BSAF and KOw, after logarithmic transformation.

Despite H. diversicolor’s ability to accumulate 2,3,7,8-TCDD, 2,3,7,8-TCDF and 2,3,4,7,8-PeCDF, the BSAFs calculated for the PCDD/F are low as compared with those reported in the literature for other organochlorine compounds (i.e., PCBs and organochlorine pesticides) in a number of species including A. virens, N. incisa, Glycera sp., Perinereis nuntia and also H. diversicolor. Lower BSAFs for PCDD/F may be due to different uptake kinetics, or the presence in polychaetes of a more efficient elimination pathway for PCDD/F than for PCBs or pesticides, possibly involving also cyt-P450-mediated biotransformations; further research is needed to identify both biotransformation and elimination processes driving accumulation in polychaetes. Due to the paucity of information on this species, this research not only represents a baseline but also an invitation for further ecotoxicological studies on H. diversicolor.
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Located at the south-western most part of the Balkan peninsula, along an important migration route (the Mediterranean/Black Sea Flyway), the Gialova Lagoon wetland is one of the few remaining Important Bird Areas (IBAs) along the south-west coast of Greece, also designated as a Special Protection Area. The wetland serves as the first suitable stopover for many spring migrants who have flown non-stop over the Mediterranean Sea, and the last before their journey back to Africa in the autumn. In this study, we conducted monthly field visits during the period October 2016 to January 2019 with the aim to complement existing information about the site, to evaluate the current status and distribution of waterbirds, to provide insights for the management of the area and to re-assess the IBA/Ramsar criteria. A total of 149 bird species representing 43 families and 15 orders were recorded, including 36 threatened species at an International, European or/and national level, and 40 species listed in the Annex I of the EUs Birds Directive (21 species were listed as both threatened and under Annex I). 81 species were identified as wetland related species, of which 66 species were identified as waterbirds (7 orders, 11 families). Waterbirds richness and abundance were higher during the Wet season and corresponding periods (Wintering and Spring migration). All parts of the wetland supported waterbirds and threatened species, with the S. Wetland sub-area being the most diverse during the Breeding/Nesting, and both migration periods. The abundance of most waterbirds and IBA species have declined over the last 20 years, but this does not necessarily mean that the area no longer fulfills Ramsar criterion 6 (and equivalent IBA criterion A4i). However, this outcome should not be overlooked by the site managers and conservation actions, such as the restoration of fresh water inflows which could improve habitats and water conditions for IUCN and IBA species, should be implemented with high priority. In addition, our results indicate that the area meets Ramsar criterion 4 and criterion 2, and thus we suggest that it should be further investigated and evaluated to potentially become the eleventh Greek Ramsar site.

Keywords: waterbirds, coastal wetland, Natura 2000, management suggestions, conservation needs


INTRODUCTION

Waterbirds, are defined as “species of bird that are ecologically dependent on wetlands” (Ramsar convention, 1994, art. 1.2) including all waterfowl, seabirds and waders. Wetlands are used both as wintering areas—to stay in for longer periods—but also as important “stopover” areas where migrating birds make briefer stops when they are migrating to or from their breeding grounds (Warnock, 2010). Waterbirds migrate along broadly similar, well-established routes known, as flyways. The Mediterranean/Black Sea Flyway is one of the eight major pathways around the globe and one of the three connecting Europe with Africa (BirdLife International, 2017). When wetlands along a bird’s predetermined migration route disappear, the likelihood of the birds completing their migration is strongly impoverished (Moore et al., 2005).

To that end, more than 2,400 sites with international importance are protected by the Ramsar Convention (Ramsar convention, 1994; Ramsar Sites Information Service [RSIS], 2020). Nonetheless, the Ramsar site characterization criteria for waterbirds (criterion 5: A wetland should be considered internationally important if it regularly supports 20,000 or more waterbirds, and criterion 6: A wetland should be considered internationally important if it regularly supports 1% of the individuals in a population of one species or subspecies of waterbirds), cannot be easily met by all wetlands on the migration route of birds (Ramsar Sites Criteria, 2020). For example, Greece has about 400 wetlands (Greek Biotope Wetland Centre [GBWC], 2020), but only ten are protected under the Ramsar Convention (Greek Ramsar Sites, 2020).

To further enlarge the protection of bird species, BirdLife International, in collaboration with national NGOs working with birds, have established a network of Important Bird Areas (IBAs), including sites critical for the conservation of birds worldwide (BirdLife International, 2001). Depending on different numerical thresholds, the international importance of a site for a species may be categorized at three distinct geographical levels, from global (criteria A), to European (criteria B) and to European Union (criteria C) (IBA Criteria, 2001). Up to present, more than 13,000 sites at a global scale have been included in the IBA network (BirdLife International, 2020). The identification of IBAs in Europe is based on a site’s international importance for: (a) threatened species, (b) congregatory bird species, (c) assemblages of restricted-range bird species, and (d) assemblages of biome-restricted bird species (IBA Criteria, 2001). The criteria build upon existing legal instruments, like the EUs Birds Directive which was adopted in 1979, and it took its current form in 2009 (Birds Directive 2009/147/EC, 2009). The European Union Birds Directive obliges all member countries to protect habitats supporting birds listed in the Annex I of the Directive, also regularly occurring migratory species not listed in Annex I, and to designate Special Protection Areas (SPA). The SPAs, together with the Sites of Community Importance (SCI) and the Special Areas of Conservation (SAC), which are based on the Habitats Directive (Habitats Directive 92/43/EEC, 1992), form the Natura 2000 network of protected areas in Europe (European Commission, 2016).

For birds crossing into Africa, the Mediterranean Sea constitutes a significant obstacle and migration over the sea is concentrated at a number of narrow straits and “land bridges” like those formed by the Italian and the Greek peninsula. The high mountainous morphology encountered in Greece, separates the peninsula into a western and eastern route. With the aim of creating a network of sites to ensure that migratory species find suitable breeding, stop-over and wintering places along their respective flyways, Greece has identified 196 IBAs (Hellenic Ornithological Society [HOS], 2019a). The eastern route, hosts most of the Greek Ramsar sites and marine IBAs (Important Bird Areas for Seabirds) and many IBAs are distributed across the islands of the Aegean Sea and the east coastline of mainland Greece on different latitudes (Fric et al., 2012; Ramsar, 2017; Hellenic Ornithological Society [HOS], 2019a). Most IBAs along the west coast of Greece are mainly located at higher latitudes. In the northern part, the most important wetlands exist in the form of large lagoon and delta complexes and they attract high numbers of wintering and staging birds during migration (Maragou and Mantziou, 2000; Liordos et al., 2014).

Along the western route, at lower latitudes, wetlands are scarcer, and the Gialova Lagoon wetland (GLw) is one of the few remaining IBA wetlands (Gialova, GR119) along the south-west coast of Greece (Heath et al., 2000). While few waterbirds use the wetland as a nesting ground, the area is important as a wintering and a stopover bird area (Kardakari, 2000; Bousbouras et al., 2011), and for some waterbirds the area meets IBA criteria A4i (The site is known or thought to hold, on a regular basis, ≥ 1% of a biogeographic population of a congregatory waterbird species) and B1i (The site is known or thought to hold ≥ 1% of a flyway or other distinct population of a waterbird species) (Table 1). To that end, it has been already classified as fulfilling the Ramsar criterion 4 (A wetland should be considered internationally important if it supports plant and/or animal species at a critical stage in their life cycles, or provides refuge during adverse conditions) and criterion 6 (BirdLife International, 2001), but is it not designated as a Ramsar site (Greek Ramsar Sites, 2020). The GLw is part of a wider Natura 2000 area (SPA site: GR2550008, 2001; Birds Directive 2009/147/EC, 2009, and SCI/SAC site: Habitats Directive 92/43/EEC, 1992; GR2550004, 1995). In addition to birds, the lagoon supports several fish species with commercial value (Koutsoubas et al., 2000; Zoulias et al., 2017), and it has a rich benthic diversity (Arvanitidis et al., 1999; Koutsoubas et al., 2000; McArthur et al., 2000). Moreover, the surrounding coastal area is the basic nesting habitat for the only European population of the critically endangered African Chameleon (Chamaeleo africanus) (Legakis and Maragou, 2009).


TABLE 1. Waterbirds in GLw-Natura2000 that meet the IBA criteria A4i, B1i, C2, C3 (Heath et al., 2000; BirdLife International, 2001), and species of global conservation concern that do not meet IBA criteria (Hellenic Ornithological Society [HOS], 2019b).
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Despite its rich biodiversity, the area has been under unstable management for several years, and due to the lack of a clear management scheme1 the functions of the wetland continue to degrade (Maneas et al., 2019). Over the years, the combined effects of increased salinity and limitation in water circulation, due to anthropogenic interventions, have led to extensive mortality of emergent aquatic macrophytes (reed and cattail), which are typical bird habitats (ibid). Even today, several parts of the wetland are gradually transformed to agricultural land, or parking lots reducing the size of the natural habitats (Maneas et al., 2019). Another major threat for aquatic species and habitats, is the problem of salinity which has already been linked to waterbirds conservation in the area (Kardakari, 2000). Recent studies have shown that at present the lagoon is characterized as saline with hypersaline conditions for nearly 30% of the year, a percentage which is expected to increase under future warmer and drier climatic conditions (Manzoni et al., 2020).

An improved water management, which will ensure increased fresh water inputs to the wetland, is already demanded by the local fishers for improving fish stocks in the lagoon (personal communication with local fishers), but such management plan should also aim to create favorable conditions for birds. However, the available knowledge on the current GLw birds’ status and distribution (Standard Data Forms for site GR2550008, 2001) is based on old data reported in Kardakari (2000). Given the high salinity values, the degradation of habitats and the anthropogenic pressures mentioned above, there is a high probability that there have been changes in species numbers and the overall importance and use of the site by birds, which will need to be considered in future management strategies for the area.

Greece is currently validating the existing Environmental Assessments for all the Natura 2000 sites, including the GLw site, but in the absence of updated information, it is very likely that any management plan for the GLw will be based on previous data, which are quite detailed and important, but outdated. To that end, under this study we have contacted monthly field visits during the period October 2016 to January 2019, with the aim to complement existing information about the site and to evaluate the current status and distribution of waterbirds in the GLw, and to also provide a basis for comparison with previous studies. Since the wetland is divided in several sub-areas (Maneas et al., 2019), a sub aim of the study was to understand which parts of the wetland are mostly used by birds, identify conservation needs and potential management implications. An additional and explicit aim of our study was to re-assess the IBA/Ramsar criteria and the status of the site, as the last evaluation was in 2001 (BirdLife International, 2001). Our open data, results and suggestions could be used as insights for the sustainable management of the area and relevant decision making at local/national level, but also as updates for the waterbirds’ status in a Greek IBA at a European/International level.



MATERIALS AND METHODS


Study Area

The GLw is a coastal wetland located in south-west Messinia, Greece (latitude: 36°58′, longitude: 21°39′), along the Mediterranean/Black Sea Flyway migration route (BirdLife International, 2017), at the most southern-western side of the Balkan peninsula (Figure 1). It is the first wetland on the west side of the Balkan peninsula that migratory birds come across when they return from Africa in spring or the last before crossing the Mediterranean during the autumn migration (Hellenic Ornithological Society [HOS], 2019b). The boundaries of our study area, are defined at the north and east by two canals constructed during the 1960s (Figure 1). At the west, a rocky hill (also known as the Palaiokastro) and the semi-enclosed Voidokilia Bay separate the area from the Ionian Sea. A 3.8 km long and about 150m wide natural sand formation, separates the area from the semi-enclosed Navarino Bay to the south. In this study, we will refer to this area as the GLw-Natura2000 area (purple line in Figure 1).
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FIGURE 1. Left side: The map of the study area located in SW Greece (36° 58′ N, 21° 40′ E), showing the different observation points (red dots), and the major sub-areas. It also contains information about the water connections. Right side: Birds’ migration “national” routes in Greece (Hellenic forestry, 2020) along the Mediterranean/Black Sea Flyway (BirdLife International, 2017), and a picture of the site which captures one of the drainage canals in the form that it looks today.


The selected case study is part of a wider area which is characterized as an IBA, a Wild Life Refuge, and it is included in the Natura 2000 network as a Special Protection Area (SPA), under the Birds Directive (site: GR2550008, 2001; Birds Directive 2009/147/EC, 2009), and as a Site of Community Importance (SCI) and as a Special Area of Conservation (SAC), under the Habitats Directive (site: Habitats Directive 92/43/EEC, 1992; GR2550004, 1995; Table 1).

Due to man-made constructions over a period of seventy years, the GLw-Natura2000 area has been divided into sub-areas, with different characteristics (Table 2). At the east of GLw-Natura2000 area, the Tyflomitis artesian springs (a 0.072 Km2 aquatic habitat covered with reeds) provide freshwater inputs in this area (Manzoni et al., 2020). The Tyflomitis area was once connected to the wetland, but at present it is separated from it via a dike which diverts most of the up-welling groundwater to the sea (Maneas et al., 2019).


TABLE 2. Description of the sub-areas inside the GLw-Natura2000 area, based on Maneas et al. (2019).
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Overall, the area is characterized by Mediterranean climate, with mild wet winters and dry summers (Figure 2). Evaporation and temperature trends, exhibit a maximum during the summer months, when precipitation is at its minimum (Maneas et al., 2019). The mean annual temperature is 18°C and the mean annual precipitation is approximately 695 mm/y (measured from 1956 to 2011 at the Helenic National Meteorological Service’s station of Methoni, 15.6 km South of Gialova).
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FIGURE 2. Graph by Maneas et al. (2019), showing monthly mean precipitation (MAP), evaporation rate (MAE) and temperature (MAT) at the study area for the period 1956–2011. At the bottom, a graph showing the birds’ periods and seasons used for the analyses.




Field Data Collection

Bird monitoring was based on monthly field visits during the period October 2016 to January 2019. During the first year (October 2016–October 2017), field monitoring was not performed in December 2016 and July 2017. In March 2017, the censuses were more frequent (every second day from March 9 to 24) to better cover the spring migration. The second year of monitoring, started in January 2018 and was completed in January 2019. During the second year, field monitoring was not performed in December 2018.

Bird counts were based on a protocol proposed by the Hellenic Ornithological Society (Bousbouras et al., 2011) following a methodology with predetermined observation points with good view, to extensively survey the GLw-Natura2000 area. The protocol consisted of 13 points covering all the sub-areas of the wetland (Figure 1). The observations started with the first light spending maximum 30 minutes at each point. During the breeding period, extra observation time was spent in specific points to thoroughly look for nests and juveniles. The field equipment consisted of binoculars (10x magnification), a scope (20-60x85) and a digital camera. During fieldwork, the Collins birds guide (Svensson et al., 2010) was used when help in bird identification was needed. Apart from the intense March 2017 counts, the rest of the counts were conducted by the same two observers.

During the censuses, all observed birds (seen and heard) were recorded, i.e., a complete census (Gregory et al., 2004), and they were listed according to BirdLife taxonomic basis (BirdLife International, 2019). The primary focus of the monitoring was to record waterbirds richness and abundance (Anatidae, Charadriidae, Laridae, Phalacrocoracidae, Phoenicopteridae, Podicipedidae, Rallidae, Recurvirostridae, Scolopacidae, Sternidae, and Threskiornithidae). Waterbirds were noted and counted with high precision (richness and abundance at exact location) into the different sub-areas (Table 2).

The rest of the species, were only noted as extra species, but their abundance in the wetland was not counted. They were grouped as wetland-dependent species and as non-wetland species. Under wetland-dependent species, birds of prey which use the wetland as a feeding area (e.g., Circus aeruginosus, Circus cyaneus, and Pandion haliaetus), the Alcedo atthis, and species from the order of Passeriformes (Acrocephalus arundinaceus, Acrocephalus melanopogon, Acrocephalus scirpaceus, Acrocephalus schoenobaenus, Riparia riparia, Emberiza schoeniclus, Cettia cetti, Cisticola juncidis, Remiz pendulinus, Panurus biarmicus) which also depend on wetland habitats, were added.



Data Analysis


Diversity Indices

Species richness (S), as the number of observed species per month, was estimated for all the observed species, and for the different categories (waterbirds, wetland-dependent, non-wetland, all observed species).

Waterbirds species abundance (N), as the number of observed waterbirds during each count, was estimated for the whole GLw-Natura2000 area, and for each of the different sub-areas (as described in Table 2).

Waterbirds relative abundance (RN), as the number of observed waterbirds during each count per unit area (km2), was estimated for each sub-area to allow comparisons during seasons and during periods.

Waterbirds Shannon-Weiner Index (H) was calculated based on species abundance using the Shannon and Weaver (1949) formula (Bibi and Ali, 2013; Issa, 2019):
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where (H) is the Shannon Index, Pi is the proportion of each species in the sample, and ln(Pi) is the natural logarithm of this proportion. The index was estimated for each sub-area to allow comparisons during seasons and during periods.



Temporal and Spatial Variations

Our analysis, was divided into two seasons following weather patterns as described in section “Study Area” (Wet: November–April and Dry: May–October), and four periods based on birds’ patterns (Wintering, Breeding/Nesting, Spring and Autumn migration) (Kardakari, 2000; Figure 2). Since the four periods overlap with each other (Kardakari, 2000), to avoid double counts in our statistical analysis, we followed the below month selection:




	Wintering period (W):
	November to January



	Spring migration (sM):
	February to April



	Breeding/Nesting (B):
	May to July



	Autumn migration (aM):
	August to October





To assess the temporal distribution of wetland-dependent, non-wetland and of all the observed birds, the index of species richness was estimated for the two seasons and the four periods.

To assess the temporal distribution of waterbirds, apart from species richness we also used the index of species abundance. Both indices were estimated for the two seasons and the four periods. Since the different sub-areas are of different size, to assess the spatial distribution of waterbirds per season and per period, we used the indices (RN) and (H). As described above, relative abundance is the number of birds per unit area, thus it is independent of the size of each area and suitable for site comparisons. The Shannon-Weaver index is commonly used for site comparisons, and it was calculated in order to interpret differences in the species diversity (e.g., the index increases as both the richness and the evenness of the community increase) (Bibi and Ali, 2013; Issa, 2019). Nonetheless, we also present our (S) and (N) results, to provide a broader view of how waterbirds use the aquatic habitats of the GLw_Natura2000 area.



Statistical Analysis

The count data were analyzed with GLMs (Generalized Linear Models) assuming Poisson or Negative Binomial (for overdispersed data) distribution of the dependent variable, using a log link function, as it is suggested for count data analysis (Seavy et al., 2005; O’Hara and Kotze, 2010; Warton et al., 2016).

To test if there were statistically significant differences in species richness and abundance among the seasons, and among the periods, our interpretation was based on pairwise comparisons of the EM Means (Estimated Marginal Means) produced by the GLMs, applying the Bonferroni adjustment for multiple comparisons. The analysis of (S) was conducted with Poisson GLMs considering the individual effects of season and period. The corresponding analysis of (N) was conducted with Negative Binomial GLMs since its distribution was found to be overdispersed.

To identify statistically significant differences in relative abundance across the different sub-areas per season and per period, our interpretation was based on pairwise comparisons of the EM Means produced by the GLMs with Bonferroni adjustment for multiple comparisons. The analysis of (RN) for each season and each period was conducted with Negative Binomial GLMs, using sub-areas as the factor with the main effects. For comparing the Shannon diversity indices, we relied on the Hutcheson t-test, which is developed as a method to compare the diversity of two community samples using the Shannon diversity index (Hutcheson, 1970).

In all the analysis the statistical significance was set at α ≤ 0.05. The analysis and processing of the results was conducted in Microsoft Excel, and the statistical analysis was conducted in IBM SPSS Statistics Data Editor.



Species With Higher Conservation Value

The conservation status of each species at International level was retrieved from the databases of the “International Union for the Conservation of Nature” (IUCN, 2020) and Wetlands International (Wetlands International, 2020). The conservation status of each species at European level was retrieved from the “European Red List of birds” (BirdLife International, 2015) and the Annex I of EU Birds Directive (Birds Directive 2009/147/EC, 2009). The national conservation status was retrieved from the “The Red Book of Endangered Species in Greece” (Legakis and Maragou, 2009). For the observed endangered species, data of their regional population (1% threshold) were retrieved from the database of Wetlands International (Wetlands International, 2020). For these species, the estimates of their Greek population were retrieved from several sources (Legakis and Maragou, 2009; Handrinos et al., 2015; IUCN, 2020).





RESULTS


Birds Richness and Seasonality

A total of 149 bird species representing 43 families and 15 orders were recorded during the period October 2016–January 2019, in the GLw-Natura2000 (Supplementary Table A1). Out of the total number of species, 81 (54 %) species were identified as wetland related species, of which 66 (44%) species were waterbirds representing 7 orders and 11 families (Supplementary Table A1). On a monthly basis, an average of 38 species were detected at the GLw-Natura2000 area (min: 25, max: 83) (Figure 3). The highest number of bird species was recorded during the Spring migration and the lowest during the Breeding/Nesting period (Figure 3 and Supplementary Table A2).
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FIGURE 3. Number of monthly recorded species in the GLw-Natura2000 based on counts during the period November 2016—January 2019.


For all the observed birds (waterbirds, wetland-dependent and non-wetland species), species richness during the Wet season (45 ± 2.03) (mean ± standard error of mean) was higher (p < 0.001) than the Dry season (32 ± 1.7). When comparing between periods, Spring migration period was the most diverse. Species richness during the Spring migration (50 ± 2.8) was higher (p < 0.001) when compared to the Breeding/Nesting (31 ± 2.5) and the Autumn migration periods (33 ± 2.3), but not when compared to the Wintering period (40 ± 2.8). For wetland-dependent and non-wetland species, the estimates of the GLM showed no statistically significant difference of species richness per season or per period, indicating that the wetland is used by birds all year around.



Waterbirds


Temporal Variations

Waterbirds richness during the Wet season was around 75% higher when compared to the Dry season (p < 0.001) (Table 3). When comparing between periods, the Spring migration period was the most diverse. The GLM showed that species richness during the Spring migration period was higher than the Breeding/Nesting period by almost 140% (p < 0.001), and by almost 60% (p = 0.001) when compared to the Autumn migration period. Species richness during the Spring migration was also higher when compared to the Wintering period, but this difference was not statistically significant (Table 3). The Wintering and the Autumn migration periods were also more diverse when compared to the Breeding/Nesting period, but not when compared to each other (Table 3). According to the model, during the Wintering period the species richness was almost twice as high (p < 0.001), and during the Autumn migration around 50% higher.


TABLE 3. Estimated marginal means (Mean) and standard errors (SE) for waterbirds’ richness (S) and abundance (N) during the different seasons and periods, based on GLM analysis (GLM analysis for S was based on a Poisson distribution, and GLM analysis for N was based on a Negative Binomial distribution, using log as a link function in both analyses).

[image: Table 3]
Waterbirds abundance per season and per period were analyzed using a GLM with Negative Binomial distribution choosing the log link function. The GLM showed that waterbirds abundance between the two seasons was statistically significant different (p < 0.001), with estimated abundance during the Wet season being more than 400% higher (Table 3). The Wintering period had almost 57% more birds compared to the Spring migration period, but the difference was not statistically different. Waterbirds abundance during the Wintering period was higher when compared to the Breeding/Nesting and Autumn migration periods, by around 1,200% (p = 0.001), and 380% (p = 0.006), respectively. Similar to the Wintering period, waterbirds abundance during the Spring migration period, was higher when compared to the Breeding/Nesting and Autumn migration periods by around 740% (p < 0.001) and 200% (p = 0.017), respectively. In fact, waterbirds abundance during the Breeding/Nesting period was statistically significant lower compared to the Autumn migration period as well, with the abundance being 65% lower (p = 0.040) (Table 3).

Taken together, the above results suggest that waterbirds’ diversity varied significantly between seasons, with higher richness and abundance during the wet season compared to the dry season. In particular, during the Nesting/Breeding period the wetland had the lowest species richness and abundance. On the contrary, during the Wintering and the Spring migration periods, the wetland held the highest abundance. Our results also suggest that compared to the Autumn migration, the Spring migration period was more diverse in terms of both species richness and abundance.



Spatial Variations

Waterbirds variations across the aquatic habitats of the GLw-Natura2000 area varied within the different seasons and periods. Variations in waterbirds richness and total abundance provided a qualitative approach of how each sub-area was used by waterbirds per season and per period (Table 4). The S. Wetland sub-area held the highest number of species per season and per period. During the Wet season, the lagoon had the highest abundance during both periods. On the contrary, during the Dry season, waterbirds abundance was higher at the S. Wetland sub-area. Waterbirds richness at the NW area was high during the Wintering and both migration periods, but low during the Breeding/Nesting period. The N. Wetland sub-area held the lowest numbers of waterbirds richness and abundance during most of the periods, except for the Breeding/Nesting period.


TABLE 4. Maximum recorded value (Max), average and standard deviation (Mean and SD) of waterbirds’ richness (S) and abundance (N) across the aquatic habitats of the GLw_Natura2000 area per season and per period.
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Our quantitative approach was based on the variations of (RN) and (H) indices across the four sub-areas per season and per period (Table 5).


TABLE 5. Estimated marginal means (Mean) and standard errors (SE) for waterbirds’ relative abundance (RN), and corresponding mean values of the Shannon-Weaver index in the different sub-areas per season and per period.
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During the Wet season, waterbirds relative abundance at the N. Wetland was lower from all the other sub-areas, and in particular by 88% (p = 0.005), 75% (p = 0.032) and 87% (p = 0.006) when compared to the S. Wetland, the Lagoon and the NW area, respectively. The RN in the Lagoon was 48 and 51% less when compared to the NW area and the S. Wetland, but these differences were not statistically different (Table 5). The Hutcheson t-tests, showed that the estimated value of the Shannon-Weaver index at the S. Wetland area, was statistically significant higher (p < 0.001) compared to all the corresponding (H) values in the other areas. The N. Wetland, was less diverse when compared to the Lagoon (p = 0.003) and the NW area (p = 0.030), which were the two sub-areas with similar values of H and thus similar species diversity during the Wet season (Table 5).

During the Dry season, waterbirds relative abundance at the S. Wetland was approximately five (p = 0.048) and eight (p = 0.025) times higher when compared to the Lagoon and the N. Wetland, respectively (Table 5). The (RN) at the NW area was also higher by approximately 250 and 430% when compared to the Lagoon and the N. Wetland, respectively, but these differences were not statistically different. During that time, the Shannon-Weaver index was the highest at the S. Wetland, and it was statistically different from all the other sub-areas (p ≤ 0.001). However, there were no other significant differences across the other sub-areas.

During the Wintering period, most of the waterbirds were observed at the Lagoon (Table 4), but in terms of relative abundance there were no statistically significant differences with the other sub-areas (Table 5). The total abundance of the S. Wetland was higher than of the NW area, but the estimated means of the relative abundance between these two areas were not statistically different, indicating that they were both important for waterbirds. The (RN) at the S. Wetland and the NW area was approximately double when compared to the Lagoon and six times higher when compared to the N. Wetland, but these differences were statistically insignificant. The S. Wetland not only held the highest species richness, but it was also the most diverse area as indicated by the value of the Shannon-Weaver index. The difference was statistically significant higher when compared to the Lagoon and the N. Wetland (p < 0.001), but not when compared to the NW area, complementing the above results.

During the Breeding/Nesting period, the estimated mean of (RN) at the S. Wetland was about six, nine and almost three times higher when compared to the NW area, the Lagoon and the N. Wetland, respectively, but the differences were not statistically different (Table 5). The Shannon-Weaver index at the S. Wetland was significant higher from both the Lagoon and the N. Wetland (p < 0.001), which suggests that the S. Wetland was the sub-area with the higher waterbirds diversity during the Breeding/Nesting period. The NW area was the sub-area with the lowest observations in terms of waterbirds richness and abundance, and thus the (H) was estimated at zero.

During the two migration periods, waterbirds patterns were different. During the Spring migration period, similar to the Wintering period, most of the waterbirds were observed at the Lagoon, and in high numbers at the S. Wetland (Table 4), but in terms of relative abundance there were no statistically significant differences with the other sub-areas (Table 5). On the other hand, during the Autumn migration period, the relative abundance at the Lagoon, the N. Wetland and the NW area were 80% (p = 0.030), 92% (p = 0.007), and 94% (p = 0.005) less when compared to the corresponding value at the S. Wetland (Table 5). The Shannon-Weaver index at the S. Wetland sub-area, was the highest in both migration periods, and different from all the other sub-areas (p ≤ 0.009). During the Spring migration, the (H) values at the Lagoon were higher when compared to the NW area (p = 0.002) and to the N. Wetland (p = 0.004), a difference which was not evident during the Autumn migration (Table 5).

Summarizing the above, our results suggest that all the sub-areas supported waterbirds, but their occupation by waterbirds varied between seasons and periods. During the Wet season, waterbirds were more evenly distributed around the different sub-areas of the GLW-Natura2000 wetland, indicating that the whole area was used as a feeding or/and resting area. This pattern gradually started to change during the Dry season and became evident during autumn.

The S. Wetland was the sub-area with the highest species diversity during all year, and the highest relative abundance during the Dry season and corresponding periods (Breeding/Nesting and Autumn migration). During our field visits, into this area we recorded most of the nests, and taken together these results suggest that the S. Wetland sub-area apart for suitable area for feeding and resting, it is also used as a nesting ground. Similar to the S. Wetland, the Lagoon was also used by waterbirds all year around, but mainly during the Wet season and the relevant periods (Wintering and Spring migration). The high numbers of (RN) and (H) at the NW area, during the Wintering and both migration periods, suggest that this area was important as a feeding and resting area. On the other hand, the limited observations during the Breeding/Nesting period, and the absence of recorded nests suggest that waterbirds avoid to use this area as a nesting ground. The N. Wetland, was the sub-area which had the lowest (RN) and (H) during both seasons and most periods. However, during the Breeding/Nesting period, both indices were higher than those at the Lagoon and at the NW area, which highlights the importance of that area during that period. This finding is further supported by the fact that we recorded the N. Wetland as the basic nesting habitat of the Cygnus olor during both field visits (summer 2017 and summer 2018).



Categories in Space and Time


Wildfowl

Wildfowl observed at the wetland were dabbling and diving ducks, geese and a swan (Supplementary Table A1). Out of the 13 recorded wildfowl, 7 are listed in the IUCN lists (GR: one CR, four VU; Europe: two VU, International: one VU, one NT). Two species (Anas platyrynchos and Cygnus olor) were recorded as resident and breeding species, 6 as wintering species (Anas acuta, Anas crecca, Anas clypeata, Anas penelope, Aythya nyroca, and Tadorna tadorna) while the rest 5 Anatidae (Anas strepera, Anser anser, Aythya ferina, Aythya marila, and Spatula querquedula) were recorded during the Spring migration and marked as migrating species. During the Wintering and Spring Migration periods, wildfowl were observed in all the aquatic habitats of the wetland, but almost 90% of their population was observed at the Lagoon and S. Wetland sub-areas (Figure 4). During the dry season, when their numbers in the area were low, they were mainly observed at the east part of the wetland and in particular at the S. Wetland sub-area (Figure 4).
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FIGURE 4. Stacked column graph showing the spatial distribution (percentage) of waterbirds’ categories in the different sub-areas of the GLw-Natura2000 area, based on their average population distribution during the different periods. The abundance (mean, minimum and maximum values) of each waterbirds category during the same period is presented in the table at the bottom of each graph.




Coots

Coots were found in higher numbers during the wet season, and similar to wildfowl more than 90% of their population was observed at the Lagoon and S. Wetland sub-areas (Figure 4). During the dry season, the few coots were recorded at the S. Wetland side. One pair of coots was observed nesting in the area in 2018.



Waders

In total 25 different species of waders, of which 6 are threatened (GR: three VU, Europe: four VU, International: four NT), belonging to 3 different families were recorded (Supplementary Table A1). Charadrius alexandrinus was the only wader recorded in almost all counts and also nesting. Apart from the Kentish plover, Himantopus himantopus was also observed nesting in the area. However, the Black-winged stilt arrived in the area in spring and departed in autumn. Compared to waterfowl, during the Wintering period, waders were mainly observed at the NW-area side of the GLw-Natura2000 (Figure 4). During the Spring migration, their population was divided between the NW-area and the S. Wetland sub-areas (Figure 4). On the contrary, during the Nesting/Breeding period, almost 90% of all waders were recorded at the east side of the wetland, in the S. Wetland sub-area (Figure 4). During the Autumn migration, their population was more spread, but still more than 75% of the observations were made in the NW-area and S. Wetland sub-areas (Figure 4).



Herons and allies

In total 8 different species of herons were counted in GLw-Natura2000 (Supplementary Table A1). Egretta garzetta and Ardea cinerea were recorded in all counts and marked as resident species. However even been present during the Breeding/Nesting period no sign of nesting was recorded. The highest numbers of Ardea alba were recorded during the Wintering period, and they were present during the Spring and the Autumn migration as well. Small numbers of the other heron species were recorded during migration: Ardea purpurea and Ardeola ralloides in spring and Botaurus stellaris, Ixobrychus minutus, and Nycticorax nycticorax in autumn. During most of the periods, herons were observed all around the wetland with most frequent observations at the Lagoon and the S. Wetland sub-areas (Figure 4). Herons were among the waterbirds which were observed in the agricultural lands around the wetland, mainly during the wet season when the farmlands were wet or flooded (Figure 4). During the Breeding/Nesting period most of their population was recorded at the S. Wetland sub-area (Figure 4). Plegadis falcinellus and Platalea leucorodia were observed in low numbers at the N. Wetland area during the spring migration.



Cormorants

Phalacrocorax carbo was the only cormorant observed in the area. The species was recorded wintering in the area and was present during the Spring migration period. The majority of their population, was recorded at the Lagoon side of the wetland (Figure 4).



Flamingos

Flamingos (Phoenicopterus roseus), arrived in high numbers during the Autumn migration and departed in February. They spent most of their time at the Lagoon and the S. Wetland sub-areas of the GLw-Natura2000, and they were occasionally observed at the NW-area (Figure 4).



Gulls

Larus michahellis was recorded during most counts and was the most common gull in the area. Larus ridibundus was recorded during the Wintering and both migration periods, and Larus genei only during the migration periods. Out of the 5 observed tern species, Thalasseus sandvicensis was present during the Wintering and the Spring migration periods. The other four terns (Chlidonias hybrida, Chlidonias leucopterus, Hydroprogne caspia, and Sterna hirundo), were only observed during the migration periods. During the wet season, gulls, and terns were observed in all the aquatic habitats of the wetland, but more than 50% at the Lagoon sub-area (Figure 4). During the Breeding/Nesting period, gulls were also observed at the agricultural lands (Figure 4). Their population during the Autumn migration was more spread, but still more than 50% of the observations were made at the Lagoon sub-area of the wetland (Figure 4).



Rails and crakes

Rallus aquaticus and Gallinula chloropus were recorded in few numbers in the S. Wetland and N. Wetland sub-areas, mainly during the wet period (Figure 4).



Grebes

Podiceps cristatus and Podiceps nigricollis were observed only during the Wintering and the Spring migration periods. On the other hand, two families with juveniles of Tachybaptus ruficollis were observed in August 2017, indicating breeding success of the species. Similar to coots and wildfowl, during the wet season more than 90% of their population was observed at the Lagoon and S. Wetland sub-areas (Figure 4). During the dry season, the majority of the observations were made at the S. Wetland sub-area (Figure 4).



Other wetland-dependent species

Three species of raptors (Circus aeruginosus, Circus cyaneus, and Pandion haliaetus) were observed hunting in the area during the Wintering period (Supplementary Table A1). Small numbers of Grus grus were recorded at the agricultural lands surrounding the wetland during Wintering and both migration periods. Kingfisher was also common in the area during the Wintering (at least 10) and both migration periods (at least 20) and was usually observed all around the wetland. The rest of the wetland-dependent species, belong to the order of Passeriformes, and were mainly recorded at the reeds zone of Tyflomitis artesian springs (Supplementary Table A1). Acrocephalus arundinaceus, Acrocephalus scirpaceus, and Cisticola juncidis, were recorded nesting at Tyflomitis sub-area, while Cettia cetti in areas surrounding the wetland.





Species With Higher Conservation Value

Almost a quarter (40 species) of the total observed species are listed in the Annex I of the EU’s Birds Directive (Tables 6, 7).


TABLE 6. Observed waterbirds in GLw-Natura2000, which are threatened at International (Int), European (EU) and Greek (GR) level, and additional IBA/SPA species of concern (gray part of the table).
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TABLE 7. Observed birds in GLw-Natura2000 which are threatened at International, European and Greek level.
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As evident in Table 6, our case study, did not support big wintering populations (all counts were less than 1% of the regional population), but it supported many Nearly Threatened (NT), Vulnerable (VU), Endangered (EN) or Critically Endangered (CR) species, especially during the Spring migration. At an International level, two species are listed as VU and six as NT. At a European level, eight species are listed as VU, three as NT, and all the rest (139) as Least Concern (LC). At a national level, two species (Anser anser and Plegadis falcinellus) are listed as CR, six as EN, fourteen as VU, four as NT, and fourteen as LC (Tables 3, 4). The rest 107 observed species have not been evaluated yet under the national IUCN criteria (Supplementary Table A1). From the species listed in Table 6, only the population of Phalacrocorax carbo was similar to the one reported in Kardakari (2000), and our recordings suggest declining numbers for most waterbirds including all the species with higher conservation value (Table 3 and Supplementary Table A1).




DISCUSSION

Several of the threatened bird species with an IUCN status, and those listed in the Annex I of the EU Birds Directive are connected to wetland loss and degradation due to intensification of agriculture, drainage of wetlands, disturbance from tourism activities, illegal hunting and climate change (European Commission, 2016; BirdLife International, 2018). In this context, the Glw-Natura2000 area is a representative IBA/SPA wetland (Heath et al., 2000; Birds Directive 2009/147/EC, 2009), which has been altered by past drainage efforts and agriculture expansion (Maneas et al., 2019). Furthermore, it is located in an area which is fast becoming a tourist destination, an economic activity which also poses a threat for coastal wetlands in Greece (Maragou and Mantziou, 2000; Maneas et al., 2019). At present, the area suffers from a lack of management, and conservation actions for achieving a Favorable Conservation Status (FCS) for the avian communities is urgently needed. However, before drafting any management plan it is important to understand the current status and distribution of waterbirds, also in relation to previous studies in this area (Kardakari, 2000; Bousbouras et al., 2011).


Waterbirds’ Status and Distribution

During the current study 149 species (average: 38 species per month) were recorded in the area, including 36 threatened species at an International, European or/and national level, and 40 species listed in the Annex I of the EU Birds Directive (21 species are listed as both threatened and under Annex I). 54% (81 species) of the total observed species have been identified as wetland-dependent birds, out of which 66 species (44%) were waterbirds. The results show that the wetland is mostly used by ducks, coots, herons, waders, flamingos and cormorants. Gulls, grebes, rails, and crakes were found in relatively low numbers. The higher waterbirds abundance was recorded during the Wintering period, and the higher waterbirds richness during the Spring migration period.

As reported in previous studies (Kardakari, 2000; Bousbouras et al., 2011), our results suggest the species richness and abundance were higher during the Spring migration compared to the Autumn migration. The location of the area along the Balkan peninsula, combined with better habitat during spring, should be the main reasons why the wetland has higher species richness in spring. Indeed, located at the most south-western part of the Balkan peninsula, the wetland is used as a suitable stopover for many exhausted spring migrants who have flown non-stop over the Mediterranean Sea, or even non-stop from south of Sahara (Bortels et al., 2011). The situation in the autumn is very different. When migrating from north to south over the Balkan peninsula birds have the possibility of staying in the larger wetlands at the northern part of Greece, which are very suitable stopovers for waterbirds (Hellenic Ornithological Society [HOS], 2019a). This may make a stop at GLw not as important as it may be in spring, when the wetland may be the first wetland that the birds encounter. In addition, during spring, increased volumes of freshwater due to precipitation and inflows from the catchment, result in lower salinity values and wider expansion of aquatic habitats compared to autumn conditions (Manzoni et al., 2020), making the whole area a more suitable habitat for resting and feeding.

The results of this study also confirm the importance of the site as a Wintering area (Kardakari, 2000). Each winter the GLw-Natura2000 held a high number of waterbirds; mainly wildfowl, coots, herons, cormorants and flamingos. The fluctuations of wintering populations from year to year (2017, 2018, and 2019) were expected and could be linked to reasons outside the site’s condition. Adam et al. (2015) found that very cold winters in northern and central Europe forced the birds to move further south to find open water, making concentrations of birds to appear higher than usual in places such as our case study. In the same way, a warmer winter makes it possible to avoid flying further south than necessary, lowering the numbers in southern wetlands, as in 2018 in the GLw-Natura2000.

During the Nesting/Breeding period the wetland had the lowest species richness and abundance, but some of the observed species (e.g., Rallus aquaticus, Gallinula chloropus, and Tachybaptus ruficollis) were cryptic species, and their abundance in the area might be higher. Nevertheless, some species nest in the area (e.g., Anas platyrhynchos, Cygnus olor, Himantopus himantopus, Charadrius alexandrinus), and it is important to keep their habitats untouched. Even though, large areas are needed by many species to maintain their populations, it is important to recognize the complementary value of smaller remnants such as smaller wetlands to their successful conservation (Fischer and Lindenmayer, 2002).

When compared to the other sub-areas, the higher values of the Shannon-Weaver index at the S. Wetland indicated that this part of the wetland had the highest species diversity all year around, and regularly supported high numbers of birds as shown by the comparisons of the relative abundance. Counter wise, the N. Wetland sub-area, held the lowest species diversity, abundance and relative abundance. Nevertheless, this sub-area was the basic habitat for the critically endangered (CR) Glossy Ibis. During the wet season, the Lagoon and the NW area had high species richness and abundance. The S. Wetland and the NW area were identified to be the most important sub-areas for waders during the Wintering and both migration periods. On the contrary, during the Dry season, and especially during the Breeding/Nesting period, bird diversity was much lower in most of the aquatic sub-areas. In fact, our results suggest that during the Dry season, the majority of species and individuals (including most breeding species) were summoned at the S. Wetland sub-area.

Our observations in the agricultural lands, and the Tyflomitis artesian springs sub-areas suggest that these areas are less used by waterbirds. Nevertheless, during the Wet season, herons and in particular the Ardea alba (a species which is listed as CR in the Greek IUCN red list) were frequently observed in the agricultural areas. At the Tyflomitis artesian springs sub-area, the observations were also few, but our recordings suggest that this sub-area is important as a nesting area for small wetland-dependent species.



Comparisons With Previous Studies

Out of the eight IBA/SPA species of concern, Phalacrocorax carbo has been recorded in numbers similar to Kardakari, 2000, but for the other two wintering IBA waterbirds our results suggest that their abundance has been dramatically decreased since the last IBA evaluation in 2001 (BirdLife International, 2001). The maximum observed wintering abundance for Egretta garzetta (54 individuals) and Ardea alba (83 individuals) during this study (based on three winter counts), was about 75 and 80%, respectively, less when compared to corresponding values given in Kardakari (2000) (Table 6). Regarding the migrant species, although our observations during the spring migration period gave a picture of the species abundance on the day of the census, and the total number that use the wetland is multiple, they indicate that migrant species abundance has been largely decreased since the last IBA evaluation in 2001 (BirdLife International, 2001). Plegadis falcinellus was also recorded in low numbers during the Spring migration period (max: 11 individuals). This species has fluctuating numbers, but in the past, it was recorded in higher numbers (391 in 1996, and 366 in 1999) (Kardakari, 2000). Tringa glareola was referenced as the second most frequent wader in the wetland with maximum counts up to 1,150 individuals (Kardakari, 2000), but under this study we never encountered so many individuals (spring max: 8 individuals). In the same study, Tringa stagnatilis was recorded as a common wader during the Spring migration (Spring max: 100 in 1996), but under this study we recorded in total five individuals. Finally, Glareola pratincola and Gelochelidon nilotica were not observed during the study period, even though expected, since they were reported as “regular passage migrant often in large numbers” and “fairly common passage migrant,” respectively (Kardakari, 2000).

During the monitoring period of this study we have recorded one additional wildfowl species (Aythya marila—single observation) during the Spring migration period. On the contrary, our list contains 36 species less. The absence of twenty-six species from our list, which are reported as rare and very rare species in Kardakari, 2000, could be explained by the frequency and the type of our monitoring efforts. Porzana porzana, Porzana parva, and Lymnocryptes minimus are cryptic species and difficult to monitor (Stanley et al., 1977–1994; Kardakari, 2000), and Scolopax rusticola uses the wetland during the night (Kardakari, 2000), which could explain why we have not recorded these species. The absence of other migratory species from our list (Ciconia Ciconia, Ciconia negra, Gelochelidon nilotica, Glareola pratincole, Arenaria interpres), could be partly explained by the low frequency of our observations. Even though, we implemented frequent observations during March 2017, this only occurred for 2 weeks, and it is very likely that we have missed species which passed by the wetland during migration and stayed for only a short period of time. However, the absence of Hydrocoloeus minutus and the decline in the abundance of the six species of concern cannot be explained by the frequency of our observations.

A noticeable decline in the wintering population of several wildfowl species (except Anas platyrhynchos), herons, and the coot, as well as in the migrating populations of waders was also evident when compared to Kardakari (2000). Another noticeable difference was the status of flamingos. In Kardakari (2000), the species is referenced as “regular passage spring migrant and winter visitor in small numbers,” but our observations show that at present it is a common winter visitor in moderate numbers. Possible explanations such as declines and shifts due to climate change (Lehikoinen et al., 2013; Adam et al., 2015; Ramírez et al., 2018) or/and habitat degradation (Wang et al., 2011; Tavares et al., 2015; Brandis et al., 2018) which have been observed in other areas worldwide, should not be ruled out and further investigation will be needed to better understand these differences, which is out of the scope of this study.



Conservation Needs and Management Suggestions

The characterization of the area as an IBA and SPA (under the EUs Birds Directive)—also as an SCI and SAC (under the EUs Habitats Directive)—in the early 2000s, provided an adequate framework for site managers to take concrete actions for nature conservation and waterbirds protection, but few actions have been taken so far (Maneas et al., 2019). Instead, the area has been under unstable management for several years (Maneas et al., 2019), and the lack of conservation actions has added pressure to waterbirds survival at a national, European and International level. As analyzed above, compared to previous IBA evaluation (BirdLife International, 2001), our results suggest a dramatic decline in species abundance for 66.6% of the wintering IBA species, and for 100% of the migrant IBA species in Gialova Lagoon wetland, an outcome which should not be overlooked by the site managers.

Despite being an IBA and part of the Natura 2000 network, the protection status of the GLw could be further enhanced. Similar to previous evaluation (BirdLife International, 2001), our results indicate that the area cannot meet Ramsar criterion 5, which is to “regularly support 20,000 or more waterbirds” (Ramsar Sites Criteria, 2020), as the maximum abundance of waterbirds observed under this study was 2,912 in January 2017. The observed decrease of waterbirds abundance during the period of this study could imply that the area may no longer fulfill criterion 6, which is to “regularly support 1% of the individuals in a population of one species or subspecies of waterbirds” (Ramsar Sites Criteria, 2020), and equivalent IBA criterion A4i (BirdLife International, 2001). However, as mentioned above, our observations during the migration periods gave a picture of the species abundance on the day of the census, and the total abundance is multiple. Thus, we cannot make estimates based on the type of our monitoring approach, and further investigation is needed.

On the other hand, our results have confirmed the importance of the GLw-Natura2000 as an important stopover area for many waterbirds (including several threatened species), and thus we suggest that the area continue to meet Ramsar criterion 4, which is to “support animal species at a critical stage in their life cycle, or provide refuge during adverse conditions” (Ramsar Sites Criteria, 2020). Apart from an important stopover area, the GLw_Natura2000 site most likely provides a refuge during adverse conditions. As previously discussed, very cold winters in higher latitudes could force birds to move further south to find open water (Adam et al., 2015), and there was a strong indication that the area was increasingly used by waterbirds in January 2017, when exceptionally cold and snowy conditions occurred in Eastern Europe and the Balkan peninsula (European Cold Wave, 2017). Furthermore, our monitoring revealed that during the Spring and Autumn migration periods, the GLw-Natura2000 area supported several bird species which are threatened at an International (2 VU, 6 NT), European (8 VU, 3 NT) and national (2 CR, 6 EN, 14 VU, 4 NT) level, and it is already known of supporting the only European population of the CR African Chameleon (Legakis and Maragou, 2009). To that end, the area meets Ramsar criterion 2, which is to “support vulnerable, endangered or critically endangered species” (Ramsar Sites Criteria, 2020), and we suggest that it should be re-evaluated as to become a “Site of international importance for conserving biological diversity,” under the Ramsar Convention.

Moreover, placing it in a larger regional context, it can be stated to be one of the few remaining wetland IBA’s in south-western Greece (Hellenic Ornithological Society [HOS], 2019a), along the Mediterranean/Black Sea Flyway, an internationally important migration route (BirdLife International, 2017). Recent studies reveal that due to climate change, the distances that long-distance migrants will need to travel between suitable breeding and non-breeding habitats will significantly increase, and this increase in distance will require increase in refueling stopovers (Howard et al., 2018). It should be noted that the total abundance of waterbirds that use the wetland during migration is not known as their arrivals and departures are frequent and irregular. Our observations during the migration periods gave a picture of the number of individuals that have stopped in the wetland on the day of the census, but the total abundance during each migration period is multiple. If this wetland is to be further degraded or completely dried, the next closest wetland along this route is 110 km further north (Hellenic Ornithological Society [HOS], 2019a), making the GLw-Natura2000 area a very important node in the connectivity of wetlands (Smith and Chow-Fraser, 2010).

During the last 70 years, an annual water deficit of 200 mm per year and limited fresh water inputs, due to man-made constructions and increased irrigation needs, have led to increased salinity values and extensive vegetation mortality of habitats suitable for waterbirds especially at the S. Wetland side (Maneas et al., 2019). Apart from limitations in vegetation expansion, salinity values are critical for benthic communities (Newton et al., 2014) and fish (Zoulias et al., 2017), which are vital in the food chain for several waterbirds. At present, fresh water availability is affected by inland human activities, and the wetland is currently lacking fresh water inputs (Maneas et al., 2019; Manzoni et al., 2020). Waste waters from the olive-oil industry pollute surface water bodies (which could flow into the wetland, but currently flow into the sea), while increased irrigation needs in agriculture, and water demand for domestic use limit the amount of available groundwater resources during summer (Maneas et al., 2019). Unless freshwater inputs are enhanced by restoring hydrologic connectivity between the lagoon and the surrounding freshwater bodies, under future drier and warmer conditions, salinity in the lagoon is expected to increase (Manzoni et al., 2020).

The restoration of fresh water flows, could improve the status of nesting and feeding habitats enhancing FCS for several species (Stanley et al., 1977–1994; Kardakari, 2000; Bousbouras et al., 2011). For instance, if the water level at the S. Wetland sub-area could be kept at high levels until April/May (followed by level decreasing trends to avoid flooding of the nests), this could improve nesting habitats of existing nesting species such as the Mallard (Anas platyrynchos), and the Black winged stilt (Himantopus himantopus). Such management efforts could re-establish favorable nesting conditions for threatened species such as the vulnerable Garganey (Spatula querquedula), which used to nest at fresh water habitats in the past (Kardakari, 2000), and create favorable conditions for several waders including the Wood sandpiper (Tringa glareola) and the Marsh sandpiper (Tringa stagnatilis), two out of eight IBA characterization species. Less saline water conditions could lead to reed expansion (Álvarez-Rogel et al., 2007), which is the basic nesting habitat for other threatened species such as the nationally EN Purple Heron (Ardea purpurea) and the Ferruginous Duck (Aythya nyroca), which is considered VU at a European and NT at an International level (Legakis and Maragou, 2009; BirdLife International, 2015; IUCN, 2020). Increased water level during migration, could help to preserve important habitats for Collared pratincole (Glareola pratincola), Wood and Marsh sandpipers, and the critically endangered Glossy ibis (Plegadis falcinellus).

Our field observations revealed that the areas located at the wetland’s fringe support several endangered waterbirds, but at present these areas are the ones most threatened by human activities. In the existing agricultural areas, plots with horticulture—which were used during the Wintering period by the nationally VU Ardea alba—are gradually replaced by olive cultivations (Maneas et al., 2019). In the past, management efforts have led to conflicts between farmers and Natura 2000 managers (Hellenic Ornithological Society, 2000), and due to poor enforcement of guidelines inside the GLw-Natura2000 area, parts of the N. Wetland sub-area—which hosts the nationally CR Glossy ibis (Plegadis falcinellus)—have been gradually transformed to cultivated land (Maneas et al., 2019). Unless the degradation of these sub-areas is halted, by engaging the local farmers to strategic decisions about the management of the GLW-Natura2000 area, it is very likely that the numbers of these species will continue to decline.

Human disturbance has been found to be negatively linked to waders’ conservation as well (Tavares et al., 2015). In our case study, during late spring and summer we noticed that human disturbance from uncontrolled parking and motorcycle activity at the NW-area, the basic nesting habitat for the Kentish plover (Kardakari, 2000), has forced the species to search for other nesting areas, which were not ideal breeding areas. In fact, the species tried to nest in a similar soil habitat at the S. Wetland sub-area, but the nests were destroyed when the area was flooded after a rain event. Information signs and fencing for protecting the NW-area habitat at the north-western side of the wetland, could improve the conditions for Kentish plover, create favorable conditions for other waders to nest, and at the same time increase visitors’ awareness.

Another critical issue for the conservation of waterbirds is the delineation of the protected zone (Hellenic Ornithological Society, 2000). The perimetrical ditches (man-made constructions from the 60s) act well as physical boarders for the delineation of the protected wetland area. However, the Tyflomitis artesian springs area is outside the boarders of the protected area zone. Since this area, is at present the only provider of surface freshwater to the wetland (Maneas et al., 2019), our suggestion is that it should be added as a protected wetland area.

Apart from a hot-spot for birds (Kardakari, 2000), the GLw-Natura 2000 area has an important fisheries value (Koutsoubas et al., 2000; Zoulias et al., 2017), and almost 20% of the area is used for cultivations (Maneas et al., 2019). Water related issues are perceived in different ways by the different stakeholders (Maniatakou, 2020), and water management should consider these needs as well. Agriculture is a basic economic activity at the surrounding areas, and tourism is growing fast (Collaborative Land-Sea Integration Platform [COASTAL], 2019).

The development of alternative forms of tourism on site and around it (e.g., eco-tourism) could enhance the bonds of the diverse socio-ecological system and support conservation actions. For instance, in the surroundings, farms which are under organic cultivation support many bird species which could complement the bird-watching activity inside the wetland (Myers et al., 2019). Bird-monitoring projects have been among the most successful at integrating citizens in collecting data (McCaffrey, 2005), leading to successful long-term monitoring projects in Greece (Hellenic Ornithological Society [HOS], 2019c) and worldwide (Chandler et al., 2017). However, these activities could also disturb wildlife (Cardoni et al., 2008; McFadden et al., 2017), and they need to be organized carefully (for example not during Breeding/Nesting period). The example from a similar wetland area in Israel, Collins-Kreiner et al. (2013) has shown that as the number of visitors increased, the number of birds decreased. To that end, buffer zones need to be carefully designed and be appropriate both in terms of social and ecological perspectives (Glover et al., 2011).

The GLw-Natura2000 area has good accessibility, a road taking visitors around and into the lagoon, and the relatively small sized area makes it possible to see many habitats and a large diversity of birds at close distance, without too much effort. Such outdoor activities can increase support for wildlife conservation, and enhance awareness among locals and visitors. Spatial and temporal data from this study could be used as a basis for organizing sustainable bird-watching activities and organized school visits on site. The fact that species richness and abundance is higher from October to April, could prolong the touristic season and attract visitors outside the high touristic season (May–September), adding to the local economy. Income from eco-tourism could both be an income for the local community creating a positive attitude to conservation, and also for funding some of the conservation efforts.

A sustainable management strategy for the GLw area should aim to improve and enlarge waterbirds’ habitats, considering nonetheless the existing human activities and social needs at a broader scale (Habitats Directive 92/43/EEC, 1992). Such management requires not only interdisciplinary research, but also engagement of stakeholders at a broader scale (Tsianou et al., 2013). An Ecosystem Services approach could provide the links between nature and people (Díaz et al., 2015), which in turn could reduce conflicts and enhance the benefits for the local economy and ecology, by improving the mutual understanding between the stakeholders. Bringing together farmers, fishermen, tourism operators, Natura 2000 managers and policy makers could lead to improved land-sea interactions and widely accepted management strategies (Collaborative Land-Sea Integration Platform [COASTAL], 2019).




CONCLUSION

The Gialova Lagoon wetland supports many different bird species (149 species including 66 waterbirds and 15 wetland-dependent species), especially during the Wintering and both migration periods. The distribution of species richness and abundance varied significantly in the different sub-areas (formed after past anthropogenic interventions). The S. Wetland sub-area was the area mostly used by waterbirds, followed by the Lagoon and the NW area. Our results indicate that the populations of most IBA species have declined over the last 20 years. The current lack of management makes it difficult to implement efficient and inclusive conservation strategies. The restoration of fresh water inflows, could improve habitats and water conditions for the IUCN and the IBA/SPA species and gradually enhance their conservation status. With careful steps and management decisions the area could become a good example for sustainable management of multifunctional coastal wetlands, favoring both nature conservation and societal well-being. The area cannot meet Ramsar criterion 5 linked to waterbirds, and the decline in abundance of several species may imply that no longer fulfills criterion 6 (and equivalent IBA criterion A4i). However, our results indicate that the area meets criterion 4 and criterion 2, and thus we suggest that it should be further investigated and evaluated to potentially become the eleventh Greek Ramsar site.
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FOOTNOTES

1The environmental management has been recently (January, 2019) assigned to the Management Body of Protected Areas of South Peloponnese and Kythira island (Maneas et al., 2019), but this scheme is about to change following changes in the national policy. The management and exploitation of the lagoon fish stocks is assigned by the local sub-region to local fishers for fixed terms (usually for 5 years), and the local archeological ephorate is also engaged in the management of the area, since part of the area is an archeological site.
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Mangroves are some of the most productive coastal systems on the planet and provide valuable ecosystem services (ES). They are especially important in threatened ecosystems and developing countries, where they are likely to have direct impacts on local communities. An approach based on ES allows assessing ecosystems across the domains of ecology, sociology and economy. This study focused on the evaluation of ES in mangroves and started by creating a comprehensive global list of mangrove ES based on the Millennium Ecosystem Assessment. These services were then quantified using the best available indicators for mangrove systems. The mangroves of Diogo Nunes, São João dos Angolares and Malanza, located in the São Tomé Island, were used to illustrate the challenges in applying ES indicators in this type of ecosystems. The obtained results confirmed that mangroves can provide important and diverse services. However, the high variability among mangrove systems affects their ability to deliver ES, requiring caution for the extrapolation across regions. This assessment emphasizes how the ES framework can be used as a tool to develop management plans that integrate conservation goals and human wellbeing.
Keywords: environmental conservation, ecosystem services indicator, quantification of ecosystem services, transitional systems, gulf of guinea
INTRODUCTION
The concept of ecosystem services (ES) appeared in the 1960s, intending to link ecological and economic research (Martin-Ortega et al., 2015). Since then, the concept of ES has been greatly expanded and in the Millennium Ecosystem Assessment (MEA) it was defined as ‘the functions and products of ecosystems that benefit humans, or yield welfare to society’ (MEA, 2005). The definition of ES remains elusive, often varying according to a stakeholder or specific context (Fisher et al., 2009), even though understanding the connection between human society and ecosystems is crucial to integrate the domains of ecology, economy and sociology (MEA, 2005). Later in 2009, the Common International Classification of Ecosystem Services (CICES) emerged and defined ES as the ‘contributions that ecosystems make to human well-being’ (Haines-Young and Potschin, 2018), adapting the MEA methodology to obtain a more detailed hierarchical method to classify ES (Czúcz et al., 2018). More recently, the Intergovernmental Platform on Biodiversity and Ecosystem Services (IPBES) system was proposed. It differs substantially from previous ES assessment systems for being anchored on the concept of Nature’s Contributions to People, defining ES as ‘all the positive contributions, losses or detriments, that people obtain from nature’ (Brauman et al., 2019).
The assessment of ES involves identification, mapping and quantification, the latter of which can be measured in three domains: biophysical, social, and economic (Haines-Young et al., 2018). In this study, only the identification and quantification of ES were considered. Together, these two steps provide stakeholders with tools to raise awareness and to manage the landscape effectively (Vihervaara et al., 2017). Mapping ES involves methodologies from all the domains previously mentioned and provides a spatial representation of the capacity of a system to deliver ES (Vihervaara et al., 2018). During the last 10 years, major changes and advances have been made in ES mapping (Englund et al., 2017), and several countries have been incorporating ES assessment methodologies in decision-making. In the European Union efforts are being made to develop integrated methodologies for ES mapping, valuation, accounting and assessment (e.g. ESMERALDA Project; www.esmeralda-project.eu) and to promote the use of ES in decision making (Burkhard et al., 2018) and implementation of the EU Biodiversity Directive. Nonetheless, many ES are difficult to identify, especially in under-studied systems, and quantification relies on indicators, which are often non-existent, inadequate or hard to measure (Müller and Burkhard, 2012). The economic valuation provides a monetary justification for the allocation of financial resources toward ecosystem preservation (Gómez-Baggethun et al., 2010) and it is based on the measure of the economic value of ES (Brander et al., 2018). However, they require strong safeguards since many ES hard to convert into a marketable value are undervalued (Castro et al., 2014).
The MEA has become the classical system of ES classification, recognizing four categories: 1) provisioning (e.g. food, fiber, and other resources); 2) regulating (e.g. climate regulation, protection against soil erosion, flood protection, water purification), 3) cultural (e.g. recreation, spiritual values, aesthetics, education and research); and 4) supporting (e.g. habitat diversity and nutrient cycling). The relevance of each of these categories is strongly context-dependent. For instance, in developing countries provisioning services have a more direct association with poverty alleviation and food security, and their impact is often felt almost instantly by human populations (MEA, 2005). The supporting, regulating and cultural services tend to be overlooked since their impacts on human well-being are less direct and they are harder to measure (Alcamo et al., 2003b). However, this does not mean that they are less relevant to human wellbeing (TEEB, 2010).
The tragedy of the commons is often evident in marine fisheries of developing countries, due to the difficulties in determining and enforcing property rights, while populations are often over-reliant on fisheries that depend on ecosystem integrity (Alcamo et al., 2003a; Ostrom and Ostrom, 2015). Our unawareness of ecosystem functioning and ES delivery also undermines our ability to manage resources (Alcamo et al., 2003b), making it crucial to find objective means of quantification. Furthermore, in many developing countries, the voices of impoverished local communities and conservation interests are ignored by political and economic interests, contributing to an undervaluation of ES (Samarakoon, 2004). Sustainable ecosystem management is key to preserve the long-term delivery of ES, but requires practices that promote ecological functioning (Agbenyega et al., 2009).
Mangrove forests are considered some of the most productive systems on Earth (Walters et al., 2008) and provide important ES, often related to the daily activities of rural communities (Spalding et al., 2010). These intertidal forests are known for their capacity to provide coastal protection against natural hazards, such as storm waves, and erosion (Badola and Hussain, 2005). Wetland areas, like mangroves, are also known to store carbon, which is an appealing contribution to climate change mitigation (Donato et al., 2011). They are very important nursery areas for a large variety of fish and invertebrates, providing refuge and food for many of these species during the first development stages (Mumby et al., 2004). However, they are frequently under strong anthropogenic pressure (Spalding et al., 2010) and are among the most threatened marine ecosystems (Duke et al., 2007). Over the last 20 years, 35% of the global area of mangrove forests was lost (Valiela et al., 2006). One of the most common drivers of biodiversity loss is habitat transformation at the expense of land conversion to agriculture, although this is a type of ES trade-off less documented in coastal ecosystems (MEA, 2005). The failure to implement adequate policies and the persistence of ill-defined property rights are some of the underlying causes of this loss (Sathirithai, 1998), making it essential to recognize the value of these ecosystems whilst developing efficient evidence-based conservation strategies. Also, there is a demand to understand the path of distribution of services costs and benefits, moreover to perceive the impact of trade-offs between ES to avoid corruption (MEA, 2005). The Ecosystem Service Framework (ESF) is a benefit-oriented approach and a valuable tool to engage managers and regulators, since it focuses on social and economic benefits, setting the basis for policy changes (Alcamo et al., 2003b). Recent studies have proposed methodologies to assess mangroves ES, namely through mapping (e.g. Kuenzer and Tuan, 2013), economic valuation (e.g. Barbier et al., 2011) and applied social evaluations (e.g. Satyanarayana et al., 2012).
This study aims to highlight the ecological and socio-economic importance of mangroves by evaluating the ES they deliver at a global, regional and local scale, using São Tomé Island (Central Africa) as a case study. On a global scale, mangrove ES will be identified and compared to other estuarine and terrestrial ecosystems. At the regional scale, mangrove ES in Africa will be quantified using previously identified adequate indicators and values available in the literature, and again comparing with regional estuarine and terrestrial ecosystems. Finally, São Tomé mangrove ES will be quantified using indicators based on field assessments or expert-based knowledge. A comparison across scales will showcase the challenges of ES assessment, which are known to be highly variable across regions and at multiple geographical scales. Even though the main focus of the study will be the regional and local assessments, it is essential to develop a global list of ES provided by mangroves. This is the first attempt to use the ESF in São Tomé mangroves and provides important clues to promote biodiversity conservation and the sustainable use of resources.
METHODOLOGY
Mangrove ES were identified (Identification) at a global scale, and quantified (Quantification) at a regional scale for tropical Africa, based on an extensive literature review. Subsequently, three São Tomé mangroves were chosen to evaluate ES, using the best available information (Assessment of Ecosystem Services in São Tomé Mangroves).
Assessment of Mangrove Ecosystem Services
Identification
An existing general list of ES (Layke et al., 2012) was adapted, focusing on mangroves ES. The list was revised to include all ES that were found in the literature, by performing a search for the keywords “ecosystem services” and “mangroves”, on Google Scholar and Web of Knowledge, between January and June of 2018.
Mangroves can be classified as terrestrial, aquatic, or both (Friess et al., 2016). Therefore, the relative importance of mangrove ES was assessed by identifying and comparing ES delivery in terrestrial, estuarine (excluding mangroves) and mangrove ecosystems. To do so, the keywords “terrestrial” or “estuarine” and “ecosystem services” were used. This study followed the MEA ES classification scheme (MEA, 2005). Although other classification methodologies were considered, such as CICES and IPBES, the final decision was in favor of MEA, due to its well established and recognized methods (Caputo et al., 2019) and the thorough list of specific indicators provided by MEA assessments.
Quantification
Quantification requires the use of ES indicators. Several general lists of ES indicators have been published, even though there are no operational practices or guidelines to develop or select ES indicators (Broszeit et al., 2017). This study was based on an existing list of ES indicators (Layke et al., 2012), which was improved by adding and replacing indicators following information found in the literature (Table 1). Indicators were selected based on a confidence level assessment, using a scoring system based on two elements: 1) the ability to convey information: intuitive; sensitive; accepted; and 2) data availability: gathered at sufficient temporal and spatial scales; processed and available; normalized and disaggregated. Each element had three underlying criteria, classified from one (low) to three (high) and the value of each element was obtained as the arithmetic mean of the criteria scores (see Layke et al. (2012) for further details). The indicator with the highest score was selected (i.e. when the sum of each element value resulted in a low or medium score, the decision fell on the selection of another indicator to replace it).
TABLE 1 | Indicators for ecosystem services quantification based on the reference article (Layke et al., 2012). Data availability (none *, little **, plenty ***) and necessary modifications. Services with no indicators provided in the reference article are represented as × and services absent in the reference article are shaded in gray.
[image: Table 1]Indicators can be measured directly, for instance when a state or process is quantified during field observations, or indirectly, for instance when based on proxy indicators, expert-based knowledge, or when the data requires interpretation or adjustments (Vihervaara et al., 2017). Most indicators were selected based on data availability. The most common adjustments were the addition of a temporal dimension to express ES flow (Vihervaara et al., 2017) and the conversion to International System units. Some cases required special adjustments, such as ES biomass fuel. This ES is most commonly assessed based on the consumption of fuel per capita but an estimate of fuel consumption of the overall population in the vicinity of the study area was used in this study, to provide a value representative of the mangrove system.
Several scientific research papers and reports were consulted to quantify each indicator at the regional level (Tropical Africa), separately for each of the three ecosystems considered (mangroves, estuaries and land). The search was performed on the web-search engines previously mentioned (Identification), it was established that the limit was the first 30 publications of the results, since it was intended to obtain as much information as possible without reaching the point of data repetition and that all the information acquired was specific to the selected indicators and study region.
Assessment of Ecosystem Services in São Tomé Mangroves
The assessment approach developed in Assessment of Mangrove Ecosystem Services, was then applied in the context of São Tomé Island. Firstly, each mangrove was mapped, using GPS locations and satellite images (Google Images, 2018. São Tomé. Digital Globe) on QuantumGIS (QGIS 2.18.13). The satellite image analysis was essential to identify areas with mangrove trees and watercourses designated as the “mangrove area”. Then, to better comprehend the surrounding areas of the study site as well as to characterize the type of stakeholders present, the main land-use types (Burkhard et al., 2009) around each mangrove were mapped. This step is essential for well-developed decision-making. Since there was no standardized value for the definition of buffer area, we opted for the lower value found in the literature, 100 m, because of the small scale of the case study (Macintosh and Ashton, 2002; Atkinson et al., 2016).
Then, the improved global list of ES for mangrove systems (Table 2) was used to identify ES in São Tomé Island, using site-specific literature, complemented by expert-knowledge and a field assessment conducted in August 2017. The ES quantification was considered only for services with suitable data, which were wild foods, water regulation, and nursery area services. The indicators used were obtained from Quantification and the estimates were preferably based on field assessments. The wild foods service quantification was based exclusively on literature available for the study area (Pisoni et al., 2015), where it was possible to quantify the number of species used as food source. While water regulation and nursery area services were calculated based on the field assessments. The first was calculated by measuring the concentration of nitrogen in the water, while the second was calculated using different fishing techniques to quantify the proportion of juveniles in the local populations. The assessment only considered the mangrove area defined in the mapping.
TABLE 2 | Ecosystem services identified globally in mangrove, estuary and terrestrial systems. Black circles and white circles represent the presence and absence, respectively, of each ecosystem service (adapted from Layke et al., 2012 to mangrove ecosystems).
[image: Table 2]The ES assessment took place in the mangroves of Diogo Nunes, Angolares and Malanza (Figure 1), in São Tomé Island (0°25′N - 0°01′S, 6°28′E - 6°45′E). These systems were chosen to represent the diversity of mangroves on the island, considering spatial distribution, mangrove size and anthropogenic pressure. Black mangrove Avicennia germinans is present in all study mangroves, and true mangroves Rhizophora sp. are only absent from Diogo Nunes. The Diogo Nunes mangrove, on the northeast coast, is the smallest study system (0.01 km2, Afonso, 2019). It is an intertidal mangrove system with low vegetation coverage, surrounded by agricultural fields (47.5% of the study site, Figure 2A; Afonso, 2019) and a community of 392 people (INE São Tomé e Príncipe, 2014). Located on the east coast, the Angolares mangrove has 0.13 km2 (Figure 2B; Afonso, 2019). It is formed by two branches that are only connected to the sea during periods of high runoff or spring tides. The vicinities are occupied mostly by agroforests (59.4%) (Afonso, 2019). The nearest community, São João dos Angolares, has 2037 inhabitants (INE São Tomé e Príncipe, 2014). The Angolares and Diogo Nunes watersheds have both been seriously modified by human activities, and are mostly covered by agroforest (73% and 70%, respectively - based on Soares, 2016). Malanza, on the southern coast of the island, is the largest mangrove in the country (Brito et al., 2017), covering 1.52 km2 (Afonso, 2019). It is dominated by mangrove and agroforests (53.6% and 36.7%, respectively, Figure 2C; Afonso, 2019). This is an open system, but its connection to the sea is heavily constricted by a bridge, which affects water, sediment and ecological dynamics (Félix et al., 2017). This bridge connects the two nearby communities of Porto Alegre and Vila Malanza, which have respectively 795 and 550 inhabitants (INE São Tomé e Príncipe, 2014).
[image: Figure 1]FIGURE 1 | São Tomé island and mangrove systems identified in the island.
[image: Figure 2]FIGURE 2 | Map of studied mangroves and 100m buffers: (A) Diogo Nunes, (B) Angolares, and (C) Malanza (image sources: Google Images, 2018; Digital Globe).
RESULTS
Global Identification of Mangrove Ecosystem Services
A total of 33 ES were identified in mangroves globally (Figure 3). Most of these were regulating (13) or provisioning services (10), while cultural and supporting services were less represented (5 each). The original ES list (Layke et al., 2012) was extended to include water for non-drinking purposes, groundwater recharge, nutrient flow, habitat heterogeneity, and nursery area. Some ES, such as livestock, freshwater, and soil formation were excluded since they were not indicated for mangroves. Livestock and freshwater services were never mentioned for mangroves in the literature, while the role of mangroves for soil formation remains a topic of debate (Lee et al., 2014). Nutrient cycling is sometimes considered a supporting service (Burkhard et al., 2009), here it was classified as a regulating ES, while nutrient flow was classified as a supporting ES.
[image: Figure 3]FIGURE 3 | Ecosystem Services identified in mangrove ecosystems from around the world. FENVS_fenvs-09-501673_gs_fx1and FENVS_fenvs-09-501673_gs_fx2represent the relationship between all ES and human well-being and biodiversity, respectively. Sources: aConchedda et al., 2011, bBandaranayake, 1998, cPalacios and Cantera, 2017, dBarbier et al., 2011; eBarbier, 2007; fSamoilys, et al., 2015; gGrizzetti et al., 2016; hZedler and Kercher, 2005; iMacintosh and Ashton, 2002; jAtkinson et al., 2016.
Only 31 and 27 of the 33 mangrove ES listed were assigned to other estuarine systems and terrestrial ecosystems, respectively (Table 2). No ES was exclusive to mangroves, even though none of the systems used for comparison delivered as many ES as mangroves. Most differences between mangroves and estuaries were related to provisioning services since estuaries do not provide forest products, such as fibers and ornamental resources and biomass fuel. Regulating services were less represented in terrestrial systems since many of these are associated with water (Table 2).
Regional Quantification of Mangrove Ecosystem Services
Mangrove ES were quantified using existing indicators (Table 1) and data from Africa, obtained between 1964 and 2019 (Table 3, Figure 4). A thorough literature review provided values for most indicators (∼43%), especially those relating to provisioning and supporting services. Regarding provisioning services indicators, only the one associated with wild foods was used with minor adaptations, the rest had to be adjusted to include a temporal/spatial scale. All indicators of regulating services were adjusted, except for those that were not used due to a low confidence level. Only two indicators were found for cultural services, of which only recreation and ecotourism was quantified. Concerning supporting services, the primary production indicator was used without modifications, but all others were adapted. Only 52% of the mangrove ES were quantified (excluding indicators with low or medium classifications) (Table 3), including 60% of both provisioning and supporting services (Figures 4A,C), 31% of regulating services (Figure 4B), and 20% of cultural services (Figure 4C).
TABLE 3 | Ecosystem Services identified and quantified (mean values and range) in mangrove, estuary and land systems from Tropical Africa (adapted from Layke et al., 2012). The number of estimates used to calculate the mean is indicated in parentheses.
[image: Table 3][image: Figure 4]FIGURE 4 | Ecosystem Services quantified in African mangrove ecosystems (based on results from Table 3): (A) provisioning, (B) regulating, (C) cultural and supporting (0–not quantified; 1–quantified).
The quantification of ES varied between ecosystems (Table 3). Seven ES indicators presented the most benefits in mangroves, namely capture fisheries, global climate regulation, regional climate regulation, water regulation, groundwater recharge, habitat heterogeneity and nursery area (Table 3). In this study, most benefits do not necessarily correspond to the quantification of the highest value, as it depends on the indicator being used. For instance, in this study, it corresponds to a high value in aquaculture but to a low value in air quality regulation. Only terrestrial systems presented more benefits than mangroves in some ES, more specifically four, that includes three provisioning services and one cultural service.
São Tomé Mangroves Ecosystem Services
Identification
Five provisioning, four regulating, two cultural and one supporting service were identified in São Tomé mangroves based on a literature review (Table 4). This survey was complemented by fieldwork assessments, which provided information to identify 15 additional ES. Literature information was less representative for regulating and supporting services and all ES listed for São Tomé in the literature were identified during field assessments.
TABLE 4 | Ecosystem services identified in mangroves of São Tomé. Source of information: literature review (adapted from Pisoni et al., 2015) and field work. Black circles and white circles represent, respectively, the presence and absence of each ecosystem service.
[image: Table 4]Quantification
Of the 27 ES identified in São Tomé mangroves, only wild foods, water regulation, and nursery area were quantified locally (Table 5). Wild foods, which consisted mostly of seafood, had higher values than those found in the literature, while water regulation had lower values. The quantification of the supporting service nursery area was slightly lower in São Tomé that in other mangroves in tropical Africa.
TABLE 5 | Ecosystem Services quantified in São Tomé Mangroves and values for comparison with mangroves in the tropical African region (indicators source: Table 1).
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The current study emphasizes the importance of mangroves as providers of a high variety of ES to local populations, particularly important in developing countries. ES provided by the mangrove biome were identified, quantified for tropical Africa and, for the first time, assessed for São Tomé Island. This exercise highlighted the challenges in obtaining local data and reliable indicators to quantify mangrove ES in developing countries. This study also provides an example of the relevance of ES approaches to support the implementation of conservation policies.
Mangrove as a Source of Ecosystem Services
Previous studies identifying global mangrove ES listed only 17 ES (Barbier et al., 2011; Vo et al., 2012; Drakou et al., 2017), while this study identified 33. This difference is most likely due to the fact that previous studies focused on selected ES, for instance, provisioning and regulating services (Liquete et al., 2013), while the current study assessed all mangroves ES, providing a comprehensive list of services and indicators.
The differences between the number of ES identified in the literature 12) and those identified, in the present study, for São Tomé (an additional 15) seem to be mainly due to two related factors: 1) spatial scale and 2) information availability. All mangroves in São Tomé are extremely small, with an area ranging from 0.01 km2 (Diogo Nunes) to 2 km2 (Malanza). The effect of scale in mangrove ES delivery is related to the minimum area required for the development of particular activities or ecological processes. For instance, ES delivered as aquaculture are highly dependent on the available production area. Although the regular pond size for shrimp production in Ecuador can be as big as 0.5 km2 (Hamilton, 2011), most mangroves in São Tomé are too small to support economically sustainable aquaculture (Martín-López et al., 2019). On the other hand, the resolution and extent of the ES assessments may also affect the obtained results and ES estimates differ substantially between the fine and coarse resolution analyses (Grêt-Regamey et al., 2014). Our results suggest that finer resolution assessments conducted at the community level (i.e. mangrove specific information) capture ES spatially explicit information that would be lost at a coarser resolution. That is also related with the second factor concerning the difficulty in assessing some ES without in-depth analyses (Challenges in Assessing Ecosystem Services). Very few studies focused on ES identification in mangroves for the tropical African region (e.g. Owuor et al., 2019b). The additional ES identified for STP mangroves highlighted the importance of conducting local surveys to create comprehensive ES inventories (Afonso, 2019).
Mangroves across the globe provide a diverse set of ES. Differences were found in terms of the services provided by estuarine and terrestrial ecosystems, with the lowest number of ES identified in terrestrial systems, which was expected, as other aquatic environments share more similarities with mangrove ecosystems. When comparing the results of ES quantification, mangroves presented more benefits in seven out of the 14 quantified ES. This may be represented by the highest (e.g. net primary production indicator) or the lowest (e.g. nitrogen concentration on water indicator) quantities of a certain service suggesting that mangroves could have an overall positive impact on human societies, namely when compared to estuarine and terrestrial ecosystems. Regarding São Tomé mangroves, two out of three ES quantified at this local scale presented more benefits than those identified for tropical Africa, namely wild foods, and water regulation, underpinning the relative importance of small mangroves (Curnick et al., 2019).
The potential and the effective delivery of mangrove ES (ES flow) is another relevant question to be considered since it can be associated with aspects such as conservation status. Recreation and ecotourism is an important ES provided by the largest and best preserved mangrove of the island of São Tomé (Malanza), representing an important source of income to different stakeholders at the community level (Afonso, 2019). ES provided by mangroves are likely to vary from site to site. For example, mangroves in Thailand are well known for providing coastal protection, with an estimated economic value of nearly $6.4 US m−1 year−1 (Sathirithai, 1998). In São Tomé, most mangroves are in inner basins, not directly exposed to the coastal dynamics, and occupy a very small percentage of the coastline. Thus, mangrove ES flow will be strongly context dependent.
Challenges in Assessing Ecosystem Services
The selection of an adequate classification system is an important step for the assessment of ES, and at the same time a challenge, since the quality of classification systems is inherently subjective (Caputo et al., 2019). The MEA classification system (MEA, 2005) was selected because it is a widely cited and well-known approach. It is the most used in global and regional assessments, and it is widely used by the scientific community, facilitating comparisons between studies. However, it has some limitations, namely those related to the simplification of extremely complex interactions. Recent studies ponder the use of only ‘final services’ to avoid considering processes as services because the value of end-products already includes the processes and components of the ecosystem needed for its production (Haines-Young et al., 2018). Therefore, the description of ES must integrate multiple concepts, such as ecosystem structure and composition, to facilitate the conceptualization of ES (Wallace, 2007) and the assessment of benefits to people (Raudsepp-Hearne et al., 2010). Like most ES classification systems, MEA does not consider the particularities of the marine systems (Liquete et al., 2013). This may add an additional layer of difficulty because ES lists often need to be adapted regionally.
Natural ecosystems provide many services that can be associated with ecological functions, and at least potentially, with an important revenue stream, even if this might not be recognized by the local community. Major challenges in assessing ES are related to the identification of regulating and supporting services. Their identification is seldom straightforward and, generally, they do not provide direct products. For instance, air quality regulation, delivered by many ecosystems, is a well-known service among the scientific community and its functional relevance, in terms of pollutants removal, has been clearly proven, especially in areas of high urbanization and increased population (MEA, 2005). The assessment of ES allows the recognition of some services that are difficult to identify, for example evaluating air pollutant concentrations in areas with or without specific ecosystems. Furthermore, it can change the ecosystem’s valuation since it pinpoints different qualities relevant to effective ecosystem functioning that are essential to humans.
The quantification of ES is a complex process and a challenge already recognized in the scientific literature (Martinez-Harms et al., 2015; Newton et al., 2018). Preferentially, the indicators should represent a realistic value of ES flow, rather than service capacity, which considers the total value of the service that cannot be regularly used in its fullness. Several difficulties are associated with the selection of the most complete and appropriate indicators. In general, many adaptations are needed to capture the indicator flow. In many cases, only simple adaptations are needed, such as adjusting spatial and temporal units are needed since the temporal and spatial inadequacy were the most listed unresolved issues in the literature (Rivero and Villasante, 2016). Although the aim was to biophysical quantify every ES, it was not possible since some indicators were only expressed in economic value, implying the need to continue to find indicators that can capture the biophysical value of the service, before measuring the economic value to society. Many hundreds of indicators are available, as a consequence of the development of global and regional biodiversity targets (Vihervaara et al., 2017). Biophysical assessments can identify sources of benefit that can be helpful for local communities, thus a biophysical assessment should always be complemented with socio-economic information.
No data was available to quantify most mangrove and estuarine systems ES in tropical Africa (13 out of 27 and 16 out 25 ES, respectively), while terrestrial ES are more commonly quantified (9 out of 22 ES). São Tomé mangroves are reported in many global lists, but they are generally excluded from analyses due to lack of data (Hamilton and Casey, 2016). As already identified in this study, limitations of data availability are an obvious issue for tropical African coastal ecosystems (Adekola et al., 2015; Rivero and Villasante, 2016), hampering our ability to quantify ES in this region. Furthermore, most of the indicators were developed to assess status and trends in biodiversity and ecosystem integrity, but not directly to evaluate ES (Feld et al., 2010). Indicators cannot quantify the ES reliably if they are unsuitable to evaluate the quality and quantity of ES benefits (Layke et al., 2012). Establishing reliable and useful indicators is key to evolve in the quantification of ES since the lack of available data can lead to a biased overvaluation of better-known services, ecosystems, and regions, and that no data is assumed as no benefit. The disease regulation service is an example of a less studied service (Liquete et al., 2016), and thus, it has fewer available indicators. Additionally, many cultural services indicators are considered generic or underdeveloped (Hattam et al., 2013). This strongly limits the quantification of the number of people benefiting from the service (Hein et al., 2006).
Improving Mangrove Management and Empowerment of Local Communities in Developing Countries
Mangroves are highly threatened ecosystems (Gilman et al., 2008), especially due to urban expansion in coastal areas (Nfotabong-Atheull et al., 2013). São Tomé is a developing country where 32,3% of the population is living below the international poverty line ($1.9 in purchasing power parity term - Conceição et al., 2019), and population density is high, pushing people toward unsustainable use of resources (Samarakoon, 2004). To make matters worse, ecosystem deterioration can reduce the delivery of ES in the long-term, further increasing the risk of poverty traps (Uchida et al., 2019). This is particularly important when people are not aware of all the threats that may affect mangroves, which is the case of São Tomé (Afonso, 2019). Developing countries typically have inadequate institutional “safety nets”, forcing communities to choose between satisfying their short-term needs or long-term sustainability (Dawson et al., 2010; Uchida et al., 2019). This combination of factors creates a positive feedback loop, that can trap human societies and ecosystems in a downward spiral of ever-worsening conditions. The importance of protecting mangrove areas has been discussed with the inhabitants of communities in the vicinity of mangroves included in the Obô Natural Park (Pisoni et al., 2015). However, most locals were less aware of its boundaries and claimed to be reliant on resources taken from the park.
The ESF can be a tool to counteract this loop since it can be used to satisfy human needs and environmental sustainability (Poppy et al., 2014). By identifying and quantifying existing ES, as done herein for the mangroves of São Tomé, the ESF is also a useful and innovative tool to guide management decisions and to weigh alternatives, when compared to more traditional management tools (Martinez-Harms et al., 2015). Furthermore, it has the potential to contribute to conservation goals, developing informed decision-making, adding value to protected areas, and creating opportunities to sustainably manage ecosystems. However, some caution is needed, since incomplete assessments can undervalue endemic or threatened species with functional roles that are harder to evaluate or merely understudied (Ingram et al., 2012).
The ESF facilitates the assessment of ecosystems at different scales and contributes to the evolving knowledge of mangrove ES, especially in small mangroves where local surrounding communities demonstrate difficulties in recognizing the importance of maintaining natural ecosystems. This study provides an important contribution to identifying specific conservation measures in these ecosystems. Evaluating and comparing ES provided by mangroves at different scales also contributes to standardizing the process of ES identification and quantification for easier comparison between mangroves at similar scales. In places where assessment and conservation measures are already being implemented for mangrove use, is it now recognized that a balance between local needs and sustainable use of resources is key to achieve mangrove conservation (Satyanarayana et al., 2013). This is the case of Sri Lanka. Most importantly, despite the many challenges for effective implementation, it can help bring awareness about our reliance on ecosystems and the fragility of ecosystem functioning, facilitating wider societal engagement in environmental conservation. ESF is even more important at locations where ES are of most immediate benefit to local (and often poor) people and might be strongly affected by global changes such as climate change, sea-level rise and the consequent effects of ocean acidification, warming, salinity, and hypoxia on fisheries.
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The Ria Formosa is an important transitional and coastal lagoon on the south coast of Portugal that provides valuable ecosystem services. The lagoon is a protected area under national and international conventions. There is a great potential for Blue Growth sectors, such as aquaculture and coastal tourism, but these rely on good water quality. European environmental legislation, such as the Water Framework Directive, requires member states, such as Portugal to implement management measures if a surface water body is not of good ecological status. This work addresses the effectiveness of management measures, such as wastewater treatment plant implementation and dredging, on the water quality of the Ria Formosa coastal lagoon system. This is an important social-ecological issue, since management measures can be very expensive. The ecological status of Ria Formosa was evaluated, according to the physico-chemical and biological quality elements of the Water Framework Directive. The main indicators were the physico-chemical quality elements of nutrient and oxygen condition, and the biological quality element chlorophyll a, as a proxy for phytoplankton biomass, under the Water Framework Directive. The data for these quality elements from the Ria Formosa were analyzed for consistency with the classification for the Water Framework Directive water bodies. The data after the implementation of management measures was compared with historical data to evaluate if these measures had been effective. The relation between nutrient pressures, meteorological and hydrological conditions was addressed, especially rainfall and runoff. Results showed a decrease in nutrient concentration after the management interventions, despite the increase of population and intensifying agriculture in the catchment. The Ecological Status is spatially variable with an overall moderate status, indicating the need for further management measures. There is a significant reduction in nutrient pressure on the lagoon during drought years. This indicates that climate change may alter the structure and function of the lagoon in the future.

KEYWORDS
Ria Formosa, coastal lagoon, assessment of management, Water Framework Directive, intercalibration sites


Introduction

An estimated 2.4 billion people live within 100km of the coast with 40% percent of the world’s population living on only 4% the land area (United Nations [UN], 2017). This is partly because coastal ecosystems are among the most productive ecosystems in the world (Levin et al., 2001), providing 38% of the total value for ecosystem services (Costanza et al., 1997). For example, in Catalonia, 40.3% of the total annual flow of ecosystem service value is provided by the coastal zone, which accounts for only 22.2% of the total surface area (Brenner et al., 2010). Globally, fisheries and fish products provided 203 ± 34 million full-time equivalent jobs in 2011 (Teh and Sumaila, 2013). Thus, the long-term sustainability of coastal populations relies on ecosystems and the services they provide (Barbier et al., 2008), including the Ria Formosa lagoon in Portugal (Newton et al., 2018).

The growth of coastal populations is higher than the global average, with multiple human activities also increasing, such as fisheries, aquaculture, energy production, shipping, tourism and recreation. There are also increasing resulting pressures, such as inputs of effluents and runoff from agriculture, that become multi-stressors in the context of climate change (Guerry et al., 2012). An analysis of 12 temperate estuarine and coastal ecosystems in Europe, North America, and Australia (Lotze et al., 2006) showed that these have already been depleted of 90% of formerly important species, 65% of seagrass and wetland habitat has been destroyed, water quality is degraded, and there are accelerated species invasions. This is a result of the pressures on wetlands, such as coastal lagoons, at the global scale (Pérez-Ruzafa et al., 2019; Newton et al., 2020). Thus, successfully designing and implementing management measures in coastal lagoons is vital to secure the valuable ecosystem services that they provide. This is a challenging task given the strong and wide variety of human activities and resulting pressures on coastal lagoons.

The Water Framework Directive (WFD) is the EU legal framework for integrated river basin management, including transitional and coastal waters (European Community [EC], 2000). It requires member states, such as Portugal, to implement management measures, when a surface water body is not of good ecological status. This is an important social-ecological issue, since management measures, such as building and upgrading sewage treatment plants, can be very expensive. When such management decisions are taken, it is assumed that they will result in improved water quality. However, this may not be the case if inputs increase due to population increase or because of diffuse inputs from runoff. The hypothesis underlying this study is that management measures should improve the water quality of a water body. Although the study is not intended as an environmental report on WFD compliance, it is the legislative and regulatory context of the study.

The study site is the Ria Formosa coastal lagoon that extends 55km along the coast of southern Portugal (Newton et al., 2013). The catchment is approximately 864 km2 (Duarte et al., 2008). The lagoon has local, national regional and international significance (Newton and Mudge, 2003; Newton et al., 2018). It is a Portuguese Natural Park, since 1987; a Special Protection Area of the EU Birds Directive, a site of Natura 2000 network (site code PTZPE0017); and the international Ramsar convention (site 212, since 1980). The Ria Formosa protects 121 species of the Nature Directives and protects 19 habitat types of the Habitats Directive, according to the European Nature Information System of the European Environment Agency.

The Ria Formosa is a well-studied system (Newton et al., 2013) with numerous publications detailing aspects of its hydrology (e.g., Roselli et al., 2013) and human pressures (Newton et al., 2020). Historical pressures on the Ria Formosa include damming of water courses, e.g., in the west Ancao Basin; consolidation of inlets, e.g., the main Faro channel inlet at Farol; saltmarsh reclamation for salt-extraction and aquaculture ponds as well as major infrastructures, such as the international airport of Faro and sewage treatment plants; and construction on the dunes (Newton et al., 2020). The human pressures are increasing with population increase in the Algarve, from ∼395000 in the 2001 census to 467000 in the 2021 census (Intituto National de Estatistica portal consulted on 30/08/20221). The main threats now include erosion, storm surges and overtopping (Carrasco et al., 2021; Domingues et al., 2021); climate change (Brito et al., 2012b; Rodrigues et al., 2021); flooding and sea level rise (Lopes et al., 2022); sewage (Cravo et al., 2022a); eutrophication and hypoxia (Cravo et al., 2020); pharmacological contamination (Cravo et al., 2022b) and chemical pollution (Silva et al., 2021).

The illegal harvesting of high-value species such as seahorses and sea-cucumber, destined for foreign markets such as Asia, relies on local knowledge. Macrobenthos and fish are Biological quality elements of the WFD, so the systematic and illegal removal of species, such as sea-cucumbers, and sea-horses degrades the ecological status.

Good water quality for the Ria Formosa is important as the ecosystem services of the lagoon (Newton et al., 2018) support valuable economic activities such as shellfish harvesting, fishing, water sports, beaches and eco-tourism. Several environmental management measures have been implemented over three decades to improve the water quality of the western part of the lagoon. These include the installation (1989) and subsequent upgrade (2009) of Urban Wastewater Treatment plants (UWWT) and dredging (June 1997) of the Ancão Inlet.

Physico-chemical quality elements (e.g., nutrients, dissolved oxygen) and phytoplankton are commonly used for classification of water bodies in coastal waters (SWD, 2019). However, the Ria Formosa does not strictly fit the WFD definition of a coastal or transitional water body because of its salinity regime. Ferreira et al. (2005, 2006) defined the typology for the Ria Formosa as “sheltered coastal water” and identified 5 distinct waters bodies within the lagoon. Studies indicate that the tidal water exchange at the inlets result in both import and export of nutrients to and from adjacent coastal waters (Newton and Mudge, 2005; Cravo et al., 2013, 2014, 2015; Cravo and Jacob, 2019; Rosa et al., 2019).

The EU does not have generic WFD protocols for ecological status assessment of surface water bodies. It is left to the EU member states, according to the subsidiarity principle in the EU, to develop their own WFD surveillance monitoring protocols for coastal and transitional waters, provided that these protocols comply with the overall WFD and are intercalibrated within the eco-regions.

The WFD monitoring strategy for the surface waters in Portugal was developed during 4 national projects (SWD, 2015). The criteria for the selection of the monitoring stations that were used to select the stations in this study were designed to detect temporal changes in ecological status due to natural or anthropogenic factors and implemented according to Decree Law n° 77/2006. An intercalibration exercise, led by the European Union Joint Research Centre (JRC), was reported by Portugal to the European Environment Agency (EEA) by the Instituto da Água (INAG; Newton et al., 2007). Furthermore, the results were subsequently published in scientific journals (Nobre et al., 2005; Ferreira et al., 2006, 2007; Loureiro et al., 2006; Goela et al., 2009; Brito et al., 2010).

The philosophy and hypothesis underlying management measures is that these management measures are effective for the improvement of water quality. This paper assesses the effectiveness of different management measures in terms of the improvements to the ecological status of the Ria Formosa coastal lagoon within the context of the WFD, accounting for the spatial and temporal variability of abiotic factors and based on 5 research questions:


1.Are the WFD intercalibration stations (Ponte and Ramalhete) and the reference station (Praia) significantly different with respect to physico-chemical variables?

2.Has the water quality improved in the western section of the Ria Formosa?

3.What is the Ecological Status of the Ria Formosa in the context of the WFD, based on the physico-chemical supporting quality elements nutrients and oxygen condition, and the biological quality element phytoplankton biomass, using chlorophyll a as a proxy?

4.What is the relationship between rainfall, runoff and nutrient pressures, as this maybe relevant in a changing climate?

5.Are there significant differences in water quality between the lagoon and ocean indicating whether there is an overall export or import of nutrients?





Materials and methods

The protocols for analyses of coastal and transitional waters were based on the Portuguese implementation of the Water Framework Directive, led by the Portuguese water institute INAG (Bettencourt et al., 2003; Ferreira et al., 2003, 2005).


Sampling and sample treatment

The location of the various sampling sites in the Ria Formosa are shown in Figure 1, with the most intensive campaigns occurring at the sites shown within the inset rectangle in the figure. The numbering and names of the stations have varied in different projects, but the locations did not vary over time. Some stations were sampled throughout the period and some more sporadically. The GIS maps and data pooling were based on the coordinates of the stations.
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FIGURE 1
Map of the Ria Formosa lagoon, Portugal showing the main sampling stations. Inset _top left: geographical location of the lagoon; inset_bottom right: expansion of the rectangle at the western lagoon showing more intensively sampled stations, particularly Praia, Ponte and Ramalhete for the Water Framework Directive intercalibration.


The sampling and sample treatment are summarized below, with much more detailed descriptions provided in the relevant papers (see Introduction). Sampling and sample treatment was generally consistent over the various sampling campaigns between 1984 and 2012. Field in situ determinations included water temperature and salinity that were recorded in the field using a calibrated WTW® salinity/conductivity probe. Oxygen samples were fixed in situ for subsequent Winkler titration, modified by Grasshoff et al. (1999). Water samples of approximately 200 ml were collected for the analysis of nutrients (ammonium, nitrites, nitrates, phosphates, silicates); samples were stored in cool, dark boxes and subsequently frozen at −18°C in the laboratory until further analysis. Samples of 1 dm3 of water were filtered through GF/F (47mm) filters and were kept frozen (−18°C) until further analysis for Chla.



Laboratory determination

Nutrients were determined by molecular absorption spectrophotometry, following Grasshoff et al. (1999). For the determination of Chla, extraction was carried out in 90% acetone for a period of 10–12h, at −18°C. The spectrophotometric determination was carried out at 665 nm, following Lorenzen (1967) equations. Some equipment (e.g., spectrophotomer) was substituted over the period.



Database

Data collected between 1984 and 2012 in the Ria Formosa lagoon were uploaded into a water quality management database, BarcaWin2000 (see: http://www.barcawin.com). This database includes the results of the various research projects conducted in the Ria Formosa coastal lagoon over the last decades, in a joint effort to enable long term water quality data assessment, including nutrients, oxygen and chlorophyll a. Depending on the objective of the past projects, samples were collected at several stations, in various tidal conditions and with different periodicities, especially up until 2006. From this period onward, samples were mostly collected at low water, twice per month until May 2010 and once per month until August 2012. The subsets of data that were analyzed to address each research question are specified in the corresponding result sections. All the data used in this study were obtained from BarcaWin2000 database, except for nitrates by the CIMA laboratory from 2006 (see Figures 2–5 and Tables 1–3).
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FIGURE 2
N:P and N:Si calculated from the data for the three stations Praia, Ponte and Ramalhete that were used in the boundaries intercalibration exercise for the Water Framework Directive.
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FIGURE 3
Violin plots of nutrient concentrations in micromolar (μM) comparing the two subsets of data: 1987–1989 prior to the interventions, and 2010–2012 after the latest UWWT plant upgrade. (A) Nitrite (NO2); (B) Nitrate (NO3); (C) Ammonia (NH4); (D) Dissolved Inorganic Nitrogen (DIN); (E) Silicate (SiO4); (F) Orthophosphate (PO4) from Ramalhete and Ponte in the western lagoon. Raw data are shown as black dots.
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FIGURE 4
Spatial distribution of Ecological Status categories: (A) DIN-Dissolved Inorganic Nitrogen (Ammonium, Nitrite and Nitrate); (B) DIP-Dissolved Orthophosphate; (C) N:P; (D) N:Si; (E) Chlorophyll a; (F) Dissolved Oxygen (% saturation). The numbered polygons are the proposed water bodies from Ferreira et al. (2006).



[image: image]

FIGURE 5
Violin plots of nutrient concentrations in micromolar (μM) comparing drought conditions (October 2004 – May 2005) to non-drought conditions (remaining data 1987–2012), showing the median, 95, 75, 25, and 5 percentiles for: (A) nitrite (NO2); (B) nitrate (NO3); (C) ammonia (NH4); (D) silicate (SiO4); and (E) orthophosphate (PO4). Raw data are shown as black dots.



TABLE 1    Showing the calculated High to Bad boundaries for the Water Framework Directive from all the available data.
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TABLE 2    Tukey’s pairwise comparisons of the nutrients’ concentrations in three different areas: the inside of the lagoon (Ria Formosa), the inlets that connect it with the sea (inlets) and the offshore waters (Offshore).
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TABLE 3    Mean values and standard deviation of nutrient concentrations in n three different areas: the inside of the lagoon (Ria Formosa), the inlets that connect it with the sea (Inlets) and the offshore waters (Offshore).
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Statistical analyses

All the statistical analyses were performed using R (R Core Team, 2020). All the variables were standardized and redundant information was filtered through the elimination of linearly correlated variables. A Pearson’s correlation test was performed, and when two variables had a correlation coefficient higher than 0.95 only one of them was selected. A principal components analysis (PCA) was performed using the “prcomp” function in R (R Core Team, 2020) to characterize the inter-annual variability of the water chemistry and to analyze which of the analyzed variables were explaining a higher percentage of total variance. ANOVA tests were used to evaluate differences in the mean of single variables (e.g., phosphate). Tukey’s pairwise tests were performed to compare differences in the mean of single variables simultaneously with the set of all pairwise comparisons, i.e., groups of sites. PERMANOVA (Anderson, 2001) was used to evaluate differences in the multivariate data set (i.e., distance matrices including all water chemistry variables) between different groups of sites using the “adonis” function in the vegan package (Oksanen et al., 2020) and the “pairwise.adonis” function in the pairwise.adonis package (Arbizu, 2017).



Spatial modeling

The data were aggregated throughout the study period and the mean concentration value was calculated for each parameter and station. An inverse distance weighted (IDW) interpolation was used to map the concentration of each parameter in the study area, as described in Nobre et al. (2005). Concentrations were then reclassified into the five Water Framework Directive classes establishing quality boundaries according to data distribution as follows: High/Good = 0.9 percentile; Good/Moderate = 0.75 percentile; Moderate/Poor = 0.25 percentile; Poor/Bad = 0.1 percentile. In the case of dissolved oxygen, the optimum value is 100% and deviations below that value are considered as signals of deterioration in water quality. However, supersaturation (values much higher than 100%) may also be attributed to eutrophication during daylight hours, with the data split into concentrations below 100% and those above 100%: the percentiles to set quality boundaries were calculated for both data sets. For example, the High/Good boundary was set as the 0.9 percentile of both values below 100% and values above 100%. The same applies for the N:P ratio, which has an optimum value of 16, and the N:Si ratio, which has an optimum value of ∼1 (Redfield, 1958; Tett and Lee, 2005).

All data were re-projected using the statistical mapping system ETRS89-LAEA and then analysed using the R software (R Core Team, 2020) together with the gstat package (Pebesma, 2004).



Boundary setting

All the data were used to set the boundaries by calculating the deviations above and below the reference N:P and N:Si ratios (16:1 and 1:1, respectively), separating the data into four sets (N:P < 16; N:P > 16; N:Si > 1; N:Si < 1); the percentiles 0–10,10–25, 25–75, 75–90, 90–100 were used to set the H-High, G-Good, M-Moderate, P-Poor and B-Bad boundaries (Table 1). For example, all N:Si values below the 10th percentile of the N:Si < 1 data set and above the 90th of the N:Si > 1 data set corresponded to a bad status for the N:Si ratio. Once the boundaries were set, two of the Ria Formosa stations were used for ‘sheltered, coastal waters’. The stations with the longest data sets had been selected as sites for the EU-wide intercalibration exercise (between Member States) that was part of the WFD implementation. Two of the Ria Formosa stations (Ponte and Ramalhete) were used to set the boundaries between High – Good and Good – Moderate conditions. A station outside the lagoon (Praia) was selected for the type specific reference conditions (High). The relevant subset of 948 samples from the database was analyzed.

The mean N:P and N:Si and the mean standard deviation for each group of stations was calculated together with their corresponding percentile, i.e., their position in the percentile ranges calculated earlier using all the data, to assess their nutrient status. Percentile ranges were calculated using the “quantile” function and the correspondence between N:P, N:Si and percentiles calculated using an “empirical cumulative distribution” function.




Results


Question 1: Are the Water Framework Directive intercalibration stations (Ponte and Ramalhete) and the reference station (Praia) significantly different with respect to physico-chemical variables?

A PERMANOVA routine was performed to test the simultaneous response of the variables to the factor Ecological Status of the three stations “Ponte, Ramalhete and Praia,” given as: High (H) = Praia; Good (G) = Ponte at Low Water; Moderate (M) = Ramalhete at Low Water. The results of the PERMANOVA show that there are significant differences between the Ecological Status of the 3 stations, (F = 9.42; p = 0.001). This is consistent with the proposed classifications of High (Praia), Good (Ponte) and Moderate (Ramalhete) status. However, the pairwise comparisons that the differences between categories were significant when comparing High (Praia) with Good (Ponte) and (Moderate) conditions (p-adjusted values = 0.03), but not when comparing Good and Moderate conditions (p-adjusted value = 0.228).

The distribution of the N:P and N:Si data for these stations is shown in Figure 2 to determine “Nutrient Condition,” a a Physico-Chemical Quality Element of the WFD. The size of the circles (line, dashed line, and dotted line) for the 3 stations represents 1 mean absolute deviation from the mean, which lies at the center of the respective circle. The distance of the center of each circle from the (blue) target that represents the reference condition indicates the deviation from the reference condition. This deviation is lowest for Ponte (dashed-line) and highest for Ramalhete (dotted line). The center of the circle for Ponte (dashed-line) lies on the N:Si reference condition axis and is displaced with respect to the N:P reference indicating low N:P ratios. The Ramalhete (dotted line) deviates to the lower left quadrant of the figure, consistent with lower N:P and lower N:Si than the reference condition. The Praia circle (line) deviates to the upper left quadrant, indicating higher N:Si and lower N:P. The circle for Ponte (dashed line) is the smallest, therefore indicating the least variation in the data, whereas the circle for Praia de Faro (line) is the largest indicating the most variation in the data. The results of this analysis are not consistent with the proposed classifications of High (Praia), Good (Ponte) and Moderate (Ramalhete) status.



Question 2: Has the water quality improved in the western section of the Ria Formosa since the 1980’s and therefore have the management measures (urban wastewater treatment plants, new inlet, dredging) been effective for reducing nutrients?

The relevant subset of 225 samples for 1987–1989 and 69 samples for 2010-2012 was analyzed to address this question. Stations in the western part of the lagoon with long-term data sets (Ponte and Ramalhete) were considered. The two subsets of data were 1987–1989 prior to the interventions and 2010–2012, after the latest UWWT plant upgrade. The result of the comparison is shown in Figures 3A–F. A comparison of the two data subsets shows a decreasing trend for the nutrients monitored, although it was only significant for dissolved inorganic nitrogen (F = 4.97, p = 0.027) and least for phosphate (F = 4.28, p = 0.039). Overall, the results show that the combined effect of the management interventions has decreased nutrient pressures to the lagoon, despite increasing resident population and intensification of agriculture in the catchment over the same period.



Question 3: What is the ecological status of the Ria Formosa in the context of the Water Framework Directive, based on the physico-chemical supporting quality elements nutrients and oxygen condition, and the biological quality element phytoplankton biomass using chlorophyll a as a proxy?

The results of the boundary setting calculations (High to Bad) are shown in Table 1 and in Figures 4A–F. The maps show the data analysis using the calculated boundary settings, for DIN- Dissolved Inorganic Nitrogen (Figure 4A), DIP-Dissolved Inorganic Phosphate (Figure 4B), N:P (Figure 4C), N:Si (Figure 4D), Chlorophyll a (Figure 4E), and Dissolved Oxygen% saturation (Figure 4F).

Figure 4A shows that the concentrations of DIN are elevated throughout the lagoon (moderate to bad), especially elevated in the channel between Olhão and Tavira (bad) and poor in the Faro-Ramalhete area. The phosphate concentrations (Figure 4B) were elevated throughout most of the lagoon (moderate) and the effect of the inlets (good) is clearly seen in green.

Figures 4C,D show the distribution with respect to the stoichiometry of the nutrients (N:P:Si). The colors are based on the Redfield ratio as a reference condition (high), which should be 16:1 for N:P and ∼1:1 for N: Si (Tett and Lee, 2005). Deviation from these ratios (both above and below) are represented by the other colors (good, moderate, poor, bad). The N:P distribution (Figure 4C) shows that the N:P ratio is only close to balanced (green) in the Ancão basin and near Armona. The channel between Olhão and Tavira is poor, consistent with the elevated DIN concentrations. The N:Si distribution (Figure 4D) shows that the N:Si ratio is balanced or close to balanced (green and blue) in the Ancão basin and near the main Faro channel. This most closely represents the water quality of the Ria Formosa. The Ancão and Cacela channel are high, as is the area around the main inlet. The well flushed part of the Faro channel is good, while there are problematic areas around Faro and between Olhão-Tavira.

The distribution of Chla (Figure 4E) is moderate-poor. Higher concentrations were found in the inner parts of the lagoon between Faro and Olhão and in the Marim channel. The percentage saturation of oxygen (Figure 4F) is highly variable and mainly moderate. Areas around some of the inlets, although not the Farol inlet, are clearly visible as High-Good. Some of the inner parts of the lagoon have small hotspots that are bad but areas around Faro and Olhao are good and even high.



Question 4: What is the relationship between rainfall, runoff and the nutrient pressures?

The year 2004 was characterized by the lowest rainfall since 1931 (Instituto de Meteorologia [IM], 2004). Thus, the dataset for nutrient concentrations at Ponte from October 2004–May 2005 with a total number of 48 samples was compared to the rest of the data (1987–2012) to determine whether drought conditions were characterized by significantly lower nutrient concentrations (Figures 5A–E).

Drought conditions were associated with a significant decrease in silicate (F = 12.56; p = 4.3 × 10–4), nitrite (F = 42.69; p = 1.7 × 10–10) and ammonium (F = 30.48; p = 5 × 10–8) concentrations and a significant increase in phosphate. There was no significant change in nitrate.



Question 5: Are there significant differences in water quality between the lagoon and ocean indicating whether there is an overall export or import of nutrients?

In order to assess this question, data was split into three different groups: Ria Formosa (including the data from all the sampling stations within the lagoon with 2049 samples), inlets (including all the sampling stations at the inlets of the lagoon with a total of 237 samples) and offshore (including all the sampling stations located in the ocean with a total of 315 samples). Then Tukey’s test was implemented to assess the differences in nutrient concentrations between all the possible combinations (Tables 2, 3).

The nutrient concentrations in the lagoon were always significantly different from the concentrations in the inlets (Table 2), being significantly higher in the lagoon (Table 3). When comparing the lagoon to the offshore waters, all the nutrient concentrations, except nitrite, were significantly higher in the lagoon. Finally, the inlets and the offshore waters only differed significantly in terms of phosphorus, which was significantly higher offshore. Thus, our results show that the lagoon is generally exporting nutrients into the coastal waters.




Discussion

Monitoring and assessment are necessary for compliance with national and international assessments. Although the WFD has been a major achievement for the protection of European water bodies and their associated biodiversity and ecosystem services, the management and monitoring of some water bodies will most likely require site-specific prediction systems (Hering et al., 2010). This is especially true for highly dynamic (in time and space) ecosystems like the Ria Formosa. The trophic state of the lagoon varies widely in space due to hydro-morphological conditions (e.g., water renewal), but also in time, due to a diversity of factors (e.g., climate). For example, the inner part of the lagoon, where water renewal tends to be low (Mudge et al., 2008), were the most eutrophic. This is in alignment with previous studies showing the importance of water renewal for the eutrophication of coastal lagoons (Tett et al., 2003; Roselli et al., 2013) and the high spatial heterogeneity of these ecosystems (Pérez-Ruzafa et al., 2007). It also supports the findings of Rosa et al. (2022).

Even the water bodies proposed by Ferreira et al. (2006) had heterogeneous chemical conditions, especially in the middle part of the lagoon. There are some mismatches between the distribution of the data and the proposed water body boundaries (Figure 12 in Ferreira et al., 2006). This could lead to the management implications in the context of the WFD and make it very difficult to reach the good ecological status. Thus, long-term chemical and biological data covering wide spatial gradients, including at least those sites with distinct hydro-morphological features, are needed to guarantee the health of dynamic ecosystems, especially in the context of climate change. This is extremely important given the great natural, economic and social capital of this lagoon (Cravo et al., 2022a).

The study defined site-specific water quality based on dissolved oxygen, chlorophyll a and nutrient categories according to available long-term data and using percentiles for setting boundaries. According to the results, most of the Ria Formosa is in a moderate state. This is not consistent with our perception of the lagoon, which is heavily influenced by seawater, with high water renewal rates and complex hydrodynamics (Cravo et al., 2013, 2014, 2015, 2022a; Cravo and Jacob, 2019; Verissimo et al., 2019). As an analogy, imagine a small class (n = 15) of very able students. If these students are graded using percentage, they may all score over 90%, clearly demonstrating that they are all HIGH scoring and excellent students. However, if they are graded using percentiles with A–E categories, the students achieving 90% or just above will receive an E grade. Thus, it is probable that the boundary setting was inappropriate because of the lack of a strong eutrophication gradient, i.e., most of the studied sites had low chlorophyll a and nutrient concentration. The importance of mixing and complex hydrodynamics make the assessment of treated wastewater disposal in the Ria Formosa coastal lagoon particularly challenging (Cravo et al., 2022a). Further studies on site-specific water quality for the Ria Formosa should explore new approaches to redefine the boundaries between water quality categories, e.g., by plotting nutrient data against different pressure variables (Cravo et al., 2015). Nevertheless, the results of this study support the findings of Rosa et al. (2022) of an overall improvement of water quality. The decrease trend in nitrogen concentrations is probably due to a decrease in diffuse pollution coming from agriculture. The surprising small increase trend in phosphate is probably related to lower suspended particles in the water, since phosphate tends to adsorb to particles (Xu et al., 2015), and benthic phosphate release (Murray et al., 2006).

The Ria Formosa is an important area for the culture of bivalves and these filter feeders rely on plankton productivity. In addition, it is important as a nursery for juvenile fish. Thus, the nutrient condition is important not only for compliance with the WFD but also for the dynamics of phytoplankton communities in the lagoon (Brito et al., 2012a), while chlorophyll a and dissolved oxygen are important for the bivalves and other consumers. Understanding the link between hydrodynamics, water quality and the delivery of valuable ecosystem services is key to this management approach (Newton et al., 2018; Pérez-Ruzafa et al., 2019; Cravo et al., 2022a).

A system approach to the management of the Ria Formosa, is necessary to preserve this valuable social-ecological system (Newton, 2012; Gari et al., 2014). Several environmental management measures have been implemented over three decades to improve the water quality of the western part of the lagoon. These include the installation (1989) and subsequent upgrade (2009) of UWWT plants, dredging (June 1997) and relocation of Ancão inlet. The investment in such high-cost infrastructure has probably contributed to the improvement in the water quality that is indicated by our data analysis. Nevertheless, based on all the available data and on the “one out all out principle”, most of the Ria is classified as “moderate” and less flushed areas around Faro, Olhão and the Olhão-Tavira channels show up as “poor” or “bad” nearest to Tavira. Again, this result is surprising, and probably an artifact of applying an inappropriate boundary setting.

Management measures such as damming, dredging and inlet modifications can alter the physiography and hydrology of coastal lagoons (Roselli et al., 2013) thereby also modifying their functioning, such as residence time and flushing. The opening of an artificial inlet (Dias et al., 2009) and its subsequent closure may have modified aspects of the lagoon dynamics and the water bodies.

Furthermore, lagoons are sentinel systems for climate change (Eisenreich, 2005), so the response of the lagoon to climate change (Brito et al., 2012b; Rodrigues et al., 2021) and climate variability (drought-wet years) is important. This knowledge is necessary to understand how climate change will influence important fish and shellfish resources in the Ria Formosa and the economic activities depending on them (Newton et al., 2018; Pérez-Ruzafa et al., 2019). Management can use this knowledge to develop tools and strategies that help fisheries, aquaculture sectors and local authorities to prepare for the adverse changes or future benefits of climate change (e.g., CERES2). Changes in the productivity and ecology of the lagoon would have important economic consequences for these aquatic industries and knowledge is necessary to assess exposure, vulnerability and adaptive capacity within the fisheries and aquaculture sectors in order to suggest viable solutions for aquatic food production industries. These economic sectors will have to handle risks and expected benefits from climate change. In particular, it may be possible to support the ecological intensification of aquaculture in the lagoon, with the dual objectives of increasing production and competitiveness of the industry, while ensuring sustainability and compliance with EU regulations on food safety and environment. However, eco-intensification of aquaculture is a transdisciplinary challenge that requires the integration of scientific and technical innovations, new policies and economic instruments, as well as the mitigation of social constraints (e.g., GAIN3).



Conclusion

This study assessed the effectiveness of management measures in the Ria Formosa by answering 5 research questions that are important for the adaptive management of this valuable coastal lagoon for Blue Growth in the context of climate change:


1.The WFD intercalibration stations (Ponte and Ramalhete) and the reference station (Praia) are significantly different with respect to physico-chemical variables. This environmental variability is typical of complex systems such as lagoons (Pérez-Ruzafa et al., 2019). This may be attributed to the classification of the Ria Formosa as a “sheltered coastal water” rather than a “transitional” water. Although the Ria Formosa does not have the salinity gradient required to be classified as a transitional water under the WFD, nevertheless it is a region of restricted exchange that is behaves more as a transitional than coastal water (Tett et al., 2003; Newton and Icely, 2006; Zaldívar et al., 2008).

2.The water quality in the western section of the Ria Formosa has improved, indicating that the management measures have been partially effective, with respect to nutrients and oxygen saturation. However, there have been parallel studies, with shorter time series, of microbial contamination, metals and pesticides that are also relevant to water quality (Bebianno et al., 2019; Moreira da Silva et al., 2019). Microbiological contamination is still a concern (Cravo et al., 2015, 2022a; Galvão et al., 2019) is further evidence of metal, pesticide and pharmaceutical contamination and pollution (Silva et al., 2021; Cravo et al., 2022b).

3.The Ecological Status of the Ria Formosa in the context of the WFD is very spatially variable, based both on the physico- chemical supporting quality elements nutrients and oxygen condition and the biological quality element phytoplankton biomass with chlorophyll a as a proxy. The assessment results, following the “one out, all out” principle classify most of the water as “moderate” indicating that further management measures may be necessary. However, we believe this maybe a consequence of boundary setting forcing 5 categories in a system that has excellent tidal flushing with high-good quality coastal water.

4.The spatial distribution of the data is not consistent with the WFD water bodies derived from Ferreira et al. (2006) methodology. This may be due to changes in spatial complexity, particularly, in the western part of the lagoon, where inlets have been relocated (Pérez-Ruzafa et al., 2019).

5.Rainfall and runoff significantly affect the nutrient pressures in the Ria Formosa lagoon so that there are significant decreases in nutrient pressure in drought years. Results from winter 2021–2022, that was a particularly severe drought are not yet available, but it is probable that nutrient pressure also decreased due to decreased runoff. This is relevant in the context of climate change, whether rainfall increases or decreases. Increased temperatures will significantly affect oxygen solubility and the probability of hypoxia will increase (Brito et al., 2012a).

6.There are significant differences in water quality between the lagoon and ocean indicating that the lagoon both exports and imports nutrients at different times of the year (Newton and Mudge, 2005; Cravo et al., 2013, 2014, 2015; Cravo and Jacob, 2019; Rosa et al., 2019).

7.Ocean-color is increasingly used for chlorophyll a estimations. Indeed, some of the data sets included in the study were obtained for sea-truthing of ESA missions. There are also new opportunities for monitoring using new remote sensing products from ESA’s Sentinel missions (Cristina et al., 2019; El Mahrad et al., 2020). However, the reliability of ocean-color products depends on sea-truthing. Establishing long-term baselines, especially for climate change studies.

8.Despite the considerable efforts with respect to the installation of sewers and sewage treatment, there are still reports of sewage contamination in urban areas such as Faro and Olhao affecting the water quality. This has been investigated using robotic cameras and is mainly due to ‘illegal’ linking of sewage to rainwater-drains, in some cases a long time ago and prior to records.

9.The baseline for Ecological Status assessments of the WFD are type-specific reference conditions. These are most useful to assess whether the management measures are resulting in improvements in the water quality and ecological status of a system. They are less useful to make comparisons with other systems within the country or other EU Member States even from the same eco-region because of differing protocols. Intercalibration is therefore especially important in trans-boundary waters. For example, it would not be coherent for a shared water body to be classed as ‘moderate’ on one side of an international border and ‘high’ on the other side. Using the same agreed methods for assessment is also important since, different assessment methods applied to the same data set can give very different results (Newton et al., 2003).



Finally, management measures have had a positive effect on the water quality of the lagoon. The management of the water quality and ecological status are now legally binding and non-compliance is subject to fines from the European Union under the WFD. The 2019 EU “fitness Check” of the cluster of Water Directives concluded that they are “overall fit for purpose, with some room for enhanced effectiveness”. The main shortcomings were attributed to insufficient implementation by Member States and Economic Sectors, such as agriculture. The findings of the present study indicate that some adjustments to the implementation may be necessary (conclusions 1, 3, 4, 8, 9). The EU “fitness check” also concluded that the WFD was “future-proof” and sufficiently flexible to accommodate new threats (e.g., pharmaceuticals, microplastics and climate change). The findings of the current study do support that there has been an overall improvement, but this may not continue with climate change, especially if temperatures increase (conclusion 5). Nonetheless, the continued threat from chemicals recognized in the EU “fitness check” is also true in the case of the Ria Formosa (Conclusion 2).
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(A) Gracilaria gracilis composition

Area Samples (N) Dry weight (%) Ashes (%) Organic matter (%) Total (mg g~ dw) Agar (% dw)

Phosphorus Nitrogen Carbon Native Desulfurized

st. 1 (high water renewal area) 12 15.4 27.2 72.8 0.53 26.8 256 — -
st. 2 (lagoon watershed area) 12 14.2 33.9 66.2 3.25 37.6 265 — —
st. 3 (choked area) 12 14.3 33.4 66.6 4.43 41.2 315 — =
Mean 14.6 31.5 68.5 2.74 35.2 279 - =
Std 0.67 3.7 3.7 2.00 7.5 31.7 - -

(B) Gracilariaceae composition

Species Samples (N) Dry weight (%) Ashes (%) Organic matter (%) Total (mg g~ dw) Agar (% dw)

Phosphorus Nitrogen Carbon Native Desulfurized

Agarophyton vermiculophyllum 12 155 31.0 69.0 4.21 27.8 296 24.6 13.5
Gracilaria gracilis 12 15.0 28.9 711 3.98 33.1 302 25.1 13.8
Gracilariopsis longissima 12 14.6 27.2 72.8 3.75 30.9 312 31.5 17.3
Mean 15.0 29.0 71.0 3.98 30.6 303 271 14.9

Std 0.45 1.89 1.89 0.23 2.69 7.79 3.85 2.1
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Species Very turbid waters Clear waters

gfwm—2y-1 gfwm-24d-1 % d~1 gfwm-2y-! gfwm=2d-1 % d~1
Agarophyton vermiculophyllum 12,848 35.2 1.10 22,016 60.3 1.88
Gracilaria gracilis 9024 24.7 0.77 21,856 59.9 1.87
Gracilariopsis longissima 10,576 29.0 0.91 28,192 77.2 2.41
Mean 10,816 29.6 0.93 24,021 65.8 2.06
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Ecosystem Indicator Mean(all  SD (all Mean (experts with  Mean (experts with Mean (German Mean Mean (Polish

Service experts)  experts) excellent/good  moderate knowledge) experts) (Lithuanian experts)
knowledge) experts)

Livestock ©.g., number of animals (e.g., cattes of water 0 1 0 0 0 0 1
buffalos, herd of sheep)

Agriculture e.g., harvested amount of reed as fodder, straw 1 1 0 1 1 0 1
for stables, fertiizer, or compost

Biomass utiization: Fibers .., harvested amount of reed as construction 2 1 ) 2 2 2

and other material material, insulation material, pulp, or paper

for direct use or processing

Bioenergy ©.g., hanvested amount of reed as energy 2 1 2 2 2 )
source (combustion, biogas, biofuel)

Wild animals and their  e.g., number of hunted animals (e.g., wild boar, 0 1 0 0 0 0 0

output deer)

Filration/sequestration/  e.g., nutrient removal efficiency or carbon 1 1 1 1 2 1 2

storage/accumulation storage

Mass stabilization and e.g., sediment accumulation rate and buffer for 0 24 1 [ 0 0 1

control of erosion rates  wind and water energy

Maintaining nursery e.., biodversiy (Wid plant and animal species 0 1 1 0 0 1 0

populations and habitats  richness)

Regulation of soi qualy  e.g., decomposition rates 0 1 0 0 0 0 0

Local climate regulation  e.g., impacts on temperature and humidity, 0 1 o 0 0 0 o
includiing ventilation, and transpiration

Health, recuperation or  e.g., number of viitors looking for enjoyment 0 1 o 0 0 o 0

enjoyment provided by ecosystems (e.g. view, wildife,
activites)

Scientific and educational  .g., scientific and educational publications, 1 1 1 1 1 0 1
documentaries, exhibitions, nature trails

Culture and heritage ©.g., number of reed thatched houses 2 1 2 2 2 e 2

Existence and bequest  Non-use value, preservervation for future 0 1 0 0 0 0 0

generations, protected areas

Results were further divided for different groups based on the experts' background knowledge on reed wetland functioning and nationality. Negative numbers represent a decrease in services provision, positive numbers represent an
increase, and the number “0" represents no changes. For the individual results of the expert assessment, see Annex .
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Results were further divided for different groups based on the experts' background knowledge on reed wetland functioning and nationality. Negative numbers represent a decrease in services provision, positive numbers represent an
increase, and the number “0" represents no changes. For the individual results of the expert assessment, see Annex .
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Ecosystem Indicator Mean (all  SD (all Mean (experts with  Mean (experts with Mean (German Mean Mean (Polish

Service experts)  experts) excellent/good  moderate knowledge) experts) (Lithuanian experts)
knowledge) experts)
Livestock e.g.. number of animals (e.g., cattles of water 2 1 2 _ 2 -
buffalos, herd of sheep)
Agriculture e.g., harvested amount of reed as fodder, straw 0 1 1 0 1 -1
for stabes, fertiizer, or compost
Biomass utiization: Fibers  .g., harvested amount of reed as construction  —1 1 =il =il 0 0
and other material material, insulation material, pulp, or paper
for direct use or processing
Bioenergy ©.g., harvested amount of reed as energy =il 1 0 =il o 0
source (combustion, biogas, biofue)
Wild animals and their  e.g., number of hunted animals (e.g., wild boar, 0 1 0 0 0 =il 1
output deer)
Fitration/sequestration/  e.g., nutrient removal efficiency o carbon 0 2 0 1 1 1 0
storage/accumulation storage
Mass stabilizationand ~ e.g., sediment acoumulation rate and buffer for  —1 1 =il =i =i - 0
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documentaries, exhibitions, nature trails
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Results were further divided for different groups based on the experts' background knowledge on reed wetland functioning and nationality. Negative numbers represent a decrease in services provision, positive numbers represent an
increase, and the number “0" represents no changes. For the individual results of the expert assessment, see Annex .
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Section Class Potential MEAN (potential compared to possible maximum) Use MEAN (% of potential)

Transitional reed (%) Homogeneous reed (%) Transitional reed (%) Homogeneous reed (%)
R&M  Bio-remedation by micro-organisms,  BISEO) 41-60

algae, plants, and animals
R&M  Filtration/sequestration/storage 61-80 41-60

Jaceumulation by micro-organisms, algae,
plants, and animals

R&M  Smell reduction 1-20 1-20

R&M  Noise attenuation 1-20 1-20

R&M  Visual soreening 21-40 21-40

R&M  Control of erosion rates 61-80 21-40

R&M  Buffering and attenuation of mass 61-80 41-60
movement

R&M  Hydrological cycle and water flow 61-80 41-60

regulation (Inclucing flood control, and
coastal protection)

R&M  Wind protection 61-80. 61-80.

R&M Seed dispersal 41-60 21-40

R&M  Maintaining nursery populations and 6180 21-40
habitats (Including gene pool protection)

R&M  Pest control (inclucing invasive species)  41-60 21-40
and disease control

R&M  Weathering processes and their effect on 41-60 41-60
soil quality

R&M  Decomposition and fixing processes and B1-80 41-60
their effect on soll quality

R&M  Regulation of the chemical condition of ~ B1-80 41-60
fresh- and salt -waters by iving processes

R&M Regulation of temperature and humidity, ~41-60 41-60

including ventiation and transpiration
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Section Class Potential MEAN (potential compared to possible maximum) Use MEAN (% of potential)

Transitional reed (%) Homogeneous reed (%) Transitional reed (%) Homogeneous reed (%)

P Animals reared for nutritional purposes. 1-20 21-40
P Fibers and other materials from reared 21-40 1-20

animals for direct use or processing
P Wild plants used for nutrition 1-20 21-40
P Fibers and other materials from wid plants. 41-60

for direct use or processing
P Wild plants used as a source of energy 21-40
P Wild animals used for nutritional purposes 41-60
P Fibers and other materials from wild 21-40

animals for direct use or processing
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Section Class Potential MEAN (potential compared to possible maximum) Use MEAN (% of potential)

Transitional reed (%) Homogeneous reed (%) Transitional reed (%)Homogeneous reed (%)

G Characteristics of ving systems that that 41-60 21-40 120
enable activities promoting health,
recuperation or enjoyment through active
or immersive interactions

G Characteristics of ing systems that 61-80 41-60
enable activities promoting health,
recuperation or enjoyment through passivel
or observational interactions

C  Characteristics of ing systems that 61-80 41-60
enable scientiic investigation or the
creation of traditional ecological

knowledge

c Characteristics of living systems that 41-60 41-60
enable education and training |

c Characteristics of living systems that are 61-80 41-60 1-20 1-20
resonant in terms of culture or heritage

c Characteristics of living systems that 41-60 41-60
enable aesthetic experiences

c Characteristics or features of ving 41-60 41-60

systems that have an existence value
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Index Sub-areas Periods Seasons
Wintering Spring migration Breeding/Nesting Autumn migration Wet Dry
Mean SE Mean SE Mean SE Mean SE Mean SE Mean SE
RN Lagoon 3482 112.5 2312 85.5 92 3.6 432 12.4 2842 74.8 272 8.6
NW area 7142 230.5 4178 154.5 132 5.1 167° 47.5 5532 145.3 g7# 30.2
N. Wetland 1032 33.5 428 15.6 242 9.1 132 3.9 70P 18.4 182 5.7
S. Wetland 7252 233.9 4582 169.3 912 34.3 226° 64.1 5792 152.3 165P 50.9
H Lagoon 1.492b 0.23 1.822 0.27 1.028 0.39 1.21@ 0.59 1.672 0.3 1.128 0.49
NW area 1.69% 0.31 1.43b 0.66 0 0 1.18?2 0.51 1.562 0.52 0.65% 0.71
N. Wetland 1.16° 0.72 1.130 0.71 0.34° 0.35 0.68? 0.56 1.14b 0.68 0.532 0.49
S. Wetland 1.85° 0.33 2.17° 0.25 1.76° 0.38 1.88° 0.22 2.02° 0.32 1.830 0.29

Numbers in the same column of periods and of seasons that do not share the same superscript letter are statistically significant different (o < 0.05).
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Observed waterbirds with a higher conservation status IUCN status Populations Current study (2017-2019) Kardakari, 2000 (1995-1999)
Scientific name Common name Int Eur GR 1% GR W sM aM w sM aM
Mareca strepera Gadwall LC LC VU 1,900 1,960" g 21 65

Anser anser Greylag Goose LC LC CR 350 360" 2 1

Aythya ferina Pochard VU VU LC 6,000 32800" 9 2,220

Aythya marila Scaup LC VU NE 1,400 <1%" 2 1 no obs
Aythya nyroca Ferruginous Duck NT LC VU 630 27N 2 12 4 26 15
Spatula querquedula Garganey LC LC VU 13,400 <1%" 70 700
Tadorna tadorna Shelduck LC LC VU 2600 4,150" 7 g 43

Fulica atra Common coot LC NT NE 25000 89,0000 712 9,000
Vanellus spinosus Spur-winged Lapwing LC LC VU 1,000 rare 1 No obs
Vanellus vanellus Northern Lapwing NT VU VU 72300 7,500 16 45
Recurvirostra avosetta Avocet LC LC VU 390 3,500 2 4 35
Calidris ferruginea Culrew Sandpiper NT VU NE 4,000 n.d. 28 700
Limosa limosa Black-tailed Godwit NT VU NE 960 n.d. 8 255
Numenius arquata Eurasian Curlew NT VU LC 7,600 1,800" 21 20 225
Larus genei Slender-billed Gull LC LC VU 1,700 3,000 2 I 20

Larus melanocephalus Mediterranean Gull LC LC EN 2400 500 38 No obs
Chlidonias hybrida Whiskered Tern LC LC EN 2,000 <1% 1 39
Thalasseus sandvicensis Sandwich Tern LC LC VU 1,100 <1,000 6 10 12 15
Ardea purpurea Purple heron LC LC EN 350 175 4 79
Ardeola ralloides Squacco Heron LC LC VU 390 85 2 45
Botaurus stellaris Bittern LC LC EN 1,200 <1% 2 5 10
Ardea alba* Great White Egret LC LC WU 780 1,500 83 360
Nycticorax nycticorax Black-crowned Night Heron LC LC NT 1,600 n.d. 20 2,500
Plegadis falcinellus* Glossy Ibis LC LC CR 800 440 11 380
Platalea leucorodia Eurasian Spoonbill LC LC VU 170 320 2 5 10
Phalacrocorax carbo Great cormorant LC LC NE 5,000 39,600" 739 1,000

Egretta garzetta Little egret LC LC LC 730 2,6000 54 32 2 200 2,000
Tringa stagnatilis Marsh sandpiper LC LC NE n.d. It 100
Tringa glareola Wood sandpiper LC LC NE 20,000 29 9 1,150

In the first column, bold text indicates species which are listed in the Annex | of EU’s Birds Directive. In the IUCN status column, bold text is used to highlight the IUCN
status. Species marked with the symbol * are both threatened and IBA/SPA species. The 1% threshold of the regional population, and the Greek population are also
reported in the table. Numbers under Greek population are estimates reported in Legakis and Maragou, 2009. In cases where there were no estimates, the < 1% is
used to show that the national population is less than the 1% of the reginal population (Legakis and Maragou, 2009). In the same column, symbol ** and symbol ", are
estimates reported at Handrinos et al. (2015) (period 1997-226) and IUCN (2020) (period 2007-2013), respectively. Under the column “current study” we provide the
max observed abundance recorded in our study. Under the column “Kardakari, 2000” we provide the max observed abundance reported in that study (@M for Nycticorax
nycticorax, and sM for Egretta garzetta are reported estimates of the total migration population of these species). Abbreviations: W for wintering, sM and aM for spring
and autumn migration, respectively, n.d., no data available; no obs., no observations; CR, Critically Endangered; EN, Endangered; VU, Vulnerable; NT, Near Threatened;
LC, Least Concerned: NE, Not Evaluated.





OPS/images/fevo-07-00077/math_1.gif
t
ESPmarsh ()= Pc\lrrmtlwf(marsh)dt





OPS/images/fevo-08-501548/fevo-08-501548-t007.jpg
Observed birds with an IUCN status IUCN status Presence in GLw

Bird category Scientific name Common name International Europe Greece Period

Wetland dependent species Circus aeruginosus Marsh Harrier LC LC \"/V] W, aM-sM
Circus cyaneus Hen Harrier LC NT NE W, aM-sM
Alcedo atthis Kingfisher LC VU DD W, aM-sM
Acrocephalus melanopogon Mostached Warbler LC LC vuU aM-sM

Non-wetland Species Hieraaetus pennatus Booted Eagle LC LC EN sM
Aquila pomarina Lesser Spotted Eagle LC LC EN sM
Circaetus gallicus Short-toed Snake Eagle LC LC NT aM-sM
Streptopelia turtur Turtle Dove VU VU NE aM
Anthus pratensis Meadow Pipit NT NT NE aM-sM
Lanius minor Lesser Grey Shrike LC LC NT aM
Alauda arvensis Eurasian Skylark LC LC NT aM-sM

In the first column, bold text indicates species which are listed in the Annex | of EU’s Birds Directive. In the IUCN status column, bold text is used to highlight the IUCN
status. W for wintering, sM and aM for spring and autumn migration, respectively. EN, Endangered; VU, Vulnerable; NT, Near Threatened; LC, Least Concerned; NE, Not
Evaluated: DD, Data Deficient.
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Waterbirds that meet IBA criteria Habitats
Species Season Year Pop. min Pop. max Criterion Priority
Phalacrocoraxcarbo W 1996 1000 1000 B1i, C3 Coastal lagoons (1140)
Egretta garzetta W 1995 B1i Coastal dunes with Juniperus spp. (2250)
P 1996 1500 2000 Adi, B1i, C2
Ardea alba W 1996 280 360 Adi, B1i, C2 Pseudo-steppe with grasses and annuals of the
Thero-Brachypodietea (6220)
Plegadis falcinellus P 1996 1600 1800 Adi, B1i, C2
Glareola pratincola P 1996 117 117 B1i, C2
Tringa stagnatilis P 1996 300 500 Adi, B1i, C3
Tringa glareola P 1996 7000 11000 Adi, B1i, C2
Gelochelidon nilotica P 1996 210 220 B1i, C2

Bird species of global conservation concern that do not meet IBA criteria
Pelecanus crispus P

Aythya nyroca P, 10-20 individuals
Falco naumani P, 10-20 individuals
Gallinago media P, 10-20 individuals

Other waterbird habitats

Mudflats and sandflats not covered by seawater at low tide

Mediterranean and thermo-Atlantic halophilous scrubs (Sarcocornetea fruticosi)
Mediterranean salt meadows (Juncetalia maritimi)

The listed IBA species are also the SPA species of concern (GR2550008, 2001). Priority habitats (highlighted with bold), and additional habitats linked to waterbirds that
are targeted by the Habitats Directive are listed in the last column (GR2550004, 1995). W for Wintering and P (passage) for Migration period.
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Sub-areas Size

Lagoon (L) 2.483

North-West area (NW area)  0.243

North wetland (Nw) 0.444
South wetland (Sw) 0.946
Agriculture lands (A) 1.107

Characteristics

Open shallow water area. The average depth of the main water body is approximately 0.6 m (Arvanitidis et al., 1999). Salt
meadows at the fringes, and few embankments (creating small parallel islands) covered by halophytes are found at the north.
High salinity fluctuations on an annual basis (Manzoni et al., 2020).

Shallow fish ponds and terrestrial area with limited vegetation in connection to the lagoon. It is flooded during the wet period
and dried during the dry period.

Salt meadows which neighbor cultivations at the north, separated by relative deep drainage channels (with a maximum depth of
1.4 min winter) within which some reeds remain today. High salinity fluctuations on an annual basis (Manzoni et al., 2020).
Shallow waters (maximum depth of 0.6 m in winter), salt meadows, and old embankments (creating small parallel islands)
covered by halophytes. Limited reed vegetation. High salinity fluctuations on an annual basis (Manzoni et al., 2020).

Managed areas mainly covered with olive trees (23%), horticulture and grain crops (36%).

Compared to the agricultural lands, the Lagoon, the north-western area, the North wetland and the South wetland are natural aquatic habitats. All sub-areas are given in
KmZ2. The total size of the GLw-Natura2000 is 5.295 Km?2, including the Tyflomitis area.
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Indices S N

Max Mean SE Max Mean SE
Periods Wintering 29 242 2.2 2912 17812 419.5
Spring Migration 38 290 2.2 1937 11332 243.9

Breeding/Nesting 16 12° 1.5 204 135° 322

Autumn Migration 23 182 1.7 858 368° 79.4
Seasons Wet 38 27m 1.6 2912 1428™M 2735
Dry 23 15" 1.2 858 262" 50.4

The maximum observed values during the field visits are also reported in the table (Max). Numbers in the same column of periods and of seasons that do not share the
same superscript letter are statistically significant different (o < 0.05).
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Index S N
Sub-areas Lagoon NW area N. Wetland S. Wetland Lagoon NW area N. Wetland S. Wetland
Period Wintering Max 15 15 9 21 1,586 278 137 1,115
Mean 11 12 17 864 174 46 686
SD 3.6 24 2.9 2.8 597.4 60.8 53.6 370.3
Spring migration Max 22 18 10 26 1,026 224 67 790
Mean 15 10 5 18 574 102 18 433
SD 3.9 5.3 3.7 4.4 442.4 72.8 24.6 265.5
Breeding/ Nesting Max 6 1 4 13 44 7 18 160
Mean 4 1 2 10 21 3 10 86
SD 1.8 0.5 1.5 2.7 14.6 2.8 8.7 48.7
Autumn migration Max 11 g 4 14 238 74 18 641
Mean 7 6 3 12 107 4 6 214
SD 2.6 25 1.4 1.2 75.08 23.4 6.4 211.6
Season Wet Max 22 18 10 26 1,026 224 67 790
Mean 14 11 5 17 706 134 31 548
SD 4.2 44 3.2 3.6 513.4 74.5 40.7 328.02
Dry Max 11 9 4 14 238 74 18 641
Mean 6 4 2 11 68 24 8 156
SD 27 3.3 1.4 2.3 69.9 257 7.5 166.8
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Mangroves

Ecosystem Servi Indicat i
cosystem Service ndicator " Tropical
African region
Provisioning "Wild foods Nurmber of wild species used as food 27.00% 1350
Regulating___ Water regulation Nitrogen concentration (mg N L) Min: 0.01 0.30
Max: 0.02
T = 0.68
Supporting Nursery area Number of species with juveniles by Min: 0.4 M 056
total of species Max: 0.79 e

*Value from all mangroves in Sao Tomé (Pisoni ef al., 2015)

“value from all mangroves in séo tomé (Pisoni et al., 2015)
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Indicators based on Data
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Estuarine Wetland Ecosystem

Unimpacted Impacted

The main Economic Sectors identified were agriculture w , animal rearing including aquaculture@ ;

b [l Y //]‘\
fisheries 7, tourism urbanization | o4 ,shipping g8 ,industrial development and mining x&

Specific Human Activities include land reclamation, damming @il , draining and water extraction, contruction of ponds

for aquaculture 6 and salt extraction % ,construction of ports @t@} and marinas g ,dredging &,discharge of
effluents from urban % and industrial areas ﬁ and logging ‘l ,in the case of mangroves ?

The Main Pressures were loss of wetland habitatyfv %,changes in connectivity affecting hydrology ok and
sedimentology \ ,as well as contamination <>, pollution and increase of nutrient inputs\7 ;

These pressures lead to changes in environmental State, such as erosion augissisiahs , subsidence, hypoxia °z' and loss of water
clarity U that threaten the sustainability of the wetlands. There are also changes in the state of ecology, such as loss of

saltmarsh plants W and seagrassesVV‘}-’W,and mangrove trees % ,in tropical wetlands.
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Name of coastal
wetland

Bahia Blanca

Chesapeake Bay

Bizerte Lagoon

Ichkeul Lake

Mekong Delta
wetlands

Mississippi delta

Mackenzie-
Beaufort

Malanza coastal
lagoon

Gulf of Papua
mangroves

Ria Formosa

Sundarbans
mangroves

Vembanad Lake

Venice

Watamu, Mida
Creek

Yangtze
(Changjiang) Delta
Yellow River (Huang
He) Delta

Adjacent
sea/Ocean

South West Atlantic

Atlantic Ocean

Mediterranean Sea

Mediterranean Sea

South China Sea,
Vietnamese East
Sea

North West
Atlantic, Gulf of
Mexico

Arctic Ocean
South East Atlantic
Coral Sea, Pacific
North East Atlantic
Indian Ocean, Bay

of Bengal

Arabian Sea, Indian
Ocean

Adriatic,
Mediterranean Sea
Indian Ocean

East China Sea

Bohai Sea

Continent and
country (ies)

South America,
Argentina

North America

North Africa, Tunisia

North Africa, Tunisia

Asia, Vietnam

North America,
United States

North America,
Canada

Africa, Sdo Tomé
and Principe

Australasia,
Papua New Guinea

Europe, (SW),
Portugal

Asia (S)
Bangladesh, India
Asia (S), India (W)

Europe (S), ltaly

Africa (E), Kenya

Asia (E), China (E)

Asia (E), China (NE)

Latitudinal

Temperate

Temperate

Semi-arid climate

Semi-arid climate

Subtropical

Temperate

Low-Arctic
(68-70°N)

Tropical

Tropical

Temperate

Sub-Tropical

Tropical

Temperate

Tropical

Temperate

Temperate

Geomorphological
type

Coastal plain
estuary
Estuary

Coastal lagoon

Coastal lake

Coastal alluvial river
delta

Delta and deltaic
plain

Delta, Coastal
embayments

Coastal lagoon

Delta complex

Coastal lagoon

Delta

Coastal lagoon

Coastal lagoon

Coastal creek

Delta

Delta

Habitats

Tidalflats, Saltmarsh

Saltmarsh, Tidal wetlands

Seagrass meadow
Micro-marshes Sandy
coasts Mudflats

Marshes Reed beds

Saltmarsh, Mangroves,
Mudflats, Grassy wetlands,
Controlled rice paddies
Tidal flats, Fresh to
Saltmarsh

Delta plain, Supratidal
marsh, Inundated tundra,
Estuary

Mangroves Mudflats

Mangroves

Seagrass, Saltmarsh,
Dunes, Mudflats

Mangroves

Mangroves, Marsh,
Backwater, Estuary
Seagrass, Saltmarsh,
Subtidal and intertidal
Mudflats

Mangroves, Mudflats, Coral
reef

Saltmarsh, Mudflats

Saltmarsh, Mudflats,
Seagrass, Dunes

Protection/conservation

Provincial and municipal
reserves, 'WHSB Reserve
2CBP, Alliance for the Bay,
CBF, River keepers

Biosphere reserve,
SUNESCO World Heritage
Site, *Ramsar Site, National
Park

Several nature reserves

State of Louisiana

Migratory bird sanctuary
(federal), co-management
regime

Obd Natural park

Ramsar Site, Natura (EU),
National Park

Ramsar Site, UNESCO
World Heritage Site
Ramsar Site, Bird sanctuary
under SWLPA

Ramsar Site (Valle Averto)

UNESCO Biosphere
reserve; National Reserve
Ramsar Site, 5 nature
reserves

Ramsar Site, Shandong
Province reserve, National
Reserve

Area km?

3,000

1,141

128

120

40,600

17,417

13,000

0.7

3,780

80

10,000

1,521

550

32

350

18,000

Human
population

440,000

17,700,000

568,000 (all around
lagoon)

350 (in biosphere
reserve)

18,000,000

2,000,000

4,900

1,000

107,000
135,500 (3main
towns)
3,500,000

1,676,560

85,000 (Venice
municipality only)

57,200 (3main
towns)

1,000,000,000

5,200,000

TWHSBR, Western Hemisphere Shore Bird Reserve; 2CBP, Chesapeake Bay Programme; 3UNESCO, United Nations Educational, Scientific and Cultural Organization; *Ramsar, Convention on Wetlands; SWPLA,
Wildlife Protection Area.
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Group #1 Group #2 Group #3 Bootstrap results

Environmental Naturalist Environmental Groups with
and territorial utilitarian - overlapping
approach local identity variability, *all
three groups
different
p < 0.05
Most important (score type: + + =4 or + =3)
Regulating and Protection against flooding ++ + + 1,2,3
maintenance
Biodiversity + nursery + ++ 1,2,3
Purification capacity ++ ++ 1,2,8
Waste decomposition + 2,3
Microclimate regulation + 1,2,38
Cultural services Sentiment of relaxation ++ 1,2,3
Bird watching - 1,8
Esthetic value species and + *
habitats
Esthetic value of landscape ++ *
Provisioning Commercial inland + *
navigation
Shellfish farming 4 *
Most unimportant (score type: —— = —4)
Cultural services Camping - —— —— 1,2,8
Waterfowl hunting —— — 1,2,3
Esthetic value species and — *
habitats
Composition of the groups
Home of resident Number of respondents
Eastern part of PLC 10 4 3 3
Western part of 17 1 6 0
PLC
Montpellier 11 6 B 0
Others 8 3 1 1
Total — number 43 24 15 4
Total 56% 35% 9%

Statistical analysis was improved by bootstrapping and groups with overlapping variability for a given ES are indicated. The analysis meaningfully extracted three factors
allowing to identify three corresponding groups. The representative Q-sorts for the different groups are provided in Supplementary Figure S2. This table resumes the
services selected for most important and less important and provides the geographic position of the home address of the respondents.

PLC, Palavas lagoon complex; eastern part PLC, municipalities of Pérols, Palavas, Lattes, Villeneuve-les-Maguelone; western part of PLC, municipalities of Mireval,
Vic-la-Gardiole, Frontignan; Others, other municipalities close to the lagoon complex.
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Wildfowl

33
8
62

462
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Coots

1
0
2

. Lagoon . NW area . S. Wetland . N. Wetland . Agriculture . Tyflomitis

Wintering

Waders Herons Cormorant Flamingo

94 87 237 361
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166 134 739 439

Breeding/ Nesting

Waders Herons Cormorant Flamingo
48 21 1 4
22 4 0 2
108 33 1 15

Wildfowl Coots

Wildfowl Coots

Rails &
Gulls Crakes Grebes
29 15 26 338
15 1 8 71
67 53 62 520
Rails &
Gulls Crakes Grebes
27 0 1 57
7 0 0 22
77 0 2 99

268
5
712

49
3
255

Spring migration

Waders Herons Cormorant Flamingo Gulls

138 75 70 133 33
67 40 3 4 1
234 96 177 427 48

Autumn migration

Waders Herons Cormorant Flamingo Gulls

52 51 2 136 8
31 32 1 32 5
83 77 5 377 11

Rails &
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Countries Morocco Algeria Tunisia Libya Egypt

Lagoon Khenifiss Oualidia Nador ElMellah Bizerte Tunis Boughrara Farwa Marsa Matrouh Burullus Bardawil
Impact on human

welfare

Loss of revenue or jobs X X X X X ? X X
from declining fish catches

Loss of revenue or jobs ? X X X X
from Harmful Algal Blooms

Loss of revenue or jobs X X X X X X X

from pollutants in seafood

Loss of seafood provision X X ? X X
or risk to public health form

contaminated seafood

(toxins or chemicals)

Risk to public safety due to ? 2 X

subsidence, flooding, or
storm damage
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Country Morocco Algeria Tunisia Libya Egypt

Lagoon Khenifiss Oualidia Nador ElMellah Bizerte Tunis Boughrara Farwa Marsa Matrouh Burullus Bardawil

Activity/economic sector

Extraction of living X X X X X X X X X X X
resources

Aquaculture X X X X X X X X X X

Agriculture X X X X ? X X X
Golf X X

Tourism and recreation X X 2 X X X X X
Extraction of non-living X X X X X
resources

Land-based industry X X X X X X X X X X
Land reclamation X X X X
Damming of streams X X X X

Inlet consolidation (hard X X X X

structures that fix the
position of the inlet)

Navigational dredging X X ? X X X X
Coastal infrastructure X X X X X X X
Transport and shipping X X X X X X X X X X

List of activities adapted from Smith et al. (2076). *Activity is mentioned in informal communications such as newspapers, websites, and so on.
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Country Morocco Algeria Tunisia Libya Egypt

Lagoon Khenifiss Oualidia Nador ElMellah Bizerte Tunis Boughrara Farwa Marsa Matrouh Burullus Bardawil
Pressure

Smothering X X X
Substratum loss X X
Changes in siltation X X X X X

Abrasion X X X X X
Selective extraction of non-living resources X X X X
Presence of underwater noise X X X X X X X X X X X
Presence of litter X X X X

Thermal regime change X X X X X X X
Salinity regime change X X X X X X X
Introduction of synthetic compounds X X X X X X X X
Introduction of non-synthetic compounds X X X X X X X X X X
Introduction of radionuclides X X X
Introduction of other substances X X X X X X X X

Nitrogen and phosphorus enrichment X X X X X X X X X X
Input of organic matter X X X X X X X X X X
Introduction of microbial pathogens X X X X X X X
Introduction of non-indigenous species and X X X

translocations

Selective extraction of species X X X X X
Death or injury by collision X X X ? X

Barrier to species movement X X X

Water ?ow rate changes X ? X X X X
pH changes X X X X X X
Change in wave exposure X

List of pressures adapted from Smith et al. (2016).
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Countries Morocco Algeria Tunisia Libya Egypt

Lagoon Khenifiss Oualidia Nador EI Mellah Bizerte Tunis Boughrara Farwa Marsa Matrouh Burullus Bardawil

State change

Lagoons ecosystems Components X X X X X X X X X X
Processes X X X X X X 2 X X X
Intermediate services Supporting X X X X X X ? X X X
Regulating X X X X X X 2 X X X
Final ecosystem services Provisioning X X X X X X X X X X
Regulating X X X X X X X X X X
Cultural 2 ? ? X X 2 X X X

These are based on Elliott et al. (2017) ES classification.
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Ecosystems colonized by
aquatic angiosperms

Eutrophic ecosystems
colonized by macroalgae

Eutrophic ecosystems
colonized by clams

Economical value

Multiple services (maintenance of marine
biodiversity, regulation of the quality of coastal
waters, protection of the coast line, etc.)

Yield
9.0 —28.0k 2y -1
Biomass = gfwm™y - USS kg™" fw
Mean values of 35 countries 0.35
Yield
0.41 —0.78 kg fw m=2 y—! US$ kg™!
Agar = gwm “y $kg
Mean value 11
17
Yield
_ —2 -1 —1
Clams = 1-3kgm "y US$ kg

Mean value 4

US$ ha=1y-1
15,837
19,002

US$ haTy~!
31,500-98,000

45,100-80,300
69,700-124,100

40,000-120,000

Terrados and Borum (2004)

Costanza e

Sfriso and S

Sfriso et al
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riso (2017)
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re Organization of
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Nitrogen Phosphorus

ha kgha='y=' Total kgha='y~ ! Total

tonnesy~1 tonnesy~1
Pialassa della Baiona 270 112-347 16-45
i 124— 16-50
Sacca di Goro 300 413-1285 386 54-167
Veneto Po Delta 900 372-1157 48-150
Venice Lagoon 2212 914-2843 119-370

Total 3682 1621-4732 198-615
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Lagoon Surface Agar production Potential revenue

FAO Alibaba

Total lagoon  With Gracilariaceae Cover (%) Effective  Tonnes ha=1y-1 Total (tonnes y—1)
(km?) cover >3 kg m~2 cover (ha)
(km?2) 11 (million US$) 17 (million US$)

Pialassa della Baiona 11 3 90 270 1099-1960 12-22 19-33
Sacca di Goro 26 4 75 300 4.07-7.96 12212178 13-24 21-37
Veneto Po Delta 178 15 60 900 ' ' 3663-6534 40-72 62-111
Venice Lagoon 549 30.3 73 2212 9002-16,058 99-177 153-273
Total 3682 14,985-26,731 165-294 255-454
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ES category ES subcategory Ecosystem service General definition

Provisioning services Food provision Shelifish resources The provision of biomass for human
consumption and the conditions to grow it. It
mostly relates to cropping, animal husbandry,
and fisheries.

Biomass for grazing
Crops
Shellfish farming
Fish resources
Fish farming
Water provision Commercial inland navigation The provision of water for human consumption
and for other uses.

Biotic materials and biofuels Non-food products The provision of biomass or biotic elements for
non-food purposes.
Regulation and Water purification Purification capacity Biochemical and physicochemical processes
maintenance involved in the removal of wastes and pollutants
services from the aquatic environment.

Wastes decomposition
Coastal protection Flooding and other extreme events Protection against floods, droughts, hurricanes,
regulation and protection and other extreme events. Also, erosion
prevention in the coast.
Banks reinforcement
Climate regulation Microclimate regulation Regulation of greenhouse and climate active
gases. The most common proxies are the
uptake, storage, and sequestration of carbon

dioxide.
Life cycle maintenance Nursery and biodiversity maintenance Biological and physical support to facilitate the
healthy and diverse reproduction of species.
Cultural services Symbolic and esthetic values Esthetic value of landscapes Exaltation of senses and emotions by
Local identity landscapes, habitats, or species.
Esthetic value of habitats or species
Historical sites
Recreation and tourism Recreational boat navigation Opportunities that the natural environment
Non-motorized water sports provide for relaxation and amusement.
Bird watching
Cycling
Horse riding

Waterfow! hunting

Sentiment of relaxation
Camping

Recreational hiking and walking
Recreational fishing

Cognitive effects Artistic inspiration Trigger of mental processes like knowing,
developing, perceiving, or being aware resulting

Research opportunity
from natural landscapes or living organisms.

Environmental education

The Ecosystem Services (ESs) supplied by the coastal lagoons of the Palavas lagoon complex have been categorized according to the classification designed for coastal
and marine ESs by Liquete et al. (2013), which has recently been included in CICES version 5.1 (Haines-Young and Potschin, 2018). These 31 ESs (Q-set) were ranked
according Q methodology by both the highly-involved stakeholders (Sy et al., 2018) and the local citizens in citizens’ workshops. The Ecosystem service in italics, i.e.,
Fish farming, is currently not exploited in these lagoons.
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Type of data used! Period Geographic area? Subject Biological References
(physico-chemical)
compartment(s)
Monitoring (RSL) 1999-2001 G-Lion, Corsica Eutrophication gradient TN and TP as proxy for Souchu et al., 2010
phytoplankton biomass,
nutrient stochiometry
Monitoring (RSL) 1998-2002 G-Lion, Corsica Eutrophication gradient Phytoplankton taxa and Bec et al., 2011
biomass
Monitoring (RSL) 1998-2015 G-Lion, Rhéne-d, C-azur, Eutrophication gradient Benthic macrophytes taxa Le Furetal., 2018
Corsica
Historical observations 1970-2014 Biguglia (Corsica) Eutrophication gradient and Phytoplankton biomass and Pasqualini et al., 2017
hydrological changes benthic macrophyte taxa
Monitoring (RSL) 2000-2013 Palavas lagoon complex Oligotrophication Phytoplankton biomass and Leruste et al., 2016
(G-Lion) taxa
Monitoring (RSL) 2001-2014 G-Lion, Corsica Oligotrophication Phytoplankton biomass, Derolez et al., 2019
water column nutrients
Monitoring (RSL) 1998-2015 G-Lion, Corsica Oligotrophication (poly and Benthic macrophytes Le Furetal.,, 2019
euhaline lagoons)
Experimental 2013-2014 Biguglia (Corsica) Bioassay to detect nutrient phytoplankton taxa and cell Leruste et al., 2019a
limitation of phytoplankton sizes, water column nutrients
Experimental 2014 Méjean, Ingril N, Ayrolle Bioassay to detect nutrient Phytoplankton taxa and cell Leruste et al., 2019b

(G-Lion)

limitation of phytoplankton

sizes, water column nutrients

RSL, Réseau Suivi Lagunaire monitoring program. G-Lion, Guif of Lion; Rhéne-d, Rhéne delta; C-azur, Céte d’Azur.
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Water Framework
Directive

!

National laws
|

L

Ecological
Restoration

Reducing
nutrient loading
and inducing
oligotrophication
in shallow
coastal lagoons
as the example

Do scientific concepts and theories provide
guidance for the ecological restoration practice
and are their theoretical predictions of
ecosystem trajectories supported by empiric
ecological knowledge?

Restoration
Ecology

Is the ecological restoration practice
congruent with other type of legislation,
or do conflicts arise as a consequence of
different objectives and concepts?

How is the ecological restoration practice
valued by human populations and
particularly by stakeholders; what are
their perceptions and wishes for desired
states of the ecosystem?






