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Editorial on the Research Topic

Wetland Biogeochemistry: Response to Environmental Change

Wetlands around the world are increasingly impacted by a shift in environmental conditions
due to climate change, land use development, resource extraction, urbanization, and sea level
rise, to name a few external pressures (Meng et al., 2016; Walpole and Davidson, 2018). These
environmental changes can alter the hydrological regime, impacting the biogeochemical processes
that govern important wetland ecosystem services, such as carbon sequestration and water storage.
Biogeochemical processes in wetlands are highly dynamic (Reddy et al., 2010; Jackson et al., 2014)
and involve complex interactions between hydrological processes, mineralogical transformations,
bacterial and vegetation communities, and soil stores of carbon and nutrients (Cherry, 2011; U.S.
EPA, 2015). Currently, our understanding of biogeochemical properties of wetlands are derived
from mechanistic and statistical links between biological, geological, and chemical processes.
However, how climatic and hydrological processes interact with wetland biogeochemical functions
is still not well-understood.

Wetland ecosystems maintain a fragile balance between soil, water, plant, microbial, and
atmospheric processes, which regulates water flow and water quality (Reddy and Delaune, 2008).
Even minor gradients (naturally or anthropogenically induced) in hydrological and climatic
parameters (e.g., wetting and drying, flooding, freezing, and thawing, groundwater-surface water
interactions, etc.) can change the ecology and (bio)geochemistry of wetlands. These changes
can have profound impacts on globally important processes, such as greenhouse gas emissions.
Within a wetland, there is a high degree of spatial and temporal heterogeneity of chemical
properties, temperature, and water-saturation that regulates the transport and transformation of
carbon, nutrients, and redox-active elements (Reddy et al., 2010; Cherry, 2011; Jackson et al.,
2014). The heterogeneity results in both spatial and temporal pulses of biogeochemical activity,
primarily associated with aerobic or anaerobic microbial respiration. Thus, wetlands are considered
“biogeochemical hotspots” in the landscape, with an enhanced cycling of nutrients, carbon and
trace metals (Megonigal, 2008; Reddy et al., 2010; Cherry, 2011). Quantifying the variability in
process intensity remains challenging but is, however, critical to unravel the linkages between
forcing environmental boundary conditions and biogeochemical responses.

This Research Topic brings together wetland (bio)geochemists, hydrologists, biologists,
ecologists, and soil scientists to share research in various areas of wetland biogeochemistry
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that addresses how current and future hydroclimatic conditions
and land use change modulate (bio)geochemical processes
in wetlands. The resultant collection of papers covers a
broad snapshot of our understanding of how biogeochemical
transformations and the movement of water in wetlands impacts
the concentration and mobility of nutrients and contaminants,
microbial community dynamics, greenhouse gas emissions,
carbon cycling, and sequestration. The studies cover a range of
freshwater wetland classifications (i.e., marsh, peatland, etc.) in
natural, disturbed, and restored environments. The assembled
papers provide important new information that addresses critical
knowledge gaps on how wetland biogeochemistry is impacted by
environmental change.

The impact of environmental change on vegetation and
subsequent impacts on biogeochemical cycling are apparent
and several papers in this Research Topic showcase the
interconnected nature of wetland biogeochemistry, ecology, and
carbon cycling. Yuckin and Rooney quantified the effect of
Phragmites australis invasion on carbon and macronutrient
standing stocks in a freshwater coastal marsh, highlighting
that plant invasions may create trade-offs between ecosystem
processes. Yavitt et al. examined the importance of leaf litter
in carbon cycling in peatlands and why vegetation, plant
species composition, and peatland type must be determined
to put peatland ecosystems into the context of global carbon
budgets. Turner et al. demonstrated how wind sheltering
influences land-atmosphere fluxes of carbon in wetlands and
plays an important role on wetland ecosystem characteristics
and energy balance. Koop-Jakobsen and Gutbrod observed
distinctive spatio-temporal oxygen dynamics in an open tidal
marsh that differs from the surrounding shaded vegetated marsh.
The authors highlight the role of vascular plant canopies for
biogeochemical processes in wetlands. It is evident from these
papers that the feedbacks between vegetation and biogeochemical
processes in wetlands provide an important mechanism that
regulates essential ecosystem services.

Several authors highlighted the complex controls
and interactions between microbiological communities,
biogeochemical processes, and hydrological setting. In coastal
peatlands, Gosch et al. assessed the change in the decomposition
of organic matter and releasing organic and inorganic solutes
from peat under seawater intrusion. While in inland peatlands,
Negassa et al. discussed the lack of empirical data on the high
variability of chemical and biochemical properties in rewetted
peatlands. Zak et al. examined if long-term peat mineralization
during decades of drainage in minerotrophic fens causes an
enrichment or a decline of enzyme-inhibiting polyphenols.

While, Alshehri et al. evaluated the potential of adding phenolic
compounds to peatland soils to inhibit extracellular enzyme
activities in order to reduce the flux of CO2 from peatlands;
the authors recommend phenolic enrichment as a potential
peatland restoration strategy. Limpert et al. examined the CO2

and CH4 emissions and microbial community diversity during
a wetland rehabilitation process (rewetting) and observed a clear
succession of microbial communities during the dry-wet phases,
suggesting that wetland hydrology plays a significant role in the
microbial community structure. All of the publications in this

Research Topic elucidate strong linkages between the hydro-
physical setting and biogeochemical processes and recognized
that understanding the feedbacks associated with these linkages
requires further studies.

With 42 authors from six countries in Europe, North
America, and Australia/Oceania this Research Topic identifies
key priorities for future research in wetlands biogeochemical
transformation and processes. This Research Topic highlights the
need for a more detailed understanding of interactions between
and cycling of carbon, oxygen, nitrogen, phosphorus, and
sulfur. The authors emphasize the role of redox-pH conditions,
organic matter, microbial-mediated processes that drive nutrient
and carbon transformations in wetlands, plant responses,
and adaptation to wetland soil conditions. Importantly, the
contributions emphasize the need for more integrated research
efforts into the physical, hydrological and climatic processes
that regulate wetland biogeochemical processes. The further
development of interdisciplinary linkages is considered essential
for a process-based understanding of wetland functions and the
successful restoration and management of wetland ecosystems.
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Significant Increase in Nutrient
Stocks Following Phragmites
australis Invasion of Freshwater
Meadow Marsh but Not of Cattail
Marsh
Sarah Yuckin and Rebecca Rooney*

Department of Biology, University of Waterloo, Waterloo, ON, Canada

Invasive species are a threat to biodiversity and can cause ecological degradation,

however, well-established invasive species may serve valuable ecological functions.

For example, in the Laurentian Great Lakes, where nutrient pollution is a major issue,

highly productive Phragmites australis (European Common Reed) may provide a nutrient

retention service. Yet there is a lack of research comparing carbon and macronutrient

stocks in P. australiswith resident plant communities, such as cattail andmeadowmarsh.

We quantified the effect of P. australis invasion on carbon and macronutrient standing

stocks in a freshwater coastal marsh by comparing the above- and belowground

biomass, tissue nutrient concentrations, and annual nutrient standing stocks in marsh

invaded by P. australis with cattail marsh (dominated by Typha spp.) and meadow marsh

(dominated by Calamagrostis canadensis), which are being displaced by P. australis

in Lake Erie coastal marsh. We conclude that the effect of P. australis invasion on

carbon and macronutrient standing stocks is dependent on the plant community being

replaced. The annual standing stock of carbon, nitrogen, phosphorus, and potassium

are consistent between cattail marsh and P. australis-invaded marsh, though cattail

marsh contains more magnesium (112% mean increase) and calcium (364% mean

increase). In contrast, when P. australis replaces meadow marsh, the standing stocks

of all measured nutrients and carbon increase significantly (103–188% mean increase).

Our study highlights that plant invasions may create trade-offs between ecosystem

services. In our case, the increase in nutrient standing stocks when P. australis invades

meadow marsh should be weighed against the documented reductions in biodiversity

and habitat value.

Keywords: Canada bluejoint, cattail marsh, common reed, exotic species, invasive species, meadow marsh,

nutrient retention, nutrient stocks

INTRODUCTION

Invasive species are considered a major threat to biodiversity and a driver of ecological degradation
(Zedler and Kercher, 2005; Simberloff, 2011). Recent research, however, has found evidence that
invasive species can provide ecological functions equal to or greater than those provided by native
species (Norkko et al., 2012; Bertness and Coverdale, 2013; Grutters et al., 2015) and may even lead
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to increased local and regional biodiversity (Sax and Gaines,
2003). Recognition of the potential for invasive species to provide
ecological functions has led to debate about whether conservation
objectives should include the eradication of all invasive species
(Schlaepfer et al., 2011, 2012; Vitule et al., 2012). It has been
proposed that the decision to control invasive species should be
made on a case-by-case basis through evaluation of the impact
of a given invasive species on ecological function (Hershner and
Havens, 2008; Hobbs et al., 2009; Davis et al., 2011).

Throughout North America, the invasive lineage of
Phragmites australis (hereafter P. australis) is increasing in
abundance and distribution (Catling and Mitrow, 2011).
For example, in Lake Erie coastal marsh, P. australis took
advantage of historically low lake levels during the 1990s
(Tulbure et al., 2007; Tulbure and Johnston, 2010) and increased
nutrient loading in the watershed (Croft and Chow-Fraser,
2007) to rapidly expand, primarily replacing cattail marsh
(dominated by Typha spp.) and rare “Graminoid Coastal
Meadow Marsh” (Imperiled [S2]; Ministry of Natural Resources
Forestry, 2018; dominated by Calamagrostis canadensis) (Wilcox
et al., 2003). These resident plant communities are naturally
stratified by water depth with cattail marsh in deeper water
(11–52 cm) and meadow marsh in shallower water (0–27 cm;
Supplementary Materials 1), indicating the relatively broader
niche of invasive P. australis.

Phragmites australis forms dense monocultures that replace
resident plant communities (Keller, 2000; Mal and Narine, 2004;
Tulbure et al., 2007) and can negatively affect wetland birds
(Robichaud and Rooney, 2017), amphibians (Greenberg and
Green, 2013), and turtles (Bolton and Brooks, 2010; Markle
et al., 2018). The stem density of P. australis typically increases
with age (Rooth et al., 2003), and while these negative effects
on wildlife are reported from dense, established P. australis
stands (e.g., 100 live stems m−2), some research suggests
that at lower densities P. australis can provide habitat value
(Meyer et al., 2010; Kiviat, 2013).

There is also evidence that P. australis invasion may affect
nutrient and carbon cycling (Rothman and Bouchard, 2007;
Windham and Ehrenfeld, 2013) as a result of high net primary
production (Windham, 2001; Rothman and Bouchard, 2007;
Duke et al., 2015), high rates of carbon assimilation (Farnsworth
and Meyerson, 2003; Tho et al., 2016) and high nitrogen
content in its foliar tissues (Findlay et al., 2002; Hirtreiter
and Potts, 2012). Indeed, in its native range, P. australis
is often used in constructed wetlands to remove nutrient
pollution (Gumbricht, 1993; Bhatia and Goyal, 2014), suggesting
it could provide an important water quality improvement
function where it has invaded. Yet, despite the importance of
carbon and macronutrients phosphorus, potassium, calcium,
and magnesium (Ehrenfeld, 2010), research on P. australis
invasion and its effects on nutrient stocks in freshwater coastal
marsh has primarily focused on nitrogen (but see Findlay
et al., 2002; Ouellet-Plamondon et al., 2004). In addition,
prior work has focused on differences between Typha spp.
and P. australis (e.g., Findlay et al., 2002; Farnsworth and
Meyerson, 2003; Hirtreiter and Potts, 2012), ignoring critically
imperiled meadow marsh, which differs markedly in vegetation

diversity and physical structure from stands of P. australis and
Typha spp.

Given that climate change and eutrophication are two
immense environmental threats facing Lake Erie (Watson et al.,
2016; Environment and Climate Change Canada and the U.S.
Environmental Protection Agency, 2017; Jarvie et al., 2017) the
capacity of a marsh plant, regardless of its origin, to take up and
store carbon andmacronutrients represents a critically important
ecosystem function. With the limited success (Lombard et al.,
2012; Quirion et al., 2018) and high costs (Martin and Blossey,
2013) of P. australis control in North America, quantifying
the ecosystem functions provided by P. australis should inform
decision makers considering whether to attempt its eradication.

We therefore sought to evaluate the influence of P. australis
invasion on carbon andmacronutrient standing stocks, including
nitrogen, phosphorus, calcium, magnesium, and potassium.
Further, we aimed to contrast this effect in areas where P.
australis is displacing cattail marsh with areas where meadow
marsh is being displaced. Thus, we compared standing crop
above- and belowground biomass, tissue nutrient concentrations,
and annual nutrient standing stocks in marsh invaded by
P. australis with marsh dominated by Typha spp. or by C.
canadensis (Canadian bluejoint grass). Because wetland plants
can carry out luxury consumption of nutrients (Gumbricht,
1993 and references therein), we contrasted the three vegetation
communities in two adjacent marshes, one with higher soil
nutrients than the other. Because emergent vegetation may
allocate more resources to aboveground biomass in deeper
water (Wetzel and van der Valk, 2005; Duke et al., 2015),
we also evaluated sites spanning a range in water depth. We
hypothesized that, due to the high net primary production,
foliar chlorophyll and nitrogen content of P. australis (Windham,
2001; Rothman and Bouchard, 2007; Duke et al., 2015), invaded
areas would support higher carbon and nutrient standing stocks
and tissue carbon and nutrient concentrations (Findlay et al.,
2002; Hirtreiter and Potts, 2012). We also hypothesized that
tissue concentrations and standing crop biomass would be
greater in areas with more plentiful soil nutrients. Lastly, we
hypothesized that standing crop biomass would be greater in
deeper water.

METHODS

Study Area
We conducted the study in freshwater coastal marshes within
the Long Point peninsula (42◦ 34′ N, 80◦ 24′ W), a 35 km long
sandspit formation located on the north shore of Lake Erie,
Ontario. We sampled in the Big Creek National Wildlife Area
and Long Point Provincial Park management units (Figure 1).
The Long Point peninsula constitutes more than 70% of the
remaining intact coastal marsh on the north shore of Lake
Erie (Ball et al., 2003) and is designated as a Ramsar wetland
and an UNESCO World Biosphere Reserve. Over the past 30
years, resident coastal marsh communities in this area have been
increasingly replaced by invasive P. australis (Wilcox et al., 2003;
Jung et al., 2017).
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FIGURE 1 | Study location in the Big Creek National Wildlife Area (42◦ 35′ N, 80◦ 27′ W) and Long Point Provincial Park (42◦ 34′ N, 80◦ 22′ W) management units of

the Long Point peninsula. Circles are meadow marsh sites, squares are cattail marsh sites, and triangles are P. australis-invaded sites. Black symbols were sampled in

2017, white symbols were sampled in 2016.

Experimental Design
In 2016, we evaluated the influence of soil nutrient
conditions by comparing carbon and macronutrient
pools and tissue concentrations among three vegetation
community types (P. australis-invaded marsh, cattail marsh
and meadow marsh) between two regions of the Long Point
peninsula that have differing soil nutrient levels (Table 1,
Supplementary Materials 1). In this experiment, we measured
nutrient concentrations in plant tissues, as well as above and
belowground biomass from 15 sites in the Big Creek National
Wildlife Area (higher nutrient environment) and 15 sites in
the Long Point Provincial Park (lower nutrient environment;
Figure 1). The Big Creek National Wildlife Area is located in
a drainage basin that is 71.1% agricultural land cover (Essex
Region Conservation Authority, 2013) and receives substantial
amounts of phosphorus and nitrate from the Big Creek tributary;
phosphorus levels within the marsh were above the Provincial
Water Quality Objectives (>0.03 mg/L) although nitrate levels
were below the Canadian Environmental Quality Guidelines
(<2.93 mg/L; Essex Region Conservation Authority, 2013). In
contrast, Long Point Provincial Park, which is approximately

four kilometers away, is located on nutrient poor sand substrate.
Regardless of vegetation community type, sites in the Big Creek
National Wildlife Area consisted of taller, lower diversity plant
communities growing in deeper water than sites in the Long
Point Provincial Park (Table 1).

In 2017, we evaluated the influence of water depth
by comparing carbon and macronutrient pools and tissue
concentrations among the same three vegetation community
types spanning a gradient in lake water depth. In this experiment,
we measured plant tissue levels and plant biomass in 20 sites
in the Long Point Provincial Park (10 P. australis-invaded sites
and 10 uninvaded sites: 5 shallower meadow marsh sites and 5
deeper cattail marsh sites). The invaded and uninvaded sites were
selected to be paired by May water depth to span a common
gradient (14–56 cm). Note we also measured water depth at each
site in July because seasonal water depth changes could differ
among vegetation community types.

In both experiments, we selected a focal species to represent
each community to characterize nutrient stocks in the three
vegetation community types. These focal species were P. australis,
C. canadensis, and Typha spp. for the P. australis-invaded,
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TABLE 1 | Average site characteristics of meadow, cattail, and P. australis-invaded marsh, based on measurements from three quadrats per site.

Site characteristic Plant

community

type

#Sites July water depth (cm) Canopy height (cm) Living (stems/m2) Living (% cover) Species richness

2016 Big Creek

National Wildlife Area

Meadow 5 20.5 (±6.0) 178 (±13) 837 (±165) 81 (±8) 3.2 (±5.7)

Cattail 5 15.5 (±3.0) 276 (±30) 47 (±6) 74 (±10) 3.0 (±2.1)

P. australis 5 20.5 (±2.0) 409 (±29) 59 (±18) 81 (±6) 2.6 (±2.2)

2016 Long Point

Provincial Park

Meadow 5 2.5 (±3.5) 101 (±16) 802 (±284) 65 (±3) 14.4 (±1.1)

Cattail 5 14.5 (±3.5) 265 (±7) 71 (±45) 70 (±7) 3.4 (±1.0)

P. australis 5 15.5 (±9.0) 319 (±27) 125 (±53) 78 (±7) 5.8 (±1.8)

2017 Long Point

Provincial Park

Meadow 5 17.5 (±7.0) 102 (±26) 776 (±160) 59 (±14) 11.4 (±4.4)

Cattail 5 41.0 (±8.5) 266 (±14) 83 (±66) 63 (±9) 3.0 (±1.9)

P. australis 10 36.0 (±10.5) 350 (±48) 91 (±48) 80 (±9) 3.7 (±2.5)

Sites sampled in 2016 contrasted a higher (Big Creek National Wildlife Area) and lower nutrient environment (Long Point Provincial Park). Sites sampled in 2017 captured a water depth

gradient in the lower nutrient environment. Standard deviation in brackets.

meadow marsh and cattail marsh communities, respectively.
This approach is justified by the low evenness of these
communities, wherein 50% or more of total plant cover comes
from the selected focal species (Figure 2). Notably, evenness
in meadow marsh in the Big Creek National Wildlife Area
was lower than in meadow marsh from the Long Point
Provincial Park, with the C. canadensis comprising 80% or
more of total plant cover in Big Creek vs. 59–65% in Long
Point (Table 1).

Typha latifolia, Typha angustifolia, and Typha × glauca are
known to occur in the Long Point area (Freeland et al., 2013), but
due to hybridization and extensive back-crossing with parental
species, they are not reliably separable in the field (Kirk et al.,
2011). Based on morphological characteristics and growth form
(Swearingen et al., 2012), we determined that the P. australis in
our study was all the non-native European lineage rather than the
native North American lineage. This assessment was supported
by prior genetics work in our study area, which concluded that
90% of the P. australis stands tested were the non-native lineage
(Wilcox et al., 2003).

Measuring Biomass and Leaf:Shoot
Mass Ratios
To standardize the vegetation sampling time, we sampled
above and belowground biomass during the period of peak
seasonal aboveground biomass. Because this can vary year
to year, we established the timing of peak aboveground
biomass in 2016 and 2017 independently. To determine the
timing of peak aboveground biomass we clipped all live
rametes from three replicate 0.25 m2 quadrats in meadow,
cattail and P. australis-invaded sites every 10 days during
the growing season. Clipped tissues were air dried for 48 h
and then weighed. Biomass plateaued around 16 August in
2016 and 22 July in 2017. At this time, we carried out
extensive sampling of aboveground and belowground standing
crop biomass.

Because all three focal species are rhizomatous perennials,
we employed a modified soil ingrowth method (Neill, 1992) to

restrict belowground biomass collection to the current season’s
growth.We removed soil cores (11.3 cm deep by 4.8 cm diameter)
and replaced them with an artificial growth medium at each
sampling location (Figure 1). This depth was selected to capture
the peak rooting depth for each of the vegetation communities,
though it likely did not capture all root and rhizome growth.
Belowground biomass measurements in our study thus reflect
the annual belowground biomass production within the upper
11.3 cm of soil.

In 2016, to compare the higher (Big Creek) and lower (Long
Point Provincial Park) nutrient environments, we installed 5
replicate cores made of a mixture of sand and peat in early May at
each site and retrieved them during peak aboveground biomass
(August 16–19) for a 91–99 day incubation period. We then
removed all roots, rhizomes, and shoots (live and dead) from the
cores and oven dried them at 100◦C for 48 h before weighing
them to the nearest 0.01 g (Advanced Balance PB602-S, Mettler
Toledo, ON, Canada).

In 2017 to evaluate the influence of water depth, we installed
7 replicate cores made of vermiculite at each sample site in
Long Point Provincial Park, and then retrieved them during peak
aboveground biomass (July 22–25) for a 60–65 day incubation
period. This shorter incubation period was due to earlier onset
of peak aboveground biomass in 2017. As in 2016, we removed,
dried and weighed all roots, rhizomes, and shoots from the
cores, but due to oven availability, the drying temperature in
2017 was reduced to 80◦C. Though the 2 years were not directly
compared, we note that the differences in incubation period
and drying oven temperature did not result in a significant
difference in belowground biomass when we compared Long
Point Provincial Park samples collected in 2016 with those from
2017 (Tables S2a,b).

We measured the aboveground biomass from each vegetation
community type following the same schedule as ingrowth core
retrieval. At each site (Figure 1), we randomly deployed three
0.25 m2 quadrats and harvested all aboveground living tissues by
clipping vegetation just above the sediment (including all plant
species in a quadrat, not simply the focal species). We then dried
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FIGURE 2 | Comparison of mean total living plant cover and mean cover of the dominant focal species (C. canadensis, Typha spp., and P. australis, in meadow

marsh, cattail marsh, and P. australis invaded marsh, respectively) in a higher nutrient (Big Creek) and lower nutrient (Long Point) environment. Bars from July 2016

average across five sites per nutrient environment, whereas sampling in 2017 in the Long Point Provincial Park covered a common gradient in water depth between

resident communities [meadow (n = 5) and cattail (n = 5)] and P. australis invaded marsh (n = 10). Standard error bars shown.

and weighed all aboveground tissues following the same protocol
as for belowground tissues.

In addition, in 2017, we determined the mass ratio of leaf
tissues to stem tissues for the focal species at each sample site.
Deploying a fourth 0.25 m2 quadrat randomly at each site, we
harvested all the P. australis rametes from P. australis invaded
sites, the Typha spp. rametes from cattail marsh sites, and the C.
canadensis rametes frommeadowmarsh sites. We then separated
the leaf and shoot tissues and dried these for 48 h at 80◦C
before weighing them to the nearest 0.01 g (Advanced Balance
PB602-S, Mettler Toledo, ON, Canada). From the resulting
data, we calculated the average leaf to stem mass ratio for each
focal species.

Plant and Soil Nutrients
In August 2017, we revisited the 2016 sample sites that had
the highest, median, and lowest total biomass from each plant
community in Big Creek and Long Point (n = 18) and collected
soil samples using a 11.3 cm deep corer. We dried the samples
at 35◦C for 1 week, and then sieved samples through a 2mm
screen to remove roots. We sent the sieved soil samples to
the Agriculture and Food analytical services laboratory at the
University of Guelph for determination of total nitrogen, total
carbon, and plant available phosphorus, potassium, magnesium
and calcium. Total nitrogen and carbon were measured using
thermal conductivity detection, plant available phosphorus was
extracted using sodium bicarbonate (Reid, 1998), and the other
nutrients were extracted using ammonium acetate prior to
measurement withmass spectrometry (Simard, 1993; Agriculture
and Food Laboratory University of Guelph, 2017).

In July 2016, during peak aboveground biomass, we collected
leaf, stem, and below ground tissues from our focal species
in ten sites from each of the meadow marsh, cattail marsh,

and P. australis-invaded marsh communities in Big Creek
and Long Point Provincial Park. We oven-dried the tissues at
100◦C for 48 h, homogenized and then submitted them to the
Agriculture and Food Laboratory at the University of Guelph
for measurement of total nitrogen and carbon (% dry weight),
using thermal conductivity detection (Reid, 1998) and total
phosphorus, potassium, magnesium and calcium (% dry weight),
using mass spectrometry.

Nutrient Standing Stocks
Using the carbon and macronutrient concentrations for different
tissue types, we estimated annual nutrient standing stocks (in
g m−2) characteristic of the P. australis-invaded, cattail, and
meadow marsh community types. To achieve this, we multiplied
tissue nutrient concentrations (% dry weight) by the above and
belowground biomass weights of the total community (g m−2

dry weight) and the leaf: stem and root: shoot mass ratios for
the focal species. Note that this approach assumes all the plant
biomass in a community has the same tissue nutrient levels
and tissue mass ratios as the focal species. The validity of this
assumption is greater for cattail marsh and P. australis-invaded
marsh than for meadow marsh in Long Point Provincial Park
(Figure 2). As a sensitivity analysis, we also estimated nutrient
standing stocks (g m−2) of only the focal species in their
respective communities, excluding biomass attributable to other
co-occurring species. Based on this comparison, the assumption
that all biomass in our samples came from the focal species did
not sway our conclusions.

Statistical Analysis
To test for differences in aboveground biomass, belowground
biomass, total biomass, and root: shoot mass ratios among P.
australis-invaded, emergent cattail and meadow marsh habitats,
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we used general linear models. All the model forms we tested are
defined in Table 2. To meet normality assumptions, we square-
root transformed belowground biomass (g m−2) and root: shoot
ratio, and log-transformed magnesium (g m−2) and calcium (g
m−2). All general linear models were calculated using the “lm”
function from the “stats” package (R Core Team, 2016). Even
if interaction terms were non-significant, we retained them in
our final models if the model itself had a good fit. To determine
the best fit for the 2017 biomass response variable, we used
the “AICc” function in the “MuMIn” package (Barton, 2018).
Significant differences in response variable among treatments
were determined at p< 0.05, and we performed all statistical tests
using R Studio (R Core Team, 2016). We interpreted the model
fit to be strong at the arbitrary threshold where R2 ≥ 0.6.

To test for the effect of soil nutrient availability on
any differences in these response variables among vegetation
community types, we used the 2016 samples to cross vegetation
community type with soil nutrient level, comparing the high
nutrient (Big Creek NWA) and low nutrient (Long Point
Provincial Park) environments and included their interaction
(Table 3).

To test for an effect of water depth on any differences in
these response variables among vegetation community types,
we used the 2017 samples from Long Point Provincial Park
to include water depth as a covariate (Table 4). Because the
water depths measured at each site in May differed from the
July measurements, we tested general linear models for each
response variable using both measurement dates and selected the
measurement date generating the lowest Akaike’s Information
Criterion (corrected for small sample size) as our final model.

Next, we used a general linear model to test whether soil
nutrients differed significantly between the Big Creek NWA and
the Long Point Provincial Park, combining the three vegetation

TABLE 2 | General linear model fit tests for 2016 and 2017 biomass response

variables (g m−2 aboveground, belowground, total biomass, root: shoot), soil

nutrient concentration (total carbon, total nitrogen and plant available phosphorus,

potassium, magnesium, and calcium), tissue carbon and macronutrient

concentrations (% dry weight of carbon, nitrogen, phosphorus, potassium,

magnesium, and calcium), and carbon and macronutrient standing stock (g m−2

of carbon, nitrogen, phosphorus, potassium, magnesium, and calcium).

Response

variable

Model

2016 Biomass y = β0 + β1 plant community + β2 nutrient environment

+ β3 (plant community * nutrient environment)

2017 Biomass y = β0 + β1 plant community + β2 water depth gradient

+ β3 (plant community * water depth gradient).

Soil nutrient

concentration

y = β0 + β1 plant community + β2 nutrient environment

+ β3 (plant community * nutrient environment)

Tissue nutrient

concentration

y = β0 + β1 plant species+ β2 tissue type + β3 (plant

species * tissue type)

Nutrient

standing stock

y = β0 + β1 plant community

Plant community type refers to meadow, cattail and P. australis-invaded marsh. Nutrient

environment refers to high nutrient (Big Creek National Wildlife Area) or low nutrient (Long

Point Provincial Park). Plant species refers to C. canadensis, Typha spp., or P. australis.

Tissue type refers to belowground, stems, or leaves.

community types (Table 2). We also used general linear models
to test whether differences in nutrient concentrations (% dry
weight) among focal species (P. australis, Typha spp., and C.
canadensis), plant tissue types (leaf, stem, and belowground
tissue), and their interaction were significant (Table 2). Similarly,
we used general linear models to test whether nutrient
standing stocks (g m−2) differed among vegetation communities
(meadow, cattail, and P. australis-invaded; Table 2).

RESULTS

Biomass
The models predicting biomass measurements based on
plant community (meadow, cattail and P. australis-invaded),
nutrient environment (low and high) and their interaction
provided a statistically significant fit (Table 3). There was
no significant interaction between the effect of nutrient
environment and plant community on any biomass response
variable (Supplementary Materials 2). The higher nutrient
environment produced significantly greater aboveground

TABLE 3 | Results of general linear model fit tests for the response variables

aboveground, belowground, and total live biomass, as well as root:shoot ratio.

Response variable F-test (d.f.) p-value R2

Aboveground biomass 23.340 (5, 24) <0.001 0.829

SQRT (Belowground biomass) 4.252 (5, 24) 0.007 0.470

Total live biomass 15.200 (5, 24) <0.001 0.760

SQRT (Root:shoot) 6.017 (5, 24) 0.001 0.556

The general model form is y = β0 + β1 plant community + β2 nutrient environment +

β3 (plant community *nutrient environment), wherein plant community refers to meadow

marsh (n = 10), emergent cattail (n = 10) or P. australis-invaded marsh (n = 10), and

nutrient environment refers to the Big Creek National Wildlife Area (higher nutrients)

or the Long Point Provincial Park (lower nutrients). Belowground biomass and root to

shoot ratio were square-root transformed to meet the assumption of normality (see

Supplementary Materials 2 for more details).

TABLE 4 | Results of general linear model fit tests for biomass response variables,

as predicted by y = β0 + β1 plant community + β2 water depth gradient + β3

(plant community * water depth gradient).

Response

variable

Water

measurement

F-test (d.f.) p-value R2

Aboveground

biomass

July 5.250 (5, 14) 0.006 0.652

SQRT

(Belowground

biomass)

May 10.080 (5, 14) <0.001 0.783

Total live

biomass

July 5.770 (5, 14) 0.004 0.673

SQRT

(Root:shoot)

May 4.190 (5, 14) 0.015 0.599

Plant community refers to meadow marsh (n = 5), emergent cattail (n = 5), or P.

australis-invaded marsh (n= 10). Water depth measurement date (May or July 2017) was

determined from the glm producing the lower AICc value (Supplementary Materials 2).

Belowground biomass and root: shoot were square root transformed to meet the

assumption of normality. See Supplementary Materials 2 for detailed results and

AICc values.
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and total biomass, though nutrient environment evidenced
no significant effect on belowground biomass or root:shoot
ratio (Tables S2a–f). Regardless of the nutrient environment,
aboveground and total biomass were greatest in P. australis-
invaded communities, intermediate in cattail marsh, and lowest
in meadow marsh (Figure 3). Differences in belowground
biomass and root:shoot ratio among plant communities were
not statistically significant (Tables S2d,f), though cattail marsh
produced more belowground biomass on average than the other
two communities (Figure 3).

The models predicting biomass response variables based on
plant community type (meadow, cattail and P. australis invaded),
water depth, and their interaction all provided a reasonable fit
with R2 ≥ 0.6 (Table 4). Interestingly, both aboveground and
total biomass were best predicted by July 2017 water depth
measurements, tending to increase with water depth, whereas the
model fit for belowground biomass and root:shoot ratio was best
using May 2017 water depths (Tables S2g–n). Both belowground
biomass and root:shoot ratio evidenced a significant interaction
effect for cattail marsh (Tables S2i–j,m,n). In water depths above
40 cm, cattail had significantly greater belowground biomass than
P. australis invaded sites (Figure S3a), while meadow sites had
the lowest belowground biomass at all water depths. Similarly,
the root:shoot ratio of cattail sites was greater than the root:shoot
of P. australis invaded sites at water depths >40 cm.

Given that P. australis invaded and resident plant community
plots established in May 2017 were intentionally paired by
water depth, it is not surprising that average May water depths
were similar (36 cm ± 12 SD in P. australis-invaded, 37 cm ±

11 SD in resident plant communities; Figure S1a). Yet, when
remeasured in July 2017, the average water depth of resident

FIGURE 3 | Stacked bar graph indicating annual production as total live

biomass, partitioned into aboveground (solid bars) and belowground (stripped

bars) components. Bars contrast meadow marsh (green), cattail (blue) and P.

australis-invaded plant communities (purple) in a higher nutrient (Big Creek

NWA 2016) and lower nutrient (Long Point Provincial Park 2016) environment.

Bars from Long Point Provincial Park 2017 average across a water depth

gradient (14–56 cm water depth). Standard error bars shown. Note that

belowground biomass is one growing season’s production within the upper

11.3 cm of soil.

plant community sites had decreased to an average 29 cm (± 14
SD), whereas the average water depth for P. australis-invaded
sites was unchanged from May values (36 cm ± 11 SD in July;
Table S1a; Figure S1a).

Plant Morphology
Overall, there was little difference in leaf:stem ratio between P.
australis (0.36 ± 0.10 SD) and C. canadensis (0.33 ± 0.08 SD).
Typha spp., however, had a much higher leaf:stem ratio (0.90 ±

0.33 SD).

Soil and Plant Tissue
Nutrient Concentrations
The models predicting soil carbon and macronutrient levels
based on plant community (meadow, cattail and P. australis-
invaded), the nutrient environment (low and high), and their
interaction all provided a good fit with R2 ≥ 0.7 (Table 5).
There were no significant interactions between the influence
of wetland and plant community on any of the measured soil
carbon and macronutrients (Supplementary Materials 2). All
measured soil carbon and macronutrients, except potassium,
were significantly higher in Big Creek NWA than in Long
Point Provincial Park, regardless of plant community
(Supplementary Materials 2). Averaging the two nutrient
environments, for the most part we detected no significant
difference in soil carbon or macronutrients among the plant
community types (Supplementary Materials 2), although
meadow marsh in the Long Point Provincial Park generally had
the lowest levels (Supplementary Materials 4). Plant available
calcium was an exception, being significantly higher in the soil
collected from cattail marsh than meadow marsh in Long Point
Provincial Park (Supplementary Materials 4).

The models predicting plant tissue carbon and macronutrient
concentrations based on plant species (C. canadensis, Typha
spp., or P. australis), tissue type (leave, stem, or roots and
rhizomes) and their interaction provided a strong fit (R2 ≥

0.8) for all macronutrients but not for total carbon (Table 6).
This model also failed to predict nitrogen to phosphorus
ratios (Table 6).

TABLE 5 | Results of general linear model fit tests for soil nutrient content in the

higher nutrient Big Creek National Wildlife Area and the lower nutrient Long Point

Provincial Park sites.

Soil carbon or macronutrient F-test (d.f.) p-value R2

Total Nitrogen 11.370 (5, 12) <0.001 0.826

Carbon 9.490 (5, 12) <0.001 0.798

Plant available Phosphorus 7.943 (5, 12) 0.002 0.768

Potassium 5.866 (5, 12) 0.006 0.710

Magnesium 11.920 (5, 12) <0.001 0.832

Calcium 10.090 (5, 12) <0.001 0.808

The general model form is predicted soil carbon and macronutrient concentration =

β0 + β1 plant community + β2 nutrient environment + β3 (plant community *nutrient

environment). Plant community refers to meadow marsh (n = 6), emergent cattail

(n = 6), or P. australis-invaded marsh (n = 6) (see Supplementary Materials 2 for

detailed results).
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Generally, phosphorus, potassium and magnesium in plant
tissues exhibited no interaction between plant species and
tissue type (Supplementary Materials 2). These were lowest
in the stem tissues and higher in the leaf and belowground
tissues (Figure 4). Specifically, leaf tissue contained significantly
higher phosphorus and potassium, while belowground tissues
had significantly higher magnesium. In addition, phosphorus
and potassium concentrations differed among plant species
(Supplementary Materials 2). Phosphorus and potassium levels
in plant tissues also differed among species: P. australis tissues
contained significantly more phosphorus and potassium than C.
canadensis and significantly more potassium than Typha spp.
(Figure 4, Supplementary Materials 2).

Trends with carbon, nitrogen and calciumweremore complex
as they exhibited significant interactions between plant species
and tissue type (Supplementary Materials 2). For example,
Typha spp. contained significantly more carbon in its roots and
rhizomes than its leaves, whereas the other species did not exhibit
differences in carbon content among tissues (Figure 4). Nitrogen
wasmuch higher in P. australis leaf tissue than inC. canadensis or
Typha spp. leaves, but there were no differences in the nitrogen
concentration of stems and belowground tissue among species
(Figure 4). Calcium concentrations in Typha spp. stem tissue was
much higher than in C. canadensis or P. australis, but similar
calcium concentrations were present in P. australis and Typha
spp. foliar tissue and C. canadensis and Typha spp. belowground
tissue (Figure 4).

Nutrient Standing Stocks
The models predicting annual nutrient standing stock (g
m−2) for carbon and the five macronutrients based on plant
community type (meadow, cattail, or P. australis-invaded marsh)
provided a statistically significant fit (Table 6). Overall, the stocks
of carbon, nitrogen, phosphorus and potassium were lower in
meadow marsh, but were equivalent in P. australis-invaded and
emergent cattail (Figure 5, Supplementary Materials 2). Stocks
of calcium and magnesium were also lowest in meadow marsh
but were lower in P. australis-invadedmarsh than in cattail marsh
(Figure 5). We compared analyses wherein carbon and nutrient
standing stocks were estimated by assuming that all species in
the plot were the focal species with estimates considering only
the fraction of total biomass attributable to the focal species itself
(estimates in Supplementary Materials 5), but the model results
were unchanged.

DISCUSSION

Invasive species may provide valuable ecological services in
invaded ecosystems (Kopf et al., 2017). In the Great Lakes, where
nearshore eutrophication and climate change are two of the most
pressing environmental threats, a wetland plant that enhances
carbon and other macronutrient assimilation could be an asset,
even if it is non-native in origin. Decisions about P. australis
control should weigh the ecological costs and benefits of invasion
(Hershner and Havens, 2008; Hobbs et al., 2009; Davis et al.,
2011), but a lack of research comparing nutrient pools and
fluxes in habitat invaded by P. australis with those in the cattail

TABLE 6 | General linear model fit test results for carbon and macronutrients in

plant tissue and estimated standing stocks.

Carbon or Macronutrient Units F-test (d.f.) p-value R2

Tissue carbon % dry weight 2.288 (8, 21) 0.062 0.466

Tissue nitrogen 51.480 (8, 21) <0.001 0.952

Tissue carbon:nitrogen 32.020 (8, 21) <0.001 0.924

Tissue phosphorus 10.380 (8, 21) <0.001 0.798

Tissue nitrogen:phosphorus 1.381 (8, 21) 0.261 0.345

Tissue potassium 16.240 (8, 21) <0.001 0.861

Tissue magnesium 13.490 (8, 21) <0.001 0.837

Tissue calcium 112.500 (8, 21) <0.001 0.977

Standing stock carbon g m−2 16.450 (2, 47) <0.001 0.412

Standing stock nitroge 14.840 (2, 47) <0.001 0.387

Standing stock phosphorus 14.330 (2, 47) <0.001 0.379

Standing stock potassium 29.760 (2, 47) <0.001 0.559

Log10 (Standing stock

magnesium)

35.760 (2, 47) <0.001 0.604

Log10 (Standing stock

calcium)

150.000 (2, 47) <0.001 0.865

The general model form for plant tissue nutrient concentration (% dry weight) is y = β0

+ β1 plant species + β2 tissue type + β3 (plant species *tissue type). Tissue types were

leaf, stem or belowground tissues. Plant species were either C. canadensis, Typha spp.,

or P. australis. The general model form for carbon and macronutrient standing stocks (g

m−2) is y= β0 + β1 plant community. Plant community refers to meadow marsh (n = 15),

cattail marsh (n = 15), or P. australis-invaded marsh (n = 20). Standing stocks (g m−2)

of magnesium and calcium were log-transformed to meet the normality assumption (see

Supplementary Materials 2 for detailed results).

and meadow marsh that P. australis is replacing prevents such
calculations. Our research addressed this gap, comparing annual
plant production (above and belowground) and carbon and
nutrient standing stocks in P. australis invadedmarsh with values
typical of the marsh types P. australis is replacing. Importantly,
we also examined the effects of environmental conditions like
nutrient availability and water depth, which can influence plant
production and nutrient assimilation.

Outcome of Invasion Contingent on
Community Being Replaced
Our most important result is arguably that when rare meadow
marsh is replaced by P. australis, we see a major increase
in plant biomass, carbon and macronutrient standing stocks.
Yet, when P. australis replaces cattail marsh, little change in
biomass, carbon or nutrient standing stocks takes place, despite
significantly higher nitrogen and marginally higher phosphorus
and potassium in P. australis leaves than in Typha spp. leaves.
Indeed, the only significant difference in standing stocks between
cattail marsh and P. australis-invadedmarsh was that P. australis-
invaded marsh had lower calcium and magnesium stocks. Our
research thus emphasizes that the magnitude and direction of
change in carbon and macronutrient standing stocks caused by
plant invasion is contingent on the vegetation community that
is being replaced. Phragmites australis invasion cannot simply be
assumed to increase carbon and macronutrient assimilation in
invaded coastal marsh, even on the basis of differences in tissue
carbon and macronutrient concentrations.
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FIGURE 4 | Carbon and nutrients (% dry-weight) in C. canadensis, Typha spp., and P. australis leaves, stems, and belowground tissues (called “Root” in plots for

simplicity). Samples collected from meadow (n = 5/wetland), cattail (n = 5/wetland) and P. australis-invaded marsh (n = 5/wetland) in the Big Creek National Wildlife

Area (n = 15) and the Long Point Provincial Park (n = 15) in August 2016. Note that this averages tissues from a relatively high nutrient environment (Big Creek) with

tissues from a relatively low nutrient environment (Long Point). Error bars represent standard error. Letters above bars indicate significant differences in nutrient content

between plant species and tissue type at p < 0.05 (Supplementary Materials 2).

To our knowledge, no other field studies have compared C.
canadensis carbon and macronutrient concentrations to Typha
spp. or P. australis tissues, nor carbon and macronutrient stocks
in meadow, with those in cattail and P. australis-invaded marsh.
A study by Kao et al. (2003) established that C. canadensis had
a low ability to assimilate nitrogen and phosphorus pollutants
compared to other wetland macrophytes (∼7 g m−2 N, ∼1 g
m−2 P), suggeting that nutrient stocks may increase following
P. australis invasion of C. canadensis dominated meadow marsh.
Based on equivalent concentrations of carbon, phosphorus, and
potassium in the tissues of C. canadensis and those of Typha

spp. and P. australismeasured in our study, this inferior nutrient
assimilation is likely attributable to lower standing crop biomass
in meadow marsh. Indeed, the aboveground biomass in meadow
marsh reported in our study is similar to that reported in a
greenhouse experiment (1,057 ± 12 g/m2; Ouellet-Plamondon
et al., 2004), and lies well below the standing crop biomass values
for cattail marsh and P. australis-invaded marsh.

Our conclusion that P. australis invasion in cattail marsh
does not increase nutrient stocks conflicts with some published
studies. For example, Findlay et al. (2002) reported that P.
australis retained almost two times more nitrogen than Typha
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FIGURE 5 | Estimated annual carbon and nutrient standing stocks in the three plant community types broken down by tissue type. The values combine 2016

samples from the Big Creek National Wildlife Area (n = 5 each from meadow, cattail, and P. australis-invaded marsh) and the Long Point Provincial Park (n = 5 each

from meadow, cattail, and P. australis-invaded marsh) with the 2017 samples from Long Point Provincial Park (n = 5 meadow, n = 5 cattail, and n = 10 P. australis

invaded sites). Error bars reflect standard error in total nutrient standing stock, summed from all tissues. Letters above bars indicate significant differences among

plant community types at p < 0.05 (Supplementary Materials 2).

angustifolia in living aboveground biomass (Findlay et al., 2002).
They concluded that P. australis had both a higher nitrogen
tissue concentration and 50% more biomass production than
T. angustifolia (Findlay et al., 2002). The discrepancy between
Findlay et al. (2002)’s results and ours is likely due to a focus
on different species of Typha. The Typha spp. dominating
cattail marsh in our study could not be identified to species
by their morphology and most likely comprised the hybrid

Typha × glauca with varying degrees of backcrossing to parental
T. angustifolia and T. latifolia (Freeland et al., 2013). Typha
× glauca, like P. australis, is a highly productive, tall, clonal,
non-native monocot that forms monocultures and can have
a negative impact on native species diversity (Larkin et al.,
2012). Consequently, the difference in nutrient assimilation by
P. australis and cattail marsh reported by other authors might
occur in study areas where T. angustifolia or T. latifolia are
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more common or when only foliar nitrogen stocks are examined
(Findlay et al., 2002; Farnsworth and Meyerson, 2003; Hirtreiter
and Potts, 2012).

Yet our conclusion regarding P. australis invasion of
cattail marsh agrees with some recent field studies in the
Great Lakes region (Rothman and Bouchard, 2007; Duke
et al., 2015), potentially because the Typha spp. in these
studies likely also included Typha × glauca. These studies
reported wide ranges in aboveground biomass values that were
similar to our observations (cattail: 1,661–2,930 g/m2 and P.
australis-invaded: 1,522–3,378 g/m2; Rothman and Bouchard,
2007; Duke et al., 2015). This variation in aboveground
biomass may be due to differences in water or nutrient
regimes, which is why we repeated our comparisons in higher
and lower nutrient environments as well as along a water
depth gradient.

Outcome of Invasion Depends on Nutrient
Environment and Water Depth
Invasive P. australis has been noted to allocate more resources
to aboveground biomass in high nitrogen environments, which
is believed to facilitate its spread in disturbed environments
(Minchinton and Bertness, 2003). Such a response could
contribute to its nutrient retention service: higher loading
would trigger higher uptake, a desirable property. However,
we observed that all focal species exhibited lower root:shoot
ratios and higher biomass and nutrient tissue concentrations
in the more nutrient rich Big Creek compared to the lower
nutrient Long Point Provincial Park. This agrees with widespread
studies concluding that increasing nutrient loads led to increased
total biomass of vegetation, foliar nitrogen and phosphorus,
and decreased root: shoot ratios (e.g., Powelson and Lieffers,
1992; Kvet et al., 2008; Rong et al., 2014; Caplan et al., 2015;
Graham and Mendelssohn, 2016; Li et al., 2016). In fact,
the largest difference in annual production between nutrient
environments was observed in meadow marsh, not P. australis
invadedmarsh. Consequently, any nutrient retention benefit of P.
australis invasion of meadow marsh would be minimized under
high nutrient loading environments, which are the conditions
under which increased nutrient stocks would be desirable. The
difference in nutrient tissue concentrations between higher and
lower nutrient environments could be due to either nutrient
limitation in Long Point Provincial Park or luxury consumption
in Big Creek NWA (e.g., Gumbricht, 1993). Regardless of
mechanism, clearly nutrient loading will influence the degree to
which P. australis invasion alters carbon andmacronutrient pools
in coastal marsh.

Water depthmay also influence plant production and resource
allocation to different tissue types, with consequences for
carbon and macronutrient standing stocks. Depending on the
plant species, standing crop biomass may increase, decrease
or not change with water depth (e.g., Fraser and Karnezis,
2005; Miller and Zedler, 2013; Middleton et al., 2015). In a
greenhouse experiment, Wetzel and van der Valk (2005) reported
higher C. canadensis aboveground biomass in flooded conditions
compared to well-watered and dry conditions, leading to our

prediction that standing crop biomass for our focal species would
increase with water depth. The response of P. australis biomass
to water depth has been reviewed by Engloner (2009) who
reported inconsistency that might be attributable to differences
in water depth stability. In our study, the total biomass of P.
australis and C. canadensis both increased with water depth,
though a natural community turnover takes places between 30
and 40 cm of standing water (May measurements), where higher
biomass cattail marsh replaces lower biomass meadow marsh.
The relationship between cattail marsh standing crop biomass
and water depth in our study is less clear, with aboveground
biomass decreasing with water depth and belowground biomass
increasing. In contrast, Duke et al. (2015) reported that Typha
spp. aboveground biomass was positively related to water depth
in a Great Lakes wetland. Our results also differ from previous
studies that did not find a difference in belowground biomass
between cattail and P. australis-invaded communities (Ouellet-
Plamondon et al., 2004; Rothman and Bouchard, 2007). A
major difference between our study and others examining below
ground biomass in P. australis-invaded marhes (e.g., Farnsworth
and Meyerson, 2003; Rothman and Bouchard, 2007) is that we
used the in-growth core technique because our interest was
in annual standing stocks, whereas other field studies typically
used traditional soil core methods to measure total belowground
standing crop biomass. Our approach would exclude any
roots and rhizomes produced during previous seasons, and
consequently yields lower estimates of belowground biomass
than many other studies (e.g., Farnsworth and Meyerson, 2003;
Ouellet-Plamondon et al., 2004; Rothman and Bouchard, 2007).

The mechanism driving the relationships between plant
production and water depth are uncertain. Some studies suggest
that differences in biomass allocation above or belowground
may occur because of increased oxygen demands in rooting
systems, greater availability of some nutrients in saturated soil,
or higher nutrient uptake within the roots due to increased
root length: root mass ratios (Rubio et al., 1995; Rubio and
Lavado, 1999). It is also possible that plants may grow taller
in deeper water to increase structural support or to access
light. Regardless, we recommend that future studies examining
nutrient stocks of wetland plants consider nutrient availability
and water depths explicitly, as the total biomass production
and allocation among tissues types is contingent on these
two factors.

Less Well-Studied Nutrients: Calcium
and Magnesium
A novel contribution of our work is that we considered elements
beyond the commonly studied carbon, nitrogen and phosphorus.
For example, calcium, and magnesium, despite their potential
importance in nutrient cycling, receive much less attention
in the literature (Ehrenfeld, 2010). Typha spp. had a higher
concentration of calcium than the other focal species in all
tissues and a higher concentration of magnesium in its stems.
Consequently, the annual cattail nutrient standing stock of
calcium and magnesium was significantly greater than in P.
australis-invaded or meadow marsh. Though the difference in
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terms of magnesium was only one to two grams per meter
squared, the difference in calcium standing stock was more
pronounced: nearly 10-fold higher in cattail marsh than meadow
marsh, for example. One possible explanation is that Typha
spp. produces calcium oxalate raphide crystal bundles (Borrelli
et al., 2011), which may be used for structural support, defense
against herbivores, or produced as a metabolic end-product
(Franceschi and Horner, 1980). In general, it appears that Typha
spp. often accumulates high levels of calcium and magnesium
(Olivares et al., 2002; Parzych et al., 2015). However, based on
the similarity in soil calcium and magnesium concentrations,
the activity of Typha spp. is not sufficient to deplete soil levels
to a detectable degree. Nor is the distribution of Typha spp.
restricted to areas with higher calcium or magnesium levels in
the soil. This is somewhat surprising for calcium, as 19.2 g m−2

± 4.5 SD calcium in standing stock in cattail marsh is not an
insignificant concentration, given the soil concentration of 6.1 g
kg−1 ± 2.0 SD (Supplementary Materials 4). The ecological
consequences of these macronutrient differences between
P. australis-invaded and cattail marsh communities require
further study.

Scaling Up
Our study scaled up from carbon and macronutrient
concentrations at the tissue-level to estimate annual vegetative
standing stocks per meter-squared of wetland habitat. It is
important not to base assessments of carbon assimilation and
nutrient retention services solely on tissue concentrations,
as different tissue types typically support different carbon
and nutrient levels and the ratio of tissue types can vary
substantially among species. This is exemplified in our
work by the higher concentration of nitrogen in P. australis
leaves being offset by the greater proportion of leaf tissues
in Typha spp. such that their nitrogen standing stock
estimates are equivalent. If we had relied only on tissue
concentrations, we would have drawn the erroneous conclusion
that P. australis invasion provided enhanced nitrogen and
phosphorus assimilation, regardless of which community was
being replaced.

Scaling-up from tissues to standing stocks does introduce
uncertainty. In our study, C. canadensis is a less dominant
component of its community compared with Typha spp. and P.
australis (Table 1). Consequently, when scaling up from tissue
concentrations to marsh-level annual standing stocks, meadow
marsh estimates have greater uncertainty than estimates for
the cattail and P. australis-invaded marsh. We do not believe
that this assumption undermines our conclusions, however, as
recalculating carbon and macronutrient stocks based only on
biomass contributed by the focal species (i.e., excluding biomass
contributed by non-focal species) did not change our general
conclusions.Moreover, our conclusions are supported by obvious
differences in relative canopy heights and total biomass, which
were significantly lower in meadow marsh than in cattail and P.
australis-invaded marsh.

The difference in carbon, nitrogen and phosphorus
assimilation between meadow marsh and invaded marsh is
not negligible. Scaled up to metric tons per hectare of invaded

wetland, P. australis-invaded marsh has an annual standing
stock of carbon that is 3.87 T ha−1 greater than meadow marsh
(a 2-fold increase). Canada is implementing a carbon pricing
system beginning in 2019 that would price one ton of CO2 or
equivalent at $16 USD, and by 2,022 plans to increase that price
to $39 USD/T CO2 (Goyal et al., 2018). After converting tons
of carbon to CO2, every conversion of one hectare of meadow
marsh to P. australis-invaded marsh would be worth $227.32 in
2019 and $554.10 in 2022. Currently, large portions of Lake Erie
are invaded by P. australis, with invasion estimates ranging from
2,553 ha within Lake Erie coastal wetlands (Carson et al., 2018)
to 8,233 ha invaded within 10 km of the American side of Lake
Erie (Bourgeau-Chavez et al., 2013). Where P. australis replaced
cattail marsh, this would yield no change in annual carbon
stocks, but where it replaced the much rarer and biodiverse
meadow marsh, we may have experienced a significant increase
in carbon uptake.

While the overall amount of phosphorus in the annual
vegetative standing stock of P. australis-invaded marshes is
much smaller than the annual carbon standing stock, it still
represents an almost 3-fold increase compared to meadowmarsh
(a difference of 0.01 T ha−1). If we assumed that 10% of the Lake
Erie coastal marsh considered P. australis-invaded by Carson
et al. (2018) and Bourgeau-Chavez et al. (2013) was formerly
meadow marsh, the annual standing stock of phosphorus would
only have increased by 2.0–6.4 T in total. This is notably less than
the phosphorus output from smaller tributaries; for example,
phosphorus output from Big Creek is about 19 T phosphorus
year−1 (OMECC, 2017). Cleary, even a 3-fold increase in
annual phosphorus stock is insufficient to make a meaningful
contribution toward Lake Erie phoshorus load reduction targets,
given that the current Great Lakes Water Quality Agreement
between Canada and the United States of America has an interim
target load for phosphorus of 11,000 T year−1 for Lake Erie
(United States-Canada, 2013).

Phragmites australis invaded marshes also incorporate 3-fold
more nitrogen into the annual vegetative standing stock than
meadow marsh (an increase of 0.12 T N ha−1). Scaled up to the
Lake Erie basin using the same estimates for the area of invasion,
invasion of meadow marsh by P. australis would result in an
30.7–99.0 T increase in annual nitrogen standing stock. As with
phosphorus, this is merely a drop in the bucket: nitrogen loading
in Lake Erie was estimated at 136,000 T in 2002 (Robertson and
Saad, 2013). Overall, despite extensive invasion by P. australis,
increases in annual standing stocks of nitrogen and phosphorus
are likely inconsequential for Lake Erie.

Nutrient Retention vs. Nutrient
Standing Stocks
Importantly, our study focuses on the assimilation of nutrients
into the vegetative standing stock of different plant communities
during a single growing season but does not examine their
long-term storage, which should ultimately determine
nutrient retention services. In wetlands, nutrients taken up
by macrophytes are quickly cycled by decomposition (Maltby
and Barker, 2009). Long term retention of nutrients in plants
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varies by species and by nutrient. For example, P. australis
litter and standing dead stems can decrease in nitrogen
by approximately 40–60% and in phosphorus by 75–85%
compared to the living tissue (Findlay et al., 2002). In contrast,
T. angustifolia litter nitrogen concentration exceeds that of
living tissues, whereas phosphorus in litter is 0–25% lower
than in living tissues (Findlay et al., 2002). Calamagrostis
canadensis litter can retain 70% of the nitrogen and 51% of
the phosphorus it assimilated (Kao et al., 2003). This litter,
typically shed by the plant each fall, then decomposes in the
wetland at a rate usually dependent on the ratio of carbon to
nitrogen and nitrogen to phosphorus (Enriquez et al., 1993).
Because the fraction of carbon, nitrogen, and phosphorus
retrieved by the plant from senescing tissues before they are
shed as litter can vary among species, there could be differences
in litter decomposition rates among our focal species, even
though we observed no differences in carbon: nitrogen or
nitrogen: phosphorus ratios among our focal species for any
of the plant tissues. Importantly, our study did not address the
speciation of carbon or nutrients in plant tissues. Obviously,
differences in the extent or proportion of bioavailable inorganic
fractions will have important ecological and biogeochemical
ramifications. For example, Judd and Franceour (2019) found
that ammonium in surface and pore water increased but nitrate
did not change in marshes where invasive P. australis was
controlled with herbicide. Though both of these forms of
nitrogen are bioavailable to plants, increasing the dominance of
ammonium over nitrate can lead to ammonium toxicity in plants
and changes in soil pH. More, if nutrient storage in invasive
P. australis is only temporary, all the nutrients assimilated by
P. australis may be released back into the watershed during
natural senescence and decomposition in the same manner
as following herbicide-caused mortality, unless plant biomass
is harvested and removed for disposal by wetland managers
(Carson et al., 2018). We recommend that future work establish
decomposition rates and nutrient fluxes from decomposing
plant litter of our three focal species to further investigate the
effects of P. australis invasion on carbon and nutrient cycling
and retention services. This future work should partition
total carbon and nutrient values into organic and inorganic
fractions to better inform the biogeochemical consequences
of changes in stock and tissue concentrations due to
P. australis invasion.

CONCLUSION

Phragmites australis has the capacity to assimilate carbon and
nutrients at an amount and rate equal to or greater than meadow
marsh communities though not more than cattail marsh. In the
case of carbon stocks, invasion may even yield an economic
benefit, though increases in nitrogen or phosphorus stocks where
meadow marsh was invaded were negligible compared to overall
nutrient loading rates and are unlikely to ameliorate nearshore
eutrophication. It is also important to recognize that annual
carbon and nutrient stocks offer temporary storage, and an
unknown proportion will be released following senescence and
decomposition of plant litter.

We caution that, as suggested by Alldred et al. (2016),
invasion by P. australis triggers a variety of opposing changes
in wetland ecosystem services that reflect trade-offs among
service types. A net assessment of the effects of P. australis
invasion must also account for the resulting loss of plant
biodiversity (Keller, 2000; Tulbure et al., 2007) and associated
degradation of bird (Robichaud and Rooney, 2017) and turtle
habitat (Markle and Chow-Fraser, 2018). In economic terms,
replacing biodiverse and rare meadow marsh habitat with P.
australis-invaded marsh could increase carbon stocks by 3.87 T
ha−1 and under future carbon pricing could reflect about $550
USD ha−1 in carbon savings. Yet, P. australis invasion is a
recognized threat to 25% of the 217 species at risk in Ontario
(Bickerton, 2015), which exerts a much larger economic cost.
For example, between 2012 and 2017, the Ontario Ministry of
Natural Resources and Forestry, through the Species at Risk
Stewardship Program, spent $89,826 USD on the threatened
eastern hog-nosed snake (Heterodon platirhinos) alone, which
makes use of meadow marsh habitat, but not P. australis-
invaded marsh in our study area (Ministry of Natural Resources
and Forestry, 2017). Thus, the funds allocated to species at
risk conservation likely dwarf any benefits in increased carbon
and nutrient stocks resulting from P. australis invasion. These
trade-offs in ecosystem services need to be weighed to arrive
at effective management decisions regarding species at risk
(Hershner and Havens, 2008; Hobbs et al., 2009; Davis et al.,
2011), but such a comprehensive analysis is too frequently
impaired by knowledge gaps like the ones we addressed in
this study.
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There is indication in the literature that degradation of natural peatlands reduced spatial

variability of soil chemical and biochemical properties. However, we lack empirical data

on the impact of rewetting peatland on the spatial variability of these properties. We

investigated the spatial variability of the soil properties of a peatland that has been used

for extensive and intensive grazing from 1400 to 1970. The peatland has been rewetted

since 1970, and we collected 50 soil samples from 50 grid cells of 0–10, and 10–20 cm

soil depths in October 2001. We measured 33 important soil chemical and biochemical

properties and evaluated the data with descriptive and geospatial statistical analyses.

The concentrations of most plant available nutrients were low with high coefficients of

variation (CV) that ranged from 15 to 117%, whereas the CV of most of the total and

oxalate extracted elements was ≤15% CV. The degree of phosphorus (P) saturation

(DPS) and P saturation ratio (PSR) were 11% and 0.05, which were low as compared

to the threshold levels of 25% DPS and 0.11 PSR for mineral and wetland soils. The

microbial biomass C and N ranged from 389 to 2,463mg kg−1 and 32 to 215mg kg−1 at

the depth of 0–10 cm and from 343 to 1570mg kg−1 and 14 to 160mg kg−1 at the depth

of 10–20 cm, respectively. Similarly, the dehydrogenase and β-glucosidase activities were

lower by 76 and 61% at the soil depth of 10–20 cm compared to the upper 10 cm.

The geospatial statistical analysis revealed that 87% of the soil chemical properties were

spatially correlated and 85% of the spatial correlation was strong with <0.20 nugget to

sill ratio at 5 to 12m ranges. Similarly, 86 and 71% of the biochemical properties were

strongly spatially correlated at the depth of 0–10, and 10–20 cm, respectively, with≤0.16

nugget to sill ratio at the short ranges (4 to 6m). The strong spatial correlation of most of

the soil chemical and biochemical properties at short ranges indicate the high variability

of the rewetted peatland.

Keywords: biochemical properties, oxalate extractable soil nutrients, soil variability, spatial correlation, nugget

INTRODUCTION

Soil chemical and biochemical properties may vary strongly from small scale to large scale that
influence services and functions obtained from peatland ecosystems (Jenerette and Wu, 2004).
The heterogeneity is apparent in peatlands at landscape, habitat, and microscales (Larkin, 2016). A
previous study showed that spatial heterogeneity of soil chemical and biochemical properties can be
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reduced after degradation of natural peatlands (Brooks et al.,
2005). However, rewetting degraded peatlands could create
spatially heterogeneous soil properties (Gallardo, 2003). For
instance, alternation of water loads to peatlands can alter soil
chemical and biochemical properties (Kercher and Zedler, 2004)
and plant community composition (Mentzer et al., 2006) thereby
nutrient transformations and release not only at the landscape
scale but also at small scale. The success of restoration of
degraded peatland by rewetting can depend on the type of
peatland, intensity of initial degradation, peat characteristic, biota
community, and climatic condition (Joosten and Clarke, 2002;
Höper, 2007). These important biotic and abiotic factors can
cause spatial variability that could influence the biogeochemistry
of natural and rewetted peatland ecosystems (Whiting and
Chanton, 2001; Bubier et al., 2003).

Most European countries, including Germany, have degraded
more than 85% of their original peatlands (Joosten, 1997; Lamers
et al., 2015; Joosten et al., 2017). It has been estimated that 930 000
ha of peatlands have been drained to increase the area available
for agriculture in Germany and about one-third of the degraded
peatlands is located in Mecklenburg–West Pomerania, northern
Germany (Förster, 2009). However, considerable efforts have
been undertaken to restore the degraded peatlands since 2000.
Between 2000 and 2008, about 10% of the degraded peatlands
was rewetted (Förster, 2009). Although the biogeochemistry of
peatlands has been researched intensively (Reddy and DeLaune,
2008; Strack, 2008; Landry and Rochefort, 2012), no information
is available on the influence of rewetting degraded peatlands on
spatial variability of soil chemical and biochemical properties.

A number of studies have been conducted to understand
the effects of peatland restoration on chemical properties and
greenhouse gas emissions (Höper et al., 2008; Couwenberg, 2009;
Haapalehto et al., 2011; Krüger et al., 2015; Karki et al., 2016;
Herzsprung et al., 2017), bioavailable nutrients (Dietrich and
MacKenzie, 2018), water table depth and vegetation composition
(Bantilan-Smith et al., 2009; Haapalehto et al., 2011; Görn
and Fischer, 2015). Most previous studies investigated chemical
and biochemical properties in contrasting peatland management
systems (Groffman et al., 1996; Bruland et al., 2006; Dick and
Gilliam, 2007; Nkheloane et al., 2012), microbial colonization,
and activities in constructed wetlands (Hunt et al., 1997; Truu
et al., 2009), rewetted (Baum et al., 2003; Andersen et al.,
2006), and natural peatlands (Gutknecht et al., 2006). Studies
conducted in rewetted peatlands alsomostly focused onmethane,
nitrous oxide, and carbon dioxide emissions (e.g., Waddington
and Roulet, 1996; Dasselaar et al., 1998; Krohn et al., 2017). A
few studies also investigated the phosphorus status in degraded
peatland and wetland soils (Litaor et al., 2003; Zak et al., 2008;
Nair, 2014; Emsens et al., 2017).

Soil spatial variability can develop from uneven litter
decomposition, vegetation composition, soil moisture content,
topographic position, and historical land use, and soil
management practice (Baldrian, 2014). These factors could
influence chemical and biochemical processes differently in
different peatlands. For example, dehydrogenase enzyme
mostly operates under anaerobic soil conditions (Wolinska and
Stepniewska, 2012), whereas protease and acid phosphatase

activities decline as soils become more anaerobic (Reddy and
DeLaune, 2008). Furthermore, the rate of synthesis, release and
stability of phosphatase depends on soil pH, and soil organic
matter (SOM) (Tabatabai, 1994; Baldrian, 2014). The sensitivity
of a soil enzyme to pH changes is variable from one soil enzyme
to another (Acosta-Martínez and Tabatabai, 2000). A few studies
conducted on soils in mountain forest indicated that acid
phosphatase and β-glucosidase activities were spatially correlated
at the range of 3m (Yang et al., 2018), whereas, microbial
biomass showed spatial variability within 6m (Štursová et al.,
2016). Similarly, soil pH and total N showed strong spatial
correlation in the range of ∼0.4m to a few meters because of
variations in soil moisture, vegetation, soil, and management
practices (Baldrian, 2014).

Vegetation composition and distribution can significantly
influence soil chemical and biochemical properties, and thereby
restoration of rewetted degraded peatlands (Borga et al., 1994;
Boon et al., 1996; Dick and Gilliam, 2007; Wiedermann
et al., 2017). For instance, restoration of a degraded peatland
depends on the recolonization of the original flora, and fauna
that play a leading role in peat accumulation and nutrient
cycle. Understanding the plant community composition and
distribution is particularly important in a rewetted peatland for
monitoring a success of a degraded peatland restoration process
(Zerbe et al., 2013).

Employing conventional soil sampling and statistical analysis
such as composite sampling with the assumptions of sample
independent, normal sample distribution, and a randomized
experimental design have less power in detecting spatial
variability of soil properties than geospatial analysis (Rossi
et al., 1992; Kravchenko et al., 2006; Nkheloane et al., 2012).
Suitable geospatial analysis can help detect spatial variability
of soil chemical and biochemical properties. The geospatial
analysis has been also used successfully in detecting spatial
distributions of SOM (Kravchenko et al., 2006; Kumar, 2015;
Liu et al., 2015). The results of many studies indicated
that correlation, linear regression and regression kriging
captured spatial variability of mineral soils (Kumar et al.,
2012; Wang et al., 2013). However, only a few studies
used such a statistical tool to understand spatial correlation
of soil chemical and biochemical properties in peatlands
(Nkheloane et al., 2012; Marton et al., 2015).

The scale at which samples are collected to study spatial
variability of soil chemical and biochemical properties can
influence interpretations of biogeochemical processes in
peatlands (Hunt et al., 1997; Gutknecht et al., 2006). To
understand spatial variability in rewetted peatland, small-
scale soil sampling is required as the soil environments
could be heterogeneous depending on management practices
and historical land uses (Klironomos et al., 1999; Truu
et al., 2009). However, little information is available
on spatial variability of soil chemical, and chemical
properties at small scale in rewetted peatlands. Therefore,
the objective of the present study was to investigate the
spatial variability of selected soil chemical and biochemical
properties and vegetation composition of a rewetted degraded
fen peatland.
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MATERIALS AND METHODS

Site Description and Soil Sampling
The study site is located in a telmatic peatland of Warnow Valley,
Northern Germany (Figure 1A). The site is part of about 250,000
hectares of peatlands in the Federal State of Mecklenburg-
Western Pomerania, Northeast Germany. Historically, the first
references to any agricultural use of these fens near Rostock
date back to 1471, and the use has been very extensive for
more than 400 years (Hanschke, 1996). Nearby the sampling
site, there are ponds originating from peat excavation after the
mid-Nineteenth century; however, the most intensive of the
peatland has been started immediately after the WW2 (1945–
59). Lowering of groundwater level to enable peat excavation
concurrently allowed a stepwise intensification of the previously
only occasional agricultural use of the peatland, which however
remained only moderately intensive until the 1960s. In almost
all similar fen peatlands in Northern Germany, drainage, and
agricultural use have been intensified from the early 1970s on
by digging deeper drainage ditches that enabled heavy machinery
for compacting meadows, fertilizer application, and grass harvest
to travel at the fen peatland. Two to three cuts for silage and
intermitted mineral fertilizer applications became the common
management regime, which essentially led to peat subsidence
and mineralization, nutrient transfers into waterways (Warnow
River). The intensive uses degraded the site so severely and
the meadows became unproductive, cleaning of drainage ditches
was given up (end 1950s). Finally, the areas were taken out of
a regular agricultural use (end 1970s) and gradually rewetted
passively because the drainage ditches get closed by sediment
accumulation (Hanschke, 1996). The degradation of the fenland
probably resulted in a more heterogeneous soil structure because
of stamping through from the undulatedmineral ground beneath
the peat. The passive rewetting of the degraded fenland likely
reduced further peat oxidation although the surface soil of the
peatland usually dries for at least 2 months during summer
season (June to August).

The climate is characterized by annual means of 592mm
precipitation and 8.4◦C temperature. The thickness of the peat
layer is about 2.7m and classified as Eutri-Ombric Histosol and
Hemic Haplofibrist according to the World Reference Base for
Soil Resources (IUSS Working Group WRB, 2015), and Soil
Survey Staff (1999), respectively.

The soil samples were collected from the upper 0–10 and 10–

20 cm depths after 20 years of rewetting the degraded peatland
in October 2001. Samples from both depths were used for the

analyses of pH, water content, and biochemical properties. Since

the contents of SOM, plant available, total and oxalate-extracted
elements were similar in both depths, we used only the data

generated from the 0 to 10 cm depths for these soil variables. The
soil samples were collected from 50 grid cells with an individual
grid cell size of 3m × 3m (Figure 1B). A soil sample was
collected from each grid cell using a Macauley sampler. After the
sampling, the plant roots were removed, and the samples were
homogenized. Soil water content at sampling was determined by
gravimetry, whereas SOM was determined by loss-on-ignition
method. Field moist samples were used for the biochemical

FIGURE 1 | Location of the study site (A), plot arrangement (B), and

elevations (C) of peat sampling plots.

analysis immediately after sampling or stored in a freezer until
required for analysis. Separate subsamples were air dried at 35◦C
for the determination of selected soil chemical properties.

Chemical and Biochemical Analyses
The soil pH was determined by suspending the samples in
0.01M CaCl2-solution with 1:2 ratio of sample to solution
using a glass electrode and pH-meter. The Al, Fe, Mn, and
P associated with non-crystalline minerals were extracted by
acid ammonium oxalate (Schwertmann, 1964; Courchesne et al.,
2008), whereas the P was extracted by sodium hypobromide
(Phyp), and microwave assisted acid digestion (total P) (Dick
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and Tabatabai, 1977). The concentration of oxalate extracted
elements and total P were determined by inductively coupled
plasma-optical emission spectroscopy (ICP-OES) (Jobin Yvon
238 Ultrace, Instruments S.A. GmbH, D-85630 Grasbrunn,
Germany). Furthermore, the degree of P saturation (DPS) was
calculated using the following formula as suggested for wetland
soils by Nair and Reddy (2013):

DPS =
Pox

α [Feox + Alox]

where Pox, Feox, and Alox were oxalate extracted P, Fe, and Al
in molar concentrations. α is an empirical factor to account
for the fraction of Fe and Al responsible for P sorption and
researchers usually use 0.5 (Litaor et al., 2003; Nair, 2014). When
the corrective factor α is omitted, the P saturation ratio (PSR)
can be used which is a simple ratio of molar Pox to molar (Feox +
Alox) (Nair, 2014).

The amounts of Corg and total N were determined by
dry combustion using a CNS analyzer (Vario EL, Elementar
Analysensysteme GmbH, D-63452 Hanau, Germany). The plant

TABLE 1 | Gravimetric water (GW) content and pH in the surface and subsurface soil of a rewetted peatland.

0–10cm soil depth Mean Median Minimum Maximum Skewness Kurtosis SD CV%

GW (%) 78 79 66 83 −1.18 0.55 4 6

pHH2O 6.54 6.52 6.06 7.20 0.00 0.00 0.26 4

pHCaCl2 5.98 5.97 5.60 6.74 1.05 1.80 0.24 4

10-20 cm SOIL DEPTH

GW (%) 72 73 63 79 −0.79 0.42 4 5

pHH2O 6.22 6.20 5.77 6.75 0.00 0.00 0.22 4

pHCaCl2 5.82 5.81 5.56 6.17 0.00 0.00 0.13 2

TABLE 2 | Selected plant available nutrients (mg kg−1 dry soil) in the surface soil of a rewetted peatland.

Mean Median Minimum Maximum Skewness Kurtosis SD CV%

P 1.3 1.33 0.4 2 −0.1 0.5 0.4 28

Mg 17 171 113 234 0.1 0.0 26 15

S 113 109 55 229 0.9 0.9 37 33

Fe 1.7 1.38 0.5 5 1.5 2.4 0.9 55

Mn 5.6 2.50 0.6 27 1.6 2.2 7 117

TABLE 3 | Soil organic matter, total, and ammonium oxalate extractable elements concentrations in the surface soil of a rewetted peatland.

(g kg−1 dry soil) Mean Median Minimum Maximum Skewness Kurtosis SD CV%

SOM 640 660 490 760 −0.52 −0.68 70.0 11

Corg 320 330 250 360 −0.52 −0.46 30.0 9

N 30 30 20 30 −0.67 −0.30 2.0 9

S 6 6 5 8 0.23 −0.80 1.0 12

P 1.5 1.5 1.4 1.8 −0.37 0.04 0.1 10

Phypo 1.28 1.28 0.98 1.52 −0.20 −0.26 0.13 10

Pox 0.44 0.44 0.32 0.58 0.11 −0.73 0.07 15

K 0.50 0.49 0.32 0.65 0.23 0.32 0.07 14

Ca 25 25 17 29 −0.63 −0.44 3.0 13

Mg 1.1 1.1 1.0 1.3 −0.27 0.07 0.1 7

Fe 16 16 11 20 −0.12 0.84 1.7 11

Feox 13 13 9 16 −0.63 0.05 1.7 14

Al 8 8 6 10 −0.43 0.69 0.8 11

Alox 1.14 1.17 0.85 1.53 0.20 1.43 0.12 10

Mn 0.6 0.6 0.3 0.8 −0.20 −0.54 0.1 22

Mnox 0.4 0.4 0.2 0.7 −0.04 −0.52 0.1 24

DSP 10.57 10.75 7.47 13.16 −0.28 0.06 1.17 11

PSR 0.05 0.05 0.04 0.07 0.09 −0.03 0.01 13

hypo, hypobromite extractable P; ox, oxalate extractable P; Fe, Al, and Mn; DPS, degree of P saturation in percent; and PSR, P saturation ratio; SOM, soil organic matter.
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available nutrients were extracted by 0.01M CaCl2 and measured
by ICP-OES. The total K, Ca, Mg, Al, Fe, and Mn were extracted
by aqua regia digestion after calcination of the soil samples and
ICP- OES was used to determine their concentrations.

The microbial biomass carbon and nitrogen were extracted
by 0.5M K2SO4 solution after fumigation following the
method recommended by Vance et al. (1987) and modified by
Joergensen (1995). The biomass carbon was estimated using the
following formula:

Microbial biomass C = EC ∗KEC (1)

Microbial biomass N = EN ∗KEN (2)

Where EC is the organic C extracted from fumigated soil sample
minus the organic C extracted from non-fumigated soil sample,
KEC = 0.45 is the proportionality factor to convert EC to
microbial biomass C. EN: the flush of NH+

4 -N due to fumigation,
KEN = 0.57 was the proportionality factor to convert EN to
microbial biomass N (Jenkinson, 1988). The dehydrogenase,
acid phosphatase and β-glucosidase activities were determined
following the procedures outlined by Tabatabai (1994), whereas
the protease activity by the method of Ladd and Buttler (1972).

Vegetation Analysis
We recorded species compositions of each of grid cell in
August 2008, and the percent of the vegetation cover of
each 50 grid cell was estimated by the “vegan” version 2.4-5
(Oksanen et al., 2017) using the R environment version 3.3.2.
(R Development Core Team 2016). The vegetation data were
analyzed for species diversity using the Shannon and the Simpson
indices and for grid cell vegetation composition’s dissimilarity
by the Bray-Curtis and the Gower indices. The multivariate
ordinationmethods “detrended correspondence analysis” (DCA)
and “non-metric multidimensional scaling” (NMDS) were used
to explore compositional gradients in vegetation patterns across

the grid cells. Soil chemical and biological parameters were fitted
to NMDS ordination to analyze soil-vegetation-relationships.
Goodness of fit was tested by permutation (n = 999). Only traits
with a marked correlation to the ordination matrix at the p < 0.1
level were plotted as vectors into the ordination frame.

Statistical Analysis
The descriptive statistics, correlation matrix and principal
component analysis of the gravimetric water content, chemical,
and biochemical properties such pH, SOM, plant available
nutrients, oxalate extractable, and total elements, soil microbial
biomass, and enzymes activities were analyzed using SAS version
9.4 (SAS Institute Inc., 2013). However, the spatial correlation
was analyzed by Geostatistical software GS+TM version 7
(Gamma Design Software, Plainwell, Michigan, USA). We run a
semivariogram analysis to evaluate the spatial correlation of soil
chemical and biochemical properties. A typical semivariogram
can be described by nugget effect, range and sill. Nugget
represents micro-scale variation at h = 0, range is the distance
at which data are no longer correlated, and sill is the plateau
where the semivariogram reaches at the range (Berry, 2005).
The soil chemical and biochemical properties were fitted to
linear, spherical, exponential, and Gaussian models to obtain
best fit based on the lowest residual sum of squares (RSS). The
semivariogram was interpreted based on nugget: sill ratio. The
nugget to sill ratio indicates what percent of the overall variance
is found at a distance smaller than the smallest lag interval, and
it gives a sense of how much variance was accounted for in
the model. The nugget: sill ratio can be interpreted as strong
spatial correlation (<0.25), and moderate (0.25–0.75), and no
spatial correlation (>0.75) (Cambardella et al., 1994). The low
nugget: sill ratio (<0.25) indicates a large part of the variance
is introduced spatially that implying a strong spatial dependence
and vice versa for the large nugget: sill ratio.

TABLE 4 | Soil microbial biomass and enzyme activities in surface and subsurface soil of a rewetted peatland.

0–10cm soil depth Mean Median Min. Max. Skewness Kurtosis SD CV%

Biomass C (mg kg−1) 1,277 1,210 389 2,463 0.68 0.90 402 31

Biomass N (mg kg−1) 120 122 32 215 −0.08 −0.72 45 37

MBC: MBN 11 10 4 23 1.30 1.54 4 36

Dehydrogenase (µg TPF g soil−1) 3,044 2,876 513 7,910 0.84 1.49 1,483 49

APA (µg p-Nitrophenol g soil−1 h−1) 851 862 539 1,106 −0.59 −0.26 138 16

β-Glu (µg p-Nitrophenol g soil−1 h-1) 3,533 3,670 1,405 5,747 0.03 −0.16 993 28

Protease (µg Amino-N g soil−1 15 h−1) 301 295 130 462 0.06 −0.32 76 25

10–20cm SOIL DEPTH

Microbial biomass C (mg kg−1) 689 640 343 1,570 1.60 3.66 240 35

Microbial biomass N (mg kg−1) 54 47 14 160 1.52 4.14 26 48

MBC: MBN 14 13 6 30 1.34 2.06 5 36

Dehydrogenase (µg TPF g soil−1) 717 633 211 2,016 1.24 1.19 415 58

APA (µg p-Nitrophenol g soil−1 h−1) 652 662 476 911 0.33 −0.25 105 16

β-Glu (µg p-Nitrophenol g soil−1 h−1) 1,379 1,354 639 2,294 0.52 1.49 286 21

Protease (µg Amino-N g soil−1 15 h−1) 283 266 147 501 0.56 0.04 79 28

MBC, microbial biomass C; MBN, microbial biomass N; APA, acid phosphatase; β-Glu, β-glucosidase; Min, minimum; Max, maximum. All concentrations were kg-1 dry soil.
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RESULTS

Gravimetric Water Content, and Plant
Nutrient Elements
The gravimetric water content and pH were slightly higher at the
soil depth of 0–10 than at the 10–20 cm (Table 1), and the water
content was in the range of 66 to 83% for the 0–10 cm depth, and
63 to 79% for the 10–20 cm soil depth. However, depths did not
change pHH2O and pHCaCl2, but the pHH2O was slightly higher
than pHCaCl2 at both depths. The coefficient of variation (CV) of
the water content at the 0–10 cm soil depth was higher than at the
10–20 cm soil depth. Concentration of the selected plant available

TABLE 5 | Pearson correlation coefficient among biochemical activities and plant

available nutrients in surface of a rewetted peatland.

Cmic Nmic DHA APA Mg Mn

Nmic 0.75***

APA 0.34* 0.48** 0.28*

GLU 0.33* 0.23 0.28* 0.36**

PTA −0.09 −0.08 −0.27 −0.39

Fe 0.17 0.13 0.14 0.11

Mg 0.13 0.23 −0.41 −0.03

Mn 0.17 0.22 −0.03 0.02 0.42*

P 0.11 0.33* −0.05 0.05 0.50*** 0.45**

Number of observations: 50, *, **, and *** indicate significant correlation coefficient at P <

0.05, P < 0.01, and P < 0.001, respectively. Cmic, microbial biomass C; Nmic, Microbial

biomass N; DHA, Dehydrogenase; APA, Acid phosphatase; GLU, β-Glucosidase.

nutrients were low except for sulfur (S) and magnesium (Mg)
(Table 2). Furthermore, the CV of most plant available nutrients
were high and ranged from 15 to 117%. The CV of plant available
Mn was particularly very high (117%) followed by plant available
Fe (55%).

SOM, Oxalate Extracted, and Total
Elements
The concentrations of SOM, oxalate-extracted, and total
elements are presented in Table 3. The SOM, Corg and total N
were in the range of 490 to 760, 250 to 360, and 20 to 30 g
kg−1, respectively, with CV in the range of 9 to 11%. Similarly,
the concentration of total P and S were in the range of 1.4
to 1.8, and 5 to 8 g kg−1, respectively, and their CVs were in
the range of 10 and 12%. The mean mass ratios of C: N, C:
P, and C: S calculated from the Table 3 were 11, 213 and 53,
respectively. Similarly, the N: P, and N: S ratios were 20 and 5,
respectively. The hypobromide-extracted P (Phyp) was 85% of the
total P extracted by aqua regia, whereas the Pox was about 29%
of the total P (Table 3). The concentration of Ca was the highest
followed by total Fe and Al excluding Corg and total N, whereas
the concentrations of total K and Mn were the lowest.

The oxalate-extracted elements were in the ranges of 0.32 to
0.58 g kg−1 for Pox, 9 to 16 g kg−1 for Feox, 0.85 to 1.53 g kg−1

for Alox, and 0.2 to 0.7 g kg−1 for Mnox (Table 3). These were 29,
81, 14, and 67% of the total concentrations of P, Fe, Al, and Mn,
respectively. The CV of the oxalate extracted elements were in the
range of 10 to 24%, and the CV of Alox was the lowest, whereas
the CV of Mnox was the highest. Furthermore, the DPS, and PSR
were in the range of 7.47 to 13.16% and 0.04 to 0.07, respectively

TABLE 6 | Pearson correlation coefficients among soil organic matter, selected available plant nutrients and total element concentrations in surface soil of a rewetted

peatland.

St Nt Corg SOM Pt Ppyro Pox Mnt Mnox Mgt Fet Feox Cat Alt

Nt 0.74***

Corg 0.77*** 0.93***

SOM 0.72*** 0.93** 0.94***

Pt 0.30 0.68*** 0.59*** 0.73***

Ppyro 0.75*** 0.85*** 0.85*** −0.74*** 0.50***

Pox −0.86*** −0.85*** −0.85*** 0.99*** 0.01 −0.79***

Mnt −0.1 0.51*** 0.40** 0.53*** 0.73** 0.39** −0.03

Mnox −0.20 0.07 0.00 0.18 0.55*** 0.18 0.13 0.76***

Fet −0.1 0.25 0.24 0.28 0.38** 0.26 −0.10 0.57*** 0.58*** 0.12

Feox 0.08 0.29* 0.24 0.06 0.57*** 0.29* −0.01 0.71*** 0.72*** −0.22 0.82***

Cat 0.47*** 0.85*** 0.80*** 0.90*** 0.83*** 0.32* 0.11 0.77*** 0.60*** −0.11 0.46*** 0.69***

Alt 0.00 0.36** 0.35* 0.40** 0.48*** 0.25 −0.01 0.64*** 0.66*** 0.03 0.95*** 0.89*** 0.55***

Alox −0.02 −0.02 0.00 −0.09 −0.10 0.00 −0.06 −0.28 0.01 0.14 −0.03 −0.18 −0.27 −013

Sa 0.52*** 0.11 0.1 0.12 −0.14 −0.22 0.23 −0.36** −0.30* 0.11 −0.24 −0.11 −0.05 −0.16

Pa 0.45*** 0.42** 0.40** 0.45*** 0.21 −0.14 0.23 0.02 −0.16 0.19 −0.01 0.13 0.30* 0.05

Mna 0.36* 0.16 0.19 0.09 −0.1 −0.23 0.19 −0.27 −0.24 0.42** −0.03 −0.11 −0.05 −0.05

Mga 0.81*** 0.66*** 0.73*** 0.70*** 0.23 −0.13 0.29* −0.07 −0.10 0.34* −0.09 0.13 0.46*** 0.00

Fea 0.12 0.01 −0.05 −0.02 0.04 −0.12 0.18 −0.12 −0.11 0.05 –0.34* −0.29* −0.01 −0.35

Number of observations: 50, *, **, and *** indicate significant correlation coefficient at P < 0.05, P < 0.01, and P < 0.001, respectively, t, total element; a, plant vailable nutrient; ox,

oxalate extracted, hypo, hypobromite extractable P; See Tables 2, 3 for the unit of each parameter.
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(Table 3). The CV of DPS and PSR were similar to the CV of total
and oxalate extracted elements.

Biochemical Properties
The microbial biomass C ranged from 389 to 2,463mg kg−1 (0–
10 cm) and 343 to 1,570mg kg−1 (10–20 cm). Furthermore, the
microbial biomass N was in the ranges of 32 to 215mg kg−1

(0–10 cm) and 14 to 160mg kg−1 (10–20 cm). This resulted in
microbial biomass C: N ratios of 11 (0–10 cm) and 14 (10–20 cm)
(Table 4). The microbial biomass C and N were low by 46 and
55% at the 10–20 cm soil depth, respectively, as compared to
that of the 0–10 cm soil depth. Similarly, the dehydrogenase and
β-glucosidase activities was low by 76 and 61%, and the acid
phosphatase and protease activities were low by about 23 and 6%
at the depth of 10–20 cm as compared to that of the 0–10 cm soil
depth, respectively.

Relationships of Chemical and
Biochemical Properties
The soil microbial biomass C was significantly (P < 0.05)
correlated with the microbial biomass N, β-glucosidase, and
acid phosphatase activities, whereas microbial biomass N was
significantly correlated with the acid phosphatase activity
(Table 5). Similarly, β-glucosidase activity was significantly
correlated with dehydrogenase and acid phosphatase activities.
However, there were no significant correlations between the
biochemical activities and plant available nutrients except for the
available P and microbial biomass N. We also observed a few
significant correlations among the plant available elements. For
instance, the plant available Mg was significantly correlated with
plant available Mn and P.

The correlation of biochemical properties with the
concentration of SOM, total and oxalate extracted elements
were not significant (P > 0.05) except for the dehydrogenase
activity which was significantly negatively correlated with total
Ca, SOM, Corg, total N, and S (data not shown). However, the
correlations among the SOM, total N, total S, total P, Phyp,
and Pox and total Mn were highly significant (P < 0.001)
(Table 6). These parameters were also strongly correlated
with concentrations of most of the plant available nutrients.
Similarly, the concentration of total Ca was strongly correlated
with the concentration of SOM and most of the total elements.
Furthermore, the concentration of total P was highly significantly
correlated (P < 0.001) with Phyp, Mnox, and Feox, total Al, Ca,
and total Fe. The concentration of total Mn was also strongly
correlated with Mnox, total Fe, Feox, total Ca, and total Al. The
correlation among the concentration of some plant available
nutrients and total elements were positive; however, the Pox was
significantly negatively correlated with the Corg, total S, total N,
and Phyp.

principal component analysis separated the biochemical
properties in two depths in which the biochemical properties
at the 0–10 cm depths mostly contributed to PC1 and those
at the 10–20 cm mostly contributed to the PC2 (Figure 2).
The PC1 explained about 23% of the total variance with the
positive loading of microbial biomass C and N, acid phosphatase,
β-glucosidase, dehydrogenase, and with the negative loading

of protease of the 0–10 cm depth and β-glucosidase of 10–
20 cm depth. On the other hand, PC2 explained 20% of the
total variance with the positive loading of microbial biomass
C and N, acid phosphatase, β-glucosidase, dehydrogenase, and
negative loading of the protease at the depth of 10–20 cm.
Furthermore, the principal component analysis separated the
chemical properties into four main groups depending on their
contribution to the total variance with positive and negative
loadings where the PC1 explained 51 % and PC2 14% of the
total variance (Figure 3). The high positive loading came from
Corg, total N, DSP, hypobromide extracted P and water content,
whereas total S, PSR, SOM, Pox, Alox, Mnox, and pH-CaCl2
contributed to the high negative loading.

Spatial Correlation of Chemical and
Biochemical Properties
The nugget to sill ratio of soil pHH2O and pHCal2 were 0.07
and 0.16 at 6 and 10m ranges, respectively, at the 0–10 cm soil
depth (Table 7). All of the biochemical properties showed strong
spatial correlation at the depths of 0–10 cm except for protease
activity (Table 7 and Figure 4). The strong spatial correlation was
revealed by the lowest nugget to sill ratio, which was≤0.07 except
for microbial biomass C where the nugget to sill ratio was 0.27.
At 10–20 cm peat depth, pHH2O, pHCalcl2, microbial biomass C
had no spatial correlation since they were fitted best to the linear
model. However, the microbial biomass and enzymes activities
were strongly spatially correlated at the soil depth of 10–20 cm
except for the microbial biomass C and dehydrogenase activity.
The biochemical properties were not only spatially correlated but
also the spatial correlation appeared at the shortest range of 4
to 9m (Table 7). Overall, about 86, and 71% of the biochemical
properties were strongly spatial correlated at the depth of 0–
10 cm, and 10–20 cm, respectively.

The gravimetric water content, plant available nutrients, total
and oxalate extracted elements showed strong spatial correlations
(Table 8). In general, the nugget to sill ratio of 15 of the 24
soil properties were ≤0.1 at the ranges of 5 to 10m which
indicated the plant available and total elements were strongly
spatially correlated at the short distance interval. Similarly,
the DPS and PSR were strongly spatially correlated with the
nugget to sill ratio of 0.17 and 0.16 at the range of 8 and
5m, respectively. Among the 23 soil chemical properties, only
Feox, total Al, and Fe lacked spatial correlation, whereas plant
available Mn and S, and total K showed moderate spatial
correlation with the nugget to sill ratio of 0.32, 0.32, and 0.41,
respectively (Table 8).

Vegetation Composition
The vegetation composition indicated the transition from wet
grassland to extensive reed (Phragmitis australis) dominated
vegetation (Figure 4). Turquois colored dots in the DCA-
plot indicate the plot positions as arranged according to their
similarity in plant composition. The position of the single
species in the ordination space is given by the brown colored
BCI-name, an abbreviation of their Latin names. Five plots
differed markedly in their composition of the vegetation from
the conglomerated rest. NMDS was based on a Bray & Curtis
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FIGURE 2 | PCA of soil biochemical properties in a rewetted peatland. MBC, microbial biomass C; MBN, Microbial biomass N; DHA, Dehydrogenase; APA, Acid

phosphatase; GLU, β-Glucosidase; PTA, Protease. The subscript “a” and “b” represent samples of 0–10 and 10–20 cm depths, respectively. Numbers in the Figure

stand for the number of sampling grid cells.

dissimilarity matrix and allows a gradient analysis to explore
possible soil-vegetation-relationships. Fitting of all analyzed soil-
chemical and soil-biological traits as environmental variables and
use them for gradient analyses was successful for Nmic, Alox, and
Feox (Figure 4).

DISCUSSION

Chemical and Biochemical Properties
The pH-H2O and pH-CaCl2 remained constant around 6 which
can be attributed to the buffering capacity of CO2 in the saturated
peat soil (Reddy and DeLaune, 2008). Furthermore, the low CV
of pH (Table 1) can be attributed to pH is the log transformed
H+ concentration. Different studies also reported ls ow CV for
pH from the tropical wetlands (Nkheloane et al., 2012) and
temperate bog and fens (Ulanowski and Branfireun, 2013; Barrett
and Watmough, 2015).

The low concentrations of some plant available nutrients
agreed with the results of previous study that indicated 0.01M
CaCl2 recovered the lowest plant available P among 14 soil P
extraction methods (Wuenscher et al., 2015). This is also true for
the proportion of plant available P, Fe, and Mn to their respective
concentrations of total elements that were in the range of 0.01
to 1% (Tables 2, 3). We explain the low concentrations and
proportions of 0.01M CaCl2 extracted plant available nutrients
by the weak extractant and/or existence of the elements in
stable organic and inorganic complex forms (Table 2). Such
low concentrations of plant available nutrients could jeopardize

the growth and development of plant communities adapted to
the drained peatlands, although plants grown in anoxic soil
conditions have their own mechanisms to adapt to low plant
available nutrients (Elzenga and van Veen, 2010). The highest
CV of the plant available Mn followed by Fe indicated the
highest variability of these plant available nutrient elements in the
studied peatland.

In contrast to the plant available nutrients, the CV
of the total concentrations of most elements and SOM
were low (Table 3) which indicates that the rewetting and
drying cycles of peats did not influence the variability of
these soil constituents. Similarly, low CV was reported for
SOM from restored temperate peatland and tropical wetlands
(Bruland et al., 2006; Nkheloane et al., 2012).

The Feox was 81% of the total Fe that indicated the major
proportion of total Fe existed in poorly crystalline mineral form
(Table 3) (Courchesne et al., 2008). The higher concentration
of Feox than Alox and Mnox also showed the non-crystalline
Fe in the rewetted peatland could control P solubility (Nair,
2014). However, the mean of (DPS 10.6%) and PSR (0.05) in
the present study were very low as compared to the threshold
level of P leaching which are 25% DPS in degraded peatland
(Litaor et al., 2003) and 0.11 PSR for wetland soil (Nair and
Reddy, 2013). This implies that potential loss of P to the
ground and drainage water could be low. Although oxalate
could recover some P associated with SOM, the proportion of
Pox, 29% of the total P, was comparable to the proportion of
sum of inorganic P fractions in peat soils of northern Germany
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FIGURE 3 | PCA of soil chemical properties in a rewetted peatland. Subscript: “a”: plant available elements, “t”: total element, ox, oxalate extracted elements; Phy,

hypobromide extracted P; H2Oa, water content of 0–10 cm soil depth; H2Ob, water content of 10–20 cm soil depth; DPS, degree of P saturation; PSR, P saturation

ratio, numbers in the Figure stand for the number of sampling grid cells.

TABLE 7 | Spatial correlation of soil pH and biochemical properties in the surface and subsurface soil of a rewetted peatland.

0–10cm soil depth Model Nugget Sill Range (m) Nugget: Sill ratio RSS R2

pHH20 Spherical 0.0056 0.0755 6 0.07 7.60 × 10−5 0.66

pHCaCl2 Exponential 0.011 0.0682 10 0.16 1.94 × 10−5 0.92

Microbial C Exponential 200 10,800 5 0.05 5.65 × 108 0.33

Microbial N Spherical 662 2,429 13 0.27 3.50 × 103 0.99

Mic-C : Mic-N Exponential 0.63 14.32 6 0.04 2.49 0.64

Dehydrogenase Spherical 52,000 2,085,000 5 0.02 1.25 × 1011 0.39

Acid phosphatase Spherical 310 19,070 5 0.02 8.23 × 105 0.83

β- Glucosidase Spherical 47,000 1,035,000 5 0.05 3.06 × 109 0.79

Protease Linear

10–20cm SOIL DEPTH

pHH2O Linear

pHCaCl2 Linear

Microbial C Linear

Microbial N Exponential 92 742 4 0.12 6.03 × 102 0.53

Mic-C : Mic-N Exponential 0.015 0.099 10 0.15 5.37 × 10−4 0.44

Dehydrogenase Linear

Acid phosphatase Exponential 1,040 11,390 4 0.09 1.91 × 106 0.2

β-Glucosidase Spherical 6,800 88,510 4 0.05 3.91 × 107 0.00

Protease Spherical 10 5,712 4 0.0018 6.60 × 105 0.00

(Schlichting et al., 2002). According to these authors, 75–80%
of the total P were organic P in the peat soils. Since more
than 75% of the total P existed in organic P form, maintaining

and/or improving the SOM content of peatlands by rewetting
not only sequestrates C but also stores P in unavailable organic
P form.
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FIGURE 4 | Example of semivariogram of soil chemical and biochemical properties fitted to spherical, exponential, Gaussian, and linear models. APA, acid

phosphatase activity; SOM, soil organic matter; DHA, dehydrogenase.

The higher biochemical activities at the soil depths of 0–
10 cm than at the soil depth of 10–20 cm (Table 4) indicated
the presence of enough aeration particularly during the summer
season and rooting which together can increase microbial
activities and transformations of organic matter (Tokarz and
Urban, 2015). On the other hand, the highest dehydrogenase
activity confirmed the significance of oxidoreductases under
anaerobic soil conditions (Salazar et al., 2011; Wolinska and
Stepniewska, 2012). Furthermore, the Corg, microbial biomass
C and N of the present study were considerably lower than
that reported for a rewetted peatland of Trebel valley, northern
Germany (Baum et al., 2003). Similarly, the acid phosphatase
activity in the current study was less than that of the Trebel
valley by 3 to 4-folds. Such a great variation in enzyme activity
can be attributed to seasonal and site-specific effects rewetting
degraded peatland. Dehydrogenases are intracellular enzymes
with indicator value for the soil microbial activity, but also for
fine root activity (Zhang et al., 2010). The discrepancy of high
dehydrogenase activity but low protease and acid phosphatase
activities at both peat depths (0–10 and 10–20 cm) can be
attributed to low aeration, since the activities of these enzymes
are favored in aerobic soil conditions (Kang et al., 2005; Reddy
and DeLaune, 2008; Romanowicz et al., 2015).

Correlations Among Soil Properties
The significant positive correction between soil microbial
biomass C and N (Table 5) proved the well-established facts
of their strong association. Similarly, the significant positive
correlation between microbial biomass C and acid phosphatase
activity, and microbial biomass C and β-glucosidase activity
indicated that SOM and hydrology regulate the microbial
biomass and enzyme activity in peat soils (Groffman et al.,
1996). However, none of the content of plant available
nutrients was correlated with the microbial biomass and enzyme
activity, which can be attributed to less decomposition of
peats because of high gravimetric water content at sampling
(Table 1). The significant positive correlation of plant available
P with the plant available Mg and Mn could be attributed
to the pH and gravimetric water content that influenced
the plant availability of these nutrient elements in the
same direction.

The significant positive correlations among the SOM, Corg,
total S, total N, total P and Phyp, andmost plant available elements
(Table 6) indicated themajor source of the elements was the SOM
in peat soil. However, the lack of significant correlation among
microbial biomass C and Corg, microbial biomass N and total N
(data not shown), can be explained by high variations between
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TABLE 8 | Spatial correlation of gravimetric water content (GW), soil organic matter, available plant nutrients, total and oxalate extractable elements in the surface of a

rewetted peatland.

Model Nugget Sill Range (m) Nugget: Sill ratio RSS R2

GW Spherical 0.63 6.32 10 0.10 0.689 0.89

SOM Gaussian 10 4592 6 0.0022 6.68 × 104 0.97

Corg Spherical 30 836 7 0.04 3879 0.94

Nt Gaussian 0.01 4.819 7 0.0021 0.0132 0.99

Pt exponential 0.00001 0.01822 6 0.0005 9.00 × 10−7 0.87

Pox Gaussian 0.0002 0.00432 6 0.05 3.06 × 10−5 0.74

Ppyro Spherical 0.00001 0.01455 9 0.0007 2.55 × 10−6 0.77

St Spherical 0.001 0.704 12 0.001 3.75 × 10−4 1.00

Alox Exponential 0.00001 0.013320 6 0.0008 5.44 × 10−7 0.85

Fea Spherical 0.04 0.908 5 0.04 6.38 × 10−1 0.14

Feox Linear

Mga Spherical 1.00 854.8 10 0.00 1.45 × 103 0.92

Mna Spherical 19.60 60.93 23 0.32 3.29 0.99

Mnox Spherical 0.00032 0.01184 5 0.03 1.40 × 10−5 0.05

Pa Spherical 0.0125 0.1650 10 0.08 2.32 × 10−4 0.95

Sa Spherical 757 2,318 53 0.32 6.69 × 104 0.69

Alt linear

Cat Spherical 0.28 8.818 6 0.03 2.04 0.49

Fet Linear

Kt Exponential 0.00346 0.00838 69 0.41 1.62 × 10−7 0.87

Mgt Exponential 0.0003 0.00594 9 0.05 7.53 × 10−8 0.96

Mnt Spherical 0.00068 0.01546 7 0.04 1.75 × 10−5 0.41

DPS Exponential 0.27 1.556 8 0.17 1.16 × 10−1 0.13

PSR Exponential 0.000008 0.00005 5 0.16 7.03 × 10−11 0.17

DPS, degree of P saturation; PSR, P saturation ratio.

FIGURE 5 | Ordination plots of the detrended correspondence analysis (DCA, left) and of the non-metric multidimensional scaling (NMDS, right), Numbers in the

Figure stand for the number of sampling grid cells.
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the concentration of microbial biomass and the concentration
of Corg and total N. A previous study also reported that the
linearity of Corg to microbial biomass C association was achieved
when Corg was below 2.5% (Anderson and Domsch, 1989).
However, the Corg concentration in the present study was about
14 times higher than the critical level of Corg (2.5%) to detect
a significant correlation between Corg and Cmic. Furthermore,
high concentration of dissolved organic carbon and permanent
flooding can contribute to lack of significant correlation between
microbial biomass C with Corg, and microbial biomass N with
total N (Reddy and DeLaune, 2008).

Spatial Correlation
The nugget to sill ratio is a good indicator whether a given
soil variable is strongly spatially correlated (<0.25), moderately
spatially correlated (0.25–0.75) or weakly spatially correlated
(>0.75) (Cambardella et al., 1994; Iqbal et al., 2005; Ruffo et al.,
2005). Accordingly, most of the biochemical properties were not
only strongly spatially correlated, but also the spatial correlation
was apparent at the shortest ranges (Table 7 and Figure 4). The
shortest range indicated a strong spatial variability of the soil
variable under consideration. The highest spatial correlation
particularly of the dehydrogenase activity was a good indicator
of the overall microbial diversity in the rewetted peatland.
Previous study also indicated that soil microbial activities showed
strong spatial correlation below 0.25m separation distance
(Stark et al., 2004). This unequivocally indicated that a small-
scale sampling is required to study biochemical properties in
the rewetted degraded peatland. However, the lack of spatial
correlation for the protease at the 0–10 cm soil depth and
for the pH, microbial biomass C, and dehydrogenase activity
at the depth of 10–20 cm can be attributed to the wet-dry
cycles that could enhance variations from point to point
in the rewetted degraded peatland. When a soil parameter
lacks spatial correlation, reducing the sampling scale of the
current study could exhibit spatial correlation (Cambardella
et al., 1994) or a classic randomization block design could
be used to handle the spatial variability (Kravchenko et al.,
2006). The strong spatial correlation of most of the soil
chemical properties could indicate the soil variables may
be controlled by intrinsic soil variation (Cambardella and
Karlen, 1999). Furthermore, extrinsic factors such as drainage,
rewetting, historical land use and similar vegetation composition
can contribute to strong spatial correlation. The vegetation
composition is linked to the soil microbial colonization via
rhizosphere effects and litter quality (Eisenhauer et al., 2010), and
this is confirmed in our data set by the significant correlation
with Nmic (Figure 5). The vegetation composition was assumed
to represent a relative stable “summary” of the effects of
multiple drivers, like the soil chemical properties, over time
and, thus, a good predictor of the soil microbial community
(Mitchell et al., 2010).

In conclusion, the combined use of the descriptive and
geospatial spatial statistical analyses have paramount importance

in disclosing the spatial variability pattern of soil chemical
and biochemical properties in a rewetted degraded peatland
at the small scale. Among 33 soil chemical and biochemical
properties investigated in the present study, the CV of plant
available nutrients were the highest. Similarly, soil biochemical
activities were higher by many folds at the depth of 0–
10 cm than 10–20 cm because of aeration during dry periods.
Furthermore, about 88% of the soil chemical and biochemical
properties were spatially correlated and 83% of the spatial
correlation was strong at the ≤8m range. The strong spatial
correlation at such short range clearly indicated a small-
scale spatial variability of the rewetted peatland. Those soil
chemical and biochemical properties lacking spatial correlation
were also spatially heterogeneously distributed because they
varied from point to point. The main causes of such
spatial variability can be attributed to slight variations in
topography (Figure 1C) which are enhanced by peat degradation
and subsidence. This essentially influence the soil moisture
distribution and almost all biogeochemical processes that are
related to moisture and redox conditions. Furthermore, direct
anthropogenic influences like uneven distributions of formerly
applied fertilizers have added to the spatial variability of the soil
properties. Thus, small-scale sampling is required to understand
the influence of rewetting degraded peatland on biogeochemistry
and restoration processes thereby avoiding undesirable effects
on environment.
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There have been widespread attempts to rewet peatlands in Europe and elsewhere

in the world to restore their unique biodiversity as well as their important function as

nutrient and carbon sinks. However, changes in hydrological regime and therefore oxygen

availability likely alter the abundance of enzyme-inhibiting polyphenolic compounds,

which have been suggested as a “latch” preventing large amounts of carbon from

being released into the atmosphere by microbial mineralization. In recent years, a variety

of factors have been identified that appear to weaken that latch including not only

oxygen, but also pH. In minerotrophic fens, it is unknown if long-term peat mineralization

during decades of drainage and intense agricultural use causes an enrichment or a

decline of enzyme-inhibiting polyphenols. To address this, we collected peat samples

and fresh roots of dominating plants (i.e., the peat parent material) from the upper

20 cm peat layer in 5 rewetted and 6 natural fens and quantified total phenolic content

as well as hydrolysable and condensed tannins. Polyphenols from less decomposed

peat and living roots served partly as an internal standard for polyphenol analysis and

to run enzyme inhibition tests. As hypothesized, we found the polyphenol content in

highly decomposed peat to be eight times lower than in less decomposed peat, while

condensed tannin content was 50 times lower in highly degraded peat. In addition, plant

tissue polyphenol contents differed strongly between peat-forming plant species, with

the highest amount found in roots of Carex appropinquata at 450mg g−1 dry mass, and

lowest in Sphagnum spp. at 39mg g−1 dry mass: a 10-fold difference. Despite large

and clear differences in peat and porewater chemistry between natural and rewetted

sites, enzyme activities determined with Fluorescein diacetate (FDA) hydrolysis and peat

degradation were not significantly correlated, indicating no simple linear relationship

between polyphenol content and microbial activity. Still, samples with low contents of

polyphenols and condensed tannins showed the highest microbial activities as measured

with FDA.
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38

https://www.frontiersin.org/journals/environmental-science
https://www.frontiersin.org/journals/environmental-science#editorial-board
https://www.frontiersin.org/journals/environmental-science#editorial-board
https://www.frontiersin.org/journals/environmental-science#editorial-board
https://www.frontiersin.org/journals/environmental-science#editorial-board
https://doi.org/10.3389/fenvs.2019.00147
http://crossmark.crossref.org/dialog/?doi=10.3389/fenvs.2019.00147&domain=pdf&date_stamp=2019-10-04
https://www.frontiersin.org/journals/environmental-science
https://www.frontiersin.org
https://www.frontiersin.org/journals/environmental-science#articles
https://creativecommons.org/licenses/by/4.0/
mailto:doz@bios.au.dk
https://doi.org/10.3389/fenvs.2019.00147
https://www.frontiersin.org/articles/10.3389/fenvs.2019.00147/full
http://loop.frontiersin.org/people/667347/overview
http://loop.frontiersin.org/people/125709/overview
http://loop.frontiersin.org/people/557980/overview


Zak et al. Polyphenols in Peatlands

INTRODUCTION

Despite covering only 2–3% of the land surface, peatlands store
approximately one third of global soil carbon (C; Gorham, 1991;
Jenkinson et al., 1991; Yu et al., 2010). Due to the anaerobic
conditions in waterlogged peat, the rate of production of organic
matter exceeds its decomposition (Pind et al., 1994; Williams
and Yavitt, 2003; Freeman et al., 2004). Peatlands also play
a significant role in water cycling and nutrient retention in
river catchments (Verhoeven et al., 2006) and often support
unique biodiversity (Zerbe et al., 2013). However, despite their
importance from local to global scales, a significant loss in global
peatland area continues (Joosten, 2010; IPCC, 2014) and attempts
to restore these important ecosystems are widespread. In NE
Germany, more than 30,000 hectares of drained minerotrophic
(groundwater-fed) peatlands (i.e., fens) have been rewetted over
the last 30 years to restore their ecological functions (Zak et al.,
2018). Due to their extended drainage history, a re-establishment
of their original state is not expected in a human life time
perspective (Zak et al., 2018), but they may eventually return
to a carbon neutral state (Joosten et al., 2015). The post-
rewetting dynamics of carbon cycling in fens are, however, still
poorly constrained.

The peatland carbon imbalance is regulated by the prevalence
of polyphenolic compounds that inhibit microbial carbon

mineralization and the enzymes that act upon them (Freeman
et al., 2001). In ombrotrophic (rain-fed) peatlands (bogs),

the enzyme phenol oxidase represents a key regulator for
microbial carbon mineralization (Freeman et al., 2001, 2004).

Phenol oxidase depends on molecular oxygen (O2) and is
highly active under drained conditions. This increased activity
reduces the amount of polyphenolic compounds and limits
their inhibiting effect on microbial decomposition. In contrast,
when oxygen is depleted under waterlogged conditions, phenol
oxidase is inactive, polyphenols accumulate, and microbial
carbon mineralization becomes limited. This mechanism is so
effective that it has been termed an “enzymic latch” on the
peatland carbon store (Freeman et al., 2001). The “enzymic latch”
theory is still discussed widely, with some suggesting greater
complexity than previously assumed based on research in tropical
peats (Hall et al., 2014) and temperate systems (Fenner and
Freeman, 2011; Brouns et al., 2016; Bonnett et al., 2017).

Despite its possible central role for organic matter
decomposition in bogs, the “enzymic latch” has rarely been
investigated in fens (but see Pinsonneault et al., 2016).
This mechanism may be particularly relevant in previously
drained fens, because prolonged drainage exposes the peat
surface to oxygen and allows phenol oxidase to activate,
essentially enhancing peat decomposition that may even
continue under rewetted conditions, as long as polyphenol
content is considerably reduced. In addition, drainage leads
to warming of the soil. This may further weaken the “latch”
since temperature seems to be an important control on phenol
oxidase activity across peatland types (Pinsonneault et al., 2016).
A biogeochemical legacy of draining is well-documented in
several other aspects of fen carbon and nutrient dynamics. For

example, a strong increase in methane emissions is typically
measured in rich fens after rewetting (Hahn-Schöfl et al.,
2011; Franz et al., 2016). Elevated concentrations of dissolved
organic carbon, ammonium, and phosphate at levels of one
to three orders higher compared to pristine systems have
been measured in porewaters of the upper degraded peat
layers of rewetted fens (Zak and Gelbrecht, 2007), indicating
potentially increased microbial turnover of organic matter
in degraded topsoil of formerly drained fens. Laboratory
incubations under stationary conditions have shown that
microbially mediated redox processes are more intense in
highly decomposed vs. less decomposed peat, partly explained
by enhanced availability of nutrients and terminal electron
acceptors (Zak and Gelbrecht, 2007; Cabezas et al., 2012). On
the contrary, there is evidence that the general availability of
organic substrate within the decomposed peat layer is lower
because it has already undergone mineralization over decades of
drainage, and it is expected to be more recalcitrant due to the
enrichment of polyphenols, in particular of lignin and tannin,
that can inhibit enzymatic systems important for microbial
carbon cycling (Bader et al., 2018).

Polyphenols are a large and diverse group of organic
substances in which at least two hydroxyl (OH-) groups
are bound to aromatic ring structures. They are typical
plant metabolites that are synthesized to support a variety
of physiological functions such as morphology and energy
metabolism (e.g., pigments), structure (e.g., lignin), and pathogen
or predator resistance (e.g., flavonoids and tannins; Bravo, 1998).
Tannins are of particular ecological importance, as these high-
molecular weight polyphenols (500–3,000 Da; Swain, 1979)
possess protein deactivation potential by forming insoluble
protein complexes, and therefore affect manymicrobial processes
that are enzyme-mediated (Bravo, 1998). They are the fourth-
most abundant class of biochemical compounds in terrestrial
biomass after cellulose, hemicelluloses, and lignin, and are found
in the bark, wood, leaves, fruits, and roots of a wide variety
of vascular plants (Cowan, 1999; Hernes and Hedges, 2000;
Mueller-Harvey, 2001). Due to their multiple phenolic hydroxyl
groups and high molecular weights, tannins, in contrast to
low molecular weight phenolic acids such as gallic, vanillic, or
ferulic acids, may limit litter decomposition more effectively in
a number of different ways: (1) by complexing or deactivating
microbial exoenzymes, (2) by complexing metals essential to
enzyme activity, (3) by direct toxicity to microbes, (4) by
themselves being resistant to decomposition, (5) by sequestering
proteins in tannin-protein complexes that are resistant to
decomposition and finally, (6) by coating other compounds, such
as cellulose, and protecting them from microbial attack (Kraus
et al., 2003). To unravel the importance of these single processes,
it seems mandatory to complement bulk polyphenol analysis
by further characterizing the biochemical properties of the
polyphenol assemblage (Mole andWaterman, 1987; Appel, 1993;
Nelson et al., 1997; Hättenschwiler and Vitousek, 2000; Rautio
et al., 2007). Analytically, tannins can be divided into two major
groups: hydrolysable tannins and condensed tannins (Figure 1);
the latter also termed proanthocyanidins (PAs). Hydrolysable
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tannins are composed of gallic acid or hexahydroxydiphenic acid
esterified to a sugarmoiety while condensed tannins are polymers
of three ring flavan-3-ols joined with C-C bounds.

Due to these unique properties of polyphenols, we expect
that their effect on carbon turnover should be similar to the
“enzyme latch” described in bogs. We hypothesize that highly
degraded peat of rewetted fens contains less enzyme-inhibiting
polyphenols compared to less decomposed peat of pristine
fens due to break up of polyphenols during the drainage
phase. We analyzed fen peat substrates as well as peat-forming
plant tissues from rewetted and pristine fens for representative
polyphenol fractions—total phenol content, hydrolysable and
condensed tannins—and for bulk microbial activity. Further, we
tested microbial inhibition with PAs and characterized the peat
samples chemically.

METHODS

Study Sites and Sampling
The investigated fens are situated along freshwater sources in
the postglacial landscape of northeast Germany and northwest
Poland (Figure 2). The rewetted fens Hasenfelde, Sauwinkel,
Menzlin, Zarnekow, and Jargelin have been subject to long-
term drainage and were used mostly as grassland over several
decades. At the time of sampling, their upper soil layer therefore
consisted of highly decomposed peat until a depth of ∼0.3m,
followed by less decomposed peat until a depth of up to 10m
(Zak and Gelbrecht, 2007). Three to Twelve years after rewetting,
all sites were dominated by helophytes such as Phragmites
australis and Typha latifolia in permanent flooded areas, and
by Phalaris arundinacea in areas experiencing wet-dry cycles
(Zak et al., 2015).

The hydrology of the sites Dollgensee, Töpchin, Gützkow,
Triebschsee, and Rzecin was not or only slightly disturbed by
drainage or similar measures in the past. In all areas the peat
at the soil surface was only slightly decomposed, i.e., H1–
4 according to the von Post humification scale (Von Post,
1922). All of these near to pristine peatlands can be classified
as mesotrophic subneutral fens and are dominated by brown
mosses (e.g., Bryum pseudotriquetum, Campylium stellatum,
Plagiomnium elatum), and low sedges like Carex hostiana, C.
flacca, and C. panacea (Zak et al., 2010). Furthermore, sparse
stands of Phragmites australis occur in all the pristine sites, which
represents themain peat-forming plant apart fromCarex spp. and
brown mosses. For the rewetted sites, the peat parent material
was not recognizable any more due to the amorphous character
of the soil, however deeper layers which were unaffected by water
table drawdown indicate the same peat-parent material as in the
undisturbed sites.

Peat samples were collected in triplicate from the top layers
using a knife (ca. 10–20 cm depth) and transported to the lab
within 1 day in an insulated cooler with ice, and analyzed
for the characterization of total microbial activity immediately
or frozen at −18◦C for polyphenol analysis. Select data on
porewater chemistry and peat characteristics are compiled in
Tables 1, 2. A detailed description of conducted bulk peat
analyses (total contents of phosphorus, carbon, nitrogen, iron,

and organic matter), porewater sampling, and chemical analysis
of dissolved matter concentrations (phosphate, ammonium,
dissolved organic carbon, sulfate, iron, and calcium) can
be found in Zak et al. (2010). Furthermore, plant samples
(roots or moss litter) were taken from site Triebschsee (Carex
appropinquata, brown mosses) and an additional natural poor
fen, Kablow-Ziegelei (Eriophorum angusitfolium, Vaccinium
oxycoccos, Sphagnum spp.) and treated analogously to the
peat samples.

Polyphenol Analysis
Sample Preparation and Extraction of Phenolic

Substances
For the extraction of phenols, we followed the protocol of
Hagerman (2002) taking into the account that phenols are not
stable at light and higher temperature with slight adaptations.
Thus, after removing coarse living plant roots, collected peat
samples were freeze-dried, finely ground in an agate ball mill,
and stored at 18◦C in the dark. Phenolic substances were
extracted with 10mL 70% aqueous acetone (v/v) three times
sequentially from 0.2 g of the lyophilized peat material in screw
cap plastic tubes. During extraction, tubes were suspended for
20min in an ultrasonic water bath cooled to temperatures below
20◦C. The used sonicator allowed samples to be maintained
in the dark during the extraction period. The extracts were
decanted after centrifugation at 10,600 g for 5min (Universal
30F, Hettich, Tuttlingen, Germany) and combined in Erlenmeyer
flasks on ice for further analysis. For the acid butanol assay
and for purification of PAs from the extracts, 2mg ascorbic
acid L−1 were initially added to the 70% aqueous acetone
(v/v) to prevent oxidation of the extracted PAs. No ascorbic
acid was added when extracts were used for the analysis of
total phenolics since ascorbic acid strongly interferes with
the color reaction by reducing the Folin-Ciocalteau reagent
(Box, 1983; Georgé et al., 2005).

Isolation of Proanthocyanidins
PAs were obtained from peat samples of the five pristine sites
following Giner-Chavez et al. (1997), where water-solved PAs
are precipitated with trivalent ytterbium acetate, with slight
modifications. The extraction procedure for obtaining of PAs
was performed as described before with the exception that
1 g instead of 0.2 g of the lyophilized peat were extracted in
order to yield higher amounts of tannins. The extraction was
performed in six parallel runs to gain sufficient tannin material
from each peat soil. After combination the extracts were washed
three times with 50ml n-hexane to remove lipids, and three
times with 50ml ethyl acetate to remove other remaining non-
tannin components from the crude peat extract. Rotoevaporation
was used in addition to separating funnels to remove acetone
and traces of organic solvents yielding approximately 40mL of
an aqueous tannin solution. Ten ml 0.1M ytterbium acetate
(Yb(C2H2O2)3 · 4H2O) and 2ml 0.5M triethanolamine as buffer
(N(CH2CH2OH)3) were added to this solution and the extracts
were stored in the dark for 20 h at 4◦C to precipitate solved
tannins. After centrifugation, the pellet was washed twice with
20mL of 70% acetone (v/v) and PAs were recovered from
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FIGURE 1 | Structure of condensed and hydrolysable tannins (modified after Hernes and Hedges, 2000).

the formed complexes using cation exchange resin (Nyamambi
et al., 2000). For this purpose, tannin ytterbium complexes were
mixed with 2 g exchange resin (Amberlite IRP-64, Sigma-Aldrich,
Schnelldorf, Germany) and with three times 40mL 70% acetone
(v/v) sequentially in screw top glass tubes placed in a cooled
sonicator for 20min. Free PAs left in solution were then separated
from the resin by centrifugation and filtration, from acetone by
rotoevaporation and freeze dried to yield solid samples.

The PAs were used to determine their inhibitory activity on
enzymes originating from peat, and as internal standards for
colorimetric analyses. Analysis of UV spectra of the colored
anthocyanidins formed during the acid butanol assay were
conducted to verify the quality of isolated PAs and their suitability
as internal standards (Figure 3).

Quantification of Total Phenolics
The simple, non-specific Folin-Ciocalteau assay quantifies total
concentrations of phenolic hydroxyl groups in plant extracts
(Box, 1983). The method was slightly modified most notably by
using only half of the given volumes and reducing reaction times
to 30min (Hilt et al., 2006). 0.3–0.5mL aliquots of the combined
extracts were increased to volumes of 5ml with deionized
water in 10mL screw cap glass tubes to obtain absorbance
below 0.5. After addition of 0.75ml of sodium carbonate

solution (75 gNa2CO3 L
−1) and 0.25ml Folin-Ciocalteau reagent

(Merck KGaA, Darmstadt, Germany), tubes were vortexed
for 5 s. Absorbance was read at 750 nm (Photometer Spekol
221, Iskra Elektronik, Stuttgart, Germany) exactly 30min after
addition of the Folin-Ciocalteau reagent. The assay was calibrated
with tannic acid (Fluka/Sigma-Aldrich, Munich, Germany) and
tannins isolated from peat material. Analyses for polyphenols
were carried out on three technical replicates per field sample.
The same holds for all steps regarding the general chemical
characterization of the field samples.

Quantification of Hydrolysable Tannins
Hydrolysable tannins were measured after saponisation and
extraction after Luthria and Pastor-Corrales (2006) modified or
peat soils. Specifically, 0.2 g of the lyophilized and grounded
peat was digested by adding 2.5mL 2M NaOH containing 10M
EDTA and 1% ascorbic acid in an ultrasonic water bath at
45◦C. The extraction was conducted with 4mL ethyl acetate after
acidification with 7.2mL 2M HCl. After shaking for 30min the
samples were centrifuged at 10,600 g for 5min. The extraction
was repeated one time and combined supernatants were dried
by rotoevaporation under nitrogen atmosphere. Capturing was
done with 300 µL 0.1% formic acid. Analyses were conducted
using High-Performance Liquid Chromatography (Gynkotek)
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FIGURE 2 | Location of sampled peatlands in NE Germany and NW Poland.

with UV detection at 280 nm. Separation was achieved using
the column Phenomex Prodigy PH3 5µ (250 × 4.6mm) at
constant flow mode and temperature (1.9mL min−1, 25◦C).
The mobile phase was a constant mixture of methanol/0.1 %
HCOOH (80%/20%, v/v). For calibration, gallic acid was used
(Fluka/Sigma-Aldrich, Munich, Germany).

Quantification of Condensed Tannins
Condensed tannins or PAs were, respectively, measured with
the acid butanol method (Porter et al., 1986), by adding
6mL acid butanol reagent (nbutanol/concentrated HCl, 95:5
by volume) and 0.2mL iron reagent (2% ferric ammonium
sulfate dodecahydrate salt, FeNH4(SO2)4 · 12H2O, in 2M HCl)
to 1ml extract solution. Samples were then vortexed for 5 s
and placed for 50min in a water bath at 95◦C. After cooling
the samples to room temperature, absorbance was measured
at 550 nm (Photometer Spekol 221, Iskra Elektronik, Stuttgart,
Germany). Since samples from different peat soils were already
colored to different extents before heating, absorbance was
also read before the production of colored anthocyanidins and
subtracted from the values measured after heating. This approach
led to a conservative estimate of tannin concentrations, since
some chromophores might have been destroyed upon heating
(Hagerman, 2002). Analyses of UV spectra (200–700 nm) were
conducted to confirm the subtraction of background color.
The acid butanol assay was calibrated with cyanidin chloride

(Carl Roth, Karlsruhe, Germany) and the tannins isolated from
peat material.

Microbial Activity in Peat Soils
Fluorescein diacetate (FDA) hydrolysis was performed to
measure the enzyme activity of microbes according to Schnürer
and Rosswall (1982) and optimized for peat analysis. Always,
ca. 0.6 g (±0.1 g) fresh peat were directly weighed into screw
cap glass tubes out of ca. 15 g fresh bulk peat sample. The
samples were mixed with 4mL potassium phosphate buffer
(pH 7.6; 8.7 g K2HPO4 and 1.3 g KH2PO4 in 1 L distilled
water), 1mL distilled water, and 0.3mL FDA solution (1mg
FDA in 1mL acetone). Peat slurries were shaken then for
25min on a rotary shaker and centrifuged at 4,200 g for 5min
(Heraeus Labfuge 400, DJB Labcare, Buckinghamshire, England).
0.5mL of the supernatant was diluted with 1.5mL potassium
phosphate buffer solution before measurement at 490 nm on a
spectrophotometer (Photometer Spekol 221, Iskra Elektronik,
Stuttgart, Germany). Blanks were measured without the addition
of FDA to correct for background absorbance and concentrations
of released fluorescein were determined by calibration with a
fluorescein sodium salt solution (C20H10Na2O5, Sigma Aldrich,
Schnelldorf, Germany). Hydrolysis rates of FDA were expressed
as µg fluorescein h−1 mg−1 oven dry (105◦C) peat. Dry matter
of aliquots withdrawn from the slurry and of weighed peat soils
from pristine sites were measured for each analytical run.
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TABLE 1 | Select data on porewater chemistry (EC—electrical conductivity, SRP—soluble reactive phosphorus).

Sites EC SRP NH+

4
DOC Sulfate Fe2+ Ca2+

n [µS cm−1] [mg L−1]

NATURAL PEATLANDS

Dollgensee 6 183 0.11 0.4 53 45 5.9 20

Töpchin 3 717 0.56 2.1 28 11 9.0 125

Gützkow 24 930 0.07 0.7 14 108 0.3 155

Triebschsee 8 701 0.06 1.4 14 81 0.1 103

Rzecin 6 180 0.06 0.5 37 0.5 0.2 29

Kablow Ziegelei 6 65 0.04 1.1 66 1.5 2.2 4.5

REWETTED PEATLANDS

Hasenfelde 3 2,466 1.63 15.5 117 150 45 550

Sauwinkel 4 – 3.82 2.2 57 230 76 150

Menzlin 33 1,051 10.10 10.2 87 2 17 148

Zarnekow 120 2,636 2.10 12.0 184 741 56 730

Jargelin 33 1,606 3.90 3.8 82 8 80 233

Data represent average values from a soil depth of 0–0.6m (see Zak et al., 2010 for detailed description of porewater sampling and water analysis).

TABLE 2 | Selected peat characteristics of sampling sites: (Ct, Nt, Pt, and Fet–total contents of carbon, nitrogen, phosphorus, and iron), dry bulk density (Dbd) calculated

from the dry matter according to Scheffer and Blankenburg (1993), the degree of peat decomposition (H) according to von Post-scale (Von Post, 1922) and organic

matter (OM) in % of dry matter determined by loss on ignition.

Sampling site pH Dbda Hb OMc Ct Nt Pt Fet

[g cm−3] [%] [mg g−1 dry mass]

NATURAL PEATLANDS

Dollgensee 4.5 0.049 2–3 95 400 10 0.53 2.6

Töpchin 6.8 0.088 4 84 402 23 1.1 9.3

Gützkow 6.1 0.074 3 86 426 22 0.68 2.5

Triebschsee 6.9 0.084 1–3 88 433 18 0.54 3.0

Rzecin 5.4 0.11 2 94 423 11 0.42 0.75

REWETTED PEATLANDS

Hasenfelde 7.2 0.42 10 41 216 17 1.5 19

Sauwinkel 5.3 0.28 10 75 393 29 1.0 5.4

Menzlin 6.4 0.23 10 70 364 32 1.5 10

Zarnekow 6.9 0.27 10 77 394 34 1.2 22

Jargelin 7.0 0.41 10 39 193 18 1.0 19

Inhibition of Microbial Activity With

Proanthocyanidins
To evaluate the inhibitory activity of PAs, the FDA hydrolysis
assay was performed as described above, adding PAs dissolved
in 1mL distilled water to a 4mL slurry just before starting the
hydrolysis reaction with FDA solution. Absorbance of formed
fluorescein at 490 nm was related to a reference sample that
did not contain any tannin and results were expressed in
percentage inhibition. PAs from the five pristine sites as well as
tannic acid (Fluka/Sigma-Aldrich, Munich, Germany) as model
substance were added to yield final concentrations of 100mg
L−1 in the test tubes. This concentration corresponded to a
tannin/peat ratio of ∼1:140. Additionally, PAs from Rzecin and
tannic acid were added to yield concentration related inhibition
with concentrations between 0–150mg L−1 and 0–400mg

L−1, respectively. All inhibition tests were conducted with
highly decomposed peat material from a long-term experiment
containing peat from Zarnekow (Zak and Gelbrecht, 2007).
Analyses of microbial activities and inhibition of microbial
activity was carried out on four to five technical replicates of each
field sample.

Statistical Analysis
Statistical tests were performed using SPSS 14.0 for windows
(SPSS Inc., 2005) and R (R Core Team, 2018). On the one
hand, we simply compared the variables introduced above across
two peatland types—degraded and near-natural—treating the
samples from the different sites as replicates among peatland
types. We analyzed whether there were significant differences
between samples from these two peatland types with respect
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FIGURE 3 | UV spectra of the colored anthocyanidins formed during the acid

butanol assay were conducted to verify the quality of separated PAs and their

suitability as internal standards for pristine peatlands.

to the inhibitory activity of proanthocyanidins on enzyme-
activity in samples, the amounts of phenolics as well as of
hydrolysable and condensed tannins, and microbial activity
using either one-way ANOVA or alternatively the parameter
free Kruskal–Wallis test when conditions for the ANOVA
were not satisfied. Significance was tested against an α level
of 0.05.

On the other hand, we investigated the relationships between
the total concentrations of phenolic hydroxyl groups (A750) and
condensed tannins (A550), the estimated total microbial activity
according to the FDA analysis (FDA), and the multivariate
characteristics of the peat (OM, C:N, C, N, P, Fe:P, P, bulk density,
von Post scale) with NMDS (non-metric multi-dimensional
scaling) ordination. NMDS allows for the exploration of
multivariate data in low dimensional space. The NMDS based
on the characteristics of the peat was performed with function
metaMDS() of package vegan (Oksanen et al., 2017) for R
with default settings. Sub-sequentially we fitted the above stated
variables to the ordination result using the function envfit() of
package vegan. This approach is closely related to the concept
of multiple regression and allows to investigate the possible
relationship of a number of predictors on the multivariate
configuration of the peat samples defined by all their relevant
characterizing variables. The significance of relationships was
determined with the build in permutation test of envfit() (999
runs). Variables with p < 0.05 were deemed significantly related
to the ordination configuration.

To test whether microbial activity was determined by
inhibitory compounds (A750, A550) and/or some of the other
peat characterizing variables we constructed a multiple linear
regression with estimated total microbial activity (FDA) as
response and all variables that were identified as significant in
the NMDS as drivers. The primary model was then further
simplified using the function step() in R that runs an iterative
approach of combined forward and backward selection, using
the lowest AIC as selection criterion for deciding on the final
regression equation.

RESULTS

Proanthocyanidins
Extraction of PAs from the different slightly decomposed peat
soils yielded <1% of initial peat material on a dry matter
basis. Although precipitation of tannins with trivalent ytterbium
was not used for gravimetric quantification, it was a good
indicator of tannin concentration in washed extract solutions.
Extracts from peat of the pristine sites Rzecin and Dollgensee
almost immediately showed precipitation of tannin-ytterbium
complexes whereas peat extracts from Gützkow precipitated
small amounts only perceptible after centrifugation. Calibrations
of the acid butanol and the Folin-Ciocalteau assay with
separated tannins are presented in Figure 4. Separated tannins
from Gützkow, Triebschsee and Töpchin were characterized
by particularly low absorbance values (<0.035 at 550 nm)
in the acid butanol assay. Analysis of UV spectra showed
that, in the case of tannins isolated from Gützkow peat, no
absorbance maximum could be detected at 550 nm (Figure 3)
although tannin concentrations were as high as 0.61mg mL−1

(Figure 4). In the cases of Triebschsee and Töpchin, absorbance
maxima could be identified but were not significantly different
from background absorbance. Therefore, only calibrations for
peat from the sites Rzecin and Dollgensee were used as
internal standards for the quantification of PAs. All tannins,
however, showed relevant concentrations of total phenolics
during the Folin-Ciocalteau assay. Comparison of internal
standards and the commercially available standards cyanidin
chloride and tannic acid illustrates the advantage of internal
standards. In any case, quantification with cyanidin or tannic
acid would lead to a considerable underestimation (80–97%) of
phenolic concentrations in peat soils (Table 3). Unfortunately,
the purification of internal standards is impractical when peat
samples contain only small amounts of tannins. Consequently,
as no adequate internal standards could be separated for each
peat soil, especially not for highly decomposed peat, further
comparisons of concentrations were conducted with values
expressed in absorbance units (AU) per dry mass (AU750/AU550

g−1 DM). However, to enable comparison with other studies, AU
values were translated to commonly used tannic acids equivalents
and cyanidin equivalents (TAE/CAE g−1 DM) as summarized
in Table 3.

Polyphenol Contents
Absorbance values of extractable total phenolics and PAs ranged
between 0.121–3.275 AU750 g−1 DM and 0.01–1.682 AU550

g−1 DM, respectively (Table 3). Hydrolysable tannins were not
detectable in any of the peat samples. Both total phenolics and
PAs were significantly higher in peat soils from pristine sites
than in peat soils from degraded sites, with a strong correlation
between both factors (Spearman’s R 0.92). Notably, peat from
Gützkow did not show higher values in comparison to the
degraded sites and peat from Triebschsee had comparatively
high concentration of total phenolics not reflected in high PA
concentrations. The two sites Rzecin and Dollgensee stood out
by their 139- and 40-fold higher concentrations of extractable
PAs compared to degraded sites. Calibration of the acid Butanol
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FIGURE 4 | Calibrations of the acid butanol (left image) and the Folin-Ciocalteau assay (right image) with isolated tannins from less decomposed peat of pristine

peatlands.

TABLE 3 | Total phenolics and proanthocyanidins in differently decomposed peat soils referring to dry mass.

Sites Total phenolics Proanthocyanidins

[AU750 g−1] [mg TAE g−1] [mg g−1] [AU550 g−1] [mg CAE g−1] [mg g−1]

NATURAL PEATLANDS

Less de-composed peat Dollgensee 1.557 6.3 45.5 0.490 1.17 29.5

Töpchin 0.776 3.1 59.1 0.093 0.25 1.2–4.5*

Gützkow 0.347 1.3 39.8 0.013 0.06 0

Triebschsee 1.323 5.3 81.7 0.031 0.11 0–0.7*

Rzecin 3.275 13.5 66.4 1.682 3.92 38.6

REWETTED PEATLANDS

Highly de-composed peat Hasenfelde 0.121 0.3 2.3–11.1* 0.013 0.07 0*

Sauwinkel 0.387 1.4 7.7–44.8* 0.013 0.07 0*

Menzlin 0.157 0.5 3.0–15.7* 0.010 0.06 0*

Zarnekow 0.419 1.6 8.3–49* 0.015 0.07 0*

Jargelin 0.312 1.1 6.1–35.4* 0.010 0.06 0*

Values represent averages (means, n = 3) referring to dry mass and are expressed in three different ways using (i) absorbance units (AU), (ii) tannic acids and cyanidin equivalents

(TAE/CAE), and (iii) internal phenolic standard. Internal standards could be only obtained for peat from “Dollgensee” and “Rzecin” so that in all other cases (*) these two standards were

used to calculate ranges out of the AU medians (for details see section Proanthocyanidins).

and Folin-Ciocalteau assay with the same internal standard
allowed an estimate of the size of the PA fraction in terms
of total phenolics for peat from Rzecin and Dollgensee. Here,
proanthocyanidins accounted for 58 and 65% of total phenolics,
respectively, with total phenolics representing 6% of peat soil
organic matter on an average.

Microbial Activity and Inhibition
The microbial activity of studied peat soils measured as
hydrolysis rate of FDA ranged between 0.4 and 1.57 µg
fluorescein h−1 mg−1 DM (Figure 5). The production of
fluorescein was not significantly lower in the slightly decomposed
peat soils, although Dollgensee and Triebschsee clearly had the
lowest rates of FDA hydrolysis. However, peat from Gützkow

showed very high activities for an only slightly decomposed peat
soil, with presumably lowmicrobial activities, and had the second
highest activity after Menzlin.

All extracted tannins from pristine sites generated a significant
inhibition of FDA hydrolysis when added to highly decomposed
Zarnekow peat, with the exception of tannins from Gützkow
peat (Figure 6). Significant inhibitions ranged between 12.3 and
17.9% and were achieved without any preliminary incubation
times of tannins mixed with peat material. These values were
lower compared to the inhibition produced by the addition of
tannic acid as model substance (30.1%). Suppression of FDA
hydrolysis with tannins was poorly reproducible between runs,
most probably because of the great heterogeneity of the analyzed
peat material. We attribute varying inhibition to the fact that
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FIGURE 5 | Microbial activity of studied peat soils measured as hydrolysis rate

of fluorescein diacetate (FDA) for pristine peatlands with less decomposed peat

(white bars) and rewetted peatlands with highly decomposed peat (gray bars).

FIGURE 6 | Inhibition of fluorescein diacetate (FDA) hydrolysis in highly

decomposed peat from rewetted peatland “Zarnekow” using isolated tannins

from less decomposed peat of pristine peatlands (white bars) and commercial

tannic acid standard (gray bar).

inhibition tests with 100mg tannins L−1 were below saturation
point (Figure 7).

Relationships Between Variables
The peat from the pristine and the altered sites are clearly
separated in the NMDS plot (Figure 8) while the generalizing
characteristic of the pH value (size of bubbles in Figure 8) doesn’t
seem to play an important role. The iron contents in the sites,
mainly the Fe2+ concentrations in the porewater, have a strong
influence on the ordination pattern and are associated with
relatively low contents of organic matter (OM) in the peat. A
similar negative relationship appears for the microbial activity
(as measured with FDA) and the two variables representing total
phenolic compounds (A750) and condensed tannins (A550) that
were fitted post-hoc to the ordination and point at opposite
directions (Figure 8). Interestingly these variables don’t follow
the pristine—rewetted gradient but are almost orthogonal to
the latter. Only A750 is significantly related to the ordination
configuration.While C and N in the peat show a similar direction
like the organic matter, the CN ratio increases with the content

FIGURE 7 | Suppression of fluorescein diacetate (FDA) hydrolysis with

increasing concentrations of tannins at the example of highly decomposed

peat from rewetted peatland “Zarnekow” using commercial tannic acid and a

isolated tannin of less decomposed peat from pristine peatland “Rzecin”.

FIGURE 8 | NMDS plot based on the chemical characteristics of the peat and

porewater analyses. The NMDS was run with defaults using function

metaMDS of package vegan in R. Final stress was 0.059. Red arrows

represent the included variables with vector lengths ≥0.1. Blue arrows are the

post-hoc fitted variables on phenolic compounds and FDA, dark blue

represents a variable that is significantly related to the ordination configuration

with p < 0.05.

of polyphenolics. Soluble reactive phosphorus increases in the
opposite direction and thus relates well to increased microbial
activity (Figure 8). We tested all variables for relationships to
the microbial activity. Only three showed significant relation
according to singular linear models: N content, A550, and A750
after omitting Rzecin which had a much lower Fe content (with
high coefficient of variation) and a much higher total phenolic
content (A750) than all other samples. Only total polyphenol
content (A750) had a strong negative linear relationship with
microbial activity (R2 = 0.83, p << 0.001; Figure 9). This
result was confirmed by the multiple regression approach. While
N content, A750 and A550 (including a possible interaction
between the latter) entered the analysis, the final model contained
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FIGURE 9 | Significant linear relationships between microbial activity and other measured variables. The microbial activity was determined as enzyme activity using

fluorescein diacetate (FDA) hydrolysis. Values are given on dry mass (DM) basis. The complete variable set (peat chemistry, pore water chemistry, and potentially

inhibiting substances) were tested. Only relationships with linear models significant with p < 0.05 are displayed.

only total polyphenol content as a driver andwas, thus, essentially
the model depicted in Figure 9.

DISCUSSION

Supporting our initial hypothesis, we found that highly degraded
peat contained eight times lower levels of total polyphenols and
50 times lower levels of condensed tannins than less decomposed
peat. Thus, draining and subsequent peat degradation effectively
removes major parts of the tannin stock of fens by former
mentioned oxidation processes and eliminates their potential
function as an “enzymic latch” on the fen carbon store. The total
phenolic contents of less decomposed peat from the pristine fens
in this study (Table 3) corresponded well with concentrations of
less decomposed Sphagnum peat (ca. 4–8mg TAE g−1 DM) from
different European peatlands (Dorrepaal et al., 2005; Bragazza
and Freeman, 2007). Since peat-parent material in our study
was mostly polyphenol-rich Carex spp. (Table 4) higher contents
could be expected but certain Carex species might differ strongly
regarding polyphenol contents/composition and some part of
polyphenols might be decomposed during peat formation (see
below). The concentrations in peat porewater were much higher
and ranged up to 100mg L−1. To put this into perspective,
inhibitory effects on hydrolase activity were already recorded
under phenolic contents between 2 and 5mg L−1 for a Welsh
peatland (Freeman et al., 2004). Soil pore water was not analyzed
for polyphenols in this study, however according to the amount
of water-extractable polyphenols of 0.7mg TAE g−1 DM and
a dry bulk density of 100 g L−1, as determined for peat from
Dollgensee (results not shown) inhibition-relevant porewater
concentration of about 70mg TAE L−1 can be expected.

Naturally, the complex nature of polyphenols with potentially
more than 8,000 individual molecule structures cannot be
reflected in the analysis of total phenolics. Nevertheless, this
unspecific proxy has shown some good correlation with
decomposition patterns in peatland studies (Dorrepaal et al.,
2005; Bragazza and Freeman, 2007; Bragazza et al., 2007) and
has proven to be a suitable predictor for tannin inhibition
of microbial growth of ruminal bacteria (Nelson et al., 1997).

TABLE 4 | Average contents of total phenolics and proanthocyanidins (median,

n = 3) in roots from selected peat-forming vascular plant and from moss litter (for

plant sampling sites see section Study sites and sampling).

Plant species Total phenolics

[mg g−1 dry mass]

Proanthocyanidins

[mg g−1 dry mass]

Carex appropinquata 450 49

Eriophorum angustifolium 120 90

Vaccinium oxycoccos 134 100

Brown mosses 68 23

Sphagnum spp. 39 25

Individual processes such as litter decay, however, may depend
much more on the type of polyphenol, rather than just on the
total content. Despite their large diversity, their functioning with
regards to metabolic processes can be classified as “ineffective,”
“inhibiting,” or “promoting” (e.g. Bonnett et al., 2017). The
latter refers inter alia to their ability to mediate redox-
processes in soils as described for the quinone already in
the beginning of the Twentieth century (Erdtman, 1933a,b).
Likewise, the inhibitory properties of phenolics are well-known
even for more than 100 years for sphagnum-derived phenolic
acids as earlier reviewed by Verhoeven and Liefveld (1997).
The suppression of microbial activity in Sphagnum peat was
partially attributed to a tanning-like process involving 5-keto-
D-mannurionic acid, associated with contributing to the famous
preservation property of Sphagnum bogs (Vanbreemen, 1995). In
vascular plant-dominated minerotrophic peatlands, tannins e.g.
derived from Eriophorum spp. (Williams et al., 2000), could play
an equally important role in the inhibition of microbial activity.
Accordingly, it seems advantageous to obtain more detailed
characterization of the biochemically diverse tannin fraction than
to measure total phenolic contents alone.

The better solubility of hydrolysable tannins in water and their
distinct complexing behavior, which depends on prevailing pH
and redox conditions (Martin and Martin, 1983; Appel, 1993),
promote them as potent enzyme inhibitors. On the other hand,
their stability even in the form of tannin-protein-complexes may
be too low to persist in the long term (Bravo, 1998; Fierer et al.,
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2001). According to the absence of hydrolysable tannins in all
tested peat soils, the inhibiting role of tannins must be solely
attributed to the group of condensed tannins. Unfortunately,
there is no reference for PA concentrations in peat, but some
information is available for plant samples. For example, for
conifers, the proportion was higher than 50% of total phenolic
content, similar to peat samples from the natural sites Dollgensee
and Rzecin. While our data analysis shows that isolated PAs
from less decomposed peat of natural peatlands inhibited the
activity of hydrolases (Figure 7), enzyme activities did not differ
significantly between different degraded peat samples (Figure 5).
Still, at least when correcting for an obvious outlier we find
a strong linear relationship between total polyphenol content
and microbial activity (Figure 9), supporting the validity of the
“enzymic latch” for fen peat. However, the linear relationship
between the content of condensed tannins and microbial activity
hinges on one data point only and the data rather suggest a
threshold below which microbial activity can go up.

We assume that enzyme activity levels and decomposition of
organic matter are not only related to the presence or absence of
polyphenols, but are a concert of multiple factors and processes
which is also represented in the direction of the dichotomy
between microbial activity and the inhibitory compounds in the
NMDS plot which does not follow the gradient from pristine
to altered sites that is otherwise well-represented along the first
NMDS axis. Yet another limiting factor is the availability of
resources (C and other nutrients) for decomposing organisms
(Yavitt et al., 2005). Litter decomposition thus depends on
substrate quality, e.g., C:N ratio, and lignin content. The bulk
parameter C:N ratio scales well with the amount of potentially
inhibitory substances in the NMDS. Polymers such as cellulose
and hemicelluloses are readily degraded by microbial exoenzyme
systems into energy-yielding dimers and monomers. Lignin or
lignin-like phenolic polymers as found in Sphagnum are more
recalcitrant in comparison.

Plant litter with high nutrient concentration generally
decomposes relatively fast (Couteaux et al., 1995; Laiho,
2006). In Sphagnum litter, Bragazza et al. (2007) found the
polyphenol/nutrient ratio to be one of the primary parameters
controlling decomposition. Unlike in pristine bog peatlands,
the decomposition of organic matter in the degraded and
rewetted fens is strongly controlled by the biogeochemical regime
including the elevated availability of electron acceptors like ferric
iron and sulfate, enhanced nutrient availability, and circum-
neutral pH (Zak and Gelbrecht, 2007; Brouns et al., 2014).
Respiration measurements with different organic substrates
from rewetted peatlands suggest that degraded peat without
any fresh plant-derived material is relatively inert in terms of
decomposition, whereas significant anaerobic CO2 and CH4

production in peat only occurs when enough labile organic
matter is available (e.g., from remaining roots or root exudates;
Hahn-Schöfl et al., 2011). The role of polyphenols for the
decomposition of fresh aboveground litter and from wetland
plants was tested by anaerobic incubation experiments showing
that the availability of nutrients rather than polyphenol contents
were significant factors (Zak et al., 2015). The polyphenol
concentrations of tested plant litter samples ranged between 14

and 68mg g−1 DM and were, thus, at the lower level of root
and moss litter from this study (39–450mg g−1 DM, Table 3).
Unfortunately, the proportion of tannins was not quantified in
this work, however it was interesting to note that in non-peat
forming plants (Phalaris arundinacea, Ceratophyllum demersum,
Typha latifolia) the content of polyphenols was reduced between
50 and 95%, while in the peat forming plants (Phragmites
australis, Carex riparia) the reduction was much lower (<20%
after 150 days).

At time of peat sampling, non-peat forming plants still
dominated the studied rewetted sites. After 10 to 20 years of
rewetting, however, a distinct succession toward peat-forming
reed communities is evident, while the re-colonization with
brownmosses and low sedges characterized by higher polyphenol
contents seems to be retarded over several decades, depending on
the drainage and land use history (Zerbe et al., 2013; Zak et al.,
2015) as observed in other rewetting projects (Koch et al., 2017).
Also, if peat forming plants are re-established the quality and
quantity of polyphenols in plant tissues might differ substantially
from their natural counterparts as long as nutrient levels are
higher as under pre-drained conditions. Low nutrient levels are
known for promoting the production of secondary metabolites
inter alia to protect the plants against herbivory or pathogens
(Verhoeven and Liefveld, 1997). All things considered, it remains
uncertain about how long it would take for enzyme-inhibiting
polyphenols in soils to reach concentrations that would have
a significant impact on microbial metabolism. For such an
assessment it might also be considered that phenol oxidases could
be activated under oxygen-free conditions in case of elevated
concentrations of other electron acceptors, such as sulfate and
oxidized but soluble or less crystalline ferric iron (Van Bodegom
et al., 2005; Fenner and Freeman, 2011). Thus, elevated sulfate
concentrations in soil water of the pristine sites Gützkow and
Triebschsee (>80mg L−1, Table 1) might be responsible for
the comparatively low polyphenol contents in peat from such
sites. Eventually, there might be other anaerobic decomposition
pathways depending on certain abiotic factors and/or presence
of fungal and bacterial communities (e.g., Fuchs et al., 2011)
which needs detailed consideration in order to better understand
different patterns of organic matter decomposition in peatlands.

CONCLUSIONS

The drainage of fens and their use as grassland over
approximately three decades caused a significant loss of
condensed tannins. Accordingly, organic matter decomposition
may continue at about the same pace as before the rewetting
because of the (almost) absence of the “latch” provided by
the phenols. Despite their presumed role as enzyme-inhibiting
substances, hydrolysable tannins may play an insignificant role in
decomposition processes since they do not accumulate in the peat
in contrast to condensed tannins. Their capacity to reduce the
microbial enzyme activity was clearly confirmed in assays using
tannins from less decomposed peat of pristine fens. However,
the substantial differences in polyphenol contents, in particular
for condensed tannins, did not correspond with significant
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differences in hydrolytic enzyme activities in highly decomposed
peat compared to less decomposed peat. Future research must
clarify if and how long it may take after rewetting for polyphenol
content and composition to return to those of pristine fens,
and whether the repression of hydrolase enzymes eventually
resumes, as this will be important for the long-term carbon
accumulation. According to the high complexity of possible
metabolic processes and driving factors both under aerobic and
anaerobic conditions the measurement of single parameters like
redox-conditions, nutrient availability or pHwill be not sufficient
to make a reasonable estimate of carbon turnover in rewetted
peatlands. However, it can be presumed that the re-establishment
of peat-forming Carex species or brown mosses characterized
by high tannin contents could represent the switch for the
“enzymic latch” mechanism. Another important precondition
might be a significant reduction of electron acceptor availability
and nutrient levels (Brouns et al., 2016). Altogether, there is
evidence that polyphenol elimination by fen drainage must
be ameliorated before rehabilitation of rewetted peatlands in
the context of carbon cycling can be considered a success in
decades to come. The removal of the degraded peat layer can
be a suitable method to re-establish low-nutrient conditions and
facilitate the re-colonization by peat-forming plants within few
years only (Zak et al., 2017). However, top soil removal can
be a rather expensive measure and, particularly if the objective
of the peatland restoration is to target mitigation of climate
change, its carbon footprint needs to be carefully assessed (Zak
et al., 2018). Alternatively, harvesting of wetland helophytes
and their commercial use (Wichmann, 2017) can be another
viable option to support the succession toward natural conditions
but again longer time periods (>>10 years) must be tolerated
(Zak et al., 2014).
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In marshes, tidal ponds are increasing in number and areal coverage. Getting a better

understanding of their unique biogeochemistry is a prerequisite for foreseeing their future

role in salt marsh ecosystems. Using in situ microprofiling, this study investigated the

spatiotemporal dynamics of O2, pH, and CO2 in shallow salt marsh tidal ponds in the

summer time. High benthic photosynthetic activity, fueled by CO2 from the sediment,

resulted in steep vertical O2 gradients at the sediment-water interface, increasing from

anoxia to extremely supersaturated peak concentrations up to 886 ± 139 µmol L−1

(391% atmospheric O2 saturation) over a short distance of 6mm. These characteristic

peaks developed even at low light conditions down to 150µmol photons m−2 s−1

photosynthetically active radiation (PAR). The oxygen gradients were restricted to the

layer of benthic microalgae on the sediment surface and did not extend into the water

column, which was well-mixed throughout the day showing no vertical variation. The

benthic photosynthesis and respiration controlled the oxygen concentration in the water

column, creating net supersaturated conditions during the day and hypoxic conditions

at night. The tidal ponds were generally well-buffered showing only attenuated pH

fluctuations ranging from 6.2 to 7.3, and no persistent gradients built up, despite

the high photosynthetic activity at the sediment water interface. CO2 accumulated in

the sediment and was present in the water column during the morning hours, but

depleted in the afternoon due to the high photosynthetic uptake. Tidal ponds also

experienced event-driven changes in their biogeochemistry. Sea foam developed on

the water surface during the day and accumulated on one side of the pond blocking

light penetration and lowering oxygen concentrations under the foam. Inundation at high

tide caused a short-lived temporal variation in O2 and pH, which was restricted to the

time of the flood. As the flooding water receded, the preceding O2 and pH conditions

were immediately restored. Altogether shallow tidal ponds comprise a marsh habitat

with distinctive spatiotemporal oxygen dynamics driven by benthic photosynthesis and

respiration, which differ from the surrounding vegetated marsh, and could drive changes

in salt marsh biogeochemistry in response to increased pond coverage.

Keywords: O2, CO2, pH, optode, salt marsh, microprofiling, benthic microalgae (BMA), Plum Island Estuary
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INTRODUCTION

Tidal ponds, also referred to as tide pools or potholes, are
naturally occurring in salt marshes, creating a mosaic of
permanently inundated ponds with bare sediment on the
otherwise vegetated salt marsh platform (Harshberger, 1916;
Adamowicz and Roman, 2005). Tidal ponds are widespread on
the marsh platform occupying typically around 5–15% of the
total marsh area (Adamowicz and Roman, 2005; Millette et al.,
2010; Wilson et al., 2014), but areal coverages up to 60% has been
observed (Schepers et al., 2017). The ponds have an important
ecological function as shelter, feeding ground, and spawning area
for a large variety of fish, shellfish, and crustaceans (Smith and
Able, 1994, 2003; Raposa and Roman, 2001; Allen et al., 2017),
and play a significant role supporting fish production in the
coastal area (Mackenzie and Dionne, 2008).

Salt marsh tidal ponds constitute a unique habitat
characterized by rapid fluctuations in O2, temperature and
salinity, which can reach extreme levels over a day-night cycle
(Smith and Able, 2003). The ponds can be very shallow, down
to 3–5 cm. The surrounding marsh vegetation provides little
shading from direct exposure to sunlight, which causes the
water temperature to increase significantly during hot summer
days and salinity to increase in response to high evaporation
(Lillebø et al., 2010). A diverse and highly specialized microbial
community inhabits the sediment surface (Kearns et al., 2017),
and benthic microbial mats dominated by cyanobacteria can
form in the summer time (Harshberger, 1916; Ruber et al.,
1981). Consequently, there is high benthic photosynthetic O2

production during the day, and a high sediment O2 demand
caused by microbial respiration and reoxidation of reduced
compounds, which leads to marked daily O2 fluctuations (Ruber
et al., 1981).

Under warm and sunny summer conditions, the water column
in tidal ponds becomes supersaturated with O2 during the day,
and high respiratory activity results in a depletion of O2 at
night, where the water column can reach hypoxic conditions
(Smith and Able, 2003; Lillebø et al., 2010; Baumann et al., 2015;
Spivak et al., 2017). This makes harsh living conditions for the
organisms that inhabit or get trapped in the tidal ponds after the

receding tide. In contrast, the tidal pond water is well-buffered,
and pH does not reach extreme values, but fluctuates daily in
a range from 7 to 8.5 in the summer months (Lillebø et al.,
2010; Baumann et al., 2015; Kearns et al., 2017). Previous studies
of daily variations of O2, pH, and temperature were primarily
conducted as point-measurement in the water column, following
the temporal variation over the course of the day. However, in-
situ data about the gradients, which may build up within this
shallow ecosystem, and their spatial and temporal dynamics are
lacking, and the causes of these extreme oxygen dynamics are not
fully understood.

Therefore, we investigated both the daily temporal and spatial
dynamics of O2, pH, and CO2 in shallow salt marsh tidal ponds,
highlighting the development of gradients across the sediment-
water interface. Using an automated profiling system with needle
optodes, high resolution vertical profiles of O2, pH, and CO2

were measured from the air-water interface, through the water

column and into the sediment, exploring the daily variation in
vertical gradients and their dependence on light exposure. The
investigations were conducted in situ and under controlled light
conditions in the laboratory.

METHODS AND MATERIALS

Study Site
The investigation of shallow salt marsh tidal ponds was
conducted in the high marsh of the Plum Island Estuary,
MA, USA (42◦44′19′′N,70◦50′48′′W; Figure 1A). Three closely
located soft-bottomed tidal ponds were investigated (Figure 1B).
The bottom of the tidal ponds was characterized by a thick
layer of photosynthesizing benthic microalgae (Figure 1C). The
ponds, which are located on the marsh platform, have an area
between ∼30 and 100 m2, and a shallow water-depth (<10 cm)
(Figures 1D–F).

Experimental Design
The overall scope was to elucidate the daily spatiotemporal
variations of O2, pH, and CO2 in shallow salt marsh tidal ponds
and to resolve the role of light as a controlling factor. A series
of five investigations were designed (Table 1). To investigate the
spatial variation, vertical profiles were measured with high spatial
resolution using an automated needle optode microprofiling
device. To account for the daily variation in the profiles, these
measurements were conducted in the morning, afternoon, and at
night. The impact of light on the spatial variationwas investigated
on cores from the field in a laboratory-study under controlled
light regimes. To further evaluate the temporal variation, a 24 h
time-series measurement was conducted in the same pond at a
fixed position in the water columnwith high temporal resolution.
Spatial variations within a pond and the influence of sea foamwas
studied in detail in a forth experiment, and in order to account for
differences among different tidal ponds, profiling was conducted
consecutively in three independent but closely located ponds
within a short timeframe.

All in situmeasurements were conducted in July 2018 on days
with clear skies, where the tidal ponds were directly exposed to
sunlight. All laboratory measurements were conducted in July
2017. The investigations focussed primarily on oxygen, which
was measured in all investigations, whereas pH and CO2 were
only measured in selected studies (Table 1).

Experimental Set-Up
The experimental set-up is shown in Figure 2. O2, pH, and CO2

profiling was conducted using a novel optode microprofiling
device from PreSens GmbH (Germany, www.presens.de) with
an Automated Micromanipulator (AM), needle-type optodes for
measurements of oxygen (PM-PSt7), pH (PM-HP5), and CO2

(PM-CDM1 prototypes), respectively. The sensors were pre-
calibrated by the manufacturer, rendering in situ calibrations
superfluous, which was an advantage, especially in the dark. Prior
to the in situ and laboratory investigations, the sensors were
tested against a known standard. Corrections were not necessary.
For in situ profiling, an aluminum stand (6 × 6 cm) holding the
Automated Micromanipulator and sensors, was mounted on 1m
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FIGURE 1 | Study site. (Top panel) Plum Island Estuary in Massachusetts, USA (Image: ©2018 Google. Image Landsat/Copernicus. Image U.S. Geological Survey.

Data SIO, NOAA, U.S.Navy, NGA, GEBCO) (A). Investigations were conducted in three closely located tidal ponds (image from Google Earth) (B). A thick layer of

photosynthesizing benthic microalgae covered the bottom of the tidal ponds (C). (Bottom panel) The three ponds investigated are located on the marsh platform.

Circles show close-up images of the sediment surface (D–F).

TABLE 1 | Overview of in situ and laboratory investigations conducted to determine the spatiotemporal variation of O2, pH, and CO2 in shallow salt marsh tidal ponds

and the role of light as a controlling factor.

Scope Conditions Parameters Spatiotemporal observations

1 Investigation of spatiotemporal variation over

the course of day

In situ O2, pH, CO2 Vertical profiles from water surface to anoxic sediment. Measured in

the morning, afternoon and night with a resolution of 300–1000µm.

2 Investigation of light control of spatial variation Lab. O2, pH Vertical profiles across the sediment-water interface with a resolution

of 150–250µm. Measured under different light regimes: 0, 25, 150,

350µmol photons m−2sec−1 PAR.

3 Investigation of temporal variation during a day In situ O2, pH Point measurements in the water column. Time-series - 24 hour.

Resolution:1 min−1

4 Investigation of internal spatial variation of O2

within a pond

In situ O2 Vertical profiles from water surface to anoxic sediment. Measured

around noon with a resolution of 300–1000µm under various

thickness of sea foam.

5 Investigation of spatial variation among different

tidal ponds

In situ O2 Vertical profiles from water surface to anoxic sediment. Measured

with a resolution of 300–1000µm within one afternoon.

long spikes and pushed into the soft sediment of the tidal ponds
securely fastening the microprofiling device in a stable position.
For laboratory profiling, the aluminum stand was mounted on a
heavy base plate.

For in situ profiling, the needle optode sensors were fastened
in a custom-made extended sensor holder allowing the sensor-
tips to reach the sediment, while the micromanipulator and its
electronics were kept at a safe distance from the water. All other
electronic components were packed inside a cooler for protection

from sun, rain, wind and sea-spray, and placed on a table out of
tidal range. A cardboard box inside the cooler functioned as a
shelf, and as a humidity buffer preventing condensation directly
on the equipment during the morning hours.

The system was operated from a laptop and powered by a
car-battery with a DC–AC power invertor (12–110 V).

Light and temperature in the water-column was measured
with a HOBO Pendant© Temperature/Light Datalogger.
Furthermore, light data of the photosynthetically active radiation
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FIGURE 2 | Experimental set-up for in situ microprofiling of O2, pH, and CO2. Equipment cooler: (1) Car-battery, (2) USB-hub, (3) O2-meter, (4) CO2-meter, (5)

pH-meter. Power inverter, 6-way socket, and individual power supplies are located under the cardboard box. Profiling device: (6) Sensor holder with sensor, (7)

Automated Micromanipulator, (8) Aluminum stand with spikes. In situ set-up: (9) profiling device, (10) laptop, (11) equipment cooler.

(PAR) was received from a nearby weather station (PIE LTER
Marshview Farm weather station). Salinity measurements were
performed using a refractometer.

Profiling
In situ vertical profiles were measured from the water-air
interface, through the water column, and into the sediment until
stable anoxic conditions were reached (Figure 3). The resolution
was adjusted to the O2 variability, measuring with 1,000 µm-
steps through the water column, and 300µm per step through
the sediment-water interface, where the O2 gradients became
steep. Each steady-state profile was conducted within 10–20min
depending on water depth.

In the laboratory, profiling was conducted in sediment cores
(Ø: 7 cm) and vertical profiles were measured from ∼1 cm
above to ∼1 cm below the sediment-water interface. The spatial
resolution was 500µm per step through the water column and
150µm per step through the sediment-water interface. During
profiling, the water column was kept in motion by gently letting
air stream over the water surface.

Due to a thick layer of fluffy benthic microalgae on top of the
sediment (Figures 1C, 3), the transition from water column to
sediment was not sharp, and therefore difficult to detect visually.
Consequently, the sediment-water interface was defined as the
top of the benthic microalgal layer and represents depth “zero,”
which was determined visually by lowering the white-colored
tip of the needle optode through the water until it reached
the top of the algal layer. The actual sediment surface below
the microalgae was not visible. In the profile, positive values
represent the water column, and negative values represent the
sediment including the benthic microalgae layer. This caused
the oxygen peaks generated by the benthic microalgae to be
located below depth “0” and replicate profiles to differ slightly
in height of the water column (Figure 3). Average water column

FIGURE 3 | Schematic overview of oxygen microprofiles in shallow tidal

ponds, here exemplified with an oxygen profile measured in the afternoon.

Microprofiling was conducted from the atmosphere through the water column

and layer of benthic microalgae into the sediment. Depth “zero” is defined as

the top of the microalgal layer.

concentrations, average benthic peak concentrations and oxygen
penetration depth was calculated from the profiles. The average
concentrations and average pH for the tidal ponds, which are
shown in tables in the results section, were calculated from the
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average of the profile-values at depth from 1 to 2 cm. Benthic peak
O2 concentrations were calculated as an average of the maximum
concentrations measured at the sediment-water interface, and O2

penetration depth was measured as the distance from the top of
the sediment-water interface (“depth 0”) to the depth, where the
sediment became anoxic. Conversion between % atmospheric O2

saturation and molar concentrations (µmol L−1) was conducted
compensating for temperature and salinity using conversion
equations from Weiss (1970). Oxygen fluxes across the diffusive
boundary layer (DBL) between the overlaying pond water and
the sediments were calculated from the linear DBL gradients of
the oxygen profiles according to Fick’s first law of diffusion:

J = D0 ×
dC

dx

Diffusion coefficients (D0) of seawater were derived from
Broecker and Peng (1974) and compensated for temperature
and salinity according to the Stokes-Einstein relation (Yuan-Hui
and Gregory, 1974). The fluxes therefore represent the diffusive
oxygen fluxes between the water column and the underlying
microalgae layer.

Investigations
1) In situ Investigation of Spatiotemporal Variations of O2,

pH, and CO2. Replicate O2 (n = 3) and pH (n = 2) profiles
were measured at different positions within a 30 cm radius
in the morning (07:30–09:30), afternoon (14:00–16:00) and at
night (00:30–02:30). CO2 sensors are sensitive to sulfide, which
is present in the sediment pore water, hence CO2 profiles
were only measured a short distance into the sediment and as
single profiles.
2) Laboratory Investigation of Light Control of the Spatial

Variations of O2 and pH. For investigation of the light
dependency of benthic O2 and pH dynamics, profiling was
conducted in sediment cores under different light regimes.
Light exposures were set to 0, 25, 150, and 350 µmol
photons m−2 s−1 photosynthetically active radiation (PAR),
respectively, and temperature was fixed at 20◦C and salinity
at 35‰. To assure equilibrium conditions, the cores were
exposed to each light setting for 6 h prior to profiling. Light
conditions were measured at the sediment surface with a
handheld light meter (LiCor LI-250). Sediment cores from
the study site were collected by hand using Plexiglas cylinders
(φ = 7cm). The cores were kept in a growth chamber
for 2 days prior to profiling investigation at 20◦C with a
12/12 h dark light cycle. The water columns were maintained
with water from the pond and aerated with an aquarium
pump. There were three independent replicate cores per light
treatment (n= 3).
3) In situ Investigation of Daily Temporal Variations of

O2 and pH. For investigation of temporal variation, needle
optodes for O2 and pH were placed in a fixed position at
a distance of 2 cm above the sediment-water interface. O2

and pH were monitored for 24 h at 1-min intervals. The
measurements included one tidal inundation.
4) Internal Spatial Variation of O2 Within Shallow Tidal

Ponds–The Role of Sea Foam. In the late morning, sea foam

developed on the water surface and accumulated on one side of
the pond depending on the wind direction, providing natural
light and wind shading of the water column and sediment
surface. For investigation of its impact on the spatial internal
variation in oxygen distribution, profiles were measured in
three locations in the pond with variable foam thickness. A
light logger was placed under the foam in order to determine
light penetrability to the sediment surface.
5) Investigation of Spatial Variations Among Independent

Tidal Ponds. In order to investigate the variation
between different tidal ponds, replicate O2 profiles (n =

3) were measured in three closely located tidal ponds
(Figures 1B,D–F). The ponds were investigated consecutively
in the afternoon within the shortest possible time-frame
(11:10–14:40) to assure comparable environmental conditions.

Statistical Analysis
Statistical analysis of differences among time of day (1),
light exposure (2), and different ponds (3), respectively, were
analyzed statistically using a one-way ANOVA with Tukey’s
HSD (α = 0.05) post hoc tests. The analyses were generated
using the Real Statistics Resource Pack software (Release 6.2,
www.real-statistics.com). Statistical analyses are limited to the
experiments where n ≥ 3.

RESULTS

1) In situ Investigation of Spatiotemporal Variations of

O2, pH, and CO2. The tidal ponds had high O2 dynamics
ranging from anoxic conditions inside the sediment to extreme
supersaturation. The largest concentration was 1,016 µmol
L−1 (460% atmospheric O2 saturation) measured at the
sediment water interface during themorning hours (Figure 4).

A thick layer of benthic microalgae was present on the
sediment surface (Figure 1C) resulting in a marked peak
in O2 and steep O2 gradients during daylight. The top of
the algal layer was defined as “depth zero” in the profiles,
and consequently the O2 peaks were located between 0 and
−10mm depth. The sediments were completely anoxic greater
−10mm depth. The gradients were restricted to the layer of
benthic microalgae and their DBL and did not extend into the
water column. The benthic O2 peaks were already established
in the morning (07:50) with a concentration of 886 ± 139
µmol L−1, and peaks remained in the afternoon, where the
oxygen was slightly lower 593 ± 177 µmol L−1. At night the
peak disappeared as the concentration dropped to 45.9 ± 3.6
µmol L−1, at the sediment-water interface. TheO2 penetration
depth, measured from the top of the microalgal layer, varied
over the course of the day from 10 and 7.6mm in the morning
and afternoon, respectively, to only 1.8mm at night (Figure 4).

The shallow water column showed little vertical variation in
O2, pH, and CO2. The average water-column O2 varied over
the course of the day. In the morning, the O2 concentration
was close to the atmospheric equilibrium 293 ± 47 µmol L−1,
but increased rapidly, which was demonstrated in the profiles,
where the concentration in the water column increased from
∼240 to ∼350 µmol L−1 in the consecutively measured
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FIGURE 4 | Spatiotemporal variations of O2, pH, and CO2 in a salt marsh tidal pond. In situ investigation. (Top panels) Vertical profiles of O2, pH, and CO2 measured

from the air-water interface through the water-column and into the sediment. Profiles were measured in the morning, afternoon and at night. (Table inlet) Table showing

average O2, pH, and CO2 conditions at different times of the day. Percent (%) refers to % O2 atmospheric saturation. CO2 measurements were not possible at night.

profiles. In the afternoon, the oxygen in the water-column
reached a supersaturated level at 404 ± 14 µmol L−1, which
also resulted in an O2 gradient building up at the water-air
interface. At night, O2 was depleted in the water column to
hypoxic conditions at an average of 45.7 ± 2.0 µmol L−1.
O2 fluxes between the sediment and the water column varied
accordingly with net average O2 fluxes of 1.48 ± 0.38, 0.77
± 0.51, and −0.11 ± 0.03 mmol m−2 h−1 in the morning,
afternoon and night, respectively. Oxygen fluxes changed by
an order of magnitude between day and night, underpinning
the strong benthic control on the O2 content of the shallow
water column (Figure 4).

For O2, a one-way ANOVA showed significant differences
between morning, afternoon and nighttime for water column

concentration (F = 104.8, p= 0.00001), O2 penetration depth
(F = 41.4, p = 0.0001), and benthic peak concentration
(F = 35.3, p = 0.0002). Post hoc tests (Tukey’s HSD α =

0.05) showed that water column concentrations in morning,
afternoon, and night were all significantly different (p≤ 0.007).
This was also the case for benthic O2 peak concentration
(p ≤ 0.05). For O2 penetration depth night conditions were
significantly different from both morning and afternoon (p
≤ 0.001).

The tidal ponds had a pH environment within the normal
range for marine sediments ranging from 5.8 to 8.7 over the
course of a day. In the water column, pH was highest in the
afternoon (7.3 ± 0.1), and was slightly lower in the morning
(6.5± 0.4), and at night (6.7± 0.1). In the morning, pH varied
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FIGURE 5 | Spatiotemporal variation of O2 and pH in salt marsh ponds under different light regimes. Laboratory investigation. (Top panels) Vertical profiles of O2 and

pH at light intensities of 0, 25, 150, 350 µmol photons m−2 s−1 photosynthetically active radiation (PAR). (Table inlet) Table of average O2 and pH conditions at

different light intensities. Percent (%) refers to % O2 atmospheric saturation.

between profiles in the water column, but in the afternoon
and at night the profiles were similar. Despite the high benthic
microalgal activity, there was no characteristic pattern for pH
at the sediment-water interface. In the afternoon, the profiles
varied markedly at the sediment surface showing both a peak
and decrease in pH. However, in the morning, when the algal
activity was highest, there was no corresponding variation in
pH. In the water column, the CO2 profile was vertically stable
at a concentration of ∼0.6 mmol L−1 in the morning, but by
the afternoon CO2 was completely depleted. CO2 accumulated
in the sediment showing steep gradients toward the sediment
surface. The nighttime CO2 profile was omitted, due to sensor
malfunction. No statistic analyses are available for pH and
CO2, due to low sample size (Figure 4).
2) Laboratory Investigation of Light Control of the Spatial

Variations of O2 and pH. In light (150 and 350 µmol m−2

s−1 PAR), oxygen accumulated at the sediment-water interface
reaching concentrations of 562± 67 and 576± 101µmol L−1,
respectively. In darkness and at very low light (0 and 25 µmol
m−2 s−1 PAR), there was no benthic O2 accumulation, and O2

concentrations declined across the sediment-water interface
and became anoxic within the first millimeters of the sediment.
Light had amarked impact on the O2 penetration depth, which
increased from ∼1.3mm in darkness and at very low light (0
and 25 µmol m−2 s−1 PAR) to 4.4 and 3.4mm at 150 and 350

µmolm−2 s−1 PAR, respectively (Figure 5). For O2, a one-way
ANOVA showed significant differences between light exposure
treatments for water column concentration (F = 78.7, p =

0.000003), benthic peak (F = 58.2, p = 0.00001) and O2

penetration depth (F = 5.8, p = 0.02). Post hoc tests (Tukey’s
HSD α = 0.05) showed that water column and benthic peak
O2 concentrations in 0 and 25 µmol m−2 s−1 PAR were
significantly different from 150 to 350 µmol m−2 s−1 PAR (p
≤ 0.0001). For the O2 penetration depth, 0 and 25 µmol m−2

s−1 PAR were only significantly different from 150 µmol m−2

sec−1 PAR (p ≤ 0.04).
pH in the water column varied between 7.2 and 7.4. From the
sediment surface to a depth of 6–8mm, pH slowly declined
by ∼0.2 pH units. Although the O2 profiles showed a marked
photosynthetic activity during light exposure, this activity did
not affect pH at the sediment-water interface, and no spatial
differences in the pH profiles were observed among different
light treatments (Figure 5). For pH no significant differences
were found between light treatments (F = 0.84, p= 0.5).
3) In situ Investigation of Daily Temporal Variation. From
mid-afternoon (∼15:00), O2 in the water column decreased
from an oversaturated level at 436 µmol L−1 (241% O2

atm. sat.) to 33 µmol L−1 (14 % O2 atm. sat.) at ∼23:00,
only interrupted by fluctuations during tidal inundations at
∼16:45. The nighttime O2 concentration remained at this level
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FIGURE 6 | Twenty-four hour time-series of the temporal variation in water

column oxygen, pH, temperature, light exposure, and salinity in a salt marsh

tidal pond. Transparent blue bar indicates the time-frame where the marsh

was flooded at high tide (A) Twenty-four h monitoring of oxygen and pH in the

water column 2 cm above the sediment surface. (B) Twenty-four hour

monitoring of temperature and light. (C) Water column salinity.

throughout the night, and the water column never became
anoxic. The O2 concentration began to increase drastically in
the early morning hours starting at 05:20, about 45min after
the break of dawn (04:30). The O2 concentration increased
to reach a maximum of 638 µmol L−1 (346% O2 atm. sat.)
at ∼10:00, about 3 h before the highest light intensity. The O2

concentration remained at this level for 1.5 h and subsequently
decreased to 495 µmol L−1 at 15:00, reaching a level very close
to the O2 concentration at which themeasurements began 24 h
earlier (Figure 6A).
From mid-afternoon (∼15:00), pH in the water column
decreased from 7.1 to 6.2 in the middle of the night
(∼04:00), only interrupted by fluctuations during a tidal

inundation. Subsequently, pH increased to 6.5, which was
reached at ∼10:00, after which it began to decrease again
and steadily decreased to 6.1 at 15:00 at the end of the
time-series measurements (Figure 6A). Temperature showed
marked daily fluctuations, ranging from 18 to 38◦C measured
at night (03:30) and in the afternoon (14:00), respectively
(Figure 6B). Salinity was 32‰ right after the tidal inundation
at 19:00. Subsequently, the salinity increased to 35‰ at
09:00 the following morning and reached 37‰ at 15:00
in the afternoon (Figure 6C). During the 24 h monitoring
period, there was one inundation at high tide in the
late afternoon (∼16:45). The subsequent high tide 12 h
later was too low to reach the marsh platform and the
tidal ponds.
O2 and pH were markedly affected by the tidal inundation.

On the incoming tide, tidal water was mixed with the

pond water column, lowering the oxygen concentration
and pH. During the short period at the peak of the tide,

where the water movement ceased, the oxygen and pH

returned to the conditions before the flood. This pattern

was repeated on the outgoing tide leaving a characteristic

“W”-pattern in the oxygen and pH time-series (Figure 6). In
contrast, the impact of flooding on temperature was negligible

(Figure 6).
4) Internal Spatial Variation of O2 Within Shallow

Tidal Ponds–The Role of Sea Foam. Oxygen profiles

were measured in situ; under a thick sea foam layer,

under a thin sea foam layer, and in an area with no

sea foam, respectively (Figure 7). Water column oxygen

was lower under the thick sea foam layer compared

to thin sea foam layers and no seafoam (Figure 7). A
light logger placed under the foam showed no light

penetrability through the thickest layers of seafoam, and a

marked reduction of light penetrability under the thin sea

foam layer.
5) Investigation of Spatial Variations Among Independent

Tidal Ponds. All three tidal ponds had similar O2

concentrations in the water column around 400

µmol L−1, and there were no significant differences
between tidal ponds (F = 0.12, p = 0.88; Figure 8).

All tidal ponds showed a peak in O2 concentration

at the sediment water interface. However, the peak

concentration differed among tidal ponds (F = 10.46,

p = 0.01), where pond 1 showed significantly larger

peaks than pond 2 and 3 (Tukey’s HSD–α = 0.05,
p ≤ 0.01).

DISCUSSION

Salt marsh tidal ponds are a unique environment characterized
by its distinct light, temperature, salinity and oxygen dynamics
during the summer-time (Figures 4, 6–8). In this study
conducted in July, oxygen varied daily from hypoxic conditions
at nighttime to highly supersaturated concentrations during the
daytime (Figures 4, 6) with peak concentrations at the sediment-
water interface reaching a maximum of 886 ± 139 µmol L−1

Frontiers in Environmental Science | www.frontiersin.org 8 October 2019 | Volume 7 | Article 13759

https://www.frontiersin.org/journals/environmental-science
https://www.frontiersin.org
https://www.frontiersin.org/journals/environmental-science#articles


Koop-Jakobsen and Gutbrod Oxygen Dynamics in Marsh Ponds

FIGURE 7 | Spatial variations in oxygen distribution within a salt marsh tidal

pond. Oxygen profiles were measured at three locations with increasing

thickness of sea foam and variable light penetrability: (1) no sea foam (65,000

± 1,000 lux−100% light penetration) (2) a thin seafoam layer (26,000 ± 9,000

lux−39% light penetration), and (3) a thick seafoam layer (150 ± 75 lux−0.2%

light penetration).

(391% O2 atm. sat.) during the morning hours (Figure 4). The
temperature swings in the water spanned from 16◦C in the
nighttime to 38◦C in the middle of the day (Figure 6). Due
to high evaporation, salinity also increased over the course of
the day, especially in the shallowest ponds, where salinities up
to 42‰ were observed (Figure 8). Despite these harsh living
conditions, tidal ponds provide an important ecological function
as a low-tide refuge for endemic salt marsh species (Raposa,
2008; Allen et al., 2017), and various fishes and shrimps were
observed in the ponds between tides during these experiments.
This study specifically targets shallow marsh tidal ponds with a
depth below 10 cm, high light penetrability and domination of
benthic microalgae on the sediment surface. In this way, these
ponds may share some of the characteristics of salt pannes.
However, in contrast to pannes, the water generally remains
between tides in these shallow tidal ponds, and thereby they also
share characteristics with the deeper ponds in the area.

Benthic Oxygen Dynamics
A thick layer of benthic microalgae covered the sediment surface
and controlled oxygen dynamics in the tidal ponds. The spatial
distribution of the microalgae was uneven and occasional wads
stretched into the water column (Figure 1C). The benthic algae
caused a high net oxygen production and fluxes into the water
column in light, and created a thick diffusion limited layer on top
of the sediment, where oxygen rapidly accumulated resulting in
characteristic peaks at the sediment-water interface during light
hours (Figures 4, 5, 7, 8). The opposite situation was present in
the nighttime, where the oxygen flux was reversed and oxygen
was taken up across the sediment-water interface resulting in a
hypoxic water column (Figure 4).

Both the in situ profiling (Figure 4) and the light dependency
measurements in the laboratory (Figure 5) showed that light

FIGURE 8 | Spatiotemporal variation of O2 in three independent, but closely located salt marsh ponds. Vertical profiles of O2 measured from the air-water interface

through the water-column and into the sediment. Profiles were measured consecutively within a 2.5 h period; (Top panel) pond 1 (Time: 11:10–12:30), pond 2 (Time:

12:45–13:45), and pond 3 (14:00–14:45). (Table inlet) Table of the average O2 and pH conditions. Percent (%) refers to the % O2 atmospheric saturation.
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controlled the oxygen penetration depth that varied from a few
millimeters at night and up to 10mm in the morning, where the
oxygen production was highest. As depth “zero” was the top of
the microalgae layer, the oxygen penetration depth represents
oxygen penetration through the microalgae layer as well as
the sediment. The diminishing gradients at the sediment-water
interface were steep, and in the morning, oxygen went from peak
concentrations of 886± 139 to 0µmol L−1 over a distance of only
∼6mm indicating that the sediment has a high oxygen demand
(Figure 4).

High photosynthetic benthic oxygen production was present
even at low light intensities, and the development of benthic
oxygen peaks occurred at light intensities as low as 150 µmol
m−2 s−1 PAR and did not increase at higher light intensities
(Figure 5). This indicates that the benthic microalgae reach their
maximum photosynthetic capacity at very low light levels. In situ,
this light level was reached at ∼06:00 in the morning, which
also coincided with the time where the water column oxygen
concentration began to increase rapidly after being low during
the nighttime (Figure 6).

The benthic peak oxygen concentration was highest in
the morning. In the afternoon, the average oxygen peak was
slightly lower (Figure 4). Previous studies have demonstrated
photoinhibition of benthic microalgae in salt marshes in full
sunlight (Whitney and Darley, 1983), and it is likely to
have played a role lowering the afternoon benthic oxygen
production. Furthermore, the temperature increased about 10◦C
from the morning to the afternoon, which likely increased the
microbial oxygen demand, and contributed to the lower peak
concentrations. This also markedly lowered the oxygen flux from
the sediment surface to the water column.

Water Column Oxygen Dynamics
Photosynthesis and respiration of benthic microalgae and
sediment determined the oxygen saturation state of the bulk
water column, creating net supersaturated conditions during the
day and hypoxic water column conditions during the nighttime
(Figures 4, 6).

In situ, the water column was characterized by a vertically
stable oxygen concentration without gradients (Figures 4, 7, 8).
Gradients were spatially restricted to the benthic microalgae layer
and the water-atmosphere interface, and did not extend into
the water column. The lack of gradients building up from the
bottom indicates that the water column is well-mixed. This was
likely facilitated by a combination of wind-driven mixing and
turbulence from actively swimming fauna in the ponds.

The water column oxygen concentration varied over the
course of the day, spanning more than an order of magnitude.
However, even though the oxygen dynamics was proven to be
tightly coupled to light availability in the laboratory experiments
(Figure 5), in situ, the daily temporal oxygen variation was
skewed compared to the daily variation in light availability
(Figure 6), indicating that other factors also influenced the
oxygen variation in the ponds. In the morning, oxygen increased
rapidly from 33 to 638 µmol L−1 within a short 5-h period,
but reached the maximum oxygen concentration at 10:00 at a
light intensity of ∼1,000 µmol m−2 s−1 PAR, approximately

3 h before the light intensity reached its maximum (Figure 6).
This rapid increase was also reflected in the morning oxygen
profiles, where the water column oxygen increased continuously
in four consecutively measured profiles (Figure 4). Subsequently,
the oxygen concentration decreased slowly for more than 12 h
over the afternoon and evening (Figure 6). This discrepancy
between the oxygen dynamics and light availability can be
caused by multiple factors. The oxygen flux from the sediment
surface was markedly lower in the afternoon showing a more
than 50% reduction in the oxygen export from the microalgae
layer to the water column compared to the morning (Figure 4).
This was likely due to a combination of factors including
photoinhibition and increased respiratory demands at higher
temperatures. Furthermore, a recent study has shown that gas
exchange via gas bubbles (ebullition) also influences oxygen
dynamics in salt marsh tidal ponds (Howard et al., 2018),
facilitating a route of oxygen exchange between the sediment
surface and the atmosphere that bypasses transport of dissolved
oxygen through water column. In the present study, gas bubbles
were also observed developing at the sediment water interface.
Hence, ebullition, driven by high biological oxygen production
and a marked increase in temperature, lowering saturation
state of dissolved gases, is expected to have played a role in
oxygen exchange lowering both oxygen concentrations in the
water column and the peak concentration at the sediment-water
interface in the afternoon (Figures 4, 6).

The development of seafoam on the water-surface generated
a horizontal variation in the vertical oxygen profiles within the
ponds. The seafoam had a marked impact on light penetration to
the sediment surface. However, only under the thickest layer of
seafoam, where light penetration was almost completely blocked,
were the oxygen profiles affected, showing a lower concentration
in the water column (Figure 7). This supports the findings of
the light dependency study, showing that the benthic microalgae
community is able to maintain high oxygen production even
under reduced light conditions (Figure 5). The development of
seafoam also has an impact on pond ecology. Studies have shown
that meiobenthic swimmers in intertidal zones change their
behavior in response to the formation of sea foam, accumulating
under the foam using it for shading and hiding (Armonies,
1989, 1991). It is possible that the shaded sea foam areas, in
addition to providing shade, may also function as a refuge from
the highly supersaturated oxygen conditions, which can be toxic
to aquatic animals stimulating the generation of free radicals
(Sebert et al., 1984; Lushchak and Bagnyukova, 2006).

The characteristic oxygen profiles in light; with highly
supersaturated water columns and benthic peaks restricted
to microalgae layer at the sediment water interface, were
reproducible across ponds (Figure 8). There was some variation
in the benthic peak concentrations, penetration depth, and
oxygen fluxes, possibly caused by the time lag between
measurements, but the water column oxygen concentrations
were very similar across ponds (Figure 8). Based on these similar
patterns in spatial oxygen distribution across different ponds, the
in situ profiles described in this study (Figures 4, 5, 7, 8) were
found to be generally representative for shallow salt marsh ponds
in the area.
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pH and CO2
The water column was well-buffered, and despite the intense
photosynthetic and respiratory activity changing over the course
of day, the pH showed attenuated fluctuations and did not
reach extreme values, ranging from 6.2 to 7.1 in the time-series
study (Figure 6) and 6.5–7.3 in the in situ profiles (Figure 4).
pH in the water column followed a similar trend as O2,
decreasing in the afternoon and increasing in the morning
(Figure 6). Increased photosynthetic activity at the sediment-
water interface had no direct effect on pH, neither in the
in situ profiles (Figure 4) nor in response to increasing light
conditions (Figure 5). The afternoon in situ profiles showed
some unusual pH activity at the sediment surface, but the two
profiles show opposite trends and no conclusions can be drawn
on these observations.

Carbon dioxide (CO2) accumulated in the sediment resulting
in steep gradients at the sediment-water interface spatially
aligned with the benthic O2 peak. The sediment therefore
fulfills an important function in the tidal ponds as a
CO2 reservoir for the benthic primary production as the
water column was almost devoid of CO2 in the afternoon
(Figure 4). This supports previous observations from deeper
tidal ponds in the same marshes, where Spivak et al.
(2018) found a significant DIC efflux from the sediment to
the water.

The Impact of Tidal Flooding on O2, pH,
and Temperature
Tidal inundation had a high, but short-lived, impact on oxygen
and pH (Figure 6), which was restricted to the period of the
flooding, which lasted 3 h (16:45–19:45). It is noteworthy that
after the flood and even during the peak of the flood, where the
water is stagnant, the pond O2 and pH immediately returned
to the previous conditions, showing that the driving factors
internally in the pond exert a strong control on the pond
biogeochemistry. The impact of flood tides is likely to change
at different times of the day, as the difference in oxygen, pH,
and temperature between tidal water and pond water may
be different.

Differences Between in situ and
Laboratory Profiles
In the field, the benthic oxygen peaks were restricted to the
layer of benthic microalgae. In the laboratory investigations,
the benthic oxygen peak extended slightly higher into the
water column (Figures 4, 5, note the different y-axis scales).
This was likely caused by the less excessive artificial stirring
of the water column in the laboratory, increasing the DBL
thickness, and partly by differences in the visual determination
of the sediment-water interface. In the laboratory, the sediment
surface could be determined visually close-up from the side
of the core. In the field, the visual determination occurred
from above and at a distance. This may have resulted
in differences in the perception of the location of the
sediment-water interface (“depth 0”) between the in situ and
laboratory investigations.

Comparison to Other Studies of Oxygen
and pH in Salt Marsh Tidal Ponds
Only a few other studies have investigated oxygen dynamics

in salt marsh tidal ponds. In the Plum Island Estuary, where

the present study was also conducted, Spivak et al. (2017),
investigated the biogeochemistry of the deeper ponds in the area

(depth: 25–40 cm) and found the largest oxygen variation in

July ranging from supersaturated concentrations of 625 µmol
L−1 at noon to 0 µmol L−1 in the night time, while the daily

variation was lower in the fall. This indicates that the daily

oxygen variation also has a seasonal variation and that the

oxygen dynamics presented in the current study was measured
at the time of the year with the highest oxygen variation. It is

noteworthy that Spivak et al. (2017), found the deeper ponds to
become anoxic at night, whereas the shallower ponds investigated

in the current study reached hypoxic conditions, but did not

become anoxic. It is likely that the shallow depth combined

with high wind exposure causes mixing that prevents anoxia in
the water column. Similar oxygen dynamics were observed in

shallower ponds of the Ria de Aveiro salt marshes in Portugal,

where Lillebø et al. (2010) found oxygen concentrations to reach
a maximum of 250 µmol L−1 in June, and also here did the

oxygen decrease at night, but it did not reach anoxic conditions.

In other areas, Salman et al. (2015) measured O2 profiles in
the laboratory on cores from ponds in Sippewissett marsh,

Massachusetts, USA, and foundmarked differences between light
and dark conditions. Smith and Able (2003) observed similar
diurnal oxygen variation in tidal ponds of New Jersey marshes,
with peak concentration in the water column occurring in the late
afternoon. These observations are consistent with the findings in
the current study.

pH generally shows very attenuated fluctuations in tidal marsh
ponds. Lillebø et al. (2010) found small variations around a pH of
7.5 in the Ria de Aveiro salt marshes. Catallo (1999) investigated
pH directly at the sediment surface and found very little pH
variation at the sediment surface in a Louisiana marsh tidal
pond, despite marked changes in water redox potential. These
observations of O2 and pH are consistent with the finding of
the present study showing a dynamic oxygen environment with
marked swings between day and night, but with well-buffered pH
conditions showing only minor pH fluctuations.

In other ponds of the Plum Island Estuary marshes with a
depth of ∼20 cm, Kearns et al. (2017) demonstrated that short-
term changes of environmental conditions can alter the structure
of active microbial communities in the water column, whereas
the sediment showed low variation of the abiotic environmental
conditions and a stable active microbial community. Similar
impact on the microbial community is expected to occur in the
ponds investigated in the current study. Our detailed profiling
of the vertical oxygen distribution revealed a 1 cm layer right
around the sediment surface, with the most drastic variation in
oxygen. Within this layer, the extreme oxygen variation could
have a unique impact on the microbial community, which should
be emphasized in future studies.

In situ data on oxygen fluxes for salt marsh tidal ponds are
lacking in the literature, but the oxygen fluxes measured in
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FIGURE 9 | Comparison of oxygen profiles in the sediment from different marsh habitats during daylight conditions. (Top panel, Left) Oxygen profiles from the Parker

River in the Plum Island Estuary, MA, USA from a freshwater and saltwater-dominated area, respectively (Laboratory core profiling, July 2015). (Mid) Oxygen profiles

from three locations on vegetated marsh platform; creekbank and two locations in the low marsh, near, and far from the creekbank. Great Sippewissett Marsh, MA,

USA (in situ profiling July 2016). (Right) Oxygen profiles in shallow tidal ponds (this study, afternoon profiles) (Bottom panel): Cross section of salt marsh ecosystem,

schematically depicting the different habitats, where oxygen was profiled; tidal river, marsh platform, and tidal ponds.

this study were on the same order of magnitude as reported
from other marsh habitats. Low marsh sediments showed a net
oxygen uptake also during the day time with a net flux of 0.58
mmol m−2 h−1 in Nova Scotia marshes (Schwinghamer et al.,
1991) and 0.9 mmol m−2 h−1 in Australian marshes (Brodersen
et al., 2019). In tidal marsh creeks, oxygen uptake rates were
found ranging from 0 to 3.2 mmol O2 m−2 h−1 (Macpherson
et al., 2007). In comparison, the oxygen fluxes of shallow tidal
ponds are markedly more dynamic and driven by photosynthetic
activity of the benthic microalgae, which resulted in oxygen
fluxes out of the sediment in the daytime and oxygen uptake at
night. In this way, the oxygen dynamics in shallow tidal ponds
more resembles the oxygen dynamics found on intertidal flats
(Magalhäes et al., 2002; Denis and Desreumaux, 2009; Jansen
et al., 2009).

The tidal pond oxygen profiles differed markedly from other
marsh habitats (Figure 9). In preceding studies also conducted
with needle optode profiling under daylight conditions in July
of 2015 and 2016, we measured oxygen profiles in situ on the
vegetated marsh platform of Great Sippewissett Marsh (MA,
USA), and in sediment cores from the Parker river in the Plum
Island Estuary (MA, USA). On the marsh platform, oxygen
penetration was high on creek banks, where drainage is high,

going down to ∼60mm, but decreased further up on the
platform to <10mm, where the sediment is more permanently
waterlogged. The sediment surface was air-exposed and the
top sediment was always near atmospheric O2 concentrations
(Figure 9). This is consistent with other studies demonstrating
that the typical oxygen profile in the top sediment of the vegetated
marsh platform follows a steady decrease from atmospheric
saturation at the surface to anoxia within the first 1 cm (Holmer
et al., 2002; Brodersen et al., 2019). Below the top 1 cm, the
sediment was anoxic on the marsh platform (Figure 9). This is
also consistent with previous studies demonstrating that even
though the Spartina-plants on marsh platform are capable of
translocating oxygen and generating oxic root zones (Maricle
and Lee, 2002; Koop-Jakobsen et al., 2018), it has limited impact
on the bulk rhizosphere sediment that remain anoxic in the
summertime (Koop-Jakobsen et al., 2017). In the permanently
inundated sediment of the tidal river, the oxygen penetration
was very shallow reaching <2mm into the sediment, and there
was no increased oxygen production at the sediment-water
interface. Hence, with the highly supersaturated conditions of the
bulk seawater and distinct oxygen peak at the sediment-water
interface during the day, the tidal ponds have a markedly
different spatial distribution of oxygen compared to other marsh
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habitats, and its impact on the microbial community and benthic
biogeochemistry needs further attention.

Perspective
In many North American marshes, tidal ponds are increasing in
numbers and areal coverage in response to increased disturbance
of the vegetation. A wide range of natural and anthropogenic
impacts, including sea-level rise, diching, and dredging; are
contributing to this process (Kirwan et al., 2008; Millette
et al., 2010; Wilson et al., 2014; Schepers et al., 2017). Hence,
salt marsh tidal ponds may play a more prominent role in
salt marsh ecosystems in the future. Consequently, getting a
better comprehension of the biogeochemistry in this unique
environment is essential for understanding the impact it may
have on key ecosystem services; such as nutrient retention and
carbon sequestration. Our study demonstrates that tidal ponds
comprise a marsh habitat with distinctive spatiotemporal oxygen
dynamics driven by benthic respiration and photosynthesis,
which is primarily controlled by the light exposure of the
sediment surface. These conditions differ from the surrounding
vegetated marsh, where the sediment surface is shaded by a
vascular plant canopy and directly exposed to the atmosphere.
Consequently, an increased coverage of tidal ponds on the
vegetated marsh platform is likely to alter the overall salt
marsh biogeochemistry; to a system with more dynamic oxygen
conditions, switching from high oxygen production at the
sediment surface during the day to high oxygen demand at night.
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Wetlands and their ability to mitigate climate change motivates restorative and protective

action; however, scientific understanding of land-atmosphere interactions is restricted

by our limited continuous observations of gaseous fluxes. Many wetlands are small

in spatial scale and embedded in forested landscapes. Yet, little is known about how

the relative sheltering of forests affects net carbon (C) and energy balance. Here, we

analyze coterminous USGS and Ameriflux eddy covariance flux tower observations over

3 years in two shrub fens in Northern Wisconsin, one more sheltered (US-ALQ) than the

other (US-Los). Unsurprisingly, the open site showed higher overall wind speeds. This

should have implications for atmospheric fluxes in wetlands as wind-forced processes are

essential in promoting gas exchange over water. While both sites had similar half-hourly

net ecosystem exchange of CO2 (NEE) during daytime, there were significant differences

in nighttime NEE, as well as in net radiation partitioning in early spring and late summer.

Sensible heat (H) fluxes were smaller at the sheltered fen except for the months of

July–September. In contrast, latent heat (LE) fluxes were higher in every month except

July. Additionally, sheltered fen ecosystem respiration had a weaker linear correlation

with air temperature (R: 0.08 vs. 0.57 for the open fen). Our work suggests that canopy

sheltering does not cause significant differences in half-hourly NEE during the day, but

rather the largest differences such as lower CO2 emissions occur at nighttime due to

higher variance at very low wind speeds. Sheltering also influenced direction of air flow,

mean wind speeds in day vs. night, energy balance, and sensible and latent heat fluxes.

We discuss implications of these findings for wetland restoration.

Keywords: fens, fluxes, carbon, wind, wetlands

KEY POINTS

- Because wetlands are often small and embedded in forested landscapes, wind sheltering may
influence land-atmosphere fluxes uniquely in wetlands.

- Eddy covariance estimates show similarities in half-hourly NEE from 7:30 am to 4:30 pm between
sites, but higher NEE at an open fen (US-Los) than sheltered fen (US-ALQ) at night.

- Lower sensible heat (H) and higher latent heat (LE) during most of the growing season suggests
sheltered fens offer more surface cooling than open fens.
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INTRODUCTION

Wetland comparison studies often seek to understand gaseous
fluxes according to wetland classification type, i.e., marsh,
forested wetland, shrub etc. (Bernal and Mitsch, 2012; Turetsky
et al., 2014; Coffer and Hestir, 2019). Others aim to resolve errors
in upscaling due to heterogeneous land cover (Desai et al., 2007;
Xiao et al., 2011; Aurela et al., 2015). Studies that focus solely on
the effects of sheltering of wetlands through forests are limited.
Yet, sheltering is important in many wetlands which are small in
size and surrounded by forest.

Co-located flux towers in a sheltered and open fen with
overlapping observations would allow us to test the role that
sheltering has on carbon (C) uptake and energy balance as
indicated by Bowen ratio [sensible heat flux (H)/latent heat
flux (LE)]. Two eddy covariance flux tower sites, Lost Creek
(US-Los) and Allequash Creek (US-ALQ), are used here to
yield comparisons of gas exchange over wetlands in Northern
Wisconsin and provide an opportunity for a more in-depth look
than laboratory studies or large-scale syntheses.

One laboratory-based study on gas exchange in marshes with
emergent vegetation concluded that thermal convection is a
more important driver than wind for CO2 (carbon dioxide)
exchange over surface water (Poindexter and Variano, 2013).
Although gas transfer velocities in the model wetland did not
depend on in-canopy wind speed, gas transfer velocities were
positively correlated with wind speed and were greater than gas
velocities predicted by thermal convection alone when mean in-
canopy wind speed surpassed field-observed values (4.1 ms−1

mean wind speed above canopy, with in-canopy gusts up to 1.7
ms−1). Another study on wind sheltering of a lake by a tree
canopy or bluff found that the inhibition of shear stress as a
result of sheltering could be measured at a distance of 50 times
the canopy height downwind from the canopy (Markfort et al.,
2010). Results were the same for both wind tunnel and field
experiments. Downstream wind velocity profiles took longer to
recover from the sheltering effect of the canopy and were affected
by the shape of canopy elements and canopy porosity.

Shade provided by canopies has been shown to alter the energy
balance. In a 2009 study on agroforesty in coffee plantations,

plants with no shade experienced higher temperatures and less
relative humidity than plants at sites with low, medium or high
shade (Lin, 2010). Average yearly potential transpiration for
plants at a low shade site was also significantly higher than
for those at medium and high shade sites. Plants at the low
shade site lost significantly more water than those at the medium
and high shade sites due to plant evaporative demand and soil
evaporative demand rates. Plant transpiration demand had a
close relationship with seasonality and shade, and further varied
with changes in microclimate. Following these outcomes, lower
LE would be expected at the open fen as a consequence of
less shade.

Wetlands emit small amounts of C in winter, but accumulate
C in the summer months as a result of vascular plant
activity and the gradual accumulation of peat created by
submerged and anaerobic water conditions. Previous wetland
studies have synthesized global flux data to quantify wetland

carbon accumulation (Gorham, 1991; Bridgham et al., 2006)
and have outlined CO2 flux responses to water table level
and air temperature (Sulman et al., 2010; Pugh et al., 2017).
Since high winds promote evaporation from surface water and
can decrease humidity, one might expect differences in energy
balance between sheltered and open fens.

Comparative studies of LE and daily total evapotranspiration
(ET) in wetlands tend to attribute differences between open
and closed canopy sites to vegetation type and growth phase of
dominant vegetation (Brown et al., 2010) as well as incoming
solar radiation and albedo (Lafleur and Rouse, 1988), but
also surface wetness or soil moisture (Lafleur, 1990b). The
study by Lafleur (1990b) suggested that the impact of canopy
sheltering is not fully offset by transpiration from aquatic
vegetation, resulting in lower ET at shaded sites compared to
sites with open water. On the contrary, a study by Drexler
et al. (2004) determined that transpiration contribution from
plants can exceed evaporation over an open water surface in
wetlands in some cases. Evidently, literature does not show a
consensus regarding whether evaporation or transpiration is
more influential. Results are site-specific (Mohamed et al., 2012).

Regardless of whether transpiration or evaporation
contributes more, LE dominates surface heat balance in
wetlands, leading to a Bowen ratio less than one. Dense
vegetation, large leaf surface area, high soil moisture, and surface
roughness are also conducive to high LE. However, there are
other factors that influence transpiration including canopy size,
plant species, climate, measurement method, and plant density
(Crundwell, 1986).

A number of environmental factors not previously mentioned
that have been shown to control net ecosystem exchange (NEE)
of CO2 in various types of ecosystems include substrate quality,
light quality, and incoming solar radiation (Rg). Low water
table level and stream flow can also alter emissions in fens
(Chimner and Cooper, 2003; Drewer et al., 2010; Sonnentag
et al., 2010). For example, vascular plants can emit more CO2

when water levels are low but can also have specific water
levels where CO2 uptake is optimized. Streams will alter eddy
covariance estimates of NEE by discharging CO2 that would have
otherwise been sequestered in peat (Billett et al., 2010; D’Acunha
et al., 2019). In this study, we considered how nighttime air
temperature influences NEE at each site. Site-specific responses
of CO2 uptake to air temperature have clear implications in a
changing climate.

Here, we compared wind variability, CO2 flux, Bowen ratio,
and nighttime NEE-air temperature sensitivities of two co-
located eddy covariance flux towers to understand how sheltering
might alter the energy balance and carbon cycling of wetlands.
We then test the hypothesis that increased surface roughness
from nearby trees leads to lower wind speeds in sheltered
wetlands. Lower wind speeds would then promote weaker net
CO2 uptake and ET at sheltered wetlands. Shading should
further contribute to lower ET and CO2 flux at sheltered sites.
Despite differences in sheltering, ecosystem properties such as air
temperature sensitivity of NEE should be similar.

Through our analyses, we attempt to answer the
following questions:
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(1) What is the role of landscape sheltering on wetland
ecosystem characteristics and energy balance?

(2) What is the effect of sheltering on channelized flow, mean
wind speeds (day vs. night), mean latent heat flux, and daily
CO2 cycle?

(3) What do the wetland-atmosphere interactions observed
in this study imply for wetland restoration and
climate adaptation?

METHODS

Site Descriptions
The most common wetlands in Wisconsin are freshwater
marshes, sedge meadows, aquatic beds, forested, and scrub/shrub
wetlands (Wisconsin Department of Natural Resources., 2017b).
Categorization of wetland type is according to soil type,
vegetation, and degree of saturation. The two wetlands referred
to in this study are mosaics of sedge meadow, forested, and
scrub/shrub wetland. They are located∼29 km apart.

To assess the amount of open area at each wetland,
we measured the area of conjoined pieces of land that
were not visibly forested and did not contain dense shrub
vegetation within a specific radius. Aerial imagery was taken by
United States Department of Agriculture Farm Service Agency
and accessed via Google Earth Pro (Google earth V 7.3.2.5776,
2016a,b). The radius was equal to 100 times the tower height,
representing a maximum likely flux footprint or influence area
for each site (Schmid, 2002). Small, isolated patches of open
land were not included in the calculation. At the sheltered fen,
open area was located along the stream (Figure 1A). At the
open fen, open area followed the stream and extended outwards
(Figure 1B). We also considered land cover classifications within
the radius. Land cover classifications that accounted for less
than one percent of the area within the circle were not
included in the pie charts (Figure 2). Soil at both sites was
categorized as wet palustrine soil unless otherwise stated. Specific
land cover classifications were determined using the Wisconsin
Wetland Inventory maps in the Surface Water Data Viewer
web mapping application (Wisconsin Department of Natural
Resources., 2017a). Wisconsin DNR completed the statewide
map in 1984. The classification system is explained in the
Wisconsin Wetland Inventory Classification Guide (Wisconsin
Department of Natural Resources., 1992).

A detailed description of the sheltered fen (US-ALQ) can be
found in Anderson and Lowry (2007). The 32 ha fen is situated in
Trout Lake Basin in northern WI (46.030759, −89.606730). It is
part of the National Science Foundation’s North Temperate Lakes
Long-Term Ecological Research (NTL-LTER) as well as the US
Geological Survey’s Water, Energy and Biogeochemical Budgets
Program (WEBB) Trout Lake site. The soil comprises outwash
sand and gravel atop crystalline bedrock. Due to the glacial
outwash, the soil is highly conductive and promotes groundwater
discharge to the nearby creek. A headwater stream, Allequash
Creek, flows from the southeast to the northwest through the fen.
The eddy covariance flux tower is located along the stream which
is surrounded by tree stands to the northeast and southwest that

create a “valley” and cause channelized flow in the direction of
the stream (Figure 1A).

The valley of the sheltered fen is ∼140m wide adjacent
to the tower. Land cover in the valley is classified as a mix
of broad-leaved evergreen scrub/shrub wetland and narrow-
leaved persistent (cattail, grass, or sedge) emergent/wet meadow
(Figure 2A). The mix of sedge and shrubs lining Allequash Creek
comprises∼17% of the area under consideration at this site. The
rest of the sheltered fen is comprised of broad-leaved scrub/shrub
wetland (30%) and coniferous forested wetland (16%). Land
cover not classified as wetland appears to be forested with some
shrubs at the outskirts of the study region. Approximately 29% of
the study area is open.

A detailed description of the more open-in-scale fen (US-Los)
can be found in Sulman et al. (2009) and Pugh et al. (2017).
The tower is positioned adjacent to Lost Creek in North Central
Wisconsin, USA (46.082777, −89.978611). As stated in Sulman
et al., this wetland is representative of many minerotrophic
wetlands in the Great Lakes region because of its long and narrow
shape and proximity to a stream or river (2009). Long, narrow
wetlands such as these have higher ET than more dispersed
wetlands as a product of ventilation though a small, isolated plant
canopy (Drexler et al., 2004).

Vegetation cover at the open fen is predominantly classified
as broad-leaved deciduous scrub/shrub wetland (20%), with 15%
located in a floodplain complex and the rest in wet palustrine
soil (Figure 2B). The open fen also consists of dispersed portions
of needle-leaved forested wetland (10%) among fragments
of broad-leaved deciduous scrub/shrub wetland and narrow-
leaved persistent (cattail, sedge, or grass) emergent/wet meadow
(9%). Approximately 45% of the study area is completely
open (Figure 1B).

Flux Instrumentation
Instrumentation at the sheltered fen included a sonic
anemometer (Campbell Scientific, Inc., Logan, UT, CSAT-
3), open path infrared gas analyser (LiCor, Inc., Lincoln, NE,
LI-7500A), and air temperature and humidity measurements
(Campbell Scientific, Inc., Logan, UT, Vaisala HMP45C
platinum-resistance thermometer). Solar radiation (Rg) was
not measured at this location during the time of study. Rg was
replaced with data from the open fen. Air temperature and vapor
pressure deficit (VPD) were gap-filled with data from the open
fen. The tripod eddy covariance tower at the sheltered fen is
∼2.4 m tall.

Instrumentation at the open fen included a sonic anemometer
(Campbell Scientific, Inc., Logan, UT, CSAT-3), open path
infrared gas analyser (LiCor, Inc., Lincoln, NE, LI-7500A),
temperature/relative humidity sensor (Campbell Scientific, Inc.,
Logan, UT, CS215), radiation sensor (Kipp & Zonen North
America, Sterling, USA, Kipp-Zonen CNR4), and quantum
sensor which measures photon flux (LiCor, Inc., Lincoln, NE, LI-
190). The tripod eddy covariance tower at the open fen is ∼10m
tall. Both towers collected data at a frequency of 10Hz, which was
then averaged every half hour after processing.
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FIGURE 1 | Pins represent tower location. Scales for each site are located at the bottom right of each aerial photo. Circles indicate flux footprints. (A) Aerial imagery of

sheltered fen US-ALQ (Google earth V 7.3.2.5776, 2016a). Radius: 238m. (B) Aerial imagery of open fen US-Los (Google earth V 7.3.2.5776, 2016b). Radius:

1,033m.

FIGURE 2 | (A) Land cover classification at the sheltered fen (US-ALQ). (B) Land cover classification at the open fen (US-Los). Blue, needle-leaved forested (any

coniferous trees) and broad-leaved deciduous scrub/shrub wetland; bright green, needle-leaved forested wetland (any coniferous trees); light brown, broad-leaved

evergreen scrub/shrub wetland and narrow-leaved persistent (cattail, sedge, grass) emergent/wet meadow; yellow, broad-leaved scrub/shrub (deciduous or

evergreen) wetland; gray, not wetland; dark green, needle- and broad-leaved forested wetland (evergreen, coniferous, or deciduous), light green, needle-leaved

forested wetland (and coniferous trees); dark brown, broad-leaved deciduous scrub/shrub wetland.

Quality Control
The datasets analyzed in this study both begin onApril 11th, 2015
and end on April 25th, 2017.

Eddy covariance flux data for the sheltered fen were calculated
using EddyPro software (Olson, 2018). Eddypro calculates
quality flags for sensible and latent heat, momentum, and gas
fluxes using the steady state test and the developed turbulent
conditions test (Foken and Wichura, 1996; Foken et al., 2004;
Göckede et al., 2008). For more information on the specific tests,
see cited literature.

Outliers were removed after processing with EddyPro.
NEE outliers were values over 20 or under −50 µmol m−2

s−1. Outliers of LE were values >600 or <-100W m−2.
Outliers of H were values >600 or <-300W m−2. Low-
quality NEE, LE, and H data (quality control flag = 2) were
also removed.

Missing and screened flux data from both sites were gap-
filled using the Marginal Distribution Sampling technique, which
was selected as the standard method of FluxNet. Marginal
Distribution Sampling involves estimating missing flux values
using a moving look-up table, based on Rg, Tair or Tsoil, VPD,
and NEE from surrounding days. More information on the
specific technique is outlined in Reichstein et al. (2005) and
Wutzler et al. (2018). U-star filtering and daytime-based flux
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partitioning (Lasslop et al., 2010) was performed on REddyProc
using the moving point test and continuous seasoning from
December of the previous year to January and February.

Only considering the data that we used during the study,
the sheltered fen (US-ALQ) originally had 50.52% missing
NEE (44.75% of daytime, 58.19% of nighttime). After gap-
filling, this number was reduced to 24.79% (23.16% of daytime,
26.96% of nighttime). The amount of data that was gap-filled
totalled 25.72%.

Half-hourly flux data for the open fen were downloaded from
Ameriflux (Desai, 2017). The open fen (US-Los) originally had
33.41% missing NEE (25.29% of daytime, 44.38% of nighttime).
After gap-filling, this number was reduced to 0% for both daytime
and nighttime. The amount of gap-filled data at the open fen
was 33.41%.

All statistical analysis was performed using growing season
data from both sites because it had the most reliable, continuous
flux data. “Growing season” in this study refers to a rough
estimate of carbon uptake period, from April 1st to October 31st.
This estimate is similar to carbon uptake periods used in other C
flux studies in North America (Frank and Dugas, 2001; Raczka
et al., 2013). NEE calculations were also performed for spring,
summer, and fall. Spring was defined as April 1st to June 15th.
Summer was June 16th to August 31st. Fall was September 1st
to October 31st. The year with the least amount of missing data
during both day and nighttime for the sheltered fen was 2016. As
a result, data from 2016 were selected for full-year comparisons.

Analysis
Eddy covariance half-hourly turbulent flux measurements are
temporally auto-correlated, have a double-exponential error
distribution, and heteroskedastic error (Richardson et al., 2006).
However, averaged NEE over the daily scale, or analysis of large
sample sizes tends to converge to Gaussian behavior. While
methods exist to account for these factors, including degree of
freedom reduction and uncertainty propagation (Desai, 2014),
our approach here was a first-cut test of difference.

A Q10 function for NEE-air temperature sensitivity was
calculated using nighttime NEE and air temperature when
air temperature was above zero. Q10 was calculated using
the formula:

Q10 =

(

R2

R1

)
10 ◦c

(T2−T1)

The parameters T2 and R2 represent mean air temperature and
mean half-hourly NEE at each site, respectively. Incorporating
the means of air temperature and half-hourly NEE into the
equation helped to eliminate bias from large fluctuations in NEE.
The difference of T2 and T1 was plotted vs. ratio of R2 to R1,
and Q10 was estimated to be the y-value at (T2-T1) = 10, or 10◦

above the mean air temperature at each site. Pearson correlation
coefficients were also calculated between the data displayed on
the x and y axes in order to estimate the strength of the linear
relationship between nighttime NEE and air temperature. A
second-order polynomial was fit to the Q10 function of each fen.
The polynomial was then back-solved for y at x= 10.

Variance analysis and significance testing was performed to
understand temporal similarities in NEE between sites. This was
done using Morlet wavelet coherence of half-hourly NEE from
each site and a histogram of daily mean NEE from each site.
Morlet wavelet coherence was calculated using half-hourly NEE
values when wind speeds at each site were within ± 0.2m s−1

of each other. Wind speeds not within this range were removed
along with corresponding NEE values and were replaced with a
random scalar drawn from the standard normal distribution.

Standard error of the mean was calculated for half-hourly
NEE averaged over the entire growing season for each site
(Figure 8) and for monthly average daytime Bowen ratios
(Table 3). Standard error of the mean was calculated using
standard deviation (σ ) and number of data points (n). The
formula is shown below:

σx =
σ
√
n

Two-sample t-testing was used to determine significant
differences between sites regarding daily average Bowen ratios
and half-hourly NEE. Testing performed on Bowen ratios
compared daily average Bowen ratios for each month separately.
Half-hourly NEE values were also compared separately by
splitting data according to time of day and calculating the results
of 48 different t-tests, one for each half-hour. All t-testing was
performed at the 99% confidence level. The null hypothesis
was that data in each set came from normally distributed,
independent random samples with equal means and equal but
unknown variances. Although Bowen ratios did not meet the
initial assumption that data is normally distributed, a cumulative
distribution function showed that the data were very close to
standard normal distribution, but slightly skewed to the right
because growing season Bowen ratios tend to be positive. We
believe the results of these tests are accurate based on the Central
Limit Theorem, which states that as sample size grows toward
infinity the distribution of sample means approaches normal.
Bowen ratios >10 or <-10, and nighttime values, were not
included in statistical tests of the Bowen ratio.

Pearson correlation coefficients (R) and correlation
significance were calculated in order to understand the
strength of the linear relationship of NEE between sites, as well
as the relationship between nighttime NEE and air temperature
at each site. Pearson correlation was estimated for daily mean
NEE during the entire growing season, and for spring, summer,
and fall individually. Correlation significance was determined
using the Pearson correlation coefficient (R) and number of
samples (n). The null hypothesis of the correlation significance
test was that the true correlation of X and Y is zero. The p-value
was calculated from the t-value, whose equation is shown below:

t =
r

√

1−r2

n−2
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FIGURE 3 | (A,B) Windrose for the sheltered fen US-ALQ with nighttime NEE, wind speed and direction during growing season 2015–2017. Windrose for the open

fen US-Los with nighttime NEE, wind speed and direction during growing season 2015–2017.

RESULTS

Wind Speeds and Variability
Dominant flow at the sheltered fen was northwest and southeast
following the stream (Figure 3A). Mean wind speed at the
sheltered fen was 1.09 ms−1 ± 0.66 and 0.56 ms−1 ± 0.62 for day
and nighttime, respectively, from 2015 to 2017. In contrast, the
open fen did not display a dominant wind direction (Figure 3B).
Mean wind speed at the open fen was 2.90 ms−1 ± 1.50 and
2.07 ms−1 ± 1.37 for day and nighttime, respectively, from 2015
to 2017.

Directional flow at the sheltered fen was likely due to dense
(at least 300m thick) tree formations located just 95m to the
northeast and 42m to the southwest of the eddy covariance
tower. Although the valley consists of low-lying sedge and
provides an open area for high wind flow to develop, it is not
wide enough for the wind to overcome the sheltering effect.

Vegetation also appears to follow the path of the stream in the
eastern portion of the open fen. However, the “valley” created
by vegetation surrounding the stream at the open fen is much
wider than the valley at the sheltered fen (330m as compared to
140m). Land cover at the open fen also contains many random
patches of trees in scrub/shrub wetland or emergent/wet meadow
(Figure 1B). The nearest patch of trees more than 150m thick is
230m to the northeast of the tower at the open fen. Open space
dominates to the north and southwest of the open fen.

Nighttime wind speeds at each site were lower than overall
mean wind speed (36% lower for sheltered, 19% for open).
However, mean nighttime wind speed at the open fen was
more than three times the mean nighttime wind speed at the
sheltered fen (Figures 4B, 5B). Daytime wind speed at the

open fen was also higher (1.81 ms−1 more than the sheltered
fen) (Figures 4A, 5A).

Variance in nighttime NEE spikes up to ∼180 when WS is
< ∼0.1 ms−1, but there does not appear to be a strong linear
relationship with variance of NEE as WS increases at nighttime
either (Figure 4C). Mean variance of NEE at nighttime (45.71) is
higher than at daytime. Variance of daytime NEE has an initially
high peak but declines strongly as WS increases from 0 to 1
ms−1 at the sheltered fen (Figure 4D). This peak in variance at
very lowWS causes the mean variance of daytime NEE (35.81) to
be higher overall, despite low variances from 1 to 4 ms−1. There
does not appear to be any relationship between WS and variance
of NEE at daytime for WS over 1 ms−1.

There are some spikes in variance of nighttime NEE between
0 and 2.2 ms−1 at the open fen, but there is not a clear
linear relationship between WS and variance of nighttime NEE
(Figure 5C).Mean variance of daytimeNEE is similar to the open
fen (32.73, compared to 35.81), but mean variance of nighttime
NEE is much lower than the open fen (6.35, compared to 45.71).
Variance of daytime NEE increases from 0 to 1 ms−1 at the open
fen (Figure 5D). Variance does not appear to be influenced by
WS until∼5ms−1, when variance of daytimeNEE decreases with
increasing WS.

Evapotranspiration
Monthly average Bowen ratio at the start of the 2016 growing
season was 0.95 at the sheltered fen (Table 1). Bowen ratios then
began to decrease as latent heat fluxes dominated net radiation
partitioning due to ET from new vegetation. The lowest Bowen
ratio of 0.21 was reached in July. Monthly average Bowen ratio
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FIGURE 4 | Variance of NEE with WS at the sheltered fen US-ALQ: (A) Daytime NEE vs. WS. (B) Nighttime NEE vs. WS. (C) Variance of nighttime NEE vs. WS. (D)

Variance of daytime NEE vs. WS. Pink, half-hourly NEE; black, variance of NEE.

FIGURE 5 | Variance of NEE with WS at the open fen US-Los: (A) Daytime NEE vs. WS. (B) Nighttime NEE vs . WS. (C) Variance of nighttime NEE vs. WS. (D)

Variance of daytime NEE vs. WS. Blue, half-hourly NEE; black, variance of NEE.
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TABLE 1 | Energy balance at the sheltered fen.

April May June July August September October

Bowen ratio 0.86 ± 0.03

(−0.42, 1.87)

0.72 ± 0.02

(−0.01, 1.42)

0.35 ± 0.02

(−0.35, 0.75)

0.21 ± 0.02

(−0.28, 0.52)

0.33 ± 0.02

(−0.06, 0.84)

0.22 ± 0.03

(−0.37, 0.96)

0.73 ± 0.04

(−0.81, 2.01)

H (Wm−2) 34.67 48.24 40.32 34.80 31.66 18.55 14.95

LE (Wm−2) 42.14 63.19 90.71 97.93 85.77 61.89 29.40

Range in parentheses. Bowen ratio includes standard error of the mean for each monthly average.

TABLE 2 | Energy balance at the open fen.

April May June July August September October

Bowen ratio 1.46 ± 0.04

(−0.90, 3.11)

1.03 ± 0.04

(−0.45, 2.73)

0.34 ± 0.02

(−0.43, 0.98)

0.15 ± 0.03

(−1.14, 0.66)

0.19 ± 0.03

(−0.52, 0.82)

0.20 ± 0.03

(−2.20, 1.18)

0.90 ± 0.06

(−2.81, 3.53)

H (Wm−2) 48.89 57.12 42.02 35.75 23.51 20.46 19.71

LE (Wm−2) 29.90 46.52 81.18 100 77.33 57.91 22.96

Range in parentheses. Bowen ratio includes standard error of the mean for each monthly average.

FIGURE 6 | Half-hourly characteristics of selected fluxes in April 2016: (A) solar radiation (B) sensible heat (C) latent heat (D) Bowen ratio. Pink, sheltered fen

(US-ALQ); blue, open fen (US-Los); green, Rg for both sites.

maintained a low value during August and September. The

Bowen ratio then increased to 0.73 in October.
Unlike the sheltered fen where latent heat flux dominated

in early spring, sensible heat dominated at the open fen at the

beginning of the 2016 growing season with a monthly average

Bowen ratio of 1.55. Bowen ratios then decreased going into
summer (Table 2). The lowest Bowen ratio occurred in July, and
values stayed low until October. The open fen had noticeably
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higher H in April and May compared to the sheltered fen, but
noticeably lower H in August. Additionally, mean monthly LE
was markedly lower at the open fen during every month of the
growing season except July and September, when the difference
in LE was within 4 Wm−2.

Peak Bowen ratios co-occurred with peak incoming solar
radiation at both sites (Figures 6A,D). This indicates a strong
daily cycle during the entire growing season at both sites. When
considering the entire dataset, daily average Bowen ratios had
significant differences in mean in April, May, and August (p <

0.01) but no difference in other months. Monthly average Bowen
ratio was higher at the open fen in April and May, but lower
in August.

In 25 out of 28 recorded days in April 2016, daily average
Bowen ratio was higher at the sheltered fen than the open fen
(Figure 6D). The pattern occurred due to higher H (Figure 6B)
and lower LE (Figure 6C) at the sheltered fen, and continued
into May. Starting in June, daily average Bowen ratios became
more variable and one site was not consistently higher than the
other. Monthly average Bowen ratios for both sites were lowest
in July and stayed low until October. This pattern indicates a
prominent seasonal trend in net radiation partitioning (Tables 1,
2). Bowen ratio appears to be influenced by vegetation growth
and senescence in the spring and fall, but microclimate likely
became a determining factor during growing season, causing
variability on a daily scale between the two sites.

Monthly average air temperatures were lower at the sheltered
fen (US-ALQ) than the open fen (US-Los), with the strongest
differences occurring in the first half of the growing season
(Table 3). Higher VPD at the open fen during most of the
growing season also indicates drier conditions in the air.

Carbon Dioxide Fluxes
Average daily NEE during spring at the sheltered fen was −1.91
µmol m−2 s−1 ± 1.88 (standard deviation). The CO2 sink grew
going into the summer season with an average daily NEE of
−3.05 µmol m−2 s−1 ± 2.01. The site became a weak CO2 sink
in fall with an average daily NEE of−0.27 µmol m−2 s−1 ± 1.53.

Average daily NEE during spring at the open fen was less than
half that of the sheltered fen, at −0.88 µmol m−2 s−1 ± 1.88.
The CO2 sink was largest in summer when average daily NEE
became −2.09 µmol m−2 s−1 ± 1.63, but remained smaller than
the sheltered fen. The open fen then became a C source in the fall
with a daily average NEE of 0.45± 1.03 µmol m−2 s−1.

The daily CO2 cycle displays half-hourly NEE averaged over
the entire growing season, at each half-hour of the day (Figure 7).
A significant difference (p < 0.01) of the means and variances of
half-hourly NEE between the two fens can be seen at the start
and end of the daily cycle, which represents differences that occur
at nighttime (Figure 7). Fluxes of CO2 at the sheltered fen are
lower than fluxes at the sheltered fen in the early morning and
afternoon, but there is no significant difference in half-hourly
NEE from 7:30 a.m. to 4:30 p.m. It is interesting to note that both
sites achieve the same uptake of NEE (∼6 µmolm−2s−1) around
1 pm on average throughout the growing season.

The wavelet coherence displays intermittent high coherence
of NEE between sites on daily, weekly, and monthly scales

TABLE 3 | Average monthly air temperature and VPD at both sites.

Sheltered

fen Tair

(US-ALQ)

Open

fen Tair

(US-Los)

Difference

in Tair

Sheltered

fen VPD

(US-ALQ)

Open

fen VPD

(US-Los)

April 4.71 5.58 0.87 2.57 4.02

May 11.69 12.39 0.70 3.96 5.51

June 15.74 16.67 0.93 3.83 5.46

July 18.70 19.54 0.84 4.87 6.47

August 18.14 18.37 0.23 3.99 4.47

September 15.88 15.89 0.01 3.66 3.66

October 7.52 7.95 0.43 2.12 2.55

Air temperature in ◦C. VPD in hPa.

FIGURE 7 | Daily cycles of NEE for both sites. Half-hourly fluxes were

averaged over the entire growing season. Error bars represent standard error

of the mean. Pink, sheltered fen (US-ALQ); blue, open fen (US-Los).

throughout the 2016 growing season (Figure 8). There was some
correlation on timescales under a day in the middle of the
growing season, but little to no correlation between 16 and 30
days. However, there did appear to be a correlation on the scale
of the summer overall or at a period of∼70–128 days.

Daily mean NEE at the sheltered fen during the year of 2016
has a mean of −1.81 µmol m−2 s−1 and standard deviation of
2.2 (Figure 9). Daily mean NEE at the open fen peaks around 0.5
and−2.5 µmol m−2 s−1, and an average of−0.92 µmol m−2 s−1

with a standard deviation of 1.94. The distribution of daily mean
NEE at the open fen indicates a confounding or external factor
impacting the dataset. There was significant (p < 0.001) linear
correlation of daily mean NEE between the two fens in 2016 (R
= 0.72). Spring NEE showed almost the same linear correlation
between the two sites (p< 0.001, R= 0.71) as summer (p< 0.001,
R = 0.69). There was also significant correlation of daily mean
NEE between sites during fall, but the correlation coefficient

Frontiers in Environmental Science | www.frontiersin.org 9 November 2019 | Volume 7 | Article 17974

https://www.frontiersin.org/journals/environmental-science
https://www.frontiersin.org
https://www.frontiersin.org/journals/environmental-science#articles


Turner et al. Wind Sheltering Impacts on Fens

FIGURE 8 | Wavelet coherence for growing season 2016. The x axis

represents time, while y axis represents frequency. The direction of each arrow

represents phase lag of half-hourly NEE of the open fen with respect to the

sheltered fen on a unit circle. Phase arrows pointing right mean data is

in-phase. Left is anti-phase. Down means the open fen leads by 90◦. Up

means the sheltered fen leads by 90◦. The white dashed line is the cone of

influence, which eliminates data potentially impacted by edge-effect artifacts.

Yellow indicates high coherence of data, while blue indicates low coherence.

showed a less linear relationship than the other seasons
(p < 0.001, R= 0.44).

Environmental Controls of Carbon Dioxide
Flux
The sheltered fen (US-ALQ) had a Q10 of 1.98 (Figure 10A).
The open fen (US-Los) had a similar Q10 of 2.04 (Figure 10B).
Despite similarities in Q10 between sites, air temperature
had a stronger linear correlation with nighttime NEE at the
open fen (R = 0.57) than the sheltered fen (R = 0.08).
Quantum yield of GPP was also higher at the open fen,
by∼4 µmolm−2s−1.

Although Q10 is essentially the same at both sites, higher
variance of NEE during nighttime at the sheltered fen results
in a much less linear relationship with air temperature.
In other words, the result of increasing nighttime air
temperature at the sheltered fen is less predictable than at
the open fen.

Risk of Analysis Biases
Location of the tower at Allequash Creek (US-ALQ) within
a clearing of trees brings into question whether the tower
measurements reflect large eddies that would have otherwise
been broken up by trees and other surface heterogeneities,
given that there is some directional flow of CO2 (Figures 3A,B).
Because we did not see any “hot spots” of high fluxes of CO2 in
the wind roses, we continued our analysis on the assumption that
the valley did not skew flux data at the sheltered fen.

A further cause for concern was outdated land cover
classifications. Wisconsin Wetland Inventory maps used

to determine vegetation cover were completed in 1984
(Figures 2A,B). Comparisons of land cover were based on
the assumption that ecological succession was negligible from
1984 to 2017. This is an appropriate assumption for most
wetlands, which do not undergo traditional succession because
of flooded conditions (Wilcox, 2004 and Kratz et al., 1998).
Additionally, aerial imagery from Google Earth from 2015
and 2016 over the flux tower locations appeared to match
classifications in the Surface Water Data Viewer (Figures 1A,B).

DISCUSSION

Effect of Sheltering on Energy Balance and
NEE
In this study, we sought to find out the role of landscape
sheltering on wetland ecosystem characteristics and energy
balance. We also aimed to understand how sheltering
might impact other micrometeorological conditions such
as channelized flow, mean wind speeds, and daily CO2 cycle.
These questions were answered by comparing the daily CO2

cycle, daily mean Bowen ratios for each month of the growing
season, variances of NEE on varying time scales, and coherence
of NEE from two fens. Results showed that landscape sheltering
can cause channelized flow and lower mean wind speeds during
both day and nighttime (Figures 3A,B, 4A,B). Sheltering
can also alter the energy balance in spring by lowering H
and raising LE, and in late summer by partitioning more
net radiation into H relative to LE compared to an open
fen (Figure 6, Tables 1, 2). Daily NEE also has a weaker
linear correlation between sheltered and open fens in the fall.
However, sheltering does not appear to impact other factors;
these include energy balance during early summer and fall,
half-hourly NEE during the daytime (Figure 7), and Q10

respiration function although the linear correlation of nighttime
NEE and air temperature is weaker (Figures 10A,B). Wavelet
coherence of NEE between sites acted as a way to confirm earlier
results (Figure 8).

One study that also examined wetland ET found seasonal
variation was predominantly controlled by net radiation
and air temperature (Zhou and Zhou, 2009). Another
study, which used data from 2001-2007 at the open
fen, positively linked ET and water table level (Sulman
et al., 2009). Water table level was not included in the
analysis because it was not recorded at the sheltered
fen (US-ALQ).

A comparative analysis of CO2 exchange across northern
peatland and tundra sites determined a significant relationship
between NEE and leaf area index, and pH on an annual scale
(Lund et al., 2010). Our results agree that net radiation has
an impact on energy balance (Figure 6), and there is a clear
seasonal trend of Bowen ratio at both sites (Tables 1, 2). However,
there were significant differences in Bowen ratio that could not
be explained solely by climate. More extensive information on
vegetation types at each fen could allow for analysis of differences
due to leaf area index. Leaf area index was not calculated in
this study.
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FIGURE 9 | Histograms of daily mean NEE for each site for growing season 2016. Pink, sheltered fen (US-ALQ); blue, open fen (US-Los).

Growing season Bowen ratios calculated in this study had
similarities to wetland values calculated in the central US, Poland,
and Canada (Lafleur et al., 1997; Lenters et al., 2011; Siedlecki
et al., 2016). Bowen ratios at the sheltered and open fen were
similar to those listed in Siedlecki et al. (2016) and Lafleur et al.
(1997) except for in July, when the monthly average Bowen ratio
at the open fen dropped as low as 0.09 ± 0.03. However, the
low Bowen ratio at the open fen in July was consistent with
the monthly average Bowen ratio for July from Lenters et al.
(2011), which represented a wetland in Nebraska dominated by
common reed.

Differences in Vegetation Type
Differences in vegetation type between the sheltered and open
fen should be considered for their impact on energy balance.
Ratio of transpiring to non-transpiring vegetation, and surface
litter are some factors that influence ET rate (Drexler et al.,
2004). Evidently, vegetation can have an impact on wetland
characteristics and micrometeorology.

Stomatal conductance—the rate of CO2 or water vapor
entering or exiting a leaf—of wetland vegetation is another
potential source of dissimilarity when performing flux
comparisons. It has been noted as a control over wetland
ET particularly in vascular plants (Lafleur, 1990a; Drexler et al.,
2004). In wetland tundra, stomatal resistance in sedges was
the cause of higher ET during hot, dry weather as opposed to

cool, wet conditions which one might expect to have been more
favorable (Rouse et al., 1992).

Although we focused on growing season data in this study, the
insulation capability of dry lichen hummocks in winter should
be considered (Drexler et al., 2004). Insulation is important
because colder soils will produce smaller CO2 emissions after
thawing, which could potentially be attributed to CO2 build
up and release from the ground, or intensified microbial
activity due to freeze-thaw dynamics. Although one would
expect similar snow fall at both sites in winter, a higher
presence of sedge hummocks at one site compared to the
other may lead to differences in H in the early spring and
late fall. This insulating factor could provide an explanation
for lower H at the sheltered fen throughout most of the
growing season.

The hypothesis presented in this study is complicated by
the presence of sedge vs. shrub. Shrubs have a high fraction
of leaf to vascular tissue area, minimal vertical shading, and
high adaptability. Studies have shown shrubs will extend roots
to maintain transpiration rates in the case of lowering water
table level (Reynolds et al., 1999). According to a study on
deciduous shrubs and Artemisia subshrubs, shrubs can handle a
wider range of moisture stress in soil and air than other plants
(Gao et al., 2013) including grass (Kemp et al., 1997; Reynolds
et al., 2006). Stomatal conductance of shrubs from a global model
had a maximum of 0.83mol H2O m−2 s−1 when soil water
potential was set to field capacity (ψ = −0.033 MPa). Only
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FIGURE 10 | Q10 functions of nighttime NEE-air temperature sensitivity

2015–2017. Black line is the second-degree polynomial fit line. (A) Sheltered

fen Q10. Root Mean Square Error: 5.17. (B) Open fen Q10. Root Mean Square

Error: 5.13. Pink, sheltered fen (US-ALQ); blue, open fen (US-Los); black,

second-degree polynomial.

when soil moisture is abundant do grasses have higher stomatal
conductance than shrubs. One type of wetland sedge, Carex
paleacea, has a small stomatal conductance compared to other
wetland species and is lowest during high evaporative demand
(Lafleur, 1990b).

Higher LE at the sheltered fen during most of the growing
season does not support the idea that sedges in the valley had
lower stomatal conductance than shrubs at the open fen. Yet,
the prominence of shrubs at the open fen suits the higher
evaporative demand at that location. Average growing season
VPD was higher at the open fen (4.54) than the sheltered fen
(3.20), meaning that there was less humidity in the air and more
evaporative demand on vegetation.

Sources of Uncertainty
Some environmental effects make it difficult to attribute notable
differences in fluxes to specific conditions at the sheltered fen
vs. open fen. Non-normal distribution of daily mean NEE at
the open fen implies there is a confounding or external factor
influencing fluxes (Figure 9). Stream flow and water table level
are two such conditions. Recent studies have analyzed how net
ecosystem C balance of wetlands may change due to lateral
export via streams or open water (D’Acunha et al., 2019). During
growing season, dissolved organic C flux represented 5% of the
eddy covariance-based estimate of C uptake (4.6 ± 1.5 g C m−2

per season) at Burns bog in Canada. Dissolved organic C flux
was more important in November and March as a result of lower

rainfall and higher ET. The amount of C leaving the sheltered
vs. open fen may change according to stream flow rates and
percent open water, impacted by the water table level, throughout
the year. Stream CO2 concentration was not recorded at either
location during the time of study and thus was not included in
the analysis.

Differences in NEE between sites bring about the question
of differing water table levels. Water table level measurements
exist for the open fen (US-Los) but not for the sheltered fen
(US-ALQ). A previous study at the open fen proved that higher
water table level caused lower ecosystem respiration and lower
GPP, resulting in no net changes in NEE. Thus, NEE was not
governed by water table level (Sulman et al., 2009). A more
recent study at the open fen supported the hypothesis that
mean summer net ecosystem production was not correlated
with discharge, but ecosystem respiration and gross primary
production were significantly correlated with annual maximum
monthly-average discharge (Pugh et al., 2017). Given that the
largest difference in variance of half-hourly NEE between sites
occurred at nighttime (6.35 at open fen, compared to 45.71 at
sheltered), the discrepancy was more likely a result of very low
WS (Figures 5C,D) rather than fluctuations in water table level.

One study that took place in boreal peatlands found that
natural open mires had more consistent summertime Bowen
ratios than tree-covered and agricultural peatlands (Alekseychik
et al., 2018). The results of our study did not display this trend,
as variance of daily average Bowen ratio from June to August was
actually larger at the open fen (0.10) than the sheltered fen (0.03).
Additionally, Bowen ratio at one of the tree-covered peatlands in
Alekseychik et al. (2018) appeared to have a stronger correlation
with precipitation pattern than with water table. As mentioned
previously, water table level was not recorded at both fens and so
was not included in data analysis.

A short-term study on evaporation from sedge-dominated
wetland surfaces in Canada looked at one fen on a dry, low ridge
with ample soil moisture and another in a depression where soil
was covered with standing water. Dead vegetation covered the
surface of the dry site and hindered evaporation prior to leaf-out
in June (Lafleur, 1990b). LE was only dominant shortly after rain
events, after which dead vegetation would dry out and LE and H
would equilibrate again. Differences in ET rates between the two
sites became less evident after vegetation was established. The
results of our study were comparable to these, as daily average
Bowen ratios showed no significant differences between sites
starting in June, with an exception in August.

Another source of uncertainty was the use of open fen Rg to
gap-fill sheltered fen fluxes. While it is likely a good assumption
most of the day, differences due to sheltering may magnify at
sunrise and sunset due to direct beam Rg in proportion to diffuse
Rg. Radiation regimes may also vary internally within sites due
to canopy height and resulting albedo, and potentially longwave
radiation balance (Goodin et al., 1996).

Implications for Wetland Restoration
Wetland restoration has been suggested as an ecosystem
management tool to enhance the terrestrial C sink for climate
change mitigation (Bridgham et al., 2006). Not only do vascular
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plants assimilate CO2 via photosynthesis, but also they help
sequester C in wetland peat. Our work shows forested wetlands
have stronger C sinks throughout the entire growing season
due to lower nighttime NEE. Forested wetlands also produce
lower H and higher LE that would make them ideal for lowering
surface temperatures and promoting ET. Monthly average air
temperatures were also lower at the sheltered fen (Table 3).

One implication of similar daytime half-hourly NEE between
fens is that while areally-averaged C uptake rates in shrub
wetlands in our study region can primarily be predicted
by vegetation type and age, wind-sheltering driven changes
in energy balance may influence the over-all water balance
depending on controls on local water table. Depending on
restoration goals, this effect may also need to be considered for
C and water management.

Removal of natural vegetation can cause large reductions in
evaporative source for surrounding areas. This was the case in a
study that modeled the effects of land cover change in the world’s
productive agricultural regions (Bagley et al., 2012). Terrestrial
evaporation from land cover to the south of growing regions in
the Midwestern US was found to provide moisture for maize.
Other studies had similar findings contributing moisture in the
US to the Great Plains low-level jet (Schuber and Helfand, 1999).
Altering land surface cover in the southern US would prevent
surface absorption and re-transpiration of moisture transported
by fast-moving winds. Especially during dry years, there is an
increased reliance on regional moisture sources for precipitation
as opposed to other sources such as onshore moisture flow
from the ocean (Bagley et al., 2014). These studies show that
ecosystem services offered by wetlands such as ET, lower surface
temperatures, and moisture can be transferred throughout a
region by fast-moving winds and are not strictly limited to
nearby areas.

Several studies have been motivated by the issue of upscaling
of land cover with high heterogeneity (Desai et al., 2007; Xiao
et al., 2011; Aurela et al., 2015). Despite variations in land cover
classification, there were similarities in half-hourly NEE during
daytime between fens (Figure 7) as well as some coherence on
the weekly scale and the summer overall (Figure 8). Thus, our
study supports that upscaling NEE in order to understand fluxes
from wetlands can involve simpler calculations that may not
require detailed information about wetland vegetation specific
species type.

A recent study on net radiation partitioning in wetlands
revealed that wetlands with tall, emergent canopy structures had
values of canopy aerodynamic conductance to heat exchange
that were nearly twice that of a drained peatland used for
growing alfalfa, all located in the Sacramento-San Joaquin Delta
of California (Hemes et al., 2018). The short, smooth canopy
of alfafa caused lower canopy aerodynamic conductance to heat
exchange and consequently, a lower amount of turbulent fluxes
that would otherwise transfer LE and H into the atmosphere.
Water availability was also listed as an important factor in the
relative partitioning of heat.Wetlands with open water and rough
surfaces store more energy in the daytime, experience lower
H during the day and more LE at night because of stronger
aerodynamic and surface conductance. Younger wetlands are
also able to store much more excess radiation during the daytime

than older wetlands or agricultural plots inside their water
column. Regardless of wetland age, all wetlands in the study
cooled the surface more than the plot of alfalfa during peak
growing season.

Bulk surface resistance is a composite variable that represents
leaf water potential, temperature, VPD, and solar irradiance
that can also impact net radiation partitioning. Wetlands can
be prevented from reaching the potential rate of ET when
increased atmospheric demand (VPD) favors net radiation
partitioning into LE in the presence of increased bulk surface
resistance (Liljedahl et al., 2011). The differences in net radiation
partitioning were likely due to lower aerodynamic conductance
for heat transfer and canopy boundary layer conductance for
CO2 transfer at the sheltered fen (0.024 and 0.038 ms−1, vs. 0.028
and 0.052 for open fen).

One might expect that H was lower at the sheltered fen (US-
ALQ) as a result of lower momentum transport. Although there
was lower momentum transport at the sheltered fen, noticeably
lower air temperatures throughout most of the growing season
indicated that a lack of higher wind speeds was not the only cause
of low H (Table 3). The sheltered fen also showed lower VPD
during the growing season, except for in August when VPD was
the same at both sites. This information lends to the idea that
the presence of trees impacts wetland atmospheric fluxes in more
than one way.

CONCLUSION

Comparing eddy covariance flux tower data from two co-located
fens in northern WI revealed that landscape sheltering can
impact mean wind speed, wind direction, energy balance, and
nighttime NEE, but does not significantly affect daytime NEE.
A sheltered fen had lower H in spring and late fall (Tables 1,
2), as well as higher LE in every month of the growing season
except July compared to an open fen located only 29 km away.
There were significant differences in net radiation partitioning
between sites in April, May, and August according to daily
average Bowen ratio. Mean nighttime wind speed was also three
times less than that of the open fen (0.56 vs. 2.07 ms−1). There
were clear differences in wind direction due to the canopy at the
sheltered fen (Figure 3A), but no significant difference in half-
hourly NEE during daytime or Q10 air temperature sensitivity
of NEE (Figures 7, 10). However, the sheltered fen showed a
much weaker linear correlation between nighttime NEE and air
temperature than the open fen (R: 0.08 vs. 0.57), due to higher
variance of nighttime NEE.

Consistent, high quality fluxmeasurements from the sheltered
fen during the non-growing season and less gaps in growing
season data would allow a comparison of yearly C accumulation
between the two sites. Stream CO2 data, knowledge about
the aquatic chemistry of Allequash Creek and Lost Creek,
and a record of percent open water at each site throughout
the year could contribute to an analysis of lateral fluxes out
of the fens. Stomatal conductance measurements could also
determine vegetation responses to landscape sheltering. High
precision measurements of water table level and precipitation
could also build a more complete picture of factors that impact
energy balance.
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The results of this study, in combination with prior studies
on the cooling effect of vegetation (Armson et al., 2012; Hemes
et al., 2018), imply that sheltered fens are of high importance
for protection and restoration due to their ecosystem services
of lower CO2 source at nighttime and in the fall, stronger
growing season CO2 sink, and higher surface cooling. Shorter
spring and fall seasons may also lead to higher H and LE during
growing season as the effects of sheltering during spring and
late summer disappear. We recognize that some similarities,
such as coherence on the scale of summer overall (Figure 8),
are undoubtedly caused by the proximity of the fens in our
study, and the general nature of fens compared to other wetland
types. There is a need for further research on wetland canopy
sheltering in other regions before these results can be interpreted
more broadly.
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Alex M. Rodriguez

Department of Natural Resources, Cornell University, Ithaca, NY, United States

Plant litter provides a fresh source of energy and nutrients to fuel microbial activity in

soil, and in northern peatlands this can be leaf litter from mosses, graminoids, shrubs,

and/or trees. Because Sphagnum and other mosses decompose slowly, vascular plant

litter assumes a principal role, but its role in microbial methane production is unclear.

Therefore, we examined decomposition of leaf litter from nine species, including trees,

shrubs, and graminoids, using litterbags positioned for up to 2.5 years in two raised

bogs and in two rich fens. Across species leaf litter quality varied for concentrations of

nitrogen, soluble organic matter, and cell wall composition. After 2.5 years of decay the

amount of leaf litter mass remaining ranged from 43 to 63% in the bogs vs. 17 to 71% in

the rich fens. Thus, site conditions interacted with litter quality to determine decay rates

but with species-specific patterns. Leaf mass remaining after 0.5, 1.5, and 2.5 years

of decay was incubated in vitro, without soil, to assess its ability to support methane

production and concomitant anaerobic carbon dioxide respiration. Residue from all nine

species supported methane production, with the greatest rates (up to 5,000 nmol g−1

day−1) in tissue with high concentrations of pectin. Rates were 2- to 700-times greater

for the leaf material that decomposed in the rich fens than in the bogs. Production rates

were more variable for methane than for anaerobic respiration. As seen for mass loss,

differences in litter quality predicted variation in gas production rates but differently in the

bogs than in the rich fens. The results underscore the importance of vascular plant litter

in the biogeochemistry of carbon and methane in peatlands and why vegetation, plant

species composition, and peatland type must be described to put peatland ecosystems

into global budgets of carbon and methane.

Keywords: anaerobic respiration, leaf litter decomposition, leaf litter quality, New York State, soil methane

production

INTRODUCTION

Plant litter provides a fresh source of energy and nutrients for microorganisms in soil, and in
northern peatland ecosystems, microorganisms can choose among a diversity of plant growth
forms, including mosses, graminoids, shrubs, and trees. Because most Sphagnum and other mosses
decompose at a slower rate than vascular plant leaves (Lang et al., 2009), partially decayed moss
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tissue is a major component of peat soil (Van Breemen, 1995),
and studies show that decaying vascular plant tissue assumes
a principal role in energy flow and soil microbial activity
(Straková et al., 2011; Del Giudice and Lindo, 2017). This is
especially important for anaerobic methane (CH4) production
(methanogenesis) in peat soil (Kotsyurbenko et al., 2019).

Not all vascular plant leaves decompose at the same rate,
and many studies show that species-specific leaf traits extend
to decomposability. This is summarized in the concept of
litter quality, which has three aspects. One is structural
traits, such as specific leaf area (SLA) and leaf dry matter
content (LDMC), that influence microbial colonization of
the tissue. Second are nutrients, primarily nitrogen (N) and
phosphorous, that support growth of microbial decomposers.
Third are the organic polymers that provide energy for
microbial decomposers. These three aspects of litter are especially
important in northern peatlands, because the diversity of plant
growth forms display a wide range of litter types and decay
rates (Belyea, 1996; Dorrepaal et al., 2005; Bragazza et al., 2007;
Moore et al., 2007; Ward et al., 2015).

Soil properties also influence litter decay rates. Again, this
is especially important for northern peatlands, which range
from nutrient-rich fens that have a hydrologic connection
with groundwater to nutrient-poor fens and bogs that become
increasingly isolated from groundwater inputs (Siegel and Glaser,
1987). As a result, peat soil from poor fens and bogs can rise
above the persistent water table level, be drier and more acidic
(McLaughlin and Webster, 2010; Webster and McLaughlin,
2010), and have slower rates of microbial activity than in richer
fens (Moore et al., 2007). However, the better-aerated conditions
in bogs might enhance aerobic decomposition of plant litter to
the detriment of anaerobic microorganisms that predominate in
the water-saturated portion of the peat soil.

It is well-known that peatland systems support microbial
methanogenesis, but there is still uncertainty about the depth
at which it occurs in the peat soil. Most of the debate is
whether methanogens occur at the top of the persistent water
table to take advantage of freshly decaying litter coming from
above (Franchini et al., 2015) vs. deeper in the fully anoxic
peat soil to avoid aeration (Sundh et al., 1994; Glaser et al.,
2016). On the other hand, studies have shown that bacteria
and decomposer fungi do colonize decaying litter at the peat
soil surface (Andersen et al., 2013), but whether this includes
anaerobic methanogens is less well-known. Furthermore, there
is the question whether anaerobes colonize the decaying litter
at the onset of the process vs. latter as the residue sinks into
the surface peat (Corteselli et al., 2017). Showing that anaerobic
methanogens can colonize and produce CH4 in leaf litter that sits
well above the water table would add a new dimension to the
spatial patterns of methanogenesis in peatland ecosystems.

Therefore, the aims of this study were to examine: (1) the
relative importance of plant growth form and peatland type for
leaf litter decomposition, (2) how variation in leaf litter quality
helps to explain variation in decay rates, and (3) the ability
of decaying leaves to support microbial activity, in particular,
methanogenesis. The main findings of the study were: (1) leaf
litter from broad-leaf trees and graminoids decayed faster in rich

fens than in bogs, whereas leaf litter from shrubs and needle-leaf
trees had faster decay rates in bogs, (2) several aspects of litter
quality helped to explain variation in litter decay rates in rich fens,
but the same aspects were less effective predictors in bogs, and (3)
the decaying residue supportedmethanogenesis, especially, in the
rich fens.

MATERIALS AND METHODS

Study Sites and Experimental Design
We examined leaf litter decomposition in peatlands located near
Ithaca, NY. Mean annual temperature in the region is 8.9◦C, with
monthly mean temperatures ranging from −4.8◦C in January to
20.4◦C in July. Mean annual precipitation is 890 m.

Dryden Bog (42◦26′51.5′′N 76◦15′33.3′′W) is a small
ombrotrophic bog ∼150m across (1.75 ha area). The maximum
peat depth is 8m. The surface consists of well-developed
hummocks, dominated by the shrub Chamaedaphne calyculata
(leatherleaf) and Sphagnum mosses (S. capillifolium, S. fuscum).
Hollows occur between hummocks and have a mixture
of the graminoid Eriophorum vaginatum (cotton grass),
Vaccinium macrocarpon (cranberry), and Sphagnum mosses (S.
magellanicum, S. angustifolium, and S. fallax). The water table
is close to the surface of hollows following spring snowmelt
and it drops about 15 cm below the surface of the hollows
by mid-summer.

McLean Bog (42◦32′55.4′′N 76◦15′58.2′′W) is an
ombrotrophic kettle hole bog ∼70m across (0.4 ha area).
Maximum peat depth is 8m. The bog surface has a lawn-
type microtopography. Evergreen shrubs include leatherleaf,
Rhododendron groenlandicum (Labrador tea), and Kalmia
angustifolia (sheep laurel). Cotton grass and Dulichium
arundinaceum (three-way sedge) have moderate cover.
Sphagnum mosses include: S. capillifolium, S. fallax, S.
magellanicum, and S. angustifolium.

McLean Fen (42◦32′39.5′′N 76◦16′05.8′′W) is rich fen ∼75m
across (0.5 ha area). Maximum peat depth is 3m. The wetland is
underlain by glacio-fluvial stratified sand and gravel with a highly
calcareous matrix. The fen receives water from three ground-
water springs. We used an area dominated by Carex stricta
(tussock sedge).

Salt Road Fen (42◦35′53.5′′N 76◦19′17.8′′W) is a rich fen
∼250m across (6.25 ha area). Maximum peat depth is 2m.
The site has a mixture of sedges and shrub cover, including
Cornus racemose (gray dogwood) and Rhamnus alnifolia (swamp
buckthorn). We used an area with Typha latifolia (cattail) and
several sedge species: Carex flava, C. prairiea, and C. atlantica.

We selected nine plant species (Table 1). Two species were
broad-leaf deciduous trees: Acer rubrum (red maple) and Alnus
glutinosa (common alder). Two species were shrubs:Myrica gale
(bogmyrtle) and leatherleaf. Two species were graminoids: cattail
and Carex lacustris (lake sedge). Two species were needle-leaf
evergreen trees: Pinus strobus (white pine) and Pinus rigida (pitch
pine). We also selected a needle-leaf deciduous tree species: Larix
laracina (larch). We refer to the species by common names in
the paper.
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TABLE 1 | Plant species, growth form, and traits of green leaves.

Species (common name) Growth Form

Alnus glutinosa (alder) Broad-leaf deciduous tree (nitrogen-fixing)

Acer rubrum (red maple) Broad-leaf deciduous tree

Carex lacustris (sedge) Graminoid

Typha latifolia (cattail) Graminoid

Myrica gale (bog myrtle) Deciduous shrub (nitrogen-fixing)

Chamaedaphne calyculata (leatherleaf) Evergreen shrub

Pinus strobus (white pine) Needle-leaf evergreen tree

Pinus rigida (pitch pine) Needle-leaf evergreen tree

Larix laricina (larch) Needle-leaf deciduous tree

Common name LLS (mo) SLA (cm−2 g) LDMC (g g−1)

BROAD-LEAF DECIDUOUS TREE

Alder 4–6 167 0.32

Red maple 4–6 270 0.33

GRAMINOID

Sedge 12–15 143 0.35

Cattail 4–6 142 0.27

SHRUB

Bog myrtle 4–6 120 0.50

Leatherleaf 18–24 85 0.49

NEEDLE-LEAF TREE

White pine 20–40 50 0.47

Pitch pine 20–40 50 0.58

Larch 4–6 130 0.37

Mean 128 0.41

LLS, Leaf lifespan in months; SLA, Specific leaf area; LDMC, Leaf dry mass content.

Two sets of leaves were collected from mature plants growing
in close proximity to each other in the Cornell Botanical Gardens.
The close proximity ensured exposure to the same soil and
climate. Bog myrtle does not occur in the Cornell Botanical
Gardens, and thus leaf material was collected from a nearby
wetland (Lake Como, NY, outlet stream). Leatherleaf does not
occur in the Cornell Botanical Gardens, and thus leaf material
was collected from the Dryden Bog study site.

One set consisted of green leaves collected in August 2015
by-hand from fully sun lit parts of five individual plants per
species. The other set consisted of leaf litter collected at the end of
the growing season in October 2015 by shaking branches gently
or with a light touch indicating a well-formed abscission zone.
Fallen leaves were gathered from a sheet of plastic placed beneath
the canopy. Portions from both collections were air-dried at 24◦C
to a constant mass before being ground for chemical analyses.

Decomposition Experiment
The senesced leaf litter was used for the decomposition study.
For each species, 10–20 g (dry mass equivalent) of leaf litter was
sealed within 1.2mm mesh fiberglass screen measuring 20 ×

20 cm. This mesh size allowed access to microbial decomposers
as well as oribatid mites and ants, which are the dominant
invertebrates in the food web in peat soils (Barreto and Lindo,

2018). One bag of each species was fixed to a piece of 1.65mm
monofilament trimmer line in a random arrangement, resulting
in nine bags on each line. Twenty replicate lines of litterbags
were placed in each site in November 2015. All bags were placed
at the soil surface, about 2–5 cm below the tops of moss plants
if present.

The experimental design consisted of four plant growth forms,
two plant species per growth form, plus larch, and two peatland
types, each with two replicates, with five replicate sets of litterbags
per site to be collected after 0.5, 1.5, and 2.5 years in the field
(N = 540 litterbags). Although we did collect the five replicates
per site after 0.5 year, a frisky bear decided to munch on some
of the litterbags in McLean Bog and in McLean Fen after that,
destroying several replicates. Thus, we reduced the sample size to
two replicates per peatland for the 1.5-years collection. However,
the bear was apparently not done, and it ate the remaining bags
in McLean Bog. Thus, the 2.5-years collection consisted of five
replicates from Dryden Bog, three replicates from Salt Road Fen,
and two replicates from McLean Fen.

Weather conditions in the 0.5 year prior to the first collection
were warmer (+0.38◦C) and drier (−121mm) than normal.
Between the first and second collections, weather was warmer
(+1.1◦C) and wetter (+76mm) than normal. Air temperature
was cooler (+0.3◦C) whereas precipitation was normal between
the second and third collections.

Upon collection, the litterbags were cleaned of moss and roots
before being opened, and the remaining leaf litter residue in
each bag was weighed and divided into three portions. One was
used to determined water content as the ratio of wet mass to
dry mass, following oven drying to a constant mass. The second
portion was placed in a plastic bag and stored for a short time
(<3 days) in a cold room before being incubated in vitro to
measure production rates for CH4 and CO2 (see below). The
third portion was dried at 60◦C until constant mass and used for
chemical analyses.

Leaf Traits and Litter Quality
The green leaves were used for measures of specific leaf area
(SLA) and leaf dry matter content (LDMC). Specific leaf area
was calculated as the ratio between projected leaf area (cm2) and
leaf oven-dried mass (g). The adaxial side of needle leaves from
coniferous species was determined using microscopy. Leaf dry
matter content was calculated as the ratio of oven-dried mass
(g) to water-saturated mass (g). Leaves were considered water
saturated after being stored in a plastic bag between wet paper
towels at 4◦C for 2 days.

The chemical composition of leaf litter was determined
on samples collected before decay and on the residue from
litterbag collections. Portions were analyzed sequentially for
neutral detergent fiber (NDF), acid detergent fiber (ADF), and
acid-detergent lignin on an ANKOM fiber analyzer (ANKOM
Technology, Macedon, New York, USA). The analyses are used
to approximate hemicellulose (NDF–ADF), cellulose (ADF–
acid-detergent lignin), and lignin (acid-detergent lignin) (Van
Soest, 1994). Protocols are available at: https://www.ankom.
com/analytical-methods-support/fiber-analyzer-a2000. Total
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nitrogen (N) was determined by dry combustion on a LECO
CN analyzer.

We further characterized cell wall composition by a sequential
extraction procedure described in McLeod et al. (2007). Briefly,
tissue (0.2 g) is extracted sequentially to: remove free sugars and
polysaccharides (fraction 1, 10% formic acid); remove loosely
bound pectin (fraction 2, phosphate buffer (200mM NaH2PO4,
0.5% w/v chlorobutanol, 10mM Na2S2O3, adjusted to pH 7);
remove calcium, which releases pectin from the middle lamella
(fraction 3, cyclohexanediamine tetra acetic acid (CDTA at pH
7.5; Chapman et al., 1987); break hydrogen bonds and separate
pectin from cellulose, and to remove cell wall proteins (fraction
4, urea; Chapman et al., 1987); unmask pectin in the primary
cell wall (fraction 5, sodium carbonate (200mMNa2CO3 at 5

◦C);
liberate hemicellulose (fraction 6, sodium hydroxide (6MNaOH,
1% w/v NaBH4 at 37◦C; Carpita, 1984); and, finally remove all
remaining non-structural sugars (fraction 7, 5% formic acid).

Each extraction took place in a 50ml centrifuge tube with 6ml of

solvent added and incubated for 24 h. Each solvent was removed
by centrifugation and saved for colorimetric analysis.

Total carbohydrates in the solvents were quantified using an
o-phenanthroline colorimetric assay (Dubois et al., 1956). Before
the colorimetric assay, the extract was diluted with de-ionized

water and de-salted through a 10-mL plastic syringe containing
around 1-mL of microfiber glass wool and 9-mL exchange resin
(Mixed Bed IONAC NM-60 H+/OH− Form, Type I, Beads
16–50 Mesh). De-salting was repeated until the remaining salt
concentration was below 50mS m−1. The colorimetric assay was
done by mixing 1mL solution with 50 uL 0.1M K3Fe(CN)6
solution, 100 µL alkaline reagent and 1mL color reagent (o-
phenanthroline solution), and quantified by 505 nm wavelength.
Hereafter we refer to these as soluble sugars (fractions 1 + 7),
middle lamella pectin (fractions 2+ 3), cell wall pectin (fractions
4+ 5), and hemicellulose (fraction 6).

Methanogenesis and Anaerobic
Respiration
Portions of the leaf litter residue per litterbag (ca. 5 g at field
moisture levels) were placed into 236-mL glass jars containing
10mL of distilled water, and the jars were sealed with a lid
that had a gas-impermeable rubber septum to facilitate taking
a sample of the headspace gas for analysis. Each jar was made
anoxic by removing the headspace with a vacuumpump for 1min
and replacing with O2-free N2, repeated three times. The jars
remained closed during a 40-days period, which is an accepted
time-period to examine anaerobic processes in peat soils (Yavitt

FIGURE 1 | Percentage of initial mass remaining for leaf litter from nine plant species having decayed in bogs or in rich fens for three amounts of time. Values are

mean + standard error; n = 10 for 0.5 year, n = 4 for 1.5 years, n = 5 for 2.5 years.
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et al., 1997). Periodically, 5-mL gas samples were from the jar
headspace, replaced with 5mL of N2, and analyzed for CH4 and
CO2 as described below.

In addition, we examined rates of methanogenesis and
anaerobic respiration by peat soils with an addition of leaf

TABLE 2 | Standardized mean effect sizes Cohen’s d and 95% confidence

intervals (CI) of leaf litter decay rate in bogs vs. fens.

d 95% CI

Broad-leaf deciduous tree −2.47 [−3.48, −1.20]

Graminoid −1.00 [−1.92, −0.07]

Shrub 1.11 [0.16, 2.05]

Needle-leaf tree 1.43 [0.45, 2.41]

Faster decay rate in the bogs than in fens has a positive value; faster decay in the fens

than in the bogs has a negative value. Strong effect of peatland type is indicated by CI

that do not cross zero, i.e., no effect.

TABLE 3 | Cell wall composition of leaf litter.

Common name N (%) Soluble (mg g−1) MLP (mg g−1) CWP (mg g−1)

BROAD-LEAF DECIDUOUS TREE

Alder 2.69 277 81 263

Red maple 1.02 309 114 272

GRAMINOID

Sedge 0.67 76 62 237

Cattail 3.33 28 44 226

SHRUB

Bog myrtle 1.94 120 60 320

Leatherleaf 1.13 185 112 292

NEEDLE-LEAF TREE

White pine 0.74 95 56 238

Pitch pine 0.88 130 78 216

Larch 0.95 145 92 259

Mean 1.48 152 78 258

Common name Hemicell (mg g−1) Cell (mg g−1) Lignin (mg g−1)

BROAD-LEAF DECIDUOUS TREE

Alder 103 163 162

Red maple 75 133 93

GRAMINOID

Sedge 279 369 58

Cattail 160 370 149

SHRUB

Bog myrtle 25 141 254

Leatherleaf 38 161 17

NEEDLE-LEAF TREE

White pine 101 239 161

Pitch pine 198 234 164

Larch 43 191 179

Mean 113 222 155

N, nitrogen; MLP, middle lamella pectin; CWP, cell wall pectin; Hemicell, hemicellulose;

Cell, Cellulose; Lignin, Acid-detergent lignin.

TABLE 4 | Fraction remaining (%) of original mass of cell wall components after

2.5 years of decomposition.

Nitrogen Soluble

Bog Fen Bog Fen

BROAD-LEAF DECIDUOUS TREE

Alder 57 (12) 28 (9) 9 (8) 2 (2)

Maple 108 (13) 58 (2) 8 (1) 5 (1)

GRAMINOID

Sedge 113 (15) 111 (17) 55 (15) 30 (10)

Cattail 19 (6) 16 (2) 81 (6) 124 (15)

SHRUB

Bog myrtle 76 (3) 80 (12) 31 (3) 25 (4)

Leatherleaf 100 (16) 110 (17) 17 (2) 15 (2)

NEEDLE-LEAF TREE

White pine 84 (5) 99 (10) 32 (13) 53 (11)

Pitch pine 73 (2) 74 (10) 20 (20) 35 (5)

Larch 55 (12) 82 (17) 15 (18) 3 (1)

Mean 76 (30) 73 (34) 30 (24) 32 (38)

Pectin Hemicellulose

Bog Fen Bog Fen

BROAD-LEAF DECIDUOUS TREE

Alder 28 (3) 11 (7) 26 (27) 13 (9)

Maple 48 (3) 27 (3) 84 (28) 10 (1)

GRAMINOID

Sedge 53 (2) 53 (18) 70 (18) 39 (13)

Cattail 59 (28) 42 (5) 115 (26) 44 (5)

SHRUB

Bog myrtle 47 (18) 42 (6) 78 (31) 14 (2)

Leatherleaf 39 (9) 27 (4) 53(25) 52 (8)

NEEDLE-LEAF TREE

White pine 51 (7) 66 (13) 67 (24) 28 (6)

Pitch pine 48 (2) 53 (8) 28 (2) 16 (2)

Larch 28 (3) 26 (4) 65 (21) 13 (2)

Mean 44 (11) 38 (17) 65 (27) 25 (16)

Cellulose Lignin

Bog Fen Bog Fen

BROAD-LEAF DECIDUOUS TREE

Alder 36 (4) 14 (10) 76 (21) 34 (23)

Maple 36 (18) 29 (3) 108 (2) 58 (6)

GRAMINOID

Sedge 53 (1) 35 (12) 97 (25) 71 (24)

Cattail 55 (12) 35 (4) 70 (11) 36 (4)

SHRUB

Bog myrtle 48 (2) 66 (10) 77 (23) 74 (1)

Leatherleaf 60 (5) 69 (11) 98 (4) 109 (17)

NEEDLE-LEAF TREE

White pine 39 (1) 56 (11) 91 (45) 121 (24)

Pitch pine 45 (9) 54 (7) 90 (1) 113 (15)

Larch 48 (5) 55 (8) 98 (4) 97 (13)

Mean 49 (9) 44 (18) 89 (12) 79 (33)

Values are mean + standard deviation, n = 4.
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litter residue from the 0.5- or 1.5-years decay classes. Bulk
collection of peat soil from Dryden Bog and McLean Fen was
homogenized under constant stream of N2, and 30 g (fresh mass)
portions plus 30mL of degassed, de-ionized water were placed
into 236-mL glass jars, made anoxic as described above. The
jars were incubated for 14 days to determine a baseline level
of methanogenesis and anaerobic respiration. After this pre-
incubation period, the lids were removed and 5 g of air-dried leaf
litter residue from individual litterbags was added and pressed
down lightly to ensure soil-residue contact. The jars of soil and
added litter were resealed, made anoxic, and samples of the jar
headspace were collected periodically for 40 days and analyzed
for concentrations CH4 and CO2.

Methane in the gas samples was analyzed using a Shimadzu
GC-14AP Greenhouse Gas Analyzer. This model is equipped
with a Flame Ionization Detector (FID) for CH4. The instrument
parameters include a 10-mL sample loop, run time of 5.5-min,
ECD temperature of 240◦C, column temperature of 60◦C, and
injection temperature of 65◦C. We used 20mL of each sample to
flush and fill the sample loop. Methane peaks are detected by the
FID at 1.667-min and compared to known gas standards. Carbon

dioxide in the gas samples was analyzed using an open gas
exchange system (Li-Cor 6400, Li-Cor Inc., Lincoln, Nebraska,
USA) with an in-line septum.

Calculations
Samples of air-dried leaf litter and residue were weighed before
and after oven-drying to develop conversion factors to express
mass of leaf litter on a dry mass basis. We determined the
percentage of leaf litter mass remaining in litterbags at each
collection point and fit the data to a single exponential decay
equation y = e−kt (Olson, 1963), where y is the percentage of
mass remaining, k is the decay rate constant, and t is time in years.
We estimated the value for k as the slope of the linear relationship
between the natural logarithm of the percentage mass remaining
vs. time. We did not include a value for mass prior to placement
in the field (100%mass remaining) to account for rapid mass loss
due to leaching of soluble compounds.

The analysis of biochemical components in leaf litter, both for
the material before decomposition as well as the residue from
the litterbags, had to be scaled back due to funding limitations,
which precluded analysis of individual samples. Therefore, we

FIGURE 2 | Rates of methanogenesis (nmol CH4 g−1 dry residue d−1) by leaf litter residue from nine species having decayed in bogs or in rich fens for three amounts

of time. Values are mean + standard error; n = 10 for 0.5 year, n = 4 for 1.5 years, n = 5 for 2.5 years.
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did the analyses on samples pooled by species and site across
replicate litterbags. Thus, independent tests of differences in
biochemical composition were not possible. The results for
biochemical composition should be regarded as suggestive rather
than conclusive.

Data Analysis
The low statistical power in the experimental design main effects
(n = 4 plant growth forms; n = 2 species per growth; n =

2 peatland types) and interactions constrains our ability to
draw real biological inferences with traditional statistics, such
as Analysis of Variance (ANOVA). Furthermore, the loss of
litterbags from McLean Bog during the decay period and lack of

TABLE 5 | Standardized mean effect sizes Cohen’s d and 95% confidence

intervals (CI) of leaf litter CH4 production and CO2 production in bogs vs. fens.

d 95% CI

CH4

BROAD-LEAF DECIDUOUS TREE

0.5-year old residue −0.69 [−1.32, −0.05]

1.5-years old residue −1.05 [−2.10, 0.01]

2.5-years old residue −0.60 [−1.50, −0.30]

GRAMINOID

0.5-year old residue −0.74 [−1.38, −0.10]

1.5-years old residue −0.84 [−1.87, 0.19]

2.5-years old residue −1.78 [−2.84, −0.73]

SHRUB

0.5-year old residue −0.27 [−0.89, 0.36]

1.5-years old residue −1.36 [−2.47, −0.26]

2.5-years old residue −1.58 [−2.59, −0.56]

NEEDLE-LEAF TREE

0.5-year old residue −0.70 [−1.34, −0.06]

1.5-years old residue −1.11 [−2.17, −0.04]

2.5-years old residue −0.81 [−1.73, 0.10]

CO2

BROAD-LEAF DECIDUOUS TREE

0.5-year old residue 0.12 [−0.50, 0.74]

1.5-years old residue 2.03 [0.74, 3.26]

2.5-years old residue −0.21 [−1.09, 0.67]

GRAMINOID

0.5-year old residue −0.57 [−1.21, 0.06]

1.5-years old residue −0.30 [−1.28, 0.69]

2.5-years old residue −0.01 [−0.98, 0.78]

SHRUB

0.5-year old residue −0.57 [−1.20, 0.07]

1.5-years old residue 1.87 [0.67, 3.07]

2.5-years old residue 0.70 [−0.21, 1.60]

NEEDLE-LEAF TREE

0.5-year old residue −0.60 [−1.23, 0.04]

1.5-years old residue 1.08 [0.03, 2.14]

2.5-years old residue 0.67 [−0.23, 1.58]

Faster production rates in the bogs than in fens has a positive value; faster decay in the

fens than in the bogs has a negative value. Strong effect of peatland type is indicated by

CI that do not cross zero, i.e., no effect.

true replication in leaf litter quality makes it difficult to determine
if non-significant results were caused by a true lack of differences
or simply an artifact of limited sample size.

Therefore, we evaluated the magnitude and direction of
treatment effects by calculating the Effect Size, as Cohen’s d
(Nakagawa and Cuthill, 2007). To overcome limitation of small
sample size, we compared mass loss and gas production rates in
bogs vs. rich fens, with the replicate litterbags used to estimate
variability. Rather than claim that differences are statistically
significant, we follow the suggestion of Amrhein et al. (2019) and
report means, estimates of variation, sample size, and P-values.

Relationships among decay rates and rates of methanogenesis
and anaerobic respiration with predictors, leaf traits and litter
quality, were examined using Pearson Correlation.

RESULTS

Decomposition
Across the nine species and four sites, an average of 57% of
the leaf litter mass remained after 2.5 years of decomposition
(Figure 1). Fitting a single-exponential decomposition model
to the mass remaining, species-specific decomposition rate
constants (k) ranged from 0.06 to 0.54 y−1. Decomposition rate

constants were fairly similar (p= 0.7194) for decay in the bogs (k
= 0.22± 0.075 y−1 [mean± standard deviation SD], n= 18) vs.
the rich fens (k = 0.24 ± 0.16 y−1, n = 18). Ranking leaf litter
decay rates among plant growth forms from fastest to slowest
was: broad-leaf deciduous trees, 0.34 y−1

> graminoids, 0.26 y−1

> shrubs, 0.20 y−1
> needle-leaf trees, 0.16 y−1). Peatland type

affected decay rates as a function of plant growth form (Table 2);
leaf litter from the broad-leaf deciduous tree species and the
graminoid species decayed faster in the rich fens than in the
bogs (p = 0.0425), whereas leaf litter from the shrub species and
needle-leaf tree species decomposed faster in the bogs than in the
rich fens (p= 0.0688). Although the two species per plant growth
form showed some differences in their temporal patterns of mass
loss during the 2.5 years period (Figure 1), pairwise comparison
of a species effect calculated as Cohen’s d showed no effect for the
four plant growth forms, i.e., 95% C.I. of Cohen’s d comparing
the two species crossed zero.

Leaf Traits and Litter Quality
Traits of green leaves varied among the nine species (Table 1): the
variation was greater for SLA (Coefficient of Variation, CV= 52%
among the nine species) than for LDMC (CV= 25%). In general,
green leaves with longer life span (LLS) had smaller values for
SLA, whereas LDMC was lower for the broad-leaf deciduous tree
species and graminoid species than for the shrub species and
needle-leaf tree species.

The cell wall composition of leaf litter (Table 3)
revealed greater concentrations of pectin and cellulose than
concentrations of lignin, hemicellulose, and soluble components.
Overall cell wall pectin was the least variable component among
the nine species (CV = 13%). Pectin in the middle lamella
(CV = 32%), cellulose (CV = 41%), and lignin (CV = 36%)
were moderately variable, whereas N (CV = 64%), soluble
components (CV = 60%), and hemicellulose (CV = 74%)
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were the most variable. There were relative differences among
components as a function of plant growth form. For example,
the two broad-leaf deciduous tree species were characterized
by a relatively large fraction of soluble components; the two
graminoid species were characterized by a relatively large
fraction of cellulose; and, the shrub species and larch were
characterized by a relatively small fraction of hemicellulose but
large concentrations of lignin. A large concentration of N was
evident in the two species associate with microbial N fixation
and in cattail.

We used the fraction of the initial amount of each cell
wall component that remained in the residue after 2.5 years of
decay to show how components of cell walls changed during
decomposition (Table 4). For N, leaf litter with a large amount
initially, due to N fixation (alder, bog myrtle) or N uptake
from the soil (cattail), lost N during decomposition, whereas
maple, sedge, and leatherleaf accumulated N during decay
period. Ranking mass loss of cell wall components from the
most to the least lost was: soluble > pectin = cellulose >

hemicellulose > lignin. The broad-leaf deciduous leaf litter was
distinguished by large loss of soluble components; the graminoids

were distinguished by slower loss of soluble components; the
shrubs and needle-leaf litter had average patterns of mass loss for
components. Although these patterns were fairly similar between
bogs and rich fens, mass loss rates for hemicellulose was much
less in the bogs than in the rich fens.

Methanogenesis and Concomitant
Anaerobic CO2 Production
Portions of leaf litter residue incubated in vitro without oxygen
to assess methanogenesis showed rates that varied by a factor
of 5,000, from 1 to 5,172 nmol g−1 dry residue d−1 (Figure 2).
Across the nine species and four sites, rates of methanogenesis
were greater for the 0.5-year old residue (67 + 84, nmol g−1 dry
residue d−1, n = 180) and the 1.5-years old residue (304 + 658
nmol g−1 dry residue d−1, n = 72) than for the older 2.5-years
old residue (6 + 7, nmol g−1 dry residue d−1, n = 90). Across
the nine species and ages of the residues, rates were greater for
leaf litter that decomposed in the rich fens (234 + 545 nmol g−1

dry residue d−1, n = 276) than in the bogs (18 + 28 nmol g−1

dry residue d−1, n= 276), with the ranking from greatest to least:
broad-leaf deciduous trees > graminoids > shrubs = needle leaf

FIGURE 3 | Rates of anaerobic respiration (µmol CO2 g−1 dry residue d−1) by leaf litter residue from nine species having decayed in bogs or in rich fens for three

amounts of time. Values are mean + standard error; n = 10 for 0.5 year, n = 4 for 1.5 years, n = 5 for 2.5 years.
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FIGURE 4 | Rates of methanogenesis (nmol CH4 g−1 dry residue d−1) by leaf litter residue from four plant growth forms having decayed in bogs or in rich fens (A: 0.5

year, B: 1.5 years) mixed with peat soil from a bog or rich fen. Values are mean + standard error; n = 4 per plant growth form, 6 for needle-leaf trees.

trees. The effect of peatland type on rates of different plant growth
forms (Table 5) was stronger for graminoids and shrubs than for
the other two growth forms.

In contrast, anaerobic respiration varied by a factor of 25, from
4.2 to 106.7 µmol g−1 dry residue d−1 (Figure 3). Across the
nine species and four sites, rates increased with increasing state
of decay from the 0.5-years old residue (26 + 7 µmol g−1 dry
residue d−1, n= 180) to the 1.5-years old residue (28+ 12 µmol
g−1 dry residue d−1, n = 72) to the 2.5-years old residue (31 +

11 µmol g−1 dry residue d−1, n = 90). As a function of growth
form, the ranking was: graminoids > broad-leaf deciduous trees
> shrubs= needle leaf trees. Although rates were greater for leaf
litter that decayed in the bogs (31+ 10µmol g−1 dry residue d−1,
n= 276) than in the rich fens (26+ 10µmol g−1 dry residue d−1,
n= 276), the effect of peatland type was evident only for 1.5-years
old residue with greater rates for residue from the bogs (Table 5).

Portions of leaf litter residue added to soil resulted in rates
of methanogenesis that ranged from 6 to 9,312 nmol g−1 d−1

(Figure 4). In contrast, the peat soils without added leaf litter had
rates of<20 nmol g−1 d−1. Across the nine species and two types
of soil, rates were greater with older 1.5-years old residue (1,634
+ 2,235 nmol g−1 d−1, n = 72) than with the less decomposed
0.5-year old residue (337 + 879 nmol g−1 d−1, n = 72). Also,
across the nine species and two types of soil, rates were greater
with residue from decay in the bogs (1,405 + 2,272 nmol g−1

d−1, n = 72) than from decay in the rich fens (566 + 1,049 nmol
g−1 d−1, n=72). For most of the plant growth forms, the largest
rates occurred with residue from decay in the bogs placed on the
surface of fen soil.

Rates of anaerobic respiration with leaf litter residue and peat
soil ranged from 20 to 232 µmol g−1 d−1 (Figure 5). Across the
nine species and two types of soil, rates were 2-times greater with
older 1.5-years old residue (99+ 58 mmol g−1 d−1, n= 72) than
with the less decomposed 0.5-year old residue (54+ 22µmol g−1

d−1, n = 72). However, across the nine species and two types of
soil, rates were similar with residue from decay in the bogs (79+
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FIGURE 5 | Rates of anaerobic respiration (µmol CO2 g−1 dry residue d−1) by leaf litter residue from four plant growth forms having decayed in bogs or in rich fens (A:

0.5 year, B: 1.5 years) mixed with peat soil from a bog or rich fen. Values are mean + standard error; n = 4 per plant growth form, 6 for needle-leaf trees.

46 µmol g−1 d−1, n = 72) as with residue from decay rich fens
(74 + 52 µmol g−1 d−1, n = 72). In general, the greatest rates
occurred bog soil and 1.5-years old residue regardless where it
had decayed.

Leaf litter decay rates showed positive relationships with SLA
and the Sum of Cell Wall components (Sum CW) and negative
relationships with LDMC and the lignin/N ratio, but only for
decay in the rich fens (Table 6). None of the aspects of litter
provided strong prediction of decay rates in the bogs. For gas
production, correlations were calculated between the rate in the
residue and the aspect of leaf litter qualitymeasured in the residue
at the same time (Table 6). Most of the cell wall components
predicted rates of CH4 production by the 2.5-years old residue in
the rich fens, with positive relationships for CWP, hemicellulose,
and cellulose, whereas the relationship was negative for lignin.
The best predictor for CH4 production in the bogs was for the
0.5-year old residue with a positive relationship for N and a
negative relationship for the lignin/N ratio. Hemicellulose was

the best predictor of CO2 production by leaf litter residue from
the rich fens.

DISCUSSION

Decomposition
The interaction in leaf litter decay rates between plant growth
form and peatland type adds a new dimension to explanations of
ecosystem processes in peatlands. Previous studies have shown
that leaf litter decay rates vary among plant growth forms
(Dorrepaal et al., 2005; Lang et al., 2009) and types of peatlands
(Szumigalski and Bayley, 1996; Moore et al., 2007). However, the
interaction illustrates why it is necessary to specify vegetation,
plant species, and peatland type when putting peatlands into
broad cycles of carbon. One hypothesis of a vegetation × site
interaction is that leaf litter decays faster in sites in which it came
from, the so-called home-field advantage (Gholz et al., 2000).
Here for example, sedge and cattail decomposed faster in rich

Frontiers in Environmental Science | www.frontiersin.org 10 November 2019 | Volume 7 | Article 18291

https://www.frontiersin.org/journals/environmental-science
https://www.frontiersin.org
https://www.frontiersin.org/journals/environmental-science#articles


Yavitt et al. Peatland Litter Decay and Methane Production

TABLE 6 | Pearson correlation between aspects of leaf litter quality and mass loss

and rates of CH4 production and CO2 by decayed residue.

Mass loss CH4 CO2

0.5

year

1.5

years

2.5

years

0.5

year

1.5

years

2.5

years

SLA

Bog −0.19 0.26 0.10 0.03 0.55 0.40 −0.09

Fen 0.60 0.49 0.79 0.29 0.22 0.02 0.25

LDMC

Bog 0.15 −0.42 −0.17 −0.05 −0.42 −0.36 0.03

Fen −0.61 −0.64 −0.49 −0.55 −0.29 −0.41 −0.46

N

Bog 0.28 0.53 0.27 −0.11 0.42 0.25 −0.39

Fen 0.50 0.18 0.11 −0.15 0.35 −0.41 −0.46

SOLUBLE

Bog −0.05 −0.49 −0.36 −0.49 −0.20 0.11 −0.36

Fen 0.41 −0.03 0.10 0.31 −0.38 0.50 0.39

MLP

Bog −0.42 −0.10 −0.38 −0.61 −0.06 0.07 −0.14

Fen 0.02 −0.05 0.74 0.35 0.24 0.36 0.48

CWP

Bog 0.10 −0.46 −0.26 −0.25 −0.41 −0.09 −0.43

Fen −0.10 −0.18 0.41 0.61 −0.37 −0.34 0.61

HEMICELL

Bog −0.05 0.19 −0.33 0.35 −0.13 0.25 0.51

Fen 0.24 0.24 0.03 0.91 −0.04 0.94 0.93

CELL

Bog −0.11 0.01 −0.22 0.21 −0.33 0.25 0.37

Fen 0.24 0.28 −0.18 0.67 −0.03 0.90 0.70

LIGNIN

Bog 0.38 −0.12 0.37 −0.10 0.10 0.02 −0.36

Fen −0.41 −0.10 −0.10 −0.89 −0.05 −0.90 −0.90

SUM CW

Bog −0.07 −0.40 −0.26 −0.21 −0.52 −0.09 0.01

Fen 0.61 0.02 0.41 0.59 −0.02 −0.34 0.59

LIGNIN/N

Bog −0.02 −0.66 0.19 −0.09 −0.20 −0.45 0.06

Fen −0.78 −0.39 −0.23 −0.62 −0.18 −0.27 −0.50

SLA, Specific leaf area; LDMC, Leaf dry matter content; N, nitrogen; MLP, middle

lamella pectin; CWP, cell wall pectin: Hemicell, hemicellulose; Cell, Cellulose; Lignin,

Acid-detergent lignin.

Bold indicates significance level corrected by Bonferroni for the number of tests; p< 0.05.

fens where they occur than in bogs, and leatherleaf decomposed
faster in bogs where it occurs than in the rich fens (Schwintzer,
1981). However, home-field advantage did not apply to bog
myrtle, which despite its name occurs in fens (Schwintzer, 1984),
and to larch, an indicator species for rich fens (Slack et al., 1980),
both of which decomposed faster in the bogs. An alternative
hypothesis for a vegetation × site interaction is that all litter
species decompose at a fast rate in sites dominated by plants with
decay-resistant litter, the so-called functional breadth hypothesis
(Keiser et al., 2011). The idea is that microbial decomposers can
deal with any litter quality when adapted to decay resistant litter,

which is Sphagnum moss in bogs in this case (Van Breemen,
1995), whereas fastest-decomposing litter shows no preference
for site. This applied here to the slowest decaying leaf litter from
needle-leaf trees with faster decay rates in the bogs. However,
slow-decaying litter from graminoids decayed faster in the rich
fens, as opposed to the functional breadth hypothesis. Thus,
neither hypothesis for a vegetation × site interaction in litter
decay rates applied in toto to the plant species used here in the
bog, rich fen contrast.

A key finding of our study is that aspects of litter quality
were better predictors of litter decay rates in the rich fens
than in the bogs (Table 6). For example, SLA and LDMC
had strong relationships with litter decay rates but only in
the rich fens. One explanation for such relationships is rapid
colonization by microbial decomposers (Makita and Fujii, 2015).
For example, a large value for SLA presents a large surface area
for colonization, resulting in a positive relationship with decay
rate. Decomposition in the rich fens also was negatively related
to the ratio of acid-detergent lignin to N (Table 6). Lignin and N
are well-documented predictors of decomposition in terrestrial
ecosystems (Melillo et al., 1982; Berg and McClaugherty, 2014)
but did not generalize to litter decay rates in the bogs, perhaps
because of N mineralization per se in the bogs that complicates
that relationship. One hypothesis is that N released from
decaying tissue is lost quickly from the bog soil, and this seems
to slow the decay of vascular plant litter (Reuter et al., 2019).

Pectin in the middle lamella emerged as a stronger predictor
of leaf litter decay rates in the bogs (Table 6). Pectin is a major
component of the middle lamellae (and primary plant cell wall)
in vascular plant species and is typically 30–35% of cell wall dry
weight (Pelloux et al., 2007), although lower levels of 5–10% are
found in some graminoid species (Smith and Harris, 1999). Our
finding pectin percentages of 29–42% (mean = 34%) among the
nine species here is in line with others for trees, shrubs, and
sedges. Because middle lamella pectin plays a functional role
gluing cells to each other (Bou Daher and Braybrook, 2015),
the negative relationship with litter decay rates suggests that the
glue effectively slowed the rate of decay in bogs. Although the
functional breadth hypothesis, mentioned above, would predict
faster litter decay rates in in the bogs (Keiser et al., 2011; Fanin
et al., 2016), and bogs typically harbor microorganisms with
pectin-degrading enzymes (Thormann, 2006), these enzymes
tend to be deactivated when bound to Sphagnum (Børsheim et al.,
2001). Therefore, the unique chemistry of Sphagnum complicates
litter decay in bogs (Van Breemen, 1995).

Our experimental design included two plant species associated
withN-fixingmicroorganisms and cattail that initially hadN-rich
leaf litter, but these species did not have the most rapid decay
rates. This finding is in line with other studies where leaf litter
from plants with N-fixers does not decompose faster than leaf
litter from non-N-fixing plants (Cornwell et al., 2008; Prescott,
2010). The experimental design also included plant species with
a broad range of hemicellulose content. Schädel et al. (2010)
examined hemicellulose contents in leaves for a range of plant
growth forms and found that the ratio of cellulose + lignin
to hemicellulose had a mean value of ca. 1.4 for graminoids,
1.75 for broad-leaf trees, and 2.7 for needle-leaf trees. Values
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here are larger, but with the same ranking among plant growth
forms, with 2.4 for graminoids, 3.1 for broad-leaf trees, 4.9 for
needle-leaf trees, and a notable value of 12.4 for the shrubs. The
much larger values here, along with typical values for lignin and
cellulose (Preston et al., 2009), point to the importance of pectin
rather than hemicellulose in the leaf litter of vascular plant species
that occur in peatlands.

After 2.5 years of decay, persistence of lignin in the residue
of decaying litter is a well-established phenomenon (Preston
et al., 2009). How chemistry of litter residue changes during
decomposition has been much debated (cf., Wickings et al.,
2012). For example, Soong et al. (2015) argued that lignin and
cellulose decompose at similar rates maintaining a constant
proportion in the residue over time, but this was not true for
all nine of plant species we studied. Likewise, there is a general
belief that about 50% of hemicellulose is lost quickly from
decaying litter, within the first fewmonths, but what remains does
not decompose as easily (Machinet et al., 2011). However, the
retention of hemicellulose during litter decay in the bogs vs. 75%
of the initial hemicellulose being lost from decaying litter in the
rich fens deviated from this conclusion. Overall, pectin is thought
to be easily degradable (Jung and Engels, 2002). However, it
is well-known that pectin accumulates in peat soils (Waksman
and Reuszer, 1932), which is thought to be derived mostly from
Sphagnum mosses. Thus, our data show that decomposing leaf
litter from vascular plants is an additional source of pectin. These
findings are important for the link to methanogenesis, as lignin
and pectin contain methyl groups that can be fermented to
methanol and acetate, which are substrates for methanogenesis
(Lever et al., 2010).

Methanogenesis and Anaerobic
Respiration
The maximum rates of methanogenesis attained by decaying leaf
litter were impressive. Although there is no accepted level that
constitutes an active rate vs. a less-active rate, using an arbitrary
value of >100 nmol g−1 d−1 as active, all of the species, except
pitch pine, were able to support active CH4 production. Indeed,
upper values achieved by decaying leaf litter are in line with rates
observed in peat soils that are known sources of atmospheric
CH4 (Yavitt et al., 2018). This means that leaf litter from species
across a broad range of plant growth forms, when decaying on the
surface of peat soils, provides a suitable habitat for methanogenic
microorganisms and associated anaerobes.

The wide range in rates of methanogenesis by decaying leaf
litter, albeit from the nine species of plants, decayed in two types
of peatlands, and with three ages of residue is not surprising,
given that rates of methanogenesis are notoriously variable in
peat soils (Yavitt et al., 1997; Treat et al., 2015; Kotsyurbenko
et al., 2019). Many studies have sought the explanation(s)
for variation in rates of methanogenesis in peatlands, but the
multiple processes acting over a variety of spatial and temporal
scales suggest that any one aspect might not be a stronger
predictor of the process. For example, much greater rates of
methanogenesis by leaf litter residue retrieved from the rich
fens than the bogs in this study points to wetter soil conditions

year-round in the rich fens that enable the growth and persistence
of anaerobic methanogens. However, Godin et al. (2012) found
greater diversity in themethanogenic community and active rates
of methanogenesis in rich fens across a gradient of fen types, but
soil wetness was not a good predictor. Several studies have singled
out graminoids in peatlands for their role in methanogenesis (cf.,
Treat et al., 2015; Strack et al., 2017), given that they assume
dominance in rich fens (Schwintzer, 1981).

It is noted that the two species of graminoids examined
here were not associated with particularly large rates of
methanogenesis. Other studies have attributed the positive effect
of graminoids to rapid decay rates (Treat et al., 2015), but that
does not apply to the two species here that had relatively slow
rates of leaf litter decay. Another hypothesis is that graminoids
lack phenolic compounds in litter (Emilson et al., 2018) that are
toxic to methanogens. However, leaves from shrubs and needle-
leaf trees are notoriously full of phenolics (Dorrepaal et al., 2005),
yet decaying leaf litter from shrubs, and from needle-leaf trees
here and in other studies (Yavitt and Williams, 2015; Corteselli
et al., 2017) supported methanogenesis, which runs counter to
the toxicity argument. Moreover, because most phenolics are
water soluble (Min et al., 2015), they are likely leached away
making the residue a less toxic habitat than expected from
initial litter chemistry. Thus, the overwhelming prevalence of
methanogenesis associated with litter decay in the rich fens
challenges a single explanation.

The mostly negative relationships between aspects of litter
quality and rates of methanogenesis for decay in the bogs
(Table 6) seems to presuppose that leaf litter residue is a poorer
substrate for methanogens in bogs. However, we tested this
by mixing leaf litter residue retrieved from the bogs with fen
soil. Even though it was a short-term in vitro study, the large
rates of methanogenesis by bog-derived residue indicates no
inherent inhibition of CH4 producers by the residue per se.
Therefore, low rates of methanogenesis observed by decaying leaf
litter in the bogs could be attributed to a relatively depauperate
methanogenic community in the bogs vs. that in the rich fens
(Dettling et al., 2007; Godin et al., 2012). Likewise, the positive
link between pectin and rates of methanogenesis for decaying
litter in rich fens but not in the bogs might be related to more
active pectin-degrading microorganisms in fens than in bogs
(Børsheim et al., 2001). The positive links between hemicellulose
and rates of methanogenesis in the rich fens but not in the
bogs are notable with further studies needed to pinpoint the
mechanistic link.

Also evident in Table 6 is that the strength a correlation
between a particular aspect of leaf litter quality and rates of
methanogenesis changed as the residue aged. In some cases,
the strength of the relationship weakened with age of the
residue, such as with SLA, in other case it strengthened.
Explanations for each aspect of litter quality are, of course,
complicated by likely changes in the size and activity of different
populations of methanogens associated with residue of different
age (Sun et al., 2012).

Fairly constant rates of anaerobic respiration as the leaf litter
residue aged can be explained by the combination of microbial
growth on the residue (Witkamp, 1966) and greater respiration
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per unit of mass loss as microbes need to work harder to
decompose components that accumulate as the residue ages
(Wardle, 1993). This effect of greater CO2 production associated
with decaying litter has been shown in a few studies (McLaren
et al., 2017), and the results here extended it to anaerobic
respiration. Since our findings include leaf litter that decomposes
slowly as well as more quickly, and for decay in bogs and in rich
fens, greater microbial respiration on aged litter residue might be
a common feature of peatland ecosystems. The implication is that
CO2 produced in peat soil is not always coming from decay of the
freshest litter, but rather it is supported by microbial activity on
aged litter.

CONCLUSIONS

During 2.5-years of decomposition, we found that decaying
leaf litter provided a habitat for anaerobic CH4-producing
microorganisms. This conclusion extended to leaves from trees,
shrubs, and graminoids decomposing in bogs and in rich fens.
With anaerobic microorganisms invading quickly at the onset
of the decomposition process, and persisting in the residue,
the results have broadly implications to spatial patterns of
methanogenesis within the soil profile of peatland ecosystems.
The initial decay rate of leaf litter is relatively slow in these
ecosystems, and the decay rate further slows as the litter residue
becomes progressively buried in the soil profile (Frolking et al.,

2001). Thus, the species-specific responses will help to define
whole-ecosystem CH4 production as the composition of plant

species wax andwane over time in peatland ecosystems (Williams
and Yavitt, 2003).
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Sea-level rise coupled with land subsidence from wetland drainage exposes increasingly

large areas of coastal peatlands to seawater intrusion. Seawater contains high

concentrations of sulfate (SO4
2−), which can alter the decomposition of organic matter

thereby releasing organic and inorganic solutes from peat. In this study, a flow-through

reactor system was used in order to examine the transport of SO4
2− through peat as

well as its effect on solute release. Moderately-decomposed fen peat samples received

input solutions with SO4
2− concentrations of 0, 100, 700, and 2,700mg L−1; sample

effluent was analyzed for a variety of geochemical parameters including dissolved organic

carbon (DOC), dissolved inorganic carbon (DIC) and total dissolved nitrogen (TDN) as

well as the concentrations of major cations and anions. The input solution remained

anoxic throughout the experiment; however, no signs of a pronounced SO4
2− reduction

were detected in the effluent. SO4
2− transport in the fen peat resembled non-reactive

bromide (Br−) transport, indicating that in the absence of SO4
2− reduction the anion

may be considered a conservative tracer. However, slightly elevated concentrations of

DOC and TDN, associated with raised SO4
2− levels, suggest the minor desorption of

organic acids through anion exchange. An increased solute release due to stimulated

decomposition processes, including SO4
2− reduction, was observed for samples with

acetate as an additional marine carbon source included in their input solution. The

solute release of peats with different degrees of decomposition differed greatly under

SO4
2−-enriched conditions where strongly-decomposed fen peat samples released the

highest concentrations of DOC, DIC and TDN.

Keywords: fen peat, sulfate, solute transport, solute release, coastal zone

INTRODUCTION

Over the millennia, large quantities of partly-decomposed organic matter have accumulated in
waterlogged peatlands. The hydrological and biogeochemical conditions in a peatland determine
whether it may serve as a sink or a source for carbon- and nitrogen-containing compounds. It is well
known that the drainage of peatlands for agricultural purposes initiates the aerobic decomposition
of organic matter in the top layer, resulting in the enhanced emission of greenhouse gases, including
carbon dioxide (CO2) and nitrous oxide (N2O) (Kasimir-Klemedtsson et al., 1997) as well as a
mobilization of dissolved organic matter (generally measured as dissolved organic carbon, DOC)
and other nutrients such as ammonium (NH+

4 ) (Zak and Gelbrecht, 2007). Hence, the drainage of
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peatlands has ramifications in the exacerbation of global
warming, land subsidence and nutrient loads for adjacent
aquatic ecosystems.

Under anoxic conditions, the decomposition of organic
matter is controlled by the presence of electron acceptors
such as sulfate (SO4

2−), an inorganic and highly mobile
form of sulfur, which is used in the metabolism of sulfate-
reducing bacteria (SRB). While SO4

2− concentrations in
terrestrial ecosystems are generally low, marine ecosystems
are SO4

2−-enriched as seawater contains approximately
2700mg L−1 (∼29mM, Algeo et al., 2015). Infiltration of
seawater into peatlands can therefore drastically increase
SO4

2− concentrations, altering the biogeochemistry of the
peat thereby implicating the mineralization of organic matter.
Due to climate change and predicted sea level rise, sea water
intrusion and the impact on the quality of groundwater resources
will be relevant for larger areas of peatlands in the future
(Sherif and Singh, 1999; Ardón et al., 2016).

However, when formerly drained peatlands are rewetted (i.e.,
the water level in the peatland is raised), increased SO4

2−

concentrations may aid climate protection by reducing emissions
of the greenhouse gasmethane (CH4). The rewetting often results
in water levels higher than in the initial state, as the land has
subsided, which may result in an emission of a large quantity
of CH4 (Wen et al., 2018). When SO4

2− is present, the SRB,
although tending to be low-abundant even under favorable redox
conditions, generally outcompete the methanogens in the peat
and therefore impede the formation of CH4 (Hausmann et al.,
2016). Coastal peatlands are therefore considered well suited for
rewetting projects associated with dyke removal (Koebsch et al.,
2019), although under certain circumstances (e.g., abundance of
suitable electron donors, Weston et al., 2011) methanogenesis
and SO4

2− reduction can occur at the same time (Oremland et al.,
1982; Hahn et al., 2015).

While the impact of water salinity and SO4
2− on greenhouse

gas emissions in peatlands has aroused scientific interest, there
are hardly any studies focusing on themechanistic understanding
of SO4

2− mobility in peat and its impact on the release of solutes
from peat. Solute release from peat is known to be affected
by a wide range of environmental variables, with water table
fluctuations and the associated change of redox conditions being
the most prominent one (Borch et al., 2010). In particular, factors
prompting the DOC release from peatlands have been studied
previously, since DOC concentrations in surface water in Europe
have increased in the last decades (Roulet and Moore, 2006),
which is for example problematic for drinking water treatment
(Ritson et al., 2014). Factors influencing DOC release from peat
include ionic strength [and its proxy, electrical conductivity
(EC)] and pH of the pore water. When EC increases and pH
decreases, amounts of DOC released typically decline as a result
of decreased charge density, limiting the solubility of the DOC
(Münch et al., 2002; Clark et al., 2011; Ardón et al., 2016;
Tiemeyer et al., 2017). Increases in EC have also been observed
to impact other geochemical processes in peat, including the
desorption of NH+

4 by salt ions (Ardón et al., 2013), an increase
of hydraulic conductivity due to a pore dilation (Ours et al.,
1997) and a decrease in plant uptake of nutrients as a result of

salt stress (Hanin et al., 2016). The explicit impact of changing
SO4

2− concentrations on solute release has been studied mostly
for moderately increased concentrations simulating atmospheric
deposits (Blodau et al., 2007; up to 10mg L−1), discharge of river
water to a wetland (Lamers et al., 1998; up to 400mg L−1) or
intrusion of highly diluted seawater into a wetland (Ardón et al.,
2016; up to 300mg L−1). In an extensive mesocosm experiment,
Lamers et al. (1998) observed an increase in alkalinity due to
the consumption of hydrogen ions during SO4

2− reduction, a
reduced uptake of nutrients, such as potassium (K+), due to the
toxicity of sulfide (HS−) and an increased release of NH+

4 due to
the increase of organicmatter decomposition. They also observed
that increased SO4

2− concentrations can turn peat into a source
for phosphate, similar as observed for other aquatic sediments
(Caraco et al., 1989). The underlying process is the formation
of iron sulfide, which reduces the availability of iron (Fe) as
binding partner for P both in the reduced form of vivianite or as
oxidized Fe(III)-P binding forms (Zak et al., 2010). However, the
sulfur cycle in peatlands is complex as sulfur can occur in various
organic and inorganic forms and can be recycled multiple times
(i.e., reduced and reoxidized) as stated for bogs (Wieder and
Lang, 1988; Blodau et al., 2007), forested wetlands (Mandernack
et al., 2000) and salt marshes (Gardner, 1990). To the author’s
knowledge, there has been no comprehensive study on SO4

2−

dynamics and mobility within fen peat with respect to release of
solutes from peat induced by SO4

2−-related processes. The main
objective of this study was to gain an improved understanding
of the processes determining the mobility of SO4

2− of varying
concentrations in fen peat samples and their short-term impact
on the solute release from the peat.

MATERIALS AND METHODS

Field Sampling and Peat Properties
Fifteen undisturbed core samples of moderately-decomposed
reed-sedge fen peat (referred to as “MD-Peat”) were collected
in May 2018 horizontally at a depth of 50 cm below surface
from a drained fen in northwestern Germany (“Pölchow”,
54◦00′20.3′′N, 12◦06′58.8′′E). The acrylic glass sampling tubes
(Ø = 4.2 cm, L = 10 cm, V = 139 cm3) were incorporated
into a sharpened shuttle corer which was pushed manually
into the peat. The groundwater level was 75 cm below surface
so that the taken peat samples were wet but not completely
water-saturated. The peatland has not been affected by Baltic
seawater intrusion [SO4

2− concentrations in the groundwater
accumulated in the profile pit were low (3.7mg L−1)]. For
comparison reasons additional samples (n = 3) of two fen peats
with a different degree of decomposition were collected: firstly
a degraded highly-decomposed peat (referred to as “HD-Peat”)
taken horizontally from the dried top soil in Pölchow in a depth
of 20 cm, secondly a SO4

2−-affected and water-saturated slightly-
decomposed peat (referred to as “SD-Peat”) taken vertically in
a depth of 10 cm in the shallow water of the Baltic Sea adjacent
to the coastal fen “Hütelmoor” (54◦13′19.38′′N, 12◦10′7.02′′E).
The coastline on the latter site has transformed over time to
constantly expose parts of the peat layer to seawater (Kreuzburg
et al., 2018). Additional disturbed samples of each peat were
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TABLE 1 | Basic properties of peat material.

Parameter SD-Peat MD-Peat HD-Peat

Sampling location Beach of the Baltic Sea in front of the

Hütelmoor

Grassland in Pölchow Grassland in Pölchow

Sampling depth (cm bsf) 10 50 20

Number of samples 3 15 3

Peat type Sea-exposed, slightly-decomposed

reed-sedge fen peat

Moderately-decomposed

reed-sedge fen peat

Degraded, highly-decomposed

fen peat

Degree of decomposition (von Post) H4-5 H6 H9

Organic matter content (% dwt) 83.7 (n = 2) 83.3 (n = 2) 39.8 (n = 2)

Corg (% dwt) 41.6 39.9 22.0

Cinorg (% dwt) 0.05 0.45 0.11

N (% dwt) 1.6 3.1 2.0

S (% dwt) 3.4 0.5 0.3

Fe (mg kg−1 ) 1173 22730 61600

ρb (g cm−3) 0.17 (n = 3) 0.19 (n = 15) 0.49 (n = 3)

8 (−) 0.90 (n = 3) 0.89 (n = 15) 0.78 (n = 3)

Bulk density (ρb) and porosity (8) of the samples were determined for each of the undisturbed peat samples after the experiment, all other parameters were determined on the basis of

untreated, disturbed peat material. In case of average values, the number of replicates (n) is indicated in parentheses.

collected to determine the organic matter content as well
as the solid-phase total carbon, nitrogen and sulfur (C/N/S)
contents. After collection, all peat samples were refrigerated
and transported to the Ecohydrology Research Group at the
University of Waterloo (Canada) for the laboratory experiments.
The basic physicochemical properties of the peat material used
in this study are shown in Table 1. The C/N/S contents were
measured for homogenized and freeze-dried samples on a
CHNS Carbo Erba analyzer (method detection limit: 0.1% dwt)
without any pre-treatment of the freeze-dried samples. The Fe
content was determined by Inductively-Coupled Plasma Optical
Emission Spectrometry (ICP-OES) after an aqua regia digestion
according to HFA (2014). The bulk density (ρb) was determined
gravimetrically based on the sample volume and the oven-dried
(3 days at 80◦C) sample mass. Subsequently, the peat samples
were ignited at 550◦C to determine the loss on ignition (LOI)
as a proxy for the organic matter content (DIN EN 15935,
2012), which was used to calculate the particle density (ρs) of
the peat samples with standard values for organic (1.4 g cm−3)
and mineral (2.65 g cm−3) components [ρs = (1.4 × LOI + 2.65
× (100–LOI))/100]. The total porosity was then calculated from
bulk and particle densities (8 = 1− ρb / ρs).

Flow-Through Reactor Experiment
A one-month SO4

2− displacement experiment was carried out
using a flow-through reactor (FTR) set-up (Figure 1). These
reactors are designed to measure biogeochemical reaction rates
on undisturbed soils or sediments and yield kinetic parameters
and information on reaction pathways that can be extrapolated
to natural conditions (Pallud et al., 2007). They have been
used to study solute transport in peat (Kleimeier et al., 2017)
as well as SO4

2− and nitrate (NO3
−) reduction in sediments

(Pallud and Van Cappellen, 2006; Stam et al., 2010; Laverman
et al., 2012). In addition to information on SO4

2− transport, the
1-month monitoring of this experiment also provided insight

into the short-term effects of increased SO4
2− concentrations

on the release of solutes. The FTRs (21 reactors in total)
consisted of the peat core contained within an acrylic glass tube
attached to two PVC plate end-caps with an opening for tubing
connection. Between each plate end-cap and the soil column an
O-ring, a glass fiber filter (pore size 1µm) and a hydrophilic
polypropylene membrane filter (pore size 0.2µm) were inserted
to avoid leakage, uniformize inflow and reduce the filtration
effort for the effluent sampling. The bottom end-cap of the
FTRs was connected to a peristaltic pump (GilsonMINIPULSE R©

3) and served as an inflow channel while the top end-cap
connected to the outflow channel allowed the effluent to collect
in polyethylene sampling bottles (125mL). Inflow and outflow
channel consisted of viton tubing (ID = 1.59mm). During the
entire experiment duration of 1 month, the pump rate (PR) was
set to 4mL h−1 (corresponding to a Darcy flux of 7 cm d−1) with
slight differences between the pump channels (range of 3.4 to
4.5 mL h−1).

Triplicates of MD-peat samples were assigned to different
SO4

2− treatments corresponding to SO4
2− milieus in terrestrial

(0 and 100mg L−1), brackish (700mg L−1) andmarine (2,700mg
L−1) ecosystems (see Table 2). The latter treatment was also
applied to the SD-peat and HD-peat samples. Furthermore,
another treatment of the MD-peat containing 2,700mg SO4

2−

L−1 and 590mg acetate (CH3COO
−) L−1 (concentration

inspired by Schmaljohann, 1996) simulating a potential input of
marine dissolved organic matter (DOM) was added to guarantee
an excess of electron donors, as the peat consists of rather
persistent plant residues. Acetate is generally considered as the
most relevant electron donor for anaerobic decomposition of
organic matter by SRB in the marine environment (Boschker
et al., 2001). In the following, the different treatments are referred
to with the labels shown in Table 2 (e.g., SULF0), the addition
of acetate to a treatment is indicated within the label with
a “+A.”
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FIGURE 1 | Schematic diagram of the experimental set-up. The reactors were placed in an environmental chamber at constant temperature of 15◦C. The

sulfate-enriched water was depleted in oxygen via sparging with argon (Ar), flowed with a pump rate of 4mL h−1 through the peat samples and was subsequently

collected and sampled.

The artificial brackish input solution was prepared by diluting
the quantitatively most important seawater salts according to
Kester et al. (1967) (NaCl, KCl, MgCl2 · 6H2O, CaCl2 · 2H2O,
NaHCO3) in 20-fold dilution in ultra-pure water (Milli-Q) and
then adding Na2SO4 to adjust the different SO4

2− treatments
and NaCH3COO for the treatment SULF2700+A. The EC of
the five different input solutions was between 2.5 and 6.6mS
cm−1 (measured with a Horiba LAQUA B-213 Twin EC meter),
representing seawater diluted by freshwater in the mixing
zone (observed in the Hütelmoor field site, but see also e.g.,
Jørgensen et al., 2008). To induce the development of anoxic
conditions the input solutions to the FTRs were continuously
sparged with argon gas reducing oxygen concentrations to
levels between 0.2 and 0.9mg L−1 (measured with a Thermo
Scientific Orion 5 Star multifunction meter). The continuous
sparging with argon also led to an increase in the pH of the
input solution (up to 8.8, measured with a Horiba LAQUA
B-213 Twin pH meter) due to degassing of carbon dioxide,
which was adjusted to values between 7 and 7.5 through
addition of minor amount of hydrochlorid acid. However, as
the pH of seawater (∼8.1) is generally higher than freshwater,
variations of pH may also occur under natural field conditions.
As the SO4

2− reduction rate is sensitive to the temperature
(Stam et al., 2010), the FTR experiment was conducted in
an environmental chamber (Percival Scientific CTH-118) at a
constant temperature of 15◦C representing common summer
temperatures in peatland groundwater at the Hütelmoor field site
(M. Ibenthal, University of Rostock, personal communication).
The placement of the experimental set-up in the chamber also
ensured dark conditions to prevent algae growth in the acrylic
glass tubes.

Prior to the SO4
2− treatments, a control solution (SULF0)

containing 0mg SO4
2− L−1 was pumped (4mL h−1) into the

FTRs for 3 days to purge the cores of gas bubbles that may block
water flow as well as to flush out the pre-existing SO4

2− and

equilibrate the peat cores with the salt solution. Only for the
marine SD-peat a solution with 700mg SO4

2− L−1 was used
to maintain the natural SO4

2− milieu in those three samples.
The outflow of the first and the last 50mL of the flushing phase
was analyzed to determine the initial and stabilized chemical
concentrations. During the SO4

2− treatment phase (1 month),
the outflow samples were collected every 24 h for the first 3 days
and afterwards every 48 to 72 h. During the first 5 days of the
SO4

2− treatment, an additional bromide (Br−) concentration of
100mg Br− L−1 was added into the input solutions in form
of 149mg KBr L−1 as a step input to obtain a non-reactive
tracer breakthrough curve (BTC). During the Br− injection
outflow water samples were collected every 2 h on the first
day, every 4 h on the second day, every 8 h on the third day,
every 12 h on the fourth day and every 24 h on the fifth day
and the samples were analyzed for Br− concentration with ion
chromatography (see below).

Pore Water Geochemistry Analyses
During the SO4

2− treatments, water samples were collected from
the outflow of the FTRs and were sub-sampled into separate
vials. One milliliter of pore water was refiltered (to protect
the measurement device) through a 0.2µm membrane filter
(Thermo Scientific Polysulfone filter) for analysis of major anions
including Cl−, NO3

− and SO4
2− using ion chromatography

(IC, Dionex ICS-5000 with a capillary IonPac R© AS18 column).
A volume of 7ml of pore water sample was acidified with 3
drops of 1M HCl and was analyzed for DOC and total dissolved
nitrogen (TDN) using the non-purgeable organic carbon method
on a total organic carbon analyzer (Shimadzu TOC-LCPH/CPN).
Another volume of 7mL pore water sample was subsampled
for concentrations of dissolved inorganic carbon (DIC) that was
measured using the same TOC analyzer. For the SULF2700+A
treatment, an additional 1mL sample was treated with 20 µL
of a 500 ppm CrO4

2− solution and analyzed for organic acids

Frontiers in Environmental Science | www.frontiersin.org 4 November 2019 | Volume 7 | Article 189100

https://www.frontiersin.org/journals/environmental-science
https://www.frontiersin.org
https://www.frontiersin.org/journals/environmental-science#articles


Gosch et al. Sulfate Effects in Fen Peat

TABLE 2 | Overview of the different applied SO4
2− concentrations and associated number of peat samples.

Label of

treatment

Simulated SO4
2− milieu SO4

2− (mg L−1)

and (mmol L−1)

CH3COO− (mg L−1)

and (mmol L−1)

EC (mS cm−1) Number of samples of

SD-Peat MD-Peat HD-Peat

SULF0 Control 0

0.0

0

0.0

2.5 3

SULF100 Fresh water 100

1.0

0

0.0

2.6 3

SULF700 Brackish water 700

7.3

0

0.0

3.6 3

SULF2700 Ocean water 2700

28.1

0

0.0

6.3 3 3 3

SULF2700+A Ocean water with marine DOM in

form of acetate (A)

2700

28.1

590

10.0

6.6 3

The number in the label of the treatments refers to the SO4
2− concentration (mg L−1) and “+A” indicates the additional addition of acetate (CH3COO

−) in form of sodium acetate.

using IC to assess acetate concentrations (method detection
limit: 0.017mg L−1) and subtract them from the measured DOC
concentrations to get the “acetate-free” DOC release, accepting
inaccuracies due to a potential acetogenesis in the peat. For

one FTR per treatment, 10mL of the water samples were
filtered through a 0.45µm membrane filter (Thermo Scientific
Polysulfone filter) and were acidified with 2% ultrapure HNO3

for analysis of major cations and trace metals including Fe
and manganese (Mn) using Inductively-Coupled Plasma Optical
Emission Spectrometry (Thermo iCAP 6200 Duo ICP-OES).
Once or twice a week a volume of 1.5mL was collected into
vials containing 50 µL of a 5% zinc acetate solution and the
concentration of HS− was measured colorimetrically according
to Cline (1969) and using an UV-Visible spectrophotometer
(Thermo Scientific Evolution 260 Bio) measuring the absorbance
at 670 nm.

Modeling of Breakthrough Curves
For the evaluation of the BTCs the software “STANMOD”
(available for download from www.pc-progress.com) with the
incorporated model CTXFIT (Toride et al., 1999) was used
to determine solute transport parameters by fitting a modeled
BTC to the measured data with a least-square fitting procedure.
As previous studies have shown that peat acts as a dual
porosity medium (e.g., Rezanezhad et al., 2012, 2016), a
physical non-equilibriummodel was used. The mobile-immobile
model (MIM) solves the convection-dispersion equation for
a mobile pore region, which exchanges solutes via diffusion
with an immobile pore region. The dispersion coefficient D
(cm² h−1) and the two dimensionless parameters β (equivalent
to the mobile water content for non-sorbing solutes) and ω

(mass transfer coefficient) served as calibration parameters. The
retardation factor R was set to 1 (meaning no adsorption occurs),
as a pronounced anion adsorption to organic compounds
is generally only expected under acidic conditions (Ottow,
2011) and high organic matter contents adversely affect SO4

2−

adsorption (Johnson and Todd, 1983). The average pore water
velocity v (cm h−1) was also set to a fixed calculated value
[v= PR/(sample cross section× 8)].

RESULTS AND DISCUSSION

Sulfate Transport
The SO4

2− BTCs for the different treatments showed slightly
different shapes and reached a similar relative concentration
(C/C0) after approximately three pore volumes, as shown in
Figure 2A. However, the differences in their shape are not
due to differences in the SO4

2− input concentration, they are
instead a result of differences in the soil pore distribution for
the individual peat samples. This effect is verified by non-
reactive Br− BTCs (which were always performed for the same
Br− concentration) which show a very similar shape to the
SO4

2− BTCs, as exemplified in Figure 2B for a breakthrough
of 100mg Br− L−1 and 100mg SO4

2− L−1. These results
suggest that no SO4

2− reduction occurred and SO4
2− behaved

as a conservative anion (such as Br−) during solute transport
in the studied fen peat samples. The Br− and SO4

2− BTCs
for all tested peats (Figure 2C) showed an early breakthrough
characterized by a C/C0 > 0.5 at one pore volume (Rezanezhad
et al., 2016). This is indicative of non-equilibrium flow, meaning
that the MIM serves as an appropriate simulation model in
this scenario. The obtained solute transport parameters for the
different peats contrasted for Br− and SO4

2− (Table 3) are
similar and in the same range as in comparable studies on
fen peat (Kleimeier et al., 2017; Liu et al., 2017; McCarter
et al., 2018). Generally, the parameters D, β and ω are
considered soil sample-specific and should not depend on the
applied solute, which also was supported in this study with
Wilcoxon signed-rank tests (α = 0.05), that did not reveal
any significant differences between Br− and SO4

2− parameters.

Yet, the variations between the parameters of the different
peats were also minor suggesting that the effect of degree of
decomposition and organic matter content on the shape of the
BTC is less pronounced than what has been shown in previous
studies (Liu et al., 2017).

SO4
2− and sodium (Na+) concentrations in the outflow of

the peat samples reached the input concentration after 5 days for
SO4

2− and 10 days for Na+ and remained stable throughout the
experiment. Only during the final phase of the experiment a slight
difference in SO4

2− concentration was observed between the
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FIGURE 2 | Average (n = 3) breakthrough curves for (A) all applied SO4
2−

concentrations for the moderately-decomposed peat, (B) SO4
2− and Br− for

the treatment SULF100 for the moderately-decomposed peat and (C) SO4
2−

for the treatment SULF2700 for slightly, moderately, and

highly-decomposed peat.

input and output concentrations of the SULF2700+A treatment
implying that SO4

2− reduction occurred only in the latter
case. This is consistent with the results of the measurement
of HS−, which was only detected in higher concentrations (up
to 2.4mg L−1, other treatments of MD-peat: 0.03 to 0.13mg
L−1) for the SULF2700+A treatment in the later phase of
the experiment—although a non-detection of HS− can also be
related to reactions of HS− with other compounds such as ferrous
iron (Fe2+) (see effect of acetate). The SD- and HD-peat samples
produced HS− concentrations between 0.06 and 0.2mg L−1

with only a slight increase in effluent concentration occurring
over time, indicating a very weak background SO4

2− reduction.
Results from all treatments imply that more SO4

2− reduction
could have been detected if the experiment was run for a longer

TABLE 3 | Average solute transport parameters (± standard deviation)

(v = average pore water velocity, D = dispersion coefficient, β = mobile water

content, ω = exchange coefficient between mobile and immobile regions)

determined with CTXFIT for the slightly, moderately and highly-decomposed peat

for SO4
2− and Br− breakthrough.

Parameter SD-Peat MD-Peat HD-Peat

Br− v (cm h−1) (fixed) 0.32 0.32 0.37

D (cm² h−1) 1.17 ± 1.72 0.66 ± 0.43 1.32 ± 0.46

λ (cm) 3.66 ± 5.36 2.06 ± 1.35 3.56 ± 1.25

β (−) 0.65 ± 0.14 0.57 ± 0.22 0.62 ± 0.22

Θmobile (cm
3 cm−3) 0.58 ± 0.12 0.51 ± 0.20 0.49 ± 0.17

ω (−) 0.99 ± 0.61 1.41 ± 2.22 0.38 ± 0.45

α (d−1) 0.69 ± 0.42 0.98 ± 1.54 0.26 ± 0.31

SO4
2− v (cm h−1) (fixed) 0.32 0.32 0.37

D (cm² h−1) 0.99 ± 1.32 0.93 ± 0.70 0.91 ± 1.01

λ (cm) 3.10 ± 4.13 2.90 ± 2.20 2.45 ± 2.73

β (−) 0.60 ± 0.10 0.54 ± 0.22 0.35 ± 0.09

Θmobile (cm
3 cm−3) 0.54 ± 0.09 0.48 ± 0.19 0.27 ± 0.07

ω (−) 0.70 ± 0.36 1.06 ± 1.09 0.89 ± 0.45

α (d−1) 0.49 ± 0.25 0.74 ± 0.75 0.62 ± 0.31

For a better comparability with other studies the parameters λ = dispersivity, θmobile =

mobile water content and α = exchange rate coefficient were calculated from the fitted

parameters [λ = D / v; θmobile = β × 8; α = ω × q / L with q as the Darcy flux (cm h−1 )].

duration. For the Fe-rich peat samples, MD-peat and HD-peat,
the delayed stimulation of SO4

2− reduction can be attributed
to an initial period of Fe(III) reduction. The predominance of
Fe(III) reduction over SO4

2− reduction has been observed by
Küsel et al. (2008), who found that in an upper peat horizon
in a lowland fen with a similar Fe content (33 g kg−1), the
Fe(III) reduction made up 72% of the anaerobic organic carbon
mineralization. Conversely, for the SO4

2−-affected SD-peat with
lower Fe content, it can be postulated that the microbially
available carbon pool was depleted due to previous pronounced
SO4

2− reduction occurring under field conditions.

Solute Release
Initial Flushing
Containing 40% organic carbon and 3% nitrogen (Table 1), the
MD-peat represents a potential source for nutrients. During the
equilibration period with SO4

2−-free water (3 days = 2.3 PV),
the substances which had accumulated in the pore water in the
peat were flushed and the concentrations of DOC, DIC and TDN
decreased, on average, from 9 to 4mg DOC L−1, from 16 to
3mg DIC L−1 and from 0.7 to 0.4mg TDN L−1. The initial
values measured for DOC are lower than in previous studies
using flow-through experiments with peat [32mg DOC L−1 in
Gosch et al. (2018), 11mg DOC L−1 in Tiemeyer et al. (2017)],
which can be explained by a larger sample volume of 50mL
in this study causing a dilution of the peak concentration as
well as a sample filtration using 0.2µm filters rather than the
commonly used 0.45µm filters. However, in the cases of this
experiment as well as the aforementioned previous studies, the
DOC concentrations stabilized in a range of 30 to 40% of the
initial concentration. Field concentrations of DOC and TDN
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from the sampling site were measured to be 16mg DOC L−1

and 3.6mg TDN L−1. The apparent discrepancy between the
field values and laboratory column experiments has already been
observed in other studies (Stutter et al., 2007; Tiemeyer et al.,
2017), and is generally explained by longer residence times and
limited dilution in the field. The initial values for the HD-peat
were higher than for the MD-peat with a decrease from 13 to
6mg DOC L−1, 17 to 6 DIC mg L−1 and 6.6 to 0.5mg TDN L−1.
Formerly drained and degraded peat is known to release more
solutes than less decomposed peat, due to the formation of more
mobile compounds through aerobic mineralization (Zak et al.,
2010). Therefore for rewetting purposes the degraded top soil of
formerly drained peatlands is sometimes removed to reduce the
leaching of nutrients and emission of greenhouse gases (Zak et al.,
2018). In this study, the initial release of 22mg NO3

− L−1 from
theHD-peat was 440 times higher than that of 0.05mgNO3

− L−1

release occurring from the underlying MD-peat. For the marine
SD-peat, which was initially flushed with a 700mg L−1 SO4

2−

solution, the concentrations changed from 28 to 25mgDOC L−1,
12 to 1mg DIC L−1 and 3 to 1mg TDN L−1, and no NO3

− was
detected in the effluent. The relatively lower decrease in DOC
concentrations observed for the MD-peat sample group might
be related to the effects of changes in EC wherein the antecedent
EC from the marine field conditions was closer to the artificial
seawater than in the terrestrial peat.

Effect of Sulfate Concentration
During the SO4

2− application in the FTRs, the solute release
evolved differently for the various SO4

2− treatments of the MD-
peat (Figures 3A–C). For most of the samples DOC and TDN
concentrations decreased continuously. However, the higher the
SO4

2− concentration in the input solution the lower the average
slope of the linear trend for DOC and the higher the average DOC
concentration at which the values seemed to stabilize (for SULF0
and SULF100 ∼ 2mg L−1, for SULF700 ∼3mg L−1 and for
SULF2700∼5mg L−1). These results imply a positive correlation
between EC and DOC and do not confirm observations by
previous studies on DOC fluctuations, who observed a negative
correlation between EC and DOC release (Münch et al., 2002;
Clark et al., 2011; Tiemeyer et al., 2017). For example, in Tiemeyer
et al. (2017) an increase in EC from ∼100 to 1,000 µS cm−1

caused a decrease of DOC from∼10 to 1mg DOC L−1. However,
the results in this study are consistent with a previous study by
Gosch et al. (2018), who observed a positive relation between
EC and DOC for peat material from the same field site from
which samples were collected for this study. The non-validity of
the negative correlation between EC and DOC relation for the
MD-peat might be attributed to the peat (pore water) chemistry
(see effect of peat decomposition degree). The existence of
interfering impact factors is also indicated by contradicting
effects comparing laboratory and field data (Tiemeyer et al.,
2017) or surface water and pore water geochemistry (Knorr,
2013).

This result also does not confirm previous findings by Ardón
et al. (2016), who observed a decreasing DOC release with higher
SO4

2− concentrations (range of 100 to 300mg SO4
2− L−1).

Ardón et al. (2016) concluded that the consumption of DOC

via SO4
2− reduction was responsible for this decline. However,

peat samples undergoing the SULF0, SULF100, SULF700, and
SULF2700 treatment exhibited no pronounced SO4

2− reduction,
hence Ardón et al. (2016) conclusion cannot be considered as the
cause for the observed differences in DOC/DIC/TDN between
the treatments. Instead, minor differences observed in DOC
release from the different SO4

2− treatments may be attributed
to anion exchange of DOM anions by SO4

2− (Brouns et al.,
2014). An increased dispersion of organic matter caused by a
replacement of calcium (Ca2+) by Na+ (e.g., Edelstein et al.,
2010) is considered unlikely as increased Ca2+ concentrations
were observed in effluent immediately after the start of the SO4

2−

treatments (see segment about cation-related processes below).
In contrast, DOC release in the different treatments differedmore
toward the end of the experiment.

The release of TDN over time resembled the release of
DOC, which is reflected by a correlation coefficient calculated
between 0.5 and 0.9, indicating a strong relationship between
these two parameters. This result suggests that the majority of
the nitrogen released derived from DOM rather than from NH+

4 .
This is consistent with observations made in a shrub-dominated
peatland by Wang et al. (2016) who found that 68% of nitrogen
compounds released from peat monoliths were dissolved organic
nitrogen (DON), while NH+

4 and NO3
−/ NO−

2 made up only 8
and 24%, respectively. In this study, NO3

− (method detection
limit: 0.05mg L−1) was detected only irregularly and in a low
concentration between 0 to 0.13mg L−1 in the effluent of
MD-peat samples.

The release of DIC as an indicator for decomposition of
organic matter showed less treatment-dependent tendencies than
DOC and TDN. The SULF0, SULF100, and SULF700 treatments
caused similar releases of DIC. Only peat samples treated with
SULF2700 led to slightly higher DIC concentrations. However,
DIC concentrations in the effluent of all samples first decreased
before stabilizing at values between 0 and 1mg L−1. This
supports the assumption that none of the SO4

2− concentrations
led to a pronounced SO4

2− reduction in the time frame of
this experiment. As the decrease also occurred for the SULF0
treatment, it can be assumed that the decrease is the continuation
of the initial leaching of DIC.

Increased Na+ concentrations from the input solution
resulted in cation exchange leading to variable increases in
different cation concentrations throughout the experiment (data
not shown). For the MD-peat, the concentrations of Ca2+ and
K+ increased shortly after the treatment commenced with the
highest Ca2+/K+ peak occurring in samples treated with the
greatest Na+ concentrations (SULF2700 and SULF2700+A) and
subsequently decreased toward the value of the input solution.
It stands to reason that Ca2+ and K+ were exchanged by Na+,
although Ca2+ is generally bound more strongly to the peat
than Na+ as a result of its bivalence (Succow and Joosten,
2001). Magnesium (Mg2+) concentrations increased very slowly
over time and had not reached the input concentration
value after 31 days, indicating that the displacement of other
cations by Mg2+ took longer than the experimental duration.
Total dissolved manganese (TDMn) (showing a peak right
after the start of the treatment and then stabilizing at a
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FIGURE 3 | Average concentrations (n = 3) for DOC, DIC, and TDN in the effluent of the flow-through reactors during the SO4
2− applications (A–C) for the different

SO4
2− treatments and (D–F) for the different degrees of decomposition for the SULF2700 treatment and for the MD-peat for the SULF2700+A treatment. Note the

scaling differences.

value between 0.12 and 0.28mg L−1) and total dissolved
aluminum (TDAl) (stable value, but graduated from SULF0 with
0.01mg L−1 to SULF2700+A with 0.05mg L−1) concentrations
were lowest for the SULF0 treatment and highest for the
SULF2700+A treatment suggesting that, for the corresponding
ions (Mn2+, Al3+), the Na+ concentrations determined the
release of these solutes. However, the evaluation is less clear
for Fe and Mn as they may potentially be involved in the
anaerobic decomposition processes and are present in different
oxidation states that ICP measurements cannot distinguish.
Increased concentrations of total dissolved iron (TDFe) were
observed in all treatments compared to SULF0. Although,
the order of magnitude of the measured peaks varied greatly
(between 0.8 and 17mg L−1) and did not correlate with the
SO4

2− treatments.

Effect of Acetate
In contrast to the SO4

2−-only treatments, a pronounced
increase of DIC release accompanied by an increase in HS−

was observed for the acetate-enriched SULF2700+A treatment
(Figure 4), providing evidence for SO4

2− reduction (with
hydrogen carbonate and sulfide as end-products). The duration
of the experiment covered only the initial phase of SO4

2−

reduction as the concentrations of HS− and DIC were still
increasing after 31 days. A pronounced SO4

2− reduction
appeared to begin after ∼ 17 days (= ∼ 15 pore volumes). This
time period represents a lag time during which redox conditions
favorable for SO4

2− reduction established in the samples. The
SRB are generally outcompeted by microorganisms active at
higher redox potentials that get energy via aerobic respiration,
denitrification or Fe(III) and Mn(IV) reduction. As major HS−
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FIGURE 4 | Release of HS−, DIC, and TDFe as well as TDMn, total dissolved phosphorus (TDP) and TDN measured in the effluent of the flow-through reactor from an

individual peat sample during (A,B) SULF2700+A and (C,D) SULF2700 treatment.

concentrations and DIC increase were only observed in acetate
addition treatment (SULF2700+A), it can be assumed that the
peat in this study did not represent a suitable carbon source for
the SRB under the prevailing laboratory conditions, to which also
the non-increase of SO4

2− reduction rate for SO4
2−-treated bog

peat has been attributed (Vile et al., 2003). These findings confirm
recent results of isotopic measurement of DIC in the pore water
of sea-exposed fen peat of theHütelmoor field site, which indicate
that the detected DIC concentrations do not originate from the
submerged peat itself, but from easily degradable marine DOM
(personal communication with J. Westphal, Leibniz Institute
for Baltic Sea Research Warnemünde). The measured HS−

concentrations were considerably lower than the measured
DIC concentrations (comparison in molar concentrations see
Figure 5). This means that either not all HS− was detected due to
its chemical reactivity or other processes than SO4

2− reduction
co-drove the DIC production. It is possible that a part of the
released HS− was bound to the DOM (Heitmann and Blodau,
2006) or precipitated as iron sulfide (van der Welle et al., 2007)
and was, therefore, not detected with the applied method in this
study. Other mineralization processes such as Fe(III) reduction
could have driven the DIC production as an increase of DOC and
TDN in the SULF2700+A treatment was observed indicating a
general stimulation of decomposition processes. Concentrations
of TDFe were highly elevated in the SULF2700+A treatment
(peak concentration of 28mg L−1) compared to the acetate-
free SULF2700 treatment (peak concentration of 2mg L−1).
These results imply that Fe(III) reduction had occurred, during
which Fe2+ is released; yet, the time curve of HS− indicates
that DIC production was mainly controlled by SO4

2− reduction

FIGURE 5 | Release of end products of sulfate reduction (HS−, DIC) and of

TDFe as interfering substance in molar concentration measured in the effluent

of the flow-through reactor from an individual peat sample during

SULF2700+A treatment.

(Figure 4A). This also applies to other parameters—overall, the
release of DOC, DIC, TDN and total dissolved phosphorus
(TDP) was stimulated by SO4

2− reduction. Conversely, the
release of TDMn in the SULF2700+A treatment resembled its
counterpart (SULF2700) and experienced only a slightly lower
peak concentration. This suggests that TDMn-release was mainly
affected by cation exchange and not Mn(IV) reduction, which is
consistent with the gradations in TDMn-concentrations for the
acetate-free treatments following Na+ input concentrations (see
effect of sulfate concentration).
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Effect of Peat Decomposition Degree
The observed differences of solute release between the peats
of varying degrees of decomposition were more pronounced
and clearer than between the different SO4

2− concentrations
applied to one peat material (Figure 3 for DOC/DIC/TDN,
Figure 6 for TDFe). The substance release of the SD-peat
matched the expectations that the DOC would decrease abruptly
after an EC increase (see effect of sulfate concentration).
Following an increase in EC from 3.6mS cm−1 (SULF700)
to 6.3mS cm−1 (SULF2700), DOC and TDN concentrations
decreased on average by 51 and 22%, respectively. In contrast,
DOC and TDN concentrations varied only slightly for the
MD-peat and responded immediately with an increase to
the SULF2700 treatment for the HD-peat (Figure 3D). The
observed differences in the time curve of DOC and TDN
between the three peats could be related to the large differences
in Fe content (Table 1), where the HD-peat contains 50 times
more Fe than the SD-peat. As previously discussed (see initial
flushing), the long-term drained and degraded peat generally
has a different composition than less decomposed peat. While
the percentage of organic carbon decreases with decomposition,
the percentage of phosphorus (P), Fe and Al increases (Zeitz
and Velty, 2002; Litaor et al., 2004). Knorr (2013) observed that
DOC and TDFe concentrations had a clear positive correlation
in pore and surface water while the impact of water salinity
was not consistent for the two types of water. Iron salts such
as ferric sulfate are well known to induce flocculation of
fine organic and inorganic particles from the production of
cationic hydrolysis products and are generally used to clean
drinking water from DOM (Sharp et al., 2006). However,
during Fe(III) reduction Fe2+ is released thereby co-mobilizing
the previously flocculated DOM with other formerly bound
solutes like phosphate. The correlation coefficient R² between
TDFe and DOC concentrations in the effluent of this study
ranged between 0.36 (SULF2700) and 0.95 (SULF100) for the
pure SO4

2− treatments of the MD-peat. The Fe-rich HD-peat
samples have a calculated R² value of 0.58, demonstrating
Fe-related interference is an important impact factor
for DOC.

The observed differences between the SD-, MD-, and HD-
peat in solute release could also be related to their pore-related
parameters, such as porosity and proportion of the immobile
pore regions detected via BTC analysis. Immobile zones provide
an opposing effect on DOC concentrations where stagnant pore
water zones may serve as hot spots for DOM production, as
they represent the preferred habitat for microorganisms (Nunes
et al., 2015; Rezanezhad et al., 2016). Immobile pore regions also
increase the average pore water velocity and preferential flow
thereby reducing the residence time of the water in the mobile
pore regions and the potential for solute exchange between liquid
and solid phase (Tiemeyer et al., 2017). However, as the release
of DOC/TDN from SD-peat and MD-peat reached comparable
values during the experiment, physical differences—whose effect
should be long-lasting—may only be relevant to the HD-peat.
Generally, the greater the degree of decomposition in peat
the more pronounced the preferential flow occurs (Liu et al.,

FIGURE 6 | Release of TDFe from SD-, MD-, and HD-peat measured in the

effluent of the flow-through reactors.

2017) and the immobile pore region fraction increases. In
case of the HD-peat the greater proportion of immobile pore
water might have contributed to the higher constant release
of DOC/TDN.

CONCLUSIONS

In this flow-through experiment peat samples treated with sulfate
(SO4

2−)-enriched water did not produce pronounced SO4
2−

reduction within 1 month’s time. SO4
2− and bromide (Br−)

breakthrough curves were similar indicating that SO4
2− behaved

as a conservative tracer within the experiment and that the
SO4

2− penetration was dependent on the physical properties
of the peat samples. The addition of acetate, a major electron
donor in marine sediments, initiated SO4

2− reduction after
∼17 days and led to a strong increase of release of solutes
such as dissolved organic carbon (DOC) and inorganic carbon
(DIC). This suggests that under these experimental conditions
the composition and decomposability of the organic matter
was more important to enabling decomposing processes than
the presence of terminal electron acceptors. This was also
demonstrated by the increased solute concentrations for peat
with a higher degree of decomposition. However, increased
SO4

2− concentrations did result in slightly elevated levels of
DOC and total dissolved nitrogen (TDN). These results are
attributed to the potential desorption of negatively charged
organic molecules via anion exchange with SO4

2−. For the
different tested peats, the short-term release of DOC was
presumably affected not only by the ionic strength of the
inflowing water but also by the iron (Fe) content of the
peat, as DOC bound to Fe compounds can get mobilized
during Fe(III) reduction. Overall, the main short-term effects
of SO4

2−-rich seawater inflow in peatlands seem to be
desorption processes, whose characteristics are controlled by
the ionic composition and strength of the seawater, and peat
chemistry, particularly Fe content and degree of decomposition.
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Decomposition-related solute release may develop in the long-
term, when anoxic, stagnant conditions prevail. This may
be accelerated if marine, easily degradable organic matter is
flushed in the peatland during seawater flooding even though
concentrations of bioavailable DOC might be lower than the
applied acetate concentrations in this study. The onset of
SO4

2− reduction may reduce the gaseous emissions of carbon-
containing methane (CH4) from the peatland, but may also
increase the load of dissolved carbon compounds in the
peatland’s outflow.
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Reducing Emissions From Degraded
Floodplain Wetlands
Katy E. Limpert* , Paul E. Carnell, Stacey M. Trevathan-Tackett and Peter I. Macreadie

School of Life and Environmental Sciences, Centre for Integrative Ecology, Deakin University, Burwood, VIC, Australia

Globally, freshwater wetlands are significant carbon sinks; however, altering a wetland’s
hydrology can reduce its ability to sequester carbon and may lead to the release of
previously stored soil carbon. Rehabilitating a wetland’s water table has the potential
to restore the natural process of wetland soil carbon sequestration and storage.
Further, little is known about the role of microbial communities that mediate carbon
cycling during wetland rehabilitation practices. Here, we examined the carbon emissions
and microbial community diversity during a wetland rehabilitation process known as
“environmental watering” (rewetting) in an Australian, semi-arid freshwater floodplain
wetland. By monitoring carbon dioxide (CO2) and methane (CH4) emissions during
dry and wet phases of an environmental watering event, we determined that adding
water to a degraded semi-arid floodplain wetland reduces carbon emissions by 28–
84%. The watering event increased anoxic levels and plant growth in the aquatic zone
of the wetland, which may correlate with lower carbon emissions during and after
environmental watering due to lower anaerobic microbial decomposition processes and
higher CO2 sequestration by vegetation. During the watering event, areas with higher
inundation had lower CO2 emissions (5.15 ± 2.50 g CO2 m−2 day−1) compared to
fringe areas surrounding the wetland (11.89 ± 4.25 g CO2 m−2 day−1). CH4 flux
was inversely correlated with CO2 emissions during inundation periods, showing a
38% (0.013 ± 0.061 g CO2-e m−2 day−1) increase when water was present in the
wetland. During the dry phases of environmental watering, there was CH4 uptake
within the fringe and aquatic zones (−0.013 ± 0.063 g CO2-e m−2 day−1). A clear
succession of soil microbial community was observed during the dry-wet phases of the
environmental watering process. This suggests that wetland hydrology plays a large role
in the microbial community structure of these wetland ecosystems, and is consequently
linked to CO2 and CH4 emissions. Overall, the total carbon emissions (CO2 + CH4)
were reduced within the wetland during and after the environmental watering event,
due to increasing vegetative growth and subsequent CO2 sequestration. We, therefore,
recommend environmental watering practices in this degraded arid wetland ecosystem
to improve conditions for wetland carbon sequestration and storage. Further use of this
management practice may improve wetland carbon storage across other arid freshwater
wetland ecosystems with similar hydrologic regimes.

Keywords: 16S diversity, carbon sequestration, environmental watering, floodplains, greenhouse gas emissions,
microbial communities, soil organic carbon
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INTRODUCTION

Freshwater wetlands are highly productive environments that
supply a number of ecosystem services (Strayer and Dudgeon,
2010) such as: nutrient cycling, improving water quality,
regulating floods, providing wildlife habitat, and improving plant
and animal biodiversity (Mitra et al., 2005; Bernal and Mitsch,
2012). Freshwater wetlands play an essential role in mitigating
climate change by sequestering carbon through wetland plant
photosynthesis and storing carbon by accumulating organic
matter in plant biomass, sediments, and soil (Cole et al., 2007; Lal,
2009; Kayranli et al., 2010). Despite their small terrestrial global
surface area of 6–9%, freshwater wetlands contain up to 33% of
the world’s soil carbon, capturing 1.9–2.2 Gt C year−1 (Cole et al.,
2007; Limpens et al., 2008; Nahlik and Fennessy, 2016).

In the past few decades, rising temperatures, resulting from
anthropogenic carbon emissions, have increased government and
industry interest in the ability of freshwater wetlands to sequester
and store organic carbon (Bernal and Mitsch, 2012). Quantifying
freshwater wetland carbon dynamics is a complex process, with
different conditions allowing for variation in carbon storage
and release. In general, wetland ecosystems show accelerated
plant growth and slower decomposition rates compared to
terrestrial ecosystems, both of which facilitate carbon storage
(Sun and Liu, 2007). However, anaerobic wetland conditions
have the potential to increase methane (CH4) emissions, a potent
greenhouse gas that has a radiative forcing 87 times higher
than carbon dioxide (CO2) over a 20 year time-scale (Neubauer
and Megonigal, 2015). Despite this, many freshwater wetlands
are typically net annual carbon sinks (Kayranli et al., 2010).
The balance between wetland carbon sinks and sources can
be attributed to several processes and pathways (Figure 1).
Wetland soil carbon cycling is influenced by (1) inundated
soils that limit oxygen (O2) diffusion into sediment, (2)
anaerobic conditions caused by higher water levels reducing
decomposition rates compared to aerobic soils, and (3) the
relative reduction in remineralization, providing wetlands with
the potential to store large amounts of soil organic carbon
(Kayranli et al., 2010; Figure 1).

Variable inundation conditions resulting from changing water
levels can create aerobic and anaerobic zones that allow for soil
carbon to be remineralized by various microbial processes that
determine carbon storage and release (Olefeldt et al., 2017). For
instance, microbial and vegetative respiration, as well as CH4
oxidation, occur within aerobic zones, while methanogenesis
and fermentation occur under anaerobic conditions (Nahlik
and Mitsch, 2011; Figure 1). Aerobic soil conditions are more
predominant during dry or lower water level periods. A lower
water table favors aerobic respiration while creating conditions
that increase the availability of fresh, and often labile, organic
matter (Yarwood, 2018). The result of these conditions is the
promotion of rapid microbial decomposition of plant litter
(Rasilo et al., 2017; Yarwood, 2018). During periods of inundation
and predominantly anaerobic soil conditions, methanogenesis
is a key biogeochemical pathway for carbon remineralization
and therefore a source of CH4 production in many freshwater
wetlands (Kayranli et al., 2010).

Hydrological changes, particularly alterations in water table
level in freshwater wetlands, influence carbon emissions by
altering oxidation and reduction processes. The availability of
alternative electron acceptors, such as nitrate, manganese, iron,
and sulfate, causes competition between methanogens and other
microbes (i.e., denitrifying and sulfate reducing bacteria) for
organic substrates within wetland ecosystems (Boon et al., 1997;
Ettwig et al., 2010; Zhu et al., 2012). The production of CO2 and
CH4 is therefore affected by redox reactions driven by water level.
For instance, anaerobic oxidation of CH4 (which is often coupled
to SO4 and NO3 reduction) within inundated wetlands has been
documented to consume potential CH4 emissions by over 50%
(Segarra et al., 2015).

The frequency of fluctuating moisture content within soils has
been documented to cause a significant increase of microbial
respiration (i.e., the “Birch Effect”; McComb and Qiu, 1998;
Wilson and Baldwin, 2008). The mechanisms that alter microbial
activity during wetting and drying cycles involve microbial
stress and variation in substrate availability for microbial
respiration (Xiang et al., 2008). Within dry soils, specifically
during prolonged drought conditions, microbes retain high
concentrations of solutes to help store water within the cell as a
means to prevent dehydration (Schimel et al., 2007). When water
enters the system, stored solutes are released from the cell, leading
to rapid metabolism of microbial compounds (Halverson et al.,
2000; Schimel, 2007). In addition, the physical process of wetland
rewetting leads to the redistribution of organic matter (that was
previously unavailable) to increase microbial breakdown within
the wetland soil profile (Denef et al., 2001; Miller et al., 2005;
Cosentino et al., 2006).

Understanding the biogeochemical cycling of wetland
ecosystems during various stages of inundation is imperative
to inform carbon management in wetland ecosystems. The
scenario represented in Figure 1 assumes little to no alteration
to wetland ecosystems; however, on a global scale, 50% of
wetland ecosystems have been lost since the 1900s due to land-
use changes, agricultural impacts, and hydrologic alterations
(Davidson, 2014). Human activity and development continue
to have detrimental impacts to carbon storage and often revert
wetland ecosystems from sinks into carbon sources (Nahlik
and Fennessy, 2016; Hemes et al., 2018). Altering wetland soil
conditions has the potential to release significant amounts of soil
organic carbon that was previously stored within the wetland
soil profile (Lal, 2007; Page and Dalal, 2011). Manipulating water
levels, such as creating dams and reservoirs, has contributed to
12% of global CH4 emissions (St. Louis et al., 2000; Figure 1).

The increasing demand for global carbon markets has
the Australian government, industry, and research groups
considering the incentive potential of rehabilitating freshwater
ecosystems for carbon sequestration, storage, and emission
reduction. While wetland carbon stocks and sequestration
rates are relatively well understood in semi-arid regions of
Victoria, Australia (Carnell et al., 2018; Pearse et al., 2018),
there is no data on carbon fluxes and the corresponding
microbial communities that are responsible for carbon release
during rehabilitation practices. To maintain environmental
benefits such as increased carbon storage and reduced carbon
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FIGURE 1 | Representation of the inland wetland carbon cycle. Major pathways of carbon sequestration include photosynthesis and organic carbon accumulation
through particulate organic carbon (POC) and dissolved organic carbon (DOC). Major pathways of CO2 emissions include respiration during decomposition of
organic matter (a), oxidation of CH4 (b), diffusion (c), and release of greenhouse gases through plant aerenchyma (d). Major pathways of CH4 emissions include
methanogenesis via efflux through plant aerenchyma (e), ebullition (f), and diffusion (g). All sequestered carbon has the potential to be stored within the soil profile for
centuries (Bernal and Mitsch, 2012) unless the wetland is altered.

emissions, further research is required to understand how
rehabilitation through environmental watering alters floodplain
carbon dynamics. Allocating water in an effort to recreate the
natural inundation regime of wetland ecosystems for improving
biodiversity and wetland functionality is expensive. According
to the National Water Commission (2008), the Australian
government allocated $50 million in purchasing 35 GL of water
access entitlements at $1131 per ML. Under the Australian
emission reduction fund, the average price per ton of carbon
is $11.90 (Clarke et al., 2014). Due to the high costs of
water rights, determining whether environmental watering can
reduce carbon emissions, and by doing so, help pay for the
cost of rewetting, would be beneficial to the parties involved
in environmental watering management practice. The aim
of this study was to determine (1) the magnitude of CO2
and CH4 diffusive fluxes from an environmental watering
management event and (2) the microbial communities that
are potentially responsible for carbon fluxes within a degraded
floodplain wetland. The microbial community succession was
measured during the watering event to better understand
shifts in bacterial and archaeal community diversity and
structure while simultaneously measuring CO2 and CH4
fluxes. We hypothesized that adding water to this wetland
would increase anaerobic microbial respiration and subsequent

CH4 emissions during inundation, while reducing aerobic
bacterial communities and CO2 emissions. The outcomes of
this research will provide additional guidance as to whether
rehabilitation through environmental watering can maximize
carbon offset opportunities, or whether this process promotes
carbon emissions in semi-arid floodplain ecosystems.

MATERIALS AND METHODS

Climate
Semi-arid and arid bioregions encompass 70% of the Australian
landscape (Byrne, 2008; Figure 2), with our study site, Duck
Creek North, located in the semi-arid bioregion (Figure 2A). The
climate of the study area is typical of semi-arid environments,
with hot dry summers, cold arid winters, and decreased
precipitation over summer (Bsk-Köppen Climate Classification;
Peel et al., 2007). The long-term mean annual precipitation
in the area is approximately 364.5 mm and the mean
annual temperature is 22.9◦C (measured at the nearby town,
Kerang: 35.72◦S, 143.91◦E, Bureau of Meteorology [BOM],
2017). Precipitation is higher in the winter and spring
months from May to October (32.1 mm month−1, Bureau
of Meteorology [BOM], 2017) compared to summer and
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FIGURE 2 | The Wirra-lo wetland complex located in the semi-arid climate of North Central Victoria, Australia (−35.503353, 143.873565). Arid and semi-arid regions
of Australia (A) are low in annual precipitation (100–500 mm year−1) and experience high evaporation. Duck Creek North (B), a semi-arid floodplain wetland, was
measured for carbon emissions within this complex for an entire watering event. The Fringe Zone (samples taken in this zone are shown as orange circles on the
edge of the wetland) and Aquatic Zone (samples taken in this zone are shown as blue circles in the inundated portion of the wetland) were identified using wetland
delineation techniques (elevation and vegetation type; C). Two stations were placed within each zone for further carbon dynamic measurements. Within each of the
stations that were nested within each zone, three portable closed-chambers (C) were used to measure carbon emissions at Pre, During, Post, and 1 Month phases
of environmental watering. The design of each chamber, lid and UGGA used for carbon emission measurements can be seen in the legend of C. The water used for
the environmental watering event was released from the surrounding irrigation channel. The location of the three chambers within each station can be seen in B and
C. Aquatic Station 1 and 2 and their corresponding chambers were filled with water during the experiment, whereas station and chambers within Fringe Station 1
and 2 remained dry.

autumn months from November to April (17.5 mm month−1,
Bureau of Meteorology [BOM], 2017).

Duck Creek North
The wetland investigated in this study is the 3.0 ha semi-arid
floodplain wetland Duck Creek North, located at the Wirra-
Lo wetland complex (Figure 2; −35.503353, 143.873565). The

geomorphology of this region is described as the Northern
Riverine Plains (Conacher, 2002). The soil in Duck Creek North
is composed of a gray silty clay called the Yando Clay, which
extends from the soil surface to a depth of 60 m (North
Central CMA Report, 2015). Antecedent soil conditions within
Duck Creek North were documented to be low in nutrient
availability and high in clay content. Total percent phosphorus
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was 0.008% and nitrogen levels within sub and topsoil were
0.088% (McKenzie et al., 2000; Supplementary Table S1). Soils
were primarily clay content (62%) with lower silt and sand
content (16 and 22%; Supplementary Table S1). Bulk density was
1.5 g cm−3 within the subsoil and 1.3 g cm−3 in the topsoil. pH
levels were slightly basic in the subsoil (7.7) whereas topsoils were
slightly acidic (6.6; McKenzie et al., 2000). Encompassing the
Wirra-Lo wetland complex are levees intended for crop irrigation
and maintaining flood control. During environmental watering
events, these levees are opened to allow water into the Wirra-
Lo wetland complex. The water for these levees is sourced from
the Loddon River.

Prior to European settlement, Duck Creek North would have
been regularly inundated due to the close proximity of this
wetland to three major waterways (Barr Creek, Loddon River,
and Murray River floodplain; Camp Scott Furphy Pty Ltd, 1985;
SKM, 2005). In an assessment by the Rakali Ecological Consulting
group in 2014, the water regime of the site would have varied
between being intermittent and seasonal (Cook, 2014).

Duck Creek North and the surrounding area has been
significantly modified since European settlement. The catchment
was altered for irrigation; levee banks and roads have disturbed
natural flow paths throughout the catchment area (North Central
CMA Report, 2015). Artificial levee banks along the major
waterways have completely disconnected the complex from flood
sources, thus leaving Duck Creek North to only receive flood
water in very large (one in 20–50 years) flooding events (North
Central CMA Report, 2015). As such, the wetland complex is
now largely reliant on the provision of water through the local
irrigation system infrastructure (North Central CMA Report,
2015). Duck Creek North received irrigation water and winter
precipitation runoff from irrigated pastures within the property
as well as from surrounding farms (North Central CMA Report,
2015). By 2006–07, water allocations were significantly reduced
and the wetland complex did not receive water until extensive
flooding that occurred in January 2011 (North Central CMA
Report, 2015). In 2015, a partial watering event (amount of water
added was not specified) was implemented in autumn to provide
water for stressed river redgum (Eucalyptus camaldulensis) trees
and aquatic vegetation (North Central CMA Report, 2015). In
2017, from 28 to 30 September, a spring environmental watering
event (this study) occurred within Duck Creek North to increase
habitat for the growling grass frog (Litoria raniformis). Due to the
alteration of Duck Creek North’s topology by the construction
of the surrounding levees, the system is now lotic and has been
documented to drain water into the adjacent creek bed within
weeks to a couple of months (North Central CMA Report, 2015;
observations in the field).

Environmental Watering Measurements
Environmental water from these levees was added to Duck Creek
North over 4 days at 10 ML day−1. All measurements occurred
during four phases of environmental watering: 2 days of Pre
environmental watering, 4 days During environmental watering,
2 days after watering ceased (Post environmental watering), and
2 days after a month from the initial watering date (1 Month). The
“Pre” environmental watering (dry) phase measurements were

taken before water was released into the wetland. The “During”
environmental watering (wetting) phase was identified by the
measurements taken while the levee was releasing water into
the wetland and water levels were rising in the Aquatic Zone.
The “Post” environmental watering (wet) phase was described
as the time in which the levee was closed and water levels
lowered in Duck Creek North. Finally, the “1 Month” (dry)
phase measurements were taken a month after water had left
Duck Creek North. During the watering event, dissolved oxygen
(DO) measurements were taken using a Hach LDO101 Field
Luminescent/Optical DO sensor.

Soil Carbon Analysis
Soil organic carbon content was collected from Duck Creek
North before environmental watering and analyzed to determine
how much soil organic carbon is currently stored within the
wetland, how much soil carbon could potentially be released if
further wetland degradation continued, and how this soil could
be responsible for variation in fluxes and microbial communities
between stations. At each of the four stations, two 4.5 cm (inner-
diameter) metal soil cores were hammered into the soil using a
petrol-powered corer until a depth of 1 m was reached.

In the laboratory, all soil cores were extruded and sectioned
into 5 cm increments from 0 to 20 cm for soil carbon stock
calculations. These depths were chosen as an accurate assessment
for the amount of soil organic carbon stock and potential carbon
flux from the wetland. Soil core samples were then dried at 50◦C,
measured for dry weight, and used to calculate soil bulk density.
Each 5 cm section was then ground to ensure homogeneity of the
soil sample using an RM200 Electric Mortar Grinder equipped
with a stainless steel mortar and pestle. To determine total
organic carbon content for the soil samples, elemental carbon
analysis was performed using a EuroVector MicroElemental CN
Analyzer. The CN analyzer was equipped with Callidus v.5.1
software. Carbon density (g cm−3) in the top 20 cm of soil was
calculated by multiplying the proportion of organic carbon by the
dry bulk density value.

CO2 and CH4 Flux Measurements
Measurements of CO2 and CH4 flux (release and uptake) were
taken in situ using a Los Gatos ultra-portable greenhouse gas
analyzer (UGGA) with a closed-collar dark chamber method
(Figure 2; Van Huissteden et al., 2011; Musarika et al., 2017).
The UGGA reports measurements of CO2 and CH4 using cavity
enhanced absorption techniques (Baer et al., 2002; Gerardo-
Nieto et al., 2019). Each chamber collar (30 cm diameter, 55 cm
height, 35 L volume) was made of PVC coupled with a PVC
lid. Each chamber was placed over an area with both wetland
soil and vegetation to capture total wetland carbon fluxes (Oertel
et al., 2016; Ma et al., 2018). Chambers were hammered into the
ground (∼1–2 cm) to ensure a complete seal. To avoid altering
environmental conditions (i.e., soil and vegetation disturbance)
related to inserting the PVC chamber collar into the ground,
chambers were installed by inserting them into the wetland soil
several hours prior to the initial measurement and remaining in
place for the duration of the experiment (Rochette et al., 2011).
A small fan powered by a 12 V battery was placed inside the
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chamber lid for even air circulation. The PVC lid was connected
to the UGGA by two transparent tubes; one taking air to the
UGGA and the other delivering it back to the chamber, creating
a closed loop. Concentrations of CH4 and CO2 were logged by
the UGGA every 5 s during 5–10 min intervals on each chamber.
The lid was removed when measurements were completed to
allow for light and gas exchange to occur within the chamber
similar, returning them to ambient environmental conditions
(Rochette et al., 2011).

Flux measurements were taken in two zones: the Fringe and
the Aquatic Zone (Figure 2). The Fringe Zone refers to the edge
of the wetland, as identified by higher elevation gradients and
a mix of terrestrial and aquatic vegetation. The Aquatic Zone
refers to the area located in the lower elevation gradient of the
wetland, dominated by aquatic vegetation such as rushes and
sedges. Both the fringe and aquatic zones were dominated by
graminoid species. A higher abundance of common wallaby grass
(Austrodanthonia caespitosa) and Spiny Rush (Juncus acutus)
were found in the aquatic zone whereas pasture grasses and
Buckbush (Salsola tragus) were abundant in the fringe zone
(identified by the Rakali Ecological Consulting group).These
zones were chosen due to their influence on the amount and
frequency of water received and proximity to terrestrial inputs,
both of which may alter wetland carbon fluxes (Altor and Mitsch,
2008; Jimenez et al., 2012).

Two randomly selected stations were nested within each zone
to test for spatial variability in response within the wetland. The
Aquatic Zone included Aquatic Station 1 and Aquatic Station
2, and the Fringe Zone included Fringe Station 1 and Fringe
Station 2. Each station consisted of three 35 L replicate chambers
(n = 12; Figure 2). All measurements occurred during four phases
of environmental watering: 2 days of Pre environmental watering,
4 days During environmental watering, 2 days after watering
ceased (Post environmental watering), and a month from the Post
environmental watering measurements (1 Month). Each day of
CO2 and CH4 measurements comprised of two sampling times
at each collar: once during the day (1–4 pm) and once during
the night (3–6 am), to account for any gas flux variation due to
light levels (Justine et al., 2015). At each chamber, CH4 and CO2
measurements were taken for 5–10 min each.

The regression lines representing carbon fluxes over time were
accepted as carbon flux rates from the wetland when the r2 value
was > 0.70 (Repo et al., 2007). Measurements exhibiting negative
CO2 and CH4 fluxes represent a net uptake (or sequestration)
of atmospheric carbon. To prevent a bias toward rapid flux
rate measurements, slower flux rates from −0.001 to 0.001 g
CH4 m−2 d−1 and −0.1 to 0.1 g CO2 m−2 d−1 were included
in the dataset regardless of their r2 values. Within this range,
r2 values were limited by the accuracy of the UGGA system
and did not necessarily reflect the quality of the measurement
(Repo et al., 2007).

CO2 and CH4 vary in radiative forcing, which can be
represented in measurements of global warming potential
(GWP). GWP is a conversion of CH4 emissions into CO2
equivalents (CO2-e) over a projected 20-year period (87 times
CO2), 100-year period (32 times CO2), or a 500-year period
(11 times CO2). GWP was recently used to calculate the gas

pulse decay for global freshwater wetlands over 20 years, to
determine whether these systems are net carbon sources or sinks
(Neubauer and Megonigal, 2015). To allow for comparison, we
also calculated CH4 flux using the radiative forcing of CO2-e over
a 20-year period (multiplying CH4 emissions by 87).

Microbial DNA Extraction and
Bioinformatics
A 60 mL syringe modified with surface (0–1 cm) and subsurface
(3–4 cm) sampling ports was used to extract depth-specific soil
microbial samples from each aquatic station during each phase,
during both the day and night sampling periods (Figure 2).
The two sampled soil depths (0–1 cm depth and 3–4 cm depth)
were homogenized before microbial analysis. Soil microbes were
sampled in close proximity (1–2 cm) to the flux collars, to ensure
that the microbes accurately corresponded with the carbon
emissions for that time period, but so that taking microbial
samples themselves would not disturb the soil within the fixed
collars. Two cores per aquatic station (two samples per core
during the day and night sampling periods) were collected during
each environmental watering phase [Pre (22/09/2017), During
(28–29/09/2017), Post (01/10/2017), 1 Month (08/11/2017); n = 4
per phase]. Pre and 1 Month phases (Pre 1–4 and Mon 1–4) had
no water in the wetland whereas During and Post phases (Dur 1–
6 and Pos 1–3) were inundated. More samples were taken in the
During phase (n = 6) as the presence of CH4 was detected after the
initial During phase sampling period. Therefore, extra sampling
ensured that bacteria producing CH4 were captured during this
experiment. Samples were placed in vials, stabilized using 1 mL
RNA later (Poulos, 2015), and kept cool until the vials could be
stored at the laboratory at−80◦C.

Due to cost and time constraints, one Aquatic Zone sample per
phase of environmental watering was sequenced for identifying
soil microbial community composition. A sample in the Post
phase was unable to be sequenced (n = 3). Genomic DNA
was extracted using the Qiagen DNasey PowerSoil kit. The
extracted DNA was normalized to 5 ng µL−1 prior to performing
triplicate PCRs (Caporaso et al., 2012). To ensure DNA extraction
and PCR efficiency from each microbial sample, a Qubit
fluorometer was used to determine the concentration of nucleic
acids after performing each of these steps (Supplementary
Table S2). Amplification of the 16S rRNA gene was preformed
using the 515f–806r primers (Caporaso et al., 2012), with the
modified forward primer (Parada et al., 2016). The PCR product
was pooled then cleaned with the ZYMO DNA Clean and
Concentrator Kit, with modified elution using 10 mM Tris buffer,
prior to sequencing on the Illumina MiSeq at Deakin University,
Burwood. 16S rRNA amplicon data processing techniques and
diversity estimates were performed using the QIIME2 software
(Bolyen et al., 2018), while using Divise Amplicon Denoising
Algorithm (DADA2) for the bioinformatic analyses (Callahan
et al., 2016). In QIIME 2, raw sequence reads went through the
process of demultiplexing, sequence quality control, and merging
paired-end reads. DADA2 was used to produce amplicon
sequence variants (ASVs; Callahan et al., 2016). This algorithm
was further used to perform quality control with chimera
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detection and elimination, remove sequence errors, singleton
exclusion, as well as trimming sequences based on the per-
base-pair sequence quality graphs (sequences 25-260 forward,
25-220 reverse). The sequences were then classified against the
Greengenes database.

Statistical Analyses
Soil Carbon Stock and Emissions
The flux data from individual collars were analyzed using a
repeated measures analysis of variance (ANOVA; IBM SPSS Inc,
2017). The effect of environmental watering on each day’s carbon
emissions (CO2 and CH4) was analyzed by zone, station, and light
(day/night) for interactions. To achieve homogeneity of variance
among all categorical variables, soil carbon emissions underwent
a log transformation prior to statistical analyses. Significance
was evaluated at the 0.05 level, and the Bonferroni test was
used for comparisons of means between variables. Relationships
between each gas flux and environmental parameters, such as
air temperature, DO, and water depth, were evaluated using
Pearson correlation analyses (IBM SPSS Inc, 2017). A paired
sample t-test was used to compare soil carbon stock between
the Fringe and Aquatic Zones of the wetland ecosystem. When
comparing means, a t-test adjusted for unequal variance was
used when the assumption of equal variances was not satisfied,
and the Mann–Whitney U-test was used when data were not
normally distributed.

Microbial Communities
QIIME2 was used to calculate the alpha diversity indices (ASV
richness, Shannon diversity, Faith’s phylogenetic diversity, and
Pielou’s evenness) within each sample across each watering phase
and between day/night measurements. A one-way ANOVA was
used to compare each diversity indices for each soil sample within
the aquatic zones. Varying microbial community structures were
analyzed with the weighted UNIFRAC resemblance matrix using
q2-diversity beta-group-significance across each phases, station,
and between day/night cycles using a two-way (fixed factor) non-
parametric permutational multivariate ANOVA (PERMANOVA;
Supplementary Table S3). Unifrac data were also visualized
with a non-metric multi-dimensional scaling (nMDS) plot.
A Monte Carlo correction was used for any comparisons with
low permutations (<200). SIMPER analyses were performed
on the operational taxonomic units (OTUs, 62%) for any
significant comparisons, to identify which OTUs were driving the
significant differences.

RESULTS AND DISCUSSION

Soil Carbon Density
Soil carbon density prior to watering showed no significant
difference between the Aquatic Zone and the Fringe Zone
(0.039 ± 0.020 g cm−3 p = 0.475, 0.038 ± 0.032 g cm−3;
p = 0.259; Supplementary Table S4). This suggests that any
potential differences in CO2 and CH4 fluxes were not due to
the availability of organic carbon in the soil. These soil carbon
density values are relatively low, but are in a similar range to

those reported for comparable wetland types in semi-arid regions
of south-eastern Australia (Carnell et al., 2018). To detect any
impacts of environmental watering on soil carbon, we would
expect it would take multiple years and multiple watering events,
due to the low rates of soil accumulation in wetlands of the region
(Carnell et al., 2018). Past studies suggest that further soil analysis
[i.e., lead-210 (210Pb) dating to examine sediment accumulation
rates) after multiple years of re-wetting may result in significantly
higher soil carbon stock within aquatic areas of wetlands. For
instance, soil carbon storage in experimental wetlands in Ohio,
United States, increased by an average of 14% per year and
doubled within the first 10 years, which correlated with increased
hydrology and wetland vegetation growth (Bernal and Mitsch,
2013; Waletzko and Mitsch, 2013).

Environmental Watering Succession:
Carbon Emissions and Microbial
Communities
The impact of wetland drying-rewetting cycles on soil microbial
activity, organic matter decomposition, and subsequent carbon
emissions (CO2 and CH4) have been comprehensively examined
(Cosentino et al., 2006; Batson et al., 2015; Nedrich and Burton,
2017). However, research pertaining to the environmental
watering management plan in regard of improving degraded
freshwater wetland ecosystems has had less attention. Various
studies have found that water level fluctuation increases microbial
activity and thus carbon emissions through microbial respiration
(Fromin et al., 2010; Foulquier et al., 2013). Enhanced soil
respiration caused by drying-rewetting cycles potentially releases
soil aggregates that were previously unable to be accessed and
decomposed by microbes (Moyano et al., 2013; Morillas et al.,
2015). As a result, dry and rewetting cycles in freshwater wetlands
have been noted to release carbon emissions, SO4 (sulfide
oxidation), and PO4 (dissolution of iron phosphates) through
organic matter decomposition (Venterink et al., 2002; Mikha
et al., 2005; Muhr et al., 2010; Baldwin et al., 2013). In this
study, we found that drying-rewetting cycles through an entire
environmental watering event significantly altered microbial
diversity, CO2 flux, and CH4 flux (Supplementary Tables S5, S6).

Pre Environmental Watering
The degraded wetland conditions of Duck Creek North during
the Pre environmental watering phase proved to have the highest
release of CO2 emissions and small levels of CH4 uptake. CO2
emissions fluctuated between 6.0 and 9.0 g CO2 m−2 day−1, while
there was uptake of CH4 emissions ranging from−0.03 to−0.1 g
CO2-e m−2 day−1 (Table 1). Prior to environmental watering,
there were significantly higher CO2 emissions during the daylight
hours compared to at night (Figure 3 and Supplementary
Table S7). CH4 emissions were inversely correlated with CO2
emissions during this phase, showing CH4 emission uptake
during the day and a net zero CH4 flux during the night,
throughout each station and zone (Figure 3, Table 1, and
Supplementary Table S7).

The higher levels of CO2 emissions and net CH4 uptake
detected in the Pre environmental watering phase compared
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TABLE 1 | Testing the influence of each main factor [zone, light level (day/night),
station (zone)] and their interactions against each carbon emission (CO2 and CH4)
across the environmental watering event.

Effect CO2 emissions
(g CO2 m−2 day−1)

Wilks lambda
value

F statistic df P-value

Time 0.059 18.050 8.0 <0.001

Time * zone 0.191 4.753 8.0 0.016

Time * light level 0.105 9.610 8.0 0.001

Time * station(zone) 0.086 2.710 16.0 0.022

Time * light level * zone 0.182 5.043 8.0 0.013

Time * light
level * station (zone)

0.297 0.939 16.0 0.547

Effect of CH4

(g CO2-e m−2 day−1)
Wilks lambda

value
F statistic df P-value

Time 0.046 23.218 8.0 <0.001

Time * zone 0.040 27.095 8.0 <0.001

Time * light level 0.196 4.606 8.0 0.017

Time * station(zone) 0.016 7.781 16.0 <0.001

Time * light level * zone 0.145 6.632 8.0 0.005

Time * light
level * station (zone)

0.162 1.668 16.0 0.148

The summary of the log-transformed repeated measures ANOVA statistics shows
significant differences between Time (days), zone (Fringe and Aquatic), station
(nested within the Fringe and Aquatic Zone), and Light levels (day + night
sampling periods).

to all other phases presumably occurred due to low soil
moisture content from the previously drained wetland conditions
of Duck Creek North (North Central CMA Report, 2015).
Drained conditions allow for higher potential O2 penetration
within the soil profile that increases aerobic microbial carbon
mineralization and subsequent CO2 emissions (Batson et al.,
2015; Evans et al., 2016). Previous research noted that drier
soil sediments in a lake produced high CO2 emissions because
stored organic carbon within dry sediments was more susceptible
to microbial decomposition processes than in wet sediments
(Weise et al., 2016).

There were several taxonomic groups present during the Pre
phase that may be responsible for higher CO2 emissions. In
total, soil microbial community sequencing produced a sum
of 955,540 sequences from each soil core (day + night within
the Aquatic Zone) across all four phases of the environmental
watering event (average soil microbial samples had 56,208
sequences; Supplementary Tables S7, S8). There were no
significant differences in alpha diversity among phase, station
and light levels (Supplementary Table S8); however, the pairwise
PERMANOVA showed that the Pre phase of microbial beta
diversity varied significantly from both wet phases (During and
Post; Supplementary Table S9; t-value = 1.848–2.095; p = 0.002–
0.006). There were no significant differences in microbial beta
diversity between light level and aquatic stations. Microbial
community structure was not expected to change on the short
time scale of hours; however, results from the flux data show
that there were likely changes in activity (e.g., increased CO2
in the day compared to night; Supplementary Figure S1 and
Supplementary Table S10). Thus, community changes between

light and dark sampling might not be expected. However, the
repeated day-night samples provide increased sampling density
that could potentially be used to help evaluate within-site
variability. The results from this study show a higher relative
abundance of Actinobacteria and Oscillatoriophycideae during
dry conditions; both of which have functional traits for soil
organic carbon decomposition and subsequent CO2 emissions
(Figures 4, 5 and Table 2). Past research in boreal and arctic
peatlands shows members of the Actinobacteria can play a
significant contribution to two major parts of the carbon cycle:
degradation of complex polymers and decomposition of organic
matter (Tveit et al., 2013). Micromonosporaceae, a family within
Actinobacteria found during this phase, have been isolated from
habitats including freshwater soil sediments and are composed of
species that degrade chitin, cellulose, lignin, and pectin (Wang
et al., 2013). Micromonosporaceae have also been noted to play
an important role in the turnover of organic plant material in a
mangrove wetland ecosystem (Wang et al., 2013). Phormidiaceae
bacteria, a family within Oscillatoriophycideae, have been found
to provide subsurface carbon and nitrogen by breaking down
complex organic matter thus making it more easily available for
heterotrophic bacteria consumption in lake ecosystems of Africa
(Glaring et al., 2015). The higher relative abundance of these
taxonomic groups within the microbial communities during the
dry Pre phase may therefore be the contributing to the breakdown
of organic matter, resulting in higher CO2 emissions in this
floodplain wetland.

CH4 uptake in dry soil conditions has been linked to
CH4 oxidation at the aerobic–anaerobic interface in surface
soils, as well as the oxygenated area surrounding the roots of
wetland plants (Cai et al., 2016), both of which could have
been occurring at this phase. Further, microbes within the class
Alphaproteobacteria were also in high relative abundance during
this stage and are known to consist of various methanotrophic
bacteria that could be responsible for CH4 uptake during this
period of environmental watering (He et al., 2014; Cai et al.,
2016). For instance, there was a higher relative abundance
of Methylocystaceae (a type II methanotroph family; Nazaries
et al., 2013) in this phase, which in part drove the differences
between the Pre and dry phases in accordance to the SIMPER
analyses (Table 2).

The association between higher CO2 emissions and
CH4 uptake during the day compared to night within
Pre environmental watering conditions is likely driven by
environmental parameters, such as moisture and temperature.
CO2 and CH4 emissions in the wetland positively correlate with
temperature within the study period (p < 0.001; Supplementary
Table S11). Temperatures throughout this experiment during
daylight were 68% higher during the day, averaging 22.4◦C,
compared to 7.25◦C at night (Supplementary Table S12).
Higher diurnal temperature has been associated with increased
aerobic microbial enzymatic activity that further contributes
to wetland CO2 emissions (Lovelock, 2008); however, soil
microbial communities were not significantly different
between day and night (Pseudo F = 1.793; P-perm 0.080).
Past research links diurnal patterns of CH4 emissions to soil
temperature, affecting the rates of activity for CH4-cycling
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FIGURE 3 | CO2 (g CO2 m−2 day−1) and CH4 (g CO2-e m−2 day−1) emissions across the entire watering event. Station significantly altered carbon emissions over
time. Time represented the calendar day of measurement (pooled day and night sampling periods). Vertical lines within the figure represent divisions between
different phases across time. Pre environmental watering occurred during days 1–2, during environmental watering occurred during days 3–6, post environmental
watering occurred during days 7–8, and 1 month after water left the wetland, flux measurements were taken for 2 days (shown here as day 9–10). Two stations were
nested within each zone; the Aquatic Station 1 (light gray box), Aquatic Station 2 (darker gray box), Fringe Station 1 (white box), and Fringe Station 2 (light brown
box). Letters above bars denote significant variation across each station at that specific time. If Aquatic Station 1 (A), Aquatic Station 2 (B), Fringe Station 1 (C), and
Fringe Station 2 (D) were significantly different from one another, the letters corresponding with their significant variation were placed above that station.

bacteria (Le Mer and Roger, 2001; Serrano-Silva et al., 2014).
Within Duck Creek North, higher temperatures during the day
may have been the reason for the increase in methanotrophic
Methylocystaceae and subsequent CH4 uptake (Table 2 and
Supplementary Table S10).

During Environmental Watering
The introduction of environmental water played a key role
in altering microbial communities and subsequent carbon
emissions. Once water was added to the wetland (depths ranging
from 27.9–101 mm; Supplementary Table S12), the period in

which each Aquatic Station was inundated significantly altered
CO2 and CH4 flux, while Fringe Stations 3 and 4 stayed
relatively similar to the Pre watering phase. Aquatic Station
1 received water on day 3; however, there was little to no
change in carbon flux until 24 h after inundation (Figure 3).
These patterns were consistent with Aquatic Station 2, where
water arriving during the night of day 5 did not alter CO2 and
CH4 flux until the night of day 6 (∼24 h after inundation;
wetland depth 101 mm; Supplementary Tables S10, S12).
Similar to the Pre environmental watering phase, daylight
CO2 flux within the “During phase” remained higher in both
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FIGURE 4 | Microbial community composition of the top 10 most abundant classes within each sample. Two soil samples were taken within the Aquatic Zone
across day and night sampling for each environmental phase (n = 4 per phase). At the Pre and 1 Month phases (Pre 1–4 and Mon 1–4), there was no water in the
wetland, whereas at the During and Post phases (Dur 1–6 and Pos 1–3), soils were inundated. More samples were taken in the During phase (n = 6), as the
presence of CH4 emissions was detected during this phase. Therefore, extra sampling ensured that bacteria producing CH4 were captured for this experiment. One
sample in the Post phase was unable to be sequenced (n = 3).

FIGURE 5 | Non-dimensional plot of multidimensional scaling (NMDS) of
prokaryotic communities in freshwater wetland soils across each phase of
environmental watering, derived from the UNiFRAC matrix of the 16S rRNA
gene fragments (stress = 0.04). Points that are closer in the NMDS plot
indicate samples with more similar beta-diversity community structure. The
pairwise PERMANOVA showed that microbial communities during the “Pre”
dry phase (gray) were significantly different from the communities present in
the wet phases (black) (p ≤ 0.006). The 1 Month phase was only marginally
insignificant compared to the wet phases (p ≤ 0.081).

zones compared to night until days 5 and 6 (Supplementary
Figure S1 and Supplementary Table S10). After the Aquatic
Zone was inundated for more than 24 h at each station, average

CO2 emissions were suppressed by 24%, while average CH4
emissions doubled compared to Pre environmental watering
conditions (Figure 3 and Supplementary Table S10). These
results are similar to the 15–49% CH4 emission increase observed
when adding water in reservoirs to an upland boreal forest
(Matthews et al., 2005).

The lag in suppressed CO2 emissions from days 5–6 for
both Aquatic Stations could be related to several bacterial
families that were suppressed during the wet phases of this
experiment, including carbon-degrading Micromonosporaceae
and Phormidiaceae (Wang et al., 2011; Glaring et al., 2015), at
the expense of increased relative abundances of Koribacteraceae
and Geobacteraceae. The relative shifts observed in soil microbial
communities could be linked to the shifts in metabolic outputs,
i.e., fluctuating CO2 emissions between stations that were
nested in the Fringe and Aquatic Zone (Figure 3). A similar
study investigating microbial responses to inundation in a
Victorian floodplain wetland found that leucine aminopeptidase
concentrations, an enzyme produced by microbes for carbon
degradation, was significantly lower in activity after 1–3 days of
inundation (Wilson et al., 2011).

During environmental watering, CO2 emissions decreased
while CH4 emissions increased, which may be due to the shift
between primarily aerobic to primarily anaerobic conditions,
thereby also causing a shift in microbial communities and
metabolic processes related to CH4 release (Wilson et al.,
2011). Biogeochemical processes influence which microbial
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TABLE 2 | The SIMPER table of OTUs driving microbial community differences between phases.

Order/family (class) Percent (%) average relative abundance

Pre v During Pre v Post During v 1 Month Post v 1 Month

Nitrososphaeraceae (Thaumarchaeota) 4 v 0.8 (1) 0.04 v 0.01 (1) 0.01 v 0.02 (1)

Koribacteraceae (Acidobacteriia) 1.8 v 13 (7) 0.02 v 0.19 (8) 0.08 v 0.02 (5) 0.15 v 0.02 (7)

Frankiaceae (Actinobacteria) 1.6 v 0.05 (2)

Geodermatophilaceae (Actinobacteria) 2.3 v 0.5 (1) 0.01 v 0 (1) 0.003 v 0.02 (1)

Micromonosporaceae (Actinobacteria) 1.2 v 0.04 (1) <0.001 v 0.01 (1)

Anaerolinaceae (Anaerolineae) 1.4 v 1 (1) 0.02 v 0.01 (1) 0.01 v 0.05 (2) 0.01 v 0.03 (1)

Streptophyta (Chloroplast) 4.8 v 1.1 (2) 0.05 v 0.01 (2) 0.01 v 0.006 (1)

Phormidiaceae (Oscillatoriophycideae) 0.6 v 0 (1)

Bacillales (Bacilli) 1.4 v 2.3 (1) 0.02 v 0.01 (1)

Rhodospirillaceae (Alphaproteobacteria) 2. 9 v 0.5 (1) 0.04 v 0.01 (2) 0.004 v 0.02 (1) 0.003 v 0.02 (1)

Sphingomonadaceae (Sphingomonadales) 2 v 1.2 (1)

Comamonadaceae (Betaproteobacteria) 0.09 v 2 (1) 0.001 v 0.01 (1) 0.02 v 0.003 (1)

Oxalobacteraceae (Betaproteobacteria) 0 v 0.64 (1)

Myxococcaceae (Deltaproteobacteria) 0.09 v 3.5 (2) 0.005 v 0.05 (3) 0.03 v 0.002 (1) 0.04 v 0.004 (3)

Geobacteraceae (Deltaproteobacteria) 0.01 v 0.06 (3) 0.005 v 0 0.04 v 0.01 (3)

Kineosporiaceae (Actinobacteria) 0.004 v 0.03 (1) 0.005 v 0.03 (1)

Pseudonocardiaceae (Actinobacteria) <0.001 v 0.02 (1)

Thermomonosporaceae (Actinobacteria) <0.001 v 0.02 (1) 0.005 v 0.02 (1)

Stramenopiles (Chloroplast) <0.001 v 0.01 (1) 0 v0.01 (1)

N1423WL (Gemmatimonadetes) 0.006 v 0 (1)

Acetobacteraceae (Alphaproteobacteria) <0.001 v 0.006 (1)

Ellin6067 (Betaproteobacteria) 0.01 v <0.001 (1)

Campylobacteraceae (Epsilonproteobacteria) 0.005 v 0 (1)

Acidobacteriaceae (Acidobacteriia) 0.006 v 0 (1)

Pseudonocardiaceae (Actinobacteria) 0.004 v 0.02 (1)

The significant pairwise interactions between phases (Supplementary Table S5), were each analyzed by SIMPER. The resulting OTUs forming the top 25% cumulative
contribution to dissimilarity are presented, collapsed into taxonomic groups with numbers in parentheses showing the number of OTUs within each taxonomic group.

communities and metabolic processes occur in wetland
sediments. Within the surface of the soil profile, aerobic
microbial populations gain energy by oxidizing carbon while
utilizing O2 as the terminal electron acceptor (Macreadie
et al., 2017; McCloskey et al., 2018). As wetland ecosystems
become inundated and wetland soils develop more anoxic
zones (due to reduced diffusion of O2), microbial communities
require alternative electron acceptors for respiration processes,
which affects carbon mineralization rates (Wiessner et al.,
2017). Electron acceptors that are used below the oxic/aerobic
interface include nitrogen dioxide (NO2

−) and nitrate (NO3
−),

followed by nitric oxide (NO) and nitrous oxide (N2O), oxidized
manganese (Mn) compounds, ferric oxides, sulfate (SO4), and
finally CO2, which results in microbial respiration processes
such as fermentation and methanogenesis (Bhaduri et al., 2017).
We also saw a relative increase in the abundance and diversity
of anaerobic microbial taxa within the soil communities,
including Myxococcaceae, Nitrososphaeraceae, Koribacteraceae,
Comamonadaceae, and Geobacteraceae. These taxa suggest
that anaerobic microbial respiration processes were involved
in fermentation, denitrification, sulfate, and carbon cycling,
respectively (Hütsch et al., 2002; King and Weber, 2007; Morita
et al., 2011; Zhou et al., 2014; He et al., 2015). Based on the
average increase in CH4 emissions (0.01 ± 0.04 CO2-e m−2

day−1) and decrease in CO2 emissions (5.18 ± 2.55 g CO2
m−2 day−1) during this phase in the Aquatic Zone compared
to Pre environmental watering conditions, we hypothesize that
the shift of microbial communities was linked to a decline
in redox potential when water was present (i.e., days 5–6;
Supplementary Tables S5, S10).

Following the probable decrease in redox potential during this
phase of environmental watering, Deltaproteobacteria became
significantly more abundant during the wet phase (Figure 4
and Table 2). These bacteria typically comprised of putative
anaerobic bacterial functional groups, such as iron reducers,
sulfate reducers, and fermenting bacteria (Rawat et al., 2012).
The presence of the Myxococcaceae bacterial family suggests
the higher potential of sulfate reduction in this wetland
ecosystem (Yousefi et al., 2014). Even with the shift to more
anaerobic metabolic pathways after watering, methanogenesis
was still less competitive than the other pathways. Inhibition
of methanogenesis by sulfate reducing bacteria has been
documented in wetland ecosystems (Borowski et al., 1996;
Valentine and Reeburgh, 2000). Compared to a recent freshwater
floodplain wetland study, CH4 emissions were low in Duck
Creek North during high inundation levels, which may be in
response to an increased abundance of sulfate reducing bacteria
(Batson et al., 2015).
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Koribacteraceae also increased in the During phase due their
resilient nature in response to fluctuating temperatures (Kielak
et al., 2016). A study providing genomic insights into the ecology
of Acidobacteriia noted the importance of this bacterial class for
the turnover of soil organic carbon within damp arctic and boreal
environments (Rawat et al., 2012). Furthermore, Koribacteraceae,
a family of bacteria within the Acidobacteriia class, were found
to improve conditions for methanogens by providing a carbon
substrate through the decay of organic matter, which is required
for anaerobic hydrogenotrophic methanogenesis (King and
Weber, 2007; Soman et al., 2017). The members within the
Acidobacteriia bacterial class that were present in both dry and
wet phases may be a key group involved in carbon emissions in
semi-arid freshwater wetlands, regardless of the inundation level.

Overall, CH4 fluxes were greater at night during
environmental watering across each station and zone (Figure 3
and Supplementary Table S10). The night time peaks averaged
0.006 CH4 whereas the day CH4 fluxes averaged −0.01 g
CO2-e m−2 day−1, respectively. Drivers of diurnal variation
in CH4 fluxes may be explained by a fluctuation in O2 levels
caused by plant photosynthesis. A study measuring the plant-
mediated oxygen supply by wetland vegetation Phragmites
australis showed significant O2 declines within the rhizosphere
at night (Faußer et al., 2016), thus implying a shift in the
aerobic/anaerobic interface to more anaerobic conditions,
which better suit methanogenic bacteria (Wagner, 2017). O2
levels for this experiment were only measured within the water
profile; however, patterns during days 3–8 show light DO levels
to be 0.5 mg L−1 or 40% higher than dark measurements,
which may explain the higher CO2 emissions during those
days and higher CH4 emissions at night during anoxic
conditions (Supplementary Figure S1 and Supplementary
Tables S10, S12).

Finally, the production of root exudates at night from previous
photosynthetic activity during the day may provide labile carbon
substrates to methanogens, therefore increasing their CH4 output
at night (Dooling et al., 2018). This slight lag-time of increased
root exudates at night compared to the day while vegetation
is photosynthesizing has been noted in previous wetland
research. For instance, isotopic studies following wetland carbon
cycling noted lag times between photosynthate production, root
exudates, and finally CH4 emissions to be between 2 and 24 h
depending on the vegetation type (King and Reeburgh, 2002;
Ström et al., 2003). A higher abundance in the Comamonadaceae
family, found in the rhizosphere and specialized to degrade non-
aromatic plant exudates (Hütsch et al., 2002), at the “During”
phase, further suggests that the decomposition of root exudates
increased during this phase. Additional research into the links
between wetland vegetative O2 and root exudates to soil CH4
emissions is needed to definitively make this connection.

Post Environmental Watering
Carbon flux and microbial communities continued to vary as
water receded (averaging 76.8 mm on day 7 and 29.7 mm on
day 8; Supplementary Table S12) during the Post environmental
watering phase. At this phase, increased anoxic conditions
due to continual periods of inundation potentially favored

methanogenesis and may have resulted in the 46% higher
emission rate of CH4 seen within the Aquatic Zone (0.065 g
CO2-e m−2 day−1) compared to the Fringe Zone (−0.035 g
CO2-e m−2 day−1). These results are comparable to a past
study analyzing marshland soil emission rates under both
anoxic (0.007 g CO2-e day−1) and oxic (0.004 g CO2-e day−1)
conditions that occurred simultaneously with higher counts of
methanogenic species and increased CH4 flux during higher
water levels (Wagner, 2017). In this study, CO2 and CH4 flux
continued to follow a similar pattern within the Aquatic Zone
as the water began to leave the floodplain wetland after 2 days.
Patterns of higher CO2 emissions and lower CH4 emissions
during the day compared to night found in the “During” phase
also continued throughout the Post environmental watering
phase (Supplementary Figure S1).

The highest abundance of CH4 cycling bacteria were
present during this phase, including the Myxococcaceae,
Nitrososphaeraceae, Koribacteraceae, Methylocystaceae,
Hyphomicrobiaceae, and Geobacteraceae families (Table 2 and
Supplementary Table S13). Myxococcaceae, Nitrososphaeraceae,
Methylocystaceae, and Hyphomicrobiaceae microorganisms
during this phase may be the reason for a relatively small amount
of CH4 release during the wet phases of this experiment. For
instance, anaerobic oxidation of CH4 occurs when different
terminal electron acceptors are used during microbial
respiration. Nitrososphaeraceae and Hyphomicrobiaceae are
sulfate and nitrite reducing bacteria thus enhancing the
conditions under which anaerobic oxidation can occur (Harrison
et al., 2009; Ettwig et al., 2010). However, the presence of
Koribacteraceae and Geobacteraceae bacteria may be the reason
for the highest CH4 release during “Post” environmental
watering compared to the other phases of this experiment
(Table 2 and Supplementary Table S13). Geobacteraceae, for
instance, are abundant in areas with aggregates of methanogenic
archaea and may enable the rapid conversion of organic
matter to CH4 (Morita et al., 2011). Research shows that
Geobacteraceae have direct interspecies electron transfer between
CH4-producing Methanosaetaceae (Zhang et al., 2017). Although
methanogenic microbial communities were not within the top 10
most abundant classes, the highest sequences of methanogenic
archaea (Methanomicrobia and Thermoplasmata) were found
within the Post environmental watering phase and may be
responsible for the highest CH4 release at this time period
(Supplementary Table S13). Despite their low abundance, the
microorganisms identified during this phase may play a key role
in the carbon flux.

One Month After Environmental Watering
The introduction of environmental water significantly altered
the carbon cycling processes in Duck Creek North, even a
month after water was last present within the floodplain wetland
ecosystem. One month after the water left the floodplain, CO2
and CH4 emissions were significantly lower in the Aquatic Zone
compared to Pre environmental watering conditions (Figure 3,
Supplementary Figure S1, and Supplementary Table S6).
Patterns of CO2 emissions between the different zones and
different light levels were not evident at the 1 Month phase;
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however, average CH4 emissions were much lower in the Aquatic
Zone compared to the Fringe Zone during this phase (Figure 3,
Supplementary Figure S1, and Supplementary Table S6). Lower
carbon emissions could be connected with higher plant growth
within the Aquatic Zone a month after watering in the degraded
wetland ecosystem (Figure 3).

The increased vegetation within Duck Creek North at the 1
Month phase has the potential to improve carbon sequestration
rates by reducing CO2 emissions and storing organic carbon
matter in plant biomass. Several studies note the importance of
wetland plants mediating carbon sequestration processes after
restoring vegetative growth. For instance, past research described
Typha sp. and Phragmites sp. dominated wetlands as carbon sinks
because these vegetation types photosynthetically assimilated
CO2 from the atmosphere and sequestered this carbon into
biomass that eventually became organic matter stored in the
wetland soil (Brix, 1993; Rocha et al., 2008; Strachan et al., 2015).
Carbon emissions from a restored freshwater wetland were lower
in areas with vegetation (3.84 g CO2-e m−2 day−1) compared
to areas without vegetation (9.59 g CO2-e m−2 day−1; McNicol
et al., 2017). Therefore, lower carbon emissions during the 1
Month phase compared to all other phases of environmental
watering may be caused by the increase in vegetation in the
aquatic zones of Duck Creek North.

Within Duck Creek North, microbial communities returned
to reflect those of the Pre environmental watering phase,
suggesting a circular successional change throughout the
environmental watering event. The 1 Month phase was not
significantly different (t-value 1.569–1.789; p = 0.059–0.081) to
the wet phases; however, general trends show similar microbial
community abundance between the Pre and 1 Month phases
(Figure 3 and Table 2). For instance, relative abundances of
Alphaproteobacteria and Actinobacteria during the Pre and
1 Month phases (5 and 8%; Table 2), where higher than
Acidobacteriia and Deltaproteobacteria during the wet phases
(10–13% higher; Figure 3 and Table 2).

Despite the overall community succession seen during the
environmental watering process, there were several taxonomic
groups that were present during the 1 Month phase that were
not present prior to watering. During the 1 Month phase, the
family Methylocystaceae in the Alphaproteobacteria class were
in higher abundance compared to Pre environmental watering
conditions. These Alphaprotobacteria have species that are
methanotrophs; utilizing methanol or CH4 as their carbon source
(Conrad, 2009). An increase in CH4 sequestration during the 1
Month phase compared to the other phases of environmental
watering may be associated with the increased abundance
of Methylocystaceae as well as the increase of abundance
in Myxococcaceae and Nitrososphaeraceae. The bacterial class
Actinobacteria was more abundant in the dry phases, specifically
the family Micromonosporaceae. Because this microorganism
plays an important role in the turnover of organic plant material
(Wang et al., 2011), there are implications for higher CO2 release
when they are in higher abundance. However, this bacterial
family was less abundant in the 1 Month phase compared to
the Pre phase which may be linked with the overall lower CO2
emissions in the Aquatic Zone and Stations at this time. Bacterial

taxa associated with CH4 cycling, such as Koribacteraceae and
Methylocystaceae, were more abundant in the 1 Month phase
compared to the Pre phase. The relative abundance of these
bacterial communities was still lower compared to during the
wet phases of environmental watering (Table 2). Re-wetting has
been known to quickly alter microbial abundance in wetland soils
(Meisner et al., 2018). However, environmental watering may
have permanently altered the microbial community and carbon
cycling within this ecosystem, as some community differences
were still seen after 1 Month of watering. Further research
into the time-frame of microbial community variation would
determine the overall effect of environmental watering and
carbon emissions.

Global Warming Potential
Pre environmental watering carbon emissions were similar
between zones, averaging 6.65 ± 3.67 g CO2-e m−2 day−1 in
the Aquatic Zone and 8.29 ± 5.73 g CO2-e m−2 day−1 in the
Fringe Zone. While water was present in the Aquatic Zone in
the During and Post environmental watering periods, average
carbon emissions decreased and were significantly lower than
Pre environmental and Fringe Zone compared to the Aquatic
Zone (p < 0.019; Figure 6 and Supplementary Tables S14,
S15). Past research observed similar patterns of lower carbon
emissions when water was present in the aquatic zone of
wetland ecosystems (Blodau et al., 2007). Further, the CO2-e of
the Aquatic and Fringe Zone after 1 Month of environmental
watering was lower than pre-environmental watering conditions.
Increased vegetation after the growing season and subsequent
increased carbon sequestration likely caused the overall lower
CO2-e during this phase (Zhou et al., 2009; Pelletier et al., 2015;
Figure 6). However, the Aquatic zone was still 84% lower in
the compared to the Fringe Zone. The underlying drivers of the
emissions across each watering event could be related to differing
water levels between the zones that influence soil temperature
changes, O2 availability, microbial community composition, and
vegetative growth.

Research concerning wetland management for carbon
emissions reduction within degraded wetland ecosystems
remains unclear as to whether rehabilitation processes, such as
environmental watering, improve wetland carbon sequestration,
and storage capacity (Morin et al., 2014; Mitsch and Gosselink,
2015). According to the results in this study, Duck Creek
North remained a carbon source; however, carbon emissions
were significantly reduced after the environmental watering
event. Therefore, returning wetland conditions to previous
floodplain water levels, in the short term, may reduce the GWP
in degraded semi-arid wetlands in Australia. Further, carbon
markets allow for carbon credits to be collected for avoided
emissions (Vanderklift et al., 2019). The observed average
emission reduction of 6.34 to 0.31 within the Aquatic Zone
would equate to 22.8 tons of C ha−1 year−1 or 4.5 car’s worth
of carbon emissions per ha−1 year−1 (Vanderklift et al., 2019).
Managers would theoretically be able to apply for carbon credits
at a rate of $11.90 with a return of $271 ha−1 year−1 after
applying environmental watering practices for carbon emission
reduction potential.
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FIGURE 6 | Total carbon emissions/global warming potential (CO2 + CH4 g CO2-e m−2 day−1) before (Pre), during (During and Post), and after watering (1 Month).
Blue panels signify the presence of water in the wetland ecosystem whereas yellow panels indicate that no water was present at that time. Carbon emissions were
84% lower in the Aquatic Zone (gray line) compared to the Fringe Zone (black line) after the entire watering event. The lower emissions across the entire watering
event could be correlated with presence of water in the During and Post phases which altered microbial composition and subsequent carbon emissions in the
degraded wetland ecosystem. Higher vegetative growth in the Aquatic Zone compared to the Fringe Zone may have influenced the lower carbon emissions at this
time.

Limitations and Future Directions
Continued measurements of carbon stock assessments (i.e.,
3–5 years) for this management practice would improve our
understanding of the significance of environmental watering for
long-term soil carbon storage in low soil carbon accumulation
areas of semi-arid Australia. Due to the significant correlation
between carbon emissions and temperature in this study,
measurements should be taken further into other seasonal
watering plans to account for differences of time since
inundation, temperature, and day length. The short watering
event may have altered this wetland for a longer period of time
(i.e., 6, 12, and 18 months) thus, further measurements would
capture this change. As the frequency and duration of inundation
alters microbial activity and carbon emissions (particularly CH4
emissions; McComb and Qiu, 1998), further investigation of
longer wetting periods should be measured to accurately assess
how environmental watering management impacts emission
reduction and soil carbon storage in degraded freshwater wetland
ecosystems. In this study, temperature and DO were only
measured within the water column and at ambient atmospheric
levels. Direct measurements of O2 and temperature within the
surface and subsurface soil layers may help further explain the
variations of carbon emissions across an entire environmental
watering event, as O2 levels were significantly correlated with
CH4 emissions (Supplementary Table S11). Moreover, using
targeted functional gene analyses would better link key microbial
metabolic functions with greenhouse gas release during various
environmental phases (Yarwood, 2018).

CONCLUSION

We found that the environmental watering plan in this
semi-arid floodplain wetland lowered carbon emissions while
water was present as well as a month after the entire
watering event by increasing anoxic conditions and vegetation
within the Aquatic Zone of this ecosystem. Environmental
watering also significantly altered soil microbial communities,
and we hypothesize that the circular succession we detected
was linked to shifts in greenhouse gas emissions, thus
highlighting the importance of soil microorganisms to wetland
management strategies. Changes in diel temperatures and
varying water levels could also attribute to altering soil
O2 levels within the wetland, further altering the relative
abundance of the microorganisms associated with soil organic
carbon breakdown. This research shows that the effect of
environmental watering on wetland ecosystem carbon emissions
varies according to microclimatic environmental conditions
and successive microbial community compositions. Overall,
the carbon emission reduction benefits have been gained
from the environmental watering program at this wetland
ecosystem. Continuing this management practice will likely
be required to prevent conditions from returning to Pre
environmental watering and to further reduce carbon emissions
in Duck Creek North.

Environmental watering is increasingly used for the
improvement of water quality, riparian vegetation health, and
enhancing fauna habitat and breeding opportunities within

Frontiers in Environmental Science | www.frontiersin.org 14 February 2020 | Volume 8 | Article 8123

https://www.frontiersin.org/journals/environmental-science
https://www.frontiersin.org/
https://www.frontiersin.org/journals/environmental-science#articles


fenvs-08-00008 February 5, 2020 Time: 16:19 # 15

Limpert et al. Reducing Emissions From Degraded Floodplain Wetlands

Australian catchments (VEWH 2018–2019). With increasing
land-use change, there is greater risk of further loss of
wetland carbon storage functionality and associated carbon
emissions through wetland degradation. Freshwater wetlands
have the ability to provide a sink for the atmospheric carbon
pool but if not managed properly, wetlands such as Duck
Creek North could become greater sources of CO2 and CH4.
Difficulties in estimating the net carbon sequestration and storage
potential are largely due to the complexity of carbon fluxes
and corresponding microorganisms within wetland sediments.
This research presents further insights pertaining to soil carbon
emission reduction after wetland rehabilitation practices have
occurred. These data will be instrumental in conveying efficient
strategies for managers and policy makers to applying greenhouse
gas emission reduction within semi-arid floodplain wetlands.
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The addition of phenolic compounds to peatland soils has been proposed as a

means of enhancing the suppression of enzymes, reducing the rate of organic matter

decomposition and increasing below-ground carbon sequestration. This study evaluated

the potential of phenolic enrichment as a peatland restoration strategy by adding

wood chips from common tree species to peat substrate and determining the impacts

on key components of organic matter decomposition and Sphagnum growth. All

treatments tended to increase the concentration of phenolics and suppress the activities

of β-glucosidase (measured as an indicator enzyme that plays a key role in cellulose

decomposition), significantly so with the Spruce (Picea mariana) and Cedar (Thuja

occidentalis) wood chips mixed into the peat. All substrate additions to the peat tended

to reduce fluxes of carbon dioxide (CO2) and significantly more so with surface additions

of Spruce and Larch (Larix laricina) wood chips. The addition of woodchips per se had no

detrimental effect on Sphagnum growth for any of the treatments. These results indicate

that through the addition of phenolic compounds to peatlands, it may be possible to

inhibit extracellular enzyme activities in order to reduce the flux of CO2 from soils to

the atmosphere. Thus, organic soil conditioning could reduce the carbon footprint for

commercial activities such as Sphagnum culture.

Keywords: peatlands, phenolics, hydrolase enzymes, carbon dioxide, Sphagnum culture, geoengineering

INTRODUCTION

Peatland ecosystems are freshwater wetlands that accumulate partially decomposed organic
material derived from decaying plant matter. Globally, peatlands cover 2.84% of the land surface,
but the amount of carbon stored as peat is equivalent to 20% of the world’s soil carbon and 60% of
the carbon currently in the atmosphere (Joosten, 2016; Xu et al., 2018). Peat forms where the water
table is close to the ground surface, creating anaerobic conditions in the soil that are unfavorable
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for complete decomposition of plant matter. According to
the enzymic latch theory (Freeman et al., 2001), the lack of
oxygen prevents the enzyme phenol oxidase from breaking down
phenolic compounds, which are released into the soil following
plant senescence (Northup et al., 1998; Meier et al., 2008). These
compounds are inhibitory to hydrolase enzymes (Freeman et al.,
1990; Wetzel, 1992; Tejirian and Xu, 2011), the main agents of
decomposition in soils; therefore, their suppressed activity causes
organic matter to accumulate.

Large areas of peatlands have been disturbed by drainage
and land use conversion for urbanization, forestry, agriculture,
and peat extraction (Joosten et al., 2016). The lowered water
table in degraded peatlands can allow oxygen ingress “opening”
the enzymic latch causing these wetlands to lose their ability
to sequester carbon and potentially to become net sources of
carbon by oxidation of accumulated peat, having important
repercussions for climate change (Paul and Clark, 1989; Laine
and Minkkinen, 1996; Waddington et al., 2002; Ramchunder
et al., 2009). In extreme dry conditions (particularly in aged
Sphagnum peat), constraints on decomposing communities from
poor water availability can become more important than oxygen
constraints (Toberman et al., 2008), however leading structural
changes in Sphagnum communities to potentially become the
dominant determinant of decomposition.

Poikilohydric Sphagnum plants can maintain waterlogging in
surface peat and their tissues also contain an oxopolysaccharide
(Painter, 1983) and phenolic compounds (Rasmussen et al., 1995)
that suppress soil heterotroph and extracellular enzyme activity
(Verhoeven and Toth, 1995; Freeman et al., 2001), thereby
impeding decomposition, although the importance of Sphagnum
solely derived soluble phenolics are being questioned compared
to vascular-plant-derived phenolics. Similarly, microorganisms
can be manipulated in peatlands by adding inhibitory phenolics,
such as is present in woody plants, which have the potential
to reduce the rate of decomposition of soil organic matter
(SOM) (Freeman et al., 2012; Fenner and Freeman, 2020) by
strengthening the enzymic latch mechanism (Freeman et al.,
2001). Woody plants are principle producers of polyphenols
(Haslam, 1989). Lignin, a complex polyphenol, can ensure
long-term recalcitrance in litter and therefore exert control
over fine scale decomposition dynamics (Horner et al.,
1988).

In this study, we investigated a new approach for potentially
enhancing below-ground carbon storage in restored peatlands—
the use of phenolic (i.e., vascular-plant-derived lignin)
enrichment as a strategy for strengthening the “enzymic
latch mechanism” that exerts a strong influence on controls
of the rate of decomposition in peatland soils. For example,
this can be achieved by (a) strengthening the enzymic latch
by either increasing the abundance of phenolic inhibitors or
(b) by increasing the amount of C influenced by the enzymic
latch (Freeman et al., 2012). In this study, wood chip fragments
from three tree species have been selected to test as phenolic
inhibitors to promote C sequestration in the peat soil while
also determining the impact on Sphagnum growth, according to
these hypotheses:

- The addition of coniferous wood chips to peat soil will increase
the concentration of polyphenolic compounds. The coniferous
wood chips selected represent the three most common trees
present in peatlands of North America and are thus a low cost
source of phenolics.

- The increase in phenolic compounds will lead to lower
hydrolase enzyme activities and reduced CO2 fluxes.

METHODS

Experimental Design and Implementation

of Treatments
To test the effect of exogenous phenolic inhibitors on
soil decomposition processes and Sphagnum papillosum
productivity, a completely randomized design experiment
with seven treatments was created using peat mesocosms
within a greenhouse at Laval University, Quebec, Canada. The
treatments tested were as follows: adding wood chips from three
locally abundant tree species, Larch (Larix laricina), Spruce
(Picea mariana), and Cedar (Thuja occidentalis), which are all
common in Northern American peatlands, at the surface of
the peat; mixing woodchips from the three same tree species
within the top 10 cm of peat; and no amendment of the
peat (baseline comparison). For all of the treatments, fresh S.
papillosum fragments were added on top of the peat substrate. All
treatments were repeated five times for a total of 35 experimental
units (EUs).

Each EU was a mesocosm (plastic box) measuring 60 × 40
× 36 cm equipped with a perforated drain and pipe to allow the
water table to be maintained at the desired level. Each EU was
filled with ∼20 cm of bulk fibric peat (von Post: H3–4) collected
from a vacuum extracted peatland. The peatland type was a raised
bog from a region of lowland Quebec (46◦42′N 71◦03′W) where
ombrotrophic and peat-accumulating conditions arrived as early
as 8,000 years ago, with a stable plant community comprising
Sphagnummosses, Chamaedaphne calyculata and Picea mariana
(Lavoie et al., 2012). Mature trees from the three species were
harvested in another natural peatland of the same ecoregion
(46◦46′ N, 71◦00′ W) and the trunks (without needles) were
processed through a wood chipper to produce chips of 1–2 cm
diameter. A layer of∼2 cm of woodchips (corresponding to a dry
weight of 500 g) were either spread on top of the peat (“surface”
treatments) or mixed with the top 10 cm of peat (“mixed”
treatments). S. papillosum was hand collected in fragments of
∼10 cm in a natural peatland of the same ecoregion. Sphagnum
fragments were spread on top of the amended peat in a ratio
of 1:10—i.e., 1 m2 of Sphagnum collected in a natural peatland
spread over 10 m2 of the mesocosms. Each mesocosm was
watered twice every week with rainwater to maintain the water
table at 5–10 cm below the peat surface. Greenhouses conditions
were set at 22◦C during the day and 18◦C during the night
with a constant 75% relative humidity and a photoperiod of
15 h. The experiment took place over a 10 month period (July
2013–May 2014).
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FIGURE 1 | Mean change in concentration of Phenolics over the period September 2013 to July 2014 (n = 5). Significance levels: *p < 0.05, ***p < 0.001.

Sampling
Gas flux sampling was carried out using a static headspace
technique. The opaque chambers (19 cm height × 13–21 cm
width) included a septum for sampling. Each chamber was placed
on the peat/Sphagnum surface, pressed down gently to create
a seal, and sampled after 1 h had elapsed, a time over which
headspace CO2 accumulation remains linear (Freeman et al.,
1993). A 20ml sample of gas was extracted and injected into
12ml Exetainer vials (Labco, Buckinghamshire, UK). Several
samples of air from the greenhouse environment were also
collected periodically during the flux analysis to provide the
initial background concentration. Soil samples were collected
from each EU before and at the end of the experimental period.
This was achieved by extracting ∼200 g peat by hand (with
plastic gloves) from a depth of 5–10 cm and placing the soil in
a sandwich bag, which was then sealed and stored at 4◦C. All
vials and soil samples were shipped to Bangor University, UK,
for analysis.

S. papillosum cover was visually estimated at the end of the
experiment. All Sphagnum carpets were then collected in each
mesocosm, cleaned from any woodchip or peat residues, and
weighed for biomass measurements.

Laboratory Analyses
The gas samples collected in the exetainer vials were analyzed
using a Varian model 450 gas chromatograph (GC) instrument.
The GC system is designed for the analysis of the three main
greenhouse gases (CH4, CO2, N2O), being equipped with a
methanizer (temperature, 380◦C) and flame ionization detector
(FID, 125◦C) for CO2 and CH4 and an electron capture detector
(ECD, 300◦C) for N2O. Two milliliters of gas was extracted
from the exetainer vials using a CombiPal autosampler (CTC

Analytics AG, Zwingen, Switzerland) equipped with a 5ml
syringe and added to the column injector system (100◦C). Gases
were separated on a 1.83m × 3.18mm PoroPak QS 80/100

column (40◦C). Oxygen-free nitrogen, at a flowrate of 30ml
min−1, was used as the carrier gas. Gas fluxes were calculated
by subtracting the mean values of the greenhouse atmosphere
samples from each of the 1 h chamber values and expressing the
flux values as mg m−2 h−1.

Soil samples were analyzed for conductivity, the concentration
of phenolic compounds, and the activity of β-D-glucosidase.
Samples were prepared for the analysis of conductivity
and phenolics using a water extraction method similar to
that described by Chantigny (2003). The soil samples were
homogenized, and 5 g was placed in a 50ml centrifuge tube
(Fisher Scientific, Loughborough, UK) with 40ml of deionized
water. The tubes were placed on a KS501 orbital shaker (Ika,
Staufen, Germany) at a speed of 300 rpm for 24 h, after
which conductivity was measured using a FiveGo conductivity
meter (Mettler Toledo, Leicester, UK). Then, the samples were
centrifuged at 5,000 rpm for 30min on a Sorvall ST16R centrifuge
(Thermo Fisher, Altricham, UK). The supernatant was filtered
through 0.45µM syringe filters (Phenomenex, Macclesfield, UK)
and analyzed for phenolics using a method adapted from Box
(1983). One milliliter of the sample, 50 µl of Folin–Ciocalteu
phenol reagent (Sigma, Gillingham, UK), and 0.15ml of Na2CO3

(200 g L−1) were added to 1.5-ml microcentrifuge tubes. The
process was repeated for calibration standards (0–30mg L−1)
made from phenol (Sigma, Gillingham, UK). After ∼90min,
300 µl of each sample and standard were transferred to wells
of a clear 96-well microplate (Triple Red, Long Crendon, UK),
and absorbance was measured at 750 nm on a SpectraMax M2e
spectrophotometer (Molecular Devices, Wokingham, UK).
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Hydrolase enzyme (β-glucosidase) activities were determined
by following Dunn et al. (2014). All substrates were obtained
from Glycosynth (Warrington, UK), prepared by dissolving in
ethylene glycol monomethyl ether (Sigma) and deionized water,
and stored at 4◦C until required. A standard solution of 1,000µM
4-methylumbelliferone (MUF)-free acid was prepared using 4-
methylumbelliferone sodium salt (Sigma) and a dilution series
prepared in 2-ml microcentrifuge tubes in the range of 0–
100µM. Peat soil samples and substrates were placed in an
incubator set to the mean temperature of the peat soil in the
greenhouses (∼20◦C) the day before the assays were undertaken.
The peat soil samples were homogenized by hand, and 1 g was
placed in six separate stomacher bags (Seward, Worthing, UK),
one for each of the five hydrolase enzyme substrates and the
standard solution. To each stomacher bag, 7ml of the appropriate
substrate or deionized water (standard solution) was added,
and the bags were homogenized in a Stomacher 80 (Seward)
for 30 s. The bags were incubated at the mean greenhouse
temperature for 60min (45min for phosphatase) and 1.5ml of
solution centrifuged at 14,000 rpm. For the substrate solutions,
50 µl of deionized water was pipetted into wells of a 96-well
black microplate (Scientific Laboratory Supplies, Yorkshire, UK),
followed by 250µl of supernatant from the substrate bags. For the
standards, 50µl of eachMUF-free standard solution was pipetted
into the microplate followed by 250 µl of supernatant from the
peat/deionized water bag. The microplate was then analyzed by a
SpectraMax M2e plate, using a fluorescence at 330 nm excitation
and 450 nm emission. The instrument creates a calibration curve
from the standards to calculate the enzyme concentration of the
samples. From these values, the enzyme activities are calculated
and expressed as µmol g−1 min−1. Peat soil samples were also
analyzed for dry weight and organic content by weighing samples
in crucibles and following the standard methods detailed in
Frogbrook et al. (2009).

Statistical Analyses
First, for the soil parameters, the differential change from 2 to
10 months incubation, thus a period of 8 months, was calculated.
The subtraction was made frommonth 2, rather thanmonth 0, to
account for a period of stabilization of the mesocosms following
their creation.

The effect of the exogenous phenolic inhibitors on the
measured above- and below-ground parameters were determined
using the Kruskal-Wallis test for a randomized complete
block design and non-normally distributed data. For the soil
parameters (conductivity, phenolics, hydrolase enzyme activities,
and greenhouse gas fluxes), the analysis was performed in R
v3.3.1 and used pairwise comparisons using Dunn’s test where
significant treatment effects were found. Pearson correlation was
used to test for significant relationships between parameters.
The effect of the exogenous phenolic inhibitors on S. papillosum
cover and biomass was analyzed using the MIXED procedure
of SAS (SAS Statistical System Software, v. 9.2, SAS Institute
Inc., Cary, NC, USA). Following the ANOVAs, protected
Fisher’s least significant differences (LSDs) were run when a
significant difference between treatments was found. Data met
the homogeneity and normality assumptions.

RESULTS

Phenolic Content
Over the 10 month incubation period, the concentration of
phenolics increased for all 35 EUs, and all but one treatment
(Larch, surface) had a higher mean concentration compared to
the control (Figure 1). There was a significant treatment effect on
phenolics (H = 21.472, p< 0.01), with post hoc analysis revealing
significantly greater increases in phenolics for the treatments
with mixed additions of Spruce (5× greater than control) and
Cedar (3.5× greater than control).

Extracellular Hydrolases
In terms of extracellular enzymic activity, the wood chip addition
treatments suppressed the activity of the indicator hydrolase
enzyme β-glucosidase. The mean activity of the enzyme was
lower for all treatments after the 10 month incubation period,
with a greater reduction in activity being observed for all six wood
chip addition treatments compared to the control (Figure 2).
There was a significant overall treatment effect (H = 18.488, p
< 0.01), with post hoc analysis showing significant reductions
in activity for all three mixed wood chip treatments compared
to the control. Inversely to the greatest increase in phenolic
concentration caused by the Spruce, mixed treatment, this same
treatment had the greatest suppression of β-glucosidase activity,
almost 20× lower compared to the control. The Larch and Cedar
mixed wood chip addition treatments reduced the β-glucosidase
activity by 5–6× compared to the control.

CO2
The CO2 flux data were analyzed in the same way as the phenolic
and enzyme data, by calculating the difference from month 2
to 10, to allow time for the soil to stabilize following the initial
treatment. The mean CO2 flux increased slightly in the control
treatment with no wood chip additions, but decreased in all
of the treatments with wood chips added, with a significant
treatment effect (Figure 3;H = 14.26; p< 0.05). Post hoc analysis
demonstrated that it was the surface and mixed additions of
Larch, and surface only addition of Spruce wood chips, that led
to statistically significant reductions in the CO2 flux compared
to the control. The initial fluxes of CO2 showed large spikes and
a high degree of variability between the treatments during the
initial posttreatment stabilization. This coincided with a period
of instrument concerns but may have been a disturbance effect or
resulted from an initial flush of labile carbon from the wood chips
causing a temporary stimulation of decomposition. There would
be some value in further studies of this initial phase with the aim
of producing a carbon budget for the entire experiment. CH4

and N2O fluxes were also measured, but the variability between
and within each treatment was consistently high throughout the
experiment, so these data have not been analyzed further.

A significant negative relationship was observed between the
mean change in both phenolics concentration and β-glucosidase
activity (Figure 4; r =−0.51, p < 0.01).

Vegetation
No significant effect of phenolic enrichment was recorded on
Sphagnum cover nor biomass. Sphagnum productivity was thus
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FIGURE 2 | Mean change in activity of β-glucosidase over the period September 2013 to July 2014 (n = 5). Significance levels: ***p < 0.001.

FIGURE 3 | Mean change in CO2 flux over the period September 2013 to July 2014 (n = 5). Significance levels: *p < 0.05, **p < 0.01.

similar between the control treatment and the treatments with
added woodchips.

DISCUSSION

This mesocosm experiment has demonstrated that it is possible
to increase the concentration of phenolic compounds and

consequently reduce soil enzyme activities and CO2 emissions
during peatland restoration through the addition of exogenous
phenolic compounds in the form of wood chips. The work
therefore supports proposals in previous studies that phenolic
supplements can suppress microbial metabolism and therefore
reduce CO2 fluxes to the atmosphere (Freeman et al., 2012;
Fenner and Freeman, 2020), and other studies proposing
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FIGURE 4 | Relationship between mean change in concentration of Phenolics and mean change in β-glucosidase activity over the period September 2013 to July

2014 (n = 5).

phenolic content in peat ecosystems can be enhanced by either
increased expression of phenolic inhibitors from peatland plants
or by enhancement of the enzyme latch by physicochemical
modification (Min et al., 2015). However, we acknowledge
that the addition of woody materials may initially lead to a
short-term increase in CO2 emissions as any labile materials
within that supplement decompose and that there is a risk of
temporarily priming decomposition. Clearly, further research
would be required (a) to assess this potential risk, (b) to identify
sources of wood with minimal labile material content, and (c)
to seek further treatments using natural inhibitors that could
suppress the metabolism of any labile materials added with
the supplements.

The process of mixing the wood chips into the peat profile
was found to be particularly effective at increasing phenolics
concentration (rather than direct surface application), probably
because it increases the surface area of wood chips in contact
with soil and causes the dissolved phenolic release from the wood
chips to be more widely distributed throughout the soil profile. It
should be noted that in terms of Sphagnum growth, the presence
of woodchips in the soil profile could potentially reduce the
availability of water in the capitulum of the plant by reducing
the capillary rise of the water to the surface of the peat. The
potential detrimental effect of woodchip amendments on upward
water movement might be expected to be more important for
the surface only added treatment than for the mixed within
the surface peat treatment. However, no detrimental effect
on Sphagnum growth was observed for any of the addition
treatments. In this experiment, the presence of woodchips (of
any tree species, either at the surface or mixed with the peat) did
not impede Sphagnum growth, probably because the water table

was maintained relatively high (5–10 cm below the surface) and
watered twice a week from above simulating regular rain events.

Of the three wood materials used as sources of phenolics,
Spruce had the greatest impact in terms of elevating phenolics
and suppressing β-glucosidase in the “mixed” treatments only,
but Larch had a greater impact more generally in reducing the
CO2 emissions, being effective for both the surface applied and
mixed wood chip treatments. Previous laboratory experimental
work demonstrated that, on its own, Cedar released ∼3.5 times
more phenolics into water than the other two wood types (data
not shown); however, in this experiment, it did not significantly
decrease β-glucosidase activity or CO2 emissions and did not
increase the phenolics concentration of the peat soil as much as
spruce. Clearly, the source of applied phenolics can have a major
influence in the success of the approach, and other sources of
phenolics should be evaluated for effectiveness. For example, Yoo
and Kang (2012) reported that the addition of biochar with high
phenolics content could represent a further approach to stabilize
soil organic matter (SOM) in terrestrial ecosystems by inhibiting
enzyme activities.

CONCLUSION

Our results show that the addition of supplementary phenolic
compounds, especially when mixed into the peat soil, is an
effective method of enhancing carbon sequestration during
peatland restoration, and the enzymic latch might be the reason
behind that carbon sequestration. Further research is required
including testing the effect of phenolic addition on a larger
scale and whether alternative phenolic compounds result in
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more inhibition when added to the peat surface or when
mixed into the substrate. Longer-term monitoring would also be
beneficial, and alternative tree species investigated as a source of
wood chips.
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